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Preface

This book shows how the concepts of economic efficiency, sustainabil-
ity and equity (in other words: people-planet—profit) can be applied in
ecosystem management. The book provides an overview of the three
concepts, presents a framework for modelling the efficiency, sustainability
and equity of ecosystem management, and contains three case studies that
illustrate the framework. It also examines how complex ecosystem dynam-
ics, such as thresholds and irreversible responses, influence options for
ecosystem management.

The book is based on my PhD dissertation ‘Optimising the manage-
ment of complex dynamic ecosystems: an ecological-economic modelling
approach’, which I defended in January 2005. The dissertation has been
rewritten and updated with the intention of producing a more broadly rel-
evant text, building on the practical experiences with environmental man-
agement that I gained as environmental advisor for the FAO/World Bank
Investment Centre (1997-2002) and in Shell International (2007-2010).

The book is targeted at students and practitioners with an interest in
ecosystem management. The book has a quantitative approach, and pro-
vides general formulas for analysing ecosystem dynamics and ecosystem
services. The presented modelling framework can be used to quantify
the economic efficiency, sustainability and equity of potential ecosystem
management options.

I would like to thank Hans-Peter Weikard, Rik Leemans, Ekko van
Ierland and Wieteke Willemen, who have reviewed draft chapters. I hope
the book will contribute to the design and implementation of enhanced
approaches to ecosystem management.

vii






1. Introduction

1.1 THE CONTEXT

Environmental and natural resources worldwide are under pressure to meet
demands for food, fresh water, fibre and energy (e.g. Balmford et al., 2002;
Millennium Ecosystem Assessment, 2005). These pressures can be expected
to further increase in the coming decades. Global population levels will
increase from the current 6.5 billion to some 9 billion in 2050 (medium popu-
lation scenario, UN, 2003), with a large majority of the increase occurring
in developing countries. Growing production and consumption levels, in
particular in China and India, will further increase the demand for natural
resources. These trends are also reflected in the state of the world’s ecosys-
tems. Increasingly, the degradation of ecosystems affects human welfare
(Millennium Ecosystem Assessment, 2005).

Hence, there is an urgent need for enhanced management of the remain-
ing ecosystems. Identifying appropriate ecosystem management options
requires understanding, among others, the ecological dynamics of ecosys-
tems, the cultural, social and institutional context, and the economic costs
and benefits of ecosystem management options. Three criteria are promi-
nent in the evaluation of environmental management options: equity, sus-
tainability and profitability — or, coined slightly differently: people, planet
and profit. These three criteria for evaluating management options have
now been endorsed by a broad range of actors, including governments, the
private sector and NGOs.

Whereas the three criteria have become commonplace in environmen-
tal and resource management, their application is often constrained by
difficulties in defining and measuring the profitability, sustainability and
equity impacts of a policy or project. Assessing environmental man-
agement options requires an integrated approach combining insights
from, among others, ecology, geography, economics and sociology. Since
these disciplines tend to have different conceptual and methodological
approaches, their integration is often not straightforward.

In recognition of the need to develop interdisciplinary research and
assessment tools in support of environmental management, a number
of integrated approaches have been developed, such as integrated
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(environmental) assessment, human ecology and ecological econom-
ics. Among these various approaches, ecological economics may most
explicitly aim to integrate ecological and economic approaches in support
of ecosystem management (Costanza and Daly, 1987). A key paradigm
underlying ecological economics is that, ultimately, the world’s natural
resource base is finite, and that there is a need to better account for the
increasing scarcity of natural resources in decision making (e.g. Boulding,
1966).

1.2 THE PURPOSE OF THIS BOOK

This book is targeted at students and professionals in the field of environ-
mental management. It provides a framework for analysing the economic
efficiency, sustainability and equity implications of ecosystem manage-
ment options. Specifically, the book presents (1) an overview of how the
concepts of efficiency, sustainability and equity can be used in relation to
ecosystem management; (2) a general framework for the quantitative anal-
ysis and modelling of ecosystem management options; and (3) three case
studies in which the framework is applied to assess management options
for a specific ecosystem.

Specific attention is paid to complex, non-linear responses of ecosys-
tems. Complex dynamics include, for instance, irreversible responses and/
or thresholds in ecosystem responses to stress. They have been found to
occur in a wide range of ecosystems including lakes, coastal estuaries,
forests and rangelands. This book contains a general description of differ-
ent types of complex ecosystem dynamics, indicates how these dynamics
can be included in ecological-economic models, and examines the implica-
tions of different types of complex ecosystem dynamics for environmental
management.

Around half of the book deals with the modelling of ecosystem man-
agement options in three case study sites. The case studies show how the
described dynamic systems modelling approach can be applied to analyse
the efficiency, sustainability and equity implications of ecosystem manage-
ment options in a practical setting. The case study sites are, respectively,
a hypothetical forest ecosystem, a Dutch wetland (De Wieden) and a
semi-arid rangeland in Senegal (the Ferlo). The case studies also illus-
trate the mathematics that can be used to model ecosystem dynamics and
ecosystem services supply.
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1.3 GENERAL APPROACH OF THIS BOOK

This book presents a dynamic systems approach for analysing ecosystem
management options. It combines insights from ecology, economics and,
to some extent, policy studies. Particular topics covered in the book are
ecosystem dynamics, ecosystem services analysis and valuation, stake-
holder involvement and resource-use optimisation. The approach devel-
oped in this book can either be used as an analytical framework, or as a
basis for modelling ecology—ecosystem interactions.

The book should be seen as being written in the context of ecological
economics rather than environmental economics, even though the valua-
tion approaches applied in the book are grounded in neoclassical welfare
economics. Basic valuation approaches, as well as the key pitfalls and limi-
tations of ecosystem valuation, are also briefly discussed. The main aim
of the book is to provide guidance on the integrated analysis of efficiency,
sustainability and equity aspects in ecosystem management. All three of
these aspects provide information required for deciding on ecosystem
management options and it is not implied that one of these criteria is, or
should be, predominant in ecosystem management.

The book focuses on environmental management at the scale of the
ecosystem. An ecosystem can be defined as ‘the individuals, species and
populations in a spatially defined area, the interactions among them, and
those between the organisms and the abiotic environment’ (Likens, 1992).
Following the interpretation of the Millennium Ecosystem Assessment
(2003), ecosystems comprise natural as well as strongly human-influenced
systems, including croplands. Ecosystems have also been defined as a
‘functional unit’ with specific components, hierarchy and processes that
distinguish it from other ecosystems. Modelling ecosystem dynamics
requires capturing these key components and their interactions (Holling
etal., 2002). Following the Millennium Ecosystem Assessment (2003), this
book assumes that ecosystems can be identified across a range of spatial
and temporal scales, ranging in size from a local fish pond up to the North
Atlantic Ocean.

Ecosystem services are a central concept in this book, providing a
link between the ecosystem and the economic system. In recent years,
a rapidly increasing number of publications has provided frameworks
and approaches for analysing and interpreting ecosystem services. In this
book, the Millennium Ecosystem Assessment (2003, 2005) provides the
main conceptual basis for analysing ecosystem services, with a number of
minor deviations according to Hein et al. (2006).

Ecosystem management requires consideration of the impacts of man-
agement options on the dynamics and state of the ecosystem and,
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subsequently, the provision of ecosystem services by the ecosystem. This
can only be meaningfully done based on an adequate consideration of
the dynamics of the ecosystem — which are only very seldom linear and
gradual, and much more often ‘complex’. Complex dynamics include
irreversible, non-linear and/or stochastic responses of the ecosystem to
human and/or ecological drivers (e.g. Holling and Gunderson, 2002).
Complex dynamics have been found to be crucial for explaining changes
in, among others, freshwater lakes (Larsen et al., 1981; Timms and Moss,
1984; Scheffer, 1998), marine fish stocks (Steele and Henderson, 1984;
Steele, 1998), woodlands (Dublin et al., 1990), rangelands (Friedel, 1991),
coral reefs (Knowlton, 1992; Nystrom et al., 2000) and coastal estuaries
(Murray and Parslow, 1999).

The different chapters of this book provide different levels of detail on
the concepts of efficiency, sustainability and equity in relation to ecosys-
tem management. A basic description of these three concepts, as well as
of ecosystem services and economic valuation of ecosystems, is provided
in Chapter 2. Chapter 3 presents a dynamic systems modelling approach
that can be used for the quantitative analysis of the economic efficiency,
sustainability or equity aspects of ecosystem management options. The
approach involves the construction of differential equations to capture
ecosystem dynamics and ecosystem services supply in combination with
ecosystem service valuation techniques.

Chapter 4 provides a first application of the framework and approach,
for a hypothetical forest ecosystem. This chapter also further elaborates on
the implications of pursuing efficiency versus sustainability in ecosystem
management, as well as related topics such as the Safe Minimum Standard
for ecosystem management. Chapter 5 presents a case study that involves
pollution control in a specific wetland (De Wieden, the Netherlands), and
Chapter 6 analyses efficient stocking rates in a semi-arid rangeland in the
Sahel (the Ferlo, Senegal). For both ecosystems, economic efficient man-
agement strategies are identified, and sustainability and stakeholder impli-
cations of the various management options are discussed. Finally, Chapter
7 provides a general overview of how ecosystem services assessment and
the proposed dynamic systems modelling approach can be applied to
support environmental management.



2. Ecological-economic concepts

2.1 EFFICIENCY-SUSTAINABILITY-EQUITY
2.1.1 Introduction

In the last decades, a broad consensus has emerged that ecosystem
management needs to consider and balance social, economic and envi-
ronmental criteria (also expressed as people—profit—planet). In general
terms, economic efficiency expresses the generation of welfare, based
on an optimal use of natural resources and other production factors.
Social criteria deal with such aspects as the distribution of welfare among
people, and their involvement and representation in decision making.
Environmental sustainability expresses, in general terms, whether the use
of a natural resource does not exceed the regenerative capacity of that
resource and if the resource is maintained at an adequate level to permit
future uses.

This section describes these basic concepts of economic efficiency,
equity and sustainability in more detail. Clearly, they are not the only
criteria for decision making on ecosystem management. For instance,
legal and technical criteria will often also determine the design of a
project or management strategy. However, the three aforementioned cri-
teria are among the most important ones for ecosystem management. In
addition, ecosystem management often involves trade-offs between these
criteria, which means that they need to be considered in an integrated
manner.

The three concepts are, at times, difficult to apply, and a whole litera-
ture is devoted to each of them. This section provides a brief overview,
focussing on their general principles and their implications for ecosys-
tem management. In addition, Section 2.1.5 briefly discusses discount-
ing in ecosystem management. Discounting involves the comparison of
present and future costs and benefits, and is therefore a crucial element in
examining the potential gaps between economic efficient and sustainable
ecosystem management. Section 2.1.6 explores market failures and their
implications for ecosystem management.
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2.1.2 Efficiency in Ecosystem Management

In economics, an allocation of resources is said to satisfy the efficiency
criterion if the net benefits from the use of those resources are maximised
by that allocation (Tietenberg, 2000). For instance, in the case of reduc-
ing pollution in a lake, an efficient reduction of pollution loading involves
analysing the economic costs of the pollution as a function of the degree
of pollution (e.g. fish mortality), identifying the costs of waste-water
treatment, and establishing the amount of pollution loading where the
pollution and abatement costs are minimised (and the net benefits of the
lake and its uses are maximised). In other words, efficient ecosystem man-
agement involves maximising the net economic benefits supplied by the
ecosystem, considering both the benefits provided by the ecosystem and
the costs of managing the ecosystem.

The ethical basis for assessing efficiency is derived from the Pareto
criterion. Following this criterion, static economic efficiency implies the
following. For some particular initial distribution of property rights, an
allocation of resources is efficient if there is no feasible reallocation that
can increase any person’s utility without decreasing someone else’s utility
(e.g. Freeman, 1993). Utility indicates the relative satisfaction that a
person gains from the consumption of a good or service. Utility can not
be empirically observed or measured, and is applied as a relative measure,
for instance, to compare the satisfaction levels a person gains from the
consumption of different combinations of goods. A central construct of
utility is that the utility gained by one additional unit of consumption of a
certain good or service (e.g. a piece of chocolate) decreases when the total
consumption level of that good or service increases (i.e. decreasing mar-
ginal utility). For reasons of simplicity, instead of utility, this book will
generally refer to the net benefits of ecosystem management, even though
utility is the theoretically more correct measure for analysing the efficiency
of ecosystem management options.

There are usually many allocations that satisfy the Pareto criterion.
Both Kaldor and Hicks further developed the Pareto approach to identify
efficient allocations. According to the criterion proposed by Kaldor, a
reallocation is efficient if it is possible for the winners to fully compen-
sate the losers of the reallocation and still leave everyone better off. The
Hicksian test asks whether it is possible for the losers to bribe the gainers
to obtain their consent to forego the proposed reallocation. If the expected
value of the reallocation of the resources for the gainers would be so high
that it exceeds the maximum bribe that would be offered by the losers, the
reallocation passes the Hicks efficiency criterion (Hicks, 1939). Hence,
following the Kaldor—Hicks efficiency criterion, suboptimal allocations
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can always be rearranged so that some people are better off and no one is
hurt by the rearrangement. Following the interpretation of Kaldor-Hicks,
the efficient allocation is also optimal. However, additional provisions
are needed to define optimal resource management in the case of inter-
temporal or intergenerational resource allocation, and to deal with social
inequity, e.g. in case one stakeholder is poor and is not able to compensate
a richer stakeholder for foregoing a loss resulting from the rearrangement
of an allocation.

In the case of ecosystem management, the manager is often confronted
with intertemporal allocation questions, for instance, in the case where it
should be decided if a particular resource should be harvested now or at
some moment in the future. The formulation of an intertemporal efficiency
criterion requires the assumption that it is possible to define the aggregate
utility of all living people over time. Given this, an allocation of resources
over time is intertemporally efficient if, for some given level of utility at
the present time, future utilities are at their maximum feasible levels. In
this case, future utility can only be increased at the expense of the current
utility. Howarth and Norgaard (1990) showed that effects of initial alloca-
tions on equity and efficiency readily translate from a static to an inter-
generational context. Following standard neo-classical approaches, future
and present costs and benefits can be compared through discounting. By
discounting future costs and benefits, the efficient ecosystem management
option can be determined, given a certain discount rate. Discounting is
further discussed in Section 2.1.5. Note that another important factor
in the analysis of intertemporal efficiency is technological progress.
Technological progress may lead to a more efficient use of resources in
the future, allowing, under a number of conditions, the maintenance of
utility levels even at a decreasing capital stock. The topic of technological
progress is outside the scope of this book and not further discussed, but
see, for instance, Dasgupta (1993) for more information.

Taking income inequalities into account in the identification of optimal
resource allocations requires the specification of a social welfare function.
A social welfare function allows the analysis of the welfare implications of
changes in income for different groups/income levels in a society. Social
welfare functions reflect that, in general, an increase in income of 1 euro
generates more utility for a poor person than the same increase for a richer
person. A range of social welfare functions have been developed; see, for
instance, Arrow (1963) and Sen (1970). When both intertemporal aspects
and equity are to be considered in the identification of socially optimal
allocations, an intergenerational social welfare function is required.

In the case of environmental and resource management, the math-
ematical basis for analysing the efficiency of resource use is provided by
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Hotelling (1931). Hotelling examined how the social welfare from the
exploitation of a non-renewable resource can be maximised over time. He
argued that current extraction involves an opportunity cost, which equals
the value that might have been obtained by extraction of the resource at a
later date. The difference between the value of extraction in the future and
the value of extraction at present is usually referred to as the scarcity rent
of the resource. The ‘Hotelling rule’ states that resource extraction is inter-
temporally efficient if the increase in rent of the resource equals the social
discount rate (Berck, 1995). In the analyses of the efficiency of renewable
resources use, the growth of the resource needs to be accounted for. In
a simple model, this growth depends upon the size of the stock in rela-
tion to the environment’s carrying capacity for the species involved. For
instance, Gordon (1954) and Schaefer (1957) prepared economic models
for analysing the efficiency of a fishery, using simple logistic growth curves
to describe the growth of the fish stock. Efficient ecosystem management
needs to consider the costs of maintaining and managing ecosystems, as
well as the benefits derived from ecosystems in the form of various ecosys-
tem services (Odum and Odum, 1972; Bouma and Van der Ploeg, 1975;
Hueting, 1980). In assessing the efficiency of ecosystem management, the
full set of goods and services supplied by the ecosystem, including non-
market benefits, should be considered.

2.1.3 Sustainability in Ecosystem Management

The Hotelling rule compares the intertemporal aspects of resource use on
the basis of the social discount rate. However, even at low discount rates,
the importance of the welfare of future generations rapidly diminishes.
Because of the large weight discounting attaches to the welfare of current
generations as compared to the welfare of future generations, this approach
has been criticised as ethically questionable. In response to this shortcom-
ing, the concept of sustainability was introduced. Sustainable development
was first endorsed in the World Conservation Strategy proposed by UNEP
and two environmental NGOs (IUCN/UNEP/WWF, 1980). The primarily
ecological focus of the sustainable development concept used in the initial
report was broadened in the widely known report ‘Our Common Future’
published by the World Commission on Environment and Development
(the ‘Brundtland report’) in 1987 (WCED, 1987). The Brundtland com-
mission defined sustainable development as: ‘development that meets the
needs of the present without compromising the ability of future genera-
tions to meet their own needs’ (WCED, 1987). Even though the concept
is now widely used, the interpretation of sustainable development and,
hence, sustainability is not straightforward. This relates, for instance, to
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the interpretation of the concept ‘need’: Which consumption level can
be regarded as sufficient to meet these needs? And which combination of
production factors is required to ensure these needs?

Hence, subsequent to the Brundtland report, many studies have further
examined the sustainability concept. A main issue in the interpretation
of sustainable development is the assumed degree of substitutability
between natural and man-made capital. This has been the subject of much
research in environmental and ecological economics. For instance, Pearce
et al. (1989), Barbier and Markandya (1990) and Daly (1990) assume a
low degree of substitutability between natural and man-made capital.
Pearce et al. (1989) and Barbier and Markandya (1990) state that sus-
tainable development invokes maximisation of the benefits of economic
development subject to maintaining the services and quality of natural
resources over time. Along this line of reasoning, Daly (1990) argues that
sustainability requires that: (1) harvest rates of renewable resources (e.g.
fish, trees) not exceed regeneration rates; (2) use rates of non-renewable
resources (e.g. coal, gas, oil) not exceed rates of development of renewable
substitutes; and (3) rates of pollution not exceed the assimilative capacities
of the environment.

Others have criticised this strong interpretation of sustainability. For
instance, Beckerman (1994) assumed unlimited capital-resource substitut-
ability, from which he derives that ‘strong sustainability, overriding all
other considerations, is morally unacceptable as well as totally imprac-
tical’. Dasgupta (1993) also argued that the substitution possibilities
are high, driven by innovation and technological progress. Innovations
continuously expand the possibilities to extract resource deposits, use
resources in an efficient manner and recycle wastes.

If substitutability is assumed to be high, the well-known Hartwick rule
offers some guidance on the maintenance of consumption levels under
resource depletion: under many circumstances in a closed economy with
non-renewable resources, the rent derived from resource depletion is
exactly the level of capital investment that is needed to achieve constant
consumption over time (Hartwick, 1977; Asheim, 1986). Hartwick’s rule
has been widely adopted in environmental policy — many governments
have stated the importance of investing rents from natural resource deple-
tion in building up capital in the rest of the economy (Pezzey and Toman,
2002).

An intermediate position on the interpretation of sustainability is that
natural and man-made capital can be either substitutes or complements
depending upon the characteristics of the economic system and the spe-
cific natural and man-made capital involved (e.g. Georgescu-Roegen,
1979; Cleveland and Ruth, 1997). In this view, the rate of substitutability
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depends, among others, upon the type of ecosystem service involved.
For instance, the regulation of climate and biochemical cycles, as well as
several cultural services, can only to a very limited extent be replaced by
man-made capital (Costanza and Daly, 1992; Victor, 1994). Solow (1993)
also follows a more intermediate position. He argues that it is not possible
to preserve the full stock of natural capital and suggests a weaker defini-
tion of sustainability where partial substitution of man-made and natural
capital is allowed.

The issue of substitutability in relation to renewable natural resources
can be illustrated with the development of global fish stocks. The ongoing
trend of ‘fishing down the foodchain’ (Pauly et al., 1998; Myers and
Worm, 2003) indicates that the availability of fish, in particular top
predators such as tuna, is likely to strongly decline in the coming decades.
Different groups of people have different possibilities to substitute for
declining fish resources (by switching to other fish, aquaculture fish, or
other sources of protein). Besides the technical possibility of substituting
natural for man-made capital, issues are the degree of substitution possible
(taste of tuna versus, for example, cultivated salmon), and, in particular,
the cost of substitution. For instance, many coastal populations in devel-
oping countries are not able to access alternative protein sources follow-
ing the decline in fish stocks they traditionally depended upon (Alder and
Sumaila, 2004). Hence, at the level of the ecosystem, substitution possi-
bilities are likely to differ among stakeholders, with those groups that are
natural resource dependent and with little capital to invest in adaptation
being most vulnerable.

Based upon the assumed rates of substitutability, Carter (2001) classifies
the different definitions of sustainability into four main categories: (1) very
weak; (2) weak; (3) strong; and (4) very strong sustainability. Very weak
sustainability allows for infinite substitution between natural and other
capital (human and economic). In weak sustainability, it is recognised
that certain life-supporting ecosystem services can not be replaced, but
otherwise it allows for the substitution between different types of capital.
Strong sustainability states that the total natural capital stock should not
be further reduced, but that limited replacement of one type of natural
capital with other types of natural capital is possible (e.g. reforestation
may offset clear-cutting of forest in other locations, or even the destruc-
tion of a certain amount of coral reefs). Finally, very strong sustainability
implies that no reduction of the stock and composition of natural capital
is allowed (Carter, 2001). Other authors have linked sustainability to the
maintenance of the integrity of the world’s ecosystems. In this approach,
particular attention is given to the dynamic relations between and among
ecosystems, and the importance of the life-support services of ecosystems.
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From this perspective, sustainable management is interpreted as manage-
ment that maintains the resilience of ecosystems (Common and Perrings,
1992; Levin et al., 1998).

In this book, following the Brundtland definition and in line with Pearce
et al. (1989), the following definition of sustainable ecosystem manage-
ment is used: ‘management that maintains the capacity of the ecosystem
to provide future generations with the amount and type of ecosystem
services at a level at least equal to the current capacity.” Among others,
this definition implies that biodiversity in the ecosystem is maintained, for
two reasons: (1) maintenance of (functional) biodiversity is required to
support the functioning and resilience of the ecosystem (see Section 3.3.3);
and (2) maintenance of biodiversity is required to sustain the biodiversity
conservation service of ecosystems (see Section 2.2.2).

This definition of sustainable ecosystem management corresponds to a
strong sustainability criterion (Carter, 2001). The selection of the strong
sustainability criterion allows for an explicit comparison of the implica-
tions of pursuing different ecosystem management options, and avoids
the risk of overestimating substitutability rates between natural and man-
made capital (see above). Implicit in applying the sustainability concept is
a view on dealing with environmental change in the time span of several
generations. Hence, assessing sustainability will normally involve model-
ling the impact of ecosystem management on the state and the stability
of the ecosystem, and its capacity to supply ecosystem services, over a
prolonged time period.

2.1.4 Equity in Ecosystem Management

In social sciences, the concept of equity is often linked to, or used inter-
changeably with, fairness and justice (Konow, 2001). With regards to eco-
system management, equity aspects are particularly relevant with regards
to: (1) sharing the benefits supplied by ecosystems; as well as (2) the rep-
resentation of different stakeholders in the design and implementation of
ecosystem management strategies. This is briefly discussed below.

Benefit sharing

Stakeholder groups often benefit from different ecosystem services, and
changes in ecosystems tend to affect stakeholders in different manners
(Hein et al., 2006). In addition, within groups of stakeholders, individu-
als may be affected in a different ways. For example, the poorest among
local people residing in tropical forests tend to have few alternative income
sources and therefore be most dependent on income from the sale of
locally collected non-timber forest products (e.g. Campbell, 1996). Hence,
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the way in which ecosystem management options affect different stake-
holders and individuals is a key concern for decision making. However,
unlike economic efficiency or, to some extent, sustainability, it is difficult
to quantify equity impacts in a simple metric.

A range of approaches towards defining equity have been proposed. On
the one hand, it has been sought to define normative theories of justice,
i.e. definition of justice on theoretical grounds (e.g. Rawls, 1971; Nozick,
1974; Baumol, 1986). An example of this interpretation is given by Nozick
(1974): ‘the principle of distributive justice is that a distribution is just if
everyone is entitled to the holdings they posses under that distribution.’
Just distribution may be related to income levels, to equal access to oppor-
tunities for generating income (Roemer, 1996), or to access to ‘primary
goods’ (which include income and wealth, but also, for example, free
speech and freedom of religion; Rawls, 1971).

On the other side of the spectrum, there are a range of authors stress-
ing that equity is strongly shaped by context, including cultural values,
precedent and the types of goods and services being distributed, and that
each case requires a distinct interpretation of equity (e.g. Walzer, 1983;
Young, 1994). Recent studies have combined the two approaches, seeking
to describe justice and equity in general terms (e.g. Kahnemn et al., 1986;
Konow, 2001). Based on the extensive literature on this topic, some
general concepts underlying equity that are relevant to ecosystem manage-
ment can be distilled:

o The Basic Needs Principle. This concept focuses on the poor in a
society and states that their income should not fall below a certain
minimum level (Streeten, 1980)

o The Difference Principle. This principle is based on the ethics pro-
posed by Rawls (1971), and states that the preferred distribution is
the one that maximises the welfare of the worst off.

o The Accountability Principle. This principle states that inequality
is acceptable provided that everyone had equal opportunity at the
initial allocation and that differences in income are a consequence of
differences in effort (Konow, 1996).

o The ‘Just Desserts’ Concept. This concept states that remedies for
injustice should be proportionate to the weight of the injustice, and
not cause secondary inequity (Konow, 2001).

Note that these principles may, to some extent, be incompatible, e.g. the
Difference and the Accountability Principles. Analysing equity accord-
ing to the principles above requires that utility can be compared in an
ordinal framework. In macro-economics, equity is often measured based
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on income distribution, and expressed in for instance the Gini Index (see
Section 3.4.3).

When the concept of equity is applied to ecosystem management, it is,
however, not only the relative income levels that determine the fairness of
different ecosystem management options. In addition, stakeholders may
also have different (formal or informal) access rights and/or a different
degree of dependency on the ecosystem to sustain their livelihood. They
also may have a different history with regards to using a resource, as in
the case of traditional forest dwellers versus outside logging companies.
Hence, there is large variation in the management history, and the cultural
and institutional setting among ecosystems. Consequently, while consid-
ering the general principles for equity described above, criteria to judge
the equity of ecosystem management options need to be specified for each
ecosystem.

Representation

Effective ecosystem management is fully dependent on the collaboration
between stakeholders managing the resource. Changes in the ecosystem
are a function of the aggregated impact of management decisions of dif-
ferent stakeholders, and the management strategy of one stakeholder
or group of stakeholders often has a direct impact on the supply of eco-
system services to other stakeholders. Top-down approaches enforcing
ecosystem management approaches to local stakeholders have often had
limited effectiveness, in particular, if local stakeholders have few alterna-
tive options to generate income, if it required changes to traditional use
patterns, and where enforcement was difficult (e.g. due to remoteness, lack
of monitoring, etc.).

Hence, designing and implementing ecosystem management strategies
generally requires stakeholder consultation and participation — while
recognising that stakeholder participation also has a number of limita-
tions. The use of stakeholder meetings to shape environmental policies
bears the risk that environmental policies primarily reflect the interests of
those groups represented in the stakeholder meetings, and not the interests
of the general public and future generations (e.g. Soma and Vatn, 2009).
Hence, basing ecosystem management strategies on stakeholder par-
ticipation is no guarantee that economic efficient, sustainable or equitable
ecosystem management will be achieved.

Nevertheless, clearly, without support from local stakeholders, ecosys-
tem management strategies may be difficult to enforce, and stakeholder
participation is a crucial element in formulating objectives and approaches
for ecosystem management. A large body of literature covers the topic of
stakeholder representation in environmental management (e.g. Renn et
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al., 1993; Creighton et al., 1998; Van den Hove, 2000), and this topic is
not further covered in this book. Note that, in principle, stakeholder par-
ticipation and analytical approaches aiming to assess the efficiency, sus-
tainability and equity implications of ecosystem management options are
complementary. Information on the implications of ecosystem manage-
ment options for different stakeholders including the general public and
future generations can support the participation process, and stakeholder
participation is required to identify ecosystem management options that
are practically feasible.

2.1.5 Discounting

The application of efficiency and strong sustainability criteria often leads
to diverging views on the ecosystem management approach to be followed
(e.g. Opschoor and Van der Ploeg, 1990; Atkinson and Pearce, 1993). For
instance, it may be efficient to immediately harvest all stands of timber in
a forest, even if this would be unsustainable and cause irreversible loss of
ecosystem services for future generations. Often, degradation of the envi-
ronment involves short-term benefits (e.g. clear-cut of the timber stands),
whereas sustainable management leads to a more long-term flow of ben-
efits (e.g. through a sustainable harvesting regime). Hence, an important
aspect in analysing the economic efficiency and sustainability of ecosystem
management is the discount rate used to compare present and future flows
of benefits derived from the ecosystem. The social discount rate repre-
sents the time preference for society as a whole (as opposed to the private
discount rate). The social discount rate can be derived on the basis of the
consumption discount rate (Pearce and Turner, 1990).

The consumption discount rate (r) depends upon three factors, the
elasticity of marginal consumption (1)), the growth rate of per capita con-
sumption (c), and the utility discount rate (p), according to the following
equation (Lind, 1982):

r=m-c+p 2.1

The first part of the equation indicates that one unit of benefit may provide
less utility in the future because society is likely to experience a growth in
overall income and consumption levels (¢ > 0), and because of a decreas-
ing marginal utility of consumption (n > 0), i.e. when society becomes
richer in the future, an additional unit of consumption provides less utility.
The growth in income and consumption levels can be derived from statis-
tics (e.g. Cline, 1992), although these may be difficult to obtain or (partly)
lacking where they concern the consumption of non-market benefits. The



Ecological-economic concepts 15

decreasing marginal utility of consumption (n) has been examined by,
among others, Arrow et al. (1996), who state that a plausible value for n
is in the order of 1 to 2. The utility discount rate p expresses that society
has a positive time preference for consumption; there is a preference for
immediate rather than future consumption.

The discount rate to be used in environmental cost-benefit analysis is
still subject to debate (e.g. Howarth and Norgaard, 1993; Khanna and
Chapman, 1996; Hanley, 1999). For instance, Freeman (1993) indicates
that the social discount rate, based upon the after-tax, real interest rate,
should be in the order of 2 to 3% provided that the streams of benefits
and costs accrue to the same generation. Weitzman (2007) suggests that
plausible values for each of the variables ‘elasticity of marginal consump-
tion’ (1)), ‘the growth rate of per capita consumption’ (¢), and the ‘utility
discount rate’ (p) are around 2, yielding a social discount rate of 6%. The
Stern review of the economics of climate change made a case for using a
much lower utility discount rate (p) of only 0.1, arguing that there are no
moral grounds for preferring consumption by the current generation over
consumption by future generations (see Stern, 2008). The Stern review
consequently used a social discount rate of 1.3%. Dasgupta (2006) and
Nordhaus (2007) disputed the assumptions underlying the Stern review
and proposed that the social discount rate should be in the order of 4.5%.
Hence, there is no consensus on the social discount rate to be used, with
plausible values ranging from 1.3 to 6%. Critical elements in assuming a
value for the social discount rates are the utility discount rate (in other
words, the weight attributed to consumption by future versus present
generations) and the assumed increase in consumption rates over time.

A point that requires further analysis is the extent to which different
countries will experience a growth in overall income and consumption
levels in the future (i.e. if ‘¢’ remains positive). Climate change, natural
resource depletion and potential other factors may impact the amount of
natural capital available to society. For instance, Talberth et al. (2007)
studied the Genuine Progress Indicator (GPI) in the US. The GPI uses
the same personal consumption data as GDP but makes deductions to
account for income inequality, costs of crime, environmental degradation
and loss of leisure. It makes additions to account for the services from
consumer durables, public infrastructure and volunteering and house-
work. Compared to GDP, the GPI therefore presents a potentially more
accurate representation of changes in a society’s overall consumption
level, accounting for environmental change and a range of other factors.
For the US, the GPI was found to be generally positive for the period
prior to 1980, and to fluctuate without a clear long-term trend in a range of
around +2% and —2% per year for the period 1980-2002. For the various
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methodological issues and pitfalls related to correcting GDP figures for
environmental degradation and other aspects, see, for instance, Hamilton
(2000) and Boyd (2007).

Note also that rates of 1.3 to 6% are relatively low compared to the rates
often used in cost—benefit analysis of public and private sector investment
projects (Tietenberg, 2000). Still, they lead to rapid depreciation of future
costs and benefits; at a discount rate of 2%, the value of 1 euro in 100 years
amounts to not more than 14 cents. Hence, through discounting, even with
a low discount rate, a much larger weight is attached to the net benefits
accruing to current generations as compared to the benefits for future gen-
erations. Often, the use of a high discount rate will favour ecosystem man-
agement options that lead to relatively fast depletion of resources, whereas
a low discount rate will stress the economic benefits of more sustainable
management options (Pearce and Turner, 1990; Tietenberg, 2000). Besides
using a (very) low discount rate, a potential option to increase the impor-
tance of long-term impacts in discounting is the use of discount rates that
decrease over time (Cropper and Laibson, 1999). However, in this case a
problem arises when policy makers decide to design a new policy several
years onwards, which would require a new discount rate to be selected at
that point in time (Solow, 1999).

The question arises of whether discounting in an environmental cost—
benefit analysis setting is appropriate for long-term impacts involving the
maintenance of the life-support function of the planet at all. For instance,
Nordhaus (1999) suggests that for long-term issues involving environ-
mental damage such as climate change, discounting and CBA is a poor
substitute for policies that focus directly on long-term objectives (such as,
for instance, the stabilisation of greenhouse gas concentrations). Further
information on potential long-term objectives for environmental manage-
ment, at the scale of the planet, can be found in, for instance, Rockstrom
et al. (2009).

2.1.6 Market Failures

Under a range of conditions, markets realise efficiency in the allocation
of goods and services, including the allocation of goods as input in the
production process and as final goods or services to consumers, given a
certain initial distribution of property rights. These conditions include: (1)
markets exist for all goods and services; (2) all goods are private goods;
(3) all markets are perfectly competitive; (4) all buyers and sellers have
perfect information; and (5) property rights are fully assigned. According
to neoclassical economics, perfect markets would also be able to generate
intertemporal efficiency, provided that these conditions are satisfied at all
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times now and in the future. The latter requires, for instance, the presence
of future markets for all goods and services with full information on the
characteristics of the goods and services in relation to other goods and
services for both buyers and sellers. In principle, such a perfect market
would ensure that in a world with decreasing natural resources, the mar-
ginal value and hence the price of the natural resources would increase
up to the point where an equilibrium would be found where the value of
natural resources would be high enough to provide an incentive to manage
them sustainably.

Unfortunately, markets for natural resources and ecosystem services are
far from perfect. Because of market failures, markets are generally not able
to evoke an efficient management of ecosystems. Table 2.1 lists a selection
of the market failures that are most relevant for ecosystem management.
A key issue that often occurs in the case of ecosystems is that economic
benefits of ecosystems are public goods, they do not accrue to the owner
or manager of the ecosystem. For instance, carbon sequestration, the con-
servation of biodiversity and the regulation of watersheds are ecosystem
services that can be of high economic importance, but they often do not
lead to any income to the local ecosystem manager — unless appropriate
payment vehicles such as Payment for Ecosystem Services schemes are put
in place (see Section 2.4.4).

2.2 ECOSYSTEM SERVICES

2.2.1 Ecosystems, Functions and Services

The UN Convention on Biological Diversity has provided the following
definition of an ecosystem: ‘A dynamic complex of plant, animal and
micro-organism communities and non-living environment interacting as
a functional unit’ (UN, 1992). Following this concept, ecosystems may
lack clearly defined boundaries. However, analysis of ecosystem services,
as well as ecosystem modelling, requires that the object of the analysis
is clearly defined. Therefore, this book applies a spatially explicit defini-
tion of ecosystems: ‘the individuals, species and populations in a spatially
defined area, the interactions among them, and those between the organ-
isms and the abiotic environment’ (Likens, 1992). This implies that eco-
systems may contain different sub-ecosystems within the spatially defined
system to be studied. The interpretation of ecosystems in this book, as in
the Millennium Ecosystem Assessment (2003), also entails agricultural
and semi-natural systems such as cropland, heathlands, etc.

In the early 1970s, the concept of ecosystem function was proposed to
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Table 2.1 Market failures of particular relevance to ecosystem
management

Market inefficiency

General description

The public goods
character of many
ecosystem services

A lack of property
rights

Externalities

Discrepancies between
private and social
discount rates

Imperfect information

The provision of public ecosystem services, in a pure
market economy, is constrained by the free-rider effect;
individuals are unwilling to pay for a public service as
they will also receive the service when it is fully paid
for by others. Consequently, the supply of the service is
below its social optimal level of provision.

Property rights include the rights, privileges and
limitations to the use of a resource; a lack of property
rights reduces the incentives for sustainable resource
use as there is no guarantee to whom the long-term
benefits of the ecosystem accrue.

Environmental externalities occur when the use of
environmental resources by one agent affects the utility
or production possibilities of another agent in an
unintended way. Externalities can be either positive or
negative depending upon the impacts on other agents.
Efficient resource allocation requires that individuals
and firms use the same discount rate as appropriate

for society at large. Because individuals and firms may
be uncertain regarding future government policies, the
private discount rate often exceeds the social discount
rate.

The attainment of efficient outcomes through
unregulated market behaviour supposes that all

actors have full information on the direct and external
impacts of their transactions. In the case of ecosystem
management, such perfect information is not always
available. A lack of information may be related to
insufficient understanding of the (complex) dynamics of
the ecosystem, or the economic value generated by the
ecosystem.

Source: Miler (1985); Tietenberg (2000).

facilitate the analysis of the benefits that ecosystems provide to society
(Bouma and Van der Ploeg, 1975; Hueting, 1980). An ecosystem function is
defined as ‘the capacity of the ecosystem to provide goods and services that
satisfy human needs, directly or indirectly’ (De Groot 1992). Ecosystem
functions depend upon the state and the functioning of the ecosystem.
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For instance, the function ‘production of firewood’ is based on a range of
ecological processes involving the growth of plants and trees that use solar
energy to convert water, plant nutrients and CO, to biomass.

A function may result in the supply of ecosystem services, depending on
the demand for the good or service involved. Ecosystem services have been
defined as ‘the benefits provided by ecosystems’ (Millennium Ecosystem
Assessment, 2003) and include both the economic goods and services pro-
vided by the ecosystem to society (Costanza et al., 1997). For example, the
amount of firewood extracted from an ecosystem depends on the demand
from the local community and the costs at which firewood can be obtained.
The supply of ecosystem services will often be variable over time, and both
actual and potential future supplies of services should be included in the
valuation (Drepper and Mansson, 1993; Barbier, 2000; Miler, 2000).

Functions and services do not necessarily correspond one to one, i.e. a
function may contribute to the supply of different services or a service may
depend on different functions (e.g. Ansink et al., 2008). For instance, the
function ‘capacity to supply fish’ may provide two services: ‘recreation’ and
‘supply of fish as food product’, involving two different sets of stakehold-
ers. In principle, the user has the choice of valuing services or functions;
both express the benefits supplied by the natural environment to society,
and both valuation approaches should in the end lead to a consistent value
indication. The main difference is that valuation of services is based on
valuation of the flow of benefits, and valuation of functions is based on the
environment’s capacity to supply benefits. The first approach, i.e. using
ecosystem services, expresses clearly the current benefits received, but
additional analyses are required if the flow of ecosystem services is likely
to change in the short or medium term (e.g. if current extraction rates are
above the regenerative capacity of the ecosystem).

Functions better indicate the value that can be extracted in the long
term, and their value is not biased by temporary overexploitation.
However, it is often much more difficult to assess the capacity to supply a
service than to assess the supply of the service itself. For instance, for the
function ‘supply of fish’, this requires analysis of the sustainable harvest
levels of the fish stocks involved which needs to be based on a population
model including such aspects as reproduction, feed availability and preda-
tion levels. Hence, most valuation studies are based on the valuation of
services rather than functions.

2.2.2 Types of Ecosystem Services

In the approach taken in this book, three different categories of ecosys-
tem services are distinguished: (1) provisioning services; (2) regulating
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Table 2.2  List of ecosystem services

Category Examples of goods and services provided

Provisioning services — Food

— Fodder (including grass from pastures)

— Fuel (including wood and dung)

— Timber, fibres and other raw materials

— Biochemical and medicinal resources

— Genetic resources

— Ornamentals

Regulating services — Carbon sequestration

— Climate regulation through control of albedo,
temperature and rainfall patterns

— Hydrological service: regulation of the timing and
volume of river flows

— Protection against floods by coastal or riparian
systems

— Control of erosion and sedimentation

— Nursery service: regulation of species reproduction

— Breakdown of excess nutrients and pollution

— Pollination

— Regulation of pests and pathogens

— Protection against storms

— Protection against noise and dust

— Biological nitrogen fixation (BNF)

Cultural services — Biodiversity conservation service (habitat service):
provision of a habitat for wild plant and animal
species

— Provision of cultural, historical and religious heritage
(e.g. a historical landscape or a sacred forests)

— Scientific and educational information

— Opportunities for recreation and tourism

— Amenity service: provision of attractive housing and
living conditions

Source:  Van der Maarel and Dauvellier (1978); Ehrlich and Ehrlich (1981); Costanza et
al. (1997); De Groot et al. (2002); Millenium Ecosystem Assessment (2003).

services; and (3) cultural services, based upon the Millennium Ecosystem
Assessment (2003). These categories are described below, and Table 2.2
presents an overview of the ecosystem services in each category.

1. Provisioning services reflect goods and services produced by or in the
ecosystem, for example, a piece of fruit or a plant with pharmaceutical
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properties. The goods and services may be provided by natural, semi-
natural or agricultural systems and, in the calculation of the value
of the service, the relevant production and harvest costs have to be
considered.

2.  Regulating services result from the capacity of ecosystems to regulate
climate, hydrological and biochemical cycles, earth surface processes
and a variety of biological processes. These services often have an
important spatial aspect. For instance, the flood control service of an
upper watershed forest is only relevant in the flood zone downstream
of the forest. The nursery service is classified as a regulation service. It
reflects that some ecosystems provide a particularly suitable location
for reproduction and involves a regulating impact of an ecosystem on
the populations of other ecosystems.

3. Cultural services relate to the non-material benefits people obtain
from ecosystems through recreation, cognitive development, relaxa-
tion and spiritual reflection. This may involve actual visits to the area,
indirectly enjoying the ecosystem (e.g. through nature movies) or
gaining satisfaction from the knowledge that an ecosystem contain-
ing important biodiversity or cultural monuments will be preserved.
The latter may occur without having the intention of ever visiting
the area (Aldred, 1994). The category cultural services also includes
the biodiversity conservation, or habitat service, that represents the
benefits that people obtain from the existence of biodiversity and
nature (not because biodiversity provides a number of services, but
because people believe its conservation is important in itself). In this
way, the list deviates from the Millennium Ecosystem Assessment
(2003) where biodiversity is assumed to support the supply of other
services by enhancing ecosystem functioning and resilience, but where
the value of biodiversity in itself is not explicitly recognised. However,
the Millennium Ecosystem Assessment classification does no justice
to the importance of protecting biodiversity in natural parks without
any view on using biodiversity, as in strict nature reserves (IUCN cat-
egory la). Because the importance attached to biodiversity is strongly
dependent on the cultural background of the observer, the service is
classified as a cultural service (Hein et al., 2006).

The Millennium Ecosystem Assessment (2003) also distinguishes the
category ‘supporting services’. Supporting services represent the eco-
logical processes that underlie the functioning of the ecosystem. However,
their inclusion in valuation may lead to double counting as their value is
reflected in the other three types of services. In addition, there are a very
large number of ecological processes that underlie the functioning of
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Wood production

Hydrological function
Carbon sequestration

1 Crops

Livestock production

Biodiversity
conservation

Notes: The arrows indicate the different ecosystem services provided by land cover units.
Biodiversity partly depends on the combination of forest, pasture and cropland habitats, as
indicated by the dotted line (see also text above).

Figure 2.1 Land cover and ecosystem services

ecosystems, and it is unclear on which basis supporting services should
be included in, or excluded from, a valuation study. Therefore, consider-
ing the focus of the book on applying ecosystem services analysis and
valuation for environmental management, this category of services is not
further considered here (cf. Hein et al., 2006).

Clearly, there is a strong relation between land cover and ecosystem
services supply. Land cover units will typically supply a specific mix of eco-
system services, see for instance Figure 2.1. Some services are confined to a
specific land use unit, as in the case of wood production being confined to
forest lands. In other cases, ecosystem services depend on the combination
and spatial pattern of land cover units. For instance, the borders between
forests and grasslands are typically rich in biodiversity, and an open land-
scape with small-scale agricultural activities and patches of forest may
be attractive for tourism. In other cases, a land cover unit may exercise a
negative influence over the supply of ecosystem services in another unit, as
in the case of a highway reducing the potential for tourism in nearby areas
(see e.g. Willemen et al., 2008).

2.2.3 Quantifying Ecosystem Services

Before ecosystem services can be valued, they need to be quantified in bio-
physical terms. The techniques required to analyse services in biophysical
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terms depend entirely on the services that have been selected for the assess-
ment. It should be noted that, particularly for regulating services, the
quantification of the service is often at least as time and data consuming as
the subsequent economic analysis. In addition, every service, in every eco-
nomic, environmental and social context will require a specific approach
with respect to the data and required approach for analysis. In the sections
below, guidance is provided on approaches that can be taken for each
service category.

Provisioning services

For provisioning services, surveys can reveal the flows of products har-
vested from the ecosystem, for instance, expressed as kilograms of fruits
or tons of timber harvested per time unit. A provisioning service may be
supplied in terms of an annual or seasonal flow, or in terms of a one-off
harvest. In order to analyse the value of the provisioning service, informa-
tion is also needed on the efforts required to extract the products from
the ecosystem. In the case of harvesting in natural forests, this relates to
labour and possibly the tools or equipment required for harvesting. In
the case where the product is obtained from cultivated agricultural land,
valuation should consider the various inputs required in the agricultural
production process. Besides labour and equipment, this also includes, for
example, land, fertilisers, pesticides, seeds, etc.

Regulating services
In the case of regulating services, it is important to consider the precise
nature of the service supplied as well as its spatial and temporal dimen-
sions. Table 2.3 provides a list of potential indicators that can be used
to measure regulating services. The precise indicators will depend on the
objective and scale of the assessment as well as the availability of data.
For instance, the hydrological service can be expressed as both a reduction
in peak flows, and an increase in low season flow depending on the area
under consideration (flood risk versus risks of seasonal water shortages).

The supply of a regulation service may be variable in space. For
example, the hydrological service has a distinct spatial component,
because flood risks will decrease with increasing distances from the water
course, as a function of the topography of the valley. Spatially explicit
analysis of ecosystem service supply normally requires GIS (for examples
see Geoghegan et al., 1997, Voinov et al., 1999; Willemen et al., 2008). In
a GIS, initial conditions, processes and implications of decision variables
need to be specified for each spatial unit distinguished and data require-
ments are generally high.

In addition, temporal scales need to be considered. Ecosystem service
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Table 2.3  Biophysical assessment methods for regulating services

Regulating services

Assessment method

Carbon sequestration

Climate regulation through
regulation of albedo,
temperature and rainfall
patterns

Regulation of the timing
and volume of river and
groundwater flows

Protection against floods
by coastal or riparian
ecosystems

Regulation of erosion and
sedimentation

Regulation of species
reproduction (nursery
service)

Breakdown of excess
nutrients and pollution

Pollination (for most plants)

Regulation of pests and
pathogens

Protection against storms

Protection against noise and
dust

Modelling of carbon flows in the ecosystem
Regional climate models

GIS models including run-off and river flow as

a function of, among others, plant cover, soil
properties and land management

Modelling of flood risks with different vegetation
cover; alternatively, comparison of impacts of
past floods in protected and non-protected areas.
Erosion model following USLE or other

models to determine erosion rates. Analysis of
sedimentation rates requires catchment models
of run-off and erosion, transport and deposition
of sediment particles.

Model of species reproduction, based on
juveniles per successful breeding or spawning
effort and the factors determining the success

of reproduction (e.g. water quality, vegetation
cover, etc.)

Dependent on denitrifcation rates and phosphate
absorbtion rates, which vary as a function of
retention time, oxygen level, iron concentrations,
temperature, etc.

Pollination rates for agricultural crops can be
found in the literature (e.g. Klein et al., 2007),
for non-cultivated species data is much scarcer.
Information availability strongly dependent

on the pests or pathogen involved, for some
pests literature is available indicating the

factors determining the chance and severity of
outbreaks.

Simple models can be used to calculate the
reduction in wind speed as a function of e.g.

tree cover and surface roughness. These can be
translated into the wind’s capacity to detach and
transport particles.

Literature is available in order to make rough
estimates of the impacts of vegetation belts on
dust and air quality.
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Table 2.3 (continued)

Regulating services Assessment method

Control of run-off Infiltration rates under different types of plant
cover and land management need to be spatially
modelled to retrieve impacts of vegetation on
run-off (e.g. Luijten et al., 2000, see also Bosch
and Hewitt, 1982, for an overview).

supply will, in many cases, vary over time depending on fluctuations in the
ecosystem (e.g. as a function of rainfall) as well as human management.
For instance, the service ‘carbon sequestration’ depends on the building
up of carbon in either above-ground biomass or as soil organic matter.
The actual uptake depends on the growth of the plants minus the decom-
position of organic material in the soils. This uptake tends to decrease as
newly planted forests or plantations develop into mature forest stands.
Total carbon sequestration and the time to reach maturity depend on the
type of forest and climatic conditions involved.

Cultural services

The perceived benefits from cultural services strongly depend on the cul-
tural backgrounds of the people that receive the service. It is a function of
religious, moral, ethical and aesthetical motives, and these motives vary
substantially between different societies. Ranging from indigenous to
industrial societies, there are striking differences in the way cultural and
amenity services are perceived, experienced and valued by different cul-
tures. In order to quantify the service, it is both the type of interaction and
the numbers of people involved that are relevant indicators. The type of
interaction ranges from frequent or occasional visits to more passive types
of benefiting from the presence of a certain ecosystem, e.g. from simply
knowing that the ecosystem is maintained and preserved. Prior to valua-
tion of the service, both the type of interactions and the amount of people
involved need to be analysed.

Biodiversity conservation service

In the last decades, a large number of methods to quantify biodiversity
and other ecological values have been developed. Wathern et al. (1986)
mentioned that over 100 of these techniques have been described in the
literature. The most widely used criteria for ecological value relate to
the species richness of the ecosystem and the rarity of the species it con-
tains. A brief summary of several potential indicators for the biodiversity
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conservation service is provided below, for the two categories of species
level and ecosystem level indicators.

Species level indicators

Number of species in specific classes. Given the large number of
species, indicators presenting the species richness of an area need
to focus on (a combination of) specific taxonomic groups, such as
mammals, meadow birds or vascular plants. Although the number
of species in specific groups is an indicator of the species diversity
of an area, drawbacks are that it does not indicate the popula-
tion numbers per species (which may be below viable population
numbers) and that it gives equal weighting to each species.
Biodiversity indices. The most well-known of these indicators are the
Simpson and Shannon Indices. They express the species diversity in
an ecosystem, taking into account both species richness and the rela-
tive abundance of each species. However, the indicators are difficult
to interpret, and they also provide equal weighting to each species.
For more information on these two indices and how they can be
applied, see, for example, Duelli and Obrist (1998).

Numbers of Red List and/or endemic species. The [UCN Red List has
a global cover and provides taxonomic, conservation status and dis-
tribution information on plants and animals. The number of species
evaluated for the list is currently (2009) over 45000. Certain taxo-
nomic groups have been completely, or almost completely, assessed
(mammals, birds, amphibians, freshwater crabs, warm-water reef
building corals, conifers and cycads). The cover is not complete for
all taxonomic groups, with remaining data deficiencies for freshwa-
ter, marine and semi-arid ecosystems. The list provides a good start-
ing point for identifying the number of species of particular concern
for nature conservation that are present in an ecosystem.
Populations of keystone species. The keystone species concept stipu-
lates the existence of a limited number of species that regulate essen-
tial ecosystem processes such as nutrient recycling, see Pain et al.
(2003) for an example. Whereas keystone species may exist for some
ecosystems, it is as yet unclear if keystone species can be defined for
all ecosystems. The keystone species concept in relation to other
theories related to the resilience of ecosystems is further discussed
in Section 3.3.3. Where they can be identified, monitoring the abun-
dance of keystone species provides an indication of the functioning
of the ecosystem. In these cases, the loss of keystone species would
lead to the loss of a range of other species in an ecosystem.
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Ecosystem level indicators

Presence of species that are indicative for environmental quality.
Maintaining environmental quality is one of the preconditions for
conserving biodiversity. The occurrence of a species in an ecosys-
tem is determined by a host of factors including dispersal factors
(barriers, history, etc.), disturbance factors (extreme events, human
pressures) and resource factors (nutrients, food, etc.) (Guisan and
Thullier, 2005). Disturbance may affect biodiversity, with those
species that require specific ecological niches particularly vulnerable
to environmental change. Environmental quality indicators provide
information on the degree of disturbance and, hence, the sustained
potential of an ecosystem as habitat for (rare and threatened)
species. A well-known example is the use of aquatic macroinverte-
brates that are sensitive to water pollution as an indicator for stream
water quality (e.g. Heino et al., 2003).

Ecosystem disturbance in terms of land area affected. Ecosystem
disturbance, or its inverse: the area of preserved ecosystem remain-
ing is a key indicator for biodiversity conservation. A physical loss
of ecosystems, for instance through land use conversion, has clear
impacts on its biodiversity value. However, it is often difficult to
define and qualify the degree of disturbance to which ecosystems
have been exposed, for example to relate deforestation to ecosystem
disturbance. A number of methods have been developed, for example
the Habitat Index (Hannah et al., 1995) or the Natural Capital Index,
which is the product of the size of a natural area and its nature quality.
The nature quality of an ecosystem is then defined as the ratio between
the current state and a particular baseline state, based on a range of
indicators such as the abundance of characteristic species, expressed
as a percentage (Ten Brink and Tekelenburg, 2002).

Extent and effectiveness of protected areas. There are currently over
100000 protected areas worldwide, covering over 12% of the Earth’s
land surface (Chape et al., 2005). However, there is large variation
in the effectiveness of the protected areas. For example, according
to a recent report, illegal logging and/or land use conversion has
taken place in no less than 37 out of 41 national parks in Indonesia
(Ministry of Forestry, 2006), with satellite imagery indicating that,
in the worst cases, up to half the protected area has been exposed
to heavy logging and/or land use conversion (Curran et al., 2004).
Hence, both the extent and effectiveness of the protected areas need
to be analysed in case this indicator is used to report on biodiversity
trends.
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Double counting of ecosystem services
An important issue in the valuation of ecosystem services is the double
counting of services (Millennium Ecosystem Assessment, 2003; Turner et
al., 2003). Specifically, there is a risk of double counting in relation to the
regulating services that support the supply of other services from an eco-
system. For example, consider a natural ecosystem that harbours various
populations of pollinating insects. These insects pollinate both the plants
inside the natural ecosystem and the fruit trees of adjacent orchards. In an
analysis of the economic value of the natural area, only the pollination of
the adjacent fruit trees should be included as a regulation service. As for
the various trees inside the natural area, the produce from these trees (e.g.
wood, rattan and fruits) should be included in the valuation (as provision-
ing services), but the pollination of these natural trees should not, as this
would lead to double counting

In general, regulating services should only be included in the valuation
if (1) they have an impact outside the ecosystem to be valued; and/or (2) if
they provide a direct benefit to people living in the area (i.e. not through
sustaining or improving another service). The first case is illustrated by the
example of the fruit trees above. An example of a service that may provide
a direct benefit inside an area that is not included in other ecological serv-
ices, is the service ‘protection against noise and dust’ provided by a green
belt besides a highway. If this affects the living conditions of people living
inside the study area, it needs to be included in the valuation. A prerequi-
site for applying this approach to the valuation of regulating services is that
the ecosystem is defined in terms of its spatial boundaries — otherwise the
external impacts of the regulating services can not be precisely defined.

2.3 SCALES AND STAKEHOLDERS
2.3.1 Ecological and Institutional Scales

Scales refer to the physical dimension, in space or time, of phenomena or
observations (O’Neill and King, 1998). According to the original defini-
tion, ecosystems can be defined at a wide range of spatial scales (Tansley,
1935). These range from the level of a small lake up to the boreal forest
ecosystem spanning several thousands of kilometres. As the scale of a par-
ticular analysis usually needs to be defined, it has become common prac-
tice to distinguish a range of spatially defined ecological scales (Holling,
1992; Levin, 1992). They vary from the level of the individual plant, via
ecosystems and landscapes, to the global system, see Figure 2.2.
Ecosystem services are generated at all ecological scales. For instance,
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@ biome @ national
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@ ecosystem @ municipal
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@ plant @ individual

Source:  Adapted from Leemans (2000).

Human-ecosystem
interactions

Figure 2.2 Selected ecological and institutional scales

fish may be supplied by a small pond, or may be harvested in the Pacific
Ocean. Biological nitrogen fixation enhances soil fertility at the ecological
scale of the plant, whereas carbon sequestration influences the climate at
the global scale. The supply of a regulation service such as the hydrologi-
cal service depends on a range of ecological processes that operate at the
scale of the watershed.

In the socio-economic system, a hierarchy of institutions can be distin-
guished (Becker and Ostrom, 1995; O’Riordan et al., 1998). They reflect the
different levels at which decisions on the utilisation of capital, labour and
natural resources are taken. At the lowest institutional level, this includes
individuals and households. At the higher institutional level scales can be
distinguished: the communal or municipal, state or provincial, national
and international level (see Figure 2.2). Many economic processes, such
as income creation, trade and changes in market conditions can be more
readily observed at one or more of these institutional scales.

The next section examines how ecological and institutional scales
influence the supply of the three different types of ecosystem services.

2.3.2 Scales of Ecosystem Services

Provisioning services

The possibility of harvesting products (e.g. fish) from natural or semi-
natural ecosystems depends upon the stocks involved. The development
of these stocks is driven by harvest rates, endogenous ecological processes
and, potentially, exogenous drivers resulting from environmental change.
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For instance, fish stocks may develop as a function of (1) harvest rates; (2)
natural, annual variations or trends in ecological processes such as preda-
tion or reproductive success; and (3) external factors such as changes in
seawater temperature or currents resulting from climate change. Analysing
the supply of provisioning services, and the efficiency, sustainability and
equity aspects of resource management options, requires understanding
responses to management at the scale of the ecosystem (e.g. the lake or the
North Atlantic ocean).

However, the benefits of the supply of a provisioning service may accu-
mulate to stakeholders at a range of institutional scales. Local residents are
often an important actor in the harvest of the resources involved, unless
they do not have an interest in, or access to, the resource (e.g. due to a
lack of technology, or because the ownership or user-right of the resource
resides with other stakeholders). In addition, there may be stakeholders’
interests at larger scales if the goods involved are harvested, processed or
consumed at larger scales. For example, a marine ecosystem may be fished
both by local fishermen and an international fleet, and fish from the same
ecosystem may be consumed in markets in different continents.

Regulating services

A regulation service is interpreted as an ecological process that supports
the supply of one or more provisioning or cultural services, or provides a
direct benefit to people (see Section 2.2.3). Because the ecological processes
involved take place at specific ecological scales, it is often possible to define
the ecological scale at which the regulation service is generated (see Table
2.4). For many regulating services, not only the scale but also the posi-
tion in the landscape plays a role — for example, the impact of the water
buffering capacity of forests will be noticed only downstream in the same
catchment (Bosch and Hewitt, 1982). Stakeholders in a regulation service
are all people residing in or otherwise depending upon the area affected
by the service, and the scale at which stakeholders can be identified varies
depending on the specific service involved.

Cultural services

Cultural services may also be supplied by ecosystems at different ecological
scales, such as a monumental tree or a natural park. Stakeholders in cul-
tural services can vary from the individual to the global scale. For local res-
idents, an important cultural service is commonly the enhancement of the
aesthetic, cultural, natural and recreational quality of their living environ-
ment. In addition, particularly for indigenous people, ecosystems may also
be a place of rituals and a point of reference in cultural narratives (Posey,
1999; Infield, 2001). Nature tourism has become a major cultural service in
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Table 2.4 Most relevant ecological scales for analysing regulating services

Ecological Dimensions Regulating services
scale
Global > 1000000 km>  Carbon sequestration

Climate regulation through regulation of
albedo, temperature and rainfall patterns
Biome 10000-1000000  Regulation of the timing and volume of
—landscape km? river and ground water flows
Protection against floods by coastal or
riparian ecosystems
Control of high sediment loads in rivers and
sedimentation
Regulation of species reproduction (nursery
service)
Ecosystem 1-10000 km? Breakdown of excess nutrients and
pollution
Insect pollination (for most plants)
Regulation of pests and pathogens
Protection against storms
Protection against noise and dust
Plot — plant <1 km? Control of run-off and associated loss of
soil nutrients
Biological nitrogen fixation (BNF)

Notes: Some services may be relevant at more than one scale and/or depend on processes
operating across a range of scales.

Western countries, and it is progressively gaining importance in develop-
ing countries as well. Because the value attached to the cultural services
depends on the cultural background of the stakeholders involved, there
may be very different perceptions of the value of cultural services among
stakeholders at different scales. Local stakeholders may attach particular
value to local heritage, cultural or amenity services, whereas national and/
or global stakeholders may have a particular interest in the conservation of
nature and biodiversity (e.g. Swanson, 1997; Terborgh, 1999).

The scales at which ecosystem services are generated and supplied deter-
mine the interests of the various stakeholders in the ecosystem. Services
generated at a particular ecological level can be provided to stakeholders
at a range of institutional scales, and stakeholders at an institutional scale
can receive ecosystem services generated at a range of ecological scales.
When the value of a particular ecosystem service is assessed, different
indications of its value may be found depending upon the institutional
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level at which the analysis is performed. For example, local stakeholders
may particularly value a provisioning service that may be irrelevant at the
national or international level. Hence, if a valuation study is implemented
with the aim of supporting decision making on ecosystems, it is crucial to
consider the scales at which the ecosystem services are supplied.

2.3.3 Stakeholders

A stakeholder can be defined as any entity with a declared or conceivable
interest or stake in a policy concern (Schmeer, 1999). Stakeholders can be
of different form, size and capacity including individuals, organisations, or
unorganised groups. In most cases, stakeholders fall into one or more of the
following categories: international actors (e.g. donors), national or political
actors (e.g. legislators, governors), public sector agencies, interest groups
(e.g. unions, medical associations), commercial/private for-profit organisa-
tions, non-profit organisations (NGOs, foundations), civil society members
and users/consumers. Government institutions are stakeholders for resources
in their jurisdiction and citizens of other countries may be stakeholders when
they derive welfare from the long-term indirect benefits from ecosystem serv-
ices such as carbon sequestration, tourism and nature conservation.

Stakeholders have four main attributes with respect to their interests in
ecosystem services: the type of resource use practiced by the stakeholders,
the level of influence (power) they hold, their degree of dependency on the
ecosystem services (availability of alternatives) and the group/coalition to
which they belong. These attributes can be identified through various data
collection methods, including interviews with country experts knowledgeable
about stakeholders or with the actual stakeholders directly; see, for example,
Creighton et al. (1998). It is clear that the stakeholders deriving benefits from
an ecosystem may be just as diverse as the ecosystem services themselves.
Nevertheless, it is crucial to consider the differences in stakeholders when
analysing ecosystem services, as stakeholder interests and access rights will
determine the interests and motivations of stakeholders in managing the
resource and management plans need to be fine-tuned with these interests in
order to obtain stakeholder collaboration at different levels.

2.4 VALUES AND VALUATION OF ECOSYSTEMS
2.4.1 Basic Introduction to the Economic Valuation of Ecosystem Services

Various schools of economic theory have provided different interpreta-
tions and definitions of the concept of value. In neo-classical economics,
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value is related to the price of the good or service in an open and competi-
tive market, as a function of demand and supply. Accordingly, for traded
ecosystem services, under perfect market conditions, price reflects the mar-
ginal economic value of the service. Analysing the overall economic value
of the supply of an ecosystem service (or any other good) requires estab-
lishing the consumer and producer surplus, as briefly described below.
For ecosystem services not traded in a market, consumer and producer
surpluses may be difficult to analyse and various alternative valuation
approaches have been developed, as elaborated in Section 2.4.3.

The consumer surplus

The concept of consumer surplus was first described by Dupuit and intro-
duced to the English speaking world by Marshall (in 1920): “The excess of
price which a consumer would be willing to pay rather than go without
the thing, over that what he actually pays is the economic measure of this
surplus of satisfaction’ (Johansson, 1999). In other words, the individual
consumer surplus equals the maximum willingness-to-pay of a consumer
for a good minus the price the consumer faces for that good. Estimation
of the consumer surplus generally requires the construction of a demand
curve, either reflecting the demand of an individual (for the individual
consumer surplus) or the demand of society at large (for the aggregated
consumer surplus).

Hicks (1941) found an inconsistency in the ordinary, or Marshallian,
consumer surplus: an individual may change the total basket of goods
and services obtained following changes in the price of a specific good or
service. Consequently, Hicks developed several alternative concepts to
estimate consumer surplus that account for such changes, the most well-
known being the compensating variation (CV) and the equivalent varia-
tion (EV) (see e.g. Freeman, 1993, for details). Willig (1976) has shown that
under two conditions the difference between EV, CV and the Marshallian
consumer surplus is small: (1) if the income elasticity of demand for the
good in question is low; and (2) if the consumer surplus is low in terms of
percentage of income. These conditions imply that it is only correct to use
the ordinary demand curve in the case of marginal changes in the supply
of a good. Construction of Hicks-compensated demand functions requires
analysis of the overall consumption patterns (Johanson, 1999).

The producer surplus

The producer surplus indicates the amount of net benefits a producer
gains, given his production costs and the (market) price he receives for
his products (Varian, 1993). In the valuation of ecosystem services,
the producer surplus needs to be considered if there are costs related
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to ‘producing’ the ecosystem good or service, such as, for example, the
costs related to collecting or harvesting forest products (Freeman, 1993;
Hueting et al., 1998). In the case where an ecosystem services approach
is used to analyse activities such as agriculture or fisheries, clearly, the
full production costs of the fisherman (boat, equipment, labour, etc.) or
farmer (land, machinery, inputs, labour, etc.) need to be accounted for.
The estimation of the producer surplus generally requires the construction
of a supply curve indicating production costs for all producers in a market.
For public ecosystem services, supply curves can be seen as reflecting the
costs of measures to restore and conserve the supply of services. For these
services, a supply curve is often difficult to construct and the producer
surplus is difficult to establish (Hueting et al., 1998).

The concepts of consumer and producer surplus are illustrated with
the example of the pollination service. Insect pollination is required for
a range of crops including apples, oranges, almonds, etc. (see e.g. Klein
et al., 2007, for a full overview). Insect pollination can be achieved by
bringing in beehives, or can be performed by naturally occurring bees or,
for some crops, other animals. In the latter case, pollination is an ecosys-
tem service, in particular, a regulating service required for agricultural
production. In the valuation of pollination, it is necessary to consider
the scale at which pollination is studied. For instance, in the case where
the value of pollination in one particular farm is studied, there will prob-
ably be no price effects since the production of this farmer is likely to be
small compared to the overall market supply. In this case, changes in the
producer surplus can be estimated on the basis of multiplying physical
changes in ecosystem services supply with net revenues generated per unit
of ecosystem service. For example, Rickets et al. (2004) relate the value of
the pollination service supplied by forest patches on a Costa Rican coffee
farm (which serve as habitat for pollinating bees) to the impact of pollina-
tion on the coffee yields, the total area of coffee plants pollinated and the
net benefits obtained from the sale of coffee (off-farm price minus variable
production costs).

However, where pollination declines at the national scale, price effects
for pollinated crops become increasingly likely, because the supply of the
affected crops is reduced while demand, presumably, is not affected (Hein,
2009). Valuation of pollination services at the national scale, therefore,
needs to consider that prices may not be constant. In this case, demand
and supply curves have to be constructed to analyse changes in the pro-
ducer and consumer surplus as a function of changes in the supply of the
pollination service. This is illustrated in Figure 2.3. Figure 2.3 shows that
a decline in the pollination service may reduce agricultural production,
and shift the supply curve of the affected crops to the left, from S to §".
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Price

| Consumer surplus

Quantity of crops produced and consumed

Figure 2.3 Changes in the consumer and producer surplus in a case where
pollination losses affect agricultural production

This shift reflects that farmers will obtain a lower harvest at relatively
higher production costs. Consequently, a new market equilibrium (E,) is
reached, at a higher food price and with a lower quantity of crops traded
in the market.

Consequently, the producer surplus changes from S,4E, to S,’BE, and
the consumer surplus from D ,AE, to D,BE,. From Figure 2.3, it is clear
that all consumers will be affected by the decline in pollination. With
regards to the producer surplus, there may also be producers that are not
affected by a decline in the pollination service and that may benefit by
obtaining a higher price for their crops, for example, producers in the part
of the country not affected by a reduction in pollination services (if any) or
producers growing substitute crops that are less dependent on pollination.
Hence, the producer surplus may increase or decrease when pollination
services are affected, depending on the shape of the demand and supply
curves.

2.4.2 Types of Economic Value

There are several types of economic value and different authors have
provided different classifications for these value types (e.g. Pearce and
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Turner, 1990; Hanley and Spash, 1993; Munasinghe and Schwab, 1993;
Millennium Ecosystem Assessment, 2003). In general, the following four
types of value can be distinguished: (1) direct use value; (2) indirect use
value; (3) option value; and (4) non-use value.

1. Direct use value arises from the direct utilisation of ecosystems (Pearce
and Turner, 1990), for example, through the sale or consumption of
a piece of fruit. All provisioning services and some cultural services
(such as recreation) have direct use value.

2. Indirect use value stems from the indirect utilisation of ecosystems, in
particular through the positive externalities that ecosystems provide
(Munasinghe and Schwab, 1993). This reflects the type of benefits that
regulating services provide to society.

3. Option value relates to risk. Because people are unsure about their
future demand for a service, they are willing to pay to keep the option
of using a resource in the future — insofar as they are, to some extent,
risk averse (Weisbrod, 1964; Cichetti and Freeman, 1971). Option
values may be attributed to all services supplied by an ecosystem.
Various authors also distinguish quasi-option value (e.g. Hanley
and Spash, 1993), which represents the value of avoiding irreversible
decisions until new information reveals whether certain ecosystems
have values we are not currently aware of (Weikard, 2003). Although
theoretically well established, the quasi-option value is in practice very
difficult to assess (Turner et al., 2000).

4. Non-use value is derived from attributes inherent to the ecosystem itself
(Cummings and Harrison, 1995; Van Koppen, 2000). Hargrove (1989)
has pointed out that non-use values can be anthropocentric, as in the
case of natural beauty, as well as ecocentric, based upon the notion that
animal and plant species have a certain ‘right to exist’. Kolstad (2000)
distinguishes three types of non-use value: existence value (based on
utility derived from knowing that something exists); altruistic value
(based on utility derived from knowing that somebody else benefits);
and bequest value (based on utility gained from future improvements
in the well-being of one’s descendants). The different categories of non-
use value are often difficult to separate, both conceptually (Weikard,
2002) and empirically (Kolstad, 2000). Nevertheless, it is important to
recognise that there are different motives to attach non-use value to an
ecosystem service, and that these motives depend upon the moral, aes-
thetic and other cultural perspectives of the stakeholders involved.

In principle, the four value types: direct use, indirect use, option and
non-use value are exclusive and may be added. The sum of the direct use,
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indirect use and option values equals the total use value of the system; the
sum of the use value and the non-use value has been labelled the ‘total
economic value’ of the ecosystem (Pearce and Turner, 1990). If all values
are expressed as a monetary value, and if the values are expressed through
commensurable indicators (e.g. consumer and/or producer surplus), the
values can be summed.

2.4.3 Valuation Approaches and Techniques

Figure 2.4 presents a basic framework for analysing the economic value
of ecosystem services. The framework involves four subsequent steps: (1)
definition of the spatial and temporal boundaries of the (eco)system and
identification of the services to be studied; (2) quantification of ecosystem
services in biophysical terms; (3) valuation of ecosystem services; and (4)
aggregation or comparison of values of different services. The services to
be in or excluded from the assessment are determined by the objectives and
system boundaries of the assessment. The framework is static, i.e. it allows
an analysis of the services and values supplied by an ecosystem under
current land use and management; a dynamic framework is presented in
Chapter 3.

In the last three decades, a range of economic valuation methods for
ecosystem services has been developed. They differ for private and public
goods, as described below.

Ecosystem - Step 1. Specification of the boundaries
of the system to be valued

Production services | | Regulation services Cultural services | @¢----- SiEp2 Assgssmgnl .Of ccosy stem
services in biophysical terms
I |
]
A A } A 4 A
Direct use Indirect use @wiflem vl Non-use <*---- Step 3. Valuat‘lon‘usmg monetary, or
values values values other, indicators
| Total value | <“---- Step 4. Aggregation or comparison

of the different values

Source: Hein et al. (2006).

Figure 2.4  Schematic overview of an ecosystem services valuation
approach
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Valuation of private goods

In the case of private goods or services traded in the market, price is the
measure of marginal willingness to pay and it can be used to derive an
estimate of the economic value of an ecosystem service (Hufschmidt et al.,
1983; Freeman, 1993). The appropriate demand curve for the service can
— in principle — always be constructed. However, in practice this is often
difficult, as (1) it is not always known how people will respond to large
increases or decreases in the price of the good, and (2) it may be difficult to
assess when consumers will start looking for substitute goods or services.
In the case of price distortions, for example because of subsidies, taxes,
etc., an economic (shadow) price of the good or service in question needs
to be constructed. In some cases, this can be done on the basis of the world
market prices (Little and Mirrlees, 1974; Little and Scott, 1976). In the case
where the private good is not traded in the market, for example, because it
is used for self-consumption, shadow prices need to be constructed on the
basis of: (1) the costs of substitutes; or (2) the derived benefit of the good
(Munasinghe and Schwab, 1993).

Valuation of public goods
For public goods or services, the marginal willingness to pay can not be
estimated from the direct observation of transactions and the demand
curves are usually difficult to construct (Hueting, 1980). Two types of
approaches have been developed to obtain information about the value
of public ecosystem services: the revealed and stated preference approach
(Pearce and Howarth, 2000). Pearce and Turner (1990) called them
indirect and direct preference methods, respectively.

The revealed preference approaches use a link with a marketed good
or service to indicate the willingness-to-pay for the service. There are two
main types of revealed preference approaches:

o Physical linkages. Estimates of the values of ecosystem services are
obtained by determining a physical relationship between the service
and something that can be measured in the market. The main
approach in this category is the damage—function (or dose-response)
approach, in which the damages resulting from the reduced avail-
ability of an ecosystem service are used as an indication of the value
of the service (Johanson, 1999). This method can be applied to
value, for instance, the hydrological service of an ecosystem.

o Behavioural linkages. In this case, the value of an ecosystem service
is derived from linking the service to human behaviour — in particu-
lar, people’s expenditures to offset the lack of a service, or to obtain
a service. An example of a behavioural method is the Averting
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Behaviour Method (ABM). There are various kinds of averting
behaviour: (1) defensive expenditure (a water filter); (2) the pur-
chase of environmental surrogates (bottled water); and (3) reloca-
tion (OECD, 1995). The travel cost method is another example of
an indirect approach using behavioural linkages (Van Kooten and
Bulte, 2000).

With stated preference approaches, various types of questionnaires are
used to reveal the willingness-to-pay of consumers for a certain ecosystem
service. The most important approaches are the Contingent Valuation
Method (CVM) and related methods. In the last decades, CVM studies
have been widely applied (see Nunes and van den Bergh, 2001 for an over-
view). It is the only valuation method that can be used to quantify the non-
use values of an ecosystem in monetary terms. Information collected with
well-designed CVMs has been found suitable for use in legal cases in the
US —as in the case of the determination of the amount of compensation to
be paid after the Exxon Valdez oil spills (Arrow et al., 1993). Nevertheless,
various authors question their validity and reliability — both on theoreti-
cal and empirical grounds. There are two main points of criticism against
CVM. First, CV estimates are sensitive to the order in which goods are
valued; the sum of the values obtained for the individual components
of an ecosystem is often much higher than the stated willingness-to-pay
for the ecosystem as a whole. Second, CV often appears to overestimate
economic values because respondents do not actually have to pay the
amount they express they are willing to pay for a service (see Diamond
and Hausman, 1994; Cummings and Harrison, 1995; Hanemann, 1995;
Carson, 1998).

In response to the difficulties encountered in quantifying the non-use
values of ecosystems in monetary terms, some authors have proposed
quantifying this value in ecological terms only. For ecological quantifica-
tion, a range of indicators is available, such as the species richness of the
ecosystem, and the rarity of the species it contains (see Section 2.2.3).
Accordingly, other indicators may be used for health impacts and cultural
services of ecosystems.

If non-monetary indicators are used for the non-use values, the values
can be presented side-by-side, which means it is left to the reader to
compare the two value types (see Strijker et al., 2000, for an example).
Alternatively, they can be compared using Multi-Criteria Assessment
(MCA). In MCA, stakeholders are asked to assign relative weights to
different sets of indicators (non-monetary as well as monetary), enabling
comparison of the indicators (e.g. Nijkamp and Spronk, 1979). A whole
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set of different MCA techniques have been developed in recent decades
(see e.g. Hajkowicz and Collins, 2007 for an overview).

Different stakeholder groups can be expected to have different perspec-
tives on the importance of the different types of value (Vermeulen and
Koziell, 2002). Through group valuation, citizens’ juries or the use of
deliberative processes, stakeholders can be encouraged to converge on
a representative assessment of the values of different ecosystem services.
For more information on these alternative approaches to examining the
benefits provided by ecosystem see, for instance, O’Neill (2001).

An overview of the different valuation methods, and the value types they
can be used for, is presented in Table 2.5. Further details on the various
ecosystem valuation techniques are provided in Dixon and Hufschmidt
(1986), Pearce and Turner (1990), Hanley and Spash (1993) and Pearce
and Moran (1994). Costanza et al. (1997) and Pearce and Pearce (2001)
provide an overview of the values of a range of ecosystem services in
selected ecosystems. If few data are available for an ecosystem, crude esti-
mates of the values of ecosystem services may be obtained through ‘benefit
transfer’ — the transfer of ecosystem values to settings other than those
originally studied (Green et al., 1994; Willis and Garrod, 1995; Brouwer et
al., 1997). However, the values provided by ecosystems are often strongly
dependent on the biophysical, economic and institutional context, and
benefit transfer is prone to a high degrees of uncertainty.

A number of general recommendations can be provided with regards
to ecosystem services valuation. First, typically, a significant part of the
effort required for the valuation of ecosystem services is related to quanti-
fying services in biophysical terms. This holds, in particular, for regulating
services.

Second, while it is common practice to base a valuation study on
ecosystem services rather than functions, care needs to be taken that
assumptions underlying future flows of services are realistic, i.e. potential
overharvesting leading to decreasing supply in the future needs to be
accounted for.

Third, double counting of services needs to be avoided, by defining the
system boundaries of the assessment and identifying provisioning and regu-
lating services in such a way that overlap is avoided (see also Section 2.2.3).

Fourth, it remains particularly cumbersome to value the biodiversity
conservation service, for which no meaningful monetary indicators may
be applicable, and even biophysical indicators may be difficult to define.
Pending new breakthroughs in terms of defining and quantifying biodiver-
sity, a small set of indicators for the biodiversity conservation service may
need to be fine-tuned to each ecosystem to be assessed.
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Table 2.5 Valuation methods and the value types for which they are
typically applied

Valuation Suitable for Typically used to analyse
method

direct indirect option non-use
use use values'  values
values values

Stated preference methods

(a) Market Ecosystem goods and X X
valuation services traded on the
market
(b) CVM The use of CVM is limited X X X

to goods and services that
are easily to comprehend
for respondents —
excluding most regulating

services
Revealed preference methods
(a) Hedonic Applicable where X
pricing environmental amenities

are reflected in the prices of
specific goods, in particular

property.
(b) Travel Can be used to value the X
cost recreation service.
method
(c) Averting Mostly applicable to X
Behaviour regulating services,
Method for instance, the water
purification service.
(d) Damage Applicable where loss of X
function ecosystem services will
approach cause economic damage,
e.g. through an increased
flood risk.
Ecological valuation methods
a) Ecological Only for the non-use X
valuation value of the biodiversity

conservation service

Notes: ' Analysing the option value requires the specification of the risk averseness of the
involved stakeholders (e.g. Wik et al., 2004).

Source: Pearce and Turner (1990); Hanley and Spash (1993); Munasinghe (1993);
Cummings and Harrison (1995).



42 Economics and ecosystems

Fifth, valuation studies should specifically consider the spatial and tem-
poral scales relevant to the study. The spatial scale of the assessment deter-
mines which stakeholders are included or excluded from the assessment.
For example, the decline of herring stocks in the Dutch North Sea fishing
grounds negatively affected Dutch fishermen, but had a positive impact
on the profits of Danish herring fishermen (Lindebo, 2004; Simmonds,
2007). Hence, the calculated costs of ecosystem degradation depends on
the impacts being analysed for Dutch fishermen, for Danish fishermen
or at the European scale. With regards to the temporal scale, the value
of ecosystem services can be expected to vary over time, for instance
because markets will change or because technologies capable of producing
substitute goods may improve.

2.4.4 Developing Markets for Ecosystem Services

In recent years, Payment for Ecosystem Services (PES) schemes have
emerged as an innovative option to provide incentives for sustainable
ecosystem management. PES involves payments from a beneficiary to a
provider of an ecosystem service, and the basic rationale for PES is that
the benefits for the beneficiary may exceed the (opportunity) costs for pro-
viding the service. A typical example is a PES scheme for maintaining the
hydrological service, where downstream water users pay upstream land
owners for maintaining the forest cover and, consequently, the regulation
of downstream water supply.

PES schemes require the identification of providers and beneficiaries of
the services, the valuation of the ecosystem service(s) to be included, and
the set-up of a payment scheme that regulates the transfer of payments
from beneficiaries to providers in return for maintaining the supply of the
ecosystem service. PES approaches include schemes involving payments
from governments to private stakeholders, and between private stake-
holders. They can involve local and national as well as globally relevant
ecosystem services and stakeholders.

A critical element in any PES scheme is the transaction costs, which are
related to monitoring the supply of the service and the efforts undertaken
by the providers of the service, and to the management and disbursement
of funds, in particular, in the case where the service is provided by a range
of different stakeholders. In the case where the transaction costs exceed the
difference between the (opportunity) costs and the benefits, the economic
rationale for the scheme ceases to exist. PES schemes are also unlikely to
be successful if local beneficiaries are poor and have no funds available to
pay for the ecosystem services they receive.

PES schemes are already having a major impact on promoting
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sustainable ecosystem management at the local and national scales. For
instance, the US Government spends over US$1.7 billion per year to
induce farmers to protect land (UNEP, 2005). In several Latin American
countries, including Costa Rica, Mexico and Colombia, irrigation water-
user groups, municipal water supply agencies and other governmental
bodies have initiated and executed PES schemes aimed at maintaining
downstream water supply (Pagiola et al., 2005). In Kenya, the Wildlife
Foundation is securing migration corridors on private land through con-
servation leases at US$ 4 per acre per year (UNEP, 2005). In Costa Rica,
a formal, countrywide PES programme has been established, extend-
ing to the hydrological service, biodiversity conservation and carbon
sequestration (Pagiola, 2008).

A major benefit of PES schemes is that they are able to generate addi-
tional funding for sustainable ecosystem management, based on the supply
of ecosystem services that were not previously marketed. Furthermore,
PES schemes can generate a long-term flow of funds necessary to protect
certain ecosystem services, A key challenge is to continue the development
of PES schemes at the national, but, in particular, also at the global scale.
Given that a large part of the world’s biodiversity can be found in tropical
zones, and that tropical forests and peatlands are major stocks of carbon,
there is ample rationale for setting up global PES schemes for the biodi-
versity conservation and carbon sequestration services. This is an ongoing,
and rapidly evolving process involving a wide range of institutions; see, for
example, Gibbs (2007), Wunder (2007) and Bishop et al. (2008).

2.4.5 Constraints to and Criticism on Ecosystem Valuation

Various authors have criticised the economic valuation of ecosystems and
ecosystem services, for example Vatn (2005) and Spash (2008), see also
Pearce et al. (2005) for criticism raised with regards to environmental cost—
benefit analysis. Vatn (2005) describes the following four principal points
of concern regarding the valuation of ecosystem services: (1) a lack of full
information on ecosystem services; (2) value incommensurability; (3) the
problem of composition; and (4) the income-dependency of willingness to
pay estimates. A brief overview of these points is provided below.

A lack of full information on ecosystem services

A lack of information is a frequent constraint to ecosystem services valua-
tion. For instance, there may be only an approximate indication of the full
array of benefits provided by an ecosystem, the marginal value of ecosys-
tem services in the case of strong changes in supply, ecosystem dynamics
and how they influence future supply of the service, etc. These constraints
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progressively increase at coarser scales and with increasing complexity of
the ecosystem.

Value incommensurability

Value incommensurability means that different types of values, for
instance the values related to biodiversity, cultural functions of ecosystems
and values derived from products harvested in an ecosystem, cannot be
measured on one and the same scale. This argument is based on the obser-
vation that individuals have different motives for managing ecosystems,
and that they therefore have difficulty in interpreting services and values
along one dimension (see e.g. Gregory et al., 1993).

The problem of composition

The problem of composition indicates that the supply of an ecosystem
service is always dependent on the functioning of the ecosystem supplying
the service, and that demarcating parts of the environment for the purpose
of valuation may lead to underestimation of the value of the ecosystem at
large.

The income-dependency of willingness-to-pay estimates

The income-dependency of willingness-to-pay (WTP) estimatesis a concern
where there are large income discrepancies between different stakeholders.
The WTP estimate is bound by the income of the respondent and restricts
the articulation of unrealistically high WTP statements in a contingent
valuation study (Arrow et al., 1993). However, this also implies that the
preferences of the rich will count for more than the preferences of the poor
in a valuation study incorporating WTP estimates for ecosystem services.

These four points are each significant limitations to the applicability of eco-
system services valuation approaches. The problem of value incommensura-
bility is fundamental. As analysed in, for example, Spash (2008), economic
valuation implicitly takes a narrow-minded view of the various motivations
that people have to relate to ecosystems and the environment in which they
live in general. Consequently, capturing the multiple motivations people
have to value ecosystems in the single metric of money will be prone to a
significant degree of uncertainty. The issue of the income dependency of
willingness-to-pay estimates can be partly overcome by using Willingness-
To-Accept (WTA) indicators for the value of an ecosystem service. Also,
poor people can demand high compensation for environmental damage. In
principle, a loss of the ecosystem for a stakeholder would need to be valued
on the basis of WTA in the case where the stakeholder holds a (formal or
traditional) right to use the ecosystem (Vatn, 2005).
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The problem of decomposition, and a lack of full information on eco-
system dynamics and the benefits provided by ecosystem services, are sig-
nificant issues with regards to ecosystem management in general. It could
be argued that ecosystem management is always faced with these con-
straints and that the approach of quantifying ecosystem services, in com-
bination with modelling ecosystem dynamics (Chapter 3), provides some
of the information required for informed decision making. Nevertheless,
it is clear that value estimates are subject to uncertainty, which needs to be
explicitly considered in any valuation study.

The degree of uncertainty varies between different ecosystem services.
In general, it is relatively easy to value provisioning services, particularly
if constant prices can be assumed. Regulating services require a certain
degree of understanding of the processes taking place in ecosystems, and
how these processes depend on ecosystem structure and functioning. In
addition, when ecosystem services are considered at coarser scales, there
are increasing constraints on how economic valuation can be applied —
the value of essential life support services at the global scale (regulation
of climatic processes, ultimately even oxygen production) is essentially
infinite. Hence, a lack of full information is a particular issue with regards
to valuing regulating services. For cultural services, value incommensura-
bility is a key constraint. There may be a whole range of motives to value
biodiversity conservation and the different cultural aspects related to
ecosystems. For instance, it is questionable whether economic valuation
of the preservation of a species, a specimen of a threatened species, or of
human health, can meaningfully be done.

Hence, the degree to which the four constraints described in the bullet
points above apply differs between the three types of ecosystem services.
It is nevertheless clear that economic valuation of ecosystem service is no
panacea and that there are various significant methodological constraints
to ecosystem service valuation. At best, economic valuation of ecosystem
services can meaningfully express a substantial part of the societal benefits
provided by an ecosystem. Therefore, the main added value of ecosystem
services analysis and valuation may be to allow (1) presentation of a com-
prehensive, qualitative overview of the various benefits provided by eco-
systems; and (2) indication of the minimum economic value generated by
an ecosystem, accounting only for those ecosystem services and ecosystem
values that can meaningfully be quantified (see also Pearce, 2007; Daily et
al., 2009).

Given these constraints, ecosystem services valuation can contribute to
ecosystem management in a number of ways. First, in a whole range of
countries and environments, there is as yet insufficient understanding of



46 Economics and ecosystems

how ecosystems contribute to human well-being. In this case, there is a risk
that the default value of ecosystems in decision making is set at zero. In
the case of a lack of information on the value of ecosystems, identification
and valuation of ecosystem services can provide an incentive for setting up
more efficient and more sustainable management regimes.

Second, ecosystem services valuation allows incorporation of part of the
societal costs of environmental degradation (and the benefits of rehabilita-
tion) in cost-benefit analysis (CBA) — see also Section 7.4.2. Compared
to a situation where environmental degradation is not included in cost—
benefit analysis, this allows, in principle, enhanced decision making from
both an economic efficiency and sustainability perspective. However,
clearly, in the case where not all benefits provided by ecosystems can be
meaningfully translated into a monetary value, care needs to be taken in
the interpretation of cost—benefit analyses.

Third, analysing and, where feasible, valuing ecosystem services can
assist in better understanding stakeholder motivations for ecosystem
management. Commonly, different stakeholders depend on different serv-
ices provided by ecosystems (see, for instance, the case study presented
in Chapter 5), and analysing ecosystem services reveals how stakehold-
ers may be differently affected by changes in ecosystems or ecosystem
management.

Finally, quantifying and valuing ecosystem services may assist in estab-
lishing Payment Schemes for ecosystem services, as discussed previously
in Section 2.4.5.

The argument in favour of ecosystem service valuation may be most pro-
nounced in developing countries with a lack of financial resources to main-
tain natural areas and obvious reasons to increase local income levels. In
these countries, the incentive to preserve natural ecosystems is likely to
increase if local and/or national income can be generated with payments
for ecosystem services, in particular carbon sequestration and biodiversity
conservation. This is made explicit, for instance, in a statement by the
Office of the President, Republic of Guyana (2008), which indicates that,
given the global importance of carbon sequestration and biodiversity
conservation in Guyanan forests, international payments to contribute
to the (opportunity) costs of managing and preserving these forests are a
prerequisite for their long-term conservation.

In summary, the added value of ecosystem services valuation is con-
nected to economic efficiency, being one of the criteria commonly applied
in decision making on ecosystems, and the general lack of understanding
of benefits supplied by ecosystems. Nevertheless, ecosystem services valu-
ation, and analysis of the efficiency of ecosystem management options is
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subject to a number of constraints, which means that in many cases only
a minimum economic value can be meaningfully estimated. As with any
assessment technique, in the economic valuation of ecosystem services,
uncertainty ranges should be indicated, and it should be made explicit
which services and value aspects were, and were not, included in the
valuation.



3. A quantitative ecological-economic
assessment approach

3.1 A FRAMEWORK FOR ANALYSING
ECOSYSTEM MANAGEMENT OPTIONS

This chapter presents a quantitative, dynamic framework for ecological-
economic assessment and modelling of ecosystem management options.
The framework can be used to assess the efficiency, sustainability and
equity aspects of ecosystem management options, while accounting for
the complex dynamics of ecosystems, and is visualised in Figure 3.1. The
interactions presented in the framework need to be expressed in monetary
terms when their impact on the economy is studied, and in biological or
physical units when their interactions with the ecosystem are studied.

The framework includes four types of management measures: (1) the
use or harvest of ecosystem services; (2) pollution control, e.g. by apply-
ing waste-water treatment; (3) managing land cover; and (4) other, direct
interventions in the ecosystem. Each measure corresponds to a decision
variable. These measures, in combination with ecological processes, deter-
mine the dynamics of the ecosystem — which can proceed according to dif-
ferent ecological models. Subsequent changes in the state of the ecosystem
influence its capacity to supply ecosystem services. The total welfare sup-
plied by the ecosystem is a function of the net benefits provided by ecosys-
tem services, and the costs of pollution control, ecosystem interventions
and managing land cover change.

When the figure is applied, the various management options, the
dynamics of the ecosystem, and ecosystem services supply need to be
quantified for the specific ecosystem involved. The different elements of
the framework are elaborated below.

In Figure 3.1, the ecosystem changes over time as a function of (1) inter-
nal, ecological processes; (2) changes in the overall environment in which
the ecosystem is embedded; and (3) ecosystem management. Internal
ecological processes, for example succession or predation, take place over
a range of temporal and spatial scales (e.g. Holling, 1992; Holling et al.,
2002). In addition, the ecosystem, and the processes driving ecological
change, are influenced by changes taking place in the overall environment

48
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Figure 3.1 Framework for assessment and modelling of ecosystem
management options

in which the ecosystem is embedded, for instance climate change that may
affect temperature and rainfall patterns.

The economy functions within the context shaped by society. It’s
functioning is regulated by market dynamics and influenced by institu-
tions, such as organisational and ownership arrangements prevailing in a
society, etc. (e.g. North, 1990). Two central interrelated processes in the
economy are production and consumption. Ecosystem services can be one
of the inputs required for production (e.g. by providing a raw material).
Ecosystem services can also support consumption (e.g. by providing an
opportunity for recreation).

Ecosystem services represent the benefits provided by ecosystems,
including provisioning, regulating and cultural services. The use of eco-
system goods and services is driven by developments in the economy (the
demand for ecosystem services) and the ecosystem itself (the capacity
of the ecosystem to supply services). The use of ecosystem services has
an impact on the ecosystem. Provisioning services are extractive, and
the impact depends upon the harvest level in relation to the carrying
capacity of the ecosystem, as well as the harvesting techniques applied.
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For instance, timber harvesting will affect the forest’s remaining stand-
ing stock and may cause soil compaction from the use of machinery to
transport the felled trees out of the forest. Regulating services relate to
the external impacts of the ecosystem, and their supply therefore tends
to have little impact on the ecosystem. Cultural services may involve visits
to the ecosystem, in which case the impact depends upon the number
of visitors and their activities in relation to the carrying capacity of the
ecosystem for these activities.

Pollution comprises a second type of impact of the economy on eco-
systems. Consumption and production processes may lead to pollution
including discharges to water, emissions to atmosphere, and the genera-
tion of solid waste. The possibility of disposing of unwanted substances
provides a benefit for the economic system, but may have an adverse
impact on the functioning of the ecosystem and the supply of ecosystem
services. In general, pollution control can take place by modifying the pro-
duction process or consumption pattern, changing the location where the
pollutant enters the environment, or applying treatment processes (end-
of-pipe technologies). The residual impacts of pollution on an ecosystem
depends upon the total emissions and amounts of waste released, the type
of pollutant, the application of waste treatment technologies, the break-
down of the polluting compounds in the environment and dispersion proc-
esses that determine how much of the pollutant ends up in the ecosystem
(RIVM/UNEP, 1997).

Changes in land cover are a third principal mechanism through which
economic activities influence the ecosystem. Land cover change involves,
for example, the conversion of a forest to agricultural land, or of agricul-
tural land into urban land. Land cover change may proceed in an abrupt
manner as well as more gradually, and generally involves a marked change
in the type of ecosystem services supplied. Ecosystem services may be
connected in different ways to land use. Most provisioning services are
strongly linked to the ecosystem productivity of a particular plot, e.g. the
production of wood (mean annual increment) depends on the vegetation
and biophysical characteristics of a particular site (soils, temperature,
water, etc.). However, many regulating and cultural services also depend
on the spatial configuration of the landscape. For instance, the hydrologi-
cal service depends on the vegetation cover across the watershed, and the
recreational service of an extensive agricultural landscape may be a func-
tion of the mix of agricultural and natural elements in the landscape (e.g.
Willemen et al., 2008). For these services, land cover changes need to be
analysed, in a spatially explicit manner, at the scale of the watershed or
landscape.

Ecosystem interventions comprises the fourth, broad category of human
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impacts on the ecosystem. It includes both measures with a positive impact
on the ecosystem, such as reforestation in a degraded forest or bioma-
nipulation of a lake (Chapter 5), as well as human disturbance of the
ecosystem, for instance, through the introduction of alien invasive species.
Ecosystem maintenance and rehabilitation measures will come at a cost to
the economic system, but may result in the increased supply of ecosystem
services. Human disturbance may also take place through the generation
of negative external impacts, for example in the case of the construction of
a highway nearby a national park that may affect recreational or habitat
services through noise pollution.

Ecological and economic processes, and interactions between the two
systems, take place across a range of spatial and temporal scales. For
instance, pollutants may be dispersed at all scales, ranging from water
pollution affecting a local pond to greenhouse gas emissions affecting
the global atmosphere. Figure 3.1 depicts management options at the
scale of the ecosystem, but application of the framework requires that
the various scales at which drivers for ecosystem change operate and
the different scales at which ecosystem services may be supplied are
accounted for.

Application of the framework is generally data-intensive, requiring
ecological data series in order to model the dynamics of the ecosystem,
and economic valuation data for the ecosystem services supplied by the
ecosystem. Quantifying economy-ecosystem interactions requires the
application of basic mathematics. This chapter presents some of the basic
equations that can be used to analyse the efficiency, sustainability and
equity implications of ecosystem management options. The different mod-
elling approaches are further illustrated in the case studies presented in
Chapters 4 to 6.

Note that Figure 3.1 can be easily related to the DPSIR framework
(Driving forces, Pressures, State, Impacts and Responses) commonly used
in environmental sciences (OECD, 1979). Consumption and production
processes constitute the main drivers for the interactions between the
economic system and the ecosystem. The production and consumption
processes entailed in the economic system can result in four basic types
of pressure on the ecosystem, for example, in the case of extraction of
ecosystem services at a level exceeding the carrying capacity of the eco-
system. The pressures may lead to a change in the state of the ecosystem.
The final order impact of these changes is expressed as a change in the
capacity of the ecosystem to supply ecosystem services. In response, several
measures can be taken, aimed at modification of the driving forces, reduc-
ing the pressures, or rehabilitating the state of the ecosystem through the
implementation of ecosystem interventions.
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3.2 APPLICATION OF THE ASSESSMENT
FRAMEWORK

Application of the framework in order to model ecosystem—economy
interactions at the scale of the ecosystem involves four main steps: (1)
definition of the objective of the assessment; (2) modelling the dynamics
of the ecological-economic system; (3) analysing the costs of manage-
ment options and valuation of ecosystem services flows; and (4) analysing
the efficiency, sustainability and equity aspects of the ecosystem manage-
ment options, as shown in Figure 3.2. These four steps are described
below. Part of Step 2 is to validate and verify model outcomes, based on
ecological data such as time series of specific indicators of the ecosystem
state. Step 3 normally requires consultation of stakeholders in order to
identify and assess ecosystem management options that also meet legal
and technical criteria, and to identify and verify value estimates for

1. Goal definition and scoping

2. Modelling the dynamics of the
ecological-economic system

Model validation
and verification

Stakeholder
consultations

3. Analysing the costs of management options and
valuation of ecosystem services

4. Analysing the efficiency, sustainability and equity aspects
of ecosystem management options

v

Feedback to decision-/
policy-making process

Notes: Selected stakeholders will often be consulted in all steps of the assessment. Step 3,
in addition, requires systematic and comprehensive stakeholder consultation, in order to
reveal perspectives and values of all relevant stakeholders involved in the management of
the ecosystem under consideration.

Figure 3.2 Basic steps in ecological-economic assessment and modelling
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ecosystem services. Clearly, stakeholder interactions are not limited to
Step 3, stakeholder inputs drive the process of initiating and scoping the
ecological-economic assessment, and documenting, reporting and pre-
senting the outcomes to stakeholders will normally be an integral part
of the analysis.

1. Goal definition and scoping

At the scale of the ecosystem, ecological-economic analysis can be used
for a number of purposes. First, to analyse the present and future flows of
benefits generated by an ecosystem, under current management. This type
of analysis should include modelling ecosystem change, as a function of
internal drivers (e.g. resource harvesting) and external drivers (e.g. climate
change) in order to assess if present flows of benefits can be sustained.
Benefits can be linked to stakeholders in order to reveal stakeholders’
interests in ecosystem management.

Second, ecological-economic modelling can support the analysis of the
economic benefits (including non-market benefits), and impacts on differ-
ent stakeholders of specific ecosystem management options. Feeding the
ecosystem management options into the model can show the implications
of each option and assist in selecting the preferred ecosystem management
option.

Third, ecological-economic modelling can assist in identifying the
most efficient management option (i.e. generating the highest discounted
net economic benefits) or the optimal management option (using a
social welfare function to account for different impacts on stakehold-
ers). Identification of the most economic efficient, or ‘efficient’ ecosystem
management option requires an additional optimisation step. The social
welfare function can include aspects such as income differences between
stakeholders; for example giving higher weights to benefits generated for
poor stakeholders. These various aspects are elaborated in the remainder
of this chapter.

2. Modelling the dynamics of the ecological-economic systems

This step involves the modelling, in physical terms, of the dynamics of the
ecosystem, and the impact of changes in ecosystem state on the system’s
capacity to supply ecosystem services. First, this requires definition of
the ecological-economic system to be studied, in terms of its spatial and
temporal boundaries. Relevant spatial boundaries are the spatial delinea-
tion of the ecosystem to be analysed, as well as identification of the scales
that will be included with regards to analysing the benefits provided by the
ecosystem. The latter may range from local stakeholders benefiting from
provisioning services up to global benefits such as carbon sequestration.
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Depending on the objective of the analysis, local to global benefits need to
be included in the assessment.

Next, this second step involves the identification of the interactions
between the ecosystem and the economic system, including the internal
and external drivers for the ecosystem, the key ecological processes that
guide the dynamics of the ecosystem, and the various services supplied
by the ecosystem and how these services depend on the state of the eco-
system. For systems subject to complex dynamics, it is important that
these dynamics are reflected in the model. This requires the modelling of
the main ecosystem components and the feedback mechanisms between
them, including relevant non-linear and/or stochastic processes. In spite
of the large number of ecological processes regulating the functioning
of ecosystems, recent insights suggest that the main ecological structures
are often primarily regulated by a small set of processes (Harris, 1999;
Holling et al., 2002). This indicates that inclusion of a relatively small
set of key components and processes in the model may be sufficient to
represent the (complex) dynamics of the system with a level of accuracy
that is adequate for the purpose of the assessment. Chapters 4, 5 and 6
illustrate how ecosystem dynamics and service supply can be captured
in a (small) set of differential equations, for three different ecosystem

types.

3. Analysing the costs of management options and valuation of the
ecosystem services

In this third step, the interactions between the economy and the ecosystem
need to be expressed in a monetary measure. This involves both quantify-
ing the costs of the ecosystem management options, for example, through
the establishment of a pollution abatement cost curve, and the valuation
of changes in the supply of ecosystem services. Generally, valuation of the
costs of management options is straightforward. These require specific
investments, for which cost estimates can be obtained from, for example,
vendors of equipment. Valuation of ecosystem services flows, or changes
in ecosystem services is generally more complex, particularly if changes in
ecosystem services supply affect prices and demand and supply curves for
ecosystem services need to be established. Valuation can be particularly
challenging for non-market benefits where there tends to be a shortage
of information on (shadow) price changes as a function of changes in
supply and demand. Comprehensive stakeholder consultation is required
in this step in order to identify ecosystem management options that are
potentially acceptable to stakeholders, and to analyse the value attributed
by stakeholders to ecosystem services, in particular for those ecosystem
services that can not be valued based on market prices.
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4. Analysing the efficiency, sustainability and equity aspects of
management options

Once the ecological-economic model has been constructed, it can be
used to assess the efficiency and sustainability of different ecosystem
management options. The efficiency of ecosystem management can be
revealed through comparison of the net welfare generated by the eco-
system and the costs involved in maintaining and managing the ecosys-
tem (e.g. Pearce and Turner, 1990). Through a simulation or algebraic
optimisation approach, efficient management options, i.e. management
options that provide maximum benefits given a certain objective func-
tion, can be identified. The sustainability of management options can be
examined by analysing their long-term consequences for the state of the
ecosystem including its capacity to supply ecosystem services (Pearce
et al., 1989; Barbier and Markandya, 1990). Equity aspects require a
further interpretation of the outcomes of the model. The model allows
the specification of how ecosystem change will affect different stakehold-
ers, who tend to benefit from different ecosystem services. Weighting
and comparison, in a quantitative manner, of impacts on different
stakeholders requires a further interpretation, for example with a social
welfare function. Where the model includes different drivers, efficient
combinations of ecosystem management can be identified, for example a
specific reduction in pollution loading in combination with a change in
resource harvest levels.

Identifying the efficiency, sustainability and equity aspects of ecosystem
management options is only the first step in developing a comprehensive
resource management strategy. Once the preferred ecosystem manage-
ment strategy has been defined, the second step is to set up the institutional
arrangement required to manage the ecosystem in the preferred way,
including monitoring and enforcement approaches. Stakeholder involve-
ment is a critical step with regards to both identifying the preferred ecosys-
tem management regime and to adjusting or setting up these institutional
arrangements. This book focuses on the first step, i.e. identifying efficient,
sustainable and/or equitable ecosystem management options. For further
information on the institutional aspects of ecosystem management, see,
for example, Gunderson et al. (1995), Leach et al., (1999), Costanza et al.
(2001) and Vatn (2005).

The next sections of this chapter present the framework for analysing
and modelling the efficiency, sustainability and equity of ecosystem man-
agement, based on the flowchart presented in Figure 3.1. In particular, they
present a number of general models for ecosystem change, provide further
guidance on analysing the efficiency, sustainability and equity aspects of



56 Economics and ecosystems

ecosystem management and indicate potential sources of uncertainty in
applying the framework.

3.3 MODELLING ECOSYSTEM CHANGE
3.3.1 General Models of Ecosystem Change

Early models of ecosystem dynamics were based upon the Clementsian
theory of ecological succession (Clements, 1916; Weaver and Clements,
1938). In these models, succession comprises the subsequent dominance of
a range of relatively stable communities, for instance from grass to shrub
to forest, called seres. It was assumed that any particular ecosystem has a
single, persistent state, called the climax, which represents the end stage of
a successional series. Succession to the climax is a steady process that can
be reversed by disturbances such as fires or sustained drought.

Subsequently, many advances in the understanding of ecosystem dynam-
ics have been made. Tansley (1935) described the ‘polyclimax’ theory that
stated that the climax vegetation of a region may consist of a mosaic of
vegetation climaxes controlled by soil moisture, nutrients, slope exposure,
fire and animal activity. Watt (1947) recognised that succession often
represents phases in a cycle of vegetation development. Cyclic replace-
ment results from the destruction of existing vegetation by disturbance
or some characteristic of the dominant organisms, and is followed by re-
establishment of the vegetation. The occurrence of fluctuations, i.e. non-
successional or short-term reversible changes, was described by Rabotnou
in 1974. They may be the result of temporary environmental stresses, such
as fire, moisture fluctuations, wind, etc. (Rabotnou, 1974 in Smith, 1990).

A more recent general model describing complex ecosystem dynamics is
the ‘adaptive cycle’ model (Holling et al., 2002). This model contains four
phases in the development of the ecosystem: (1) exploitation (colonisation
of disturbed areas); (2) conservation (slow accumulation and storage of
material and energy); (3) release (creative destruction); and (4) reorganisa-
tion (preparing for the next phase of exploitation by making space and
nutrients available). A well-known illustration of this is provided by the
spruce-fir forest-budworm cycle that occurs in the eastern part of North
America. Mature forest accumulates a high volume of foliage that dilutes
the effectiveness of the search for budworms by insectivorous birds. This
triggers an insect outbreak resulting in the death of a substantial propor-
tion of the trees. This is followed by the death of the budworms and the
regrowth of the trees, and the cycle repeats itself (Ludwig et al., 1978;
Clark et al., 1979).
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3.3.2 Complexities in Ecosystem Dynamics

Characteristic of the more recent theories on ecosystem change is the
distinction of various types of complex dynamics in ecosystems. Complex
dynamics are irreversible and/or non-linear changes in the ecosystem as
a response to ecological or human drivers. Below, the following types of
complex dynamics are briefly examined: irreversibilities; multiple states
and thresholds; and stochasticity and lag-effects. These complex dynam-
ics occur in a wide range of ecosystems, and have a major impact on the
efficiency, sustainability and equity impacts of ecosystem management
options.

Irreversible dynamics

Irreversible changes in ecosystems occur when the ecosystem is not, by
itself, able to recover to its original state following a certain disturbance.
Irreversible changes may be permanent, as in the global loss of a species,
or they may only be reversed through substantial interventions in the
ecosystem, for example, in the case of reforestation on sites where natural
processes would not lead to recovery of the tree cover. Irreversibility
comprises different mechanisms, and can take place at different scales.
For instance, it can relate to the extinction of a particular species, or the
conversion of an ecosystem (e.g. Barbault and Sastrapradja, 1995). It
may also refer to irreversible changes in the state of an ecosystem, as in
the case of a transition from a rangeland dominated by palatable grasses
to one dominated by unpalatable shrubs (Laycock, 1991). Recuperation
of the ecosystem may be prohibited by certain processes, such as rapid
erosion in a badland, or can be constrained by the amount of time needed
to regain the system, as may be the case with regrowth of tropical forests.
Irreversibility can also be related to the building-up of a stock. At the
level of a lake, pollution loading may be irreversible if the pollutant is not
decomposed and if the lake does not drain elsewhere (e.g. Larsen et al.,
1981). At the global scale, the increased loading of the atmosphere with
carbon dioxide is an example of a process that can be considered as partly
irreversible at human time scales (IPCC, 2007). Irreversible change may
either be rapid, involving a threshold, or more gradual. Often, it is subject
to considerable uncertainty, for instance, with reference to the point where
the change has become irreversible (e.g. Scheffer and Carpenter, 2003).

Multiple states and thresholds

Multiple states are relatively stable configurations of the ecosystem, caused
by the existence of feedback mechanisms that reinforce the system to be in
a particular state (Carpenter et al., 1999; Scheffer et al., 2001). The state
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of the ecosystem is determined by its historical development, such as a dif-
ferent sequence of recruitment (e.g. Drake, 1990) or may be a consequence
of physical or biological perturbation, such as changes in nutrient loading
or species depletion or invasion (e.g. Barkai and McQuaid, 1988). The
probability that a disturbance leads to a shift from one state to the next
depends upon the magnitude of the disturbance and on the resilience of
the current state. Often, the shift between multiple states occurs suddenly
and comprises the existence of threshold effects (Wissel, 1984; Muradian,
2001). Multiple states and thresholds have been observed in a range of eco-
systems, including freshwater lakes (Larsen et al., 1981; Timms and Moss,
1984), marine fish stocks (Steele and Henderson, 1984; Steele, 1998),
woodlands (Dublin et al., 1990), rangelands (Friedel, 1991), coral reefs
(Knowlton, 1992) and coastal estuaries (Murray and Parslow, 1999).

A particular type of dynamics that occurs in some ecosystems, in
conjunction with multiple states and thresholds, is hysteresis. Hysteresis
occurs when the ecosystem’s response to an increasing pressure follows a
different trajectory from a response to a release in pressure (Scheffer et al.,
2000). An example is provided by the response of an estuary to nutrient
loading. At low nutrient loads, seagrass may dominate the flora, but with
increased nutrient loading the phytoplankton concentrations gradually
increase. At a critical load, the phytoplankton concentration is so high
that seagrass does not have enough light to grow. The seagrass popula-
tion collapses, which further increases the turbidity of the water because
of the resuspension of sediments no longer trapped by the seagrass. To
re-establish the seagrass beds, nutrient loads have to be reduced consider-
ably below the critical load (Borum and Sand-Jensen, 1996; Murray and
Parslow, 1999). Other ecosystems in which hysteresis has been detected
include shallow lakes (Timms and Moss, 1984), rangelands (Walker,
1993), hemlock—hardwood forests (Augustine et al., 1998) and deep lakes
(Carpenter et al., 1999).

Stochasticity and lag-effects
The ecosystem may also develop as a consequence of stochastic natural
conditions, for instance when ecosystem change is driven by fires or
high rainfall events. In the marine environment, major changes in the
dominant fish species occupying a particular niche may be triggered by
relatively minor, stochastic fluctuations in the fish community (Steele and
Henderson, 1984). Lag effects appear when impacts of specific drivers
occur with a certain delay, for example, because changes need to be
triggered by a specific event.

These main types of complex dynamics are of major importance for
the understanding of ecosystem dynamics (Scheffer et al., 2001). They
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also determine the response of the ecosystem to management, including
changes in the capacity of ecosystems to provide goods and services fol-
lowing the implementation of management measures. Hence, considera-
tion of these dynamics, where they occur, is required in order to ensure the
ecological realism of ecological-economic models.

3.3.3 The Resilience of Ecosystems

The concept of resilience has been widely used in the analysis of ecosys-
tem dynamics (Carpenter et al., 2001). There are two main definitions of
resilience. According to the first definition, resilience measures the ability
of a system to resist disturbance as well as the rate at which it returns to
equilibrium following disturbance (Pimm, 1984; Tilman and Downing,
1994). This definition has been used, in particular, to analyse ecosystem
stability near an equilibrium steady state (Holling and Gunderson, 2002).
In the second definition, resilience expresses the capacity of a system to
undergo disturbance and maintain its structure, functions and controls
(Holling, 1986; Holling and Gunderson, 2002). This definition emphasises
conditions far from an equilibrium steady state, where instabilities can flip
a system into another regime of behaviour or steady state (Holling and
Gunderson, 2002). The applicability of these two definitions depends upon
the dynamics of the particular ecosystem involved and the magnitude
and type of disturbance studied. Whereas the first definition may be most
applicable to systems subject to gradual changes, the second definition
is likely to be more applicable for ecosystems subject to multiple states
and thresholds. The resilience of an ecosystem varies for different types
of disturbances (Carpenter et al., 2001). For instance, a particular type
of forest may show different degrees of resilience to perturbations caused
by logging or fire. Resilience may also vary between different ecosystem
states, for example a lake ecosystem may have a different resilience for a
particular type of stress in a clear water state compared to its resilience in
a turbid water state (Carpenter et al., 2001).

A much-debated issue is the relation between the loss of biodiversity
and a decrease of resilience of ecosystems. At two extremes in the discus-
sion are the rivet and the functional redundancy hypothesis. The rivet
hypothesis (Ehrlich and Ehrlich, 1981) states that all species contribute
to the maintenance of the functioning of the ecosystem. The functional
redundancy hypothesis states that a limited number of species (the so-
called keystone species) are responsible for the maintenance of the func-
tioning of the ecosystem and that these species can take over each other’s
role if some of them disappear (Walker, 1992). In an intermediate and
more widely accepted hypothesis, Walker (1995) argues that both species
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diversity and functional diversity are important, but that the diversity of
species within each functional guild is the most important factor in main-
taining ecosystem resilience. Ecosystem functioning can be largely main-
tained despite loss of species diversity until the final species representing
functional guilds begin to disappear (Mageau et al., 1998). In this sense,
biodiversity can be seen as providing insurance capital for securing the
functioning of the ecosystem (Barbier et al., 1994).

3.3.4 Modelling Ecological-Economic Dynamics

Model types

Environmental and ecological-economic models can be used to forecast
changes in an ecosystem as a function of input variables, as well as to
maximise (or minimise) the output of the ecosystem as a function of deci-
sion variables and ecological and economic parameters and variables.
Ecological-economic modelling can be pursued through either the con-
struction of an integrated model covering both ecological and economic
processes, or by employing a system of heuristically connected sub-models
(Turner et al., 2000). In this book, only integrated models are considered.
There are a number of integrated approaches to environmental economic
modelling, including: generalised input-output models; neo-classical
growth models; dynamic system models; and spatially explicit models
(Van den Bergh, 1996; Turner et al., 2000). For an overview of other
models used in environmental economics (e.g. neo-Keynesian and game-
theoretic models), that are less relevant for the ecological-economic mod-
elling of ecosystems, the reader is referred to, for instance, Van den Bergh
et al. (1988), Faucheux et al. (1996) and Folmer et al. (1998). The four
selected ecological-economic model types are briefly described below.

The input—output approach The input—-output approach allows analysis
of the interactions between components in the ecological and economic
system, and has been frequently applied in environmental and ecological
economics (Van den Bergh, 1996). Input-output models are based upon
a transactions table that records the flows of goods between and within
the different economic sectors and the ecosystem. This type of models is,
however, subject to severe limitations, for example, they are not able to
account for profit-maximising behaviour. In response to these limitations,
general equilibrium models have been developed (Greenaway et al., 1993).
These models allow for substitution and an optimal choice of the input
mix in production and consumption functions, based on, for example,
cost minimisation. In addition, prices are endogenised by linking them
to the volumes and allocation decisions in the models (Van den Bergh,
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1996). Examples of an input-output modelling approach implemented at
the level of the ecosystem include, for instance, Midmore and Harrison-
Mayfield (1996). Characteristic for both the input—output and the general
equilibrium approach is that the models tend to be highly aggregated, in
comparison to the level of aggregation encountered in most ecological
models (Deacon et al., 1998; Perrings, 1998). A major limitation of these
models is that there is limited scope to model complex economy—ecosystem
interactions and ecological processes at the appropriate ecological scale.

Neo-classical growth models Neo-classical growth models deal with the
development of (a sector of) the economy over time. In this type of model-
ling, economic growth is linked to the growth rate of labour supply (linked
to population increases), capital accumulation (through savings) and
technological progress (Solow, 1956). Hence, for a fixed population level,
and with a given savings rate, technological progress is the main motor for
economic development. In environmental economics, neo-classical growth
models can be used, for instance, to examine the potential development of
emissions and the demand for resource inputs over time (see Barro and
Sala-i-Martin, 1995).

Dynamic systems models A systems approach is based upon the model-
ling of a set of state (level) and flow (rate) variables in order to capture the
state of the system, including relevant inputs, throughputs and outputs,
over time. Dynamic systems models use a set of differential equations to
capture the dynamics of the ecosystem. A dynamic systems model con-
tains state and flow indicators and variables that capture, for instance,
the amount of standing biomass (state), the harvest of wood (flow) and
the price of wood (time dependent variable). The models runs on the
basis of predefined time-increments and requires fully defined initial
conditions. For a theoretical treatment of dynamic systems models, the
reader is referred to, for example, Huggett (1993). The systems model may
comprise a range of theoretical, statistical or methodological constructs,
dependent upon the requirements of the model. The systems approach
can contain non-linear dynamic processes, feedback mechanisms and
control strategies, and can therefore deal in an integrated manner with
economic—ecological realities (Costanza et al., 1993; Van den Bergh,
1996). Therefore, it is more suitable to examine the implications of ecosys-
tem complexities for the efficient management of ecosystems compared to
the two previous model types.

Spatially explicit models Contrary to the other types of models, spatially
explicit models allow for dealing with the spatial variations of ecosystems
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and economic systems. Spatial models are generally developed in a GIS
environment. Examples of this approach are provided in Geoghegan et al.
(1997) and Voinov et al. (1999). The approach offers a number of new pos-
sibilities, such as the optimisation of spatial planning processes (Bockstael
et al., 1995). The spatial variation of ecological processes has been elabo-
rately studied, for instance in the fields of eco-hydrological models (e.g.
Pieterse et al., 2002), and erosion and soil transport models (e.g. Schoorl
et al., 2002). In economics, spatial, urban and transport economists have
paid special attention to studying the spatial allocation of resources (see
Fujita et al., 1999). Groeneveld (2004) offers an example of how the cost-
effectiveness of biodiversity conservation in different spatial patterns of
agricultural and natural land use can be calculated. Data requirements
are generally high for a spatially explicit approach. Initial conditions, pro-
cesses and implications of decision variables need to be specified for each
spatial unit.

Given the high aggregation levels at which input—output and neo-classical
growth models can most effectively be applied, and their limited scope
for inclusion of ecological feedbacks and non-linear responses, dynamic
systems modelling is best targeted for the modelling of complex dynamic
ecosystems. A dynamic systems modelling approach to reveal the ecologi-
cal and/or economic impacts of ecosystem management options has been
applied in numerous case studies in the past decades, see, for example,
Costanza and Ruth (1998), Grasso, (1998) and Eriksson and Hammer
(2006). As further elaborated below, various types of dynamics and inter-
actions can be modelled on the basis of specifying relations between state
and flow variables. Dynamic systems models can be integrated in a GIS
by defining initial conditions, ecosystem dynamics and spatial interactions
for each spatial unit in the GIS. A dynamic systems modelling approach is
also used in the case studies presented in Chapters 4 to 6.

Applying dynamic systems models

Over the last four decades, dynamic systems models have widely been used
as the basis for bio-economic and ecological-economic modelling. The
initial bio-economic models dealt with, for instance, identifying efficient
harvesting strategies for a renewable resource (e.g. Clark, 1976). They
were based on a simplified set of assumptions regarding the ecological
dynamics of that resource, with a key assumption being that changes
in population sizes are gradual and a function of harvest rates, and in
some cases one or a few environmental conditions. Harvesting rates and
costs of the resources is typically a function of the population size of the
resource being exploited (Perrings, 2000). These models generally followed
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a dynamic systems modelling approach, with resource stocks depicted by
one or more state variables, and harvesting and growth as the flow vari-
ables. Typically, the ecosystem dynamics are represented by a system of
differential equations, that have the following general form, with .S the size
of the stock and s the harvest levels, at time

dsldt = fis, S) 3.1)

This functionality expresses that the growth of the stock (dS/dr) is both
determined by (1) the size of the stock (), usually in relation to the ecosys-
tem’s carrying capacity for that stock; and (2) the annual harvest of the stock
(s,). The growth function of the stock may take the form of, for instance, a
logistic growth curve (i.e. an ‘s-curve’), or a set of Lotka-Volterra equations
(which indicate predator—prey relations). The reproduction rate of a species
generally depends, among others, upon the size of the stock, expressed as
for example the numbers of individuals of a species present, in relation to
the carrying capacity of its environment (e.g. Pielou, 1969). A well-known
example of this type of model is the fisheries model first constructed by
Gordon (1954) and Schaefer (1957). The growth function may also include
a number of variables that allow for the modelling of the impact of various
environmental or management factors on the growth. These factors may
express, for example, how pollution leads to a reduction of the carrying
capacity for a particular species, or affects the reproduction rate.

In recent years, building on the original bio-economic models that
linked ecological stocks to economic outputs, a suite of more refined
models has been developed. Whereas the original bio-economic models
tended to focus on maximising an economic objective function, and gen-
erally included the dynamics of only one or a limited number of species,
more recent ecological-economic models tend to have more detailed
ecological relations, and also allow for a broader range of applications.
Many ecological-economic models explicitly consider complex ecosys-
tem dynamics such as irreversibility, multiple states and thresholds (e.g.
Grasso, 1998).

Modelling complex dynamics

Strictly speaking, even the simple logistic growth model contains a basic
type of irreversibility: once the resource is totally depleted, it will no longer
recover. A slightly more advanced interpretation of the logistic growth
curve assumes that a minimum stock is required to allow for recovery.
In more complex models, irreversibility can also be introduced by limit-
ing or eliminating the reproduction or growth rates of particular species
when other components are affected, for instance by pollution (e.g. Wollff,
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2000). The economic implications of discontinuous and irreversible eco-
system change have, for instance, been examined by Arrow et al. (1995),
who provide a general economic model for dealing with irreversibility and
derive that the maintenance of the resilience of ecosystems is an important
factor for economic efficient management.

Stochastic events, such as weather extremes, fires or pest outbreaks,
may affect the ecosystem state directly, but can also cause fluctuations
in the conditioning factors of the ecosystem (Scheffer et al., 2001). In a
growth function based upon a logistic growth curve, stochasticity may
be expressed through fluctuations in either the stock, the growth factor
or in the environmental parameters that determine the ecosystem’s carry-
ing capacity for the species involved. For instance, the regrowth of a
fish stock following a period of intensive fisheries may depend upon the
characteristics of the remaining fish population (age, size, etc.) as well as
environmental parameters such as water temperature, fluctuations in feed
availability, etc. There are ample examples of ecological-economic models
that have accounted for stochasticity. For instance, Reed (1988), Perrings
(1997) and Bulte and Van Kooten (1999) examine the implications of sto-
chasticity for the efficient management of fish populations, rangelands and
metapopulations, respectively.

In general, modelling complex ecosystem dynamics requires the employ-
ment of sets of (differential) equations to capture drivers, changes in eco-
system state, and resulting implications for ecosystem services supply.
Common challenges in ecosystem modelling are (1) to simplify the com-
plexity of the ecosystem in a small set of key relations; and (2) to find the
data to calibrate and operate the model, in particular, if time series are
required to calibrate the ecosystem’s response to different levels of stress
or different types of management. The model needs to be developed based
on sound understanding of the type of dynamics and of the major control
variables occurring in the studied ecosystem. This is illustrated in the three
case studies presented in Chapters 4 to 6, where different models are devel-
oped for the forest, shallow lake and rangeland ecosystem.

3.4 ANALYSING THE EFFICIENCY,
SUSTAINABILITY AND EQUITY OF
ECOSYSTEM MANAGEMENT

3.4.1 Efficient Ecosystem Management

In the context of dynamic systems models, two approaches can be followed
to determine the value of the decision variables that provides maximum
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net economic benefits: (1) a simulation (programming) approach; and (2)
an algebraic, static or dynamic optimisation approach. In both cases an
ecological-economic model is developed, but the optimal solution is found
in different manners. In the simulation approach, a model is developed to
represent modifications in the ecosystem and the economic system, and
the key interactions as a function of the decision variable(s). By simulat-
ing the development of the ecosystem for a range of values of the decision
variables, optimal solutions can be revealed — within the tested range and
under the tested conditions. For simulation approaches, specific programs
are available such as Stella or SIMULI, although basic models can also be
constructed in a spreadsheet program.

In the algebraic optimisation approach, optimal solutions are found
in a numerical or algebraic manner, through the preparation of the
Hamiltonian function and solving the first and second order conditions
(Chiang, 1992). This approach has the advantage that efficient solutions
can be identified with greater accuracy, and that efficient solutions can
be proven rather than demonstrated. It also avoids the risk that optimal
solutions that are not in line with the time increments of a simulation
model are overlooked. However, a disadvantage is that, with an increasing
complexity of ecological dynamics and ecosystem—economy interactions,
it is becoming progressively more difficult to construct and solve the alge-
braic equations depicting efficient solutions. In these cases, a simulation
approach may be the only feasible option.

Following the framework presented in Figure 2.3, there are four princi-
pal types of ecosystem management: (1) changing the use level of ecosys-
tem services; (2) the control of pollution influxes; (3) land cover change;
and (4) direct interventions in the ecosystem. Below, it is analysed how
the efficiency of these types of measures can be assessed, and the condi-
tions that need to be met to achieve efficient management are considered.
Subsequently, the way the management of ecosystems subject to more
than one type of interaction can be optimised is briefly discussed.

Efficient extraction of renewable resources

Efficient resource extraction has been studied for over a century. Early
contributions focussed on forestry (Faustmann, 1849), whereas studies
on fisheries management (Gordon, 1954; Schaefer, 1957) and grazing
systems (Dillon and Burley, 1961; Hildreth and Riewe, 1963) are more
recent. The standard models assume a logistic growth curve, with low
resource growth at low population sizes and at population sizes close
to the carrying capacity (Pielou, 1969). In addition, these models may
consider quality and price changes, cost for inputs and harvesting costs.
Forest management models have dealt with, in particular, the choice of
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the optimal rotation period, while in fisheries and grazing systems, the
key decision variable is the harvest rate. For forest stands, Faustmann
models have been widely used to optimise rotation periods (Tahvonen,
1991). The basic principle of these types of model is that, for the eco-
nomic efficient rotation period, the marginal value of the growth of the
timber stock equals the marginal opportunity costs of not harvesting.
The opportunity costs depend upon the costs of capital and the interest
foregone on the site value of the land (Faustmann, 1849; Brazee, 2001).
Assuming perfect markets and perfect foresight, the model leads to a con-
stant rotation period that maximises the present value of forest land over
an infinitely long time horizon (Samuelson, 1976). The original models
mentioned above assumed relatively simple ecosystem dynamics, and
these dynamics have been much refined in a wide range of more recent
studies. For example, Tahvonen (2004) extended the original Faustmann
model to account for different age classes, and Janssen et al. (2004) devel-
oped a rangeland model including different drivers for ecosystem change
including rain, fire and grazing. A range of other studies are available to
support analysis of the welfare implications of specific types of complex
dynamics. For instance, Perrings and Pearce (1994) analyse the implica-
tions of ecological thresholds for biodiversity conservation strategies.
Below, a very basic model for the algebraic optimisation of resource
extraction is presented.

In a deterministic, dynamic, single-species model, the efficient stock and
harvest level depend upon the marginal growth rate of the stock, and the
discount rate used. The stock’s marginal growth rate determines the rents
that can be obtained from the natural capital stock, whereas the discount
rate indicates the rents that can be obtained from depletion of the natural
capital stock and investing the benefits in man-made capital. Clark (1976)
assumed fixed harvest costs (i.e. harvest costs independent from the stock
size) and showed that if the reproduction rate of the resource is lower than
the discount rate, it may be efficient, from a utilitarian point of view, to
harvest the full stock. This situation does not generally apply, as normally
the harvest costs will increase with decreasing stock levels. Moreover,
there may be a range of hidden costs related to overharvesting of particu-
lar species through the disturbance of the ecosystem, which may affect the
whole range of ecosystem services supplied by the ecosystem (Jackson et
al., 2001).

A mathematical approach can be used to calculate efficient harvest
levels as a function of the costs and benefits of harvesting the resource.
This requires, as a first step, formulation of an objective function that
indicates the net benefits generated by ecosystem management options as
a function of ecosystem dynamics, management, and values and prices of
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ecosystem services. For resource extraction, a general objective function
can be expressed as:

T
J= J e"{B(s) — C(s,, S, } dt (3.2)
0
where B(s,) are the benefits and C(s,, S,) are the harvesting costs related to
the use of an ecosystem service, aggregated over a period T and using a
discount factor e " (and a discount rate r). The benefits depend upon the
harvest level s, only, whereas the harvest costs also depend upon the size
of the stock S,, which reflects that an increasing scarcity of the resource
may increase the costs of harvesting, for instance in case of a fish stock.
In addition to specification of the objective function, the development
of the stock needs to be modelled. For example, let 6(S) be the natural
growth of the population, B the constant growth factor, and S, the
carrying capacity. In the case of a simple logistic growth model, the objec-
tive function is subject to:

dS/ldt = 0(S) — s; and 3.3)

SI
e(s)=ﬁ~s,~(1—s ) (3.4)

max

The first of the two equations above indicates that the stock (S) changes
over time as a function of natural reproduction 6(S) and the harvest of the
resource (s,). The second equation presents natural reproduction 6(S) as
a function of the size of the stock (S,) in relation to the carrying capacity
of the environment for that stock (S,,,), according to a logistic growth
model.

As explained above, in order to find the management option (the
resource harvest regime) that provides maximum benefits, both a simula-
tion and an algebraic optimisation procedure can be followed. Algebraic
optimisation is grounded in optimal control theory. In this approach, the
objective function can be maximised using the Hamiltonian function (see
Perman et al. (1999) for a general introduction and Chiang (1992) for a
more in-depth theoretical background). The current value Hamiltonian,
noted as H, can, for the case described above, be expressed as:

nax.

Ht = B(Sr) - C(Sn St) + 7"[ ’ [e(S) - St]: (35)

with A, being the time-dependent co-state variable, representing the
shadow price of one unit of stock of the resource at time ¢. The necessary
conditions for a maximum are:
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0H /0s, = 0 = 0B/0s, — 0Cl0s, — A, (3.6)
OMOt =r- A, — OH [0S, (3.7)

S(t,) = S, (initial condition) (3.9)
H(t;) = 0 (transversality condition) (3.9

Solving these conditions yields the efficient harvest rates at each point
in time. The first condition essentially shows that at the point providing
maximum net benefits the net (shadow) price will equal the gross price
minus the marginal harvest costs. The second equation is the Hotelling
efficient harvesting condition for a renewable resource in which harvesting
costs depend upon stock level. When the Hotelling equation is satisfied,
the rate of return the resource owner obtains from the harvest equals r,
the rate of return that could be obtained by investment elsewhere in the
economy.

The third equation indicates the initial conditions of the system to be
optimised. And the fourth equation indicates the terminal conditions
that apply at time 7. The aim of the Hamiltonian is to identify optimal
harvesting rates considering the size of the stock from time r = 0 to 7, and
this implies that the value of the resource at time 7 should be zero, either
because the resource is depleted or because harvesting does not yield any
further net benefits (if there is residual value, the harvesting regime can
not be optimal). It is, of course, also possible to define alternative terminal
conditions and pose alternative constraints to the optimisation process,
for example the condition that a certain amount of stock needs to be
preserved at time 7.

Efficient levels of pollution control

The optimal level of pollution is usually discussed in terms of the inter-
section of the marginal damage function and the marginal control cost
function (see Tietenberg, 2000). The marginal damage function shows the
damage resulting from pollution as a function of emissions of a particular
pollutant. The marginal control cost function shows the cost of reducing
emissions of the pollutant below the level that would occur in an unregu-
lated market economy. The marginal damage function is composed of a
chain of functional relationships, as depicted in Figure 3.3. Dispersion
processes and chemical transformations may reduce local pollution loads.
In some types of ecosystems, time lags may play a role, for example if there
are buffers in the ecosystem that absorb pollutants and release them once
the input of pollutants has decreased (Carpenter et al., 1999).
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Figure 3.3 Schematic overview of a marginal damage function

Ecological-economic modelling of pollution control requires analysis
of four main elements: (1) the costs of pollution control; (2) the relation
between dispersal of pollution and the build-up of pollution loads in the
ecosystem; (3) the impact of pollution loads on the capacity of the ecosys-
tem to provide goods and services; and (4) the benefits foregone as a result
of a loss of ecosystem services. A general objective function is:

J= f e "{B(P) — C(p,) }d (3.10)
0

Where the net benefits are a function of the total benefits (B) of the services
provided by the ecosystem, which depend upon the pollution level (P) of
the ecosystem, and the costs (C) of reducing the pollution inflow in the
ecosystem (p). e~ is the discount factor. Assessing the efficient pollution
level requires modelling of the relation between the pollution concentra-
tions (P) and the pollution inflow (p). In its simplest form, this relation
may be described by the following equation (see Carpenter et al., 1999):

dPldt = p, — @P, + f(P) (3.11)

The factor p, is the inflow of pollutants in the ecosystem under consid-
eration. The segment @P, expresses the removal of pollutants from the
system by means of outflow, which depends on the concentration P, and,
in the case of a lake, the amount of water ¢ flowing out of the system.
The function f{P,) indicates the behaviour of the pollutant in the ecosys-
tem. It reflects breakdown or accumulation of the pollutant by ecological
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processes, as well as the buffering of the pollutant in different compart-
ments in the ecosystem. Examples of relevant ecological processes are
denitrification (for nitrogen pollution), immobilisation and uptake in the
food chain. Decomposition rates are small for persistent pollutants and
are generally higher for organic nitrogen, and phosphorous compared
to inorganic pollutants. Functions reflecting buffering may be rather
complex, for instance in the case of a pollutant in a lake buffered in the
lake sediments, which may be influenced by pH, temperature, etc.

To analyse efficient pollution control levels in an algebraic manner
rather than with a simulation approach, the objective function needs to be
maximised using the current value Hamiltonian (see Chiang, 1992). The
Hamiltonian, noted as H, can be expressed as:

H=B(P) — Cp)+ A\ [p, — @P, + fIP)], (3.12)

with A, being the time dependent co-state variable that can be interpreted
as the shadow price of one unit of pollution. In line with the Hamiltonian
defined above for efficient resource harvesting, the necessary conditions
for a maximum are:

0H /op,= 0= B-0P/op, — 0Clop, + A, (3.13)
d\ldt =r-\, — OH, /0P, (3.14)

P(t,) = P, (initial condition) (3.15)
H(t;) = 0 (transversality condition) (3.16)

Note that the functions @P, and f{P,) are not a function of p,, and are
therefore zero when differentiated by p,. At the point of efficient pollu-
tion control, the marginal abatement costs equal the marginal damage
costs. A single point of maximum efficiency is found in the case of convex
abatement and damage costs curves. Non-convexity may lead to the pres-
ence of several points of local maximum and minimum pollution control
efficiency (e.g. Miler et al., 2003). The case specified above is a simple,
single-pollutant case. Examples of the optimisation of pollution control
in the case of multiple pollutants are given in, among others, Schmieman
(2001) and Brink (2003).

Efficient land cover change
The basis for analysing the economic value of land use was laid by David
Ricardo in the early 1800s. His ‘Law of Rent’ states that the rent of a land
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use unit equals the economic advantage obtained by using the site in its
most productive use, relative to the advantage obtained by using marginal
(i.e. the best rent-free) land for the same purpose, given the same inputs
of labour and capital (e.g. Van Kooten and Bulte, 2000). The Ricardian
or Differential concept of rent was extended and modified in the mid-
nineteenth century by Von Thiinen, who elaborated on the spatial com-
ponent of rent (Von Thiinen, 1863). Von Thiinen related rent to yields,
production costs, prices and transportation costs from the field to the
(urban) market, and explained that, given uniform physical production
factors (soils, water availability, etc.), land nearest to a city will be used
for growing vegetables, subsequently followed by concentric rings used for
staple crops, pasture land and forest land. Hence, following the classical
models, land rent depends on the quality of the land as well as the physical
access (depending on distance and infrastructure) to markets. In a market
economy, this is reflected in land prices, which will depend on land quality
as well as proximity to markets. Market prices for land, either with regards
to sale or lease, commonly only reflect the (current or potential) benefits
that can be obtained from the land by the land owner, and not the positive
or negative externalities generated by land use.

Following Figure 3.2, land cover change may have economic efficiency,
sustainability and equity implications, at different scales (ranging from
local stakeholders to global externalities). A modification of land cover
will normally lead to a change in the capacity of the area to provide
ecosystem services. The economic efficiency of changes in ecosystem
service supply as a function of land cover change can be analysed with the
following basic objective function:

©
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where e~ is the discount factor, / = 1 to L is the different land cover units
that each provide various ecosystem services (s), B, is the benefits of each
service per land cover unit, and C, is the production costs of each service,
as defined per land cover unit. K is the costs related to land use change,
for example, related to converting a forest to cropland. This equation
expresses that different land cover units produce different ecosystem serv-
ices, and that production costs for each ecosystem service may vary per
land use unit. It also covers the cost of land cover change.

Note that, in addition to economic, sustainability and equity criteria,
land cover change will in most cases be subject to strong boundaries set by a
number of other criteria. First, land cover change options will be subject to
arange of boundary conditions set by the physical aspects of the ecosystem.
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Soils, climate and (irrigation) water availability will restrict the potential
options for land cover change because of the physical requirements of
specific vegetation types. In addition, legal and customary criteria will nor-
mally apply and further limit possibilities for land use change. Other land
uses and associated land cover types (e.g. recreation) require the presence of
infrastructure for access. Finally, certain land cover types and/or ecosystem
services supplies may be spatially incompatible, for instance, in the case of
a highway and a recreational forest — the zone besides the highway will have
arelatively low potential for ecotourism (see Willemen et al., 2008 for more
details on how ecosystem services interact in the landscape).

Analysing the economic efficiency of land cover changes will normally
require a GIS-based approach. Specifying spatial units, the biophysi-
cal characteristics including land cover of these units and the ecosystem
services they supply. Finding the economic efficient land cover lay-out,
accounting for the costs of land cover conversion and both private and
public goods supplied by the landscape, will, except in very simple or
stylised cases, not be possible with algebraic optimisation, in view of the
large number of variables and relations involved. Hence, a general set-up
of the Hamiltonian can not be proposed, and a simulation optimisation
approach is the method of choice for comparing the efficiency of different
land covers, and for identifying the economic efficient land cover option
given a set of biophysical, economic and institutional constraints.

Efficient intervention in the ecosystem

Ecosystem intervention is the fourth and final category of ecosystem change,
covering all residual types of change not covered in the previous categories.
Interventions may either lead to rehabilitation of the ecosystem or, normally
unintentionally, to ecosystem degradation. Examples of interventions in the
ecosystem are human-controlled burning of dead wood in forests suscepti-
ble to fire, changing groundwater levels (e.g. through more or less drinking
water extraction, or by changing water levels in rivers or canals), eradicating
alien invasive species, etc. These interventions can also be designed to assist
the ecosystem in adapting to external pressures such as climate change.

In view of the diversity of possible ecosystem interventions, the efficient
level of ecosystem intervention can only be analysed in general terms
in this section. If the evaluation concerns only one, discrete measure,
the basic criterion, in terms of efficiency, is whether the discounted ben-
efits of the measure exceed the discounted costs of the measure. Benefits
include the potential impact of the measure on the supply of all relevant
ecosystem services, and the costs include investment costs, operation and
maintenance costs, and possible negative impacts on the supply of other
ecosystem services.
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In the case where a range of measures is possible, the efficient interven-
tion level corresponds to implementation of those measures that minimise
the sum of the total costs of the measures and the costs resulting from a
loss of environmental quality. A loss of environmental quality may cause
a loss of ecosystem services, and bring costs related to compensation pay-
ments to stakeholders impacted by that loss (Hueting, 1980). For concave
benefit and convex cost functions, at the point of maximum efficiency,
the marginal benefits of implementing the measure equal the marginal
costs of adverse environmental quality (Tietenberg, 2000). In case of non-
concave benefit, or non-convex cost functions, there may be several local
maximums, which need to be compared in order to find the efficient man-
agement option. This is illustrated in Chapter 5 (in Figures 5.9 and 5.10,
which present a non-concave benefit function).

3.4.2 Analysing the Sustainability of Ecosystem Management

A large number of studies and assessments have addressed the measure-
ment of sustainability. As discussed in Section 2.1.3, in the approach laid
out in this book, sustainability is considered in addition to economic
efficiency and equity criteria. Therefore, a strong sustainability criterion
is proposed, since there is a risk of overlap between weak sustainability
criteria and economic efficiency. The section below, consequently, focuses
on measuring strong sustainability at the level of the ecosystem, with
sustainability defined as ‘management that maintains the capacity of the
ecosystem to provide future generations with the amount and type of eco-
system services at a level at least equal to the current capacity’. The analy-
sis of sustainability requires two key conceptual steps: selecting a reference
situation; and selecting sustainability indicators, as discussed below.

Selecting a reference situation

Sustainability involves preserving environmental qualities compared to a
reference situation. It is usually not straightforward to select a reference
situation, for which there are three basic options:

® The present. The Brundtland definition was formulated with a focus
on assessing sustainability at coarse scales (e.g. at the national or
global level). This allows for the degradation of some ecosystems if
this is compensated by rehabilitation in other places (WCED, 1982).
However, application of the concept at the scale of ecosystems
becomes problematic since it is unclear whether national or global
trends require rehabilitation of the particular ecosystem involved,
or if there is room to allow degradation while maintaining national
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or global sustainability. The alternative is then to consider the
ecosystem in isolation, and to assume that sustainability requires
the maintenance of the qualities of the ecosystem compared to its
present state. However, in this case, if the ecosystem is currently in
a heavily degraded state due to recent ecosystem changes, it would,
according to most commonly used definitions of sustainability
including the one above, be sustainable to leave the ecosystem in
its degraded state. This would be contrary to the general perception
that restoring recently degraded ecosystems would contribute to
sustainability.
A historical situation. An alternative that would circumvent the risk
described above is to compare sustainability with the ecosystem
quality in a year in which the ecosystem has a desired environmen-
tal quality. For instance, for water quality in northwest European
waterbodies, 1960 can be taken as a reference year; at this point
in time, nutrient and agro-chemical pollution levels were generally
low, water was relatively unpolluted, and biodiversity and potential
to supply ecosystem services were high. In this case, restoring water
quality to the 1960 level can be interpreted as environmentally
sustainable. However, clearly, the choice of the reference year may
be perceived as arbitrary. Since the large majority of the world’s
ecosystems has undergone gradual or rapid change as a function of
human management during centuries or millennia, the selection of a
reference year without human disturbance is generally not feasible.
Defining a reference situation based on ecosystem properties. A differ-
ent approach is to define sustainability at the ecosystem level on the
basis of the properties of the ecosystem itself (e.g. its biodiversity,
capacity to provide services, resilience, habitat for specific species,
etc.). For instance, sustainable forest management could in specific
cases be defined as forest management that conserves the species
diversity of the forest, or the numbers and diversity of specific,
highly threatened species. For example, remaining forest patches
in Kalimantan tend to have orang-utan densities above their long-
term carrying capacity because they serve as refuges for displaced
orang-utan from nearby forests that have been converted to oilpalm
plantations. In this case, sustainable management could be inter-
preted as management that support the forests in harbouring these
orang-utan populations, for instance by reforesting degraded spots
in the forest with trees that provide forage for these animals.
Hence, defining a reference situation to assess sustainability
at the ecosystem level requires consideration of the properties
and management history of the ecosystem, and will often require
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stakeholder involvement in order to select the appropriate reference
basis. In addition, the selection of a reference situation needs to
consider that there may be variation in ecosystem qualities between
years. For instance, the productivity and species composition of
semi-arid rangelands depends strongly on annual rainfall, and the
reference situation needs either to correct for the impact of annual
fluctuations or to use an average over a number of years to define a
reference situation.

Selecting sustainability indicators

A large number of indicators for sustainability has been developed. For
instance, national level indicators for measuring sustainability have been
developed by the OECD (2003), European Environment Agency (2009) and
various national governments, such as the UK (Defra, 2008). At the national
level, sustainability indicator sets generally represent three levels of the
DPSIR framework: Pressures (e.g. CO, emissions), State (e.g. forest cover)
and Responses (e.g. share of the land area marked as protected area).

In view of the large variability in ecosystems, indicator sets for measur-
ing sustainability at the scale of the ecosystem need to be fine-tuned to
the characteristics of the ecosystem (type, uses, data availability, degree
of disturbance, etc.). In general, sustainability indicators need to capture
changes in the ecosystem over time, be scientifically robust, require
minimum data collection and preferably be easy to comprehend by policy
makers and/or the general public. In order to capture long-term changes
in the ecosystem’s capacity to supply ecosystem services, this will normally
require a limited set of singular and or composite indicators. In order to
be scientifically robust, the indicators need to cover the key aspects defin-
ing the quality of the ecosystem and the key drivers for ecosystem change.
Potentially, at the scale of the ecosystem, there is scope to focus the indica-
tors on measurement of the state of the ecosystem (rather than pressures
and responses) — as sustainability, as defined above, relates particularly to
the changes in the state of the ecosystem.

Since sustainability implies maintaining the ecosystem’s capacity to
supply ecosystem services, including the biodiversity conservation service,
indicator sets need to capture state indicators that relate to ecosystem serv-
ices supply. In order to limit the number of indicators to be measured, one
or a few indicators may be selected from each of three different groups:
(1) indicators related to key services supplied by the ecosystem, such as
forest cover in the case of a forest used for timber harvesting; (2) indica-
tors reflecting environmental quality and/or functioning of the ecosystem;
and (3) indicators reflecting biodiversity, for instance population trends in
flagship conservation species of an area.
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In order to make information more easily available to stakeholders,
aggregated sustainability indicators may be used. Aggregation relies on
the reduction of multidimensional effects to a single unit, which may have
specific units, such as land area, or may be an index value without specific
units (see e.g. Hammond et al., 1991). Hence, aggregation formalises what
is often done implicitly because, ultimately, when making a decision, the
decision maker must go through a process of condensing information to
make simple comparisons. Proponents of aggregate indices argue that it is
better to make this process explicit through an aggregation function than
relying on the implicit aggregation that inevitably happens using an indi-
cator profile. However, it may be difficult to find a transparent and meth-
odologically satisfactory way of aggregating variables, and care needs to
be taken that aggregate indicators are not disturbed by interrelationships
between individual variables (Jollands et al., 2003).

Hence, singular and/or aggregate indicators need to be defined for
each ecosystem separately on the basis of an understanding of ecosystem
dynamics and ecosystem service supply. The selected indicators should
be influenced as little as possible by natural variations in the ecosystem.
For instance, as elaborated in Chapter 6, rather than productivity which
is strongly dependent on annual rainfall, the functioning of semi-arid eco-
systems is better reflected in their rain-use efficiency, i.e. the capacity of the
ecosystem to use rain for the production of biomass (expressed as kg/ha/
mm or rainfall).

3.4.3 Equitable Ecosystem Management

Equitable ecosystem management has two main axes: stakeholder rep-
resentation and involvement in designing and implementing ecosystem
management strategies, and sharing the benefits generated by ecosystems
under different forms of management. In line with the focus of this book
on quantitative techniques, below an overview is provided of two basic
approaches that can be used to measure income effects of environmental
management at the level of the ecosystem. For more information on stake-
holder representation in ecosystem management, see Pirot et al. (2000).

Lorenz curves and Gini coefficients

Income distribution is often measured by means of the Lorenz curve
and the Gini coefficient. In the classical Lorenz curve, people are ranked
by income, from low to high. The resulting information is plotted in a
diagram, with the cumulative percentage of the number of people in a
country on the horizontal axis, and the cumulative percentage of national
income on the vertical axis. The closer the curve lies to the diagonal, the
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more equal the distribution. The Gini coefficient is obtained by dividing
the surface between the curve and the diagonal with the surface under the
diagonal. In this way, a value between 0 and 1 is obtained which indicates
the inequality of the distribution. The Gini coefficient is 0 if everybody
earns the same amount of money, and its value is 1 if all income is earned
by only one person and the rest of the population has no income at all.

The Lorenz curve and Gini coefficient are usually applied at the level of
the country, but they can also be applied at lower scales. For instance, Van
der Veeren and Lorenz (2002) calculate the Gini coefficient related to the
costs of nutrient abatement in the Rhine Basin. The Rhine basin is divided
into seven regions, and the costs of nutrient abatement according to dif-
ferent strategies are calculated for each region. The assumption of Van
der Veeren and Lorenz (2002) is that a more equal distribution of these
costs over the regions increases the chance of the strategy being adopted
by policy makers.

In another example, Adger et al. (1997) examine the income distribution
impacts of privatisation and subsequent land use change from common
property mangrove forest to privately owned aquaculture ponds, using,
among others, Gini curves. Results of a household survey of coastal vil-
lages reveals that the poorer households, who exhibit greater reliance on
mangrove resources, are most likely to experience negative livelihood
impacts as a result of state appropriation of common resources. The results
demonstrate how privatisation of the Vietnamese common property wet-
lands examined leads to increasing inequality within the local population.

Hence, comparison of Lorenz curves and Gini coefficients can demon-
strate the income distribution impacts of different ecosystem management
options. These measures can be used to show the level of inequality, and
potential changes in equality, of different ecosystem management options,
but — clearly — not the acceptable level of equality.

Adjusted cost—benefit analysis

Another approach to analyse equity of ecosystem management options is
to apply CBA adjusted for the income impacts on different income groups.
Thisis undertaken by adding distributional weights to the costs and benefits,
estimated separately for different income groups (see Adger et al., 1997):

T
I
NPV = J >a,- (B, — C,)-edt, (3.18)
i=1
=1

t

for all 7 income groups, where a, = distribution weight for income group
i. The weight a, = (Y/Y,)™, where Y is the mean income of the total
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population and Y, is the income of the ith income group. Both costs and
benefits to groups with a lower than average income are weighted higher.
The factor m represents the aversion to inequality as the marginal elastic-
ity of income (Squire and Van der Tak, 1975). If 1 is 0, the weights are
ignored and the equation collapses to the standard equation for CBA. For
1 = 1, unitary marginal income elasticity is assumed (Squire and Van der
Tak, 1975). For instance, with 1 = 1, the incidence of costs and benefits to
a group with a quarter of the average income would be four times that of
the group with average income (Adger et al., 1997). It has been argued that
it may be impossible to observe 1 in practice (Layard and Walters, 1994)
so M is often used to demonstrate the implications of different degrees of
aversion against income inequality. In addition, it is possible to calculate
threshold values indicating which degree of aversion against inequality
renders an ecosystem management option (in)efficient — for a certain dis-
count rate. Rather than forcing decision makers to state their aversion to
inequality, this allows decision makers to evaluate whether they believe the
combined income and efficiency impacts are justifiable.

In principle, income group does not have to be the only criteria on
the basis of which additional weights may be given to a certain group
of people. For instance, the income of traditional resource users may be
values higher than that of newcomers. In this case the NPV may be cor-
rected for this — with the remaining complexity of finding an appropriate
weight for the different groups. Alternatively, Pareto efficiency may be
applied, i.e. traditional resource users should not be made worse off than
under the current management.

3.5 UNCERTAINTY

Following the framework described in this chapter, efficiency, sustain-
ability and equity aspects of ecosystem management can be analysed with
a dynamic systems ecological-economic modelling approach. In view of
the number of relations and variables involved, this type of modelling
can be subject to significant levels of uncertainty. Key principal sources
of uncertainty include (1) the input data used to describe the system; and
(2) the equations and the structure of the model. For the analysis of the
impact of uncertainty in input data, sensitivity analysis is probably the
most widely applied method. Sensitivity analysis studies the influence of
variations in model parameters and initial values on model outcomes,
usually by applying statistical techniques and/or by running the model
for a range of different values of the variables and parameters assumed
to be most uncertain. For a description of a number of other approaches
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to analyse uncertainty in input data, see, for example, Rotmans and van
Asselt (2001). However, clearly, analysis of the implications of variations
in input data with sensitivity analysis does not indicate the likelihood that
such variations occur, and the uncertainty in ecological-economic models
may be hard to predict.

Regarding uncertainties in the equations and set-up of the model, par-
ticular issues are how to deal with potential threshold values, responses
of the ecosystem to multiple drivers, and the relation between changes in
the state of the ecosystem, and its capacity to supply ecosystem services.
A principal approach that has been developed to deal with uncertainty in
model structure is model validation. Toth (1995) proposed three routes for
model validation: (1) check against historical records; (2) adopt models
and codes from other modelling groups for conceptual verification; and
(3) model inter-comparisons (see Toth, 1995; Van der Sluijs, 1997).

In analysing ecosystem—economy interactions, two aspects are particu-
larly subject to uncertainty. These are thresholds in ecosystem dynamics
and the values estimates for different ecosystem services. Thresholds in
ecosystem dynamics are discussed in Section 3.3 and uncertainties related
to ecosystem services valuation are specified in Section 2.4.6. Thresholds
occur at all scales, ranging from the melting of the Greenland icecap to
the thresholds guiding the bifurcations between clear and turbid water in
shallow lakes. The implication of uncertainty in a threshold is that major
differences in ecosystem responses can occur as a function of only minor
changes in ecosystem management. Sensitivity analysis can assist in deter-
mining the impacts of different values of the threshold but, as above, in
itself does not indicate the likelihood of specific threshold values.

Hence, as with any modelling study, uncertainty is a key concern. As
much as possible uncertainty levels, and the implications of uncertainty,
should be indicated, based on sensitivity analysis or verifications of (part
of) the model with data series. For further information and examples of
how to deal with uncertainty in ecosystem management, see Rastetter
(1996) and Peterson et al. (2003).



4. Modelling the efficiency and
sustainability of forest management

4.1 INTRODUCTION

This chapter shows how dynamic systems ecological-economic modelling,
as presented in Chapter 3, can be applied to analyse the efficiency and sus-
tainability of ecosystem management options. The case of a hillside forest
supplying two ecosystem services, wood production and erosion control,
is used as an example. In this chapter, a basic model of a hypothetical
forest ecosystem is developed, and the model parameters are quantified
on the basis of representative values based on literature. The forest model
comprises two components: forest cover and topsoil. In order to obtain
consistency between the parameters, as much as possible, values related
to a US Douglas fir forest stand are used. The specific objectives of the
chapter are to: (1) model the productivity of a forest, in two cases, a revers-
ible and an irreversible response to high harvesting pressure; and (2) dem-
onstrate the difference between efficient and sustainable rotation periods,
and identify intermediate management options ensuring higher economic
efficiency as well as long-term sustainability.

The ecological-economic model developed in this chapter presents a
deviation from the Faustmann models that have often been used to opti-
mise rotation periods (Tahvonen, 1991). Faustmann models are algebraic
optimisation models, and the basic principle of this type of models is
that, for the economic efficient rotation period, the marginal value of the
growth of the timber stock equals the marginal opportunity costs of not
harvesting. The opportunity costs depend upon the costs of capital and the
interest foregone on the site value of the land (Faustmann, 1849; Brazee,
2001). Assuming perfect markets and perfect foresight, the model leads to
a constant rotation period that maximizes the present value of forest land
over an infinitely long time horizon (Samuelson, 1976). In the last decades,
a large number of enhancements to the original Faustmann model have
been developed. For instance, Hartman (1976) extended the Faustmann
model with the flow of non-timber forest benefits, Van Kooten et al.
(1995) incorporated the benefits of carbon dioxide storage in the model,
and Creedy and Wurzbacher (2001) presented a Faustmann model for a
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forest ecosystem that provides three different ecosystem services (timber,
water and carbon sequestration). However, none of these models explic-
itly analyses efficient management in the case of a forest that responds
irreversibly to overharvesting and where the ecosystem manager does not
necessarily want to maintain the forest stock in the long term.

Since it is very complex to solve the Faustmann equations for a forest
model including forest cover and topsoil and the various processes related
to these two components (see Appendix 4.1), this chapter uses the dynamic
systems modelling approach described in Chapter 3 in combination with
simulation modelling (cf. Hein and Van Ierland, 2006). Two basic dynamic
systems models of a hypothetical forest ecosystem are developed, one rep-
resenting an ecosystem that responds reversibly to stress, and the other an
ecosystem that responds irreversibly to stress. The ecosystems provide two
services: wood and erosion control. The benefits of both services are consid-
ered in the calculation of the net present value (NPV) of the forest under dif-
ferent rotation periods. The control variable is the rotation period applied
to harvest wood. Both fixed and variable rotation periods are examined.

The chapter is organised as follows. The two forestry models are devel-
oped in Section 4.2. The efficiency and sustainability of different felling
rates are compared, for the two models, in Section 4.3. A discussion and
the main conclusions are presented in Section 4.4. Note that, although
an attempt is made to find representative values for the different compo-
nents and variables of the forest ecosystem models, this case study deals
with a hypothetical ecosystem. The case study is meant to demonstrate
the Assessment Methodology described in Chapter 3, and does not yield
efficient or sustainable rotation periods for a specific ecosystem.

4.2 DESCRIPTION OF THE ECOSYSTEM MODELS
4.2.1 The Modelling Framework

The modelling framework for this study is shown in Figure 4.1. The two
models that are developed in the next paragraphs represent a hillside
ecosystem that supplies two services: wood and erosion control. Erosion
control is derived from the capacity of the forest to maintain soil cover
and to prevent downstream deposition of sediments. Both models com-
prise two components: forest cover and topsoil. In the models, these two
services are included in both physical (ton) and monetary units (USS).
The ecosystems contain two processes, ‘vegetation growth’ and ‘erosion’,
and the control variable is the rotation period. Wood extraction reduces
the forest cover of the ecosystem, and a reduced forest cover leads to
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Notes: Both services are first expressed in a physical unit (ton), which is then converted
into a monetary unit (US$). The harvesting of wood reduces the forest standing stock, and
represents a feedback in the ecosystem (thin arrow).

Figure 4.1 Modelling framework for a forest ecosystem supplying wood
and erosion control

higher erosion rates. The models represent hypothetical ecosystems, with
assumed values based upon literature.

The economic system is considered exogenous. It is assumed that, for
a given, constant price for wood and the erosion control service, demand
will not be saturated. Constant, average prices are used for the two
ecosystem services included in the model. In order to ensure maximum
possible consistency in the parameters, wood prices, costs of erosion and
harvesting costs of wood are taken from the same economic setting. All
costs and prices are derived from literature (LeDoux and Huyler, 2000;
Uri and Lewis, 1998). Erosion costs are the average costs of water erosion
in the USA, and wood prices and wood harvesting costs are also averages
for the (Eastern) USA. In the models, a constant discount rate is assumed
and the capital value of land is neglected (but see Penttinen, 2000 for more
information on the implications of variable prices).

Based on the dynamic system modelling framework described above,
two ecosystem models have been developed. The first model represents an
ecosystem that responds reversibly to stress, the second model responds
irreversibly to stress. In the first model, erosion is a function of forest cover
and vegetation growth a function of standing biomass only. In the second
model, a refinement is added. Regrowth of the forest cover now also
depends upon the topsoil depth (e.g. because topsoil commonly contains
a large part of the soil nutrients). There is no recovery if topsoil and forest
cover are removed below a critical threshold. For simplicity, the models
do not contain spatial heterogeneity and assume homogenous slopes, soils
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and species composition. They operate at the scale of the plot (30 by 30m).
The ecosystem’s carrying capacity (maximum forest cover) is assumed to
be 200ton wood per hectare.

The models are used to analyse the efficiency and the sustainability
of different rotation periods in the two forest types. Efficient ecosystem
management is interpreted as management that maximises an objective
function that includes the benefits of wood supply and the costs of erosion
(based on Pearce and Moran, 2000; Turner et al., 2004). Future benefits
and costs are discounted, using a fixed discount rate, in order to compare
them with current benefits and costs. Sustainable ecosystem management
is interpreted as management that maintains the capacity of the forest
ecosystem to provide future generations with the amount and type of eco-
system services at a level at least equal to the current capacity. Biodiversity
in the forest is not considered in this case study.

4.2.2 Ecosystem Model 1: Reversible Response to Stress

Model 1 represents a stylised model of a forest ecosystem that contains
two components, described by two state variables. These are topsoil and
forest cover, described respectively by topsoil depth (7'S) and forest cover
(FC). Topsoil depth has been identified as one of the key indicators for the
assessment of the impact of erosion on the ecosystem (Cammeraat et al.,
2002). The variable forest cover (FC) expresses both the standing biomass
that can be harvested, and the soil cover that reduces erosion rates. The
ecosystem provides wood (W) and erosion control, expressed (inversely)
as the amount of sediments eroded (E). The amount of wood that can be
harvested at a specific time depends upon the forest cover. The amount
of erosion depends upon the forest cover and causes a reduction of the
topsoil depth. The formulas used in the model to describe the development
of the ecosystem are presented below.

Development of the topsoil (7'S)

The topsoil decreases due to erosion, but recovers as a consequence
of the accumulation of sediment and litter (analogous to Imeson and
Cammeraat, 2002). Application of the model requires defining the initial
value of the topsoil depth, which is assumed to be 3 cm.

TS, =TS, — E,+ RE,, 4.1
where:

TS, = topsoil depth in metres at time #;
E,, = erosion in metres at time #; and
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RE,, = recovery of the topsoil from erosion through accumulation of
sediment and organic material in year ¢, expressed in metres.

Development of forest cover (FC)

The forest cover is expressed as percentage cover, compared to the carry-
ing capacity of the plot. It is assumed that 100% cover represents a total
biomass of 18ton on the 30 by 30m plot (which equals 200 ton/ha). Forest
cover develops as a function of the harvest of wood, and the natural
growth of the vegetation:

FC, = FCy = W, + G, 4.2)

where:

FC,, = forest cover in % in year t;

W, = harvest of wood in year t, expressed in %-points; and

G, = growth of the forest cover of the ecosystem, expressed in %-points.

Wood harvest (W)

Wood is harvested with a certain rotation period, for example, once every
15 years. In line with the original Faustmann models, a fixed percentage of
the standing wood stock is harvested with every felling. The variable forest
cover (FC) represents both the standing biomass and the soil cover that
reduces erosion, and it is assumed that, with every felling, 60% of the forest
cover is harvested. This implies that, after a felling, 40% of the soil is left
bare and is susceptible to erosion. Wood harvest is represented through
the following formula:

W(t) = 0.6 - FC(t) | once every R years, (4.3)

where:
W(t) = wood harvest (%o-points)
FC(t) = forest cover (%-points)
R = rotation period (years)

Wood harvest and forest cover are expressed in %-points, and wood
harvest is subsequently converted to ton wood on the basis that full forest
cover represents 18 ton biomass for the 30 by 30 m plot.

Erosion (E)

The erosion control service is expressed through the amount of erosion
(E) taking place. For a fixed slope, rainfall, and slope length, the relation
between erosion and forest cover can be expressed as follows (cf. Nearing
et al., 1989; Morgan, 1995):
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E(;) =q e 25 FCO, (4.4)

where:
FC,, = forest cover in % in year t; and
o = a constant for the ecosystem.

In line with Nearing et al. (1989) and Morgan (1995), an exponential
relation is assumed between forest cover and erosion. The constant 2.5 is
an empirical factor reported in Nearing et al. (1989). The impact of the
logging activities themselves (e.g. through disturbance of the remaining
vegetation, or compaction of the topsoil) is not further considered in this
model.

Recovery from erosion (RE)

In the model, a gradual recovery of the topsoil takes place through the
accumulation of sediment and plant litter, in metres/year. This process
depends upon the sedimentation of soil particles by water or wind; and
the deposition of organic material from standing biomass. Both processes
vary substantially between different ecosystems, but each process is related
to the forest cover. Forest cover reduces the speed of run-off and wind in
the ecosystem, and causes deposition of sediments, and organic material is
directly derived from (nearby) plants and trees (Morgan, 1995). A litera-
ture review did not reveal any formula describing the accumulation of sed-
iments as a function of forest cover. Assuming that (1) the accumulation
increases with forest cover; and (2) marginal increases will progressively
diminish, the following logarithmic relation is assumed:

RE, =y FC,*, 4.5)

where v and @ constants for a specific ecosystem (¢ < 1), depending in
particular on soil type are and climatic conditions.

Growth of the forest cover (G)

In ecosystem 1, growth of the forest cover depends upon standing forest
cover in relation to the ecosystem’s carrying capacity. It follows a simple
logistic growth pattern (Pielou, 1969; Clark, 1976). The formula describing
net growth of the vegetation cover is:

Gy = Tar " FCy - (1 - FC(,)/K), (4.6a)

max

where r,,,. represents the maximum relative regrowth rate and K the

carrying capacity of the ecosystem for vegetation (which equals a 100%
cover).
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Table 4.1  Parameters used for the valuation of the ecosystem services

Parameter Value Source
Price of US$197/ton Average export price of Douglas fir in 1997,
wood wood Western hemlock and other softwoods exported

from Washington, Oregon, northern California
and Alaska (IMF, 2003)

Harvesting US$27/ton Average marginal costs of three different

costs wood harvesting methods for Northeastern US forests
(LeDoux and Huyler, 2000)

Costs of USS$ 16/ton Estimated average off-site costs of sheet and

erosion eroded soil rill erosion in the US in 1997 (Uri and Lewis,
1998)

Calculation of the net present value on the basis of the supply of ecosystem
services

The ecosystem supplies two services: wood and erosion control. The fol-
lowing formula is used to calculate the net present value (NPV) of the
services supplied by the ecosystem, over a 100-year period:

100

NPV = (p,. W, — ¢.E,) 8", (4.7)
=1

where:

p,, = net price of wood: the price of wood minus the extraction costs (US$/
ton wood)

W, = the amount of wood harvested (ton wood)

¢, = the costs of erosion (US$/ton eroded soil)

E,, = the amount of erosion (ton eroded soil)

d ' = the discount factor

The values assumed for the parameters in equation (4.7) are shown in
Table 4.1. For simplicity, the net price of wood and the costs of erosion are
average, constant values derived from the literature. The NPV of different
rotation periods is calculated for discount rates of 2.5% and 5%.

Overview of the variables and parameters used in the model

An overview of the variables used in the model is presented in Table 4.2.
The various parameters used in the model are shown in Table 4.3. The
parameters have been selected in such a way that potentially realistic
erosion, sedimentation and regrowth rates are obtained (as explained in
Table 4.3).
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Table 4.2  Variables used in the ecosystem model
Variable Type Units Notation
Topsoil depth State millimetres TS
Forest cover State percentage-points FC
Erosion Process millimetres E
Wood harvest Pressure percentage-points w
Rotation period Control years R
Recovery from erosion Process millimetres RE
Growth of the forest cover Process percentage-points G

Table 4.3  Parameters of the ecosystem model

Parameter Value Unit Comments
Initial 30 millimetre
topsoil
depth
Initial forest 100 % cover
cover
o 3 millimetre ~ With o = 3 mm, erosion varies from
around 0.3 mm/year (5ton/ha) for
full forest cover to around 3 mm/year
(60ton/ha) for bare soil — in line with
for example Zanchi (1983) in Morgan
(1995).
Y 0.1 millimetre Withy = 0.1 mm and ¢ = 0.5, the
recovery from erosion varies between 1
mm/year for total forest cover to 0 mm/
year for zero forest cover.
0] 0.5 -
P rax 0.1 - This equals a maximum annual
regrowth of 2.5 percentage points,
reached at a forest cover of 50%.
K 100 % cover K represents full forest cover.

4.2.3 Ecosystem Model 2: Irreversible Response to Stress

Ecosystem model 2 is equal to ecosystem model 1, with one refinement. It
is assumed that a degradation of the topsoil reduces the regrowth capacity
of the forest cover, for example, because a degraded topsoil prohibits the
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Figure 4.2  Relation between topsoil depth and vegetation regrowth

establishment of new seedlings and because a less fertile soil profile leads
to reduced growth of the trees (e.g. FAO, 1992; Williamson and Nielsen,
2003). Smith et al. (2000) found, within certain boundaries, a linear rela-
tion between fertility status of the soil (expressed as the C:N ratio) and
the growth of pine seedlings (Pinus radiata): a C:N ration of 55 reduced
growth of seedlings with 10 to 30% as compared to a C:N ratio of 20. Based
upon Smith et al. (2000) and Williamson and Nielsen (2003), a linear rela-
tion between topsoil depth and forest regrowth is assumed up to a topsoil
depth of 30mm. For a topsoil of 30 mm or more, it is assumed that there
is no further change in forest growth. In the model, it is also assumed that
the absence of topsoil leads to a complete stop of the regrowth of the vege-
tation (see Figure 4.2). This alters equation (4.6a) to equation (4.6b), as
described below. All other equations remain the same.

Growth of the forest cover (G,)

As explained above, the growth of the forest cover in ecosystem 2 depends
upon both standing forest cover and the soil conditions. Growth of the
forest cover proceeds according to a logistic growth curve, whereas a
linear relation between topsoil depth and growth is assumed — up to a
topsoil depth of 30mm (Figure 4.2):

Gy = I FCy (1 =FC,, 1 K) - Min(1;0.0333 - TS,)  (4.6b)

where r,,,. represents the maximum relative growth rate and K the

carrying capacity. FC,, is the forest cover, and TS, the topsoil depth in
millimetres.
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4.3 EFFICIENT AND SUSTAINABLE
MANAGEMENT OPTIONS FOR THE
MODELLED ECOSYSTEMS

4.3.1 Ecosystem Model 1: Reversible Response to Stress

The two models, each representing a different type of forest dynamics, are
used to calculate the economic efficiency and sustainability of three types
of management. The three examined ecosystem management options are:
(1) a fixed rotation period that provides maximum economic benefits given
the specified objective function; (2) the shortest rotation period that quali-
fies as sustainable; and (3) an alternative management option that provides
a compromise between economic efficient and sustainable forest manage-
ment. The model is run for a 100-year period. Both ecosystem models start
with full forest cover (100%) in year 0, and harvest starts in year 1.

For ecosystem 1, the alternative management option entails a period of
intensive harvesting, followed by a period of recovery. As degradation of
the ecosystem is reversible, recovery of the ecosystem is not constrained
by total depletion of the forest cover and topsoil layer. The most efficient
rotation scheme is calculated, based upon a period of intensive harvest-
ing and a recovery period, that qualifies as sustainable over a 100-year
period.

The efficient rotation period

The model was run for a range of rotation periods, and the generated NPV
was calculated for each felling rate, considering both the benefits of wood
supply, and the costs of erosion. These calculations show that, at a 5%
discount rate, an 11-year rotation period generates the maximum NPV.
This maximum NPV is US$ 845, for the 30 by 30m plot. If a discount rate
of 2.5% is used, the optimal felling rate is 16 years, and the corresponding
NPV is US$1604. This difference reflects that the NPV of the long-term
benefits of an ecosystem is much higher if a low discount rate is used. The
supply of ecosystem services for an 11-year rotation period is presented
in Figure 4.3, and the development of the forest cover and the topsoil
is shown in Figure 4.4. It is assumed that, once the topsoil is depleted,
erosion of the subsoil will continue with the same erosion rate.

The sustainable rotation period

Clearly, the 11-year felling cycle, that generates maximum NPV at a 5%
discount rate, is not sustainable. With this rotation period, topsoil is
depleted in year 50, and forest cover is gradually reduced to around 35% in
year 100. Because the loss of topsoil does not reduce vegetation regrowth in
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Figure 4.3 Supply of two ecosystem services, wood and erosion control, at
a felling rate of 11 years
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Figure 4.4  Development of the forest cover and topsoil for an 11-year
felling cycle

ecosystem 1, regrowth of the forest cover continues even when the topsoil is
totally eroded. With the 16-year rotation period, efficient in the case where
the 2.5% discount rate is used, the topsoil is reduced to around Smm in year
100, and, hence, this management option is not sustainable either.
Ecosystem model 1 has also been run to reveal the most efficient,
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Figure 4.5 Development of the topsoil and forest cover under a
sustainable, fixed rotation period of 21 years

sustainable rotation period. The shortest, and most efficient, rota-
tion period that maintains the topsoil at around 3mm, and allows the
forest cover to recuperate following each felling cycle, is calculated to
be 21years. Figure 4.5 shows the development of the two ecosystem
components under this form of management. At a 5% discount rate,
this generates a NPV of US$478, and at 2.5% discount rate the NPV is
US$1297.

Intensive harvesting followed by a recovery period

For ecosystem model 1, it is also possible to achieve sustainability, over
a 100-year period, by intensive wood harvest in the first years, followed
by a period of recovery. During the period of intensive wood harvest-
ing, a fixed rotation period is used. Using this management approach,
at a 5% discount rate, the optimal rotation period is 13 years during the
first 50years (enabling 4 felling cycles), followed by a recovery period of
50years. The corresponding development of the ecosystem is shown in
Figure 4.6. The resulting NPV is US$692 for the plot. This is some 20%
less compared to the maximum NPV achieved at a felling cycle of 11 years
during 100 years — but some 40% more compared to management based
upon a sustainable, fixed rotation period. The use of a variable rotation
period is most attractive for high discount rates. At a 2.5% discount rate,
the benefits of this approach are small — US$ 1373 compared to US$ 1297
for the sustainable, fixed rotation period. The results for ecosystem 1 are
summarised in Table 4.4.
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Figure 4.6  Sustainable management with a variable rotation period
Table 4.4  Efficient versus sustainable management of ecosystem 1
Management strategy  Felling cycle NPV Felling NPV  Development
(years) (USS) cycle (USS$) of the
(years) topsoil and
Discount rate = 5% Discount rate vegetation
=2.5%
Profit 11 845 16 1604  Depletion of
maximisation topsoil and
forest cover
Sustainable 21 478 21 1297  Dynamic
management: no stabilisation
harvest until forest of the
cover and topsoil topsoil and
are fully recovered vegetation
from the previous
felling
Long-term 13 (during 692 18 (during 1373 Full
sustainable the first 50 the first 80 recovery of
management: years) years) topsoil and

intensive felling
during the first
period, no wood
harvest in the
remaining years

vegetation
in year 100
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Figure 4.7 Development of the topsoil and vegetation cover of ecosystem
2, for a 15-year felling cycle

4.3.2 Ecosystem Model 2: Irreversible Response to Stress

The efficient rotation period

Compared to ecosystem model 1, model 2 contains an extra feedback
that reduces the growth of the forest cover at low topsoil depths. For this
model 2, the economic efficient rotation period comprises one felling per
15years, resulting in an NPV of US$ 585 at a 5% discount rate. The cor-
responding development of the topsoil and forest cover is shown in Figure
4.7. For a discount rate of 2.5%, the optimal felling rate would be 19 years,
resulting in an NPV of US$1349. The additional feedback in model 2
causes a slower recovery of the vegetation from wood harvest, which leads
to a lower NPV for the different rotation periods.

The sustainable rotation period

As with ecosystem 1, the efficient rotation period is not sustainable. At the
15-year rotation period, the topsoil is depleted in year 63, and the forest
cover in year 77. The 19-year rotation period, efficient if a discount rate of
2.5% is used, also leads to an, albeit slower, depletion of the topsoil and
forest cover. For this ecosystem, the most efficient sustainable felling rate
would be 21 years, with an NPV of US$475 at a 5% discount rate, and
US$ 1291 at a 2.5% discount rate.
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Figure 4.8 Minimum sustainable stock levels for ecosystem 2

Profit maximising while maintaining the minimum sustainable stock levels
For ecosystem 2, the strategy of clear-felling followed by a period of
recovery is not suitable — recovery will not take place once the topsoil and
forest cover have been depleted. However, an approach may be followed
with intensive harvesting subject to maintaining the minimum sustainable
stock. The minimum sustainable stock reflects the combinations of topsoil
depth and forest cover that need to be maintained to allow recovery of
the system. These combinations have been calculated with the ecosystem
model, and are shown in Figure 4.8. In order to calculate the efficiency
of profit maximisation subject to the condition that forest cover and/or
topsoil are not depleted to below the minimum sustainable stock levels,
ecosystem model 2 has been expanded with a simple if/then routine.
Basically, this routine states that no harvesting is allowed if this would
reduce the forest cover and the topsoil to below the minimum sustainable
stock level.

Subsequently, the most efficient rotation scheme that does not deplete
forest cover and topsoil levels to below the minimum sustainable stock
level has been calculated. The resulting rotation scheme is shown in Figure
4.9. After a first harvest in year 1, the second harvest takes place in year
18, followed by a third harvest in year 40 and a fourth harvest in year
92. The corresponding NPVs are US$ 572 for a discount rate of 5%, and
US$ 1308 for a discount rate of 2.5%. Both discount rates lead to the same
optimal rotation scheme. The results for ecosystem 2 are summarised in
Table 4.5.
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Figure 4.9 Harvesting of forest ecosystem 2, subject to maintaining the

minimum sustainable

stocks

Table 4.5 Efficient versus sustainable management of ecosystem 2

Management Felling NPV Felling NPV Development of
strategy cycle (US$) cycle  (US$) the topsoil and
(years) (years) vegetation
Discount rate Discount rate
= 5% =2.5%
Profit 15 585 19 1349  Depletion of topsoil
maximisation and forest cover
Sustainable 21 475 21 1291 Dynamic
management stabilisation of
topsoil and forest
cover
Maintaining variable 572 variable 1308 Maintaining the

the minimum
sustainable stock

capacity of the
ecosystem to recover

4.4 DISCUSSION AND CONCLUSIONS

4.4.1 Uncertainties in the Model

Clearly, the identified efficient and sustainable rotation periods are very
short compared to those rotation periods actually applied in temperate
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forest stands. Nevertheless, provided that the models are calibrated appro-
priately for a specific ecosystem, they allow the calculation of the efficiency
and sustainability of rotation periods for a forest stand. Compared to the
Faustmann models (Faustmann, 1849; Brazee, 2001), the models charac-
terise the ecosystem through two, instead of one, ecosystem component:
forest cover and topsoil. This allows a more refined modelling of the
response of the ecosystem to harvesting: the development of the topsoil
influences the establishment of forest seedlings and the regrowth of the
forest stand (cf. FAO, 1992).

Incorporating two ecosystem components and their interactions in
the model allows for the simulation of irreversible ecosystem dynam-
ics. Hence, with a relatively simple modelling approach, irreversible
responses and thresholds follow from the model, rather than having
to be exogenously forced on the model. Although the models provide
enhanced ecological accuracy compared to the original Faustmann
models, a number of important simplifications have been made in the
models, including:

1. Tree biomass and vegetation cover are expressed through one param-
eter: percentage forest cover. This is accounted for by adapting the
parameters used to model the capacities of the ecosystem to supply
wood and control erosion as a function of the forest cover.

2. The impact of logging itself is not considered. In reality, logging activ-
ities may be a major cause of erosion because they cause disturbance
of the vegetation layer and compaction of the soil (e.g. Croke et al.,
2001).

3. All logging costs are considered variable costs in the model — the
average logging costs are independent of the amount of wood har-
vested. This is one of the factors that leads to the relatively short effi-
cient rotation periods found in this hypothetical case study. In reality,
logging companies also have to consider the fixed costs of harvesting
a particular site.

4. The model assumes constant prices for the two ecosystem services
involved.

If the stylised model is applied to a specific forest ecosystem, these
four factors would need to be addressed. In particular, the relation
between forest cover and erosion would need to be specified as a func-
tion of standing forest biomass, the impacts of logging would have to
be included, and variable and fixed costs of logging would need to be
considered.
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4.4.2 Implications for Ecosystem Management

In general, the inclusion of the full set of ecosystem services in the assess-
ment of management options is required in order to obtain a correct
picture of the private and societal benefits supplied by the ecosystem under
various management regimes (Turner et al., 2003). In the case study, the
models show that intensive harvesting increases erosion of the plots. This
reduces the growth of the forest stock, and brings additional costs through
sedimentation of rivers and reservoirs downstream. Hence, consideration
of the topsoil component and erosion results in a longer efficient rotation
period as compared to the optimal period that would be identified on
the basis of the original Faustmann model (cf. Creedy and Wurzbacher,
2001).

The analysis also illustrates the large discrepancies that may occur
between efficient and sustainable management of an ecosystem. Indeed,
such discrepancies frequently occur in decision making on ecosystems
(e.g. Munasinghe and McNeely, 1994). Clearly, the selected discount
rate plays a major role (see also Hueting, 1991; Freeman, 1993; Howarth
and Norgaard, 1993; Hanley, 1999). Because the erosion control service
is included in the model, the most efficient rotation period is longer, and
somewhat more sustainable, compared to a model in which only the
wood supply service of the forest is considered. However, inclusion of
all relevant services may not be enough to reconcile efficient and sustain-
able management (Hueting, 1980). In addition, even if the total benefits
including all relevant ecosystem services provided by a privately owned
ecosystem are larger for the ecosystem in its natural state, private land
owners may still prefer land conversion or clear-felling if they are not
rewarded for the public services supplied by the ecosystem (Kishor and
Constantino, 1993). In this case, ecosystem valuation may be used to
underpin the transfer of funds from stakeholders benefiting from ecosys-
tem services to the stakeholders maintaining the ecosystem (e.g. Chomitz
et al., 1998).

The case study also shows two alternative management options in
addition to pursuing the efficient and the sustainable management
option. Application of variable rotation periods allows partial recon-
ciliation of efficiency and sustainability considerations. If an ecosystem
responds reversibly to stress, variable rotation periods provide the
possibility to exploit the ecosystem intensively during an initial period,
and allow it to recover in the subsequent years. When sustainability is
evaluated over a specific, long-term period, this exploitation can be seen
as sustainable if the final topsoil and forest cover are not lower than the
initial values. This option is particularly favourable if a relatively high
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discount rate is used. Obviously, one of the consequences is that there
will be no income during the recovery period — but the lack of income
from the ecosystem in this period may be compensated by income gen-
erated from investments made during the first period (e.g. Pezzey and
Toman, 2002).

Partial reconciliation of efficiency and sustainability through intensive
harvesting in an initial period, followed by a rest period, is not possible
in the case where the ecosystem responds irreversibly to stress. Once the
topsoil and vegetation have been depleted to below the minimum sustain-
able stock levels, the system will no longer recover. An alternative option
for the irreversible ecosystem is to optimise harvest rates subject to main-
taining the minimum sustainable stock levels. This offers a compromise
solution between efficient and sustainable exploitation of the ecosystem.
This option is more profitable than pursuing sustainable management
through a fixed rotation period, particularly if high discount rates are
used. Although this option is not sustainable in the sense that there is a
gradual decline in the natural capital stock, it avoids an irreversible col-
lapse of the system. It leaves future generations the option to fully recuper-
ate the ecosystem by temporarily reducing the harvest levels (at the cost of
not harvesting during a certain period).

The occurrence of irreversible responses to management is of particu-
lar importance in the case where variable rotation periods are modelled.
Once the minimum sustainable stock of the ecosystem is surpassed, a
reduction of the rotation period does not lead to recovery of the system.
In the model of the irreversible ecosystem (2), the development of the
two components is mutually dependent, and the minimum sustainable
stock is expressed through both state indicators (topsoil depth and forest
cover). Hence, for ecosystems with interconnected, mutually dependent
components (which will often be the case, e.g. Levin, 1992; Mooney et
al., 1995), the threshold between collapse and recovery may depend upon
a combination of indicators. If this is the case, consideration of only one
indicator (for example, forest cover alone) will provide inaccurate infor-
mation on the state of the ecosystem and the risk of potential collapses
of the system.

In the deterministic model developed in this chapter, the minimum
sustainable stock levels were known with certainty. This will usually not
be the case for real-world ecosystems (Cole, 1954; Smith, 1990). In the
case of uncertainty in ecosystem behaviour, the concept that indicates the
minimum ecosystem stock that should be preserved in order to maintain
the functioning of the ecosystem is the ‘safe minimum standard’ (SMS).
Ciriacy-Wantrup (1968) proposed a ‘safe minimum standard of conser-
vation’ as a means of incorporating uncertainty and irreversibility in the
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appraisal of natural resource utilisation. The safe minimum standard
concept was later modified by Bishop (1978), who stated that irreversible
environmental loss should be avoided unless this bears ‘unacceptable’
social costs. The SMS threshold increases with higher uncertainty (see
also Randall and Farmer, 1995). This case study shows how the minimum
sustainable stock, and hence the SMS, may depend upon two ecosystem
state indicators and their interactions, and that measuring the SMS with
regards to only one or few state indicators may not be accurate. Hence,
defining an indicator and a threshold value for the SMS needs to be based
on a thorough understanding of the dynamics of the ecosystem, and may
need to include a set of interrelated indicators rather than one singular
indicator.

4.4.3 Conclusions

This chapter shows how dynamic systems ecological-economic model-
ling can be applied to assess the economic efficiency and sustainability
of different ecosystem management options. A stylised model of a hill-
side forest stand providing wood and erosion control is used as a case
study. The model is not calibrated for a specific forest, and the retrieved
efficient and sustainable rotation periods are short compared to those
rotation periods actually applied in temperate forests. Nevertheless, the
study highlights some of the potential strengths and challenges related
to ecological-economic modelling. Among the strengths of the approach
is the flexibility to apply the models to include a wide range of ecosys-
tem components and processes, and a wide range of ecosystem services.
Another strength is the possibility of including complex dynamics, such
as irreversible responses to stress. These dynamics are, in the case of this
study, not imposed on the system through an exogenous threshold, but
result from the modelled interactions between the ecosystem components.
Furthermore, by specifying variables and parameters for different grids,
and modelling interactions between grids (for instance slope and erosion
rates, transport of sediment between grids), the models may be integrated
in a spatial model. Potential weaknesses are the need to come to a detailed
understanding of the processes driving the ecosystem and the relatively
high data requirement if the modelling approach is applied to a real world
ecosystem.
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APPENDIX 4.1 FAUSTMANN EFFICIENCY
CONDITIONS FOR A FOREST
SUPPLYING TWO ECOSYSTEM
SERVICES

For a hillside forest ecosystem that supplies two ecosystem services, wood
and erosion control, the Faustmann efficiency condition needs to be
expanded to reflect the supply of both services. The expanded efficiency
condition is as follows:

p, dFCIAR + ¢,-AE=i-p, - FC+i-1I

where:

p,, = net price of timber (the price of wood minus the harvest costs) (US$/
ton wood)

FC = forest cover, representing the standing stock of wood (converted to
ton wood).

R = rotation period (years)

¢, = costs of erosion (US$/ton soil)

AE = increase of erosion in the case of logging (ton soil)

i = discount rate

IT = the site value of the land on which the forest is located.

On the left-hand side of the equation are the net marginal benefits, which
consist of the marginal benefits of wood harvesting plus the marginal
benefits of the erosion control service (which equals the costs of erosion
times the marginal amount of erosion avoided by delaying logging). On
the right-hand side are the marginal opportunity costs of not harvesting,
which consist of the marginal opportunity costs of the capital that could
be gained through harvesting and the marginal costs of the land on which
the forest is located.

In the ecosystem models developed in this chapter, it is assumed that IT
= (. The efficiency equation becomes:

Dy Foa” FC(1=FCIK) + ¢,- (Q.e 25T — Qe 257 —j-p . FC=0

where:

p,, = net price of timber (the price of wood minus the harvest costs) (US$/
ton wood)

I.. = Maximum relative regrowth rate

FC = forest cover before harvesting (%).
FC2 = the forest cover after harvesting (%)
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K = carrying capacity

¢, = costs of erosion (US$/ton soil)

o, = a parameter, set at 3 mm in the models
i = discount rate.



5. Case study: eutrophication control
in the De Wieden wetland, the
Netherlands

5.1 INTRODUCTION

This chapter aims to apply the ecological-economic modelling approach
described in Chapter 3 to a real-world ecosystem. The framework is used
to construct an ecological-economic model to compare the costs and
benefits of eutrophication control measures in the lakes of De Wieden, the
Netherlands. Eutrophication of lakes is caused by the inflow of nutrients,
in particular nitrogen and phosphorus, that are released from agricultural
or urban sources. Eutrophication often leads to a reduction in the supply
of ecosystem services. For instance, it may affect recreation, fisheries or
nature conservation in and around the water body (Carpenter et al., 1999;
Miler, 2000). The response of a freshwater lake to changes in nutrient
loading is generally subject to multiple states and thresholds. These multi-
ple states are determined by different factors in deep and shallow lakes. In
deep lakes, a critical aspect of the lake ecosystem dynamics is whether the
deep part of the lake is in an aerobic or anaerobic condition. In shallow
lakes, different states are characterised by different lake visibility and
different plant and fish communities (Timms and Moss, 1984; Scheffer,
1998). This case study focusses on a shallow lake ecosystem, accounting
for the complex dynamics of this ecosystem.

The identification of efficient eutrophication control strategies involves
the comparison of the costs and benefits of eutrophication control meas-
ures. The costs relate to the investment, operation and maintenance
of pollution control equipment, the benefits to an increased supply of
ecosystem services following reduced eutrophication. A crucial factor to
be considered in eutrophication control are steady states and thresholds
in the ecosystem, because these have an overriding impact on the lake’s
response to (reductions in) nutrient loading. Temperate shallow lakes are,
in general, in a clear-water state with abundant water plants and a fish
community dominated by piscivorous fish at low nutrient levels. At high
nutrient levels, shallow lakes tend to convert to a turbid state dominated
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by phytoplankton and benthivorous fish (Jeppesen et al., 1990; Scheffer,
1998; Van Nes et al., 2002). The change between the clear and turbid water
states is normally abrupt, and proceeds at a certain threshold in nutrient
concentrations. This threshold is specific for each lake (Jeppesen et al.,
1990).

Although a range of theoretical models have been developed to iden-
tify optimum eutrophication control strategies (e.g. Navdal, 2001; Brock
and Starrett, 2003; Maler et al., 2003), there are few studies that deter-
mine optimum eutrophication control strategies for specific waterbodies
(but see e.g. Wulff et al., 2001 for a study on eutrophication control in
the Baltic Sea). In order to identify an efficient eutrophication control
strategy for an individual lake, it is necessary to analyse the supply of
ecosystem services of the lake, the costs of eutrophication control meas-
ures and the response of the lake to reduced nutrient loading, includ-
ing the threshold involved. The challenge lies in combining the above
three issues into one ecological-economic model, and to calibrate and
apply the model using water quality data that is measured in a moni-
toring program. From a policy perspective, such studies can support
local authorities with concrete advice on eutrophication management of
specific ecosystems.

The aim of this chapter is to identify efficient and sustainable eutrophi-
cation control strategies for ‘De Wieden’, a Dutch shallow lake ecosystem
(see also Hein, 2006a). The lake is currently in a eutrophic, turbid state
but, because of its major importance for biodiversity conservation and
recreation, local authorities are considering rehabilitating the ecosys-
tem. Ecological-economic modelling is applied in order to analyse the
ecosystem’s response to a reduction in nutrient loading and to compare
the costs and benefits of a range of eutrophication control measures. The
lake dynamics are modelled by means of a set of (differential) equations
obtained through regression analysis of long-term water quality data.
These data were provided by the Waterboard Reest and Wieden (2003),
which has the policy mandate for water quantity and quality management
in the area. Lake dynamics were combined with information on the supply
of ecosystem services and the costs of measures in order to construct an
integrated ecological-economic model for the De Wieden ecosystem.

Section 5.2 presents a description of De Wieden and the ecosystem serv-
ices it provides. The ecological-economic model is developed in Section
5.3, and the efficiency, sustainability and equity implications of different
management options are compared in Section 5.4. Finally, Section 5.5
analyses the uncertainties in the model, and presents a number of recom-
mendations for the management of De Wieden as well as shallow lake
ecosystems in general.
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5.2 THE CASE STUDY AREA

5.2.1 Location and Water Management

The De Wieden wetland is located in the northeastern part of the
Netherlands (52°42°N; 06°03’E). The lakes and canals of the area have
been created through peat extraction activities that started in the late
Middle Ages and continued up to the nineteenth century. This study con-
siders water quality in the four biggest lakes of De Wieden — see Figure
5.1. The lakes are located in close proximity to each other and there is
frequent exchange of water between them. The lakes total 1640 ha, and
their average depth is around 1.8 m. The most important source of water
is a canal entering the lakes from the north. This canal is fed by two small
rivers that drain from the agricultural area located to the northeast of
De Wieden, as well as by excess water released from a number of nearby
polders. The main discharge of the lakes is to the downstream Lake
Zwartewater (around 210 million m?*/year).

Up to the 1960s, the lakes were oligotrophic and the transparency was
over 2m, sufficient to see the lake bottom in most of the area. Since then,
however, population pressures in the region increased and the agricultural
production around the lakes intensified. This resulted in a rapid increase in
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Figure 5.1 The De Wieden wetland
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the input of nutrients in the area, which caused major ecological changes
in the lakes. The original burbot (Lota lota) and roach (Rutilus rutilus)
fish community was replaced by a bream (Abramis brama) dominated
community with high phytoplankton biomass and low transparency.

Since the mid 1970s, nutrient influxes have decreased as a result of the
construction of a sewage treatment facility in the nearby town of Steenwijk
and the gradual implementation of policies aimed at reducing excess use
of fertilisers by farmers. Consequently, the water quality has gradually
improved and the current summer averages for total N and total P are
around 2mg/l and 0.1 mg/l, respectively. The current main sources of
nutrients are two rivers originating in upstream agricultural areas, excess
water from nearby polders and the effluent of a sewage treatment facility
in the town of Steenwijk (Van Berkum, 2000). In spite of the reductions
in nutrient loading in the last three decades, the water is still turbid, with
an average summer transparency in the lakes of around 40cm. The fish
community remains dominated by bream.

5.2.2 Ecosystem Services

The four main ecosystem services of De Wieden are: (1) the provision of
reeds for cutting; (2) the provision of fish (both provisioning services); (3)
the provision of opportunities for recreation; and (4) nature conserva-
tion (both cultural services). The water purification service is based upon
the breakdown and absorption of pollutants in the wetland, but is not
very important for the economic value of De Wieden. To avoid double
counting, its positive impact on recreation and nature conservation in
De Wieden should not be included and its impact on the water quality of
downstream Lake IJsselmeer downstream is very small because the De
Wieden lake supplies only around 0.7% of the water flowing into Lake
IJsselmeer. The four services are described below (they have been analysed
in more detail in Hein et al., 2006).

Provision of reed (for cutting)

The reed of De Wieden has been cut for several centuries, and is mainly
used for thatched roofs. Reed cutting is practiced on some 1400ha
(Natuurmonumenten, 2000), and is locally an important industry, employ-
ing around 220 people (De Bruin et al., 2001). Harvests are in the order
of 665kg/hal/year (De Bruin et al., 2001). Most of the reed cutting is done
in combination with farming and/or fisheries, a suitable combination
because most of the reed cutting takes place in the period October—-March,
and most farming and fishing activities are conducted in the period April—
September. The total turnover from the reed cutting is around 800000
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euro, and the net value added (taken as a proxy for the value of the service)
is around 480000 euro (De Bruin et al., 2001). For the valuation in this
study, it can be assumed that an increase or decrease in reed production in
De Wieden can be compensated by other producers without changes in the
price or quality of the product on the market, and it is therefore assumed
that the consumer surplus resulting from reed production is zero.

Provision of fish

Professional fishermen fish each of the four lakes of the case study area,
which comprise in total around 1600 ha open water. There are in total 11
professional fishermen working in the area (Van Dijk, 2003). The most
important species is eel (Anguilla anguilla), which is fished with hoop nets.
Fishermen also collect the whitefish that ends up in the nets, including
pike, perch pike, bream and roach, although the prices of these fish are
relatively low (Klinge, 1999). Total annual turnover of the fishery sector
is estimated to be only around 215000 euro (Klinge, 1999; De Bruin et al.,
2001; Van Dijk, 2003). Investments are small, and the value added is esti-
mated at around 140000 euro (De Bruin et al., 2001; Van Dijk, 2003). In
comparison with the total eel fisheries in the Netherlands, the contribution
from De Wieden is small; less than 1% of the Dutch market is supplied by
De Wieden (Klinge, 1999). As with reed cutting, it can be assumed that
the consumer surplus generated by the fisheries activities in De Wieden is
Zero.

Recreation

De Wieden is an important area for recreation, attracting visitors that
come for short holidays as well as day-trips. Some 170000 visitors per
year enjoy a range of activities including boating, sailing, hiking, fishing,
canoeing, surfing, swimming and sun-bathing. Benefits of the recreational
opportunities of De Wieden also accrue to the local companies offering
recreational services. These include boat and canoe rental agencies, hotels,
camping sites, marinas, and bars and restaurants. Both companies located
in the study area and companies located in the immediate surroundings of
the study area benefit from the visitors to De Wieden.

Hein et al. (2006) carried out a simple travel zone method to analyse
the demand curve for and consumer surplus generated by the recreation
service of De Wieden. The area under the demand curve, equalling the
consumer surplus, is around 880000 euro (which equals around 5euro per
visit). The value added generated by the recreation sector is calculated on
the basis of the total turnover and the net value added of the recreation
sector. For the recreational companies in De Wieden, the net value added
is around 22% of turnover (De Bruin et al., 2001) and the value added
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generated by De Wieden is around 800000 euro per year. The total value
of the recreational service of De Wieden can be found by summing the
benefits accruing to the visitors and the net value added of the recreational
sector in the immediate surroundings of De Wieden.

Nature conservation

De Wieden is very important for biodiversity conservation in the
Netherlands. It provides a habitat to a wide range of water- and meadow-
birds, dragonflies, butterflies, fish, etc., and it contains, together with
the adjacent wetland ‘De Weerribben’, the world’s only population of a
specific subspecies of the Large Copper butterfly (Lyacena dispar), see
Figure 5.2. The Eurasian river otter (Lutra lutra), which became extinct in
the Netherlands some 12 years ago, was reintroduced in the area in June
2002. The area is protected under national laws, is included in the EU
Habitat and Birds directives and was appointed a Ramsar site in 2002.
The non-use value associated with the nature conservation service can
be analysed with CVM (Arrow et al., 1993; Hailu et al., 2000). Although
CVM has increasingly been applied to analyse the non-material benefits
derived from ecosystems, there are still a number of methodological con-
straints (e.g. Carson, 1998), and the implementation of a well-designed
CVM study is outside the scope of this chapter. Instead, in order to obtain
a crude approximation of the economic value of the nature conservation
service, it is assumed that the amount of money contributed to the NGO

Source: M. Grutters.

Figure 5.2 Large Copper butterfly in De Wieden
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‘Natuurmonumenten’ that manages De Wieden provides an indication of
the willingness-to-pay (WTP) of the Netherlands’ public for nature con-
servation in De Wieden. An advantage of this approach is that it measures
actual payments instead of a stated willingness-to-pay. However, the esti-
mate only indicates the minimum amount the Dutch public is willing to
pay. The actual amount will be higher because some members of the NGO
may be willing to pay a larger sum if this would be necessary to preserve
De Wieden, and because some non-members may also be willing to pay for
nature conservation in De Wieden.

The main objective of the NGO ‘Natuurmonumenten’ is to preserve
Dutch nature for present and future generations by managing and
conserving a number of natural parks in the Netherlands. In the year
2002, the NGO received in total around 29million euro in donations
(Natuurmonumenten, 2003). To estimate the WTP for conservation of
De Wieden, it is assumed that the WTP for this area is proportional to
the aerial surface of De Wieden in comparison to the total area of the sites
managed by the NGO. The total area of the sites managed by the NGO is
71200ha (June 2002), of which 5400ha (7.6%) are located in De Wieden
(Natuurmonumenten, 2003). Hence, the minimum value of the nature
conservation service of the De Wieden wetlands is estimated at around
2.2million euro per year.

All services have been valued in monetary terms. However, different
indicators have been used to indicate the surplus generated by the services
(value added, consumer surplus and payments to Natuurmonumenten).
This restricts the possibilities to add and compare the values. Nevertheless,
the values of the four services have been added to provide a crude indi-
cation of their total value, as presented in Table 5.1. The approximate,
combined monetary value of the four selected ecosystem services provided
by De Wieden is in the order of 4500000 euro per year, or 830 euro per
ha per year.

Table 5.1 Economic value of the ecosystem services supplied by the study

area
Ecosystem service Economic value (euro/year)
Reed cutting 480000
Fisheries 140000
Recreation 1680000
Nature conservation 2200000

Total value of the selected services 4500000
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5.3 THE ECOLOGICAL-ECONOMIC MODEL

5.3.1 Dynamics of Shallow Lake Ecosystems

Eutrophic shallow lakes can, under certain conditions, be in either of two
states: a vegetated state with clear water and an unvegetated, turbid state
dominated by phytoplankton (Timms and Moss, 1984; Jeppesen et al.,
1990; Scheffer, 1998; Meijer, 2000; Van Nes et al., 2002). The two states
represent alternative equilibriums that exist over a certain range of nutrient
conditions. At lower nutrient levels, only the vegetation-dominated state
exists, whereas at the highest nutrient levels, there is only a turbid state.

Shallow lakes tend to be subject to hysteresis (Scheffer, 1998). Vegetated
lake bottoms promote the development of more vegetation by keeping
the lake water clear through (1) stabilizing lake sediments; (2) providing
a shelter to Daphnia (waterfleas) that graze upon the phytoplankton; and
(3) promoting a piscivorous fish community that controls the numbers of
fish species feeding upon Daphnia. In a turbid water state, the lack of light
penetration prevents the establishment of water plants, and a fish com-
munity dominated by benthivorous fish enhances the suspension of lake
sediments, further increasing turbidity. Hence, the vegetated state of clear
lakes is robust during eutrophication, but to restore the vegetated clear
state once the lake has switched to a turbid state, the nutrient level must be
reduced to a much lower level than the one at which vegetation collapsed,
see Figure 5.3.

Turbidity

turbidity

Nutrients

Source:  Scheffer (1998).

Figure 5.3  Hysteresis in shallow lake ecosystems
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The presence of multiple steady states and hysteresis has important
implications for lake management. Shallow lakes that are currently in
a turbid state without vegetation, can be restored to a clear water state
through (1) reduction of the nutrient loading to point ‘a’ in Figure 5.3;
or (2) partial reduction of nutrient concentrations to below point ‘b’
in Figure 5.3 in combination with biomanipulation (Scheffer, 1998).
Biomanipulation involves the removal of a substantial part (>75%) of the
benthivorous fish in order to evoke a switch from a turbid to a clear water
ecosystem (Klinge et al., 1995; Meijer, 2000). Removal of the benthivorous
fish allows Daphnia to graze the phytoplankton, reduces the resuspension
of sediments through activities of the fish and causes a period of clear
water during which water plants can develop (Meijer, 2000).

5.3.2 Model Structure and Data

The ecological-economic model describes the response of the ecosystem to
eutrophication control measures. Total-phosphorus (P) concentrations are
used as the control variable because P is the main limiting nutrient in the
lakes (Van Berkum, 2000; Waterschap Groot Salland, 2000), and because
reduction of nitrogen only may enhance blooms of toxic Oscillatoria
species that are able to fix atmospheric nitrogen (Van der Molen et al.,
1998; Scheffer, 1998; Hosper, 1997). The model contains two approaches
to eutrophication control: without and with biomanipulation. In the
model, biomanipulation is expressed through a modified relation between
P loading and algae growth that reflects the different ecological processes
that occur after biomanipulation. Application of biomanipulation is also
reflected in the costs of the eutrophication control measures.

The model follows a steady state approach to analyse the impacts of
eutrophication control measures on turbidity and macrophyte grow.
However, once macrophyte growth exceeds a minimum cover of the lake
bottom (25%), it is assumed that the whole lake is converted to a clear
water state in a period of five years — in line with current experiences in
large Dutch lakes (Meijer, 2000). This leads to a gradual increase in the
supply of ecosystem services by the lake. The benefits of this transition are
expressed as net present value (NPV) in order to compare them with the
costs of eutrophication control measures.

The various steps included in the model are presented in Figure 5.4 and
described below.

Eutrophication control measures; costs and impacts on P loading
Potential eutrophication control measures have been examined by the
local waterboard (Van Berkum, 2000). In collaboration with the main
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Figure 5.4  Outline of the model

stakeholders in the area (nature conservationists, farmers and representa-
tives from the tourist sector), they have identified the most feasible meas-
ures in terms of cost-effectiveness and acceptance for local stakeholders.
For this study, the six measures that have an impact on the four central
lakes of De Wieden have been selected, see Table 5.2. All measures have
an impact on the inflow of phosphorus through canals and streams, except
Measure 5 that addresses the supply of phosphorus through recreation in
the lakes. Measure 3 involves the chemical removal of phosphates from
the two small rivers that drain the agricultural plateau northeast of De
Wieden. This has also been applied in rivers flowing into other wetlands in
the Netherlands (e.g. the Nieuwkoopse Plassen) and requires the construc-
tion of a new treatment facility. The measures are independent of each
other and their impacts are additive (Van Berkum, 2000). The costs have
been recalculated on the basis of Van Berkum (2000) and are expressed as
net present value (NPV) including investment, and operation and main-
tenance costs, using a discount rate of 5% and a discounting period of 25
years. The measures have been ranked according to their cost-effectiveness.
The costs of biomanipulation in the Netherlands are around 230euro/ha
(Hosper et al., 1992), hence 380000 euro for the four lakes together.

The measures in Table 5.2 have been plotted in order to obtain an
approximate cost curve (Figure 5.5). For reasons of simplicity, the model
uses a continuous cost curve, rather than the discrete set of measures to
calculate the efficient pollution reduction. This also reflects that some
of the measures can be partially implemented. For example, the first
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Table 5.2 Eutrophication control measures for De Wieden

Measure P-reduction  Costs Cost-
(ton/year) (NPV) effectiveness
(million  (million euro/

euro) ton P)
1. Diverting eutrophic polder water 4.2 8 1.90
2. Enhancing sewage treatment plant 0.8 2 2.50
at Steenwijk
3. Phosphorus reduction inflowing 5 16 3.20
rivers
4. Increased connection to sewage 0.5 2 4.00
system
5. Reducing P-loading from recreation 0.06 0.8 13.33
through information of visitors and
enhanced sanitary facilities in the
area
6. Reducing sewage spill-over 0.1 L.5 15.00
Total 10.7
Source:  Adapted from Van Berkum (2000).
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Figure 5.5 Total discounted cost curve for P control measures

measure, diversion of eutrophic polder water, can be implemented for one
up to a total of four surrounding polders. Based on the continuous cost
curve, the following equations are used in the model to describe the costs
of eutrophication control measures.
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Without biomanipulation: 7C = 0.134 AL*> +1.32 AL (5.1a)
With biomanipulation: 7C = 0.134 AL> +1.32 AL + CB (5.1b)

where:

TC = Total costs of the reduction in P loading (euro, expressed as NPV)
AL = Reduction in total-P loading; the current loading is 14.8 ton/year
CB = Costs of biomanipulation (380000 euro)

From P loading to P concentration

The relationship between P loading and the P concentration in the lakes
has been modelled using a steady-state approach. This approach does
not fully reflect the dynamic behaviour of P in shallow lakes, which is
driven by a range of processes such as the uptake and release by algae,
reversible or irreversible absorption and adsorption by the lake sediments,
etc. (Scheffer, 1998). Nevertheless, it can be used to indicate the longer
term trends in the P concentrations of a lake as a function of P loading
(Vollenweider, 1968; Hosper, 1997; Scheffer, 1998). Using data from 14
Dutch shallow lakes, Hosper (1997) updated the original Vollenweider
equations and provided the following equation :

P=L-[0.201 log (z/1) + 0.322]/ (z/x) (n=6312=0.72,t=1.7) (5.2)

where:

P = Phosphorus concentration (mg/1)
L = Loading (g P/m%y)

z = Average lake depth (m)

T = Hydraulic residence time (y)

The applicability of the formula for De Wieden has been tested by compar-
ing the current P loading and P concentration of De Wieden. In the period
1998-2002, the average P concentration of the four lakes was 0.010mg/1, z
was 1.82 m and t was 0.43 (Van Berkum, 2000). Inserting these numbers
in Equation (5.1) yields a P loading of 0.9 g P/m?/y, which equals 15ton P/
year. This corresponds well with the P loading calculated in the P balance,
and it is concluded that Equation (5.2) also provides a valid equation to
model the relation between P loading and P concentration in De Wieden.
It is assumed that there is no significant resupply of P through the sedi-
ments following a reduction of P concentrations in the water column. Two
factors underlie this assumption: (1) the build-up of sediments has been
relatively small in the lakes, only around 20% of the lake bottom cur-
rently has a sediment layer over 10cm depth; and (2) the water column of
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De Wieden is very rich in iron (concentrations range from 0.4 to 2mg/l),
which enhances the immobilisation of P in lake sediments under the
aerobic conditions that prevail at the lake bottoms of De Wieden (Boers et
al., 1998; Schefter, 1998).

From P concentration to algae growth

In this model, chlorophyll a is used as indicator for algae biomass.
In general, there is a positive correlation between the concentration
of the most limiting nutrient and the chlorophyll a concentrations
(Vollenweider, 1968; Dillon and Rigler, 1974). Hence, if P loading is sub-
stantially reduced, it can be assumed that P becomes the main limiting
nutrient. As P is, under current conditions, already the limiting nutrient
in the De Wieden lakes (Van Berkum, 2000), a positive relation between
total-P and chlorophyll a is assumed in the model. However, the relation
between total-P and chlorophyll a is complex. The total-P concentra-
tion determines the algae growth, but the algae concentration also partly
determines the total-P concentration because a substantial part of the
total-P in the water column can be contained in the algae. The uptake
of soluble P in the water column by the algae evokes a new equilibrium
between the P contained in the lake sediments and the P in the water
column, and can cause the release of P from the sediment as the algae
biomass increases in the course of the year (see Scheffer, 1998 for details).
Therefore, for the case without biomanipulation, the yearly average total-P
and chlorophyll a concentrations have been analysed. This reduces the
error in the regression analysis because it excludes the annual variation
between total-P and algae concentrations. The annual variation, driven
by the release of phosphorus from the sediment as a consequence of
algae growth, tends to increase the slope of the curve depicting the rela-
tion between total-P and chlorophyll a (Scheffer, 1998). For the case with
biomanipulation, data availability was insufficient to allow for the analysis
of the relation between total-P and algae on the basis of yearly averages,
and all data were used. The specific equations included in the model for
the two approaches are defined below.

Without biomanipulation The relation between total-P and chlorophyll
a is established on the basis of existing data for the four lakes, which
were available for the period 1992-2002, see Figure 5.6. The unexplained
variation is caused by variations in turbulence, light regime and grazing
(Scheffer, 1998). A linear relation between algae growth and total-P con-
centration is assumed (cf. Hosper, 1997). The trend line inserted in Figure
5.6 1s used as the function describing the development of chlorophyll a as a
function of P concentrations. The equation used in the model is:
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Figure 5.6  Relation between total-P and chlorophyll a in De Wieden

Ch=453-P (n=12;>=0.88;¢ = 8.6) (5.3a)

where:
Ch = chlorophyll a concentration (ug/1)
P = total phosphorus concentration (mg/1)

With biomanipulation 1t is assumed that the main impact of biomanipula-
tion, i.e. the removal of the majority of the benthivorous and zooplankton-
eating fish, is a strong increase in Daphnia concentrations and, hence,
the substantial reduction of algae concentrations in relation to total-P
concentrations. In order to obtain quantitative insight in this effect, Lake
Duinigermeer is used to establish an alternative relation between these two
factors. Lake Duinigermeer is located near to the four lakes considered in
the case study (around 4km distance). Through biomanipulation, it was
restored to a clear water state in 1994. During the period 1994-2002, the
lake has been in a clear water state with reduced fish stocks and high con-
centrations of Daphnia. Figure 5.7 shows the chlorophyll a concentrations
of Lake Duinigermeer as a function of total-P concentrations, and a trend
line. Because of the more limited availability of data, all available samples
are used, instead of yearly averages. However, all samples that were poten-
tially nitrogen limited (with a N:P ratio below 20) have been excluded from
the analysis. For the approach with biomanipulation, Equation (5.3),
which describes the relation between total-P and chlorophyll a, becomes:

Ch=150-P (n=15r*=0.92,1=10.2) (5.3b)
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Figure 5.7 The relation between total-P and chlorophyll a for Lake
Duinigermeer

where:
Ch = chlorophyll a concentration (ug/l)
P = total phosphorus concentration (mg/l)

From algae growth to transparency

Transparency is generally measured in terms of Secchi depth (Scheffer,
1998). Secchi depth samples are available for the period 1991-2002. Secchi
depth is determined by two main factors: algae and sediment concentra-
tions in the water. The sediment concentrations in the water column
depend, among others, on the wind speed. Because the wind speed varies
from one day to the next, the relation between algae growth and Secchi
depth is subject to considerable intra-annual variation. Therefore, the
equation is based on the yearly averages of algae concentration and inverse
Secchi depth (Figure 5.8). A linear relation between chlorophyll a concen-
trations and the inverse of the Secchi depth is assumed (cf. Hosper, 1997):

SD=1/(0.021. Ch + 1.01)
(n = 12; r* = 0.74; t(coefficient) = 5.2; t(constant) = 3.6)  (5.4)
where:

SD = Secchi depth (m)
Ch = Chlorophyll a concentration (ug/l)

From transparency to lake clearness
The Secchi depth is converted to the depth at which sufficient light pen-
etrates to allow the growth of charophyte waterplants. Charophyte plants
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Figure 5.8 Relation between chlorophyll a and the inverse Secchi depth

grow on the lake bottom, rooted by rhizoids, and need light for photosyn-
thesis. They stabilise the sediment on the lake bottom and provide a shelter
to Daphnia. It is assumed that charophytes require 10% of the surface light
to grow (Hosper, 1997). The downward irradiance of light diminishes with
depth according to the following formula (Kirk, 1994):

E(z) = E()-e X+
or:
InE(z)/E0)=—-K-z (5.5)

where:

E(z), E(0) = the values of downward irradiant at depth z and just below
the surface

z = depth

K = vertical extinction coefficient

Although there are substantial variations between lakes in terms of the
relation between the light attenuation and the Secchi depth (Scheffer,
1998), K can be approximated by the following formula (Kirk, 1994):

K= PA/SD (5.6)
where:

PA = Poole-Atkins coefficient
SD = Secchi depth
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There are no measurements of the PA for the De Wieden lakes. Therefore,
it is assumed that the PA of De Wieden is 1.5, which is the average of four
nearby Dutch lakes for which the P4 is available (Loosdrecht, IJsselmeer,
Wolderwijd, Nuldernauw) (Hosper, 1997). These lakes are comparable
to De Wieden in terms of size, depth and the composition of the inflow-
ing surface water. Hence, at depth z,,, at which 10% of the surface light
remains, In [E(z)/E(0)] = —2.3, and:

z,=153-SD (5.7)

where:
z,, = the maximum depth at which charophytes can develop (m)
SD = Secchi depth (m)

The part of the lake that can be covered with plants at a given light pen-
etration depends on the depth profile of the lakes. The depth profile of the
lakes of De Wieden has been studied by Van Berkum (2000). The depth
profile of the four lakes has been plotted in a scatter diagram and an
S-curve has been fitted to the profile. The fitted curve is used to indicate
how much of the lake bottom will be covered by waterplants at a certain
light penetration. This results in the following equation:

PL, =100/ (1 + 375.¢* Zay (n = 10; F= 21; 7= 0.98)  (5.8)

where:
PL, = percentage of the lake bottom covered with waterplants in year 1
z,, = depth at which 10% of the surface light penetrates

In large lakes, there can be a combination of clear and turbid water states,
with the water above the water plants clear and the water in the other
parts of the lake turbid (Scheffer et al., 1994; Meijer, 2000). However, if
the percentage of the lake covered with waterplants passes a critical cover,
the whole lake turns into a clear water state (Meijer, 2000). Based on
the review of Dutch lake ecosystems, Meijer (2000) suggests that a cover
of around of 25% of the lake bottom is sufficient to gradually turn the
whole lake into a clear water system. Obviously, this critical assumption is
subject to high uncertainties. In reality, the percentage will differ for each
lake, depending on the physical and biological characteristics of the lake.
However, specific data for De Wieden are not available (and may not be
before it is attempted to bring the lakes into a clear water state) and the
25% threshold is used in the model, while sensitivity analyses are provided
for a threshold of 20% and 30%. Hence, it is assumed in the model that if
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waterplants cover at least 25% of the lake bottom following a reduction
in nutrient loading without or in combination with biomanipulation, the
whole lake switches to a clear water state. It is also assumed that the estab-
lishment of charophyte waterplants in the whole lake (and hence the tran-
sition of the whole lake to a clear-water state), would take five years, in
line with the development of vegetation in nearby Lake Wolderwijd. If the
threshold is not passed, charophyte cover is assumed to remain constant.
An exponential growth curve has been fitted to the development of charo-
phyte cover in Lake Wolderwijd (Meijer, 2000), and it is assumed that the
development of waterplants in De Wieden will proceed accordingly, as a
function of time and the waterplant cover in year 1:

81

¢ = 1 + 70 - e 15U+ (PL-025/0.1875]

PL

+ 19 (fort=2and PL, > 0.25)
(5.9)

where:
PL, = percentage of the lake bottom covered with waterplants in year ¢

The benefits of clear water

It is assumed that only the two services, nature conservation and recrea-
tion, will benefit from a switch to clear water. Regarding nature conser-
vation, analysis of the habitat requirements of all 108 threatened species
occurring in the area revealed that 35 of them would benefit from a switch
to clear water, and that no threatened species would be negatively affected
by it. The species benefiting include waterbirds, dragonflies, fish, vascu-
lar plants and two mammals (the Eurasian river otter, L. lutra, and the
European water shrew, Neomys fodiens). As for the recreation service,
swimmers, in particular, but also sailors and surfers appreciate clear
water, provided that waterplants do not hamper the access of the boats
to the lakes (Van der Veeren, 2002). Fisheries and reed cutting will prob-
ably not significantly benefit from a transition to clear water. For local
fisheries, the most important species is eel, which is relatively insensitive
to modest changes in P concentrations or a potential shift to clear water
(Svedang et al., 1996). Reed growth also does not respond to such changes
(Clevering, 1998; Romero et al., 1999).

The monetary benefits of a switch to clear water are difficult to quantify.
Regarding the nature conservation service, it is very difficult to translate
the potential changes in species occurrence into a monetary value (Spash
and Hanley, 1995; Nunes and van den Bergh, 2001). Concerning the
recreation service, it is not known if, and by how much, visitor numbers
would increase following an increase in water transparency. In addition,
there is no accurate information on the willingness-to-pay of visitors for
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clear water. Therefore, the study does not embark on a valuation of these
benefits. Instead, the model calculates the net benefits of a reduction in
total-P loading for a range of assumed values of the increased supply of
the nature conservation and recreation service following a switch to clear
water. In other words, the net benefits of eutrophication control measures
are calculated as a function of both (1) the level of eutrophication control
and the type of measures implemented (without or with biomanipulation);
and (2) the assumed value of the increase in the supply of the two eco-
system services.

The formula used to calculate the net benefits is shown below. The net
benefits (U) and the total costs (TC, from equations (5.1a) and (5.1b) of
the eutrophication control measures are expressed as NPV (discounted
over 25 years, using a 5% discount rate). It is assumed that the benefits
increase proportionally with the percentage of the lake that has clear water
(which may vary over time).

25
U= Y10 +r -(TB-PL) — TC (5.10)
t=0

where:

U = Net benefits of the eutrophication control measures (euro)

r = Discount rate at time 7 (5%)

TB = Annual benefits as a result of a switch to clear water (euro/year)
PL ,= Percentage of clear water in the lake (%) in year ¢

TC = Total costs of the eutrophication control measures (euro)

54 RESULTS

5.4.1 Costs and Benefits of Management Options

The costs of eutrophication control relate to the costs of the P control
measures and, in the second approach, also to the costs of biomanipula-
tion. The benefits increase proportionally with the part of the lake that is
in a clear water state. They are derived from increased opportunities for
nature conservation and recreation in clear water. As explained in the
previous section, these benefits are difficult to value in monetary terms,
and the net benefits of eutrophication control are calculated for a range of
assumed values of the annual benefits of a switch to clear water. The cost-
efficiency of each level of eutrophication control is expressed as a NPV,
with all annual cost and benefits converted on the basis of a 5% discount
rate, and using a 25-year discounting period.
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Efficiency of reducing P loading: without biomanipulation

Figure 5.9 shows the economic efficiency of reducing the inflow of P in De
Wieden without biomanipulation. The figure has three axes, represent-
ing (1) the pursued reduction in P inflow; (2) the annual value attributed
to a switch to clear water; and (3) the net benefits (expressed as NPV) as
a function of the two previous variables. If the annual benefits of clear
water are larger than zero, there is a bimodal distribution with respect to
the value of eutrophication control. In this case, there is a point of local
maximum efficiency at a zero reduction in P loading, and a second point
of local maximum efficiency for a reduction in P loading of around 9ton/
year. The second local maximum corresponds to the minimum P inflow
reduction at which the complete lake changes from the current turbid
water state to a clear water state. The corresponding P concentration in
the lake is predicted to be 0.03mg/l. Hence, in the absence of biomanipula-
tion, the model indicates that the lakes can be expected to switch to a clear
water state at a total-P concentration of 0.03mg/l. Which of the two local
maximums is preferable depends on the benefits attributed to clear water.
If the annual benefits provided by clear water (through enhanced biodi-
versity protection and more opportunities for recreation) are valued at at
least 1.75million euro/year, it is economically efficient to reduce the inflow

NPV
(million euro)

m0-10
0-10-0
0-20-10
o —30-20
o —40-30
0 -50-40

6 .
8\'1\6\'\\'\//:5 2 Value clear water

Reduction of P loading 12 (million euro/year)
(ton/year)

Source:  Hein (2006a).

Figure 5.9  Net present value of eutrophication control measures in De
Wieden (without biomanupilation)
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Figure 5.10  Net present value of eutrophication control measures in De
Wieden (with biomanupilation )

of total-P by 9 ton/year in order to obtain clear water. This involves total
investment costs of 22 million euro.

Efficiency of reducing P loading: with biomanipulation

The approach normally followed in the Netherlands to rehabilitate shallow
lake ecosystems to a clear water state is through biomanipulation, which
may or may not be applied in combination with a reduction in P loading
(Perrow et al., 1997). Figure 5.10 shows the economic efficiency of reduc-
ing the inflow of P in De Wieden with biomanipulation. When bioma-
nipulation is applied, there is a point of local maximum efficiency at a zero
reduction in P loading, and a second point of local maximum efficiency
for a reduction in P loading of 3ton/year. The second local maximum
corresponds to the minimum P inflow reduction at which the complete
lake changes from the current turbid water state to a clear water state.
The model indicates that the corresponding P concentration in the lake is
0.08 mg/l. Hence, biomanipulation is predicted to be successful if the lakes
have reached a total-P concentration of 0.08 mg/l. Which of the two local
maximums is preferable depends on the benefits attributed to clear water.
If the annual benefits provided by clear water (through enhanced biodi-
versity protection and more opportunities for recreation) are valued at at
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least 0.5 million euro/year, it is economically efficient to reduce the inflow
of total-P by 3 ton/year and apply biomanipulation in order to obtain clear
water. This involves a total investment cost of Smillion euro.

5.4.2 Comparison of Management Options

Based on the analysis presented above, three management options for De
Wieden can be analysed with regards to their efficiency, sustainability and
equity implications. The management options are, respectively, no further
action, nutrient pollution reduction without biomanupilation and nutrient
pollution reduction in combination with biomanupilation. The degree to
which the three criteria for ecosystem management are fulfilled for each of
the ecosystem management options is discussed below.

Efficiency

The presence of two steady states of the ecosystem creates two points
of local maximum efficiency in ecosystem management, each belong-
ing to one state. For the shallow lake ecosystem studied, one point of
local maximum efficiency belongs to the current, turbid water state and
involves no reduction in eutrophication levels. The other local maximum
corresponds to implementation of the cheapest management strategy that
would cause a bifurcation to a clear water state. For the lakes of the De
Wieden wetland, this involves reducing the inflow of total-P by 2 ton/year,
in combination with biomanipulation.

The study shows that an approach that combines nutrient pollution
control with biomanipulation (removal of >75% of the bream in the lakes)
is the cheapest option of restoring clear water in the lake. The removal
of an extra amount of nutrients in the case where biomanipulation is not
applied is more expensive than the biomanipulation. Whether it is eco-
nomically efficient to select the second local maximum and pursue a clear
water state depends upon the ratio between the costs of the measures and
the benefits of an increased supply of ecosystem services following reha-
bilitation. The implementation of eutrophication control measures that do
not lead to a rehabilitation of the clear water state is not cost-effective.

In the case of De Wieden, it appeared difficult to assess how ecosystem
services supply would change following rehabilitation of the ecosystem.
Whereas the present value of the four key services of De Wieden could be
quantified using the available data, there was a high degree of uncertainty
on how much the performance of the services would increase if the lakes
were restored to a clear water state. As analysed above, where nutrient
concentrations would be reduced and the water would be restored to a
clear water state, there would be few impacts on fishing and reed cutting,
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but an increased supply of the recreation and biodiversity services can be
anticipated. It proved difficult to quantify these increases. Estimates of
the willingness-to-pay of visitors for experiencing clear rather than turbid
swimming water are available for the Netherlands (Van der Veeren, 2002),
but it is uncertain how the number of visitors coming to De Wieden would
increase if the lakes shifted to a clear water state. Clearly, this has a major
impact on the recreational service of the area (turnover of the tourism
industry, visitors’ consumer surplus). A positive impact can also be antici-
pated for the biodiversity service. Interviews with ecologists working in
the area showed that many threatened species would benefit from a switch
to clear water, and no rare or threatened species would be expected to be
worse off (see below). However, the precise increase in species abundance
would be very difficult to predict and very difficult to quantify in mon-
etary terms. In principle, these data deficiencies could be overcome with
regression analysis of tourism numbers in lakes with different properties
including different water qualities, and by looking at species occurrence in
otherwise comparable lakes with clear water. However, these methods are
data intensive and prone to a considerable degree of uncertainty, and they
have not been pursued for this case study.

Sustainability

Reducing nutrient pollution and restoring the clear water state of De
Wieden would enhance the ecological value of the area. The ecological
value of De Wieden is indicated by the occurrence of species that are
considered of national importance for nature conservation, the so-called
‘target’ species. Target species have been defined by a large panel of experts
as ‘species that need specific consideration in Dutch nature policy on the
basis of their rarity, and/or a negative trend in occurrence nationally and/
or internationally’ (Bal et al., 2001). In total, 1006 target species have been
distinguished for the Netherlands, including mammals, birds, reptiles, fish,
insects, bivalves, snails, worms, plants and mosses. Of the Dutch target
species, 108 occur in De Wieden.

The impact of a shift to clear water on each of the target species present
in De Wieden has been analysed based on Natuurmonumenten (2000), the
Netherlands Association for Dragonfly Studies (2002) and Noordhuis et
al. (2002), cross-checked with ecologists working in the area. It appears
that 35 target species would benefit from a shift to clear water, because
their opportunities to forage or reproduce would increase, or because they
depend upon species that would benefit from a transition to clear water
(Table 5.3). There are no target species that are likely to decline following
a switch to clear water in De Wieden.

Analysing the sustainability of water management policy options in De
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Table 5.3  List of target species occurring in De Wieden that would benefit
from a shift to clear water

Species
English Latin
Birds
Tundra swan Cygnus colombianus spp. bewickii
Marsh harrier Circus aeruginosus
Common bluethroat Luscinia svecica
Black tern Chlidonias niger
Purple heron Ardea purpurea
Great bittern Botaurus stellaris
Little bittern Ixobrychus minutus
Common kingfisher Alcedo atthis
Spotted crake Porzana porzana
Night heron Nycticorax nycticorax
Little grebe Tachybaptus ruficollis
Savi’s Warbler Locustella luscinioides
Sedge Warbler Acrocephalus schoenobaenus
Bearded tit Panurus biarmicus
Great reed warbler Acrocephalus arundinaceus ssp. arundinaceus
Fish
Crucian carp Carassius carassius
Burbot Lota lota
Miller’s thumb Cottus gobio
Barbel Barbus barbus
Atlantic salmon Salmo trutta
Butterflies
Grizzled Skipper Pyrgus malvae
Large Copper Lycaena dispar
Dragonflies
Green hawker Aeshna viridis
Large White-faced dragonfly Leucorrhinia pectoralis
Yellow-spotted dragonfly Somatochlora flavomaculata
Siberian Winter Damsel Sympecma paedisca
Scarce chaser Libellula fulva
Hairy dragonfly Brachytron pratense
Norfolk hawker Aeshna isosceles
Mammals
Eurasian river otter Lutra lutra
European water shrew Neomys fodiens
Vacular plants
Fen orchid Liparis loeselii
Floating bur-reed Sparganium natans
Intermediate bladderwort Utricularia intermedia

Lesser bladderwort Utricularia minor




126 Economics and ecosystems

Wieden requires defining the reference year and the situation with which
environmental quality is compared. If the base year is the present state of
the ecosystem, i.e. before implementation of the pollution control meas-
ures, all three options (doing nothing, nutrient pollution control, nutrient
pollution control in combination with biomanipulation) would be sustain-
able, as none of them would lead to a further decline in biodiversity or the
capacity of the ecosystem to supply ecosystem services.

However, in the case where sustainability in De Wieden is analysed with
regards to the bigger picture of environmental change in the Netherlands
—which may be justified because of the national importance of the area for
biodiversity conservation and recreation — a different conclusion can be
drawn. In the Netherlands, as a whole, there is an ongoing decline in biodi-
versity and numbers of target species (PBL, 2008). If the national perspec-
tive is taken, i.e. an ongoing negative trend in the numbers of target species
in the country, restoring the lakes to a clear water state will contribute to
sustainable ecosystem management.

Hence, the case study shows the difficulty of interpreting sustainability
at the level of the ecosystem. If the present condition of the lake itself is
taken, rehabilitation would not be required to reach sustainability, but
if the reference case is the Netherlands, as a whole, or a historical situ-
ation (prior to the shift to a turbid ecosystem around 1970), sustainable
management would require rehabilitation.

Equity

There is no basic difference between the two different options available for
restoring clear water in the lakes, in terms of equity aspects. However, a
shift to a clear water ecosystem would, compared to the present situation,
increase the supply of two ecosystem services (recreation and biodiversity
conservation). Ecosystem services analysis can be instrumental in identify-
ing impacts of ecosystem change on different stakeholders. A brief analysis
of how ecosystem services accrue to local versus other stakeholders in the
De Wieden case study area is presented below.

People engaging in fisheries and reed cutting are almost exclusively local
people, living in the municipality of Steenwijk. The benefits resulting from
these two service therefore accrue mainly at the local level. As for recrea-
tion, the benefits are distributed over a range of stakeholders present at
different scales. There is local industry (hotels, restaurants, boat rental,
etc.) owned by, or employing, local people. In addition, there is the benefit
of having recreation opportunities for people living nearby and at greater
distances from De Wieden. Finally, the nature conservation service is rel-
evant for the local people, but also, given the importance of the area, at the
level of the country and above.
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Figure 5.11 The relation between institutional scale and the value of
ecosystem services

The value of the four services supplied by the area has been assessed in
order to reveal how the benefits accrue to stakeholders at different scales.
For reed cutting and fisheries, it is assumed that all benefits are generated
at the level of the local municipality. For recreation, the benefits for the
tourist industry are assumed to be generated locally, but the consumer
surplus accruing to visitors has been attributed to different spatial scales
as a function of the place of residence of the visitors, as recorded with a
survey (Van Konijnenburg, 1996). The value of the nature conservation
service at different scales is estimated by analysing where the members
of the NGO maintaining the site (Natuurmonumenten) are living, distin-
guishing members in the municipality, the province and in the rest of the
country. The value of the nature conservation service at the global scale is
not known, although its ecological value is confirmed through its appoint-
ment as Ramsar wetland and through its inclusion in the areas designated
under the EU Habitat and Birdlife Directives.

Figure 5.11 shows how the values of the four main ecosystem services
generated in De Wieden are distributed over four institutional scales. It is
clear that the provisioning services benefit local people, whereas much of
the benefits of nature conservation and, to a lesser extent, the recreation
service accrue to other parts of the country. Hence, the interests of the
national and the municipal stakeholders in managing the ecosystem are
not aligned.

The analysis indicates that local stakeholders would benefit from restor-
ing the lakes to clear water because they would have increased recreational
opportunities nearby, and there may be a positive impact on the local rec-
reation sector. None of the stakeholders would be negatively affected by
a shift to clear water. In terms of payments for restoring clear water, the
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policy mandate resides with the water board, which operates at the level of
the province, but a case could be made, based on the analysis, for national
financial support for restoring the water quality in the lakes, given the
benefits of clear water to two ecosystem services relevant in particular at
the national scale (recreation and biodiversity).

5.5 DISCUSSION AND CONCLUSIONS
5.5.1 Uncertainties in the Model

There are several sources of uncertainty in the models, related to: (1)
inaccuracy of the data; (2) uncertainty in the model equations; and (3)
uncertainty in the threshold value (see also Rotmans and Van Asselt,
2001). These three aspects are briefly discussed below.

Inaccuracy in the data

The ecological data is relatively reliable as all variables (P concentrations,
chlorophyll a concentrations, Secchi depth, etc.) can be accurately meas-
ured, and because the available data set is large. However, the costs and
impacts of the P control measures are based on expert judgement and are
known only by approximation. The level of uncertainty related to the cost
figures is not known.

Uncertainty in the model equations

There are considerable uncertainties related to the parameters of several
of the empirical equations used in the model. In particular, this applies to
the equation relating phosphorus loading and phosphorus concentration,
which was based upon Hosper (1997). With a t-value of 1.7, this equation
is significant only at the 0.15 level (following Blalock, 1987). Another
main source of uncertainty is the Poole-Atkins coeflicient (PA) assumed
for De Wieden in Equation (5.7) (P4 = 1.5). The PA of shallow lakes in
the Netherlands varies from around 1.0 to 2.1 (Hosper, 1997), and it is not
certain how well the average PA of four nearby lakes of comparable size
represents the PA of the De Wieden lakes.

Uncertainty in the threshold value

A sensitivity analysis has been conducted for the threshold at which the
switch to a clear water system occurs (Equation (5.9)). In the model, the
threshold was set at 25% cover of the lake bottom with waterplants. At a
cover exceeding 25%, the whole lake would develop into a clear water system
(cf. Meijer, 2000). The results of the sensitivity analysis, for thresholds of
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Table 5.4  Sensitivity analysis for the threshold level

Factor Critical plant cover

20% 25% 30%

Without biomanipulation

Reduction of P loading required (ton total-P) 9 10 12
Critical P concentration (mg/l) 0.04 0.03 0.02
Minimum yearly benefits that justify transition to 1.8 2.0 2.8

clear water (million euro)
With biomanipulation

Reduction of P loading required (ton total-P) 0 2 5
Critical P concentration (mg/1) 0.11 0.09 0.08
Minimum yearly benefits that justify transition to 0.1 0.5 0.8

clear water (million euro)

20% and 30%, are shown in Table 5.4. Table 5.4 shows that the threshold
value has a substantial impact on the critical P concentration and the value
of the benefits required to justify a policy aimed at obtaining clear water.

Clearly, the uncertainties of the analysis are substantial, with a main
factor being the threshold level, and the model cannot be used to predict
the development of the lakes following eutrophication control. However,
the model does reflect the mechanisms that occur in a shallow lake eco-
system following implementation of eutrophication control measures.
The accuracy of the model and the data is sufficient to demonstrate the
implications of an ecological threshold for the formulation of an efficient
management strategy. In addition, the model provides an order-of-
magnitude estimate of the minimal value of clear water that would — from
an economic perspective — justify a strategy aimed at recovering the clear
water state of three lakes in De Wieden.

5.5.2 Implications for Ecosystem Management

Management of ecosystems subject to multiple steady states
The presence of alternative steady states has been recognised in a range
of different ecosystems (Scheffer et al., 2001). Commonly, the state of the
ecosystem determines its capacity to supply ecosystem services (Méler,
2000; Limburg et al., 2002). This is illustrated by the study of the De
Wieden ecosystem. The opportunities for recreation and nature conserva-
tion are substantially higher in the clear water state. The supply of two
other services, reed cutting and fisheries, is not significantly affected by a
switch in ecosystem state at the considered range of nutrient levels.
Rehabilitation of lakes currently in a turbid water state is, from an
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economic perspective, justified if the benefits outweigh the costs of a switch
to clear water. In other words, the increase in the supply of ecosystem serv-
ices should be at least equal to the costs of the eutrophication control meas-
ures. Although biomanipulation is relatively cheap, the costs of reducing the
inflow of phosphorus are often high (see also Carpenter and Cottingham,
1997; Miler, 2000). Because the increased supply of ecosystem services
strongly depends upon the state of the ecosystem, these benefits are only
obtained following a switch to a clear water state. The implementation of
measures that do not lead to such a shift is, therefore, not cost-effective.
Hence, the presence of two multiple steady states forces the ecosystem
manager that wants to implement an economically efficient management
strategy to make a choice on which state to pursue. In the case of De Wieden,
there are basically two options, each represented by a local maximum in
Figures 5.9 and 5.10: maintaining the current state (low benefits, no costs)
or rehabilitating the ecosystem (higher benefits, higher costs). The choice
between the two options depends upon the ratio between the costs of the
measures, and the benefits of the increased supply of ecosystem services.

Implications for the management of De Wieden

A number of specific recommendations for De Wieden can be formulated.
First, it is more cost-effective to rehabilitate the lakes through a combina-
tion of reducing the inflow of phosphorus and biomanipulation, compared
to an approach in which only phosphorus loading is reduced. This con-
forms to the current experiences with the rehabilitation of shallow lakes in
the Netherlands (RIZA, 1997; Meijer, 2000). Second, it is probably neces-
sary to reduce the phosphorus concentrations in the lakes to allow bioma-
nipulation to be successful. The model indicates that a reduction from the
current 0.10 to 0.09 mg total-P/l would be required, based upon a threshold
value of 25% water plant cover. However, as the uncertainty in the model
is high, further research is required to confirm this recommendation (see
Jeppesen et al., 1990). Third, the annual benefits of a switch to clear water
in the three selected lakes would have to be valued at around 0.5 million
euro per year to economically justify implementation of the eutrophication
control measures. In comparison, the current annual expenditure of the
NGO Natuurmonumenten for the management and conservation of bio-
diversity in De Wieden amounts to 1.5million euro (Natuurmonumenten,
2000) and the annual net benefits provided by the four lakes are around
4.5million euro per year (see Table 5.1). In view of the substantial uncer-
tainties in the response of the ecosystem to eutrophication control meas-
ures, the waterboard could, following reduction of the phosphorus inflow,
consider the gradual application of biomanipulation starting with the shal-
lowest lake (i.e. the Schutsloterwijde) where the chance of success is highest
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(RIZA, 1997; Meijer, 2000). If this is successful, biomanipulation could be
extended to the other lakes.

National and EU policies

The study indicates that the current Dutch policies, as expressed in
the ‘Fourth National Policy Document on Water Management’ (VW,
1998), may not be efficient. These policies aim at a reduction of total-P
concentrations in lakes classified as important for nature conservation
to 0.05mg total-P/l. However, at low total-P concentrations, the supply
of the ecosystem services ‘recreation’ and ‘nature conservation’ depends
upon the transparency of the water rather than on the total-P concentra-
tions. Furthermore, where biomanipulation is applied, it will in many
lakes be possible to achieve clear water at total-P levels above 0.05mg/1
(Meijer, 2000). Jeppesen et al. (1990) indicate that biomanipulation can be
applied at a total-P concentration of 0.08-0.15 mg/l, depending upon lake
characteristics. For Dutch lakes, in general, clear water is achieved much
more cheaply through biomanipulation than through reduction of total-P
concentrations only (Hosper et al., 1992; Klinge et al., 1995; RIZA, 1997).
Therefore, it is more cost effective to enhance water quality through reduc-
ing nutrient loading in combination with the application of biomanipula-
tion, than through setting a standard for total-P concentrations only.

In policies regarding water quality, the Dutch government could con-
sider increasing the allowable total phosphorus concentration in waters
with the main function ‘nature’ to 0.08 mg/l (which should in most cases
be sufficient to reach clear water through biomanipulation), and combine
this norm with a norm for water transparency. For instance, a summer
visibility norm of 1 m would allow the establishment of water plants up
to a depth of around 1.5m, depending upon lake characteristics such
as substrate and wind exposure. Considering that the large majority of
Dutch lakes are very shallow, with average depths of 1.5 to 2m (Hosper,
1997), this norm would result in clear water in a substantial number of the
Netherlands’ lakes. Since it appears that biodiversity and recreation are a
function of water transparency rather than total-P levels (at least within
the examined range of total-P values), this would bring greater benefits at
lower costs compared to the current 0.05mg total-P/litre norm.

The findings are also relevant for the implementation of the EU Water
Framework Directive that requires member states to specify water quality
standards as a function of the uses of the river, i.e. the ecosystem services
supplied by the river. For waters identified as being important for recrea-
tion and nature conservation, whether visibility can be included as water
quality indicator should be examined, as well as whether overly strict
targets for total P loads should be avoided.



6. Case study: rangeland management
in the Ferlo, Senegal

6.1 INTRODUCTION

In this chapter, the ecological-economic modelling approach described in
Chapter 3 is used to analyse grazing strategies in a semi-arid rangeland in
Senegal. Semi-arid rangelands are the vast tracts between deserts and the
agricultural zones where rainfall is generally too low or unreliable for crop-
ping, and where livestock keeping is the most important source of income
(Walker and Noy-Meir, 1982; Walker and Abel, 2002). In recent decades,
a range of models have been developed that aim to provide guidance on
how to maximise income from livestock keeping in semi-arid zones while
maintaining the natural resource basis. This has been a particularly urgent
question for the Sahel, which has around 70 million pastoralists that are
food insecure in years of drought (FAO, 2001). Furthermore, climate
change may lead to a reduction of rainfall in the Sahel in the coming
decades (Held et al., 2005), making it even more urgent to understand the
sustainability and economics of Sahelian pastoralism.

Rangelands have been modelled for several decades. Initial economic
rangeland models comprised simple ecosystem dynamics that implicitly
assumed exogenous forage production of the rangeland (e.g. Dillon and
Burley, 1961; Hildreth and Riewe, 1963; Walters, 1968). In subsequent
years, these models were adjusted to better reflect management strategies
of pastoralists and/or ecosystem dynamics. For instance, McArthur and
Dillon (1971) present a stochastic single period model with a risk averse
manager, and Karp and Pope (1984) and Rodriguez and Taylor (1988)
present dynamic models that consider the effects of the stocking rate on
forage production. In the last 20years, ecological research has shown that
rangelands tend to be subject to multiple stable states as well as stochastic
responses to rainfall variability (e.g. Friedel, 1991). In response, a range of
more sophisticated rangeland management models has been developed. For
example, Perrings and Walker (1997) present a model for rangelands driven
by fire and grazing that allows for multiple states, and Janssen et al. (2004)
model the productivity of a rangeland dominated by shrubs and perennial
grasses as a function of two control variables, stocking rate and fire.

132
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A major issue in rangeland modelling is how to account for the simul-
taneous impacts of stochastic rainfall and the feedback effect of grazing
on vegetation production and the efficiency of different grazing strategies
(Fernandez-Gimenez and Allen-Diaz, 1999; Briske et al., 2003). Annual
rainfall determines the year-to-year variation in rangeland productivity,
whereas the long-term stocking density determines the composition and
density of the plant cover, which, in turn, determines biomass production
under certain rainfall conditions (Le Houérou, 1984). Most of the Sahel
is dominated by annual rather than perennial grasses, and the rangeland
models should be adjusted to this characteristic of the Sahel. A crucial
difference between annual and perennial vegetation is that, during the dry
season, the standing biomass in annual vegetation is carried over to the
next year in terms of soil nutrients rather than plant biomass. This leads
to much larger interannual variations in the species composition of plant
communities compared to rangelands dominated by perennial grasses.

In this chapter, a model for semi-arid rangelands dominated by annual
grasses is developed that accounts for stochasticity in rainfall, as well as
the feedback of high grazing pressures on the vegetation (see also Hein
and Weikard, 2008). The model is developed for the Ferlo semi-arid
rangeland in northern Senegal. In line with recent ecological insights, the
model assumes that the impacts of high grazing pressure on the vegetation
of the Ferlo cannot be reversed by a few years of low grazing pressure (cf.
Le Houérou, 1984; Walker, 1993; Ludwig et al., 2001; Walker and Abel,
2002). Instead, how the livestock grazing regime will influence the long-
term capacity of the land to produce animal feed is examined.

The decision variable of the model is the long-term stocking density
applied by the pastoralist society (cf. Walker, 1993; Batabyal et al., 2001).
This chapter follows a simulation modelling approach, where the differen-
tial equations governing rangeland dynamics and pastoralists’ income are
captured in a dynamic systems model. Subsequently, the model is run for a
range of long-term stocking rates in order to produce a simple profit func-
tion and determine the stocking rate that provides the highest profits to
the pastoralist society. Using an algebraic optimisation approach, the first
order conditions for economic efficient grazing can also be determined.
This approach, and the resulting conditions for efficient grazing strategies
are not included here, but can be found in Hein and Weikard (2008).

The model calculates an efficient stocking rate for the pastoralist society
as a whole. However, in reality, the problem of the commons is a key
factor in rangeland management. Stocking decisions in northern Senegal
are made by several tens of thousands of pastoralists who do not act as
one profit-maximising entity. In addition, profit maximisation is only
one of their decision-making criteria; their strategy will also be aimed
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at, for instance, reducing risks. This chapter shows how the economic
efficient grazing stocking rate can be determined, rather than the optimal
strategy from the perspective of the individual pastoralist. Hence, the
model is useful to support policy formulation on rangeland management,
rather than explaining the behaviour of individual pastoralists, as further
discussed in Section 6.5.

The model and the case study are based on ecological data from a 10-
year grazing experiment conducted in the Ferlo, Senegal (1981-1990)
(Miehe, 1997). These data reveal the joint impact of rainfall variability and
long-term stocking rate on rangeland productivity. The study does not
address the issue of multiple states in semi-arid rangelands (Friedel, 1991;
Walker and Abel, 2002). The grazing experiments show that the grazing
regimes currently applied in the Ferlo are unlikely to lead to a switch to
a new rangeland state with the exception of the zones around boreholes.
This is further elaborated in Section 6.5.

6.2 THE CASE STUDY AREA

The study area is the Ferlo Region, Northern Senegal (Figure 6.1). The
natural vegetation consists of dry grassland with scattered trees and
bushes. The herbaceous layer comprises a mix of grasses, leguminous
species and other plants. While both annual and perennial species occur in
the Ferlo, annual species strongly dominate the herbaceous layer (Breman
and De Ridder, 1991; Hein, 2006b). Soils are mainly of aeolian origin and
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are predominantly sandy, with variable but generally small amounts of
loam and clay. Annual rainfall varies between around 120 and 450 mm,
with an average of 291 mm. The rainy season lasts only three months,
from July to September (Andre, 1998).

With an average population density of around five people per km?, the
total rural population of the Ferlo can be estimated at around 110000
people (Direction de la prévision et de la statistique, 1997). Livestock
keeping is the main economic activity in the Ferlo and it is essential for
local food security. The principal animals kept are cattle (Zebu), sheep and
goats. The rangeland also provides a number of other ecosystem services,
such as timber and fuel wood, fibres for making baskets, medicinal plants,
wildlife, etc. The most important off-farm activities are the selling of crafts
(2% of income) and the collection and sale of arabic gum (3% of income)
(Sutter 1987). Hence, the contribution of these other ecosystem services
to the local income is small, and this chapter focuses on the provision of
fodder for cattle grazing.

While there is considerable variation among the local pastoralists
as a consequence of family size and composition, herd size, etc., tran-
shumance remains the most common production system among the
Fulani (Adriansen and Nielsen, 2002). Families spend the wet season in
the Ferlo, with the herds feeding on the green pastures and water being
provided by ponds or boreholes. In recent decades, a substantial number
of new wells have been constructed in the Ferlo, drawing water from deep
aquifers, and perennial water sources are now available throughout the
Ferlo (Ministére de I’'Hydraulique, 1987). The drilling of the boreholes,
in combination with government policies aimed at settling local people in
order to facilitate their incorporation in the administrative system, caused
a concentration of grazing pressures and led to the creation of denuded
zones around the wells (Sinclair and Fryxell, 1985).

During the dry season ponds dry out, but water is still provided by the
boreholes, unless there is a pump failure. Feed resources strongly decline
during the dry season, and many of the pastoralists migrate southwards to
the more humid Sudan zone, where fallow lands and crop residues provide
food for the animals and where more perennial water resources are avail-
able (Sutter, 1987; Breman and De Ridder, 1991; Adriansen and Nielsen,
2002). However, since the early 1990s, there has been an expansion of
agricultural activities in the Sudan zone, which increasingly limits the pos-
sibility for pastoralists to migrate south in the dry season (Guerin et al.,
1993; Adriansen, 2006).

In recent years, there has been an increase in the number of small rumi-
nants, which are more drought tolerant. In addition, there has been a
trend to increased connection with the livestock markets, with the Fulani
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becoming more actively engaged in selling and buying livestock on local
and regional markets (Adriansen, 2006). Currently, average livestock den-
sities in the Ferlo are in the order of 0.15-0.20 Tropical Livestock Units
(TLU) per hectare (De Leeuw and Tothill, 1990; Miehe, 1997). A TLU is
an indicator that has been developed to measure livestock production and
that corresponds to 250kg of animal weight (Boudet, 1975). In the Ferlo,
a Zebu cow equals on average 0.73 TLU and a sheep or a goat is around
0.12TLU (Boudet, 1975).

6.3 THE ECOLOGICAL-ECONOMIC MODEL

6.3.1 Dynamics of Semi-arid Rangelands

Early models of rangeland dynamics were based upon the Clementsian
theory of ecological succession (Clements, 1916; Weaver and Clements,
1938). These models assumed that succession to a climax is a steady
process that can be reversed by grazing, drought, fire or other distur-
bances. A given stocking rate was generally assumed to result in an equi-
librium state of the vegetation (Walker, 1993). These early models were
not capable of adequately predicting impacts of changes in rangeland
management (Walker, 1993) and new insights in rangeland dynamics have
emerged. These new models encompassed such concepts as multiple steady
states, stochasticity in rangeland dynamics and irreversible responses to
stress (Westoby et al., 1989; Friedel, 1991).

Whereas the understanding of rangeland dynamics has greatly increased
in recent years, the impact of high grazing pressures on rangelands is still
strongly debated. A number of authors state that plant and animal dynam-
ics are largely independent of one another and that high grazing pressures
do not have a significant long-term impact on the composition and func-
tioning of the rangeland. In this view, rangeland development is largely
driven by year-to-year variation in abiotic drivers, primarily rainfall (Ellis
and Swift, 1988; Scoones, 1994; Sullivan and Rohde, 2002). However,
others stress that high grazing pressures do have an impact on the ecosys-
tem, particularly in the medium and long term, and may affect composi-
tion, functioning and productivity of the ecosystem (Le Houérou, 1984;
Sinclair and Fryxell, 1985; Illius and O’Connor, 1999; Fynn and O’Connor,
2000). It has also been shown that the impacts of a high grazing pressure
can strongly vary between different rangelands (Fernandez-Gimenez and
Allen-Diaz, 1999). The two approaches to rangeland dynamics relate to,
respectively, the ‘non-equilibrium’ and ‘equilibrium’ paradigms in ecology
(Wiens, 1984; Sullivan and Rohde, 2002). In recent years, the insight has
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emerged that understanding rangeland dynamics requires both concepts,
with the applicability of equilibrium or non-equilibrium models depend-
ent on the temporal and spatial scale under consideration, the amount of
stress the rangeland is exposed to and the specific characteristics of the
rangeland (Briske et al., 2003).

Rain-use efficiency (RUE) is a central concept in analysing rangeland
dynamics. RUE is expressed in kg dry weight biomass ha™! mm™!, and
is calculated by dividing above-ground phytomass production with the
annual rainfall. Hence, the RUE efficiency expresses the capacity of the
vegetation to use water for NPP. Note that there is a difference between
rain and water availability to plants in semi-arid sites, as an important
part of the rainfall may evaporate or run-off. The amount of rainfall that
is available to plants is called the effective annual rainfall, which is a better
indicator of the amount of rain available to plants than total annual rain-
fall (Snyman, 1998). The ratio effective/total rainfall varies between years
depending on the rainfall pattern. In the Sahel, a key aspect is how much
rain falls outside of the growing season, before the plants have germinated
or after they have wilted. Since the germination of plants depends on the
vegetation composition, and runoff depends upon the site-specific inter-
ception, infiltration and surface storage rates, the RUE is an indicator of
the degradation of the rangeland. In general, degraded rangelands have a
lower RUE because of a lower plant cover and root system and/or because
the soil has been compacted and run-off is increased.

For the Ferlo, in the period 1981-1990, the effective rainfall appears to
be, on average, around 65% of the total rain (Miehe, 1997). There are large
differences between the various years, effective rainfall varies from 53%
of total rainfall in 1990 to 72% of total rainfall in 1983. The RUE of the
herb layer in the Ferlo under both grazing regimes, plotted as a function
of effective rainfall, is presented in Figure 6.2. A second order polynomial
has been fitted through the observed values. Regression analysis showed
this fit to be significant at the p < 0.05 level, whereas neither linear nor
S-curve relations could represent the measurements in a statistically sig-
nificant way. The curve demonstrates that RUE is highest at an effective
rainfall of around 180 to 200mm. This corresponds well with the actual
amount of effective rainfall in the study site. Assuming that also in the
long term 65% of the average annual rainfall (290 mm) can be considered
as effective rainfall, the long-term average effective rainfall in the area is
around 0.65 - 290 = 189 mm per year.

A quadratic function relation between RUE and rainfall has also been
found to represent the best fit to datasets for several other African and
other semi-arid rangelands (e.g. O’Connor et al., 2001; Hein and De
Ridder, 2006), but its general validity is still being debated. However,
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Figure 6.2 RUE as a function of effective rainfall, for sites with medium
(0.10TLU ha™') and high (0.15-0.20 TLU ha™') grazing
pressure

since the ecological-economic model developed in this chapter concerns
the Ferlo, and the data for the Ferlo point to the existence of this quad-
ratic relation in this area, it is used as a basis for modelling the rangeland
dynamics in the following sections.

Figure 6.2 shows that the RUEs of plots with medium and high grazing
pressure do not markedly differ for normal and wet years — defined as
having at least 150mm of effective rain (Andre, 1998). However, for
the dry years, there is a substantial difference between the plots. The
differences between the two types of plots have also been tested with a
matched-pairs test, which show that for the overall period 1981-1990, the
difference in RUE between plots with medium and high grazing pressure
is significant at the p = 0.05 level (Hein, 2006b). Hence, high grazing pres-
sures have a significant impact on the RUE of the herbaceous layer of the
Ferlo, but this impact is concentrated in the dry years. This mechanism is
incorporated in the model developed for the Ferlo in the next section.

6.3.2 Model Structure and Equations
An ecological-economic model has been constructed on the basis of

local data on vegetation production under different grazing densities and
rainfall conditions. These data were collected during a 10-year period
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Figure 6.3 Structure of the ecological-economic model

(1981-1990) in the Widou-Thiengoly research station in the western part
of the Ferlo (see Figure 6.1), as reported in Klug (1982), Miehe (1992,
1997) and Andre (1998).

The model is a dynamic systems model, running with time increments
of oneyear. The model calculates the annual income for the pastoralists as
a function of annual rainfall and the long-term stocking rate maintained
by the pastoralists. The model is spatially homogeneous, and changes in
livestock routes or other adaptation strategies not involving changes in
stocking densities are not considered. The structure of the model is shown
in Figure 6.3. The different steps are explained in detail below. All prices
are expressed in CFA, the West-African Franc.!

Input variables

The model is based on the assumption that it is not water, but grass
biomass that is the critical limiting factor for livestock grazing in the Ferlo.
The reason is that, in recent decades, a large number of boreholes have
been constructed in the area and drinking water for livestock is now gen-
erally also available in the dry season. However, in the dry season, grass
resources are becoming increasingly scarce and, during drought years,
animals are suffering from a lack of feed (Ministére de I’'Hydraulique,
1987; Adriansen, 2006). During a drought, feed resources are also difficult

' On 1 June 2006, 1 US$ = 530 CFA.
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to access by migrating the herds south because of the agricultural expan-
sion that has taken place here and because, in times of drought, fewer
crop residues are available for animal feed (Guerin et al., 1993; Adriansen,
2006).

The model contains two input variables: effective annual rainfall and
long-term stocking density. Measurements by Miehe (1997) have shown
that the average annual rainfall of 291 mmyear™! results in an effective
annual rainfall of 190mmyear~!. The effective annual rainfall is the rain
not lost through evaporation or run-off, providing a better indicator of
the water availability for plant growth. The model uses a 50-year simula-
tion of annual rainfall, including its variability, based on the actual annual
rainfall variability during the period 1961-1990 (as reported in Andre,
1998). Long-term stocking density is a key management variable for semi-
arid rangelands (Batabyal et al., 2001; Briske et al., 2003). While pastoral-
ists decide on a year-to-year basis how they move their herds in a spatially
heterogeneous rangeland, the long-term stocking density is the key driver
for the development of the structure and composition of the plant cover
over time (Le Houérou et al., 1988; Walker 1993; Vetter, 2005). The herds
in the model comprise a mix of cattle, goats and sheep, and the size of the
herd is expressed in Tropical Livestock Units (TLU, see above).

Rain-use efficiency

Rain-use efficiency indicates the effectiveness of vegetation to transfer
rain into biomass (Le Houérou, 1984). Rain-use efficiency is normally
expressed as the amount of biomass produced per hectare per year per
mm of (effective) rain. Analysis of 10 years of grazing data in the Ferlo
(Hein, 2006b) demonstrated that RUE is a quadratic function of rainfall
(cf. O’Connor et al., 2001). RUE appears to be relatively high at interme-
diate levels of rainfall, and RUE declines in years of drought and in years
with high rainfall (Hein and De Ridder, 2006). In addition to rainfall, the
RUE is also affected by long-term grazing pressure. This reflects that a
few years of high grazing pressure have limited impacts on the vegetation,
but that sustained high grazing pressure leads to changes in the ecosystem
(species composition, cover, etc.) (Le Houérou et al., 1988). Impacts of
ecosystem changes on the productivity are expressed through changes in
the RUE. Specifically, high long-term grazing pressure shifts the quad-
ratic curve downwards, reducing the RUE and, consequently, herbaceous
biomass production, for each amount of rainfall (see for details: Hein,
2006b; Hein and De Ridder, 2006). In the model, the following formula
is used:

p=lor? = 20R-r+ Bl — [(s)®(W? — 2ur-r + v)] (6.1)
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where p denotes the rain-use efficiency (kg ha ! mm™!), r the effective
annual rainfall (mm year™!), R the average rainfall, and s° the long-term
stocking density (TLU ha™'). a, B, p and v are scaling parameters, which
are estimated on the basis of the grazing data. The left-hand part of the
equation is a simple quadratic function showing the relation between
rain-use efficiency and rainfall without grazing (cf. O’Connor et al.,
2001; Hein and De Ridder, 2006). The right-hand part of the equation
shows how the long-term grazing pressure affects the rain-use efficiency
by moving the curve towards a lower rain-use efficiency, while maintain-
ing a quadratic relation (cf. O’Connor et al., 2001). Further explanation
of the function is provided in Hein and De Ridder (2006) and Hein and
Weikard (2008).

Grass production

Grass production is the product of annual effective rainfall and rain-use
efficiency. Note that this implies that F is a third power function of the
rainfall (cf. Le Houérou et al. 1988; Palmer 2000). It can be specified
as follows, with F denoting the grass production (above-ground NPP,
expressed as kg ha™! year™!):

F=p-r (6.2)

Livestock production. A pasture’s annual grass production F can be trans-
lated into the annual grazing capacity s,,,, (Hildreth and Riewe 1963). Let
¢ be the amount of plant biomass required to allow the subsistence of a
livestock unit. Then
1
Smax = —F (6.3)
¢

In the model, it is assumed that pastoralists decide on the stocking rate at
the end of the rainy season, i.e. when they have full oversight of the animal
feed resources they can expect in the coming year. The actual stocking
density in a year, s, depends on s, in relation to the selected long-term
stocking density, s°. In years with sufficient rainfall (s, > 5°), the pasto-
ralists maintain s°. In these years, the reproduction of the stock leads to
surpluses (s, — s°), which are sold on the market. However, in years where
animal feed resources are insufficient due to low rainfall, the pastoralists
maintain only as many animals as can be supported by the grass produc-
tion in that year: s,,. The animals that can not be fed are sold on the
market. This is in line with the actual strategies that can be observed in the
Ferlo. In years of drought, pastoralists maintain as many animals as pos-
sible on the limited grass resources available in order to be able to restock
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as quickly as possible after the drought, and in years of abundant rainfall,
the surplus is sold on the local markets (Guerin et al., 1993). Hence:

s, = Minimum (s°, S,,,,) (6.4)

The growth of the livestock herd is assumed to follow a logistic growth
process:

As = x<1 - SS’ )-s, 6.5)

where s, is livestock in the current year, As is the gain in livestock, s,,,. is the
grazing capacity of the rangeland determined by the annual rainfall and A
is a scaling parameter capturing the potential natural growth in livestock.
A is always greater than zero. Note that during droughts, when s, equals
S,... (see Equation (6.4)), there is no gain in livestock. This reflects that

during drought the net reproduction rate of the animals is zero.

Pastoralists income

For Senegalese pastoralists, the main source of income is the sale of
animals for meat, with milk production coming in second place (Sutter,
1987; Guerin et al., 1993). The role of milk production and agriculture has
decreased in recent decades with the increased focus on livestock herding
for meat production (Adriansen, 2006). Off-farm income is relatively
unimportant in the Ferlo. The most important off-farm activities are the
selling of crafts (2% of income) and the collection and sale of arabic gum
(3% of income) (Sutter 1987). Therefore, for reasons of simplicity, in the
model it is assumed that income is only derived from the sale of animals.
Income depends upon the amount of surplus livestock that can be sold
annually on the market, as well as on the livestock price. The amount of
livestock that can be sold or bought equals the stock in the previous year
(s,_) plus the growth in livestock (As) minus the stocking density that is
maintained (s,). The amount of animals the pastoralists sell (positive) or
buy (negative) (S) equals:

S=us5_,—35 *As. (6.6)

In years of drought, when there is not enough grass production to feed
the livestock number corresponding to the long-term stocking rate, it is
assumed that the pastoralists maintain the amount of livestock that can be
fed and that they sell the surplus on the market. However, the price will be
low, as there will be a high supply, and low demand on the local markets.
If a dry year is followed by a wet year, the pastoralists will purchase
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livestock in the market in order to stock up to the long-term stocking rate.
In years subsequent to a drought, prices will generally be high. The profit-
function of the pastoralist society is:

T=Sp—c-s, (6.7)

where 7 is the profit of the pastoralists per hectare and p the price per
livestock unit. The factor ¢-s indicates the variable costs per livestock unit
(e.g. interest and veterinary services). It is assumed that, in the Ferlo, there
are no fixed costs (such as land taxes or fencing, which are virtually absent
in the Ferlo).

6.3.3 Data

The parameters in Equation (6.1) were derived through regression analy-
sis on the basis of the grazing data from the Widou-Thiengoly research
station covering the period 1981-1990 (see Hein, 2006b). The empirical
parameter settings are presented in Table 6.1. The main outcome of the
grazing data was that high grazing pressures have relatively little effect
during years with normal or high rainfall, but lead to a strong reduction in
grass production during droughts (Hein, 2006b).

For Equation (6.3), the amount of plant biomass required to feed one
TLU during one year (@) has been estimated on the basis of the local live-
stock mix (Thébaud et al. 1995) and the energy requirements per animal
(Bayer and Waters-Bayer 1998). The minimum amount of feed that the
animals need to maintain themselves is estimated at 4.3kgTLU 'day~..
Not all herb biomass is available to the animals, due to decomposition, fire
or the unpalatability of certain plants. Penning de Vries and Djitéye (1982)

Table 6.1 Parameters for the relation between rainfall, grazing and rain-
use efficiency, used to calibrate equation 1 (n =30, F = 28)

Parameter Value
o —0.00021
B —1.254

n 0.00504
v 210.8

6 2.0

R (average effective 189 mm
rainfall)

Source: Hein and Weikard (2008) and Hein (2006b).
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and Breman and De Ridder (1991) show that, in the Ferlo, 50% of plant
biomass is available for grazing. The dietary contribution of woody plants
to the overall feed supply is estimated at 20% (Breman and De Ridder,
1991). Hence, it is estimated that @ equals 4.3 - 365 - 2 - 0.8 =2511kgherb
biomass TLU 'year!.

The livestock population grows according to a logistic growth curve
(Equation (6.5)). Specification of this curve requires estimation of the
growth factor of livestock, A. Boudet (1975) and Mortimore and Adams
(2001) estimate a maximum natural growth of herd size of around 20% per
year for the western Sahel. It is assumed that this also holds for the Ferlo.
This growth rate corresponds to a logistic growth factor A of 0.6.

The final parameters to be estimated in the model relate to the price of
livestock, p, and the variable costs related to livestock, ¢. Based upon the
average price per animal in the Ferlo and the local livestock mix (Thébaud
etal., 1995), the average livestock price is assumed to be 24 750 CFATLU L.
In the Ferlo, livestock prices decrease during a drought, as many farmers
want to sell livestock that they cannot feed. Immediately after a drought,
livestock prices increase substantially as farmers want to restock (Turner
and Williams, 2002). For the Ferlo, data on price fluctuations were not
available. Therefore, as the best proxy available, data on price fluctuations
from western Niger have been used. This area has a slightly higher average
rainfall but otherwise represents a comparable physical, economic and
social environment. The production system is also based on transhumant
livestock ranging, and the local population is also dominated by Fulani.
Based on these data, it is assumed in the model that prices drop to 43%
during years with a drought and that they increase to 146% in the two
years subsequent to a drought.

Regarding the costs of livestock herding in northern Senegal, it is
assumed that all costs are variable costs, related to capital and labour
inputs required to maintain the herd. The capital costs per livestock
unit amount to the local, real interest rate times the price of a livestock
unit. Currently, the average local interest rates are around 18% (Ndour
and Wané, 1998), and the annual inflation in Senegal is approximately
2% (IMF, 1999). The capital costs are, therefore, 0.16-24750 = 3960
CFATLU™!. The average labour costs in rural Senegal are estimated at
100000 CFA per person per year (Direction de la prévision et de la statis-
tique, 1997). These costs only incur during the period January—June when
the herds are moved south (Guerin et al., 1993), as during the rainy season
herds are taken care of by various family members, including children, at
no cost. With an average herd size of 44 TLU per family (Thébaud et al.,
1995), the annual labor costs amount to 100000/44/2 = 1140 CFA TLU ..
Therefore, the total variable costs are 3960 + 1140 = 5100 CFA TLU ..
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6.4 RESULTS

The results of the model calculations are presented in the form of a profit
function. The profit function indicates the surplus that pastoralists gain,
valuing inputs including labour and outputs at the applicable market rates.
In the model, all inputs are assumed to have constant prices, but variable
livestock prices have been accounted for. The implications of these assump-
tions are elaborated in Section 6.5. The functions present the average annual
profits over the 30-year period of the simulation as a function of different
long-term stocking rates, see Figure 6.4. The model assumes that the long-
term stocking rate is constant throughout the 30-year period (but the actual
stocking rate, s,, may be lower during years of drought). The profit function
indicates both the long-term stocking rate where the pastoralist community
as a whole obtains maximum profits, and the open access equilibrium stock-
ing rate, where profits (but not income) approach zero. In the case of an
open-access situation, where each resource user maximises individual profit,
profits for society at large tend to decline to 0. The open access stocking rate
is indicated by the point where the profit function crosses the vertical axis.
Figure 6.4 shows maximum profits of 450 CFAha 'year™! at a stock-
ing density of 0.09 TLU ha~!. Note that 0.09 TLU ha' is consistent with
the optimal stocking density of 0.1 TLU ha~!suggested by Boudet (1975)
for the Ferlo. It also shows the stocking density where no profit is made,
around 0.17TLU ha!. This corresponds well with the current stocking
in the Ferlo, which is estimated at 0.15 to 0.20TLU ha™! (De Leeuw and
Tothill, 1990; Miehe, 1997). Hence, the calculations indicate that the Ferlo
is currently managed as an open access, common property resource. This
is in line with Le Houérou (1989) and Guerin et al. (1993), who state that
while the migration routes of pastoralists are determined by a complex set
of institutions, there is little institutional control of the amount of animals
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Figure 6.4 Ordinary profit function for the Ferlo
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that each pastoralist keeps. Note that, although current profits from live-
stock keeping appear to be close to zero, the income that pastoralists gain
at the current stocking density (the reward for their labour) is around 1140
per TLU - 0.17 TLU ha™! = 194 CFA ha™..

The stocking rate that provides maximum profits to society as a whole,
i.e. the economic efficient stocking rate, has been analysed with an alge-
braic optimisation approach in Hein and Weikard (2008). As should be
expected, this optimisation approach results in the same value of 0.09
TLU ha!for the efficient stocking rate, generating maximum profits of
450 CFA ha™'.

A critical aspect of analysing ecosystem management options with a
profit function (or with algebraic optimisation) is the availability of alter-
native employment for the people using the ecosystem to earn a living. The
use of actual labour costs in the society’s profit function is not justified
if there are few alternative local income earning opportunities, in which
case it is unrealistic to assume a constant price of labour. In the Ferlo, few
alternative employment options are available, and this aspect is further
discussed in the section below.

6.5 DISCUSSION AND CONCLUSIONS
6.5.1 The Reliability and Limitations of the Modelling Approach

The key assumptions underlying the model are that (1) rain-use effi-
ciency varies with effective rainfall according to a quadratic function (cf.
O’Connor et al., 2001; Hein and De Ridder, 2006); and (2) grazing affects
the rain-use efficiency of the vegetation, in particular in the long term (cf.
Le Houérou, 1989). Consequently, rainfall determines yearly fluctuations
in productivity, and grazing pressure affects the long-term productivity.
Both relations are non-linear, and the impact of grazing on productivity is
most pronounced in years with low rainfall.

The model presented in this study is subject to five key constraints.
First, the model does not explicitly include the impacts of fire, which is an
additional important driver in many rangelands (e.g. West, 1971; Walker,
1981; Perrings and Walker, 1997; Snyman, 1998). In particular, the model
ignores that fire may have a strong impact on the availability of woody
plant biomass for browsing. However, the impact of fire on the availability
of herbaceous biomass for grazing is accounted for (through modification
of the parameter @). As in the Ferlo only 20% of animal feed is obtained
through browsing (Breman and De Ridder, 1991), this simplification has
only a small impact on the results of the study.
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Second, the model does not account for the spatial heterogeneity of
rangelands. Rainfall patterns in the Sahel are not only highly variable per
year, but also show strong spatial variability. Pastoralists adapt to this
heterogeneity by adjusting their grazing strategy to the local availability
of plant biomass. The importance of spatial heterogeneity for calculating
optimal stocking rates is elaborated in, for instance, Turner (1999) and
McPeak (2003). In the model, accounting for spatial heterogeneity would
probably lead to an increase in the optimal stocking density, as the impacts
of dry years in one site may be moderated by higher rainfall in other sites.
However, in this respect, it is important to note that the two years with the
lowest available plant biomass in the period during which the data sup-
porting our model was collected, 1983 and 1984, count as extremely dry
throughout the Sahel (Nicholson et al., 1998). This indicates that animal
feed availability was very low in most parts of the Sahel, reducing the
opportunity to mitigate for drought by adjusting grazing patterns.

Third, the model does not address the risk attitude of pastoralists. In
general, pastoralists tend to be risk-averse, and prefer to avoid years with
below average income (Anderson and Dillon, 1992; Hardaker, 2000).
Accounting for risk-aversion of pastoralists may lead to a reduction of the
calculated optimal stocking rate.

Fourth, the model assumes fixed prices for labour. This, however, is
not realistic. In the case where there would be a strong decline in live-
stock grazing in the Ferlo, it is likely that labour costs would go down
because there are few alternative sources of income. In general, the point
of maximum profits, established at current labour costs, may not indicate
the optimal management strategy from the perspective of the local society
in the case where there are no or very few alternative employment options.
To partly account for this effect, labour costs have been conservatively
estimated in this study (see Section 6.3), it is assumed that they account
for only 20% of the total variable costs of livestock herding. However,
it is likely that a residual impact remains and that the society’s optimal
stocking rate is higher than predicted by Figure 6.4.

Fifth, the profit function shows the average annual profits, and is as such
a very crude metric for optimisation. It does not account for income differ-
ences between years, which may be a critical concern for pastoralists since
the poor among them may be food insecure in years with low income.

Hence, the model approach illustrates efficient stocking rates in the
Ferlo, but needs to be further refined in order to find optimal range-
land management strategies for the pastoralist society. In particular,
further refinement is needed in order to account for such factors as
risk-aversiveness, lack of alternative income opportunities and a need to
minimise food insecure years.
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6.5.2 Implications for Rangeland Management

In the Ferlo, as in the Sahel in general, transhumance is the dominant
management system. Pastoralists migrate according to specific, seasonal
patterns, complemented with more permanent settlements for the less
mobile part of the population. The current average stocking rates in the
Ferlo are around 0.15-0.20 TLU/ha (De Leecuw and Tothill, 1990; Miche,
1997). The stocking rate is high relative to other parts of the Sahel with
comparable rainfall, due to the presence of a large number of boreholes
that provide year-round drinking water for the animals (De Leeuw and
Tothill, 1990). The case study shows that the most efficient stocking rate is
0.09TLU ha™!. Consequently, the optimal long-term stocking rate in the
Ferlo is substantially lower than the current stocking rate.

However, the lack of alternative employment opportunities has not
been fully considered in the model, and the actual objective function of
pastoralists is likely to include other aspects besides income maximisation.
Pastoralists in remote areas have limited access to banks and livestock
performs the functions of insurance and savings account. Nevertheless,
the large difference between the present and the optimal stocking rate
indicates that government agencies and development institutes should
be focussing on promoting reductions rather than increases in livestock
densities in the Ferlo, as any further increases in herd sizes are economi-
cally counter-productive. They may also consider improving the function-
ing of livestock markets, which enhances the capacity of pastoralists to
adjust stocking rates to the annual grazing capacities (see Holtzman and
Kulibaba, 1994).

It remains to be tested whether the concentration of impacts of degra-
dation in years of drought (Figure 6.2) also occurs in other rangelands. If
so, this would have significant repercussions for rangeland management
in these areas. In particular, pastoralists or other rangeland managers
may in that case underestimate the actual amount of degradation that has
occurred in an ecosystem (which is expressed through reduced soil fertil-
ity, crusting, changes in plant community, etc.) when looking at ecosystem
productivity during wet years or years with normal rainfall. As shown
by the case study in the Ferlo, the plant community may have developed
under high grazing pressure in such a way that its resilience to cope with
drought is affected. Where this effect occurs, i.e. where changes in plant
community as a function of high grazing pressure have decreased the eco-
system’s resilience to cope with drought, the impacts of future droughts
may be particularly severe, and there is a risk that the vulnerability to
drought is underestimated by looking at current rangeland productivity
and past impacts of drought.



7. Applying the framework in support
of environmental management

7.1 INTRODUCTION

This chapter provides a brief overview of how a dynamic systems eco-
system assessment approach can be applied in support of environmental
management. Based on the findings of the case studies, the chapter first
presents a short review of (1) how the approach can be used to analyse
the efficiency, sustainability and equity impacts of environmental manage-
ment options; and (2) the implications of complex ecosystem dynamics for
environmental management. Subsequently, a brief discussion is presented
on how the approach may be used in support of a number of environmen-
tal management tools, in particular, Environmental Impact Assessment
(EIA), Environmental Cost—Benefit Analysis and spatial planning. In line
with the focus of the book, the chapter zooms in on environmental man-
agement at the scale of the ecosystem, excluding issues at different scales
such as climate change and urban environmental issues such as water
supply and sanitation.

7.2 ANALYSING ECOSYSTEM MANAGEMENT
OPTIONS

7.2.1 Analysing the Efficiency of Ecosystem Management

The economic efficient option is the option that provides maximum net
benefits, given a certain objective function, and including the benefits of all
services supplied by the ecosystem and the costs involved in providing or
accessing these services. Costs include, for instance, the costs of imposing
and enforcing maximum harvest levels, or investment, operation and main-
tenance costs of pollution control measures (e.g. Hueting, 1980). The two
important elements in the calculation of the benefits of ecosystem manage-
ment options are: (1) quantification of the flows of ecosystem services; and
(2) ecosystem services valuation. Whereas ecosystem service quantification
may be relatively straightforward for the provisioning services, it is often
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data-intensive for the regulating and cultural services. The appropriate
valuation method depends on the ecosystem service under consideration.
In the case of large-scale changes in ecosystem services supply that lead to
changes in prices for these services, market models need to be developed
in order to analyse how consumer and producer surpluses are affected.
Valuation may be particularly complex when non-use values have to be
quantified, using CVM or related approaches.

For a given discount rate, the efficient management option is the option
that provides the maximum Net Present Value (NPV) based upon the
current and discounted future flows of net benefits provided by the ecosys-
tem. Alternative criteria in the economic analysis of project or ecosystem
management options are the Internal Rate of Return (IRR) or the some-
what more crude measures such as the payback period or the cost—benefit
ratio (see OECD, 1995 for guidance on the application of these criteria).
The efficiency criterion can be applied to compare the economic returns
of two or more ecosystem management options, or to identify the man-
agement option that generates the highest net economic benefits, i.e. the
‘economic efficient’ management option.

In order to assess the efficient option, two approaches can be applied:
(1) a simulation or programming approach; and (2) an algebraic optimi-
sation approach. The simulation approach simulates the development of
the ecosystem as a function of the decision variables in order to reveal
optimal solutions within the tested range. With the algebraic optimisa-
tion approach, optimal solutions are found in an algebraic or numerical
manner through the preparation of the Hamiltonian and solving the rele-
vant conditions (Chiang, 1992), or with dedicated algorithms applied in
computer software such as GAMS and Mathematica.

The case studies presented in Chapters 4, 5 and 6 provide some general
insights in the potential applicability of both optimisation approaches. An
advantage of the algebraic optimisation approach is that it is more suitable
for dealing with stochastic ecosystem behaviour. For example, by apply-
ing an algebraic optimisation approach to rangeland management (Hein
and Weikard, 2008), the expected values for the income gained from live-
stock keeping can be derived from a rainfall probability density function.
This function can easily be constructed on the basis of an observed rainfall
pattern. With the simulation approach used in the main text of Chapter 6,
rangeland productivity is modelled based on an observed rainfall pattern.
This leads to an error, since the starting year of the simulation run influ-
ences the outcomes. However, in the case of the Ferlo case study, the dif-
ference between the results obtained with the algebraic and the simulation
modelling approach was less than 5%, which is likely to be small compared
with the other sources of uncertainty in the analysis.



Applying the framework to environmental management 151

The simulation approach deals more easily with non-linearities in ecosys-
tem behaviour and ecological feedbacks. Solving the first order conditions
in the algebraic approach rapidly becomes highly complex, particularly if
the costs or benefit functions are non-linear and/or discontinuous. In these
cases, it can be very difficult to mathematically solve the first order condi-
tions indicating the efficient level of ecosystem management (cf. Grasso,
1998). In addition, in an algebraic optimisation approach, specific atten-
tion is required to deal with sequencing. For example, in the Sahel, it is not
unusual to have two or three consecutive years of drought, followed by 5
to 10 years of average or above average rainfall (Andre, 1998; Put et al.,
2004). If, in a simulation approach, real climatic data are used, the impli-
cations of this sequencing are accounted for in the model runs. The equa-
tions used in the algebraic optimisation approach need to be specifically
adjusted in order to account for the sequencing effect.

7.2.2 Analysing the Sustainability of Ecosystem Management

In this book, sustainable ecosystem management is interpreted as ‘man-
agement that maintains the capacity of the ecosystem to provide future
generations with the amount and type of ecosystem services at a level at
least equal to the current capacity’ (based upon WCED, 1987, and Pearce
et al., 1989). Ecosystem services include the service ‘conservation of bio-
diversity’, which means that maintaining the biodiversity contained in an
ecosystem is one of the prerequisites for achieving sustainability. This defi-
nition classifies as a ‘strong’ sustainability criterion (Carter, 2001; Pezzey
and Toman, 2002), which facilitates the comparison of sustainability
aspects with the efficiency criteria, as elaborated in Section 2.1.3.

A key issue with regards to applying the sustainability concept at the
level of the ecosystem is that it is often difficult to define a benchmark
state of the ecosystem. For the hypothetical forest ecosystem (Chapter 4),
sustainability required the long-term maintenance of the forest and soil
cover, which, for this simple ecosystem model, is a sufficient condition to
guarantee the sustained supply of the two ecosystem services considered.
For the case studies conducted in the De Wieden wetland and the Ferlo
semi-arid rangeland, identification of the benchmark for sustainability
is less straightforward. In the De Wieden wetland, the present state of
the lakes is substantially degraded compared to their natural state. The
water of the main lakes is turbid, with an impoverished water plant and
fish community, as a consequence of the strong increases in nutrient
loading in the lakes since the early 1960s (Van Berkum, 2000). According
to the proposed definition, leaving the water quality as it is now would be
sustainable. However, if 1960 had been taken as the baseline condition,
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rehabilitation would be required to reach sustainability. In the case study
of the Ferlo rangeland, the same issue applies. Human modification of
African savannas started at least 10000 years ago (Walter, 1971; Walker
and Noy-Meir, 1982). In addition, there are large interannual variations in
the state of the system due to rainfall and fire (Walker, 1993), which make
it difficult to select a baseline condition.

Hence, in practice, society needs to make a choice regarding the bench-
mark for assessing sustainability. The benchmark may be based on trends
occurring at a more aggregated scale than that of the ecosystem being
studied. For instance, in the case of De Wieden, which is highly impor-
tant for biodiversity conservation in the Netherlands, rehabilitation of
the lakes could be seen as an important measure for reaching sustainable
ecosystem management at the national scale.

Maintenance of the resilience of ecosystems is an important element in
ensuring the sustainability of ecosystem management (Levin et al., 1998;
Carpenter et al., 2001; Brock et al., 2002). Resilience determines the sys-
tem’s capacity to deal with external disturbance, such as that resulting
from weather extremes, climate change or invasions of exotic species. In
the De Wieden wetland, for instance, the resilience of the system is related
to the amount of total phosphorus that can be absorbed by the system
until a threshold value is passed that brings the ecosystem in another state.
In semi-arid rangelands such as the Ferlo, maintaining the ecosystem’s
resilience is required to ensure the productivity of the herbaceous layer
during droughts.

As already shown by Common and Perrings (1992) in a formal manner,
maintaining resilience is not a sufficient condition for ensuring sustain-
ability. For instance, a certain, small loss of biodiversity in an ecosystem
may not necessarily reduce its resilience (in the case where there are other
species in the same functional guilds that can take over the role of the lost
species, see Mageau et al., 1998), but would compromise the biodiversity
conservation service. Or, to give another counter-example, a loss of a
species with high pharmaceutical potential would involve a loss of eco-
system service supply, but may not necessarily lead to a reduction in the
ecosystem’s resilience.

7.2.3 Analysing the Equity Aspects of Ecosystem Management

Equity is relevant with regards to, in particular, the involvement of stake-
holders in designing and implementing ecosystem management strategies,
and the distribution of benefits from ecosystem management. Whereas
larger economic efficiency implies higher overall benefits, it does not neces-
sarily imply that all stakeholders benefit — and a range of studies illustrate
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that the poorest people in a society may often be most strongly affected by
changes in ecosystem management. Poor or indigenous stakeholders may
depend most strongly on income from natural resources (e.g. collection of
non-timber forest products), and may lack the capacity, network and/or
resources to ensure that their interests are sufficiently considered in policy
making (e.g. Koop and Tole, 2001). In general, ecosystem services analysis
and valuation can assist in revealing (1) the interests of different stake-
holder groups in ecosystem management; and (2) the respective impacts of
ecosystem change on different stakeholders.

It is generally difficult to define how and when a distribution of benefits
can be considered ‘equitable’. A benchmark for analysing equitable benefit
sharing by stakeholders may be based on a stakeholder consultation
process, potentially in combination with an analysis of ecosystem benefits
provided in a particular year in the past. However, there is no guarantee
that stakeholders will manage to converge to a common understanding of
equitable ecosystem management. Alternatively, a citizen’s jury may be
used to reveal conditions for the equitable management of a specific eco-
system. The citizen’s jury comprises citizens that do not have a particular
interest in the area, and they are asked to deliberate on a specific topic
such as the equitable sharing of benefits provided by an ecosystem, with
the perspective of society at large (Renn, 2006). In the case of ecosystems,
a challenge is to provide sufficient information to the citizens on the dif-
ferent services at stake. For instance, if biodiversity conservation is to be
considered in a citizens’ jury, it is essential that the participants are well
informed on biodiversity contained in the ecosystem prior to the delibera-
tions. A potential issue with citizen’s juries is to what extent stakeholders
will accept the findings of a citizen’s jury in which they were (by definition)
not represented (Creighton et al., 1998).

Scaleis a crucial issue in analysing the benefits of ecosystem management.
As illustrated in the case of De Wieden, stakeholders at different scales
may have an interest in very different ecosystem services. Commonly, local
stakeholders will particularly value the provisioning services that provide
local benefits. Some regulation and cultural services are most relevant at
higher scales, such as carbon sequestration or biodiversity conservation.
Hence, with regards to areas of high importance for biodiversity conserva-
tion, decision making should not take place at the local level. In areas rich
in biodiversity, local people will perceive an abundance of natural eco-
systems — possibly in combination with a lack of employment or housing
opportunities. Locally, there may therefore be strong and valid arguments
for exploiting ecosystems in order to create employment. The same eco-
system may, however, be highly threatened and unique when considered
at the national or global scale — and global sustainable development as
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well as efficient management of ecosystem services may require conserva-
tion of the ecosystem in question. Consequently, decentralising ecosystem
management may lead to a lack of consideration of biodiversity and other
global services, e.g. carbon sequestration, in ecosystem management, and
in ecosystem management that is not economically efficient or sustainable
at the national level.

In some cases, the local benefits from recreation and tourism may be
much larger than the local opportunity costs of nature conservation. This
is illustrated by the gradual changes in the attitude of local people towards
the Abruzzo National Park in central Italy. The establishment of the park
caused a significant increase in visitors to the area, which benefitted local
businesses, in particular hotels and restaurants. In addition, farmers were
provided compensation payments for losses of sheep killed by wolves.
In spite of initial scepticism, these local benefits created a strong basis of
support among local people for maintaining and even expanding the park
in recent years (Bauman, 2003). It is, of course, not always possible to
generate significant additional local income from ecosystem services gen-
erated by a transition to sustainable ecosystem management. For instance,
a national park may be too remote to attract tourists. In these cases, it can
be examined if Payments for Ecosystem Schemes (PES) are an option to
financially support sustainable local ecosystem management (e.g. Rosa et
al., 2004; Bulte et al., 2008), see also Section 2.4.5.

7.3 IMPLICATIONS OF COMPLEX DYNAMICS FOR
ECOSYSTEM MANAGEMENT

7.3.1 TIrreversible Responses

Irreversible ecosystem dynamics involves changes in ecosystems that
cannot, or only to a very limited extent, be undone through natural pro-
cesses. For instance, the extinction of a particular species or the loss of
an ecosystem can be considered irreversible (Barbault and Sastrapradja,
1995). Irreversibility may also refer to changes in the state of an ecosys-
tem, for example in the case of the transition of a rangeland dominated
by palatable grasses to one dominated by unpalatable shrubs (Laycock,
1991). Once a threshold in the ecosystem state is passed and the ecosystem
(irreversibly) moves into another state, its capacity to supply ecosystem
services is likely to be affected.

A trial-and-error strategy is, in the case of irreversible changes, not a
viable pathway towards sustainable, economic efficient resource use. The
impacts of a ‘collapse’ of an ecosystem, which can be described as a rapid
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change to a degraded ecosystem state that supplies few ecosystem services
(see Diamond, 2005 or Costanza et al., 2007), depend on the alternative
income-earning opportunities the affected people have. Whereas it may or
may not be economically efficient to deplete a local ecosystem to the level of
a collapse (see Chapter 4), it is clear that depletion means that sustainability
is impaired. Local stakeholders may have few alternative livelihood oppor-
tunities and may be particularly affected. The degree of irreversibility of the
ecosystem change determines potential future opportunities to use the eco-
system, either through supporting economic activities or, in the case where
life-supporting regulation services have been affected, as a place to live.
Clearly, the scale at which an ecosystem or ecosystems are affected is a key
concern in this respect. The premises of this book are only valid at the level
of local ecosystems. In the case of ecosystem degradation at a global scale,
different approaches need to be formulated to ensure optimal management
of resources. These may involve, for instance, the formulation of policy
objectives that involve long-term objectives based on avoiding the passing
of (irreversible) thresholds in ecosystem functioning, such as targets for the
stabilisation of greenhouse gas concentrations (see Nordhaus, 1999).

The threshold, and even the degree of reversibility, may be difficult
to predict before actual changes in the ecosystem have taken place. As
Chapter 4 demonstrates, the ecological condition that needs to be main-
tained to avoid collapse may relate to critical values of a combination of
related ecosystem state variables. In the case of the hypothetical forest
ecosystem presented in Chapter 4, the ecosystem collapses once a certain
combination of topsoil depth and forest cover is passed. Hence, establish-
ment of the minimum stock level needs to be based upon a detailed analy-
sis of the drivers for ecosystem change, and may need to define thresholds
in relation to multiple ecosystem components. In addition, the threshold
level may be influenced by stochastic factors, such as a drought or fire, that
may evoke a shift in ecosystem state once its resilience has been reduced.

In the case of uncertainty, the corresponding concept that indicates
the minimum ecological condition that should be preserved in order to
avoid collapse of the ecosystem, is the ‘safe minimum standard’ (SMS),
as proposed by Ciricay-Wantrup (1968), modified by Bishop (1978). As in
the case of the minimum sustainable stock levels, application of the SMS
concept to real-world ecosystems with strongly connected components
also requires consideration of sets of ecosystem state indicators.

7.3.2 Multiple States and Thresholds

Multiple steady states are relatively stable configurations of an ecosystem,
characterised by a certain abiotic and biotic configuration (e.g. Scheffer et
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al., 1993). If an ecosystem has only one steady state in a certain environ-
mental condition, it will tend to move back towards this state following
a disturbance. However, if an ecosystem has more than one state for a
certain condition, a disturbance may place the state of the system beyond a
threshold leading to a shift to the other state. Shallow lakes are an example
of an ecosystem type that is prone to alternative stable states (Scheffer et
al., 2001). For a given, intermediate nutrient concentration, shallow lakes
can be in a clear water state with low phytoplankton concentrations and a
diverse fish community; or in a turbid water state with high phytoplankton
concentrations and a species-poor fish community dominated by bream
(Abramis bramay).

The presence of multiple states and thresholds has important conse-
quences for ecosystem management, because the supply of ecosystem
services is often strongly linked to the state of the ecosystem. For instance,
in the shallow lakes of the De Wieden case study site (Chapter 5), the state
of the ecosystem (turbid versus clear water) has a major impact on the con-
servation of biodiversity and the recreational opportunities provided. The
occurrence of ecosystem states needs to be considered in policy making
and ecosystem management. As shown in Chapter 5, it is economically
inefficient to focus policy standards on nutrient levels in shallow lakes
solely, without consideration of indicators for the state of the ecosystem.
In general, in the management of ecosystems subject to steady states, the
benefits of a reduction in the pressure (e.g. pollution) on an ecosystem are
small as long as the threshold level at which a shift to a rehabilitated state
takes place is not passed.

A general overview of the relation between pollution control and net
benefits in the case of an ecosystem subject to two stable states is presented
in Figure 7.1. The figure presents the (marginal and total) abatement costs
that gradually increase for increasing levels of pollution control (and hence
for decreasing levels of pollution). The damage costs rapidly increase when
the threshold is passed and the ecosystem switches to a degraded state.
Figure 7.1 shows the point of minimum total cost (S1) and maximum
total costs (S2). The point of minimum total costs represents the efficient
management option. Note that the damage cost curve is non-convex.

7.3.3 Stochasticity and Lag Effects

Stochastic events, such as fire and drought, can be major driving factors
for ecosystems (Steele and Henderson, 1984; Friedel, 1991; Bachmann
et al., 1999). Lag effects occur where there is a certain amount of time in
between the occurrence of the driving factor, and the resulting change in
the state of the ecosystem. Often, stochasticity and lag effects act jointly
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Figure 7.1 Pollution damage and abatement costs: marginal and total
costs

in determining the dynamics of an ecosystem. In particular, this occurs
if a sustained environmental pressure leads to a loss of resilience in the
system, which allows a stochastic event to modify the ecosystem’s state
(Carpenter et al., 2001). The larger the loss of resilience, the smaller the
perturbation required to influence the state of the system, and the larger
the chance of the occurrence of an event that is big enough to modify the
ecosystem. For instance, as demonstrated in Chapter 6, in semi-arid range-
lands, the impact of continuous heavy grazing pressures may be lagged
in the sense that impacts of overgrazing — in terms of a strong reduction
in the supply of animal feed — appear in particular in years of drought. In
the Sahel, major widespread droughts have occurred in most of the past
eight decades with the exceptions of the 1990s and the first decade of the
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twenty-first century. It is unclear how climate change will affect droughts
in the Sahel in the future, but several of the Global Circulation Models
predict a trend towards lower rainfall in the Sahel (e.g. Hein et al., 2009,
for an overview). The potential impacts of future droughts are, due to the
lag effect, determined by the current grazing strategies.

Stochasticity and lag effects have significant implications for ecosystem
management (Reed, 1974; Alvarez, and Shepp, 1998). First, both aspects
delay the response of the ecosystem to management. This reduces the net
present value of the management measure as the benefits of the measure
start occurring at some time in the future (cf. Carpenter et al., 1999). In a
comparable manner, they increase the net present value of management
options that lead to degradation of the ecosystem, compared to a situation
in which these impacts are immediate. For some ecosystems, the approxi-
mate delay in ecosystem response to management due to a lag effect can be
derived from past experiences. For example, the lag effect occurring in the
response of Danish shallow lakes to phosphorus loading and de-loading
due to the buffer effect of sediment layers has been quantified through
long-term analysis of lake dynamics (Jeppesen et al., 1991 in Scheffer 1998;
Sendergaard et al., 1993). However, in the case where the response of an
ecosystem is triggered by a stochastic event, the length of the delay may
be impossible to predict. For instance, in the Ferlo, the rainfall conditions
determine when these impacts become apparent. If the timing of a change
in ecosystem conditions cannot be predicted, it is usually more difficult
to organise the implementation of mitigation options, for instance, if this
involves the stocking of perishable food reserves.

A second impact of stochasticity and lag effects is that they conceal, to
some extent, the link between human management (or pressures) and eco-
system responses. In particular, the implications of a long-term decrease in
resilience may be underestimated vis-a-vis the effects of a, more obvious,
stochastic disturbance. For instance, in the case of the Ferlo, the impact
of drought is immediate and dramatic, whereas the impact of high grazing
pressures that reduce the resilience of the system to drought is much less
obvious. Given the uncertainty that is inherent to ecosystem dynamics and
responses of ecosystems to management, this may hamper the enthusiasm
of stakeholders for measures that restrict ecosystem use in the short term
(such as destocking).

Although the impact of the stochastic event is often obvious, it can be
more effective to control the loss of resilience, because stochastic events,
such as storms, fires or droughts, are usually difficult to predict or control
(Scheffer et al., 2001). For instance, in the case of semi-arid rangelands,
droughts and the resulting strong deterioration in food availability for
local people attract strong attention from policy makers and the public
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alike. Obviously, these emergency situations need immediate action to
assist people overcoming food shortages. However, in addition to emer-
gency help, there is also a need to assist people in managing their ecosys-
tem in such a way that the resilience of the system to cope with droughts is
maintained or improved.

7.4 SELECTED OTHER POTENTIAL APPLICATIONS

7.4.1 Environmental Impact Assessment

An Environmental Impact Assessment (EIA) is defined as ‘the process of
identifying, predicting, evaluating and mitigating the biophysical, social,
and other relevant effects of development proposals prior to major deci-
sions being taken’ (e.g. Petts, 1999). A key step in the EIA process is the
preparation of the Impact Assessment report, which usually describes
the project environment, the proposed activities, potential alternatives,
the potential impacts, mitigation measures and an environmental man-
agement plan that may include training and/or monitoring activities.
The main purpose of the process is to mitigate potential environmental
impacts, either through avoiding, reducing or compensating for negative
impacts. EIAs are legally required for projects with major environmental
impacts in all OECD and most developing countries.

EIAs have been applied for several decades and are a well-established
environmental management tool. EIAs do not require analysis of eco-
nomic consequences of environmental impacts, although in specific cases
regulators occasionally request additional economic information from the
proponent of the project on top of an EIA in order to evaluate the appro-
priateness of the proposed mitigation measures. For instance, authorities
may require an analysis of the social costs and benefits of potential miti-
gation measures in order to establish the required mitigation efforts for a
certain investment or to remedy a certain amount of pollution.

In an EIA, the concept of ecosystem services can potentially be applied
in order to quantify the societal impacts of environmental change result-
ing from a project’s construction or operation activities. For instance,
construction of a pipeline through a forest leads to forest loss and dis-
section and, in case of pipeline failures, to leakage of the medium to
be transported. In this case, the first order environmental impacts are,
among others, land use conversion and pollution. The second order envi-
ronmental impacts are an impact on the state of the affected ecosystem,
for example, increased concentrations of contaminants. The third order
impacts would then be a loss of ecosystem services supply such as a loss
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Figure 7.2 Selected potential environmental impacts of a hypothetical
off-shore oil and gas exploration and production project

of wood production, recreation opportunities and biodiversity conserva-
tion. Analysing changes in the supply of ecosystem services due to project
activities makes the project’s impacts on society more explicit.

Figure 7.2 illustrates how the ecosystem services approach can be used
in the context of EIA, using the case of off-shore oil and gas exploration
as an example. Figure 7.2 specifies selected potential impacts of such a
project. Note that different impacts occur during different stages of the
project cycle, including the exploration and appraisal (of hydrocarbon
stocks) phase, and the construction, operation and decommissioning
phases. In particular, an ecosystem services approach can facilitate (1)
analysis of how project impacts modify the ecosystem and lead to social
and economic impacts; (2) identification of mitigation and compensation
measures for first, second and third order impacts, and assessing residual
impacts; and (3) assessment of ecological, social and economic impacts of
different project alternatives.

Analysing third order impacts, i.e. the societal consequences of the envi-
ronmental impacts of projects, requires analysis of how various drivers
such as pollution or land use conversion affect the ecosystem and, subse-
quently, the supply of ecosystem services, while accounting for the specific
dynamics of the ecosystem involved. Clearly, this is more data intensive
compared to an approach that requires only assessment of first order
impacts. Spending additional resources for a more elaborate approach
to EIA involving the analysis of ecosystem services will generally not be
justified where effective mitigation measures for first order impacts can be
proposed. A potential niche for applying ecosystem services analysis in
the context of EIA is where there is insufficient scope for avoiding or miti-
gating environmental impacts through site selection and/or end-of-pipe
measures. For instance, in the case of residual environmental impacts that
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require compensation of local stakeholders, ecosystem services assessment
can be useful in providing insight in the specific impacts and costs born by
stakeholders affected by a proposed project and the degree of compensa-
tion required.

In addition, ecosystem services analysis can support EIA in the com-
parison and selection of project alternatives. Project alternatives will often
have a different environmental impact as well as requiring different capital
expenditures and/or operation and maintenance costs. In this case, eco-
nomic valuation of changes in ecosystem services supply resulting from
different project activities can support comparison of the relative eco-
nomic benefits of project alternatives (i.e. inclusive of environmental costs
and benefits). For instance, alternative pipeline routings generally have
different cost figures as well as a different impact on ecosystem services
supply. Ecosystem services valuation can facilitate comparison of addi-
tional investment costs with the economic value of avoided environmental
impacts.

7.4.2 Environmental and Social Cost—Benefit Analysis

Environmental Cost-Benefit Analysis (CBA) is used to evaluate the
net economic benefits of an investment option — inclusive of its positive
and negative environmental impacts. In an Environmental CBA, envi-
ronmental impacts need to be expressed in economic terms. In a Social
CBA, additionally, in the aggregation of the benefits provided by different
ecosystem management options, higher weights may be given to costs or
benefits accruing to disadvantaged or low-income groups (see Pearce et al.,
2005 for more details). In other words, Environmental and Social CBAs
consider the costs and benefits for society at large, rather than the private
benefits related to an investment decision.

Environmental and Social CBAs have now been applied in a range of
settings. For instance, Environmental CBAs have been applied in relation
to transport infrastructure projects in, among others, France, Germany,
Japan, the Netherlands and the US (Hayashi and Morisugi, 2000).
Impacts that are most commonly included in an Environmental CBA are
emissions, noise pollution and spills to soil and groundwater. Emissions
can be included on the basis of marginal costs estimates that express soci-
etal costs per unit of pollutant emitted. Such cost estimates are available
for a range of pollutants, in particular CO,, CO, NOx, SOx, VOC and
Particulate Matter (PM). The marginal costs per unit emitted depend on
the environment in which the pollution takes place, but since air pollution
disperses and mixes in the troposphere, marginal cost estimates have often
been assumed to be valid at the scale of the continent. Most information is
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available for Europe and the US, where significant differences occur in the
marginal cost estimates proposed for specific pollutants (e.g. Forkenbrock,
1999; Sommer et al., 2000; Mayeres et al., 2001).

Noise pollution can be measured in terms of an increase in the level
of background or peak noises to which people are exposed. A range of
contingent valuation studies have been undertaken in order to reveal the
WTP for avoiding noise pollution (see Navrud, 2003 for an overview).
This WTP appeared to vary over a considerable range, from 2 to 99 euro
per decibel per household per year (euro/dB/hh/year), with a median value
around 25 to 30 euro/dB/hh/year. The large range reflects differences in
preferences between people, as well as the variety of research approaches
and circumstances in which the studies took place. Spills affecting soil and
groundwater quality can be analysed on the basis of site remediation costs,
which vary considerably as a function of the size of the spill, the type of
pollutant, the type of environment, and the country involved (see Khan et
al., 2004).

More difficult to include in an Environmental or Social CBA are, for
instance, impacts on nature, landscape and cultural aspects, which are
often described in biophysical rather than economic terms (e.g. Van Wee
et al., 2003). For surface water pollution, generally applicable marginal
cost estimates for specific pollutants cannot be provided, since the eco-
nomic costs of discharges to water strongly depend on the environmental
context including the volume and type of waterbody, flows and currents
guiding dispersion, temperature and underwater soil properties determin-
ing pollutant breakdown rates and the ecosystem services provided by the
waterbody.

A particular source of uncertainty in relation to the application of
Environmental CBA relates to the valuation of health impacts of projects
or policies, including morbidity and mortality impacts. The costs of mor-
bidity can be related to the costs of a reduction in well-being of affected
people, medical treatment costs and costs of lost labour days. The expres-
sion of mortality, i.e. a premature statistical fatality, in economic terms is
a highly debated topic. Two approaches focus respectively on the value of
a prevented fatality (VPF) or the costs of life years lost (VOLYs). Whereas
a range of value estimates for VPFs and VOLYs are available, there is
no consensus yet on the methodologies to be applied for the valuation of
health impacts (e.g. Rabl and Spadaro, 1999; Gouveia and Fletcher, 2000;
AEAT, 2005).

Hence, considerable uncertainties remain with regards to the expression
of several types of environmental impact in monetary terms, and only part
of the overall environmental impacts of a project or policy can be meaning-
fully translated into a cost—benefit estimate. However, a main advantage
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of Environmental CBA is that (some of the) environmental impacts and
their welfare implications can be included in the policy debate at an earlier
phase and more prominently, as compared to a situation where only an
EIA is conducted, since an EIA is usually done when the main project
concepts have already been decided upon. Therefore, Environmental and
Social CBAs can be a useful tool to support policy making, provided that
the uncertainties and aspects not included in the valuation are made clear
(for more detail see Pearce et al., 2005).

Some of the environmental impacts of a project to be included in an
Environmental or Social CBA may directly affect human welfare, for
instance, pollution affecting people’s health. Another type of impact is
more indirect; a project may lead to ecosystem degradation, which may
subsequently affect people because of a decline in the supply of ecosystem
services. The contribution the analytical approach described in this book
can make to Environmental and Social CBA is confined to the second
case. Ecosystem impacts can be analysed and valued by means of a three
step procedure, in line with Figure 3.1: (1) quantifying the impact of the
project on the state of the affected ecosystems; (2) quantifying resulting
changes in ecosystem service supply; and (3) monetary valuation of the
changes in ecosystem services supply. For a discussion of ECBA method-
ologies related to health impacts, see Ostro and Chestnut (1998), AIChe
(2000) and AEAT (2005).

7.4.3 Spatial Planning

Land use maps commonly include land use classes based on goods and
services that can easily be linked to a certain land cover unit, such as
cropland or forest (e.g., Rounsevell et al., 2005). However, in particular
regulating services (such as the hydrological service) and cultural services
(such as recreation) may not depend on one single land use unit, or ecosys-
tem, but rather on the complex of ecosystems within a landscape. There is,
as yet, relatively limited experience with mapping ecosystem services that
cannot be directly linked to land cover, including services that depend on
the spatial configuration of the landscape rather than on individual land
use classes (but see for examples Geoghegan et al., 1997; Egoh et al., 2008;
Willemen et al., 2008; Nelson et al., 2009).

In many rural areas, the regulation and cultural services provide a sig-
nificant share of the per hectare economic value of land cover units. For
example, in many wetlands, water purification, recreation and biodiversity
conservation are among the most valuable services provided by the ecosys-
tem (Wilson and Carpenter, 1999). The value of the carbon sequestration
and hydrological services may exceed the value of timber harvesting in a
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range of tropical forest ecosystems (e.g. Creedy and Wurzbacher, 2001;
Hein et al., 2008). Hence, land use maps tend not to provide a full picture
of the benefits provided by the different units of the maps. An ecosystem
services approach to mapping benefits provided by spatial units may
provide more comprehensive information relevant to land use planning. A
spatial ecosystem services approach requires a GIS linking land cover and
land management to ecosystem service supply.

Hence, GIS modelling of ecosystem services can be a valuable tool for
supporting land use planning. Provided that a comprehensive modelling
of ecosystem services supply as a function of land cover and management
can be realised, such a tool can assist in quantifying the costs and benefits
of land use change as a function of spatial policies, as well as in optimising
the spatial configuration of land uses within a certain area (e.g. Voinov et
al., 1999; Willemen et al., 2008).

There are various challenges in the spatial quantification and modelling
of ecosystem services, and in making economic values of these services
spatially explicit. A first challenge is to delineate services that are not
strongly linked to a particular land cover unit. For instance, in the case
of the provision of opportunities for recreation, the supply of the service
depends on the characteristics of the landscape or ecosystem (visual attrac-
tiveness, biodiversity, etc.), as well as on the presence of tourism facilities
(access roads, hiking paths, hotels and camp sites, etc.). The performance
of the service can be quantified in terms of, for instance, visitor-days, but
it is not straightforward to allocate these visitor-days over the landscape
or ecosystem involved in order to identify the amount of recreation and
tourism opportunities generated per spatial unit.

A second challenge is to account for interactions occurring between eco-
system services at the scale of the landscape. The supply of an ecosystem
service may be neutral, conflict with, or provide synergies with regards to
the supply of other services. For example, the conservation of biodiversity
may support recreation by increasing the attractiveness of an area for
visitors, but recreation may cause disturbance and reduce the value of the
biodiversity conservation service (e.g. Willemen et al., 2009). Hence, the
value of an ecosystem service generated by a land use unit is, in part, deter-
mined by land use in neighbouring land use units. Changes in the supply
of a service are likely to have repercussions for ecosystem service supply in
nearby land cover units.

In general, spatial analysis and modelling of ecosystem services is data
intensive and computationally complex, particularly with regards to
linking regulation and cultural services to the spatial configuration of the
landscape. Further development of spatial ecosystem service modelling
techniques will enhance the possibilities of analysing the impacts of spatial
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policies on ecosystem services supply and, hence, for the analysis of eco-
nomic efficiency, sustainability and equity implications of spatial policies.

7.5 CONCLUSIONS

The framework for ecosystem assessment presented in this book comprises
the modelling of drivers for ecosystem change, quantifying ecosystem
states and processes, and analysing societal impacts in terms of changes
in ecosystem services supply. It can be used to analyse the economic
efficiency, sustainability and equity impacts of ecosystem change and eco-
system management options. The framework itself is generic; applying it
involves the development of specific ecosystem models as illustrated by the
case studies presented in Chapters 4 to 6. Application of the framework
requires ecological-economic modelling, for which a dynamic systems
modelling approach is best suited. Dynamic systems modelling has been
applied to reveal the ecological and/or economic impacts of ecosystem
management options in a range of cases, see Costanza and Ruth (1998)
and Eriksson and Hammer (2006). The added value of the framework is
that it facilitates a structured, comprehensive approach to analysing eco-
system change, and that it links ecosystem change to the three criteria of
efficiency, sustainability and equity.

Developing ecosystem models based on the framework presented
involves modelling the causal chain ‘drivers—state—ecosystem services
supply’ as well as analysing the costs of management options and the
benefits of changes in ecosystem services supply. Drivers can be both exog-
enous (e.g. management options) or endogenous (ecological processes).
Applying a dynamic systems approach involves specifying the ecosystem
in terms of stock and flow variables, and modelling their interactions.
The link between the ecosystem state and the supply of ecosystem services
needs to be assessed for each ecosystem service separately. For provision-
ing services, this requires the linking of flows (e.g. timber harvest) to the
specific stock involved (e.g. standing timber stock). Most regulating and
cultural services depend upon a combination of components (e.g. the
hydrological service depends on topography, vegetation cover, soil char-
acteristics, etc.). Incorporating ecological realism into the models requires
consideration of potential feedbacks between ecosystem components and
ecosystem service use. Thresholds for rapid and/or irreversible ecosystem
change can both be imposed on the ecosystem model, if the threshold
levels are known, or they can be endogenous in the model, resulting from
the modelling of interactions between drivers and ecosystem components.

Data constraints and uncertainty are inherent characteristics of the
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approach. Ecosystems are complex, involving a large number of ecologi-
cal processes operating across a range of scales (e.g. Limburg et al., 2002;
Holling and Gunderson, 2002), and incorporation of only one or several
drivers and processes means that a simplification is made. Calibration of
the model can be done on the basis of time series of ecosystem change
as a function of pressures and drivers, and sensitivity analysis should be
an integral part of the modelling in order to verify model structure and
outcomes. Data requirements limit the application of the approach to
those ecosystems for which sufficient data are or can be made available.
Normally, applying the approach requires time series of several years of
data on pressures, state variables and ecosystem service supply.

Provided that sufficient data and resources for model development
are available, the approach has a high potential to support ecosystem
management. In particular, applying the approach can point out in a
quantitative rather than an intuitive manner the economic implications of
ecosystem change for different stakeholders, as well as the sustainability
of ecosystem management options. The approach is also useful in sup-
porting stakeholder participation processes for designing environmental
management strategies, by providing a quantitative basis for stakeholder
deliberations.

As illustrated in the three case studies presented in this book, complex
dynamics have major implications for the economic efficiency, sustain-
ability and equity of ecosystem management options, and need to be
understood and considered prior to decision making. For instance,
investments in ecosystem rehabilitation may not lead to any economic
benefit if rehabilitation does not take place beyond the level of thresholds
guiding shifts in ecosystem state. And, in the case of irreversible ecosys-
tem responses, trial-and-error approaches to ecosystem management may
be highly ineffective from both an efficiency, sustainability and an equity
perspective.

Given the current rapid degradation of ecosystems worldwide, enhanced,
informed decision making on remaining ecological resources is crucial.
One of the preconditions for better managing ecosystems is a thorough
understanding and alignment among stakeholders on the ecological, eco-
nomic and social impacts of ecosystem change. The quantitative approach
described in this book can be used to elucidate the societal implications of
ecosystem management options. However, the analysis and identification
of approaches that provide the best balance between economic efficiency,
sustainability and equity is not sufficient for a transition to enhanced eco-
system management. Because many of the services provided by ecosystems
are public goods, regulation of ecosystem use by key stakeholders and/
or a government is required in order to ensure efficient and sustainable



Applying the framework to environmental management 167

ecosystem management. The creation of markets for ecosystem services
is an additional, important mechanism for enhancing ecosystem manage-
ment, applicable to those services for which efficient markets including
benefit sharing arrangements can be developed.
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