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Foreword

Imagine getting a beautiful multicolor, with-everything, chopped-up pizza for a
special person. Suddenly, while crossing the campus, it slips out of your grasp—
and you are left pondering the pieces. Though devastated, you happen to notice
the overall pattern of fragments, plus their many sizes, shapes, color combina-
tions, and spatial arrangements. That pizza and the pattern on the ground pro-
vide clues to the pages ahead. The big picture, like the view from a plane or a
satellite, is the land around us and how to understand it, and perhaps even how
to mold its face for the future.

Given its complex topic, this book is surprisingly quite readable. The author
takes us through the key ecological subjects as if we were sharing a conversation.
Ideas and theories are delightfully clear, from intellectual history to today’s un-
derstanding to glimpses of tomorrow. The ecology of fragmented landscapes
comes alive.

Now back to the pizza, a whole one with no disaster this time. If you eat the
left half, the loss, like eliminating the western half of a forest, leaves a large un-
fragmented piece. With land, habitat loss, degradation, and fragmentation are
major processes producing different results. Habitat loss is the giant, with the
degradation of remaining habitat coming right behind, yet fragmentation in
landscapes is conspicuous and important worldwide.

Consider the two big fragmentation processes, roads and development. A
wooded landscape crisscrossed by logging roads, or “rides” in an English wood,
is fragmented for many tiny animals but not for most birds, depending on
whether the corridor slices create major barriers to movement. If farmland or a
residential development extends along the roads, the former forest is now frag-
mented for most animals, which often remain as smaller populations with de-
mographic and genetic problems. Cities can spread outward in concentric zones,
or around satellite cities, or along transportation corridors, or in dispersed sites
(sprawl). The first two patterns involve no fragmentation, the third explicitly frag-
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ments the land, and the fourth does so when the development sites coalesce. New
highways also split human communities. In addition, the rapid expansion of
development and roads, arguably a more urgent problem than climate change,
threatens already fragmented land, even a valuable emerald network of large,
connected, natural patches. So, how can we mold the land so both nature and
people thrive long term?

Unfragmented is better than fragmented in most cases, including for beauti-
ful pizzas, but sometimes the opposite is true. Fragmented habitat often slows
the spread of many pests and diseases, yet it may accelerate this process for oth-
ers. Small woods contain few rare species, but they have many common species
packed together, to the delight of families observing wildlife in a park.

Natural populations and communities are at the forefront of this book. How-
ever, fragmentation also strongly affects the network structure and function of
streams and rivers, soil erosion, groundwater quantity and quality, and accumu-
lations of nutrients and chemicals. Curiously, we haven’t yet figured out what the
predominant widespread fragmentation patterns are, and we still can identify
only a very small number of better and worse ones. Overall, good patterns in-
clude a few large natural patches, many small patches or corridors surrounding
a large patch, and an elongate cluster of small patches between two large ones. A
pattern with just a few small natural patches remaining is bad, but what about all
the other fragmentation patterns in landscapes?

Visualize a natural area next to a built area. Movements and flows between
them can have four effects: the built area either negatively or positively affects the
natural area, or vice versa. Which has the greatest and which the least effect? The
negative impact of a built area on a natural area is greatest, due, for example, to
movements of domestic animals, stormwater pollutants, traffic noise, and even
people themselves. The positive effect of a built area on a natural area is the least
evident, and overall both the positive and negative effects of nature on built areas
are intermediate. In short, fragmenting nature with built areas also degrades the
natural area.

These interactions between adjacent land uses also highlight the value of the
book’s landscape- rather than patch-centric perspective on fragmentation. Land-
scapes are a highly heterogeneous mosaic of many habitat types and land uses.
Indeed, when ecologists “climbed from the sea onto the land,” the model of is-
land biogeography was gradually replaced by the patch-corridor-matrix model, in
part because a patch is surrounded by diverse habitats, with each being a source
of effects on the patch, a species source, and differentially suitable for movement
between patches. Also, the patch edge-to-interior ratio and the roles of generalist
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edge species and specialist interior species are important mechanisms control-
ling species richness on patches of different sizes and, especially, shapes.

Do patch sizes, shapes, and their arrangement help predict the future? Large
natural patches seem more likely to be perforated, dissected, or shrunk, whereas
small ones could easily disappear. Convoluted patches are vulnerable to frag-
mentation, dissection, and shrinkage, while it is probable that square ones will
persist unchanged. A group of small patches is more likely to disappear if they
are clustered rather than dispersed. Thus natural populations and communities
are strongly affected by such pervasive, changing land patterns.

Still, we know surprisingly little about the diverse sequences of patterns in
landscapes that are being fragmented. What are the ecologically optimum se-
quences when one starts with different patterns, and which are optimal, for ex-
ample, for residential development versus land restoration? Indeed, knowing an
optimum sequence, we could usefully serve society by highlighting the best and
worst locations for the next local change, be it a mall or a park.

The principles arrayed in the pages of this book are directly usable in bio-
conservation, transportation, agriculture, recreation, forestry, range manage-
ment, wildlife management, and water resources—all fields dealing with the
land. What is perhaps of greatest significance is their linkage with urban land
planning, where the focus has been on providing jobs, housing, transportation,
and economic development. A promising future depends on natural systems and
their human uses at a landscape or regional scale taking center stage, alongside
these traditional needs of society.

The treasure in your hand will reveal rich food for thought and frontiers for
research. I especially valued the entrées for diverse types of experiments, species
movement patterns, the roles of species interactions, restoration approaches, and
ecological land planning. Its solid grounding in the evolution of ideas and theo-
ries will make the book useful for a long time as a reference on my shelf. Unrav-
eling good science of direct use to society is a joy to see. So—read, absorb, and
enjoy.

Richard T. T. Forman
PAES Professor of Landscape Ecology
Harvard University
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Preface

Dismantle is defined as to “disassemble” or “take apart.” When I originally con-
ceived this book, I thought of the phrase “dismantling nature” because it seemed
to aptly describe a fundamental process occurring around us. In our zest for
transforming lands for human use, we have created fragmented landscapes in
which many natural communities and ecosystems are effectively being taken
apart. The structural pieces—such as populations and species of plants, insects,
birds, mammals, reptiles, and fish—are declining worldwide. The functional as-
pects of our ecosystems are also being lost, including pollination, seed dispersal,
the decomposition of dead organic matter, carbon sequestration, and water filtra-
tion. But perhaps this process of disassembly is not irreversible. My main moti-
vation for writing this book was to summarize the abundant scientific literature
on the ecology of fragmented landscapes, so that students and practitioners could
apply this knowledge toward efforts to protect and re-assemble natural ecosys-
tems, thereby maintaining both species and ecosystem services.

Spatial variation in landscape structure, also called habitat patchiness, arises
from naturally occurring environmental heterogeneity (for example, variation in
soil chemistry or soil moisture), as well as from anthropogenic causes (such as
forest clear-cutting or agricultural land conversion). The study of habitat loss and
fragmentation provides an important synthesis for ecology, because it unites fun-
damental ecological theories and concepts with an extensive body of empirical
literature. It also provides important links to environmental applications, includ-
ing conservation, restoration, and planning. There are literally thousands of pa-
pers that have been published in the past 40 years on the ecology of fragmented
landscapes. An exhaustive review of this body of work would make a book that is
much too long to read, so my intention was to synthesize the key areas of re-
search and emphasize what we know and how we got here. I have undoubtedly
omitted some important works in the process of selecting papers for review, but
I have made every attempt to discuss the most relevant concepts and findings.
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Several excellent papers on the topic of habitat loss and fragmentation have
been published in recent years, including those by McGarigal and Cushman
(2002), Fahrig (2003), and Ewers and Didham (2006). A recent book-length re-
view by Lindenmayer and Fischer (2006) provides an outstanding summary of
scientific research in this field. Three volumes focused specifically on connectiv-
ity and conservation appeared in 2006—A. Anderson and Jenkins, Hilty et al., and
Crooks and Sanjayan—suggesting that a synthesis on this topic was indeed due.

This book differs from previously published works in that it not only provides
a synthetic review of theory and empirical research in ecological fragmentation,
but also highlights the application of research findings to the conservation of
biological diversity, ecological restoration, and ecological planning. These topics
reflect my own research interests and experiences over the past 20 years. My
graduate training included emphases on population and community ecology,
landscape ecology, and landscape architecture and planning, and I have contin-
ued to integrate those perspectives in my research and teaching.

I am grateful to the many students who have taken courses in conservation bi-
ology, landscape ecology, and conservation planning at Harvard University, the
University of California—Davis, and the University of Colorado at Boulder. They
have helped clarify my thinking about these topics and urged refinement of my
explanations of concepts into an understandable form. I intend for this book to
be read and used by upper-level undergraduates and graduate students in the
fields of conservation biology, ecology, environmental studies/environmental
science, and landscape architecture and planning. The book could also be used
in courses such as conservation biology, conservation planning, landscape ecol-
ogy, and population and community ecology, as well as graduate seminars or dis-
cussion groups focused on ecology, conservation, restoration, or planning.

I am indebted to many people for their support, assistance, and good humor
as I prepared and completed a rather enormous project. I have had the good for-
tune of remarkable teachers and mentors in my professional career, and I espe-
cially thank Svafa Louda and Richard Forman for their brilliance and their ad-
vice, encouragement, and confidence in me. I, in turn, have had the pleasure
of being a teacher and mentor to an exceptional group of undergraduate and
graduate students, each of whom has brought a unique and meaningful per-
spective to my own learning process—these people include Abby Benson, Jory
Brinkerhoff, Dave Conlin, Sara Jo Dickens, Fritz Gerhardt, Whit Johnson, Kim-
berly Kosmenko, Laura Makar, Amy Markeson, Jaymee Marty, Katherine Mc-
Clure, Jenny Ramp, Becky Rawlinson, and Sue Rodriguez-Pastor.

Staff members of Boulder’s land management agencies have provided a sup-
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portive and stimulating research environment for my work in Boulder grass-
lands, and so I thank Mark Brennan, Mark Gershman, Brian Pritchett, Lynn
Riedel, and Heather Swanson for their collaboration. I’ve also benefited over the
years from friends and colleagues in Boulder, as well as more distant places, who
have helped to shape my thinking about ecology, conservation, and restoration,
including Susan Beatty, Mary Cadenasso, Jonathan Chase, Tom Crist, Elizabeth
Crone, Kevin Crooks, Brent Danielson, Dan Doak, Lenore Fahrig, Nick Haddad,
Steven Handel, Susan Harrison, Karen Holl, Gary Huxel, Margaret Palmer, Todd
Palmer, Kevin Rice, Mark Schwartz, Dave Theobald, and Kim With.

During the writing of this book, I have enjoyed the company, encouragement,
and helpful advice of several people. Pete and Chris Coppolillo facilitated my in-
credible journey to Tanzania for my sabbatical leave in fall 2005, where the be-
ginnings of this book were written near the banks of the Great Ruaha River. Chris
Ray has been a close colleague and friend for many years, and I have learned vol-
umes from her about ecology, modeling, and conservation. Several colleagues
and friends reviewed chapters or provided inspiration, supporting material, and
good ideas, including Dave Armstrong, Carl Bock, Emilio Bruna, Ellen Dam-
schen, Kendi Davies, Marcel Holyoak, Martha Hoopes, Pieter Johnson, Erik
Jules, Claire Kremen, Andy Martin, Valerie McKenzie, and Brett Melbourne. My
editor at the Johns Hopkins University Press, Vince Burke, had the confidence to
invite me to embark on this project, and has patiently, kindly, and persistently
guided me through the process.

Close friends joined with me to enjoy good food and laugh often, and so my
thanks to the “gals,” Kimman, Connie, and Jane, for putting it all into perspec-
tive. My biological family—my Mom and Dad, Lola Jane and Irwin Collinge, and
my siblings, Mike, Linda, and Judy, and their spouses and children—provided
love, laughter, and lots of encouragement. I imagine that my Dad would have said
“Way to go!” when this book was finally finished. And my two biggest rounds of
applause go to Jake, who I hope will continue to live in a world of wonder and bi-
ological wealth; and to my best fan, Joan Mary Laubacher, who inspires me the
most and has been here for the whole thing.
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CHAPTER ONE

Introduction

Framing the Issues

Habitat fragmentation is widely regarded as a—if not the—
central issue in conservation biology.

—John A. Wiens (1996)

My home town of Emporia, Kansas, sits almost at the geographic center of
the contiguous United States and is also smack in the middle of the tallgrass
prairie ecosystem of the North American Great Plains. When I was growing up,
it seemed as though I was surrounded by acres and acres of grassy pastures, the
flowering stalks of the grasses reaching well above my head in particularly wet
years. Endless grass that stretched for miles, or so it seemed. As a teenager, I of-
ten longed for the more dramatic Rocky Mountains to the west, but little did I
know that I was living in a very special place. Not only was this the largest extent
of tallgrass prairie that remained in Kansas, and in the United States, but it was
the greatest area of tallgrass prairie left in the world! Only when I got to graduate
school and began learning about conservation biology did I understand the
unique value of the place where I was born and raised. That’s when I was startled
to see the squiggly blotch on conservation maps that depicted the outline of the
Kansas Flint Hills and to find out that less than 1% of the original tallgrass prairie
ecosystem remained intact. Most of it was converted to cornfields in the 19th and
20th centuries to support the burgeoning agricultural industry, resulting in the
corn belt within the states of Illinois, Iowa, Indiana, and Ohio, as well as parts
of South Dakota, Nebraska, Kansas, Minnesota, Wisconsin, Michigan, Missouri,
and Kentucky.
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The midwestern United States is certainly not the only landscape that has
been transformed over the past 200 years. Globally, about 50% of tropical dry
forests were converted to other uses by 1950, and another 10% was lost between
1950 and 1990. Nearly 70% of the native cover of temperate grasslands disap-
peared by 1950, and an additional 15% has vanished since then. In the last two
decades, 35% of all mangroves have been lost; in the last several decades, 20% of
known coral reefs have been destroyed and another 20% degraded. Most of the
world’s biomes have experienced a 20%-50% conversion to human use. More
land was turned into cropland in the 30 years after 1950 than in the 150 years
between 1700 and 1850. These figures—from the most comprehensive global
analysis of the status of the world’s natural lands and biological diversity (Mille-
nium Ecosystem Assessment 2005)—show that rates of land conversion exceed
50% for half of the world’s biomes, and projections indicate further losses in the
next 50 years. Regional analyses can be even more grim, depending on how land
cover types are categorized. For example, Hoekstra et al. (2005) defined critically
endangered ecoregions as those where habitat conversion exceeded 50% and
where the ratio of habitat converted to habitat protected (the conservation risk in-
dex) was greater than 25%. They identified 64 such ecoregions, including (1) the
Atlantic coastal forests of Brazil, Argentina, and Paraguay, (2) Mediterranean
forests, woodlands, and scrub, and (3) the Pacific temperate rainforests of west-
ern North America.

To most readers, it is no surprise that these extensive and intensive land use
changes have associated environmental costs. Habitat destruction and degrada-
tion are the leading causes of declines in biological diversity worldwide (Wilcove
et al. 1998). Further, the loss and fragmentation of natural landscapes diminishes
their capacity to provide vital ecosystem services (Daily and Ellison 2002; Kremen
et al. 2002; Millenium Ecosystem Assessment 2005). As we transform the planet
to fill our needs, we are leaving behind a legacy of scattered remnants of native
habitat surrounded by agricultural fields, shopping centers with vast parking lots,
and clear-cut forests. The scope of this problem is inherently local, in that land use
change happens every day, based on decisions made by individual people going
about their livelihoods. But these collective decisions mean that everywhere we
look across the planet, we see some form of human impact. So these issues extend
beyond our own towns, forests, and pastures to the entire Earth.

Habitat loss and fragmentation are not the only environmental challenges, of
course. Many other such issues loom large, including climate change, invasive
species, disease, and overexploitation. And habitat loss and fragmentation can
interact synergistically with these other factors to produce harmful effects on
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species and ecosystems (e.g., Ewers and Didham 2006). For example, overex-
ploitation may be strongly influenced by landscape change, since hunters are
likely to have easier access to fragmented habitats or habitats bisected by roads
(Peres 2001; Tabarelli, Cardosa da Silva, and Gascon 2004). Likewise, invasive
species may be more likely to succeed along the edges of fragmented habitats,
causing further negative impacts on native species (Hansen and Clevenger 2005;
Lockwood, Hoopes, and Marchetti 2007). Habitat loss and fragmentation are also
likely to limit the migrations of species in response to climate change (Schwartz,
Iverson, and Prasad 2001; J. Hill et al. 2006). This book will primarily focus on
loss and fragmentation effects, but I discuss these sorts of synergisms where and
when they are particularly relevant. I would argue that each of these environ-
mental challenges interact with and are ultimately affected by patterns of land
use change, so understanding the ecological aspects of fragmented landscapes is
also crucial to resolving these other impacts.

This book is designed to help the reader appreciate the collective body of re-
search that clarifies the consequences of these sorts of landscape changes on pop-
ulations and communities. It presents a rich font of scientific information being
used in many hopeful activities—such as ecological restoration and conservation
planning—that are helping to reverse declines in biodiversity. My challenge for
the reader is to critically evaluate the accumulated knowledge presented here and
use it to move forward to devise creative solutions that will help to alleviate the
threats of habitat loss and fragmentation for biological diversity and ecosystem

services.

LOSS VERSUS FRAGMENTATION

The term habitat fragmentation has now been used so broadly in conservation bi-
ology that the meaning intended by its original usage has become somewhat am-
biguous (e.g., Haila 2002). It is worth clarifying the differences between habitat
loss and fragmentation to encourage more accurate knowledge and use of these
terms. Habitat loss occurs any time a piece of land is converted from its current
state to some other land use or land cover type, such as when a stand of old-
growth forest is cleared to make way for a housing development. Loss in this
sense refers to the fact that the overall area of native habitat has been reduced. So,
if we started with 100 ha of forest and now have only 10 ha, we have lost 90%
of that habitat. Habitat fragmentation, in contrast, denotes a particular spatial
process of land conversion. In the strict sense of the word, fragmentation refers to
breaking a whole into smaller pieces while controlling for changes in the amount
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Figure 1.1. Four different spatial processes of landscape change. In each scenario, a block
of continuous habitat is reduced to 50% and then 25% of its original area over time.

The top row represents shrinkage, where there is reduction in habitat area but no
fragmentation or subdivision. The second row is bisection, where the original habitat

is initially divided into two equal-sized areas that shrink in size. The third row is
fragmentation, where the initial habitat is divided into nine equal-sized patches that
shrink in size. The bottom row is perforation, where the native habitat is perforated by
the transformed habitat. In each scenario, the dark gray areas are native habitat and the
white areas are transformed habitat. Modified from Forman (1995) and redrawn from
Collinge and Forman (1998).
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of habitat (Forman 1995; Collinge and Forman 1998; Fahrig 2003; Ewers and Did-
ham 2006). In one conceptualization of different land conversion sequences (fig.
1.1), all of the sequences have the same amount of habitat in each stage, but the
bisection and fragmentation sequences are fragmented in the strict sense, while
the shrinkage and perforation sequences are not, because they continue to main-
tain contiguous areas no matter how much habitat remains. But even the bisec-
tion and fragmentation sequences, like those for shrinkage and perforation, have
undergone habitat loss. In actual landscapes undergoing real processes of land
conversion, it is impossible to have habitat fragmentation without habitat loss,
because the creation of fragments requires the conversion of part of the original
land area. But it is possible to have loss without fragmentation (shrinkage and
perforation in fig. 1.1; Forman 1995; Fahrig 2003).

Why is it necessary to be so concerned about this distinction between habitat
loss and fragmentation? It’s not just because scientists are picky people. There
are at least two reasons why it is vital to distinguish between their effects. It be-
comes meaningful when we want to understand the specific mechanisms re-
sponsible for shifts in biological diversity in relation to landscape change, and it
is also critical when we consider the most effective strategies for reversing the
trends of biodiversity losses. One particular species may decline primarily due to
the loss of its preferred habitat, so as that habitat shrinks from 100% to 50% of
its original area, the abundance of that species may correspondingly diminish.
But another species may be quite sensitive to fragmentation, perhaps due to an
enlargement of the perimeter-to-area ratio of small versus large habitat patches
and its accompanying increase in the amount of edges. This second species may
be more responsive than the first to the spatial configuration of habitat patches,
while the first species may be more responsive to the overall amount of habitat
available. Knowing the difference is crucial in devising appropriate conservation
and management strategies to prevent declines of these species. Because land
conversion patterns vary in their spatial configurations, they may also differ sub-
stantially in their influence on important ecological processes (Franklin and For-
man 1987; Wiens et al. 1993; S. Harrison and Fahrig 1995; Kareiva and Wenner-
gren 1995; Fahrig 1997, 2003; S. Harrison and Bruna 1999; McGarigal and
Cushman 2002; Lindenmayer and Fischer 2006).

This issue of habitat loss versus fragmentation was extensively examined by
Lenore Fahrig (2003), and her synthesis goes a long way toward clarifying the
confusion that exists in designing and interpreting studies of landscape change.
Fahrig reviewed the vast quantity of literature on habitat fragmentation (in 2002
she counted over 1600 articles that contained the phrase “habitat fragmentation”;
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there were nearly 5000 at my last count) and made two key observations. First,
she noted that many research efforts involve measurements of fragmentation at
the patch scale, not the landscape scale. Second, a considerable number of stud-
ies are designed in such a way that it is not possible to distinguish between habi-
tat loss and fragmentation per se. As an example of the initial problem, quite a
few of these efforts measure species’ responses to changes in patch size but do
not take into account the overall amount of habitat available to them in the
broader landscape. But landscapes that have larger patches may also be ones in
which there is a greater amount of habitat in general. If the researcher fails to rec-
ognize the relationship between local patch size and the quantity of available
habitat, then conclusions based solely on patch size may actually reflect species’
responses to the total amount of habitat.

To address the second problem, Fahrig provided some guidance for “uncon-
founding” the confounded. She suggested that one way to disentangle the effects
of habitat loss and fragmentation would be to experimentally vary habitat spatial
configuration while maintaining the amount of habitat, as some researchers
have done in fine-scale field studies. Another way would be to statistically control
for the quantity of habitat when measuring landscape fragmentation. Thus,
Fahrig argued, to measure the effect of fragmentation per se, researchers must
control for the effect of habitat loss either experimentally or statistically (p. 499).
Ideally, the most statistically robust way to study fragmentation in real landscapes
would be to select a number of fragmented landscapes (say, 5—10) and pair them
with the same number of intact landscapes that were similar in every possible
physical and biological parameter except for the spatial arrangement of habitat.
In that way, response variables—such as species richness, population abun-
dance, species interactions, or genetic diversity—could be measured in these two
types of landscapes and compared. But this approach is virtually logistically im-
possible for a study that takes place outdoors, so this tactic has been used largely
in microcosm experiments in the laboratory (see chapter 4) and in simulation
models (see chapter 9). Because most field studies have been unable to examine
the whole, they tend to study the parts—for example, looking at the effects of par-
ticular components of landscape change and including such factors as variation
in patch size, isolation, edge effects, and landscape context.

To summarize, anthropogenic landscape change (the conversion of native land-
scapes to other land uses or land cover types) involves both habitat loss and habi-
tat fragmentation. But in most field-based research, it has been difficult to dis-
entangle the separate effects of habitat loss versus habitat fragmentation. At the
end of her 2003 paper, Fahrig suggested that two generalizations can be made



INTRODUCTION 7

from studies of habitat fragmentation: first, habitat loss has large, negative ef-
fects on biodiversity; and second, habitat fragmentation, in the strict sense, has
rather weak effects on biodiversity, and these effects can be both positive and neg-
ative.

Even though most studies of habitat fragmentation published in ecological
journals are actually studies of habitat loss, making it difficult to infer the impacts
of fragmentation per se, their results do have implications for species’ responses
to landscape fragmentation. For example, later chapters will discuss a famous,
long-term, experimental study of forest fragments in the Amazon rainforest
(W. Laurance et al. 2002). This work involved the creation of different-sized for-
est fragments surrounded by areas cleared for cattle grazing. The researchers
comprehensively studied the changes in species richness for many taxonomic
groups in response to changes in forest area, comparing data from a continuous
forest to that from small, medium, and large fragments. The results generally
show that patch area had strong positive effects on species richness, and patch
edges had strong negative effects on species’ abundance patterns. Because the
amount of edge habitat increases in fragmented landscapes, the findings of this
comprehensive study suggest that edge-sensitive species will likely be detrimen-
tally affected by forest fragmentation, which is an important contribution toward
understanding the impacts of habitat loss and fragmentation. But, as Fahrig
(2003) indicates, the Amazon-forest-fragments study is technically a study of for-
est loss, not fragmentation.

Throughout this book, I've tried to maintain a strict usage of the term frag-
mentation. Terms such as landscape change, habitat loss and isolation, or habitat
loss and fragmentation refer to the patterns and processes of anthropogenic
changes in land cover and land use. The phrase fragmented landscapes generally
pertains to areas that have experienced both habitat loss and isolation. Fragmen-
tation by itself is employed where specific mention is made of experimental stud-
ies where habitats have been subdivided (i.e., fragmented), but where their over-
all area was kept constant. These terms are used as consistently as possible, so
that this discussion will be enlightening rather than confusing.

NATURALLY OCCURRING PATCHINESS VERSUS
HUMAN-CAUSED FRAGMENTATION
Origins of Patchiness

If you take a close look, you'll notice that landscapes are patchy. Palm oases are
splashes of green in desert landscapes, occurring where water rests close to the
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surface. Light gaps reveal breaks in tropical forest canopies where trees have
blown down during wind storms. Spatial and temporal variation in the distribu-
tion and abundance of vital resources, as well as in geological and ecological
processes, result in landscape heterogeneity, often called habitat patchiness (e.g.,
in Wiens 1997). In many terrestrial systems, patchiness involves spatial variation
in bedrock, soils, nutrients, or water that affects the distribution of plant species,
which, in turn, at least partially determines animal distributions. In marine or
freshwater systems, patchiness in species’ distributions may be the result of such
factors as differences in substrate type, water depth, or period of inundation. Nat-
ural disturbances, including fires, floods, disease outbreaks, wind storms, and
wave action, also create patchiness by altering the structure of populations, com-
munities, and ecosystems and by causing changes in resource availability or the
physical environment (Levin and Paine 1974; Delcourt, Delcourt, and Webb
1983; Pickett and White 1985). In addition, species may generate their own
patches, independent of any underlying environmental heterogeneity, by their
clumped dispersal patterns (e.g., spatial pattern formation in Tilman and Kareiva
1997).

Ecologists have a long history of observing and studying the underlying
causes of patchiness (Watt 1947; Levin and Paine 1974; Wiens 1976). Concepts
and methods from landscape ecology, which focus specifically on the causes and
consequences of spatial heterogeneity for ecological processes, including distur-
bance (Forman and Godron 1986; Urban, O'Neill, and Shugart 1987; M. Turner
1987, 1989; Wiens et al. 2006), have increasingly been mainstreamed in ecology
in general. The bulk of this book features studies of the patterns and outcomes
of human-caused landscape heterogeneity, rather than naturally occurring pat-
terns and processes. This dichotomous categorization is a convenient way to dis-
tinguish types of disturbances, but it is important to recognize that in most—if
not all—landscapes, natural patchiness and human activities interact to create
the spatial patterns that we see (e.g., Foster, Fluet, and Boose 1999). As a basis for
understanding the impacts of anthropogenic landscape change on natural sys-
tems, however, it is useful to briefly review here what is known about the ecolog-
ical characteristics of naturally patchy systems.

Differences between Patches

Given that nature is inherently patchy, some may wonder why anthropogenic
landscape changes that increase habitat patchiness are necessarily a bad thing.
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Figure 1.2. Conceptualization of the relationship between spatial extent and occurrence
interval for natural disturbances and human activities. Natural disturbances (represented
as falling along the solid line)—such as fires, pathogen outbreaks, or floods—that extend
over small areas tend to occur at frequent intervals (lower left end of solid line), whereas
those that cover large areas tend to occur infrequently (upper right end of solid line).
Human activities, such as clear-cut forestry or industrial agriculture, tend to occur over
broad spatial scales relatively frequently (light gray circle in lower right part of graph).
Redrawn based on figures and text in Delcourt, Delcourt, and Webb (1983) and Urban,
O’Neill, and Shugart (1987).

For example, does it matter if industrial forestry produces landscapes filled with
small patches of forest surrounded by clear-cuts, if we know that fires in these
same ecosystems can result in small patches of forest surrounded by burned ar-
eas? To answer that question, it would be helpful to know something about the
structural and functional qualities of patches and landscapes that are naturally
patchy versus those that are human modified. Unfortunately, specific differences
in species’ responses to naturally patchy versus human-fragmented landscapes
have rarely been compared directly, so it is difficult to draw robust conclusions.
However, the spatial and temporal scales of natural disturbances versus human
activities have been explored in some detail. For example, Delcourt, Delcourt, and
Webb (1983) presented a hierarchical framework to describe what they called the
space-time domains of factors that influence vegetation dynamics. The key con-
cept from this framework was that fine-scale events that shape native vegetation
communities tend to occur with relatively high frequency, whereas events that oc-
cur over relatively broad spatial scales occur rather infrequently (fig. 1.2). The au-
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thors pointed out, however, that some human activities tend to be exceptional in
that they occur over broad areas with relatively high frequency, which places
them outside of the typical space-time domain.

This notion of hierarchical space-time patterns in terrestrial landscapes was
elaborated by Urban, O’Neill, and Shugart (1987), particularly with regard to the
impacts of human activities. These authors argued that anthropogenic activities
influence landscapes via four particular mechanisms, each of which may pose
particular challenges for native species. First, human activities re-scale landscape
patterns in space and time. For instance, fire suppression alters fire regimes so
that when fires do eventually burn, they tend to be larger and hotter then they
would have been in the absence of suppression. Because the characteristics of
these fires differ from those experienced in the historical context of a community,
the authors argue that tree mortality may be higher, and regeneration dynamics
may be slower, than under more natural conditions. Second, human activities re-
scale natural regions by imposing barriers—such as roads, pipelines, buildings,
and dams—that retard the flow of species, disturbances, nutrients, or materials
across landscapes. These newly bounded habitat fragments may therefore be too
small to encompass natural disturbance regimes or dispersal patterns, thereby
reducing habitat suitability for some species. Third, human activities may dis-
rupt ecosystems in ways that fall outside the range of space-time scales experi-
enced under natural disturbance regimes. For example, cultivation associated
with industrial agriculture tends to occur over large areas with high frequency,
which violates the typical natural regimen of small events happening with high
frequency and large events with low frequency. Fourth, human activities may re-
move the rather intricate internal patch structure of natural habitats. As the au-
thors point out, naturally occurring forests tend to have tree-fall gaps, fallen logs,
and vertical stratification of vegetation, whereas human-created forest fragments
are often much more homogeneous.

In addition to these differences in the spatial and temporal scales of natural
disturbances and human activities, we can make some guesses as to the likely
distinctions in natural versus human-modified landscapes. Structurally, natu-
rally occurring and anthropogenic fragments may vary in their shapes, their de-
gree of contrast with their surroundings, and the magnitude of their edge effects.
For example, human-created fragments tend to have straighter boundaries,
whereas natural disturbances create more sinuous boundaries. The contrast is
often greater between human-created patches and their surroundings than it is
for naturally occurring patches (Forman 1995), which may result in less perva-
sive edge effects in the latter (see chapter 5). As fragmentation proceeds, the size
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distribution of the fragments becomes increasingly dominated by a large num-
ber of small patches and fewer and fewer large patches (e.g., see Harris 1984).

These differences in landscape structure are likely to alter the functional qual-
ities of human-fragmented landscapes. In general, human-induced loss and frag-
mentation result in a reduction of habitat area and connectivity, and species may
not readily adapt to these changes, especially if they have evolved in the context
of large, continuous habitats. In most cases, there is probably insufficient time
for species to adapt behaviorally or physiologically in order to successfully cope
with these novel environmental conditions. However, because the study of spe-
cies’ responses to broad-scale landscape change is relatively recent, it is not yet
clear whether species will be able to evolve and overcome problems associated
with these altered landscapes in the long term, or if extinction is inevitable for
them (Ewers and Didham 2006).

LESSONS FROM PATCHY HABITATS

Despite the differences in naturally patchy versus human-modified landscapes,
research on population and community dynamics from a range of naturally
patchy landscapes offers some clues for understanding species’ responses to
human-caused landscape changes. Studies of organisms that occupy spatially
discrete habitats include the classic work of MacArthur and Wilson (1967) on
oceanic islands (see chapter 2), as well as books, essays, and papers on pikas on
talus patches in western North America (Peacock and Smith 1997; Peacock and
Ray 2001); plants and invertebrates in vernal pools in Mediterranean climates
(Holland and Jain 1981; J. King, Simovich, and Brusca 1996; Grillas et al. 2004;
Gerhardt and Collinge 2007; pictured in fig. 1.3); invertebrates in rock pools (Ro-
manuk and Kolasa 2004), pitcher plants (Kneitel and Miller 2003), and tree holes
(Kitching 2001); multiple plant and animal species in limestone glades in Mis-
souri (Van Zandt et al. 2005); and comprehensive long-term research on popula-
tions of the Glanville fritillary and its natural enemies in dry meadows of the
Aland Islands of Finland (Hanski 1999).

To illustrate the relevance of research in naturally patchy systems for human-
fragmented landscapes, there is a noteworthy collection of papers by Susan Har-
rison and colleagues that have focused on plant and animal populations and com-
munities that inhabit patchily distributed serpentine soils in northern California
(fig. 1.4). This body of research has convincingly shown that habitat patchiness
influences butterfly population dynamics, patterns of plant species richness and
composition, plant-pollinator interactions, and patterns of invasions by exotic
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Figure 1.3. An example of a naturally patchy habitat, an ephemeral (temporary) wetland
during the aquatic phase, near the Tour du Valat Research Station, 30 km south of Arles
in southern France. Photo by S. K. Collinge.

species (S. Harrison, Murphy, and Ehrlich 1988; S. Harrison 1989, 1997, 1999;
S. Harrison, Rice, and Maron 2001; Wolf and Harrison 2001; S. Harrison et al.
2006).

Serpentine soils in California are the surface expressions of complex geologic
processes involving the ancient collision of tectonic plates, but the relevant point
here is that these rocky outcrops tend to be patchily distributed across the land-
scape, have unusual soils, and support a relatively specialized flora and fauna
(Kruckeberg 2006). Harrison’s dissertation research on the population dynamics
of the Bay checkerspot butterfly (Euphydryas editha bayensis), which occurs on ser-
pentine patches, is often cited as a textbook case of metapopulation dynamics
(S. Harrison, Murphy, and Ehrlich 1988; S. Harrison 1989; see also chapter 2). In
her study of butterfly populations inhabiting scattered serpentine outcrops, one
large serpentine patch supported thousands of butterflies, whereas several small
serpentine patches located near the large patch supported tens to hundreds of
butterflies. Small patches even farther from the large one were not even occupied
by the butterflies, despite containing apparently suitable habitat for them. This
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Figure 1.4. A non-serpentine meadow (foreground, lighter gray) and a serpentine out-
crop (small hilltop in background, darker gray) in Lake County, California. Photo by
S. K. Collinge.

pattern of patch occupancy appeared to reflect the limited dispersal ability of but-
terflies (S. Harrison 1989). Patches far from the large serpentine outcrop were
not easily colonized by the butterflies and so were unoccupied, but nearby
patches were easily accessible to them. Harrison described these spatially struc-
tured, local populations as a mainland-island metapopulation, by analogy to sys-
tems where small island populations in a lake or ocean exist near a mainland
(S. Harrison 1991; S. Harrison and Taylor 1997; see also chapter 2). In collections
of populations that vary substantially in size, small local groups may occasionally
disappear, but the entire collection does not become extinct, due to the persis-
tence of the large mainland population. This finding contributed greatly to a
clarification of the dynamics of such populations, including those that become
subdivided or fragmented due to human activities.

Spatially structured populations occur within the context of species assem-
blages, and the question of how landscape spatial structure influences species di-
versity is fundamental to ecology and conservation biology (S. Harrison 1997,
1999; S. Harrison et al. 2006; see also chapter 3). In a study of plant communities
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on serpentine outcrops, both woody and herbaceous plants were sampled in 24
small serpentine patches and in 24 similarly sized and spaced sites in large, con-
tinuous serpentine patches to assess patterns of local and regional plant diversity
in relation to habitat patchiness (S. Harrison 1997, 1999). By comparing the oc-
currences of plant species in these different settings, Harrison found that for ser-
pentine endemic woody and herbaceous species, local diversity (the number of
species observed per sampling site) was higher on continuous serpentine habitat
than on small patches. But patchiness led to a higher differentiation in commu-
nity composition among the sites, such that the overall regional diversity was
higher on patchy versus continuous serpentine habitat. Additionally, small
patches tended to be more frequently invaded by alien species or species that
were not normally found on serpentine soils than were large, continuous patches.
These combined results have useful implications for conservation: large serpen-
tine patches were more likely to support a higher diversity of endemic species
and were invaded less frequently by exotic species. But the observation that small
patches differed more from one another than from equal-sized sampling sites
within continuous areas suggests that collections of small patches may also sub-
stantially contribute to capturing plant diversity in this system (S. Harrison
1999).

To further explore the observation that alien species tended to invade small
patches more frequently than large ones, S. Harrison, Rice, and Maron (2001)
studied the occurrence patterns of two common alien grasses, Avena fatua and
Bromus hordeaceus, that were both frequently observed on small patches in the
previous study (S. Harrison 1999). Bromus was more abundant at the edges of
large serpentine patches than in the interiors of large patches, but the amount of
Avena did not vary significantly with the distance from patch edge to interior. Soil
characteristics of large serpentine patch edges also did not differ significantly
from those of patch interior sites, so the higher invasion by Bromus at the patch
edges was probably due to the influx of seeds from the matrix surrounding the
patches, rather than to the seedlings’ inability to germinate and survive in patch
interiors. Seeds appeared to easily invade patch edges but were unable to disperse
over the long distances to the interior of large patches. These results suggest that
the surrounding matrix has strong effects on native habitat patches, an important
theme in studies of habitat loss and fragmentation that will be explored in more
detail in subsequent chapters.

To assess spatial factors affecting the local and regional diversity of serpentine
plant assemblages, Harrison ambitiously extended the scope of her research to
serpentine patches throughout the entire state of California (S. Harrison et al.
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2006). She and her colleagues sampled plant species richness in 109 study sites
within the four broad geographic areas in which serpentine soils occur in Cali-
fornia. They also measured a suite of spatial characteristics (patch area, isolation,
and shape) and environmental variables (soils, rainfall, temperature, and pro-
ductivity), which they then used as explanatory variables for local and regional
plant species richness. The results showed strong correlations of environmental
variables (especially soils and rock cover) with local plant species richness, but lit-
tle effect of spatial attributes of the patches. Regional richness was positively cor-
related with the overall amount of serpentine habitat within the region, but it was
not associated with other measures of spatial structure. The authors concluded
that the lack of strong association between richness and spatial structure at the
local scale was perhaps due (1) to the wide range of patch sizes examined (in con-
trast to the very small and very large patches sampled in S. Harrison 1997, 1999),
and (2) to the fact that these serpentine patches were not necessarily true islands,
in that there is an exchange of many species between the surrounding matrix and
the serpentine patches. Local environmental conditions, therefore, appeared to
swamp variation in species richness due to patch spatial characteristics. The ob-
served positive association between the overall amount of serpentine habitat in
the region and regional species richness suggests that the amount of habitat, but
not necessarily its spatial configuration, influenced species richness. This is con-
sistent with Fahrig’s (2003) review described above, where most studies of frag-
mented habitats find strong effects of habitat loss, but not necessarily of habitat
fragmentation per se.

Whether habitat patchiness affects the interactions among species is also a
critical question in conservation (Soulé et al. 2003; see also chapter 7). Pollinator
behavior may be disrupted in fragmented landscapes, with serious implications
for plant reproductive output. Studies of the reproductive biology of the serpen-
tine morning glory (Calystegia collina) in this same system of serpentine outcrops
revealed that flower and fruit production were higher on large (>300 ha) ser-
pentine patches than on small (<5 ha) patches (Wolf 2001; Wolf and Harrison
2001). There were no detectable differences, however, in the number of bees that
visited flowers in small versus large patches. A closer examination of plant re-
production showed that the higher fruit production on large patches compared
to small patches was probably because bees were more effective pollinators on
large patches. Plant patches occurred in clusters on large serpentine patches but
not on small ones, so the former areas were where bees were more likely to carry
compatible pollen. On small patches, there were greater possibilities for bees to
carry pollen from other species, thereby increasing the proportion of incompati-
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ble pollen in their pollen loads. These results imply that large serpentine patches
were more likely to support the high plant densities and clustered spatial configu-
rations necessary for successful plant reproduction, whereas small patches failed
to do so, despite equivalent abundances of pollinators among the patches.

Collectively, these studies of naturally patchy serpentine outcrops in Califor-
nia provide useful models for understanding the potential effects of human-
caused fragmentation of natural systems on ecological processes. Serpentine out-
crops come in different sizes, shapes, and spatial configurations and support
many rare species that are of conservation concern. In addition, they are invaded
at their edges by alien species, similar to what happens with human-created frag-
ments. Lastly, the size, isolation, and internal spatial heterogeneity of serpentine
patches affect species interactions that ultimately influence plant performance
and persistence. Many of the lessons learned from studies of naturally patchy
habitats have been fruitful in guiding and interpreting research on habitat loss
and fragmentation.

SYNOPSIS

This book is intended to provide a succinct synthesis and review of the ecology of
fragmented landscapes. It is obviously written from my own perspective of the
field, based on my research over the past two decades. My hope is that it is suffi-
ciently concise, yet comprehensive enough to provide necessary information
while saving the reader from having to review the hundreds (really, thousands) of
papers that have been published on this topic. The book is geared toward ad-
vanced undergraduates, beginning graduate students who want to enter this
field, nature enthusiasts, conservation scientists and practitioners, and profes-
sional ecologists in other research circles who want to know the state of our
knowledge about habitat loss and fragmentation. Because spatial structure in
ecology has been examined in multiple ways, the various chapters blend ap-
proaches from population, community, and landscape ecology. They emphasize
key ecological theories and concepts, review a rich collection of empirical litera-
ture, and forge vital links to environmental applications, such as the conservation
of biological diversity, ecological restoration, and conservation planning. There
are some brief historical perspectives for each topic, highlighting the major con-
ceptual foundations of and developments in the field in the past 40 or so years.
The chapters attempt to provide enough detail from featured studies to give read-
ers a sense of the diverse methods used by researchers in their work, since it will
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be useful for students or novices in this field to learn different observational, ex-
perimental, and modeling approaches.

This book often just scratches the surface of particular concepts or processes,
but it does contain sufficient information to encourage further exploration (for
example, the sross debate in chapter 3 and metacommunity theory in chapters 2
and 7). The examples in it are mostly from terrestrial systems, reflecting my own
professional bias, but some freshwater and marine examples are included where
appropriate. There is not much direct discussion here of population genetics, al-
though it is mentioned occasionally. Allendorf and Luikart (2007) have a com-
prehensive and readable text on conservation genetics. I strongly encourage read-
ers to dig deeper into topics of interest, and I offer an extensive reference list to
guide those explorations. Also, because many concepts are linked, they may ini-
tially appear in one chapter and then reappear in another. There are also several
reviews of the study of habitat loss and fragmentation that provide good sum-
maries of some of the key issues (Saunders, Hobbs, and Margules 1991; Debin-
ski and Holt 2000; Haila 2002; McGarigal and Cushman 2002; Fahrig 2003; Ew-
ers and Didham 2006). Finally, I urge students of this subject not to neglect
the classics. Most chapters refer to these fundamental articles and books, and
in many cases re-reading papers published decades ago can offer fresh new in-
sights.

This book is organized logically to move from the building blocks of theory
and observation to more complex experiments and interactions. It has a recur-
ring theme throughout: habitat area and connectivity are crucial to population
and community processes. Habitat patches must be both large enough to support
viable populations and connected enough to allow a sufficient movement of in-
dividuals, thus preventing genetic and demographic erosion. The book begins
with a summary of the major theories and conceptual frameworks from popula-
tion, community, and landscape ecology that have contributed to the study of
habitat loss and fragmentation. The next few chapters critically survey the vast
quantity of literature on the effects of patch size and isolation (chapter 3) and con-
text (chapter 5) on species and communities, with separate treatments of obser-
vational (chapter 3) and experimental (chapter 4) studies. The movement of or-
ganisms may explain species’ responses to habitat loss and fragmentation, and
chapter 6 explores this subject. Explicit considerations of species interactions are
examined in chapter 7, with a separate chapter devoted to interactions involving
hosts, vectors, parasites, and pathogens (chapter 8). Modeling studies have built
upon and informed empirical studies, and several basic modeling approaches are
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reviewed in chapter 9. Chapters 10 and 11 are meant to be hopeful, focusing on
restoration (chapter 10) and conservation planning (chapter 11), two sets of ap-
proaches that may help to connect the pieces of fragmented landscapes into a
functioning whole. The final chapter summarizes what we’ve learned and where
our scientific knowledge has been successfully applied in conservation settings
(and where it hasn't yet) and then offers some suggestions for promising re-
search directions.

This is a rich and rewarding field of study, with exciting opportunities to link
rigorous ecological theory with practical applications to the conservation of
biological diversity and ecosystem services. Increasingly and fortunately, the bar-
rier between basic and applied ecology is fading. I am heartened by the ever-
enlarging batch of scientists and practitioners who seek to learn more about crit-
ical challenges in studies of the environment and are committed to using their
intellectual power to find creative solutions to pressing issues. I am also encour-
aged by the brilliant and thoughtful work of my colleagues in this field, who have
markedly propelled our knowledge and techniques for conducting research for-
ward since I first started reading about this topic in the late 1980s. We have
amassed an enormous body of scientific information, even though we often de-
spair that we don’t yet know enough about certain topics or systems. It is essen-
tial that we continue to communicate what we do know to the public and the me-
dia and to engage with non-traditional partners in industry, organizations, and
government agencies to enhance the well-being of the collective biological wealth
of this planet Earth.



CHAPTER TWO

Conceptual Frameworks

A good theory points to possible factors and relationships in
the real world that would otherwise remain hidden and thus
stimulates new forms of empirical research.

—Robert H. MacArthur and Edward O. Wilson (1967)

Now that the motivations for studying the ecological consequences of habitat loss
and fragmentation have been explained, it's important to understand the con-
ceptual frameworks that underlie this field of study. Several key ecological theo-
ries contribute to our understanding of the consequences of loss and fragmenta-
tion for individuals, populations, and communities. Chapter 1 noted that natural
systems become patchy for a variety of reasons, and that this book focuses pri-
marily on human-induced habitat loss and fragmentation. But some of the theo-
ries reviewed in the present chapter were developed for entirely different reasons.
Only subsequently have they been applied to studies of habitat loss and frag-
mentation in order to explain and hopefully predict ecological responses to land-
scape change.

This chapter describes and reviews the original theories, later modifications to
the theories, and the perspectives all of them offer for examining ecological frag-
mentation. It starts with the basic idea of species-area curves, then moves on
to the two main bodies of ecological theory—island biogeography theory and
metapopulation theory—that relate population and community dynamics to
patch size and isolation. Both theories were developed in the late 1960s and have
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undergone modifications since then that are particularly relevant to discussions
of fragmented landscapes. There are several additional conceptual frameworks
that provide important insights into changing landscape patterns and species’ re-
sponses, including metacommunities, meta-ecosystems and metalandscapes:
percolation theory, hierarchy theory, patch dynamics and shifting mosaics, and
fractal analysis.

SPECIES-AREA CURVES

One of the few truisms in ecology is that larger areas support a greater number
of species. Although ecologists often lament the fact that many of the patterns we
observe in nature are species specific or habitat specific, and thus not easy to gen-
eralize, the species-area relationship is surely one of the most satisfying patterns,
due to its predictability and consistency. That the number of species in an area
increases with its size was observed by early naturalists such as Darwin and Wal-
lace, and this was formalized as an ecological principle in the early part of the
20th century (Arrhenius 1921). Ecologists have repeatedly noted a positive rela-
tionship between the area of an island (or a chunk of habitat) and the number of
species present on it (fig. 2.1). The islands of the West Indies are a classic exam-
ple, since various ecologists have studied relationships between island area and
several different taxa on these islands. In all cases there is a distinct positive re-
lationship between area and species richness that can be described by the power

law:
S = cA?

where S is the number of species on the island, A is the area of the island, and ¢
and z are constants fitted to the data (MacArthur and Wilson 1967; B. Wilcox
1980; Rosenzweig 1995; Gotelli 1995). By taking the logarithm of each side of the
equation, the relationship becomes a straight line, with ¢ as the y-intercept of
the line and z as the slope of the line. The z-value can be described in words as
the extent to which species richness changes with island area. The logarithmic
transformation allows for easy comparisons of the parameters of this linear equa-
tion among taxa and study systems. In the West Indies example, a comparison of
the slopes (z-values) for different species groups reveals that species richness in-
creases at a higher rate with island area for non-flying mammals and reptiles and
amphibians (z = 0.48 and 0.38, respectively) than for birds and bats (z = 0.24 and
0.24, respectively) (cited in B. Wilcox 1980). These differences in slopes suggest
that the less mobile species are more confined in their distribution; thus new
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Figure 2.1. A species-area curve for reptiles in the West Indies. The slope of the line (z) =
0.30. Redrawn based on data from Wright (1981).

species of these less-mobile animals are encountered more rapidly as area in-
creases than what is observed for the more mobile species, birds and bats.
Three explanations have consistently been posited for the species-area rela-
tionship: the passive sampling hypothesis, the habitat heterogeneity hypothesis,
and island biogeography theory. The passive sampling hypothesis (Arrhenius 1921;
Connor and McCoy 1979; Williamson 1981) says that simply by increasing the
size of an area sampled, you are more likely to encounter more individuals. And
as you increase the number of individuals that you sample, you are also more
likely to encounter new species. So the increase in species richness with greater
area merely reflects increased sampling effort. The habitat heterogeneity hypothe-
sis (Williamson 1981; Boecklen 1986; Rosenzweig 1995) states that larger areas
are more likely to contain more types of habitats. And as the number of habitat
types increases, so, too, will the number of species encountered, since many
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species are habitat specialists. Island biogeography theory (MacArthur and Wilson
1967), discussed in detail below, asserts that species richness increases with
island area due to the dynamic equilibrium between the rate of species coloniza-
tion of an island and the rate of species extinctions on it. Rosenzweig (1995) pro-
vides an excellent, detailed discussion of species-area curves and their explana-
tions.

The relative importance of each of these three explanations of the species-area
relationship has been widely discussed, and no clear consensus has yet emerged
on the primary mechanism responsible for it (Boecklen 1986; Herkert 1994; Holt
et al. 1999; Ricklefs and Lovette 1999; Harte, Blackburn, and Ostling 2001; Cam
et al. 2002; Chittaro 2002; V. Smith et al. 2005; Ouin et al. 2006). As with many
ecological questions, the answer is probably that some combination of these fac-
tors influences patterns of species richness in relation to area. For the purposes
of this discussion, the main take-home message is the following: there are mul-
tiple hypotheses for the species-area pattern, and although island biogeography
theory is perhaps the most familiar explanation to most readers, it is not the only
conceptual model that has been advanced to explain this relationship.

ISLAND BIOGEOGRAPHY THEORY

Robert MacArthur and E. O. Wilson worked together in the 1960s to develop a
general theory that could explain the richness of species on oceanic islands. Their
observations of birds and ants on tropical islands had revealed strong patterns of
increasing species richness with area, consistent with the general species-area re-
lationship described above. Together they constructed a conceptual framework to
explain these patterns (MacArthur and Wilson 1967). Island biogeography theory
(IBT) asserted that species richness increases with island area, due to the balance
between colonization and extinction rates on an island (fig. 2.2a). Since it should
be relatively easy for individual plants or animals to reach islands that are close

Figure 2.2. (opposite) Conceptual representations of the equilibrium theory of island bio-
geography (IBT): (a) as originally conceived by MacArthur and Wilson (1967), (b) with
the rescue effect of J.H. Brown and Kodric-Brown (1977), and (c) with the predicted
effect of habitat corridors of A. Bennett (1990). Rates of immigration are the top four
(a) or two (b and c) lines shown on the left side of each graph, and rates of extinction
are the bottom four (a and b) or two (c) lines on the left side of each graph. Species
richness for a particular island distance-size combination is determined by dropping a
perpendicular line to the x-axis from where the two lines depicting immigration and
extinction rates cross each other. N = near islands, F = far islands, L = large islands,

S = small islands.
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to a mainland, colonization rates would be primarily influenced by an island’s
distance from a mainland source of colonists. So near islands would have higher
colonization rates than far islands. Extinction rates would be primarily influ-
enced by the size of the island, since smaller islands would only be able to sup-
port small populations of a given species, compared to what larger islands could
maintain, and small populations are more vulnerable to extinction than large
ones. Thus the equilibrium number of species that could occur on an island of a
particular size and degree of isolation would be determined by the point at which
the rate of colonization met the rate of extinction. Large islands close to a main-
land would support the highest number of species, whereas small islands distant
from a mainland would harbor the fewest number of species.

At the same time that MacArthur and Wilson were constructing this theory
based on oceanic islands, they recognized the analogy of oceanic islands with the
terrestrial “islands” that remained as landscapes were converted from forests to
agricultural fields. In fact, in the first chapter of their classic monograph, titled
“The Importance of Islands,” they describe insularity as a “universal feature of
biogeography” and almost immediately (in the second paragraph) present the
analogy of oceanic islands with habitat fragments: “The same principles [of in-
sularity] apply, and will apply to an accelerating extent in the future, to formerly
continuous natural habitats now being broken up by the encroachment of civi-
lization” (p. 4).

MODIFICATIONS TO IBT
The Rescue Effect

Recall that the key prediction from IBT regarding habitat isolation was that im-
migration rates should vary inversely with the distance of a fragment from a
source of colonists. Islands that were farther from a mainland would therefore
have fewer species, since it would be more difficult for colonists to reach these is-
lands compared to those close to the mainland. For terrestrial habitat fragments,
a continuous expanse of native habitat could be considered a mainland colonist
source. J.H. Brown and Kodric-Brown (1977) suggested a modification to IBT by
claiming that island distance may not only influence immigration, but may also
significantly influence extinction rates (fig. 2.2b). Specifically, in insular habitats
or closely spaced resource patches that are easily accessible, immigration rates
may be very high (and relatively higher than extinction rates), shifting the balance
of these two rates in favor of immigration. These high rates of immigration may
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effectively decrease the probability of extinction by rescuing populations before
they reach precariously small sizes, which J.H. Brown and Kodric-Brown re-
ferred to as the rescue effect. The main contribution of the rescue effect concept
was that both island size and distance (not just size, as in the original IBT) may
influence the extinction rate of species on islands and, consequently, patterns of
species richness.

Corridors

Additional conceptual developments regarding the effects of island or habitat iso-
lation on species richness suggested that any mechanism that reduced isolation
among habitat patches should also enhance immigration rates to those patches.
If a patch is less isolated, organisms should be able to disperse to that patch more
easily, which ultimately would increase the colonization rate. Habitat corridors,
which are linear strips of vegetation that link otherwise isolated fragments, were
proposed as a means to reduce isolation among habitat patches. For this very rea-
son, the use of habitat corridors appeared as one of Diamond’s (1975) suggested
principles of reserve design. If habitat corridors successfully reduce the effective
distance between habitat patches, then they should enhance colonization rates
and facilitate the rescue effect (fig. 2.2c). It logically follows that habitat frag-
ments connected by corridors should support larger populations, and perhaps a
higher number of species, than completely isolated fragments of equal size (e.g.,
Simberloff and Cox 1987; A. Bennett 1990; Saunders and Hobbs 1991).

Landscape Effects

Because island biogeography theory was based largely on terrestrial species in-
habiting oceanic islands, there was really no need to invoke the ocean’s charac-
teristics as an unsuitable source of or site for colonization to explain species rich-
ness on islands. In applying this theory to terrestrial fragments, however, many
authors have argued that these landscapes do not have a similarly inhospitable
matrix, so the theory requires some modification in its application to fragmented
landscapes (Burgess and Sharpe 1981; Wilcove, McLellan, and Dobson 1986; For-
man 1995; Wiens 1996; H. Murphy and Lovett-Doust 2004; Hilty, Lidicker, and
Merenlender 2006). Forman (1995) suggested that, although species richness on
oceanic islands could be described as a function of island size and isolation, the
species richness of patches in a landscape mosaic would be influenced by addi-
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tional factors. He devised the following equation to encapsulate those additional
factors:

S = [ f (habitat diversity (+), disturbance (— or +), area of patch interior (+),
age (+ or —), matrix heterogeneity (+), isolation (—)]

where S equals the species richness of a patch in a landscape mosaic, and the
plus or minus sign following each patch characteristic indicates its proposed re-
lationship with species richness. For example, habitat diversity, area of patch in-
terior, and matrix heterogeneity are all expected to positively influence species
richness in a patch, and patch isolation to affect it negatively. Two variables, dis-
turbance and patch age, may have either negative or positive effects on species
richness.

In summary, island biogeography theory and its modifications made predic-
tions about how island size and isolation (as well as additional factors in the case
of terrestrial habitat fragments) should influence species richness via their ef-
fects on the rates of immigration and extinction. The theory implicitly included
population processes, since colonization and extinction occur at the level of pop-
ulations. It also assumed that small populations would be more vulnerable to ex-
tinction than large ones. But the overall goal of IBT and its modifications was to
make explicit predictions about species richness—a community property—on
islands and habitat fragments.

METAPOPULATION THEORY

Island biogeography theory’s emphasis on rates of colonization and extinction to
explain patterns of species richness corresponds closely with metapopulation
theory (Levins 1969), another major ecological framework constructed to explain
the dynamics of patchy systems. The formulation of metapopulation theory was
published soon after MacArthur and Wilson’s (1967) IBT, but emerged from
studies of a very different ecological problem. Levins was tasked by applied ento-
mologists to work out the best way to introduce persistent populations of insect
biological control agents (predators or parasitoids) into agricultural fields to ef-
fectively control pest insects. Levins recognized that pests attack crops over a
broad geographic area, so that biological control interventions would likely re-
quire multiple, possibly interacting populations of biological control agents. His
mathematical formulation included local population extinctions followed, after a
relatively short lag period, by migration and recolonization from other popula-
tions. He used the term metapopulation to describe the collection of local popula-
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tions that periodically experienced extinction but were linked by colonization
(immigration).

As originally conceived by Levins, metapopulation theory emphasized that lo-
cal populations of organisms undergo periodic colonization and extinction, but
the metapopulation can persist indefinitely if rates of extinction are balanced by
rates of colonization. However, failed colonization of empty patches may occur if
patches are extremely isolated (Hansson 1991; S. Harrison 1991; Fahrig and Mer-
riam 1994). Elaborations of Levins’ original metapopulation theory explored how
variation in patch characteristics among local populations may lead to very differ-
ent metapopulation dynamics (e.g., S. Harrison, Murphy, and Ehrlich 1988; Han-
ski and Gilpin 1991; S. Harrison 1991; S. Harrison and Taylor 1997; Hanski 1999;
Hanski and Gaggiotti 2004). For example, S. Harrison (1991) and S. Harrison
and Taylor (1997) noted at least four types of spatially-structured populations,
each with quite different dynamics (fig. 2.3). Superficially, these spatially struc-
tured populations may look the same—they are collections of spatially separated
patches that occur across a broad landscape. But functionally, these populations
differ substantially. The classic metapopulation of Levins (1969) (fig. 2.3a) con-
sists of (1) habitat patches that are invariant in size, isolation, and quality, with
each patch having an equal probability of extinction and recolonization, and
(2) asynchronous patch dynamics, that is, the dynamics on each habitat patch are
independent of one another. One variation on this theme is the mainland-island sys-
tem (fig. 2.3b) described by S. Harrison, Murphy, and Ehrlich (1988) for checker-
spot butterflies on serpentine patches (see chapter 1). Here the probability of
extinction is unequal among the patches, due to variation in patch or population
size: populations on small patches may periodically go extinct, but the large patch
persists indefinitely. Mainland-island metapopulations are analogous to source-
sink metapopulations, except the designation of a population as a source or sink
depends upon habitat quality, not necessarily patch size. Sources are defined as
populations with positive growth rates that export surplus individuals (dispers-
ers) to adjacent populations, whereas sink populations are those with negative
growth rates that are sustained only via immigration from sources (Pulliam 1988;
Pulliam and Danielson 1991). Another alternative is the patchy population (fig.
2.3c), which is not really a metapopulation at all, but simply a single large popu-
lation that happens to occupy several habitat patches. Think of the daily foraging
movements of squirrels among trees in several suburban backyards, where the
backyards are not discrete populations but merely patchily distributed resources
used by a single squirrel population. A third variant is the non-equilibrium meta-
population (fig. 2.3d), which is the most troubling for conservation biologists.



(a) Classic (b) Mainland-island
or source-sink

(d) Non-equilibrium

Figure 2.3. Conceptual diagrams of metapopulation dynamics for four different spatially
structured populations: (a) classic metapopulation, (b) mainland-island or source-sink
metapopulation, (c) patchy population, and (d) non-equilibrium metapopulation.
Redrawn from S. Harrison and Taylor (1997, figs. 1a, b, ¢, and d). Filled circles represent
occupied habitat patches; empty circles, vacant habitat patches; dotted lines, boundaries
of local populations; arrows, dispersal between patches.
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This is because the populations are so isolated from one another that migration
among populations is nonexistent; thus neither rescue from extinction nor re-
colonization following extinction can occur. So if a local population goes extinct,
presumably there is no hope for the re-establishment of a population, except
perhaps with human intervention. Finally, a metapopulation may functionally
exhibit more than one of these types of dynamics in different parts of the meta-
population (S. Harrison 1991; S. Harrison and Taylor 1997, fig. 1e).

These distinctions between types of spatially structured populations are of
more than just academic interest. Because the dynamics of these populations dif-
fer substantially, management interventions must also vary accordingly. And
management actions based on a superficial inspection of populations could be
misguided. For example, if a set of patchily distributed populations functions as
a mainland-island system, then conservation and management actions should
prioritize the long-term protection of the large mainland population, since it
plays an essential role in the persistence of the overall metapopulation. But if it
were assumed, in this case, that all populations were equally prone to extinction
(the classic metapopulation), then conservation efforts would not necessarily fo-
cus on the mainland population. In some instances, a species may exhibit func-
tionally variant metapopulations across its geographic range, so management ef-
forts must be similarly fluid. For example, Stith et al. (1996) conducted detailed
population studies of the threatened Florida scrub jay (Aphelocoma coerulescens)
and observed mainland-island, non-equilibrium, and classic metapopulation dy-
namics in different parts of the species’ range in peninsular Florida.

As was the case for island biogeography theory, metapopulation theory and its
modifications have been applied widely to the population dynamics of species in
human-induced habitat fragments (Dunning et al. 1995; S. Harrison and Fahrig
1995; McCullough 1996). Because failed colonization of empty patches may oc-
cur due to patch isolation (Hansson 1991; S. Harrison 1991; Fahrig and Merriam
1994), the presence of either stepping stones or corridors, or the management of
the matrix between fragments, should increase the regional (metapopulation)
persistence of native species by reducing isolation effects and increasing colo-
nization probability. The purported benefit of connecting otherwise isolated
patches has been similarly advocated, based on the predicted positive relation-
ships between colonization and species richness in IBT. However, the role of cor-
ridors, in particular, has been debated fervently (Simberloff et al. 1992; Hanski
and Simberloff 1997), as is discussed in chapters 3 and 6. With regard to meta-
population theory, in the extreme case that corridors promote so much move-
ment among patches that populations become synchronized, then the persis-
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tence of the overall metapopulation may be threatened by random variability (sto-
chasticity) in the environment (the patchy populations of S. Harrison and Taylor
1997; see also Koelle and Vandermeer 2005; chapter 6 contains a further discus-

sion of movement).

BUT FRAGMENTS ARE NOT ISLANDS

The similarities between IBT and metapopulation theory have been evident to
many ecologists and conservation biologists. Both focus on immigration and ex-
tinction in patchy landscapes (Hanski and Gilpin 1991; Hanski and Simberloff
1997; Hanski 1999), and so both should be relevant to understanding populations
and communities in fragmented landscapes. IBT emphasizes species richness
on islands, while metapopulation theory focuses on the persistence of single-
species populations. They differ in that in IBT there is a mainland that serves as
a source of colonists, while in metapopulation theory, this may or may not be the
case (it exists only for mainland-island metapopulations). In classic metapopula-
tion theory (Levins 1969), patches do not differ in isolation, either, as they do in
IBT. The theories are similar in that both IBT and metapopulation theory are
equally nebulous about variation in habitat quality among patches or islands, as
well as about characteristics of the matrix that may affect rates of colonization
and extinction (e.g., Forman 1995; Wiens 1997). Both consider the matrix as an
essentially nondescript background.

In terms of their applicability to conservation, both theories have been ex-
tremely useful in generating hypotheses and stimulating empirical research.
And because of their limitations, they have also helped the field move forward by
motivating researchers to refine these simple, elegant models into messier but
more accurate representations of the world. Island biogeography theory was ef-
fectively eclipsed in the 1990s by metapopulation theory, with the criticism that
IBT had too many limitations for its applicability to fragmented landscapes. Han-
ski (1999) pointed out that one of the possible reasons for this shift, aside from
issues of the inhospitable matrix of IBT described above, was that the metapop-
ulation paradigm posits a key role for the conservation of small habitat patches.
In terms of conservation planning, IBT projects that small patches will contain
few species, so they may not be a high priority for conservation actions. But
metapopulation theory does not similarly undervalue small patches, since they
contribute to overall metapopulation persistence. I would argue that these two
theories have been and continue to be equally useful as guiding frameworks for
conservation, but they are perhaps equally limited in their literal applicability for
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conservation action. Both, however, have had major impacts on how we think
about fragmented populations and communities and on what actions we might
take to ameliorate the negative consequences of isolation and extinction.

METACOMMUNITY THEORY

Although the concept of a metacommunity has only recently been developed in
depth (Holyoak, Leibold, and Holt 2005), early metapopulation researchers ap-
preciated the existence of metacommunities (Hanski and Gilpin 1991). The dy-
namics of host-parasitoid and predator-prey interactions in patchy landscapes
lent themselves particularly well to the theoretical formulations and empirical
tests of metacommunity theory (Murdoch, Chesson, and Chesson 1985; A. Tay-
lor 1990). Recent elaborations of metacommunity ecology are particularly rele-
vant to understanding species interactions in fragmented landscapes. Meta-
community thinking is essentially an extension of metapopulation theory—but
instead of populations of a single species blinking in and out of scattered habitat
patches, we now have multiple species that occur and interact across patchy land-
scapes. A metacommunity is broadly defined as a collection of communities con-
nected by dispersal (Hanski and Gilpin 1991; Leibold et al. 2004; Chase 2005;
Holyoak, Leibold, and Holt 2005), while a community is a collection of individu-
als that interact either directly or indirectly by partitioning the resources within a
patch of shared habitat (Hubbell 2001; Holyoak, Leibold, and Hold 2005). In com-
munity ecology, conventional theory has typically focused on local, deterministic
interactions—such as predation and competition—to explain the structure of lo-
cal communities. Metacommunity theory, on the other hand, extends the ideas
of metapopulation theory to multiple species and suggests that regional dynam-
ics such as dispersal, disturbance, and extinction can help to explain the broader
distribution and coexistence of species. The strength and influence of these re-
gional processes, such as colonization or extinction, are likely to be influenced by
the spatial arrangement of local communities, a recurrent theme throughout this
book. Recent works have called for the unification of these local and regional ap-
proaches, so that we can refine our understanding of the suite of factors involved
in structuring communities and use this knowledge to predict outcomes of an-
thropogenic change, such as habitat loss and fragmentation, species invasions,
and climate change (Hubbell 2001; Chase 2005; Holyoak, Leibold, and Holt
2005).
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Neutral Theory versus Niche Theory

Hubbell (2001) proposed the neutral theory of biodiversity, where patterns of
species richness and composition are related to the size of the metacommunity,
the rates of dispersal within the metacommunity, and the rates of formation of
new species. Hubbell's work derived from his observations of highly diverse trop-
ical tree communities, where all species compete for the same resources (nutri-
ents, water, light) and obtain resources in similar ways, yet hundreds to thou-
sands of different tree species can coexist in these forests. The neutral theory thus
assumes that species do not differ in their traits. Chase (2005) argued that Hub-
bell’s neutral theory has a limited use in making predictions about the likely re-
sponses of species to fragmentation. Neutral theory assumes that all species have
the same traits, yet we know that fragmentation is likely to affect species differ-
ently, depending on traits such as body size, home range size, trophic level, or
competitive ability. Chase noted that “as the neutral theory disregards differences
in species traits, it can say little about how fragmentation will differentially alter
the composition of species, as well as their interactions with other species in the
community” (p. 184).

Niche theory, on the other hand, assumes that species coexistence is based on
differences among species in traits that are related to resource acquisition or re-
sponse to the environment. Modern niche theory expands upon earlier descrip-
tions of the niche and argues that additional factors influence species coexis-
tence, including other species, such as enemies or mutualists, and temporal and
spatial variation in resource availability (Chase 2005). The emphasis on spatial
variation in both resource availability and species traits may be especially relevant
for studies in fragmented landscapes.

The subject of mechanisms of species coexistence is obviously relevant to dis-
cussions of persistence in fragmented habitats, but it is well beyond the scope of
this book. For an excellent review of the theory on how spatial heterogeneity
affects two-species interactions, see Hoopes, Holt, and Holyoak (2005), and to
catch a glimpse of future developments in metacommunity ecology, see Holt,
Holyoak, and Leibold (2005). What is important to emphasize here is the fact that
species interactions vary in response to habitat spatial structure, which has been
well documented for many types of interactions and is explored in detail in chap-
ter 7. Metacommunity theory adds to the formal conceptual framework for con-
sidering how species interactions might respond to variation in habitat spatial
structure, and thus can provide a context for predicting and interpreting the eco-
logical consequences of habitat loss and fragmentation.
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META-ECOSYSTEMS AND METALANDSCAPES

But it doesn’t stop with metapopulations and metacommunities. There are also
meta-ecosystems and metalandscapes. Loreau, Mouquet, and Holt (2003) ex-
tended the idea of metapopulations and metacommunities to meta-ecosystems,
which they defined as “a set of ecosystems connected by spatial flows of energy,
materials and organisms across ecosystem boundaries” (p. 674). For readers fa-
miliar with landscape ecology, this sounds a lot like the definition of a landscape:
“a mosaic where a cluster of local ecosystems is repeated in similar form over a
kilometers-wide area” (Forman 1995, p. 39). Landscape ecology also emphasizes
the flow of energy, materials, and organisms across spatially heterogeneous ar-
eas. But Loreau, Mouquet, and Holt (2003) claimed that meta-ecosystems were
different from landscapes, particularly because (1) landscapes are continuous,
but meta-ecosystems may be discontinuous—in this way, the meta-ecosystem
concept directly translates the notion of a collection of spatially disjunct popula-
tions and communities to spatially disjunct ecosystems; (2) a landscape has a
characteristic spatial scale (but this is debatable, since some advocate that land-
scapes are defined by the perceptions of different organisms; see Wiens 1989),
but a meta-ecosystem can be at any spatial scale; and (3) the meta-ecosystem con-
cept is not just about examining multiple scales, but is a “new tool to understand
the emergent constraints and properties that arise from spatial coupling of local
ecosystems” (p. 675). An example of a meta-ecosystem could be a series of spa-
tially disjunct wetland ecosystems that exchange nutrients via sequential visita-
tion by migrating waterfowl. Birds visit the wetlands for a few days to forage, and
perhaps they leave behind some nutrients and possibly a few feathers. While the
wetlands are spatially discontinuous, they are connected by flows of nutrients
and materials mediated by the migrating birds.

This theme of spatially separate but functionally connected populations, com-
munities, and ecosystems has also been expanded to landscapes. Based on their
observations of the population dynamics of migrating songbirds in the mid-
western United States, With, Schrott, and King (2006) surmised that some bird
species may exhibit regional source-sink population dynamics. In other words,
populations in a continuous, unfragmented landscape may rescue populations in
a distant, highly fragmented landscape via immigration, or metalandscape con-
nectivity. Simulation models varied the levels of habitat loss and fragmentation,
as well as immigration, to explore the conditions under which metalandscape
connectivity could effectively rescue regional populations from extinction. Thus
what these authors proposed is essentially a broad-scale extension of metapopu-



34 ECOLOGY OF FRAGMENTED LANDSCAPES

lation theory: in the same way that connectivity is critical to the persistence of a
metapopulation, metalandscape connectivity may be critical to regional popula-
tion persistence.

PERCOLATION THEORY

Percolation theory derives from studies of porous materials and has been used in
landscape ecological research to examine the patterns and consequences of land-
scape structure (e.g., Gardner and O’Neill 1991; Gardner, O’Neill, and Turner
1993). The use of percolation theory in spatial ecology involves the construction
of two-dimensional computerized maps and the evaluation of ecological pro-
cesses that percolate through the map, such as the spatial spread of a natural dis-
turbance like fire (Turner, Romme, and Gardner 1994) or the spread of an inva-
sive species (With 2004). Neutral landscape models, in particular, are maps that are
generated via random processes or spatially correlated processes, but they are not
based on landscape patterns derived from known ecological processes. These
neutral, or null, models are thus analogous to null models in other areas of ecol-
ogy (e.g., Connor and Simberloff 1979). With regard to studies of habitat loss
and fragmentation, the most relevant neutral models are those that simulate the
consequences of habitat spatial configuration for populations and communities
(With 1997). These neutral models are comprised of a rectangular lattice in which
cells are designated as either habitat or non-habitat (fig. 2.4). A percolating cluster
is defined as a collection of connected habitat cells that extends from one side of
the lattice to the other (With 1997). A special feature of neutral models derived
from percolation theory is that, when cells in the lattice are randomly assigned to
one category (let’s say suitable habitat in this case), there exists a critical threshold
where the lattice suddenly transitions from being unconnected to forming a per-
colating cluster (Gardner, O’Neill, and Turner 1993; With 1997). In this example,
critical threshold refers to the proportion of cells that are designated as habitat,
and the threshold is reached when about 59% of the cells have been randomly
assigned to the habitat category. In other words, if you were to pop inside a
randomly simulated landscape with 59% habitat, it would be possible to walk
across the entire lattice without stepping outside the habitat. As the proportion
of cells assigned as habitat approaches 100%, the path across the lattice becomes
straighter.

This critical threshold has a useful application to studies of habitat loss and
fragmentation, because it defines the landscape as connected. But the critical
threshold depends upon how the modeler defines the rules of the game. Con-
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Figure 2.4. A rectangular lattice of cells generated randomly as a neutral model of
landscape structure. According to percolation theory, these randomly placed cells provide
a connected network when 59% of the cells are selected, as shown, using the 4-cell rule.
The gray cells represent habitat, the white cells represent non-habitat, and the white line
shows the continuous path of a percolating cluster through the habitat cells.

nectivity within a neutral model may be defined using different neighbor rules,
which include 4-, 8-, or 12-cell neighbor rules. The 4-cell rule is also called the
nearest neighbor rule, and it goes like this: in order for a single cell that is con-
sidered suitable habitat in the lattice to be considered connected to another cell
of suitable habitat (i.e., part of the same patch), it must share one side in com-
mon with an adjacent suitable habitat cell in one of the four cardinal directions.
In this rule, cells of similar type that touch only along the diagonal do not count
as connected. In the 8-cell rule, or next-nearest neighbor rule, a cell is connected
if it shares sides along either a cardinal or a diagonal direction, so there are eight
cells that surround a single cell that could potentially be connected. The 12-cell
rule, or third-nearest neighbor rule, extends to the four cells in the four cardinal
directions that are two cells away from the single focal cell. While this is a brief
overview, applications of percolation theory to ecological modeling studies will be
reviewed in detail in chapter 9.
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SPATIAL PATCHINESS AND SCALING

The previous discussions of habitat patchiness and of moving from metapopula-
tions to metalandscapes both raise the issue of scaling. The basic idea here is that
the ecological patterns and processes that we observe at one scale may shift in
character as we move to another scale of observation (Allen and Starr 1982; O’Neill
et al. 1986; Wiens 1989; Levin 1992). Spatial patterns obvious at one scale may not
be discernible at another scale. For instance, if you were an ant within a 1000 ha
forest fragment, you probably would not notice that the forest is isolated from
other forests, but if you were an eagle flying 1000 m above the Earth, you would
perceive the forest as a patch. So the ideas of pattern and scale are intimately
linked. Another example concerns spatial distribution, where individuals or
species may be aggregated at local scales but uniformly distributed at broader
scales. Moreover, the dynamics at one level of biological organization, such as the
community, emerge as the collective behavior of components at the next-lower
level of biological organization, in this case, the population. The notion of scale
was also discussed briefly in chapter 1, with the description of the space-time do-
mains of scale (Delcourt, Delcourt, and Webb 1983; Urban, O'Neill, and Shugart
1987). This chapter succinctly reviews several conceptual frameworks that relate
explicitly to scale and are relevant to understanding habitat loss and fragmenta-
tion—including hierarchy theory, patch dynamics, and fractal geometry.

Hierarchy theory (Allen and Starr 1982; O’Neill et al. 1986; Allen and Hoekstra
1992) posits that processes in nature are inherently multi-scaled. Spatial patchi-
ness occurs at multiple scales, as well, and we may understand a particular land-
scape as a hierarchy of patches within patches. The fact that landscapes are
patchy is a recurrent theme throughout this book, and concepts from hierarchy
theory suggest that organisms will respond to patchiness at different scales. So a
patchy landscape may be viewed as fragmented for one species, but as continu-
ous for another species (e.g., Haila 1990). This concept is critical when designing
ecological studies of fragmentation, as well as for interpreting species’ responses
to fragmented landscapes. For example, landscape structure can be quantified at
different spatial scales and then related to a particular ecological variable, such as
population abundance or species richness. Significant associations between the
ecological response variable (say, population abundance) and the landscape pat-
tern at a particular spatial scale can inform researchers about the scale at which
populations respond to landscape pattern (e.g., Collinge, Prudic, and Oliver
2003).

The related ideas of patch dynamics and a shifting mosaic largely differ from
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each other in the scale at which patterns and processes are considered. Patch dy-
namics was formalized by Pickett and White (1985), based on observations that
ecological systems are inherently variable over space and time. Patch dynamics fo-
cuses on the event or agent causing a patch and the changes in species in the
patch over time. A shifting mosaic, in contrast, is a large area in equilibrium that
contains many patches in various successional stages. Thus in patch dynamics,
the focus is on changes within patches, whereas in a shifting mosaic, the focus is
on the whole landscape (Forman 1995). For example, a neotropical forest typically
contains light gaps, caused by trees being blown over during windstorms. Within
each patch, species composition shifts over time from light-loving species that
thrive immediately after the gap is created to shade-loving species that eventually
dominate the gap as the canopy closes. If we look at the forest at a broader spa-
tial scale, at any one time there are likely to be many light gaps of various ages
and in various stages of succession from light-loving to shade-loving species
(Denslow 1987).

Fractal geometry can be used to quantify spatial patterns in many natural phe-
nomena, including soil aggregates, root systems, and complex landscapes (Milne
1991). The classic application used to describe fractal geometry is in measuring
a coastline. The measurement of the length of a coastline depends upon the scale
of measurement used. If you used a 1 km long ruler to measure the coastline of
California, you would say it was shorter than someone who measured the same
coastline using a 1 cm long ruler. Fractal analysis has been used in a couple of key
ways in understanding fragmented landscapes. First, it has been employed to an-
alyze the shape of a patch or pathway—a two-dimensional line through the land-
scape. For example, this tool has been used to measure the pathway taken by an
organism during movement and ask whether different organisms respond dif-
ferently to landscape structure (With 1994). Second, fractal analysis has been
used to assess the complexity of patch shapes, which may have implications for
species persistence in a landscape. A fractal dimension of 1.0 is a straight line or
a perfectly linear path, whereas a fractal dimension approaching 2.0 represents a
highly complex, convoluted pathway or patch boundary. Fractal dimension has
been used as one of a few simple indices to describe landscape pattern, which will
be elaborated further in chapter 9.

SYNTHESIS

Ecological theories derived from population and community ecology, including
island biogeography theory and metapopulation theory, predict that any mecha-
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nism that reduces isolation among habitat patches should also expedite the
movement of organisms between patches, thereby reducing the rates of species
loss and enhancing the probability of fragment recolonization. These theories
provide a mantra that will be examined and reiterated throughout this book—
that habitat loss and fragmentation influence the rates of species colonization
and extinction, based on whether patches are large enough to support viable pop-
ulations or connected enough to facilitate the exchange of individuals among
patches. Metacommunity, meta-ecosystem, and metalandscape frameworks all
extend the notions of metapopulation theory to higher levels in the ecological hi-
erarchy. These concepts, in turn, emphasize the importance of spatial structure
for species interactions, the movement of organisms and materials among
ecosystems, and the movement and viability of organisms among landscapes.
The relevance of multiple scales of ecological patterns and processes is high-
lighted in conceptual frameworks such as percolation theory and hierarchy the-
ory. In relation to studies of habitat loss and fragmentation, these concepts pro-
vide a formal means for observing and interpreting responses of different species
under various ecological conditions.



CHAPTER THREE

Fragment Size and Isolation

One of the most profound developments in the application
of ecology to biological conservation has been the recog-
nition that virtually all natural habitats or reserves are
destined to resemble islands, in that they will eventually
become small isolated fragments of formerly much larger
continuous natural habitat.

—Bruce A. Wilcox (1980)

Larger areas of land or water support more species than smaller areas, a point
that has been made clear with repeated illustrations of species-area curves and is
fundamental to our ecological understanding of the natural world. Yet despite the
fact that this is old news, ecologists are still talking about this relationship and pa-
pers are still being published on this topic. Why? Probably because it is one of the
most ubiquitous patterns in nature, and because ecologists have still not fully ex-
plained why this pattern is so. There are also profound implications of the
species-area relationship for the conservation and restoration of biodiversity.
Along with patch area, patch isolation has been widely investigated as an expla-
nation for patterns of species composition in fragmented habitats. Patch isola-
tion may substantially alter ecological processes within and between habitat frag-
ments, including the rates of animal and plant dispersal among fragments and
the persistence of populations and communities.

The strong emphasis on investigations of patch size and isolation in the liter-
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ature on ecology and conservation biology undoubtedly derives from the influ-
ence of MacArthur and Wilson’s (1967) theory of island biogeography. Their ex-
planation of species richness on oceanic islands, and their extension of these
ideas to habitat fragments, provided an invitation to ecologists to explore the
significance of habitat fragment size and isolation for populations and commu-
nities. In the ensuing 40 years, a plethora of papers has been published that are
devoted to these topics. During the same time period, strong links were forged
between island biogeography theory (IBT) and conservation biology, which has
prompted much discussion and controversy regarding options for reserve de-
signs that would maximize the conservation of biological diversity. In particular,
questions arose regarding the utility of habitat corridors (are they “vital linkages”
or “vastly expensive failures”?), and researchers argued about whether a single
large reserve or several small reserves (the stoss debate) would be optimal for
biodiversity protection. The paradigm of “fragments as islands” derived from IBT
is pervasive in the literature on fragmented landscapes. This has been fruitful,
but it has also perhaps limited our advancement. We have continued to think of
fragments as islands, but terrestrial landscapes are much more heterogeneous
and complex.

This chapter attempts to distill the vast literature on species richness and com-
position in relation to patch size and isolation, as well as studies of the mecha-
nisms responsible for these patterns. This subject is clearly fundamental to un-
derstanding the effects of fragmentation, so many of the topics mentioned in this
chapter will appear in greater detail in other chapters. And the fundamental is-
sues explored in detail in this chapter will provide the foundation for concepts
discussed in later chapters. To provide a brief road map, this chapter will em-
phasize fragments of anthropogenic origin, in contrast to studies of naturally oc-
curring patchy habitats. It will cover observational studies of patch size and iso-
lation, focus primarily on population and community patterns in relation to
habitat isolation, and consider whether habitat corridors that link otherwise iso-

lated fragments serve to promote species persistence.

FRAGMENT SIZE AND SPECIES RICHNESS

Because island size clearly influences species richness—recall the ubiquitous
species-area curves—and terrestrial habitat fragments often resemble islands,
much of the early work concerning habitat loss and fragmentation focused on the
relationship between fragment size and species richness (e.g., Saunders et al.
1987). There are literally dozens of papers on this topic, representing many
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groups of organisms and many habitat types (table 3.1); the most well studied are
the birds of temperate and tropical forests. In general, research on birds demon-
strates that the number of species within isolated forest fragments decreases as
fragment area decreases (Forman, Galli, and Leck 1976; Whitcomb et al. 1981;
Verner, Morrison, and Ralph 1986; Blake and Karr 1987; Lynch 1987; Newmark
1991; Beier, Van Drielen, and Kankam 2002; see fig. 3.1), with the commonly
noted interpretation that the probability of local extinction increases as fragment
size decreases. For example, a study of grassland bird communities in the mid-
western United States showed that approximately 79% of the grassland bird
species were present in a 1000 ha grassland fragment, but only 31% of the bird
species occurred in 10 ha grassland fragments (Herkert 1994). This habitat-
fragment species-area pattern has been documented for birds in other habitats
(e.g., Soulé et al. 1988; Crooks et al. 2001; Crooks, Suzrea, and Bolger 2004), as
well as for mammals (Picton 1979; Newmark 1986; A. Bennett 1990; Verboom
and van Apeldoorn 1990; Cutler 1991; Lindenmayer et al. 2000), insects (Webb
and Hopkins 1984; As 1993; Bruhl, Eltz, and Linsenmair 2003; Feer and Hingrat
2005; Cane et al. 2006), and herbaceous plants (Simberloff and Gotelli 1984;
Webb and Vermaat 1990; Leach and Givnish 1996; Krauss et al. 2004; Petit et al.
2004; Guirado, Pino, and Roda 2006). These positive correlations between frag-
ment size and species richness are commonly observed and have often been used
as the basis for decisions regarding biodiversity protection.

FRAGMENT SIZE AND POPULATION ABUNDANCE

These consistent, positive relationships between species richness and habitat
area ultimately represent the collective responses by populations of different
species to shifts in habitat area. In other words, larger fragments may sustain a
greater number of species, because the habitat is extensive enough to support vi-
able populations of more species than would be possible in smaller fragments.
Recall the right-hand half of the IBT diagram (in chapter 2), which predicts that
larger fragments have more species because extinction rates of populations are
higher in smaller fragments. To understand the components of overall species-
area patterns, many investigators have examined the responses of individual
species to changes in fragment size.

Some species may be more tolerant of reductions in habitat fragment size
than others, based on their particular life-history attributes (Terborgh 1986;
W. Laurance 1991; Webb and Thomas 1994; MacNally and Bennett 1997; Kolozs-
vary and Swihart 1999; Deng and Zheng 2004; Ewers and Didham 2006; but see



Selection of 35 observational studies of species richness in relation to fragment area. Studies were chosen to
represent a wide range of organisms, habitats, and geographic locations and are listed in chronological order.

Table 3.1

Reference

Organism(s)

Habitat type

Location

Fragment size range

Forman, Galli, and Leck 1976

Picton 1979

Blake and Karr 1987

Soulé et al. 1988

Fonseca and Robinson 1990

Webb and Vermaat 1990

Estrada, Coates-Estrada, and
Meritt 1993

Herkert 1994

Bellamy, Hinsley, and Newton 1996

Fukamachi, Iida, and Nakashizuka
1996

Leach and Givnish 1996

Grashof-Bokdam 1997

Kruys and Jonsson 1997

Hinsley et al. 1998

Shanker and Sukumar 1998
Grant and Berkey 1999
Lindenmayer et al. 2000
Borgella, Snow, and Gavin 2001

Birds

Large mammals
Birds

Birds

Small mammals
Plants

Bats

Birds
Birds
Plants

Plants
Plants
Lichens
Birds

Small mammals
Birds

Mammals
Hummingbirds

Temperate broadleaf forest
Alpine

Temperate broadleaf forest
Chaparral

Tropical rainforest
Heathland

Tropical rainforest

Grasslands

Temperate deciduous forest

Temperate mixed broadleaf/
conifer forest

Grasslands

Temperate broadleaf forest

Boreal forest

Temperate broadleaf forest

Montane forest

Aspen forests

Temperate broadleaf forest
Tropical rainforest

United States
United States
United States
United States
Brazil
England
Mexico

United States
England
Japan

United States

The Netherlands

New Zealand

The Netherlands, United Kingdom,
Denmark, Norway

India

United States

Australia

Costa Rica

0.01-40 ha
30-11,700 km?
1.8-600 ha
0.4-104 ha
60-36,000 ha
5-200 ha
1-2000 ha

0.5-650 ha
0.02-30 ha
1.8-261 ha

0.2-6.0 ha

0.04-770 ha
0.4-15.9 ha
=0.5-15 ha

0.2—60 ha

<1-250 ha
0.2-125 ha
0.3-226 ha



Shochat, Abramsky, and
Pinshow 2001

Beier, Van Drielen, and
Kankam 2002

Gibb and Hochuli 2002

Bruhl, Eltz, and Linsenmair 2003

Ochoa-Gaona et al. 2004

Summerville and Crist 2004

Watson, Whittaker, and
Dawson 2004

Zhu et al. 2004

Feer and Hingrat 2005

Murakami, Maenaka, and
Morimoto 2005

Gignac and Dale 2005

Harcourt and Doherty 2005
Martinez-Morales 2005
Michalski and Peres 2005

Guirado, Pino, and Roda 2006
Lovei et al. 2006
Peak and Thompson 2006

Birds
Birds

Arthropods
Ants

Woody plants
Moths

Birds

Plants

Dung beetles

Ferns and fern
allies

Lichens and
bryophytes

Primates

Birds

Primates and
carnivores

Understory plants

Ground beetles

Birds

Scrubland and planted conifer
forest
Semi-deciduous forest

Heathland and woodland
Tropical rainforest
Tropical rainforest
Temperate broadleaf forest
Littoral forest

Tropical rainforest
Tropical rainforest
Temperate forest

Boreal forest

Tropical forest
Tropical cloudforest
Tropical forest

Forests
Temperate broadleaf forest
Riparian forests

Israel
Ghana, West Africa

Australia
Malaysia
Mexico
United States
Madagascar

China
French Guiana
Japan

Canada

Africa, Asia, Madagascar, South America
Mexico
Brazil

Spain
Hungary and Ukraine
United States

2.5-3000 ha
3-33,000 ha

0.04-164.4 km?
1.46-438 km?
10-265 ha
1.7-289 ha
0.30-464 ha

3-75,000 ha
1.1-38 ha
0.11-60.3 ha

0.002-17 ha

0.01-100 km?
0.6-16,289 ha
0.47-13,551 ha

8-18,000 ha
41-3995 ha
Width: 55-530 m
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Figure 3.1. The number of forest bird species per transect in 35 forest fragments in
Ghana, West Africa, in relation to forest fragment area. The two open circles represent
outliers: the lower left outlier has fewer species than expected for a fragment of its size,
but this was the most isolated forest fragment; and the upper right outlier also had fewer
species than expected for its size, but this fragment was dominated by an exotic tree
species. Redrawn from Beier, Van Drielen, and Kankam (2002).

also MacNally, Bennett, and Horrocks 2000). For example, insect species with
poor dispersal abilities persisted in large heathland fragments but not in small
ones (Hopkins and Webb 1984), presumably because the small fragments were
insufficient to maintain viable populations, and these insects were unable to dis-
perse to more suitable habitat. Similarly, the relatively sedentary Florida scrub
lizard (Sceloporus woodi) is a poor disperser and appears to be constrained to large
habitat patches in central Florida (Hokit, Stith, and Branch 1999). Rare species,
which tend to be more specialized in their feeding habits than common species,
have been shown to be particularly sensitive to decreases in habitat fragment size
(Terborgh and Winter 1980; W. Laurance 1990, 1991). For example, Cabot’s tra-
gopan (Tragopan caboti), a pheasant endemic to southeastern China, is a habitat
specialist, has poor dispersal abilities, is non-migratory, and was absent from
small, isolated forest patches (Deng and Zheng 2004). Ecologists on other conti-
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nents have made similar observations for relatives of these comparatively large,
chickenlike birds. In particular, for hazel grouse (Bonasa bonasia) in Sweden
(Aberg, Swenson, and Andrén 2000) and greater prairie chickens (Tympanuchus
cupido) in the midwestern United States (Winter and Faaborg 1999), the proba-
bilities of occurrence were greater in large than in small habitat fragments.

The studies just described noted the presence/absence patterns of species in
relation to fragment size. Alternatively, species may be present in small frag-
ments, but persist at either lower (e.g., Crooks et al. 2001; Crooks, Suarez, and
Bolger 2004) or higher (MacNally, Bennett, and Horrocks 2000) population sizes
than in larger fragments. The magnitude of the effects of patch size on popula-
tion abundance may be influenced by characteristics of the species themselves
(as noted above) or of the landscapes in which they occur. Bender, Contreras, and
Fahrig (1998) performed a meta-analysis of 25 different studies that reported
patch-size effects on populations of 134 different species of birds, mammals, and
insects. They related the magnitude of the patch-size effect to the general features
of the species and the landscapes in which they occurred, including such factors
as habitat affinities of the species, whether the species were migratory or resi-
dent, taxonomic group, trophic status, geographic location, and percent cover of
habitat in the surrounding landscape. They concluded that habitat association ex-
plained most of the variation among species in their response to changes in patch
size. Specifically, the population density of edge species (those species primarily
associated with habitat edges; see chapter 5) was negatively associated with patch
size, but the population density of interior species (those species primarily as-
sociated with core habitats) was positively related to patch size. For generalist
species (those with no clear association with edge or interior habitats), there was
no discernible effect of patch size and population density. The authors also noted
that resident species were more strongly affected by reductions in patch size than
were migratory species, and that western hemisphere species (North and South
America) showed greater responses to changes in patch size than did eastern
hemisphere species (Europe, Africa). The latter result is intriguing, because it
suggests that there may be fewer area-sensitive birds remaining in the Eastern
Hemisphere, since it has been inhabited by humans for a greater length of time
than the Western Hemisphere (Bender, Contreras, and Fahrig 1998).

If the population sizes or densities of particular species in smaller fragments
are indeed lower than those in larger fragments, what is the cause? Four basic
processes are responsible for changes in population size—birth, death, immi-
gration, and emigration—and these demographic factors are likely to vary under
different conditions. Much of what we know about demographic shifts in relation



46 ECOLOGY OF FRAGMENTED LANDSCAPES

to patch size comes from experimental fragmentation studies, which will be dis-
cussed in the following chapter. But several observational studies—such as the
recent meta-analysis of demographic responses by birds to forest fragmentation
by Lampila, Monkkonen, and Desrochers 2005—point to specific demographic
processes that explain changes in population abundance with fragment size. For
example, the reproductive output by ovenbirds (Seiurus aurocapillus) in decidu-
ous forests in Pennsylvania was 20 times lower in small forest fragments than in
large forested areas (Porneluzi et al. 1993). Large habitat patches occupied by
New England cottontails (Sylvilagus transitionalis) in the northeastern United
States were more resource-rich than small habitat patches, resulting in a nutri-
ent limitation for rabbits on small patches and, ultimately, higher mortality rates
on small as opposed to large patches (Villafuerte, Litvaitis, and Smith 1997). In
Oregon, recruitment of the forest understory herb Trillium ovatum was reduced
significantly for plants growing near clear-cut edges than for those in interior
habitats in the forest (Jules 1998). Because smaller fragments have a proportion-
ately greater edge habitat, a logical inference from this study is that smaller frag-
ments should have lower Trillium recruitment than larger fragments. Each of the
studies mentioned above demonstrates a change in a particular demographic pa-
rameter in relation to habitat fragment size or edge effects.

Shifts in demographic parameters in patches of different sizes may ultimately
be caused by altered interspecific interactions. Further research on the under-
story herb Trillium ovatum revealed that the lower recruitment of plants near for-
est edges was most likely due to decreased seed production, which in turn was
caused by shifts in pollination and increased seed predation by rodents (Jules and
Rathcke 1999). Similar findings of reduced pollination in fragmented habitats
have been found for a meadow herb in Sweden (Jennersten 1988) and for several
plant species that inhabit the Argentinean Chaco (Aizen and Feinsinger 1994).
Higher seed predation on T. ovatum by deer mice (Peromyscus maniculatus) in for-
est edge habitats bolstered mouse survival and dispersal, resulting in three- to
four-fold differences in mouse densities in forest fragments as compared to con-
tinuous forest (Tallmon et al. 2003). Avian nest predation and brood parasitism,
which have been studied in great detail, tend to be higher in small forest frag-
ments than in large fragments or a continuous forest, and have caused the in-
creased mortality and decline of songbird populations (Brittingham and Temple
1983; Wilcove 1985; J. Gibbs and Faaborg 1990). These intriguing domino effects
of landscape change involve multiple species and their interactions.
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FRAGMENT ISOLATION

By now it should be quite obvious that there is almost always a positive relation-
ship between the size of habitat remnants and species richness within those frag-
ments. For some species, but not all, there is also a positive relationship between
patch size and population density or abundance. But the effects of patch isola-
tion, to which we now turn, are not so ubiquitous and consistent. Many studies
that examine both patch size and isolation in relation to species richness or pop-
ulation density find a primary effect of patch size and a secondary or negligible
effect of patch isolation (e.g., Bellamy, Hinsley, and Newton 1996; Bruun 2000;
Brotons and Herrando 2001; Fernidndez-Juricic 2004; Krauss et al. 2004; Watson,
Whittaker, and Dawson 2004; Harcourt and Doherty 2005), while others show
effects of isolation that are equal to or greater than the effects of patch size
(Estrada, Coates-Estrada, and Meritt 1998; Kehler and Bondrup-Nielsen 1999;
Kolozsvary and Swihart 1999; Deng and Zheng 2004; Ficetola and De Bernardi
2004; Piessens et al. 2004; Parris 2006). For example, Feer and Hingrat (2005)
noted that the species richness and abundance of dung beetles in tropical forest
fragments in French Guiana were positively related to fragment size, but not
significantly related to measures of fragment isolation. In contrast, Piessens et al.
(2004) studied plant species richness in remnant heathland patches in Belgium
and found that species richness increased with area, but was even more strongly
influenced by measures of patch isolation.

Part of the difficulty in discerning consistent isolation effects is that patch iso-
lation is rather tricky to measure. Recall that island biogeography theory de-
scribed isolation in terms of the distance of an island from a mainland source of
colonists, which is quite sensible for terrestrial species that cannot possibly in-
habit the marine environment. But for habitat patches in fragmented landscapes,
isolation may be measured in various reasonable ways, depending on landscape
characteristics and species’ sensitivities to habitat types or to land uses sur-
rounding the habitat remnants. This section will briefly review the ecological the-
ories underlying investigations of patch isolation, explore how isolation has typ-
ically been measured in the field and in computer simulations, cite evidence for
species’ responses to fragment isolation, and discuss some factors that influence
the various responses of species to isolation.
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Theory Related to Isolation

Two main bodies of ecological theory, island biogeography theory and metapop-
ulation theory, relate population and community dynamics to patch isolation.
Each of these theories provides testable predictions for understanding organ-
isms’ responses to isolation. Recall from chapter 2 that the key prediction from
MacArthur and Wilson’s (1967) island biogeography theory regarding habitat iso-
lation was that closer islands should have higher immigration rates than more
distant islands. J.H. Brown and Kodric-Brown (1977) contributed the idea of the
rescue effect, suggesting that both island size and distance may influence the ex-
tinction rate of species on islands and, consequently, patterns of species richness.
Later developments suggested that habitat corridors may facilitate movement
among fragments and effectively serve to reduce habitat isolation (E. Wilson and
Willis 1975; Simberloff and Cox 1987; A. Bennett 1990).

Metapopulation theory describes the population dynamics of single species
in patchy or fragmented habitats. Recent advances in metapopulation theory
also suggest that habitat corridors can modify species persistence by enhancing
the rates of colonization among metapopulations (e.g., McCullough 1996). Too
much movement among patches, however, may cause the population dynamics
in patches to become synchronized, so that the persistence of the overall meta-
population may be threatened.

Measuring Isolation

Patch isolation may meaningfully influence the number of species that can per-
sist in a habitat fragment, as well as the abundance of a particular species within
a fragment. But as mentioned above, measuring isolation is more complicated
than it may appear at first glance. It is tempting to claim here that patch isolation
is far more difficult to measure than patch size. That is probably true, although
defining just what constitutes a habitat patch for a particular organism may prove
annoyingly elusive. In most published studies where patch size has been re-
ported, the measurements are for clearly defined habitat fragments, such as for-
est remnants in agricultural landscapes or chaparral fragments within urbanized
landscapes. Moreover, as discussed at length in chapter 1, Fahrig (2003) pointed
out that many studies measure species’ responses to changes in patch size at the
local scale, but do not measure the overall amount of habitat in the broader land-
scape. Landscapes that have larger patches usually also have a greater overall
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amount of habitat. Thus conclusions based solely on local patch size may actu-
ally reflect species’ responses to the amount of habitat in the broader landscape.

To return to the related issue of isolation, many measures of patch isolation,
unfortunately, have been confounded with measures of the amount of habitat in
the landscape (Fahrig 2003). Specifically, patch isolation, as described in most
studies, is actually a measure of the amount of habitat in the broader landscape.
To disentangle the effects of patch size and isolation, Fahrig recommended that
researchers statistically control for the amount of habitat when measuring land-
scape fragmentation. Because isolation may depend on such critical factors as the
species or landscape under study, there has been much discussion in the litera-
ture over how best to measure isolation (and its inverse, connectivity), specifically
with regard to how species perceive and move through different landscapes (e.g.,
Tischendorf and Fahrig 2000, 2001; Moilanen and Nieminen 2002; Bender, Tis-
chendorf, and Fahrig 2003; Tischendorf, Bender, and Fahrig 2003; Calabrese and
Fagan 2004).

Essentially there are two categories of isolation measurements, focused either
on structural or functional aspects of connectivity (Calabrese and Fagan 2004).
Structural connectivity measures aspects of the spatial characteristics of the land-
scape, independent of the movement abilities of species that inhabit the land-
scape. Functional connectivity includes both physical landscape features and the
movement abilities of the species found in that landscape. According to Cala-
brese and Fagan’s (2004) useful classification scheme, functional connectivity
comes in two flavors: potential, which incorporates the predicted dispersal abili-
ties of species, and actual, which takes into account the measured movement
pathways of individuals. To illustrate the difference between structural and func-
tional connectivity, consider the isolation of two small towns near where I live
in the mountains of Colorado. The structural connectivity (expressed as the
straight-line distance) between the towns of Jamestown and Nederland is only
about 20 km. But the functional connectivity for a human in an automobile, fol-
lowing paved roads, is closer to 40 km. And if that human were adventurous
enough to ride a mountain bike between the two towns, the functional connec-
tivity would be about 25 km.

Most of the research cited in this chapter measured structural connectivity, or
isolation in relation to the physical features of the landscape. The method typi-
cally used in these studies is to locate a point in patch A (either at the patch cen-
ter or at an edge) and a point in patch B on a map and then measure the shortest
distance between the two points. With multiple patches in a landscape, the usual



50 ECOLOGY OF FRAGMENTED LANDSCAPES

method is to measure the nearest-neighbor, straight-line distance, that is, the
shortest distance that one particular habitat patch is from another patch of suit-
able habitat. A recent review of papers that reported connectivity measurements
found that 44% of the studies used some type of nearest-neighbor distance mea-
surement to estimate isolation (Moilanen and Nieminen 2002). For example,
Soulé et al. (1988) studied bird species richness in chaparral fragments in South-
ern California and measured isolation in two ways: first, as the distance from one
chaparral fragment (canyon) to the nearest canyon that contained suitable habi-
tat and species composition, and second, as the distance to the nearest canyon
that was of an equivalent size to or larger than the focal fragment. Similarly,
Enoksson, Angelstam, and Larsson (1995) used distance-based criteria to define
deciduous forest patches in Sweden as isolated or aggregated. Isolated patches
were surrounded by very few other deciduous patches within a 4 km radius (the
average distance between patches was 1.4 km), whereas aggregated deciduous
forest patches were those that were situated in close proximity to other deciduous
forest patches (here the average distance between patches was 363 m). Turchi et
al. (1995) incorporated both inter-patch distance and patch area into four mea-
sures of isolation for aspen stands in Colorado’s Rocky Mountains. The reason-
ing behind the area-weighted distance measures was that a forest fragment
would effectively be less isolated if it is 1 km from a large forest patch than if it is
1 km from a small one (recall Fahrig 2003). Finally, Petit et al. (2004) developed
three measures of isolation for ancient British woodland patches: the total area
of woodland within 500 m of a forest patch, the total number of woodland
patches within 500 m of the focal patch, and the length of hedgerows and lines
of trees within a 1 km square surrounding the focal woodland fragment. All of
these isolation measures describe structural connectivity (sensu Calabrese and Fa-
gan 2004) in that they account for isolation based on habitat features present in
the landscape but do not explicitly consider the ease with which plants or animals
move among the fragments.

Fragment Isolation and Species Richness

Having considered the theoretical underpinnings of patch isolation and the prac-
ticalities of measuring isolation in the field, the question now becomes, How well
do observations of habitat fragments that are isolated to varying degrees fit pre-
dictions of ecological theory? In the case of island biogeography theory and its
modifications, observational studies often, but not always, show inverse relation-
ships between species richness and patch isolation. Many of the ones that exam-
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ine both patch size and isolation in relation to species richness or population den-
sity show negative effects of isolation that are equal to or greater than the positive
effects of patch size on species richness (Grashof-Bokdam 1997; Estrada, Coates-
Estrada, and Meritt 1998; Kehler and Bondrup-Nielsen 1999; Kolozsvary and Swi-
hart 1999; Deng and Zheng 2004; Ficetola and De Bernardi 2004; Piessens et al.
2004; Parris 2006). Other research finds a primary effect of patch size and a sec-
ondary or negligible effect of patch isolation on species richness (Bellamy, Hins-
ley, and Newton 1996; Bruun 2000; Fernindez-Juricic 2000; Brotons and Her-
rando 2001; Krauss et al. 2004; Watson, Whittaker, and Dawson 2004; Harcourt
and Doherty 2005). The lack of consistency in effects of isolation among these
and other studies may be at least partly due to the way isolation is defined (Fahrig
2003). As an example of the relatively stronger effects of patch isolation than of
size, Piessens et al. (2004) examined plant species richness in remnant heathland
patches in Belgium and found that species richness increased with area, but was
even more strongly influenced by five different measures of patch isolation. In
particular, the results provided evidence for both spatial and temporal rescue
effects. Species appeared to be able to disperse easily between closely spaced
patches, preventing extinctions and maintaining relatively high species richness
in less isolated patches. Additionally, species with short-lived seeds that do not re-
main for extended periods in the soil seed bank were more sensitive to isolation
(i-e., they were absent or less abundant in more isolated patches) than species
with longer-lived seeds (table 3.2). This is evidence for a temporal rescue effect or
storage effect (sensu Warner and Chesson 1985), with the persistence of a species

TABLE 3.2
Effects of heathland fragment isolation, measured in five different ways, on the
occurrence of plant species with low or high seed longevity, where high seed
longevity refers to species with a more persistent seed bank. Connectivity was an
area-weighted distance measure that takes into account all other heathland patches.
Low seed longevity refers to categories 1 and 2 of Piessens et al. (2004), and high
longevity refers to their categories 3 and 4. Correlations between the number of
species of each category in heathland patches and patch isolation measures are as
follows: *** represents P < 0.001, ** represents a P-value between 0.001 and 0.01,
* represents a P-value between 0.05 and 0.01, NS equals not significant,
+ represents a positive correlation, — represents a negative correlation.
Compiled from Piessens et al. (2004).

Seed longevity Low High
Distance to nearest patch NS
Mean distance to nearest five patches NS
Area of heathland within 100 m * (+4)
Area of heathland within 500 m ()
Connectivity ok (1)
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over time occurring via survival in the soil seed bank, even in more isolated
patches.

The effects of isolation may be most severe for relatively sedentary species,
such as vascular plants, and for species that require two or more habitat types to
complete their life cycle, such as amphibians. Herbaceous plants of ancient
woodland patches in Britain (Petit et al. 2004) showed distribution patterns sim-
ilar to plants in the heathland patches described above (Piessens et al. 2004). The
study focused on British ancient woodland indicator species, which are species
known to occur primarily in old-growth forest habitats that are relatively weak
dispersers. For 218 woodland patches located in the British lowlands, Petit and
his colleagues observed the strong effects of two measures of fragment isolation
on herbaceous plant species richness in woodland fragments. The total length of
linear wooded features (hedgerows and lines of trees) within 500 m of a forest
patch had a strong positive influence on species richness within the patch, and
the total area of woodland within 500 m of the fragment secondarily influenced
species richness. Thus these wooded linear features in the landscape may serve
as refugia or as dispersal corridors for forest-specialist plant species.

Amphibians typically require aquatic habitats for breeding and for their larval
life stages, and terrestrial habitats for their adult life stages. This life-history fea-
ture may render them particularly sensitive to habitat isolation, since they must
move between these habitat types several times during their lives (Cushman
2006). Parris (2006) studied amphibian assemblages in ponds situated in public
parks within the urban context of Melbourne, Australia. As a measure of isola-
tion, Parris quantified the area covered by paved roads within 500 m of the cen-
ter point of each pond. This measure assumes that roads form at least partial bar-
riers to the movement of amphibians across this landscape and that higher
densities of roads will cause greater isolation. Interestingly, this isolation of
ponds by roads had the greatest effect on amphibian species richness within the
ponds, compared to the effects of pond area and local habitat variables. Ponds
surrounded by high road cover contained only a small fraction of the species that
occurred in ponds surrounded by low road cover. Parris surmised that with in-
creasing urbanization and road-building, these ponds may become even more
isolated, so that the rescue of species from extinction or the recolonization of
ponds following local extinction may become increasingly unlikely.

In a rather extreme instance of habitat isolation, the tropical forest reserve that
is now Barro Colorado Island (BCI) is a land-bridge island that was continuous
with the mainland of Panama prior to construction of the Panama Canal and
Lake Gatun in 1914. It has been estimated that approximately 65 of an original
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209 bird species that were present prior to isolation have now gone extinct on this
1600 ha island (Willis 1974; Karr 1990; W. Robinson 1999). Studies of a suite of
forested islands in Lake Gatun created at the same time revealed similar patterns
of species loss in relation to habitat isolation. Tropical tree species richness was
lower on six islands than in comparable areas on the mainland (Leigh et al. 1993).

In other cases, isolation may play a secondary or even negligible role in deter-
mining species richness within fragments. For example, Turchi et al. (1995) stud-
ied bird communities associated with aspen stands in Rocky Mountain National
Park, Colorado, and found no significant effects of isolation on bird species rich-
ness, despite using four different measures of isolation. For birds in the Mediter-
ranean basin, Brotons and Herrando (2001) observed that fragment area ex-
plained 70% of the variance in species richness among pine fragments in an
agricultural matrix, and that fragment isolation contributed relatively less to de-
termining species composition. Similarly, species richness and the abundance of
dung beetles in tropical forest fragments in French Guiana were positively re-
lated to fragment size but not significantly related to measures of fragment iso-
lation (Feer and Hingrat 2005), and Veddeler et al. (2005) observed no effects of
isolation on tropical butterfly species richness in Indonesia, at least for forest
fragments separated by up to 1700 m.

Fragment Isolation and Population Occurrence

As with relationships between species richness and patch area, relationships be-
tween species richness and patch isolation ultimately represent the collective re-
sponses of particular species to the spatial structure of landscapes. Shifts in pop-
ulation occurrence may be driven by changes in species interactions in isolated
habitats, but most studies of these phenomena either are of naturally patchy sys-
tems or use experimental approaches, so they will be considered elsewhere in
this book. Several studies have specifically examined the responses of individual
species (primarily species occurrence rather than abundance) to fragment isola-
tion across a range of habitat types and life forms. For example, three of six
forest-dwelling bird species in south-central Sweden appeared with lower fre-
quency in deciduous forest patches isolated by coniferous forest than in decidu-
ous forest patches that were more closely aggregated (Enoksson, Angelstam, and
Larsson 1995). In New South Wales, Australia, the decline in the presence of the
brown treecreeper in fragmented forests is thought to be due primarily to dis-
rupted dispersal caused by habitat isolation (Walters, Ford, and Cooper 1999).
The incidence of Cabot’s tragopan in forest fragments of southeastern China was
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Figure 3.2. The number of lower montane forest fragments in southeastern China in
which Cabot’s tragopan (Tragopan caboti) was present (gray bars) and absent (white bars)
in relation to that fragment’s distance from the next-nearest fragment, calculated for four
distance classes. Thirty-one fragments were sampled, which ranged in size from 2.5 to
48.5 ha. Redrawn from Deng and Zheng (2004).

positively affected by fragment size (mentioned above), and negatively affected
by isolation (Deng and Zheng 2004; see fig. 3.2). These birds were found with
greater frequency in forest fragments that were within 500 m of the nearest suit-
able habitat than in forest fragments that were more than 1000 m apart. For three
of four ranid (frog) species studied in fragmented wetland habitats in the mid-
western United States, habitat isolation had a strong negative effect on occur-
rence (Kolozsvary and Swihart 1999). Kehler and Bondrup-Nielsen (1999) found
significant effects of isolation on the presence of a fungivorous forest beetle, Boli-
totherus cornutus, in fragmented and continuous forests. They compared beetle
occurrence patterns using isolation measures that included the distance to forest
patches occupied by the beetles and forest patches unoccupied by them, but
found no difference in beetle occurrence using these two types of measures.
Shifts in occurrence patterns of a particular species may be explained by the
behavioral attributes of the species. For example, the isolation of remnant shrub-
lands in western Australia alters dispersal behavior and social interactions of the
white-browed babbler (Pomatostomus superciliosus) (Cale 2003). These birds are
relatively sedentary, cooperative breeders, and both males and females may dis-
perse from their natal habitat to find new breeding opportunities. Male birds
were hesitant to disperse to patches more than 1 km from their natal patch,
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which resulted in smaller social groups in isolated patches and perhaps lower lev-
els of productivity in these patches.

CONSERVATION CONTROVERSIES

The ecological relationships between species richness and fragment size and iso-
lation are key components of theories in population and community ecology.
They were featured prominently in the early principles of reserve design (Willis
1974; Diamond 1975; E. Wilson and Willis 1975) and have become cornerstones
of modern conservation science. Ecologists and conservation biologists have de-
bated—with considerable fervor—three particular issues that arise from these
relationships. Each of these ecological concepts is essentially a hypothesis to be
tested in the real world of conservation. First, given the consistent positive rela-
tionship between island or habitat area and species richness, one reserve design
principle is that a large reserve is better than a small reserve. Similar reasoning
led to the principle that a single large reserve would better protect biodiversity
than several small reserves whose total area equaled that of the large reserve (Di-
amond 1975; Terborgh 1975; E. Wilson and Willis 1975). Second, species-area re-
lationships have been used to predict rates of species extinctions given the ex-
pected rates of habitat loss (E. Wilson and Willis 1975; E. Wilson 1992). Third,
given that isolated habitat fragments often have fewer species compared to more
continuous habitat, another reserve design principle is that extinction rates will
be lower when reserves are connected by corridors rather than when they are iso-
lated (Diamond 1975; E. Wilson and Willis 1975). These will be discussed one at
a time, starting with stoss.

Single Large or Several Small (sLoss)?

Species-area curves show that the number of species typically increases with
habitat area. Thus it is reasonable to assume that large reserves would contain
more species than small reserves, and that fragmentation of a large reserve into
smaller chunks of equal total area would diminish species richness. But the de-
gree to which a set of small reserves harbors fewer species than a large reserve
depends on how similar the small reserves are to one another in species compo-
sition (Quinn and Harrison 1988). E. Wilson and Willis (1975) stated that their
design principles applied to preserves in “a homogeneous environment” (p. 529).
This is a key qualifying statement, for if small patches are relatively homoge-
neous and all tend to support the same suite of species, then a collection of small
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reserves will cumulatively contain fewer species than a single large reserve. But
if the small patches vary substantially from one another in species composition,
then the set of small reserves is likely to contain cumulatively more species than
the single large reserve. Diamond (1975) similarly foresaw the importance of
habitat heterogeneity in his original discussion of this reserve design principle:
“Separate reserves in an inhomogeneous region may each favour the survival of
a different group of species; and . . . even in a homogeneous region, separate re-
serves may save more species of a set of vicariant similar species, one of which
would ultimately exclude the others from a single reserve” (p. 144).

In fact, the typical observation for most habitat islands that have been sur-
veyed is opposite to the “a single large preserve is better” principle. Collections of
small reserves tend to contain more species than a single large reserve, which
suggests that habitat heterogeneity must play a key role in determining the spa-
tial structure of species richness patterns, as E. Wilson and Willis (1975) and Di-
amond (1975) expected. For example, Simberloff and Gotelli (1984) examined
plant species richness in remnant prairie and forest fragments from five differ-
ent data sets gathered in the midwestern United States (148 total fragments).
They found that where the total area was equal, groups of small sites tended to
have more species than single sites. A similar pattern was found for animals in
U.S. national parks (Quinn and Harrison 1988); vascular plants in mires (Viro-
lainen et al. 1998); grassland butterflies (Tscharntke et al. 2002); pond-dwelling
plants and animals (Oertli et al. 2002); plants in urban woodlots (Godefroid
and Koedam 2003); and vascular plants, brophytes, day-active butterflies, and
grasshoppers in calcareous fens (Peintinger, Bergamini, and Schmid 2003).

The community property of nestedness has also been discussed widely in the
context of the stoss debate (e.g., Cutler 1991; R. Cook 1995; Boecklen 1997). A
species assemblage that is perfectly nested is one in which the collection of species
in species-poor sites is a subset of species that occur in species-rich sites. If there
is a positive relationship between species richness and area, and the biota is per-
fectly nested, then small patches would be comprised of a subset of species that
occur in the large patches. With such a pattern, rare species, which are usually
the species of conservation concern, would be present in large patches, but they
would be less likely to occur as patch size declined. Using this logic, if an as-
semblage is perfectly nested, then a single large patch should always be a prefer-
able reserve design to several small patches.

Some research has examined the degree of nestedness within assemblages,
with varying results. Boecklen (1997) reviewed a series of published studies on
species distributional patterns and observed that nestedness varied substantially
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among groups and study systems, making it difficult to generalize nestedness
patterns to the sross discussion. In fact, he concluded that “nestedness says little
about optimal reserve design and management, and appears to be a weak con-
servation tool” (p. 123). Others have observed highly nested species assemblages
in at least some of the communities that they have studied, ranging from plants
to butterflies to vertebrates (Honnay, Hermy, and Coppin 1999; Fleishman and
MacNally 2002; Berglund and Jonsson 2003; Godefroid and Koedam 2003; Don-
lan etal. 2005). Fischer and Lindenmayer (2005) perhaps best summarize the rel-
evance of nestedness to reserve design by highlighting the distinction between
perfectly nested assemblages and significantly nested ones. Their point is that
unless an assemblage is perfectly nested, then a single large reserve will not nec-
essarily be preferable for the maintenance of biodiversity than several small re-
serves.

But whether a single large reserve is better than several small ones also de-
pends on what metric is being used to measure “better.” Some species may sim-
ply not be able to persist in small habitat fragments, due to their body size, home
range requirements, or dispersal mode. A collection of small reserves may often
maximize species richness compared to a single large reserve, but large reserves
may minimize the probability of species extinctions, especially for mammal
species (Picton 1979; Newmark 1986, 1987, 1995, 1996; McCarthy and Linden-
mayer 1999). Newmark (1987) analyzed local extinctions of large mammals in
North American national parks since the parks were established, using a com-
parison of historical records to present-day distributions. The analysis very
clearly showed that larger parks maintained a higher number of species over
time than did smaller parks, supporting the notion that large areas are essential
to minimize extinctions of particular species. These analyses were repeated for a
larger suite of mammals in North American parks and for six national parks in
Tanzania, and similar patterns were found: mammalian extinctions were in-
versely related to park size (Newmark 1995, 1996).

So the resolution to the srtoss debate seems to depend on one’s conservation
goals. If the goal is to maximize species richness in reserves, all other things be-
ing equal, then a collection of small reserves will likely harbor more species, par-
ticularly if the habitat is relatively heterogeneous, than a single large reserve. If
the goal, however, is to minimize species’ extinctions or the extinction of a par-
ticular species, then a large reserve will almost always be preferable to a small re-
serve. In all likelihood, both goals will be important in reserve design, and some
combination of protected areas of varying sizes in varying habitat types will be
the most suitable arrangement for biodiversity protection (e.g., see Peintinger,
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Bergamini, and Schmid 2003). Recent modeling efforts show that—depending
on the objectives and the distribution of diversity among habitats—a combina-
tion of reserve sizes may be appropriate (McCarthy, Thompson, and Possingham
2005; Wiersma and Urban 2005). Rarely, however, do we have the opportunity to
design a reserve system from scratch, so decisions must typically be made in the
context of existing protected areas.

Species-Area Curves and Extinction Rates

Species-area curves display distinct relationships between habitat area and spe-
cies richness. They are typically thought of as describing the increase in species
richness with increasing area, but one can also slide down this line to calculate
the extent to which species richness decreases with a decrease in area (fig. 3.3).
Thus species-area curves should be useful in estimating the rates of species loss
from expected rates of habitat loss. The magnitude of the effect of species loss
will depend on the z-value, the slope of the line that describes the change in
species richness with area (see chapter 2). These z-values generally range be-
tween 0.15 and 0.40, and, by using a z-value of 0.30, a general rule emerges that
reducing habitat area by 90% reduces species richness by 50% (E. Wilson and
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Figure 3.3. A conceptual representation of estimated species loss with reduction in
habitat area, using species-area curves. When z = 0.20, the number of species lost as
habitat area is reduced (represented by the lower gray polygon) is relatively low compared
to when z = 0.30, where the number of species lost with the same reduction in area is
much greater (represented by the upper gray polygon).
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Willis 1975; E. Wilson 1992). Based on historic and current rates of habitat de-
struction, and using a conservative z-value of 0.15, in 1992 Wilson estimated that
human activities are committing 27,000 species per year to extinction, which is
1000 to 10,000 times the background extinction rate estimated from the fossil
record.

Critics have argued that these dramatic estimates of species extinctions have
not been realized. We are simply not seeing the number of species extinctions
that these estimates suggest we should be seeing. May, Lawton, and Stork (1995)
and Pimm (2002) noted that there are likely to be lengthy time lags in species’ re-
sponses to habitat loss. So even for species that have not yet gone extinct at the
expected rates due to habitat loss, the number of populations and individuals are
still in decline, and the species is “committed to extinction” (May, Lawton, and
Stork, p. 16). Thus we are likely to see the end results within the next century.
This time-lag phenomenon in species extinctions has also been referred to as the
extinction debt (e.g., by Vellend et al. 2006).

Briefly, then, z-values derived from species-area curves strongly influence ex-
tinction rate estimates, and z-values vary substantially among species groups and
habitats. Drakare, Lennon, and Hillebrand (2006) performed a quantitative meta-
analysis of species-area curve studies and found extensive and systematic varia-
tion in species-area curves related to species’ traits, geographic location, and
habitat type. Their review suggested that z-values are “strong indicators” of
species’ sensitivities to habitat loss. Additionally, the shape of species’ geographic
ranges (Ney-Nifle and Mangel 2000) and non-random patterns of habitat loss
(Seabloom, Dobson, and Stoms 2002) may cause extinction rates to even exceed
the estimates derived from classic species-area curves.

Habitat Corridors

In addition to reserve size, the isolation of nature reserves was considered in
shaping the principles of reserve design (E. Wilson and Willis 1975, Diamond
1975). Willis’s view of habitat isolation derived from his studies of birds on Barro
Colorado Island: “Limitation of human use of space will be most effective in pre-
serving natural biotas if natural areas are not isolated islands in lakes or seas of
humanity but instead are linked by corridor zones” (Willis 1974, p. 167).

Habitat corridors are linear strips of protected habitat; in biological conser-
vation, they are proposed as a way to moderate the negative effects of habitat
isolation on animal movement and species persistence. Habitat corridors that

structurally link otherwise isolated habitat remnants are supposed to increase
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landscape connectivity by facilitating the movement of organisms between habi-
tat fragments, thereby reducing rates of species loss, enhancing probabilities of
colonization, and increasing overall species richness in connected fragments
(Simberloff and Cox 1987; A. Bennett 1990; Saunders and Hobbs 1991; Lidicker
and Koenig 1996).

The ultimate test of this design-principle hypothesis would be to directly
compare the species richness or population abundance of a particular species in
habitat fragments that are connected with corridors to fragments that are uncon-
nected. I first reviewed this topic over ten years ago (Collinge 1996) and con-
cluded at that time that there was insufficient evidence to support or refute the
hypothesis that corridors enhance species richness. Rather surprisingly, there is
still relatively scant observational evidence that habitat fragments with corridors
have higher species richness or a higher abundance of particular species than iso-
lated fragments. Direct comparisons have not been done very frequently, and per-
haps this is due to the difficulty in coming up with reasonable sampling designs
in heterogeneous landscapes. As reviewed above, dozens of studies have been
conducted on how size and isolation (measured as distance or area-weighted dis-
tance) influence species richness and population abundance. But finding repli-
cated examples of connected and unconnected fragments for controlled compar-
isons is definitely more difficult.

That said, there are a few studies in which fragments with corridors have been
compared to isolated fragments. Soon after the flurry of activity on design prin-
ciples in the mid-1970s, a group of researchers studying songbirds in deciduous
forests in Maryland noticed that one of their forest fragments supported a higher
number of bird species than would be expected from its relatively small size
(MacClintock, Whitcomb, and Whitcomb 1977). Closer examination and further
surveys revealed that this 35 acre forest remnant was connected by a “disturbed
corridor” to an adjacent 400 acre forest patch. They concluded that the presence
of this corridor explained the higher species richness in this woodlot compared
to other fragments of similar size that were more isolated. Despite the fact that
the authors observed only one example of the corridor phenomenon, this study
was widely cited for several years as evidence of the beneficial effects of corridors.
A handful of additional observational studies provide support for the notion that
species richness is enhanced by corridors, and all come from tropical forest
ecosystems. Bat species richness in the forests of French Guiana was positively
affected by the presence of forested corridors (Brosset et al. 1996). In Costa Rica,
agricultural windbreaks connected to forests had significantly higher forest tree
species richness than windbreaks that were not connected (Harvey 2000). And
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the diversity of small mammals within fragments of Atlantic coastal forest in
Brazil was lower in isolated fragments as compared to those connected by corri-
dors (Pardini et al. 2005).

Several observational studies of the effects of corridors on species composi-
tion in fragmented habitats have been discussed here. The bulk of evidence on
the utility of corridors in conservation, however, comes from experimental stud-
ies, which will be covered in the next chapter. These are ultimately more power-
ful than observational studies, since they normally involve surveys of species be-
fore and after habitat isolation occurs, and usually attempt to experimentally
control other factors that influence species abundance and distribution, includ-
ing fragment size, shape, context, and habitat heterogeneity. Other evidence comes
from research that had slightly different goals than measuring species richness
in connected and unconnected fragments. For example, if corridors are to be
used in linking protecting areas, then we need to know whether animals and
plants find corridors to be suitable, so many papers have focused on the use of
corridors as habitat and movement pathways by different species (Lindenmayer,
Cunningham, and Donnelly 1993; Lindenmayer 1994). Modeling studies may
also extend research on habitat use or movement by simulating the likely effects
of corridors for various species (e.g., the white-footed mouse in Fahrig and Mer-
riam 1985).

SYNTHESIS

If you remember only one thing from this book, it will probably be that larger
chunks of habitat support more species than smaller chunks of habitat. Ecologi-
cal theory predicts this positive species-area relationship, and a vast collection of
studies confirms this prediction. Because species richness is so tightly linked to
habitat area, it should be no surprise by now that the major reason for species de-
cline in the past 50 years is because rates of habitat loss are unprecedented. Some
species are particularly vulnerable to habitat loss, due to certain life-history traits
such as low mobility, rarity, and large body size. Generalist species tend to be
much more able to withstand the consequences of shrinking habitats.

This chapter also emphasized the effects of fragment isolation, since both size
and isolation are derived from ecological theory and have been very frequently
cited in fragmentation studies. Isolation can be measured in a variety of ways and
ultimately is in the eye of the beholder. Whether a forest fragment surrounded by
an agricultural field is considered to be isolated depends on the perspective of the
species that live in the forest. If the agricultural field is a place where predators
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lurk and desiccation is highly likely, then the forest patch probably represents the
entire universe for that species. Conversely, for species that are able to move
freely through agricultural fields, the forest fragment may just be one of many
habitat patches used by them. So isolation may critically affect some species but
not others, depending on their behavioral and physiological traits.

Despite the importance of fragment size and isolation, many authors have
also observed that these two features of habitat fragments are not necessarily the
whole story. Size and isolation may influence species composition and popula-
tion abundance by interacting synergistically with habitat quality (e.g., ]. Thomas
et al. 2001), fragment age (Soulé et al. 1988; Veddeler et al. 2005), edge effects
(Parker et al. 2005), landscape context (Forman 1995; Ewers and Didham 2006),
and, importantly, with each other (Fahrig 2003). Moreover, size and isolation
measured at the local scale of fragments must be considered in view of the com-
position and configuration of the broader landscape (Andrén 1994; Fahrig 1997,
2003). For these reasons, the next generation of empirical and theoretical studies
incorporates multiple factors that describe habitat spatial structure and their eco-
logical consequences.



CHAPTER FOUR

Experimenting with
Fragmentation

In principle, fragmentation experiments could provide a
rich testing ground for theories and methodologies dealing
with spatiotemporal dynamics.

—Diane M. Debinski and Robert D. Holt (2000)

Previous chapters extensively covered the theories that relate to habitat loss and
fragmentation and considered ecological observations related to changes in patch
size and isolation. As many of these early observations were appearing in the
published literature, however, skepticism surfaced in the scientific community.
Critics asked whether the observed ecological patterns represented the real re-
sponses of species to habitat loss and fragmentation, or if they were reactions to
some other, confounded environmental variables. Particular questions arose.
Can cause and effect relationships between landscape change and species’ re-
sponses be established? And do we know anything about the mechanisms re-
sponsible for the observed responses? In many cases, the answer to these two
questions was a resounding “maybe,” but not an unequivocal “yes.” Field obser-
vations are essential to understanding species’ responses to habitat spatial struc-
ture, but the most obvious way to resolve cause and effect, and to determine
mechanisms, is to conduct experiments where habitat size, isolation, and frag-
mentation are properly controlled and where ecological responses are measured.
Researchers responded to these knowledge gaps by designing creative field and
laboratory experiments to specifically test ecological theory and determine the
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mechanisms responsible for species’ responses to habitat loss and fragmenta-
tion.

There are several benefits to be gained by conducting experiments. First, re-
searchers can directly test predictions of ecological theory using real organisms
that occur in real habitats. If results are consistently incongruous with theoretical
predictions, then theories are revised or expanded, and our scientific knowledge
creeps forward. Second, a significant advantage of experiments is that researchers
can take measurements prior to as well as after experimental manipulation, in or-
der to directly assess the effects of a particular intervention. If the experiment is
well designed and controlled, then the ecological responses can be directly at-
tributed to the experimental manipulation(s). Third, because researchers are
present both before the experiment starts and as the experiment proceeds, they
can witness the dynamics of ecological responses over time. This may be an es-
pecially meaningful way to understand the mechanisms responsible for particu-
lar ecological responses.

An additional advantage of manipulative experiments of habitat loss and frag-
mentation is that, if properly designed, they can disentangle the effects of loss
versus fragmentation per se. As discussed in chapter 1, the term habitat frag-
mentation has come to mean many things; some have argued that its meaning
has been lost in its overuse and misuse (e.g., Haila 2002; Fahrig 2003; Linden-
mayer and Fischer 2006). Some of the experiments discussed here focus on the
ecological effects of variation in patch size and isolation, while others concentrate
on the influence of habitat subdivision, or fragmentation in the strict sense. The
former experiments are technically not tests of the effects of fragmentation per
se, but they do provide insights into how habitat loss and isolation influence eco-
logical processes. In practice, both types of experiments are useful for and rele-
vant to the conservation of biological diversity, but it is critically important to un-
derstand the differences between the impacts of loss versus fragmentation and
then to interpret experimental results accordingly.

Debinski and Holt (2000) surveyed literature in ecology and conservation bi-
ology published from 1984 to 1998, explicitly seeking terrestrial, field-based, ex-
perimental fragmentation studies. They found 20 such studies that met their cri-
teria and noted the rapid increase in fragmentation experiments in recent years
(they counted three ongoing experiments in 1988 versus 14 ongoing studies at
the time of their literature review). This chapter expands the scope of that review
to include fragmentation studies in laboratory as well as field settings, and in ma-
rine as well as terrestrial ecosystems. For ease in discussing this topic, the exper-
iments are divided into three categories, which, for simplicity, will just be called
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small, medium, and large. But this categorization is certainly not intended to im-
ply that small experiments are less meaningful than large ones. Experiments in
each category have their advantages and disadvantages, but all contribute to the
body of knowledge regarding the ecological effects of habitat loss and fragmen-
tation.

Small experiments are those conducted in laboratory microcosms, typically in
an aquatic medium with planktonic organisms, but they also include species
such as fruit flies (Drosophila spp.). These microcosm experiments are essentially
extensions of theoretical models (see chapter 9), yet they are more realistic than
models in that they allow tests of real processes (e.g., predator-prey interactions)
using real organisms in real systems (e.g., bacteria and protozoa in aquatic habi-
tats). The main advantage of microcosm experiments is that it is relatively easy to
design an experiment with a high number of replicates, facilitating rigorous sta-
tistical analyses and interpretation. A further gain is that dynamics can be fol-
lowed over many generations of the study organisms (since bacteria and proto-
zoa reproduce very quickly), allowing an examination of both short-term and
long-term responses to experimental manipulation. Medium experiments are
those that move outside the laboratory and typically involve manipulations of
relatively short-lived species, such as small mammals, insects or other micro-
arthropods in terrestrial ecosystems, or other invertebrate groups, such as crabs
and shrimp in marine ecosystems. Such experiments are usually conducted at
spatial scales that also allow easy manipulation of key factors. Generally, however,
it is not possible to conduct an experiment with as many replicates as in small ex-
periments, and the organisms are observed over fewer generations, so there is
less capacity to view and understand long-term dynamics. Finally, large experi-
ments usually have the distinct advantage of allowing the examination of larger
organisms that move over broader spatial scales (such as birds or primates),
which may be particularly useful when it comes to incorporating experimental
results into conservation planning actions. In many cases, large experiments are
so time- and labor-intensive to establish that they have been continued for at least
one or two decades in order to observe both short- and longer-term ecological dy-
namics. But generation times for larger organisms are much longer than for or-
ganisms in microcosms, so there are still limitations to understanding the eco-
logical effects over many generations.

This chapter reviews the experimental designs and major findings of selected
studies that fall along the gradient from small microcosm experiments to me-
dium mesocosm (or microlandscape) experiments to large forest and grassland
fragmentation experiments. Because an explicit discussion of species interac-
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tions is featured in chapter 7, this chapter concentrates primarily on experiments
that examine the dynamics of single species populations or aggregate commu-
nity responses, such as those of richness or diversity to experimental loss and
fragmentation. Along the way, the chapter will highlight the tradeoffs among
these different experimental approaches; point out whether these experiments
focus specifically on habitat loss, isolation, or fragmentation; discuss how results
from different experimental systems relate to one another; and consider the types
of insights gained from observational versus experimental studies in under-
standing the ecology of fragmented landscapes.

MICROCOSM EXPERIMENTS: SIZE SMALL

Most graduate students in ecology are encouraged to read about the experiments
of Huffaker (1958); indeed, this is one of the classic papers in ecology (presented
in Real and Brown 1991). Huffaker’s clever laboratory experiments with oranges,
rubber balls, and mites tested theory regarding the role of patchiness in promot-
ing the persistence of species interactions, in this case, between predator and
prey species of mites. Most ecology students go on to learn that his experiments
were pseudo-replicated, so there are limits to the inferences that can be made.
But they are nevertheless provocative experiments, ones that were novel and pro-
vided insights into the mechanisms of species coexistence, a major problem in
ecology. The key result from Huffaker’s experiments was that habitat patchiness
promoted the coexistence of predators and prey. Despite its limitations, Huf-
faker’s work is relevant to understanding species’ responses to fragmentation,
and it paved the way for future studies of the role of spatial heterogeneity in eco-
logical dynamics.

Forney and Gilpin (1989) chose fruit flies in the genus Drosophila, the quin-
tessential experimental organism, to test whether habitat loss and fragmentation
would cause species extinctions. Although their study used juice bottles and fruit
flies, their focus was explicitly oriented toward conservation (the paper was pub-
lished in one of the early volumes of the journal Conservation Biology). They con-
sidered their study “a model of population processes relevant to extinction”
(p. 46). The researchers used plastic juice bottles containing laboratory medium
to configure fly “habitats” that varied in total size and connectedness. They then
examined the amount of time until population extinction for flies in three differ-
ent configurations: separated (two patches that were isolated from one another),
large (a patch twice the size of the separated ones, with frequent movement of
flies within the patch), and connected (the same size as large, but with a very lim-
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ited movement of flies within the patch). The laboratory setting allowed for 15
replicates of each configuration for each of two Drosophila species, and the ex-
periment lasted 18 weeks (six to eight Drosophila generations). For their study
species, Drosophila pseudoobscura, extinction rates were lowest for the large sys-
tems, next lowest for the connected systems, and highest for the separated sys-
tems. Hence the inference was that both larger and connected patches are
significantly less vulnerable to extinction than small, isolated patches. The au-
thors concluded by suggesting that this model system was quite useful for deter-
mining patterns and mechanisms of species’ responses to habitat loss and isola-
tion: “Our model can be used to deepen our understanding of the extinction
process . . . the laboratory can be an important venue for exploring and testing
theoretical ideas on species extinction and other issues of interest to conservation
biology” (p. 50). This experiment helped researchers understand the population
dynamics of a single species in the absence of other interacting species, such as
competitors or predators.

The theory of metapopulation dynamics was discussed in previous chapters,
and one of its predictions is that dispersal among spatially distinct habitat
patches (local populations) should enhance the overall persistence of the regional
metapopulation. Holyoak and Lawler (1996) studied the population dynamics of
two aquatic ciliates (protists); one a bacterivore (Colpidium) and the second a
predator of Colpidium (Didinium nasutum). They devised experiments to spe-
cifically investigate the effects of habitat subdivision, or fragmentation in the
strict sense, using either undivided habitats (plastic bottles) of four different to-
tal sizes, or divided habitats, which were arrays of bottles linked by tubes to allow
dispersal (fig. 4.1). The researchers were able to observe population dynamics in
the experimental system for an impressive 602 prey generations and 437 preda-
tor generations (in only 130 days)! The key findings from this study that are rel-
evant to ecological theory regarding habitat loss and fragmentation were that
(1) the predator-prey interaction persisted for a much longer period of time in
larger versus smaller undivided habitat patches, (2) the prey species exhibited fre-
quent extinctions in the small bottles of the arrays, but individuals were able to
recolonize bottles by dispersing via connecting tubes, and (3) predator popula-
tions displayed rescue effects in the arrays via dispersal through connecting
tubes, as predicted by J.H. Brown and Kodric-Brown’s (1977) modification of is-
land biogeography theory. Thus these experiments showed that predators and
prey in isolated habitat patches that are connected by dispersal pathways may per-
sist for several hundred generations, much longer than in unconnected habitats.

A similar laboratory culture system was used by Burkey (1997) to study the
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Figure 4.1. A photograph of a microcosm array used in studies of predator-prey
interactions in spatially subdivided habitats (Holyoak and Lawler 1996). The entire
9-bottle array shown here is about 30 cm X 30 cm. Photo courtesy of Marcel Holyoak,
University of California—Davis.

effects of habitat loss and fragmentation on the extinction of a community of bac-
teria and protozoa. Burkey also explicitly considered habitat loss and fragmenta-
tion per se by manipulating the size of laboratory jars (to mimic habitat loss), the
subdivision of laboratory jars (to mimic habitat fragmentation), and the presence
of connections between laboratory jars (to mimic movement corridors); he then
observed the time to extinction of the top predator in the system (either Didinium
nasutum, as above, or Euplotes aediculatus). For each experiment, the top predator
always went extinct sooner in a small versus large habitat, and in a fragmented
versus unfragmented habitat of the same total size. Here the effect of dispersal
corridors was counter to theoretical predictions, as well as to the earlier experi-
mental results of Holyoak and Lawler (1996); the linked bottles reached extinc-
tion sooner than the unlinked bottles. Burkey surmised that the dispersal links
(corridors) served to synchronize the population dynamics of the bottles so that
the decline to extinction of a single bottle reverberated throughout the linked sys-
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tem, causing overall population extinction. One lesson learned from these two
sets of bottle experiments is that for persistence to occur, the amount of disper-
sal among habitat patches must be like the temperature of the porridge in the
story of Goldilocks and the Three Bears: “just right.” With too much dispersal, pop-
ulation dynamics are synchronized among patches, rendering the entire meta-
population vulnerable to extinction from a single stochastic event. With too little
dispersal, the rescue of populations from extinction and recolonization of extinct
populations occurs too infrequently to positively affect metapopulation dynam-
ics. Species’ responses to habitat patchiness in laboratory experiments have in-
deed provided valuable insights into the effects of habitat loss and fragmentation
in the outside world—the stuff of medium and large experiments to be consid-
ered next.

MICROLANDSCAPE EXPERIMENTS: SIZE MEDIUM

The majority of manipulative experiments on fragmentation have been con-
ducted at places outside of the laboratory and at scales that are intermediate in
time and space to the small and large studies discussed in this chapter. The ex-
perimental designs of these studies typically emphasize either habitat loss and
isolation, or habitat subdivision or fragmentation per se, depending on the re-
searchers’ questions (fig. 4.2). The first explicit field study to test ecological the-
ory regarding habitat loss and fragmentation was Dan Simberloff’s dissertation
research on small mangrove islands in the Florida Keys (Simberloff 1969; Sim-
berloff and Wilson 1969, 1970; the last is another classic paper in ecology). Sim-
berloff concentrated his research on testing one of the main tenets of MacArthur
and Wilson’s (1967) island biogeography theory—that islands close to a main-
land source of colonists will experience higher colonization, lower extinction,
and thus higher species richness at equilibrium than islands that are more re-
mote. So, in the strict sense, this was an experiment to test the effects of habitat
isolation, but not a fundamental test of fragmentation. To create empty islands
ripe for colonization, the researchers fumigated six small mangrove islands with
an insecticide to remove all terrestrial arthropods, then observed the recoloniza-
tion of the islands over a two-year period. Consistent with expectations from is-
land biogeography theory, after two years of colonization the most remote, iso-
lated island hosted the fewest number of insect species, the intermediate islands
had intermediate numbers of insect species, and the island closest to the main-
land had the most species (Simberloff and Wilson 1970).

Many field experiments have followed Simberloff’s research and have focused
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on asking questions regarding the effects of habitat patchiness on population and
community dynamics. Quinn and Robinson (1987) and G. Robinson and Quinn
(1988) reported results from “the first direct experimental examination of the
effects of habitat subdivision per se on extinction . . . and overall species diversity”
(G. Robinson and Quinn 1988, p. 79). At their study site near Davis, California,
they created 42 isolated grassland patches of three sizes (32 plots of 2 m?, 8 plots
of 8 m? and 2 plots of 32 m2, similar to the left-hand example in fig. 4.2a) by mow-
ing the vegetation around the patches; they then monitored the percent cover of
plants in each plot over three full growing seasons. As predicted from island bio-
geography theory, the number of plant species was positively related to plot area;
the largest plots contained about 50% more species than the smallest plots. Also
as predicted, over the course of the study the small plots exhibited higher per-
species extinction rates than the large plots. But when the researchers compared
plant species richness in areas of equal size that varied in the amount of habitat
fragmentation (e.g., plant species richness in 32 small plots combined versus 8
medium plots versus 2 large plots), they found the highest overall species rich-
ness in the most subdivided (combined 2 m?) habitat patches. Moreover, there
were no detectable effects of habitat subdivision on extinction. The authors in-
ferred from their results that spatially distributed reserves may be effective in
protecting species, especially those that are quite patchily distributed. This re-
search highlights a key distinction between experimental studies focused on
habitat loss and isolation and those focused on subdivision or fragmentation
(some of which are illustrated in fig. 4.2). The former studies concentrate on the
characteristics of local patches, such as size or isolation, and the latter tend to
highlight regional collections of habitat patches and the dynamics of regional

Figure 4.2. (opposite) Representative experimental designs of fragmentation experiments
in the medium size category. In each scheme the dark gray areas denote native habitat,
the white areas denote cleared areas, and the black lines are outlines of sample plots.

(a) An experimental design that allows examination of the effects of fragment area and
subdivision. The collection of small plots (N = 16) is equal in total area to the collection
of medium plots (N = 8) and the collection of large plots (N = 2). Based on Quinn,
Wolin, and Judge (1989) and Dooley and Bowers (1998). (b) An experimental design that
allows examination of the effects of habitat area. Equal numbers of replicates (N = 5) of
large, medium, and small fragments are arranged in blocks. Based on Collinge (2000).
(c) An experimental design to assess the efficacy of habitat corridors in species
persistence. Replicates of equal-sized plots are isolated (left), connected by corridors
(center), or located in continuous habitat (right). Based on La Polla and Barrett (1993)
and Aars, Andreassen, and Ims (1995).
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metapopulations. Thus there are different inferences that can be made from
these varying experimental designs, which will be discussed in greater depth at
the end of this chapter.

Small mammals in grassland or old-field habitats have frequently been used
in experimental systems designed to understand the effects of habitat loss and
fragmentation (e.g., La Polla and Barrett 1993; Aars, Andreassen, and Ims 1995;
Andreassen, Halle, and Ims 1996; Dooley and Bowers 1996, 1998; Aars, Johanne-
sen, and Ims 1999; Andreassen and Ims 2001; Orrock and Danielson 2005). For
example, Dooley and Bowers (1998) experimentally manipulated patch size and
fragmentation to examine the population responses of the herbivorous meadow
vole, Microtus pennsylvanicus. The researchers compared population density,
growth rate, survivorship, and recruitment of vole populations at two spatial
scales. The local-scale comparison was among abandoned agricultural field frag-
ments of three different sizes, including five small patches (0.06 ha), four me-
dium patches (0.25 ha), and four large patches (1.0 ha). The second, landscape
comparison was between the 13-patch, 20 ha fragmented landscape just de-
scribed and an equally-sized adjacent, unfragmented landscape (fig. 4.2a). They
found no effect of fragment size on population parameters, but there were
significant effects of landscape fragmentation on population density, growth rate,
and recruitment. The results, however, were opposite to theoretical predictions:
population density, growth rate, and recruitment (but not survival) were higher
in the fragmented landscape than the unfragmented one. The authors suggested
that the fact that no patch size effects were discerned may have been due to a lack
of statistical power, small differences in the amount of edge habitat among the
three sizes of patches, or opposing processes that essentially cancelled each other
out and precluded their detecting any net effect of patch size. The authors attrib-
uted the significant landscape response to enhanced habitat quality resulting
from fragmentation—voles appear to have higher individual growth rates in
edge habitats, perhaps due to the higher nutritional quality of new plant growth
along the edges, so the greater amount of edge habitat may translate into higher
reproductive rates. There is a cautionary note here, however; because of the over-
all reduction in habitat area, the fragmented landscape maintained a lower ab-
solute population size of voles than did the unfragmented landscape.

Habitat isolation may be reduced by the presence of corridors (linkages be-
tween habitat patches), and there are now several published studies that experi-
mentally test the role of corridors in species persistence (fig. 4.2¢; see chapter 6
for a detailed discussion of movement corridors). F. Gilbert, Gonzalez, and
Evans-Freke (1998) designed an innovative experiment with microarthropods
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(mites, ticks, and springtails) that occur in moss patches on rocks to ask whether
corridors influence species loss from otherwise isolated patches. The researchers
chose six large, moss-covered rocks in a forest in the United Kingdom and im-
posed four different experimental treatments on each rock, with each treatment
comprised of four, 10 cm-in-diameter, circular patches. The mainland treatment
involved sampling the four circular patches on the rock for microarthropods, but
no moss was removed, so this was effectively one large continuous patch. The
corridor treatment consisted of four circular patches connected by narrow linear
corridors; the broken corridor treatment was identical to the corridor treatment but
with a 5 cm gap in the middle of each corridor (this treatment controlled for the
effect of the increased area provided by the corridors). The insular treatment was
comprised of four circular isolated patches. Microarthropod samples were col-
lected prior to experimental manipulations and again three and six months after
the treatments were imposed. The time length of the experiment allowed for sev-
eral generations of the microarthropod species that occur in the moss habitat.
The results clearly showed that corridors had a strong effect on species persis-
tence—both the overall number of species and the percentage of predator
species were significantly higher in patches connected by corridors than in iso-
lated patches. As was the case in the laboratory microcosm experiments, the au-
thors here also argued that the higher species richness in connected patches was
due to the enhanced movement of microarthropods among the patches via the
corridors.

Corridors may moderate the negative consequences of habitat isolation, but
the relative effect of corridors may depend on habitat area. In one experiment
from my own dissertation research (Collinge 1998, 2000), I manipulated the size
and connectivity of grassland patches to ask whether insect populations and com-
munities were affected by habitat loss and isolation. I took advantage of a popu-
lar treatment used in these types of experiments (mowing) to manipulate habitat
structure. The patch sizes used in my experiment were 1 m?, 10 m?, and 100 m>
(fig. 4.2b). Each was crossed with three connectivity treatments—continuous
(control), corridor (the presence of a narrow linear corridor connecting the patch
to continuous grassland), and isolated (no connections between the patches)—
and replicated six times across the 6 ha study area near Boulder, Colorado. I sam-
pled aboveground insects in each plot prior to mowing, and then re-sampled the
plots monthly during each of three summer field seasons. The effects of corri-
dors that I observed in my experiment were not as dramatic as those observed by
F. Gilbert, Gonzalez, and Evans-Freke (1998), and they appeared to be contingent
upon several factors. In particular, an influence of corridors was apparent only for
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the intermediate-sized (10 m?) plots, but not for the small and large plots. Corri-
dor effects were stronger in the driest of the three years, suggesting that perhaps
the effects of isolation were exacerbated by low resources due to environmental
variability. Moreover, corridors appeared to positively affect some species and not
others—specifically, insects grouped as “low mobility” that were relatively com-
mon showed positive responses to corridors. This experiment demonstrated,
however, that by far the strongest influence on insect species richness was habi-
tat fragment size, with connectivity having much weaker effects.

These two field experiments with arthropods (in the United Kingdom and in
Colorado) primarily examined the effects of habitat connectivity by asking
whether corridors influenced species richness in habitat patches. In a second ex-
periment for my dissertation (Collinge 1998; Collinge and Forman 1998), I ex-
amined whether different patterns of land transformation, mimicked once again
by mowing patches of grassland, affected insect species assemblages. I imposed
mowing treatments that simulated four different spatial configurations of shifts
from 100% to 25% habitat area. These configurations were four (see fig. 1.1) of
the several proposed by Forman (1995); a comparison of two of these treatments
allowed us to examine the direct ecological effects of habitat subdivision. One
treatment, shrinkage, involved a single patch of habitat that was reduced in area
from 100% to 25% during successive steps of the experiment. For a second treat-
ment, fragmentation, the first step involved dividing the initial grassland patch
into nine equal-sized patches that were made progressively smaller. Each mow-
ing treatment was imposed every four days, and the insects were subsequently
sampled. We sampled insects again five weeks after the final treatment to assess
longer-term responses to habitat spatial configuration. In this grassland frag-
mentation experiment, spatial configuration did influence insects significantly.
The first of its two main results were observations of increased insect densities
in fragmented versus unfragmented habitats. This crowding effect has been no-
ticed in the early phases of other experimental studies, and the inference is that
animals move from the modified habitat to the remaining undisturbed habitat,
which results in higher densities in small fragments. Second, large rare insect
species were equally abundant in the fragmented and unfragmented sequences.
This may be due to the fact that these species perceived the entire 9-patch frag-
mented system as one large habitat patch, given that inter-patch distances were
relatively small (from 1 to 2.5 m).

Most fragmentation experiments have been conducted in terrestrial ecosys-
tems, but habitat loss and fragmentation may clearly affect the behavioral, popu-

lation, and community ecology of marine organisms as well. Several studies have



EXPERIMENTING WITH FRAGMENTATION 75

independently manipulated habitat patch size and the degree of habitat subdivi-
sion or fragmentation in marine settings to examine the relative impacts of each
on population and community dynamics. Quinn, Wolin, and Judge (1989) stud-
ied intertidal snails to test more general ideas about the probability of extinction
of local and regional populations in relation to local patch size and the degree of
habitat subdivision (fragmentation per se.). They used laminate plates attached
to plywood as habitat for the predatory snail, Nucella emarginata, in the sand flats
of Bodega Bay, California. Their experiment involved the subdivision of 1 m?>
square plates into progressively smaller square patches (to 1/2, 1/4, 1/8, and
so on down to 1/64th m?). Replicate plates of each size (64 X 1/64 m?; 32 X
1/32 m?; and so on) were affixed to the sand substrate and allowed to be colo-
nized naturally by barnacles (prey for Nucella); then an equal number of Nucella
(128 individuals) were introduced to each experimental plate. The researchers
followed these populations over two years, so that population extinction could be
examined in relation to patch size and fragmentation. As predicted, there was a
steady increase in the probability of local population extinction as patch size de-
creased—none of the populations on large patches went extinct, but about 80%
of the populations on small (1/64 m?2) patches did so during the study. When the
combined plates of each size were compared, however, there was no discernible
effect of habitat subdivision on extinction (Nucella had not gone extinct from any
of the combined treatments by the conclusion of the experiment). As in the study
of California annual grasslands cited above (G. Robinson and Quinn 1988), local
extinction was negatively related to patch area, but regional extinction was un-
affected by habitat subdivision or fragmentation.

In a different marine setting, Caley, Buckley, and Jones (2001) examined the
relative effects of coral habitat degradation and fragmentation on coral commen-
sal invertebrate communities (particularly those of the crab Trapezia cymodoce,
and the shrimp Palaemonella spp.) on the Great Barrier Reef, Australia. Their
experimental protocol involved degrading (killing) and fragmenting (dividing)
small coral colonies in a 50 m X 50 m experimental plot, and then observing the
composition of coral commensal species 1-2 days, 1 month, and 2 months after
the treatments were applied. Species richness and overall abundance were not
affected significantly by fragmentation; however one species, T. cymodoce, in-
creased in response to the fragmentation treatment. The major effect detected in
this experiment was that habitat degradation had a much greater impact on
species richness and overall abundance than did the fragmentation of coral
colonies.

Similarly, Goodsell and Connell (2002) independently manipulated habitat
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loss (the number of habitat patches) and habitat isolation (the distance between
patches) in a marine environment, in this case, kelp forest habitat in South
Australia. They recorded invertebrate (polychaetes, bryozoans, crustaceans, and
echinoderms) species richness, species composition, and abundance over a two-
month period. The researchers cleared a 1 m? area of kelp forest to create either
nine or five kelp habitat patches, and habitat isolation was manipulated by re-
moving kelp plants either within 10 cm of an experimental plant or at a distance
greater than 20 cm. The resultant kelp spacing was 10 cm for the proximate treat-
ment and 20 cm for the distant treatment. This 2 X 2 factorial experimental de-
sign was replicated six times across the study area and allowed for an examina-
tion of the independent and interactive effects of habitat loss and isolation on
species assemblages. The separate effects of the amount of habitat and isolation
were not significant, but these two factors interacted to influence invertebrate
species composition. In particular, the effects of habitat loss on species composi-
tion and relative abundance were lessened when habitat patches were in close
proximity. Although they did not directly examine the movement of individuals
among patches, the authors suggest that the effects were due to movement
among patches rather than to changes in population growth rates in different ex-
perimental treatments. This implies that perhaps the rescue effect (sensu J.H.
Brown and Kodric Brown 1977) alleviated the negative effects of habitat isolation
on species persistence.

One of the strengths of medium studies is that the spatial and temporal scales
are generally appropriate for the organisms being studied, which are often in-
sects but also include other terrestrial or marine invertebrates or small mam-
mals. Further, these experiments have an advantage over microcosm experi-
ments in that they are conducted in field settings, so they are subject to realistic
levels of environmental variation. As with microcosm studies, one limitation of
medium studies is that they are often difficult to scale up. It is hard to directly
compare the responses of an insect predator to grassland fragmentation to a
mountain lion’s response to changes in landscape structure. The next section
will look at experiments that are conducted at scales appropriate to these larger
animals.

BROAD-SCALE FRAGMENTATION EXPERIMENTS: SIZE LARGE
Brazilian Amazon Rainforest: BDFF

Probably the most well known of the large fragmentation experiments is the Bi-
ological Dynamics of Forest Fragments (BDFF) project in the Amazon rainforest
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north of Manaus, Brazil (table 4.1). The experiment was initiated in 1979 as a col-
laborative effort between the Smithsonian Institution and the Brazilian Institute
for Research in the Amazon (INPA) and is now the “world’s largest and longest-
running experimental study of habitat fragmentation” (W. Laurance et al. 2002,
p. 606). Originally called the Minimum Critical Size of Ecosystems project, the
study was designed to assess a minimum size for rainforest reserves that would
effectively conserve biological diversity. The results and conclusions from this ex-
periment have contributed profoundly to our understanding of the ecological
consequences of forest habitat loss, isolation, and landscape context. In their
2002 review, for example, William Laurance and colleagues referred to an ex-
traordinary 340 publications and theses that have been produced from this broad-
scale experiment. Several syntheses of this experiment have been published
since the study’s inception and provide useful detailed summaries of the ecolog-
ical consequences of Amazonian forest loss and isolation (Lovejoy et al. 1984,
1986; Bierregaard et al. 1992; W. Laurance et al. 1997; Gascon and Lovejoy 1998;
W. Laurance et al. 2002).

The study design included the establishment of 11 forest fragments (five of 1
ha, four of 10 ha, and two of 100 ha) that were isolated in the early 1980s by dis-
tances of 80— 650 m from surrounding intact forest as a result of forest clearing
for cattle pasture in this region of the Amazon basin. At the same time, 12 forest
reserves (three of 1 ha, four of 10 ha, two of 100 ha, and three of 1000 ha) were
established in intact forest and left undisturbed as experimental controls. Tech-
nically, this experiment formally tests the effects of habitat area (see the example
in fig. 4.2b), and not different levels of isolation or fragmentation on ecological
dynamics. Since the experiment was initiated, cattle-ranching activities have
been largely abandoned in this area, allowing a growth of secondary forest to sur-
round the fragments. Thus the researchers have periodically cleared 100 m wide
swaths of secondary forest to maintain the experimental fragments (W. Laurance
et al. 2002). Prior to isolation, a large number of taxa—including plants, butter-
flies, beetles, amphibians, birds, and primates—were surveyed in the fragments-
to-be as well as in the forest reserves, and these areas have been repeatedly sur-
veyed for the almost three decades following isolation.

The manipulation of fragment size that was imposed in this experiment has
resulted in major impacts on forest biota and dynamics. As predicted from island
biogeography theory, small forest fragments contain many fewer species than
large continuous tracts of rainforest. This area effect has been noted for several
species of primates (K. Gilbert and Setz 2001), understory birds (Stouffer and
Bierregaard 1995; Ferraz et al. 2007), bees (Powell and Powell 1987), ants (Gas-



Table 4.1

Details of broad-scale (large) fragmentation studies

Experiment Location Habitat Fragment sizes Controls Connectivity Replication References
Biological Brazil: Tropical 1, 10, 100 ha 1, 10, 100, Not explicitly 50f1 ha, W. Laurance et al. 2002;
Dynamics 3°S,60° W rainforest 1000 ha included 4 0f 10 ha, Ferraz et al. 2007
of Forest continuous in design and 2 of 100
Fragments forest ha fragments
(BDFF)
Wog Wog Australia: Native 0.25, 0.875, Same plot sizes Not explicitly 4 replicates of Margules 1992; Davies,
37°S,149°E Eucalyptus and 3.062 ha in continuous included in each fragment Melbourne, and Mar-
forest forest design size, with 2 repli- gules 2001; Davies,
cates in contin- Margules, and Law-
uous forests rence 2003
Kansas United States:  Abandoned 0.5,0.028, and  Large (0.5 ha) Not explicitly 6 large, 18 medium,  G. Robinson et al. 1992;
succession 39°N, 94° W wheat 0.0032 ha patches are included in and 82 small Holt, Robinson, and
study field under control for design patches Gaines 1995; W. Cook
going succes- subdivided et al. 2005
sion to a mo- patches
saic of open
prairie and
deciduous
forest
Calling Lake Canada: Boreal 1,10,40,and  Same plot sizes 100 m wide 3 of each patch Schmiegelow, Machtans,
55°N, 113°* W  mixedwood 100 ha in continuous corridors size and and Hannon 1997;
forest forest (riparian buffer treatment Hannon and Schmie-
strips) gelow 2002
Savannah River United States:  Pine plantation 1, 1.375, and Unconnected 25 m wide X 8 replicates Haddad 1999; Tewks-
33°N, 81°W with clear- 1.64 ha patches of equal 150 m long bury et al. 2002
cut patches size corridors
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con et al. 1999), beetles (Klein 1989; Didham et al. 1998), understory plants
(Benitez-Malvido and Martinez-Ramos 2003), and epiphyllous bryophtes (Zart-
man 2003). One likely mechanism for lower species richness in smaller frag-
ments is that observed rates of extinction have been higher in small versus large
fragments for many of the above-cited taxa (Stratford and Stouffer 1999; W. Lau-
rance et al. 2002; Ferraz et al. 2007). Although they did not control isolation ex-
perimentally, researchers have discovered that even relatively small forest clear-
ings or gaps in the forest canopy are disruptive enough to sever connections
between forest areas and limit animal movement. For example, several insectiv-
orous birds have experienced local extinction in small fragments and have been
unable to recolonize these areas, even though they are isolated from continuous
forest areas by only 70-80 m (Stratford and Stouffer 1999). In contrast, other
species or species groups have increased in small fragments or have been
unaffected by changes in forest area, including generalist butterflies (K. Brown
and Hutchings 1997), some frog species (Gascon et al. 1999), and small mam-
mals (Malcolm 1997).

Researchers have also observed changes in key ecosystem processes in rela-
tion to fragment size, including sharp reductions in tree biomass (biomass col-
lapse) in small fragments, due to higher rates of tree-fall at the fragment edges
(W. Laurance et al. 1997, 1998), and lowered leaf litter and dung decomposition
rates in small fragments compared to large ones (Klein 1989, Didham 1998).
Interestingly, the increased mortality of large, old-growth, forest interior tree
species along forest edges has resulted in a major shift toward dominance by
early successional tree species (such as Cecropia, Vismia, and Miconia) along the
edges of forest fragments (W. Laurance et al. 2006), which is likely to have major
effects on ecosystem dynamics.

In addition to the discovery of significant fragment area effects—the investi-
gation for which the experiment was originally designed—two major findings
have surfaced from this experiment. Neither of these was predicted directly by is-
land biogeography theory, however. The first is that the most pervasive and dam-
aging effects on biota in relation to habitat modification come from edge effects
(summarized in W. Laurance et al. 2002; see also chapter 5). The increased tem-
perature, decreased soil and air moisture (Kapos 1989), and increased wind tur-
bulence (W. Laurance et al. 1997) at forest edges modify the environment so
much that certain organisms are no longer able to persist in forest fragments.
These edge effects are most severe for the smallest fragments, given their higher
edge-to-interior ratios. For example, W. Laurance et al. (1998) used a mathemati-
cal model to predict that edge effects would be especially severe as fragment size
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decreased to 100 to 400 ha (depending on fragment shape). Second, the matrix
surrounding the forest fragments substantially affected species composition and
ecosystem dynamics in the fragments (see also chapter 5). This became apparent
as the forests began to regrow around the isolated fragments. If the surrounding
forest had been cleared but not burned, regrowth was dominated by Cecropia,
whereas if the surrounding forest had been burned and used for cattle pasture,
the regrowth was dominated by Vismia. The composition of the surrounding ma-
trix profoundly influenced the species composition of understory birds in forest
fragments (Stouffer and Bierregaard 1995), as well as that of small mammals and
frogs (Gascon et al. 1999).

To understand the mechanisms underlying species’ responses to habitat loss
and fragmentation, it would be ideal to study every aspect of the life cycle and
identify key stages that are particularly vulnerable to habitat modification. Within
the context of the BDFF study, Emilio Bruna performed a series of innovative ex-
periments and conducted multi-year population censuses to assess the effects of
forest fragment area on the demography of a perennial understory herb, Helico-
nia acuminata (Bruna 1999; Bruna and Kress 2002; Bruna et al. 2002; Bruna
2003; Bruna and Oli 2005). This body of research is especially valuable because it
involved a systematic study of each aspect of the plant’s life cycle in both frag-
ments and continuous forest, and it employed demographic modeling to assess
critical life-cycle stages and estimate population growth rates. Bruna began at the
beginning of the life cycle with seeds and seedlings. He collected seeds of H.
acuminata from continuous forest and planted them in 1 ha and 10 ha fragments,
as well as back into the continuous forest. Seeds planted in the forest fragments
were much less likely to germinate than those planted in continuous forest
(Bruna 1999). To assess relative plant growth rates in fragments versus continu-
ous forest, Bruna et al. (2002) reciprocally transplanted H. acuminata plants from
continuous forest sites to fragment sites, and from fragment sites to forest sites,
with appropriate controls. Plant growth strongly differed in these two landscape
settings: plants in the fragments actually had fewer shoots and leaves 32 months
after transplanting than when they were first transplanted. In other words, these
plants shrank, while plants in continuous forest sites increased slightly in size.
The reduction in plant size in fragments was likely due to heat and water stress
associated with the modified microclimate of small fragments with pervasive
edge effects, and to the concomitant loss of leaves and shoots. Consistent with
these data on growth rates from the reciprocal transplants, multi-year surveys re-
vealed that populations of H. acuminata in the fragments were dominated by in-
dividuals in smaller size classes than populations in continuous forest, and there
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was a non-significant trend toward a higher proportion of individuals flowering
in continuous forest versus forest fragments (Bruna and Kress 2002).

These multi-year census data of over 5000 individual plants were used to con-
struct a matrix population model to compare expected population growth rates
with observed growth rates over two transition years (Bruna 2003). The modeling
effort revealed that projected population growth rates were substantially lower
than observed growth rates, based on yearly censuses. This discrepancy between
projected and observed growth rates led Bruna and colleagues to re-examine
model assumptions and ultimately invoke an additional mechanism to explain
why the observed numbers of seedlings in the study plots were greater than ex-
pected. They reasoned that because their model assumed that most seed disper-
sal was localized around parent plants, it did not account for longer-distance seed
dispersal into the forest fragments from the surrounding forest. Thus this un-
measured component of demography (immigration) likely explained the higher
observed number of seedlings than the model projected. Using an expanded data
set (5 years of census data), Bruna and Oli (2005) concluded that population
growth rates in continuous forest were significantly higher than in forest frag-
ments. Taken as a collection, these detailed field and modeling efforts provide un-
paralleled information on both the patterns and the demographic mechanisms
for a species’ response to habitat loss and isolation.

Australian Eucalyptus Forest: Wog Wog

Started in 1985 in southeastern New South Wales, Australia (table 4.1), the Wog
Wog fragmentation experiment was designed to test the hypotheses from island
biogeography theory that (1) a reduction in the area of native Eucalyptus forest
would result in reduced species richness at equilibrium in forest fragments, and
(2) the reduction in species richness would be greatest for small fragments (Mar-
gules 1992). The experimental design consisted of six replicates of each of three
fragment sizes (0.25 ha, 0.875 ha, and 3.062 ha). Four Eucalyptus fragments of
each size (for a total of 12 fragments) were isolated when the 80- to 100-year-old
Eucalyptus forest surrounding these plots was cleared for a pine plantation (fig.
4.3). Two other replicates were established in uncleared, continuous Eucalyptus
forest as control plots. As in the BDFF experiment just described, floral and fau-
nal surveys were conducted for two years prior to the experimental isolation of
the forest patches, and at least annually following the experimental treatments.
The research effort included sampling many ground-dwelling invertebrate groups
(e.g., beetles, spiders, ants, amphipods, and scorpions), as well as bats, birds,



Figure 4.3. Aerial photographs of the Wog Wog fragmentation experiment in south-
eastern Australia. Top: Eucalyptus fragment (0.875 ha), immediately after clearing to
create experimental fragments. Bottom: fragments of three sizes, seven years after
clearing to create experimental fragments. Photos courtesy of Chris Margules, CSIRO,
Australia.
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mammals, and skinks. Permanent sampling sites were established both at eight
different locations within each fragment or each control plot and in the exotic pine
plantation matrix surrounding the native Eucalyptus forest fragments. Sample
sites were located in either slope or drainage sites within fragments, as well as ei-
ther near fragment edges or in fragment interiors, allowing for detailed, spatially
explicit patterns of species abundance and distribution across the study area.

The beetle fauna sampled in these forest fragments is highly diverse (over 655
beetle species captured in the first five years), and it is the group that has been
analyzed most extensively in the context of forest loss and isolation (Davies and
Margules 1998; Davies, Margules, and Lawrence 2000; Davies et al. 2001; Davies,
Margules, and Lawrence 2004). Both population and community responses have
been examined, and within-patch as well as between-patch processes have been
explored to explain species occurrence patterns. Several key conclusions can be
drawn from these studies. First, particular traits appear to influence significantly
whether a species will be positively or negatively affected by habitat loss and iso-
lation (Davies, Margules, and Lawrence 2000). Specifically, for the 69 beetle
species that were sufficiently abundant to be subjected to statistical analyses,
those that were relatively rare, those that were confined to the Eucalyptus forest
and did not regularly occur in the pine matrix, and those at higher trophic levels
(predators) all declined in abundance in small, isolated patches. Further analyses
indicated that these traits may interact synergistically (Davies, Margules, and
Lawrence 2004); species that were both rare and specialized were especially vul-
nerable to extinction compared to other species. Second, community measures
of species richness, species composition, and relative abundance all appeared to
be more strongly affected by within-patch processes than between-patch pro-
cesses. In particular, changes in patch area and isolation appeared to influence
community structure primarily via changes in the microclimate at the edges (edge
effects), not because of differences in extinction or colonization, as was predicted
by island biogeography theory. This study provides an important link between
population and community responses to fragmentation, as well as between stud-
ies that focus primarily on local processes, such as per-patch extinction rates, and
broad-scale processes that encompass multiple patches, such as dispersal and
colonization among habitats.

Grasslands: Kansas Old-Field Succession

Given that ecological theory predicts that rates of extinction and colonization
should be affected by patch spatial characteristics, patterns of ecological succes-
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sion that involve changes in species distributions over time are likely to be influ-
enced by habitat area and fragmentation. In 1984, researchers at the University
of Kansas designed a field experiment to test the effects of habitat subdivision
(fragmentation) on plant secondary succession in an abandoned wheat field in
eastern Kansas (G. Robinson et al. 1992; Holt, Robinson, and Gaines 1995). The
study design involved the establishment of three patch sizes, with each patch iso-
lated by a distance of 15 m from surrounding patches through continued mow-
ing of the matrix areas. Clusters of small patches were equal in area to clusters of
medium patches and to large patches (similar to the example in fig. 4.2a; each
large patch was 0.5 ha).

Succession was allowed to proceed on each of the patches, and researchers fol-
lowed the fates of above-ground arthropods, small mammals, vascular plants,
and snakes; they also measured soil moisture and nutrient concentrations. After
six years of succession (and fragmentation), there were no effects of habitat sub-
division on soil properties, nor on aggregate measures of species richness for any
of the taxa that were studied (G. Robinson et al. 1992). In other words, species
richness values were similar for large patches and for clusters of small and
medium patches. However, there were effects of fragmentation on particular
populations or species groups. For example, clonal plant species, which repro-
duce primarily by vegetative growth and therefore move gradually across the
landscape, were more likely to persist in large fragments than in smaller frag-
ments, where colonization was probably limited by habitat disruption created by
mowing between the patches (G. Robinson et al. 1992; Holt, Robinson, and
Gaines 1995). And populations of two of the three most common species of small
mammals studied (Microtus ochrogaster and Sigmodon hispidus) persisted much
longer in large patches than in small ones (G. Robinson et al. 1992; Diffendorfer,
Gaines, and Holt 1995).

The relatively modest, short-term effects of fragmentation on species abun-
dance and distribution became more pronounced as succession proceeded
(W. Cook et al. 2005). After 18 years of succession, woody plants were more dense
in large versus small patches, overall plant species richness was higher in large
patches than small ones, and species turnover was lower in large patches. Fur-
thermore, the spatial position of the experimental patches relative to native for-
est cover differed, and position affected successional dynamics significantly. In
particular, patches close to native forest had higher woody plant density, higher
species richness, and lower species turnover than patches that were more distant
from native forest. This spatial position effect highlights the important role of
plant propagule immigration from outside the study area, a key factor noted in
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Bruna’s (2003) study of plant demography in the fragmented Amazon forest.
Overall, both larger patches and patches close to native forest had accelerated sec-
ondary succession and greater temporal stability (lower turnover) relative to
smaller fragments (W. Cook et al. 2005). Clearly, there is great value to the long-
term, repeated sampling of this experiment, since it revealed patterns nearly two
decades after the experiment began that were not evident early in the succes-
sional trajectory.

The three large experiments just discussed manipulated fragment size and
subdivision and asked how species and communities responded to these changes
in habitat spatial structure. The next two experiments, conducted in two very
different study systems, ask whether habitat corridors that connect otherwise iso-
lated patches may influence population and community processes.

Canadian Boreal Forest: Calling Lake, Alberta

We shift now to the boreal forest and the Calling Lake fragmentation project,
which was established in 80- to 130-year-old aspen-dominated forests in north-
central Alberta, Canada, in 1993 (Schmiegelow, Machtans, and Hannon 1997;
Hannon and Schmiegelow 2002). This experiment was specifically designed to
assess whether habitat corridors would mediate the effects of habitat isolation,
and it included three replicates each of 1, 10, 40, and 100 ha areas, which were ei-
ther isolated by clear-cutting around the forest patch or connected via a 100 m
wide riparian corridor to one other patch (table 4.1). Control plots identical in
size to each isolated fragment were established in the nearby continuous forest
(approximately 4000 ha in size). Pre-isolation data were gathered in 1993, and
post-isolation data were collected up to five years after the forest harvest, as the
surrounding forest regenerated. Researchers concentrated on the responses of
breeding songbirds (both residents and neotropical migrants) to changes in habi-
tat area and isolation. Measurements included species richness, the relative
abundance of all species, responses of forest species versus generalist species,
and the movement of both adults and juveniles along the riparian corridors con-
necting otherwise isolated patches.

Changes in forest area and isolation that were imposed in this boreal forest ex-
periment affected bird species composition significantly following the isolation
treatments (Schmiegelow, Machtans, and Hannon 1997). Overall, there was no
change in bird species richness across treatments in the first two years following
isolation, but, relative to the continuous forest, neotropical migrant birds were
less abundant in both isolated and connected patches, and resident species de-
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clined in isolated versus connected patches. These results appeared to be rela-
tively consistent as the experiment progressed. In a subsequent analysis, Han-
non and Schmiegelow (2002) categorized species as either forest species or gen-
eralists, in addition to their migratory status. Consistent with their expectations,
they found that forest species were more abundant in the forest reserves (control
sites) than in the isolated or connected forest patches, but habitat generalist
species were equally abundant across treatments. Forest species on the whole,
however, were not affected by the presence of corridors—the abundance of
species in this group was similar between connected and isolated forest frag-
ments. As a group, resident species (versus neotropical migrants) were more
abundant in control sites and patches with corridors than in isolated patches, but
no individual species showed significant and consistent positive effects from cor-
ridors.

These data on species occurrence in isolated versus connected patches sug-
gests that some bird species, but not all, may be using corridors to move between
patches. Movement studies were conducted in the context of this experiment
to help explain patterns in species responses (Machtans, Villard, and Hannon
1996; Robichaud, Villard, and Machtans 2002). Taken together, these studies
showed that in the first two years following isolation, some songbird species ap-
peared to use the riparian corridors as preferred movement pathways between
patches, since they were more frequently captured in mist nets set up in riparian
corridors than in the adjacent clear-cuts. This pattern was especially strong for ju-
venile birds (Machtans, Villard, and Hannon 1996). As the forest regenerated,
however, the differences in physical structure between riparian corridors and the
surrounding forest began to lessen, and bird movement behavior changed. Sev-
eral years after isolation and regeneration, bird movement was equally frequent
along riparian corridors and in adjacent, regenerating forest surrounding the
patches (Robichaud, Villard, and Hannon 2002).

The Calling Lake experiment emphasized the efficacy of habitat corridors in
ameliorating species loss from habitat fragments, and so most of the published
results focus on isolation, rather than on patch size effects. Based on their multi-
year observations of songbird responses, the authors concluded that corridors
may not be all that effective for these boreal forest bird species, perhaps because
the birds have evolved in the context of both fine- and broad-scale forest distur-
bances, such as wind-throw and periodic fires. Moreover, they suggested that this
experiment occurred within “a landscape that was still 67% forested” (Hannon
and Schmiegelow 2002, p. 1464), so perhaps most songbirds that were studied
were not severely habitat-limited. The authors suggest that, given their results for
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forest-specialist birds, perhaps forest management efforts in this region should
focus on enhancing the size of large blocks of intact forest rather than spending
limited resources on protecting movement corridors that may not ultimat