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Foreword 

The mining, milling, refining, and industrial uses of metals, coal, petroleum 
products, and nuclear fuels have left a legacy of groundwater contamination. 
With increasing population and the continuing allocation of groundwater 
resources, groundwater remediation is increasingly recognized as being para-
mount to the health and productivity of our industrial society. The extraction 
and treatment of contaminated groundwater is effective in some situations; 
however, the costs are often prohibitive. Research and field demonstrations 
of groundwater remediation are beginning to show promise for more eco-
nomic removal of contaminants. Permeable reactive barriers is an emerging 
technology that offers the potential of passive, low-cost approaches to reach-
ing groundwater cleanup goals. 

The publication of this book is timely because sufficient hydrologic and 
geochemical data are now becoming available to evaluate permeable reactive 
barrier performance more thoroughly. The information presented in this 
book encompasses a wide variety of reactive materials, design alterna-
tives, flow systems, and evaluation approaches representing the diversity of 
intellectual endeavors devoted to this topic. Results of a number of bench-
and field-scale projects are presented that provide real-world examples on 
how various hydrologic and geochemical techniques can be used to assess 
design and performance issues associated with permeable reactive barriers. 
Information contained in this book will be of use to private sector consult-
ants, university and government researchers, and policy makers dealing with 
all phases of permeable reactive barriers, including fundamental science, 
design, construction, monitoring, and performance evaluation. 

Gerald Boyd Robert M. Hirsch 
Deputy Assistant Secretary for Associate Director for Water 
Science and Technology U.S. Geological Survey 
U.S. Department of Energy 
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Preface 

The extraction, processing, and industrial uses of metals, coal, petroleum 
products, and nuclear fuels have left a legacy of groundwater contamination. 
Environmental application of permeable reactive barrier (PRB) technology is 
an emerging technology that offers low-cost approaches to reaching ground-
water cleanup goals. The technology relies on natural gradients to move 
groundwater through the treatment media and, therefore, may have substan-
tial cost benefits compared with other groundwater remediation technologies. 
To assist in the development and application of PRBs to remove inorganic 
contaminants, the American Geophysical Union convened a special session 
on "Utilizing Permeable Reactive Barriers to Remediate Groundwater Con-
taminated by Radionuclides and Other Inorganic Contaminants'' at its annual 
fall meeting during December 13-14, 1999, in San Francisco, California. 
Because of the success of the special session, the organizers and key presenters 
developed this handbook to be used by consultants, researchers, regulators, 
and students in this rapidly emerging and evolving field. This handbook 
provides a comprehensive description of the design, development, construc-
tion, and evaluation of PRBs. The book is organized into 4 sections and 
contains 17 chapters. Chapter 1 provides an overview of PRBs and includes 
design theory, historical development, and a summary of contaminant re-
moval mechanisms. 

Section 1 (chapters 2 through 6) addresses the design and construction of 
PRBs—including treatment of acid mine drainage and removal of trace 
metals and radionuclides from groundwater. Chapters 2 and 3 discuss the 
design and application of limestone drains in the treatment of acidic mine 
drainage from coal and metal mining districts and from coastal areas that 
were recently drained for agriculture and development. Specific topics include 
design criteria for limestone drains, long-term treatment efficiencies, and 
bench-scale tests and design elements to predict PRB longevity during the 
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treatment of acid discharge. Chapter 4 provides a discussion and appHcation 
of the GeoSiphon passive extraction technology in combination with a PRB 
for the treatment of acidic groundwater with trace metal and volatile organic 
carbon contaminants. The GeoSiphon system uses natural hydraulic head to 
induce passive groundwater flow to a series of ^x situ treatment cells for cost-
effective groundwater remediation. Chapter 5 presents the theory, design, 
and performance modeling of deep aquifer remediation tools (DARTs). 
DARTs are used in combination with non-pumping wells to provide an in 
situ treatment wall. Detailed modeling of groundwater flow through DARTs 
is presented to determine optimal instaUation and operational parameters. 
Chapter 6 discusses the design and creation of a subsurface PRB by injecting a 
chemical reducing agent (potassium dithionite). Placement of reactive mater-
ial by injection does not require excavation, thereby extending the applicabil-
ity of PRB technology to deeper contaminant plumes. Additional advantages 
of injected PRBs include diminished human exposure during barrier place-
ment and the ability to renew the treatment media without excavation. 

Section 2 (chapters 7 and 8) describes the design, development, and testing 
of new reactive materials for use in PRBs. Chapter 7 focuses on the develop-
ment and testing of engineered solid mixtures of pelletized bone charcoal and 
hematite pellets coated with amorphous iron oxide for use in PRBs to contain 
uranium. Chapter 8 reports on the result of a laboratory study utilizing a PRB 
with four sequential layers to treat a mixed waste plume containing pluto-
nium-239, plutonium-240, americium-241, strontium-90, nitrate, and per-
chlorate. The layers include a polyelectrolyte-impregnated porous gravel for 
flocculating colloids, an apatite layer for plutonium, americium, and stron-
tium immobilization, a layer of pecan shells as a biobarrier to nitrate and 
perchlorate, and a limestone gravel layer for removal of anionic species. 

Section 3 (chapters 9 through 12) addresses the chemical and biological 
processes that occur in PRBs—including data on zero valent iron, one of the 
most popular reactive media currently (2002) used in PRBs. Chapter 9 
presents a detailed evaluation of the geochemical processes that occur during 
uranium removal by phosphate material, including phosphate rock, bone 
meal, bone charcoal, and pelletized bone charcoal apatites. X-ray adsorption 
spectroscopy and X-ray diffraction analysis of apatite materials after expos-
ure to uranium in laboratory and field demonstration tests were used to 
document uranium removal mechanisms and the potential for remobilization 
during PRB aging. Chapter 10 investigates the presence and impacts of 
sulfate-reducing bacteria in a zero valent iron PRB. Zero valent iron PRBs 
create a chemically reducing and hydrogen gas enriched environment that is 
favorable for sulfate-reducing bacteria. Isotopic, microbiological, and geo-
chemical modeling methods were used to document the occurrence of sulfate-
reducing bacteria and how the bacteria impact the long-term performance of 
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a PRB by reducing the porosity. Chapter 11 evaluates the biogeochemical 
interactions that occur during contaminant treatment in a zero valent iron 
PRB. Results confirm the efficient removal of uranium, technetium, and 
nitrate by zero valent iron and describe the effects of associated chemical 
and biological reactions. Corrosion of iron in the PRB resulted in the forma-
tion of minerals determined to be responsible for a reduction in long-term 
PRB performance. Increased anaerobic microbial populations also were 
observed in the vicinity of the PRB and may be partly responsible for sulfate 
and nitrate removal. Chapter 12 evaluates uranium removal processes by 
using core samples collected from PRBs in Tennessee and Colorado. X-ray 
photoelectron spectroscopy was used to identify the oxidation state of uran-
ium on the surface of the zero valent iron. This information was combined 
with additional sohd-phase data to investigate geochemical processes respon-
sible for uranium removal. 

Section 4 (chapters 13 through 17) provides data to evaluate PRB perform-
ance through a series of case studies at field demonstration sites in the United 
States (Utah, Colorado, North Carolina, and Tennessee) and Canada (Brit-
ish Columbia and Ontario). Chapters 13-15 focus on the removal of uranium 
from contaminated groundwater at facilities associated with mining and 
mining operations. Chapter 13 presents detailed hydrologic and geochemical 
results during the design and first year of operation of a zero valent iron PRB 
constructed near Monticello, Utah. Information on the laboratory testing, 
design, and performance monitoring at this facihty are presented. Material 
presented in this chapter will be of use to readers considering the construction 
of full-scale PRB installations. Detailed analysis of hydrologic and geochem-
ical data collected from three PRBs installed near Fry Canyon, Utah is 
presented in chapter 14. The three PRBs contain different reactive materials 
that were installed adjacent to each other for a direct comparison of contam-
inant removal efficiencies. Substantial differences in PRB performance were 
observed during this 3-year field demonstration. Recommendations from 
this field demonstration can be used to improve the design, operation, and 
monitoring of future PRB installations. Chapter 15 presents information on 
designs, construction methods, and aqueous chemistry results during four 
years of PRB operation at a site near Durango, Colorado. In addition to 
uranium, contaminants removed by the zero valent iron PRB included ar-
senic, cadmium, copper, molybdenum, nitrate, radium-226, selenium, van-
adium, and zinc. Performance of three forms of zero valent iron (foam plates, 
granular, and steel wool) and two reactor designs (leach field and baffled 
tank) were compared during this field project 

The final 2 chapters (16 and 17) in section 4 contain detailed field demon-
stration results on PRBs containing a chemical reductant for the in situ 
removal of chromium (chapter 16) and one containing municipal compost 
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to reduce acidity and remove cadmium, copper, nickel, and zinc from ground-
water aJBFected by acid mine drainage (chapter 17). Chapter 16 describes the 
results from a field project using injection of sodium dithionite into iron-
bearing sediments, to create a PRB that chemically reduces the mobile 
chromium (VI) in groundwater to the less mobile chromium (III). Chapter 
17 reports on the use of organic compost PRBs to stimulate bacteria mediated 
sulfate reduction, resulting in a decrease in net acidity and the attenuation of 
heavy metals by metal-sulfide precipitation. The eff"ects of fluctuating water 
tables and groundwater temperature on PRB performance were also evalu-
ated at the two field sites in Canada. A cost analysis for both PRBs is 
included. 

The future is bright for utilizing PRBs during groundwater clean-up pro-
jects. This handbook contains the information necessary to assist in the 
advancement of PRB technology to more routine and cost-effective remedia-
tion. The U.S. Geological Survey and U.S. Department of Energy sponsored 
the production of the handbook. 

David L. Naftz 
Salt Lake City, Utah 

Stan J. Morrison 
Grand Junction, Colorado 

Christopher C. Fuller 
James A. Davis 

Menlo Park, California 
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Chapter 1 

Introduction to Groundwater 
Remediation of Metals, 
Radionuclides, and Nutrients 
with Permeable Reactive 
Barriers 

Stan J. Morrison,* David L. Naftz,̂  James A. Davis,* and 
Christopher C. Fuller* 
*Environmental Sciences Laboratory/ Grand Junction, Colorado 81503 
^U.S. Geological Survey, Salt Lake City, Utah 84119 
*U.S. Geological Survey, Menlo Park, California 94025 

I. INTRODUCTION 

The remediation of metal mining and milling sites and contaminated 
groundwater at those sites is a worldwide goal to eliminate unacceptable risks 
to human health and the environment. In addition to metal mining and milling 
wastes, groundwater contamination can result from in situ mining, industrial 
waste generation, nuclear fuels processing, and coal pile drainage. The most 
widely used method to remediate groundwater is to extract it from the ground 
and process it through a water treatment plant, so-called pump-and-treat 
remediation. To meet mandated maximum contaminant levels in the ground-
water usually requires removal of many pore volumes of groundwater for long 
time periods, resulting in high treatment costs. Few sites have been remediated 
to regulated levels using pump-and-treat systems; therefore, the cost effective-

^Operated by MACTEC Environmental Restoration Services for the U.S. Department of 
Energy Grand Junction Office. 
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ness of pump-and-treat technology is uncertain (Mackay and Cherry, 1989; 
Travis and Doty, 1990; National Academy of Sciences, 1994). The most 
difficult aspect of pump-and-treat remediation is the efficient extraction of 
contaminants that are highly associated with the aquifer matrix. 

A permeable reactive barrier (PRB) is an engineered zone of reactive 
material placed in an aquifer that removes contamination from groundwater 
flowing through it (Fig. 1) (Rumar and Mitchell, 1995). PRBs have been used 
with varying degrees of success to help meet groundwater standards. The 
ability of reactive materials in PRBs to remove both organic and inorganic 
contaminants from groundwater is well established. The technology relies on 
natural gradients to move groundwater through the treatment media and, 
therefore, has cost benefits compared with active pumping scenarios. Cost 
effectiveness, however, has not been reliably determined because of a lack of 
long-term performance data. Groundwater remediation using PRBs reduces 
exposures of workers to contaminants because the treatment process is con-
ducted underground. Another advantage over pump-and-treat methods is 
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Figure 1 Schematic of permeable reactive barriers. 



1. Introduction to Groundwater Remediation 3 

that the land surface can be used for beneficial purposes during remediation 
because there are no aboveground structures. 

The impetus for the development of innovative treatment technologies 
in the United States is based on federal law and policy. The United States 
Environmental Protection Agency (EPA) is required to select "remedial 
actions that permanently and significantly reduce the volume, toxicity, or 
mobihty of the hazardous substances, pollutants and contaminants" (U.S.C, 
2001). "EPA expects to consider using innovative technology when such 
technology offers the potential for comparable or superior treatment per-
formance or implementability, fewer or lesser adverse impacts than other 
available approaches, or lower costs for similar levels of performance than 
demonstrated technologies" (CFR, 2001). 

PRB technologies are known by various names and acronyms that have 
evolved rapidly since 1990. PRBs containing limestone used to remediate 
groundwater contaminated with acid mine drainage are often referred to as 
limestone drains (Pearson and McDonnell, 1975; Hedin et al, 1994). Long-
mire et al. (1991) referred to PRBs as geochemical barriers and investigated 
their use for groundwater remediation at uranium (U) mill sites. EPA formed 
a multiagency working group within its Remediation Technology Develop-
ment Forum in 1993 to help promote the rapid development of PRB technol-
ogy. This group uses "permeable reactive barrier" as the preferred 
terminology. Other names that have been used include chemical barriers 
(Spangler and Morrison, 1991; Kaplan et al, 1996), permeable reactive 
walls (Blowes and Ptacek, 1992; O'Hannesin, 1993), in situ treatment curtains 
(Blowes et al, 1995), and porous reactive walls (Blowes et ah, 1997). More 
specific names depicting the type of reactive material have also been used, 
including reactive iron walls (Focht et al, 1995), permeable biological reac-
tion barriers (Thombre et al, 1997), in situ iron walls (O'Hannesin and 
Gillham, 1998), and denitrification barriers (Robertson and Cherry, 1995). 
The term "funnel and gate" is sometimes used interchangeably with PRB, but 
funnel and gate refers to the configuration of impermeable walls (in a funnel 
configuration) that are used to direct groundwater to the PRB or gate (Starr 
and Cherry, 1994). 

11. HISTORY OF PRBS FOR METALS, RADIONUCLIDES, 
AND NUTRIENTS 

PRBs containing limestone have been used since the 1970s to remediate 
acid mine drainage (Pearson and McDonnell, 1975; Hedin et al, 1994; see 
Chapter 2 and 3). Most of the limestone installations have been for passive 
treatment of surface water or shallow groundwater. In 1999, a limestone PRB 
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was installed to treat contaminated groundwater issuing from a coal pile at 
the U.S. Department of Energy (DOE) Savannah River Site in South Car-
olina (see Chapter 4). 

Researchers at the University of Waterloo, Ontario, Canada, determined 
that zero-valent iron (ZVI) could be used in PRBs to remediate groundwater 
contaminated by halogenated organic solvents (Gillham and O'Hannesin, 
1992). The first ZVI-based PRB was installed in 1991 at the Canadian Forces 
Base Borden site at Ontario, Canada (Gillham et al, 1993). The success of the 
Borden PRB in remediating groundwater contaminated with chlorinated 
organic solvents initiated a period of activity resulting in the construction of 
more than 40 ZVI-based PRBs between 1993 and 2001. 

Shortly after the Borden demonstration, researchers began conducting 
laboratory studies to determine the potential of ZVI for precipitating 
redox-sensitive metals such as chromium (Cr) (Blowes et al, 1995) and 
radionuclides such as U (Cantrell et al, 1995). The use of ZVI-based PRBs 
to treat inorganic contaminants has lagged behind development of the tech-
nology for organic solvents partly because organic contamination is more 
prevalent at sites on the EPA's National Priorities List and other highly 
publicized sites. Another reason is that inorganic contaminants are not 
degraded or transformed into nontoxic compounds as occurs with chlorin-
ated solvents and, therefore, final disposal of the concentrated waste product 
is an issue with PRB treatment. 

ZVI-based PRBs that treat inorganic contaminants are currently in oper-
ation at five sites in the United States: Elizabeth City, North Carolina; Oak 
Ridge, Tennessee; Monticello, Utah; Fry Canyon, Utah; and Durango, Col-
orado. At the DOE site near Durango, PRBs using several forms of ZVI were 
installed in October 1995 to treat contaminated groundwater issuing from a 
U mill tailings disposal cell (see Chapter 15). In 1996, a 46-m-long PRB was 
installed at the U.S. Coast Guard station at Elizabeth City to treat ground-
water contaminated with Cr (Blowes et al, 2000; see Chapter 16). Two PRBs 
were installed at the DOE Oak Ridge site in December 1997 to treat ground-
water contaminated with U (see Chapter 11). A demonstration-scale PRB 
containing ZVI was installed at Fry Canyon in September 1997 to treat U (see 
Chapter 14). In September 1999, a 30-m-long PRB containing ZVI was 
installed at the Monticello site to treat groundwater contaminated with U 
and associated contaminants (see Chapter 13). 

Some PRB installations in the 1990s contained reactive materials other 
than limestone and ZVI to treat inorganic contaminants. In 1994, zeoHte was 
used to treat strontium-90 in two PRBs, one installed at the DOE facility at 
Oak Ridge (Taylor, 1998) and the other at a site in West Valley, New York 
(Patel et al, 1999). Microbial-based PRBs containing compost to treat acid 
mine drainage were installed at the Nickel Rim site, Ontario, Canada, in 1995 
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and at a site in Vancouver, British Columbia, Canada, in 1997 (see Chapter 
17). In 1995, dissolved sodium dithionite was injected into the subsurface to 
form a PRB to remediate Cr(VI)-contaminated groundwater at the DOE 
Hanford, Washington, site (see Chapter 6). Apatite (pelletized bone-meal 
charcoal) and amorphous ferric oxyhydroxide (AFO) mixed with gravel 
were used in PRBs installed at Fry Canyon in 1997 (see Chapter 14). PRBs 
have also been used to treat nitrate (NO3) issuing from septic systems. 
Robertson and Cherry (1995) described PRBs that were used to lower NO3 
concentrations near septic systems by stimulating microbial activity with 
organic material such as sawdust. 

III. CONTAMINANT UPTAKE MECHANISMS 

Four classes of biological and chemical mechanisms have been used in 
PRBs to remove inorganic contaminants from groundwater: (1) abiotic re-
duction, (2) biotic reduction, (3) chemical precipitation, and (4) sorption or 
ion exchange. 

A . A B I O T I C R E D U C T I O N 

ZVI is the most common reactive material used for abiotic reduction in 
PRBs. ZVI is available commercially as a by-product of machining cast iron 
parts for the automotive industry. This material produces a low oxidation 
potential in groundwater, resulting in the precipitation of low-solubility 
minerals that remove some redox-sensitive contaminants such as U and Cr 
(see Chapters 11, 12, 14, and 15). 

Although the chemical mechanisms responsible for U uptake by ZVI are 
not completely understood (see Chapters 11 and 12), abiotic reductive pre-
cipitation likely plays a role. U(VI) dominates in the dissolved phase, but 
chemical reduction causes formation of low-solubility solid phases containing 
U(IV). In carbonate-dominated groundwater with moderate pH values, re-
ductive precipitation proceeds, as indicated in Eq. (1). Uranium may precipi-
tate as uraninite (UO2) or a less crystalline precursor. 

Fe^tzvi] + U02(C03)2^- + 2 H+ = U02[soiid] + 2 HCO3- + Fe^^ (1) 

ZVI is also capable of reducing Cr(VI) to Cr(III), as illustrated by Eq. (2) 
(Blowes and Ptacek, 1992). Cr(III) forms sparingly soluble hydroxide min-
erals containing a solid solution of Cr(III) and Fe(III). 

Fe^fzvi] + 8 H+ + Cr04^" = Fe^+ + Cr^+ + 4 H2O (2) 
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Reductive precipitation can also be accomplished by introducing dissolved 
dithionite into an aquifer (see Chapter 6 and 16). The dithionite ion (S2O4 ) 
causes reduction of solid-phase ferric iron as illustrated by Eq. (3) (Amonette 
et al, 1994; Scott et al, 1998). Dithionite oxidizes to sulfite (SO^") as Fe^+ is 
reduced to Fe^" .̂ Ferrous iron is capable of reducing Cr(VI) to Cr(III), which 
precipitates as solid solution of Cr(III) and Fe(III) hydroxide [Eq. (4)]. U(VI) 
and some halogenated organic compounds are also reduced by Fê "̂  (see 
Chapter 6). 

8204^- + 2 Fe(III)[3,Hd] + 2 H2O = 2 S03^- + 2 Fe(II)[3,Hd] + 4 H+ (3) 

Cr04^- + 3 Fe(II)[3,Hd] + 5 H+ = Cr(OH)3t3,,d] + 3 Fe(III)t,,Hd] + H2O (4) 

B . BiOTic R E D U C T I O N 

Biotic reduction in PRBs is initiated by supplying electron donor and 
nutrient materials that are used by microorganisms. Leaf mulch, sawdust, 
wheat straw, and alfalfa hay have been used as electron donors, and munici-
pal waste or compost has been used as a nutrient source (Benner et al. 1997; 
see Chapters 8 and 17). Dissolved sulfate is an electron acceptor. Oxidation of 
organic material by sulfate, consumption of acidity, and the coupling to metal 
reduction are shown in Eq. (5) and Eq. (6) (Christensen et al, 1996). Reducing 
conditions are produced in the PRB, resulting in the precipitation of metals 
and other redox-reactive inorganic contaminants. PRBs that employ biotic 
reduction have successfully treated metal, sulfate, nitrate, and acid contamin-
ation. Bacteria are living organisms requiring suitable physical and chemical 
conditions to exist and multiply. Groundwater temperature will affect the 
population of microorganisms and the rate of sulfate reduction. 

2 CH20[solid organic] + 8 0 4 ^ " + H + = 2 C O 2 + 2 H 2 O + H S " (5) 

Me^+ + HS~ = MeS[soiid] + H+, where Me = metal (6) 

C. CHEMICAL PRECIPITATION 

Limestone is the most common material used in PRBs to treat acid mine 
drainage. Contaminants are removed in response to mineral precipitation 
associated with an increase in the pH value. Groundwater contaminated with 
acid mine drainage has pH values as low as 2 and usually has high concen-
trations of iron and aluminum. Limestone dissolves in the acidic water, 
increases the alkalinity, and raises the pH value [Eq. (7)]. Metal contaminants 
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can precipitate as hydroxides [Eq. (8)] or carbonates [Eq. (9)] if pH has 
increased sufficiently. 

C a C O s [limestone] + H + = H C O 3 - + Ca2+ (7) 

Me2+ + 2 (OH)- = Me(OH)2, where Me = metal (8) 

Me2+ + HCOJ = MeCOs + H+, where Me = metal (9) 

Apatite has also been used in a PRB to promote chemical precipitation and to 
accumulate U (see Chapter 14). Commercial sources of apatite include mined 
phosphatic rock deposits and animal bones. Phosphate release from apatite 
stabilizes lead by forming hydroxypyromorphite [Pbio(P04)6(OH)2], a low-
solubiHty mineral (Ma et al., 1995). Apatite accumulates cadmium and zinc 
but not as effectively as it accumulates lead (Chen et al., 1997). Bostick et al. 
(1999) identified U mineralization on the surface of phosphate particles as 
meta-autunite [Ca(U02)2(P04)2 • 6.5H2O] when apatite was reacted with 
uranyl nitrate solutions, suggesting that the mechanism of U uptake is min-
eral precipitation. Examination of phosphatic bone-charcoal pellets by X-ray 
adsorption spectroscopy indicates that a U-phosphate mineral formed at 
high U concentrations but that adsorption predominates at U concentrations 
characteristic of the Fry Canyon site (see Chapter 9). 

D . A D S O R P T I O N AND I O N EXCHANGE 

Adsorption is a process whereby an aqueous chemical species attaches to a 
sohd surface. Most adsorption reactions are reversible and occur at relatively 
rapid rates. Some adsorption reactions are specific with the attachment 
occurring preferentially at particular sites. Other adsorption reactions are 
less specific and have more of a tendency to compete with other ions for 
attachment sites. Surface complexation models have been used effectively to 
predict the reaction chemistry of adsorption processes (Davis and Kent, 1990; 
Dzombak and Morel, 1990). 

Adsorbents can be used in PRBs to remove U and other inorganic con-
taminants from groundwater. Because of its high surface area per gram, AFO 
has a high affinity for adsorption of U and metal contaminants, but is 
dependent on solution concentrations of carbonate and hydrogen ions 
(Waite et al., 1994; Hsi and Langmuir, 1985). Zeolites have also been used 
in PRBs to treat inorganic contaminants. Zeolites are hydrated aluminosiU-
cates with a large internal surface area and high sorption capacity that treat 
inorganic contaminants by adsorption and cation exchange. In cation ex-
change, a contaminant molecule replaces another molecule at the surface of a 
zeolite particle. 
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Chemical mechanisms other than reductive precipitation, as described in 
Section III, have been suggested for the uptake of U by ZVI. Fiedor et al. 
(1998) suggests that the predominant U removal mechanism is by adsorption 
to ferric oxides and oxyhydroxides that form from the oxidation of ZVI. Both 
oxidation states of U have been observed in the ZVI used in the Oak Ridge 
and Durango projects (see Chapter 12). 

IV. LONGEVITY 

A. ZERO-VALENT IRON 

The length of time that ZVI-based PRBs will perform efficiently is rela-
tively unknown and is the focus of several current investigations. Cost effec-
tiveness is directly linked to longevity. The ZVI-based PRE at the Borden site 
operated for 4 years. Examination of PRB reactive media excavated at the 
Borden site revealed only small amounts of mineral precipitation and no 
indication of diminished performance (O'Hannesin and Gillham, 1998). A 
commercial, ZVI-based PRB at Sunnyvale, California, has been operating 
since early 1995 (Warner et al, 1998). The Borden and Sunnyvale PRBs were 
installed to treat organic contaminants, but mineral precipitation reactions 
involving major ions should be similar to ZVI-based PRBs used to treat 
inorganic contaminants. 

The longevity of ZVI is potentially reduced by three phenomena: (1) 
dissolution of the iron, (2) mineral precipitation leading to permeability 
reduction, and (3) passivation of the ZVI from alteration of ZVI grain 
surfaces. ZVI dissolves in the presence of oxygenated groundwater [Eq. 
(10)]. If sufficient O2 is available, ZVI oxidizes further and forms a mixture 
of ferric oxyhydroxides or rust [Eq. (11)]. The reaction of dissolved O2 with 
ZVI is relatively rapid, and O2 is usually depleted from the groundwater 
within a few centimeters of migrating through the ZVI. If the groundwater is 
oxygenated, ferric oxyhydroxide minerals will accumulate at the upgradient 
interface of the PRB with the groundwater. This mineralized zone has been 
shown to cause low permeability in laboratory column experiments by Mac-
kenzie et al. (1997), who suggested that placing high-porosity zones of ZVI 
mixed with gravel upgradient from the PRB can extend the life of the PRB. 
Upgradient gravel zones are commonly used in PRBs for this purpose (e.g., 
see Chapter 13 and 14). 

2 Fe^[zvi] + 4 H+ -h O2 = 2 H2O -h 2 Fe^^ (10) 

4 Fe«[zvi] + 6 H2O + 3 O2 - 4 Fe(OH)3t3,Hd] (11) 
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ZVI will dissolve even in the absence of O2 [Eq. (12)]. In this reaction, 
water is an oxidant and gaseous H2 is produced by the reduction of aqueous 
protons. The reaction leads to an increase in pH. Hydrogen gas and an 
increase in pH values are often observed in ZVI-based PRBs, confirming 
the anaerobic dissolution of ZVI. 

Fe^fzvi] + 2 H+ = Fe2+ + H2 (12) 

An increase in pH values can cause precipitation of carbonate minerals in 
alkaline ground waters [Eq. (9)]. Production of iron hydroxide [Fe(OH)3, 
Fe(OH)2] and carbonate phases can lead to permeabiHty reduction. Sulfide 
minerals may precipitate in ZVI-based PRBs and further occlude permeabil-
ity; the influence of sulfate-reducing bacteria on sulfide generation is investi-
gated in Chapter 10. 

Little is known about the phenomena of surface passivation. Presumably, 
minerals will precipitate on the ZVI surface, eventually leading to a surface 
deposit that is sufficiently thick and continuous to prevent the electron 
transfer processes to continue, similar to processes that limit the reduction 
of metal species on magnetite (White and Peterson, 1998). 

B. OTHER REACTIVE MATERIALS 

Few data exist to evaluate the longevity of a dithionite-based PRB. The 
trial demonstration at the Hanford site is still reducing Cr concentrations 
after 2 years of operation. Similar to ZVI, an increase in pH values should 
occur as groundwater is reduced by Fe^+ [Eq. (13)]. The increase in pH is 
likely to cause mineral precipitation, which could decrease the permeability of 
the PRB. Few data are currently available to evaluate the severity of this 
eff"ect. As contaminants and other oxidized groundwater species are reduced 
by the PRB, Fe^^ is oxidized to Fe "̂̂  and the PRB will eventually become 
ineffective. Because the emplacement is by injection, it may be cost effective to 
rejuvenate the PRB with subsequent injections of dithionite. 

2 Fe(II)[,„M] + 2 H+ = 2 Fe(III)[,oUd] + H2 (13) 

The longevity of biotic-reduction PRBs depends on the loss of organic 
material and the reduction in permeability. Organic material degrades during 
sulfate reduction and other oxidation reactions. Materials such as leaf mulch 
have relatively low density and compact easily. These materials must be 
mixed with gravel to provide sufficient permeability and compaction strength. 
Therefore, only a small proportion (by weight) of organic material can be 
mixed with gravel, and large-capacity reactor cells may be required to achieve 
the desired longevity. 
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Limestone-based PRBs lose efficiency as limestone is armored by Fe or Al 
precipitates, which can lead to clogging and failure. High concentrations of 
Fe^+, A P ^ , and dissolved oxygen increase the risk of clogging. Techniques 
are being investigated, such as flushing precipitates out of the PRBs, which 
may lead to greater longevity (see Chapter 2 and 3). 

Few data are available to evaluate the longevity of apatite-based PRBs. A 
PRB at the Fry Canyon site has been in operation since September 1997 and is 
still effectively treating U-contaminated groundwater. A buildup of uranyl 
phosphate on the phosphate minerals could passivate the reactive surfaces 
and cause the uptake reaction to slow or cease. 

The longevity of a zeolite-based PRB will largely depend on its sorptive 
capacity and the specificity for the contaminant of concern. The sorptive 
capacity can be accurately calculated from laboratory test results. Reactions 
that cause clogging and surface passivation are likely to be less significant 
because the chemical mechanism is primarily cation exchange. 

Contaminants [e.g., U(VI)] adsorbed to the outer surfaces of AFO par-
ticles and other adsorption-based reactive materials can eventually desorb 
and reenter the groundwater. Even if the upgradient groundwater is free of 
contaminants (such as could occur if the contaminant source is removed), the 
contaminant concentration front will continue to migrate through the react-
ive medium until it reaches the downgradient edge. Once the front is at that 
position, the contaminant will be released into the environment at concen-
trations controlled by the chemistry of the incoming groundwater. This 
situation is commonly referred to as "contaminant breakthrough." In 
column experiments with bone charcoal, more than 60% of the sorbed U 
was released after breakthrough upon flushing with U-free groundwater (see 
Chapter 9). 

Some laboratory results indicate that contaminant concentrations at 
breakthrough may be lower than those predicted by a simple adsorption 
model because of mineral aging processes. As AFO ages, some contaminants 
associate with the AFO at concentrations well above the concentrations that 
can be achieved by adsorption to the outer surfaces (Ainsworth et al. 1994). 
This effect may be caused by diffusion into inner pores and subsequent 
adsorption to interior surfaces, as was reported for arsenic uptake on AFO 
by Fuller et al. (1993). Release of contaminants bound in this manner would 
occur more slowly than release of contaminants adsorbed to the outer sur-
faces. Up to 40% of sorbed U remained attached to bone charcoal in column 
experiments conducted by Fuller and colleagues (Chapter 9). Aging reactions 
may result in more effective retention of contaminants, which would lower 
future maintenance costs. 
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V. DESIGNS 

Various designs have been used to control the flow of contaminated water 
through PRBs. In most cases, the reactive material was placed in a shallow 
trench so that groundwater flows through the buried PRB. 

Some systems involve moving the groundwater to reactive media through 
pipes. The limestone PRB at the Savannah River site uses a limestone trench 
to remove aluminum and raise the pH value (see Chapter 4). The effluent from 
the limestone trench flows through a siphon to a system for treatment with 
conventional water-treatment methods. The siphon does not require active 
pumping. At the Durango site (see Chapter 15), contaminated groundwater is 
collected by a collection system and piped to the PRBs. Piped systems aUow 
easy monitoring of the groundwater treatment efficiency because the flow into 
the PRB can be accurately measured and only two samples are required 
(influent and effluent) to evaluate treatment efficiency. 

Varied designs have been used for limestone-based PRBs. Limestone 
ponds have been constructed on upwelling seeps or connected to inlet pipes 
from collection galleries. In diversion wells, acidic water enters tanks filled 
with fine-grained limestone through an inlet at the bottom of the tank and 
precipitates flush out over the top of the tank. Perforated pipes placed as 
subdrains can be used to periodically flush accumulated precipitates from 
limestone systems (see Chapter 2). 

A novel approach to constructing a PRB by injecting dissolved dithionite 
into the subsurface was developed at the DOE Pacific Northwest National 
Laboratory, and a PRB was constructed at the site in 1997 (see Chapter 6). 
The dithionite ion reduces naturally occurring Fe^+ in the sediments to Fe^+ 
that is capable of reductive precipitation of aqueous Cr(VI). The injection 
method permits PRB emplacement at greater depths than conventional 
trenching. 

Cost savings may be realized by installing reactive materials in nonpump-
ing wells (see Chapters 5 and 7). Groundwater streamlines directed into open 
boreholes increase the capture area. Wilson et al. (1997) modeled this eflect 
and suggested that arrays of unpumped wells could be used to form a PRB. 
The method has increased cost savings for deep plumes where conventional 
PRB emplacement is difficult. 

Monitoring the performance of subsurface PRBs is a challenge. The goal 
of a monitoring design is to accurately assess the mass flux of contamination 
passing through the PRB and bypassing the PRB. Many PRBs have closely 
spaced monitoring wells to help accomplish this goal. Flow velocities are 
estimated from measured values of hydraulic conductivity and water table 
gradient; concentration gradients are based on chemical analyses of water 
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samples. Tracer tests, borehole-deployed velocity tools, and in situ velocity 
tools have been used to help estimate groundwater flow velocities. Mineral 
and chemical analyses of sohd samples collected by coring or excavation have 
also been used to examine performance. The costs of extensive monitoring 
can be daunting, and efficient methods to accurately determine PRB perform-
ance are badly needed. Details of monitoring systems are described for several 
case studies in Section 4, "Case Studies of Permeable Reactive Barrier Instal-
lations." 

VI. GOALS OF THIS BOOK 

The chapters in this book present information about many of the existing 
field installations of PRBs for metals, radionuclides, and nutrients. Although 
the focus is on field applications, results of several laboratory investigations 
are presented that promote better understanding of reaction mechanisms and 
treatment efficiencies. Readers will gain a broad understanding of the breadth 
of research and applications that have been conducted. Construction details 
and performance data for some PRBs are also provided. Project managers 
can use the background information to help them make decisions on the 
applicability of PRBs at their sites, and technical experts will benefit from case 
study and laboratory results. 
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Chapter 2 

Design and Performance of 
Limestone Drains to Increase 
pH and Remove Metals from 
Acidic Mine Drainage 

Charles A. Cravotta III* and George R. Watzlaf^ 
*U.S. Geological Survey, New Cumberland, Pennsylvania 17070 
^U.S. Department of Energy, National Energy Technology Laboratory, Pittsburgh, 
Pennsylvania 15236 

Data on the construction characteristics and the composition of influent 
and effluent at 13 underground, limestone-filled drains in Pennsylvania and 
Maryland are reported to evaluate the design and performance of lime-
stone drains for the attenuation of acidity and dissolved metals in acidic 
mine drainage. On the basis of the initial mass of limestone, dimensions of 
the drains, and average flow rates, the initial porosity and average detention 
time for each drain were computed. Calculated porosity ranged from 0.12 to 
0.50 with corresponding detention times at average flow from 1.3 to 33 h. The 
effectiveness of treatment was dependent on influent chemistry, detention 
time, and limestone purity. At two sites where influent contained elevated 
dissolved Al (>5 mg/liter), drain performance declined rapidly; elsewhere the 
drains consistently produced near-neutral effluent, even when influent con-
tained small concentrations of dissolved Fe^+ (<5 mg/liter). Rates of lime-
stone dissolution computed on the basis of average long-term Ca ion flux 
normalized by initial mass and purity of limestone at each of the drains 
ranged from 0.008 to 0.079 year~^. Data for alkalinity concentration and 
flux during 11-day closed-container tests using an initial mass of 4 kg crushed 
limestone and a solution volume of 2.3 liter yielded dissolution rate constants 
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that were comparable to these long-term field rates. An analytical method is 
proposed using closed-container test data to evaluate long-term performance 
(longevity) or to estimate the mass of limestone needed for a limestone 
treatment. This method considers flow rate, influent alkalinity, steady-state 
maximum alkalinity of eflluent, and desired eflluent alkalinity or detention 
time at a future time(s) and applies first-order rate laws for limestone dissol-
ution (continuous) and production of alkalinity (bounded). 

I. INTRODUCTION 

Acidic or abandoned mine drainage (AMD) degrades aquatic ecosystems 
and water supplies in coal- and metal-mining districts worldwide. The AMD 
typically contains elevated concentrations of dissolved and particulate iron 
(Fe) and dissolved sulfate (864^") produced by the oxidation of pyrite (FeS2) 
in coal and overburden exposed to atmospheric oxygen (O2) (Rose and 
Cravotta, 1998; Nordstrom and Alpers, 1999). Half the acid produced by 
the stoichiometric oxidation of pyrite results from the oxidation of pyritic 
sulfur to S04^~ and the other half results from the oxidation of ferrous (Fe^+) 
to ferric (Fe^"^) iron and its consequent precipitation as Fe(OH)3 and related 
solids^ (Bigham et al., 1996; Cravotta et aL, 1999). Concentrations of manga-
nese (Mn^"^), aluminum (AP+), and other solutes in AMD commonly are 
elevated due to aggressive dissolution of carbonate, oxide, and aluminosih-
cate minerals by acidic water along paths downflow from oxidizing pyrite 
(Cravotta, 1994; Blowes and Ptacek, 1994). 

AMD commonly develops where the carbonate minerals, calcite (CaCOs) 
and dolomite [CaMg(C03)2], are absent or deficient relative to pyrite in coal 
overburden (Brady et al., 1994, 1998). Dissolution of calcite, which is the 
principal component of limestone, can neutralize acidity and increase pH and 
concentrations of alkalinity (COa^" -h HCO^ + OH~) and calcium (Ca^"^) in 
mine water (Cravotta et al., 1999). The overall rate of calcite dissolution 
generally decreases with increased pH, decreased partial pressure of carbon 
dioxide (PC02), and increased activities of Ca^" ,̂ bicarbonate (HCOs"), and 
carbonate (COs^") near the calcite surface (Plummer et al., 1979; Morse, 
1983; Arakaki and Mucci, 1995). 

Acidity and metals can be removed from AMD through various passive 
treatment systems that increase pH and alkalinity (Hedin et al., 1994a; 

^Hereafter, Fe(OH)3 indicates the hydrous Fe-oxide and -sulfate compounds that together 
form ochres in AMD environments, including Fe(OH)3 or ferrihydrite (nominally FesHOg-
4H2O), goethite (a -FeOOH), schwertmannite [Fe808(OH)6S04], and jarosite [(H,K,Na)Fe3 
(S04)2(OH)6] (Taylor and Schwertmann, 1978; Ferris et al., 1989; Murad et al., 1994; Bigham 
etal., 1996). 
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Skousen et al., 1998). Many of these systems utilize crushed limestone in 
packed beds in series with settling ponds or wetlands. For example, anoxic 
limestone drains (ALDs) are particularly effective for the generation of 
alkalinity (Turner and McCoy, 1990; Brodie et al., 199\; Hedin and Watzlaf, 
1994; Hedin et al, 1994b; Watzlaf ^̂  al, 2000a,b). Typically, for an ALD, 
crushed limestone of uniform size is placed in a buried bed(s) that intercepts 
net acidic (acidity > alkalinity) AMD before its exposure to atmospheric O2. 
Excluding O2 from contact with the mine water in an ALD minimizes the 
potential for oxidation of Fe^+ and precipitation of Fe(OH)3. 

The precipitation of Fe(OH)3 and various other hydroxide and/or sulfate 
compounds of Fe^+, AP+, and, possibly, Câ "̂  and S04^~ within a bed of 
crushed limestone can "armor" the limestone surface (strong adhesion and 
complete pacification by encrustation), decreasing the rate and extent of 
limestone dissolution and alkalinity production (Watzlaf^/ al, 1994; Hedin 
and Watzlaf, 1994; Aschenbach, 1995; Robbins et al, 1999). Furthermore, 
the accumulation of precipitated compounds can decrease the porosity and 
permeability of the packed bed (Watzlaf ê  al, 1994, 2000a,b; Robbins et al, 
1996). Hence, design criteria for ALDs as proposed by Hedin et al (1994a) 
and Hedin and Watzlaf (1994) generally are conservative with respect to 
influent chemistry (requirement of <lmg/l i ter of dissolved O2, Fe^+, or 
A P + ) and sizing (prolonged detention time) to ensure "maximum" alkalinity 
production over the life of an ALD. 

Although most ALDs have been constructed as horizontal flooded 
systems, where a greater head at the inflow than outflow maintains the 
hydraulic gradient, some systems have been designed for vertical flow 
(upward or downward). Continuous inundation and detention of CO2 within 
an ALD can enhance calcite dissolution and alkalinity production. By this 
mechanism, a greater quantity of alkalinity can be generated in an ALD 
compared to systems such as limestone channels (Ziemkiewicz et al, 1997) 
or diversion wells (Arnold, 1991; Cram, 1996) that are open to the atmos-
phere. After treatment by an ALD, effluent is typically routed through ponds 
and/or wetlands where exposure to the atmosphere facilitates Fe^^ oxidation 
and the precipitation and settling of solid Fe(OH)3. 

Stringent requirements for low concentrations of O2, Fe^"^, and AP^ in 
the influent AMD make ALDs inappropriate for the treatment of oxic or 
highly mineralized water, which commonly occurs in mined areas. For 
example, of 140 AMD samples collected in 1999 from bituminous and an-
thracite coal mines in Pennsylvania (Cravotta et al, 2001), only 17% were net 
acidic and had <lmg/li ter of dissolved O2, Fe^^, and AP+. Thus, ALDs 
could be appropriate for AMD treatment at a minority of the 140 sites, 
provided the dissolved O2, Fe^^, and AP+ concentrations remain at low 
levels fl« J resources and space are available for construction of the treatment 
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system. However, for the majority of these discharges that do not meet 
criteria for an ALD, variations of the basic ALD design could be appropriate. 
One alternative uses pretreatment through a compost bed to decrease concen-
trations of dissolved O2, Fe^" ,̂ and AP+ in the mine water to acceptable 
levels before routing the water through a limestone bed (Kepler and 
McCleary, 1994; Watzlaf ^̂  al., 2000b). Nevertheless, short-term laboratory 
studies (<2 years) indicate that limestone alone can be as effective as this 
layered system for the neutralization of mine water containing dissolved 
O2 and low-to-moderate concentrations of Fê "̂  and AP+ (<l-20mg/liter) 
(Watzlaf, 1997; Sterner et al., 1998). This variation on the ALD design is 
essentially an oxic limestone drain (OLD). In an enclosed OLD, oxidation 
and hydrolysis reactions will not be prevented but must be managed (Cra-
votta and Trahan, 1999). Despite the potential for armoring and clogging, 
hydrous oxides can be effective for the sorption of dissolved Mn^^ and trace 
metals (e.g., Kooner, 1993; Coston et al., 1995; Webster et al., 1998; Cravotta 
and Trahan, 1999). Precipitation of Mn oxides is possible after most dissolved 
Fe has been precipitated (Watzlaf, 1997; Cravotta and Trahan, 1999). If 
sufficiently rapid flow rates can be attained, the solid hydrolysis products 
may be transported through the OLD; however, consensus on design criteria 
for OLDs generally has not been reached. 

This chapter evaluates the performance of limestone drains for the treat-
ment of acidic, metal-contaminated water. Data on the basic design and 
chemical compositions of influent and effluent of 13 limestone drains that 
were constructed to treat discharges from abandoned coal mines in Pennsyl-
vania and Maryland are evaluated with respect to flow rate, detention time, 
limestone dissolution rate, and long-term prospects for effectiveness. Criteria 
and methods for sizing and evaluation of limestone drains and general 
considerations for treatment of AMD containing dissolved O2 and metals 
are presented. 

II. SITE DESCRIPTIONS AND METHODS OF 
DATA COLLECTION 

A. DESCRIPTION OF LIMESTONE DRAINS 

The 13 limestone drains in Pennsylvania and Maryland considered for this 
study had varying designs reflecting site-specific treatment requirements 
and space availability. Detailed engineering documentation was not avail-
able; however, general descriptions of the drains were reported previously 
(Watzlaf e/ al., 2000a,b; Cravotta and Trahan, 1999; Cravotta and Weitzel, 
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2001). Most drains were constructed as horizontal, buried limestone beds 
with an elongated form. Untreated inflow was intercepted within the trench 
or was piped into the drain. If possible, trenches were excavated in clay or 
liners were installed to prevent leakage. Generally, the outflow pipe from 
each of the flooded drains was extended to a level above the top of the 
limestone to ensure continuous inundation of the limestone and to minimize 
airflow into the drains. Additional information is provided here and in 
Table I. 

Howe Bridge 1. Discharge from an abandoned well is captured and piped 
to the limestone drain. Influent water is sampled via a well prior to 
contact with limestone. Four sampling wells are spaced evenly along the 
length of the drain. 

Howe Bridge 2. Discharge from another abandoned well is treated in an 
S-shaped limestone drain. Influent water is sampled via a well as the 
water flows into the limestone drain. Two sampling wells are along the 
length of the drain. 

Elklick. Water from an abandoned borehole is collected in a bed 
(7.0 X 1.8 X 0.9 m) of crushed, low-pyrite sandstone at the head of the 
limestone drain. Influent water is sampled at a well in this sandstone. 
Three sampling wells are spaced equally along the length of the drain. 

Jennings. The limestone drain treats an abandoned underground mine 
discharge that is collected in an bed of inert river gravel and piped to the 
system. Influent water is sampled via a sampling well prior to contact 
with limestone. The limestone drain consists of a series of six buried 
limestone-filled cells. 

Morrison. Seepage is intercepted at the toe of the spoil of a reclaimed 
surface mine. An adjacent seep, similar in quality to the preconstruction 
water, is used to represent influent water quality. Three sampling wells 
are along the length of the limestone drain. 

Filson-R andFilson-L. Seepage is intercepted at the toe of the spoil. A seep, 
between limestone drains, is similar in quality to the preconstruction raw 
water and is used to represent influent water quality. 

Schnepp, REM-R, and REM-L. At each site, a limestone drain was 
constructed downgradient from collapsed underground mine entrances. 
Influent water quality is based on historical data. 

Orchard. Three parallel limestone drains were constructed below a 
collapsed drift. Seepage from the drift was collected behind a wooden 
dam and then piped into the drains. Influent is accessible before 
contacting limestone. Valving at the inflow to each drain was used to 
control inflow rates. Access wells were installed at five locations along 
the length of each drain. 



Table I 
Initial Mass, Purity, Bulk Volume, Bulk Density, and Porosity of Crushed Limestone Used for Construction of 

13 Limestone Drains in Pennsylvania and Maryland 

Drain dimensionsn 
~ 

Mass of Size range Bulk Bulk 
Limestone Year limestone, Purity of limestone volume, density, Porosity, Void ratio, 

drain builta A40 limestone fragments Length Width Depth VB, pB, + (fractional e = +/(I  - +) 
sitea (t=o) (tonne)' xCaCO, ?/.)'*' (cm)' (m) (m) (m) (m3)' (kpim3f units) (unitless) 

1. Howe Bridge 1 1991 455.0 82 5.1-7.6 36.6 6.1 1.2 267.9 1698 0.359 0.560 

2. Howe Bridge 2 1993 132.0 82 5.1-7.6 13.7 4.6 0.9 56.7 2327 0.122 0.139 

3. Elklick 1994 165.0 85 5.1-20.3 36.6 3.1 0.9 102.1 1616 0.390 0.640 

4. Jennings 1993 365.0 90 15.2 228.0 1.0 1.0 228.0 1601 0.396 0.655 

5. Morrison 1990 65.0 92 5.1-7.6 45.7 0.9 0.9 37.0 1756 0.337 0.509 

6. Filson-R 1994 590.0 88 5.1-7.6 54.9 6.1 0.9 301.4 1958 0.261 0.354 

7. Filson-L 1994 635.0 88 5.1-7.6 54.9 6.1 0.9 301.4 2107 0.205 0.258 

8. Schnepp 1993 130.0 90 1.9-2.5 12.2 6.1 0.9 67.0 1941 0.268 0.365 

9. REM-R 1992 125.0 82 7.6 16.8 6.1 0.9 95.1 1314 0.504 1.017 

10. REM-L 1992 125.0 82 7.6 13.7 7.6 0.9 93.0 1344 0.493 0.972 

11. Orchard 1995 38.1 97 6.0-10 73.2 2.4 0.8 16.7 2283 0.139 0.161 

(continues) 



Table I (continued) 

Drain dimensionsa 

Mass of Size range Bulk Bulk 
Limestone Year limestone, Purity of limestone volume, density, Porosity, Void ratio, 

drain builta A40 limestone fragments Length Width Depth VB,  
sitea (t=o) (tonne)a xcaCOl (cm)" (m) (m) (m) (m3)' (kg/rn3f units) (unitless) 

pB, 4 (fractional e = +/(l - 4) 

12. Buck Mountain 1997 320.0 92 6.0-10 48.8 1.9 1.9 176.2 1816 0.315 0.459 

13. Hegins 2000 800.0 90 24-36 41.6 6.7 1.7 473.8 1688 0.363 0.570 

Median 1756 0.337 0.509 

aData for year built, limestone mass, purity, size range, and drain dimensions at sites 1-10 from Watzlaf et al. (2000a), site 11 from Cravotta and 

bPurity expressed as weight percent CaCO3. 
'Bulk volume computed as product of 1ength.width.depth assuming tabular shape, except for Orchard. Orchard consisted of three parallel, semicircular 

dBulk density computed as initial limestone mass divided by bulk volume, pB = Mo/VB [Eq. (3)]. Porosity and void ratio computed on basis of Eq. (4), 

Trahan (1999), site 12 from Cravotta and Weitzel(2002), and site 13 this report (C. A. Cravotta, unpublished data). 

troughs, each with a cross-sectional area of 0.244 m2 and a length of 24.4m (Cravotta and Trahan, 1999). 

4 = (ps - pB)/ps, assuming constant particle density, ps = 2650 kg/m3 (Cravotta and Trahan, 1999). 
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Buck Mountain. Seepage from a collapsed drainage tunnel is collected at 
various points where water upwells along the length of the drain. 
Influent water quality is based on historical data and an adjacent seep. 
Access wells were installed at seven locations along the length of the 
drain. Perforated piping was installed along the length of the drain for 
flushing of accumulated sohds. 

Hegins. Discharge from a collapsed mine tunnel is piped into the drain, 
which consists of four cells in series. Influent is accessible before 
contacting limestone. Outflow spiUs from the top of each cell into the 
next. Access wells were installed at four locations in each of the cells. 
Perforated piping with valves for each cell was installed along the length 
of the drain for flushing of accumulated solids. At the time of this report, 
the Hegins drain had not been buried nor completely flooded. 

The Orchard and Hegins drains were designed as OLDs for treatment of 
"oxic" influent that nonetheless contained relatively low concentrations of 
total Fe (<3 mg/Hter). Drains at the other sites were previously classified as 
ALDs (Hedin and Watzlaf, 1994; Watzlaf ^r a/., 2000a). Data on dissolved O2 
and Fe^+ concentrations in influent to many of these drains were not available 
to confirm their ALD classification. However, previously reported data on 
the difference in concentration of Fê "̂  between influent and eflluent for the 
Howe Bridge 1, Howe Bridge 2, Morrison, Jennings, and REM-R drains 
(Hedin and Watzlaf, 1994) indicate that only the first three drains, which 
treated influent containing <1 mg/liter of Fe^+, were unambiguously ALDs. 
The Jennings and REM-R drains treated influent that contained > 10 mg/liter 
of Fe^^, indicating that these should be classified as OLDs (>1 mg/liter of 
Fe^+, A P + , or O2). Hence, in this report, ALDs and OLDs are considered 
together to characterize limestone drain treatment systems generally, and 
then differences in treatment effectiveness are examined that could result 
from different factors, such as detention time and influent compositions, 
including pH and redox state. 

B. METHODS OF SAMPLING AND ANALYSIS 

Details of the field and laboratory methods for water-quality sampling and 
analysis were reported previously (Watzlaf and Hedin, 1993; Hedin and 
Watzlaf, 1994; Hedin et al, 1994b; Cravotta and Trahan, 1999; Watzlaf 
et al., 2000a). Standard methods were used for field analysis of pH, alkalinity 
(pH 4.5 end point), temperature, and specific conductance on unfiltered 
samples (e.g.. Wood, 1976; Wilde et aL, 1998) and for laboratory analysis of 
acidity (pH 8.3 end point), major ions, and various metals (e.g., Greenberg 
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et aL, 1992; Fishman and Friedman, 1989). Samples for analysis of dissolved 
metals were filtered through 0.45-|xm pore-sized filters. Outflow from each of 
the drains was accessible for volumetric flow measurement and water-quahty 
monitoring; however, only the Howe Bridge 1, Howe Bridge 2, Elklick, 
Morrison, Orchard, Buck Mountain, and Hegins drains had sampling access 
wells at intermediate points between inflow and outflow. Samples were re-
trieved from access wells by use of pumps or bailers. The actual inflow was not 
accessible at a majority of the drains, thus adjacent untreated seeps that had 
similar character as the untreated AMD were sampled or historical data for 
the untreated AMD were used to represent the influent. However, use of 
historical data to represent influent water quality may overestimate contam-
inant levels because water quahty of untreated AMD commonly improves 
with time (e.g.. Wood, 1996). Generally, flow rate and water quality at each 
drain were monitored quarterly or more frequently during the first year after 
the drains were constructed and less frequently during subsequent years. 

The long-term averages for flow rate, pH, net acidity (acidity-alkalinity), 
alkalinity, and concentrations of solutes in influent and effluent of the 13 
limestone drains were compiled or computed for subsequent evaluation of 
effects of limestone drain treatment on the neutralization of acidity and 
attenuation of metals transport (Table II). On the basis of water-quality data 
for many of the sites considered, as reported by Hedin and Watzlaf (1994) and 
Cravotta and Trahan (1999), activities of aqueous species, Pco2, and mineral 
saturation indices were calculated using the WATEQ4F computer program 
(Ball and Nordstrom, 1991). The saturation index (SI) provides a basis for 
evaluating the potential for dissolution or precipitation of a solid phase 
(Stumm and Morgan, 1996). Values of SI that are negative (< —0.1), approxi-
mately zero (zbO.l), or positive (> 0.1) indicate the water is undersaturated, 
saturated, or supersaturated, respectively, with the sohd phase. If undersatu-
rated, the water can dissolve the solid phase. If supersaturated, the water 
cannot dissolve the sohd phase but can potentially precipitate it. 

Additionally, to evaluate dissolution and precipitation effects at the Orch-
ard drain, limestone samples that had been measured for weight, density, 
porosity, and geometric surface dimensions (thickness, width, length) were 
suspended with braided nylon chord and then retrieved and remeasured after 
5 months to 5 years elapsed time of immersion. The retrieved samples were 
used to determine the rate of limestone dissolution at a particular location 
and the chemistry and mineralogy of encrustation. The dissolution rate was 
normalized with respect to the geometric surface area of the sample so that 
the field results could be compared with rate estimates from published 
laboratory experiments (Cravotta and Trahan, 1999). 

Finally, empirical test results for the Howe Bridge 1 and Morrison sites 
that had previously been reported by Watzlaf and Hedin (1993) are used in 



Table I1 
AverageP Quality of Influent (In) and Effluent (Eff) at 13 Limestone Drains in Pennsylvania and Maryland 

~~ 

Net 
acidity' Alkalinity 

Limestone pH (mg/liter (mg/liter Sulfate Calciumd Irone Manganese Aluminume Cobalt Nickel Zinc 
drain site ' (units) as CaCO3) as CaCO3) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) 

In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff 

1. Howe Bridge 1 5.7 6.3 472 352 33 155 1300 1300 157 209 276 275 41 41 < 0.2 < 0.2 0.48 0.48 0.51 0.50 0.62 0.55 

2. Howe Bridge 2 5.4 6.5 411 274 35 163 1200 1200 154 206 250 248 37 36 < 0.2 < .2 0.39 0.39 0.40 0.40 0.42 0.39 

~~ 

3. Elklick 6.1 6.7 52 -63 34 1.59 330 330 77 129 59 53 4.8 4.9 <0 .2  < .2 0.07 0.07 0.10 0.09 0.13 0.08 

4. Jennings 3.2 6.2 280 -34 0 139 630 620 83 208 76 59 8.4 8.3 20.9 1.1 0.13 0.15 0.40 0.40 0.66 0.54 

5. Morrison 5.2 6.4 387 51 29 278 1300 1000 115 223 207 156 49 41 0.5 < 0.2 0.86 0.75 0.79 0.65 0.95 0.72 

6. Filson-R 5.7 6.5 100 -139 48 299 410 440 69 189 59 55 20 20 0.4 < 10.2 0.23 0.23 0.18 0.18 0.27 0.18 

7. Filson-L 5.7 6.6 104 -175 48 317 410 400 69 180 59 55 20 16 0.4 < 10.2 0.23 0.13 0.18 0.10 0.27 0.17 

8. Schnepp 3.3 6.2 225 -43 0 168 980 750 90 198 92 61 28 26 6.7 < 0.2 NAf 0.27 NA 0.33 NA 0.34 

9. REM-R 4.3 5.5 NA 835 0 54 2800 2400 210 232 589 447 136 126 4.5 3.2 NA 1.49 NA 1.54 NA 2.46 

10. REM-L NA 6.0 NA 259 NA 113 NA 1300 150 201 NA 185 NA 51 NA < .2 NA 0.60 NA 0.66 NA 0.76 

11. Orchard 3.6 6.1 57 -43 0 64 190 170 24 SO 1.7 0.2 2.6 1.6 0.9 0.2 0.08 0.04 0.12 0.080.11 0.15 

(continues) 



Table I1 (continued) 

Net 
acidity' Alkalinity 

Limestone pH (mg/liter (mg/liter Sulfate Calciumd Irone Manganese Aluminume Cobalt Nickel Zinc 
drain site (units) as CaC03) as C ~ C O ~ )  (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) (mg/liter) 

In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff In Eff 

12. Buck Mountain 4.5 6.5 30 -85 1 86 48 48 3 38 8.5 9.6 .6 0.8 0.5 0.1 0.04 0.03 0.05 0.03 0.06 0.03 

13. Hegins 3.8 4.4 40 30 0 1 230 230 10 17 0.3 0.2 1.5 1.7 4.1 3.4 0.08 NA 0.12 NA 0.12 NA 

aAverage for period of record, not adjusted for frequency or time of sample collection. 
bData for influent and effluent quality at sites 1-10 from Watzlaf et a/. (2000a) and at sites 11-13 this report (C. A. Cravotta, unpublished data from USGS 
NWIS data base). Influent data for sites 5-7 based on quality of nearby seep and for sites 8-10 and 12 based on quality of untreated discharge prior to drain 
construction. 

'Net acidity = acidity - alkalinity; negative values indicate net alkaline conditions. 
%slues in italics for influent calcium estimated on the basis of net alkalinity or net acidity. 
eValues in italics for influent iron or aluminum indicate influent chemistry (Fe3+ or A13+ > 1 mg/liter) that is inconsistent with design criteria for ALD (Hedin 

'Not available. 
et al., 1994a,b; Skousen et al., 1998). 
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this chapter to indicate quahtative and quantitative effects of variable influent 
compositions, detention times, and hmestone purity on Hmestone drain per-
formance. CoUapsible, 3.8-Hter polyethylene containers, hereafter called 
"cubitainers," were loaded with 4kg of 1.3- by-3.5-cm limestone fragments 
(two-thirds total volume), filled with the untreated mine water to exclude any 
air, and then maintained at field water temperature to evaluate the generation 
of alkalinity (Fig. 1). The untreated mine water at the sites initially contained 
some alkalinity but was net acidic: Howe Bridge (pH 5.7; Pco2 = 10~^^^; 
alkalinity = 39mg/liter as CaCOs; acidity = 516mg/liter as CaCOs) and 
Morrison (pH 5.4; Pco2 = 10"^^^; alkalinity = 29mg/liter as CaCOs; acidity 
= 460mg/liter as CaCOs). The cubitainer tests were conducted in duplicate 
using several local varieties of limestone with reported purity ranging from 82 
to 99% by weight CaCOs. The impurities consisted of MgCOs, as well as 
noncarbonate components, such as silica, clay, and organic matter. Periodic-
ally over 11 days, samples were withdrawn through a valve to fill a 60-ml 

3-way valve 

3.8-liter 
cubitainer-

Clamp 

Flexible 
tubing 

Rubber 
stopper 

Figure 1 Schematic of a 3.8-liter "cubitainer" containing 4 kg limestone and filled with mine 
discharge water to evaluate alkalinity production rates (after Watzlaf and Hedin, 1993). Lime-
stone sized to 1.3 x 3.5 cm. Cubitainer and tubing are impermeable to gas. 
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Howe Bridge 1 ALD site. Clarion County, PA 

Figure 2 Alkalinity concentration (mg/liter as CaCOs) generated during immersion of four 
limestone types from various locations by mine drainage from Morrison and Howe Bridge sites 
(after Watzlaf and Hedin, 1993). Each graph plots the alkalinity concentration in duplicate 
cubitainers (A, Q). 
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syringe after purging approximately 10 ml of fluid from the sample tubing. 
Each sample was forced through a 0.45-|jLm pore-sized filter and then ana-
lyzed for alkalinity (pH 4.5 end point) (Watzlaf and Hedin, 1993). Alkalinity 
data for the cubitainer tests were reported as time-series plots, some of which 
are shown in Fig. 2. 

III. PERFORMANCE AND DESIGN OF 
LIMESTONE DRAINS 

According to laboratory and field studies, such as those by Watzlaf and 
Hedin (1993), Hedin and Watzlaf (1994), and Cravotta and Trahan (1999), 
the concentration of alkahnity that is produced in a limestone bed and its 
effectiveness for increasing pH and removing dissolved metals from contam-
inated mine drainage depend on the composition of the water; the quantity, 
purity, and particle size of limestone; and the detention time and rates of 
chemical reactions. Typically, the pH and concentrations of alkalinity and 
Ca^+ increased asymptotically with increased detention time, or downflow 
distance, within a limestone bed (Figs. 2, 3A, 4, and 5). These trends generally 
result from a decrease in the rate of limestone dissolution as calcite equilib-
rium is approached (Figs. 5 and 6). With increased pH, concentrations of 
acidity and various dissolved metals may decrease due to precipitation and 
adsorption reactions within the limestone bed (Figs. 5 and 6). However, the 
occurrence and efficiency of these processes vary among different treatment 
systems. 

Downgradient trends for pH, alkalinity, acidity, Ca, and other solute 
concentrations within the Orchard OLDs provide a useful basis for interpret-
ing important chemical variations within limestone drains, generally. Down-
gradient trends for the first 6 months of treatment (Figs. 5A and 5B) are 
consistent with those expected for an ALD, except that Fe^+ transport 
generally would be conservative in an ALD (indicated by dashed line in 
Fig. 5B). In contrast, the downgradient trends after the first 6 months, 
when the drains began to retain Mn and trace metals (Fig. 5D), are consistent 
with those expected for OLDs (e.g., Cravotta and Trahan, 1999). 

Hedin and Watzlaf (1994), Robbins et al. (1999), and Cravotta and Trahan 
(1999) showed that limestone theoretically could dissolve throughout the 
limestone drains they investigated because the water was consistently under-
saturated with respect to calcite, attaining calcite saturation index (SICALCITE) 

values from —2.4 to -0.3 under the conditions evaluated. For example, 
despite increased pH, alkalinity, and Ca through the Orchard OLDs, the 
SICALCITE remained negative (Fig. 6A). Solute concentrations, pH, and 
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A. Cubitainer (11 days) B. Cubitainer (first 4 days) 
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'.J , ' ^ CM = 210 mg/l; CQ = 36 mg/l; k' 

= 0.0584 hr 

k'td}] 

= 0.0528 hr 1^ 

: 

100 150 200 250 

DETENTION TIME, hr 

= -0.0528x +0.0218 

DETENTION TIME, hr 

• Howe Bridge 1 

• Morrison 

A Howe Bridge 1 

H Morrison 

C. Cubitainer (first 2 days) D. Field (10 years) 

y=-0.0215x +0.0091 (Alk) 
r2= 0.987 

DETENTION TIME, yr ELAPSED TIME, yr 

V Howe Bridge 1 

1 Morrison 

Howe Bridge 1 
A Alkalinity 
T CaasCaCOs 

Figure 3 Dissolution rate data for 11-day cubitainer experiments and a 10-year field study. 
(A) Generalized alkalinity data points for cubitainer tests from Fig. 2. (B) Natural logarithm of 
the difference between steady-state maximum alkahnity (CM) and measured alkalinity (Cr) 
divided by the difference between CM and initial alkalinity (Co) versus time. Slope indicates 
rate constant, k\ for computation of alkalinity. (C and D) Natural logarithm of remaining 
limestone mass (Aft) divided by initial mass (MQ) versus time. Slope indicates rate constant, k, 
for computation of limestone mass. Field data for the Howe Bridge limestone drain are based on 
reported initial limestone mass and limestone purity (Table I) and annual averages for flow rate 
and concentrations of alkalinity and Ca in effluent and influent. 

SIcALCiTE increased most rapidly near the inflow (Figs. 5 and 6A). Cravotta 
and Trahan (1999) explained that for a computed detention time of 1 h, the 
water in the Orchard OLDs was net alkaline and had pH ~ 6 and 
SIcALCiTE - 2; however, by tripling the detention time from 1 to 3 h, pH 
increased only to ~ 6.8, whereas SICALCITE increased to —1 and alkalinity 
and Ca concentrations doubled from about 60 to 120 and 90 to 180mg/liter, 
respectively. These observations are consistent with the asymptotic trends for 
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Figure 4 Changes in pH, alkalinity, and Ca concentration with detention time (downflow 
distance) of contaminated mine drainage within limestone drains at Elklick, Howe Bridge 
1 and 2, Morrison, and Orchard sites described in Table I. Detention time computed as a 
product of porosity (c})), downflow distance (L), and cross-sectional area (A) divided by flow 
rate ( 0 : t^ = (\> • L • A/Q, assuming ^ = 0.49 (solid symbols). Data for Orchard also are 
displayed for (}> = 0.14 (open symbols) computed for initial limestone mass and drain volume 
(Table I). 
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Figure 5 Sequential changes in water chemistry within Orchard Hmestone drain. Averages for 
March-August, 1995: (A) pH and concentrations of alkalinity, Ca, and Mg and (B) concen-
trations of dissolved Fe, Mn, and Al. Averages for September 1995-May 2000: (C) pH and 
concentrations of alkalinity, Ca, and Mg (D) concentrations of dissolved Fe, Mn, and Al. 

a decreased alkalinity production rate with an increased detention time for 
cubitainer and field tests at other sites (Figs. 2 and 4). Hence, the detention 
time is a critical variable determining the performance of limestone drains. 
Furthermore, although the asymptotic trends for alkalinity production with 
detention time (Figs. 2 and 4) could be interpreted to indicate decreasing rates 
of limestone dissolution as equilibrium with calcite is approached, they could 
also indicate decreased limestone dissolution and/or alkalinity production 
rates because of the accumulation of secondary minerals. 

The precipitation of secondary minerals may result in limestone drains due 
to increases in pH, alkalinity, and Ca concentrations. For example, gypsum 
(CaS04 • 2H2O) and hydrous oxides of Fe(III) and Al could precipitate 
within limestone beds if concentrations of S04^~, Fe^" ,̂ and AP"^ in influent 
are elevated (Figs. 6B, 6C, and 6D). Hedin and Watzlaf (1994) and Robbins et 
al. (1999) showed that except where concentrations of SO4 exceeded about 
2000 mg/liter, the water within limestone drains remained undersaturated 
with respect to gypsum. As the concentration of Ca increased within the 
Orchard OLD, gypsum saturation index (SIGYPSUM) values increased but 
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Figure 6 Sequential changes in saturation with respect to various minerals that could dissolve or precipitate within Orchard limestone drain (after 
Cravotta and Trahan, 1999). Saturation index calculated using the WATEQ4F computer program (Ball and Nordstrom, 1991). Data for samples 
collected March 1995-March 1996. From Cravotta and Trahan (1999). 
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remained well below equilibrium (Fig. 6B), hence precipitation of this mineral 
on limestone surfaces was unlikely. Nevertheless, even at sites where the 
SIGYPSUM was positive, indicating a potential for gypsum precipitation, 
S04^~ transport generally was conservative (Hedin and Watzlaf, 1994), indi-
cating that the precipitation of gypsum was not an effective attenuation 
mechanism for this constituent. In contrast, the precipitation of AP"^ and 
Fe^+ is likely within limestone drains because of the low solubilities of these 
metals (e.g., Stumm and Morgan, 1996). The precipitation of hydrous oxides 
of Al and Fe(III) accounted for quantitative removal of the dissolved Al and 
Fe within the Orchard OLDs. Although dissolution features were visible, 
calcite and limestone samples immersed in the drain were coated, at least 
locally, by these secondary minerals (Robbins et al., 1999). The formation 
and accumulation of any of these minerals within a limestone bed could pose 
a problem if they were to armor the limestone surfaces or clog pore spaces, 
impeding flow through the bed. 

A. POROSITY A N D DETENTION TIME 

Detention time (̂ d) and, hence, rates of alkalinity production or other 
effects of limestone dissolution within limestone beds can be estimated on 
the basis of volumetric flow rate (Q) and estimated void volume (Fy) within 
the bed, 

td = Vy/Q (1) 

or 

d̂ = c|>. VB/Q (2) 

where VB is the bulk volume and ^ is the porosity (c|) = VY/VB). If the total 
mass of limestone (M) and bulk volume ( F B ) of the drain are known, porosity 
can be computed. According to Freeze and Cherry (1979), bulk density (pg) is 
defined as 

9B = M/VB (3) 

and is proportionally related to porosity (cj)) by the stone density (ps) where 

PB = Ps • (1 - ^ ) . (4) 

Hence, by rearranging Eq. (4) and assuming p^ = 2.65 g/cw? considered 
typical for limestone (Freeze and Cherry, 1979; Cravotta and Trahan, 
1999), porosity can be determined for various bulk densities and vice versa: 

<t> = 1 - (PB/PS)- (5) 
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Knowing pg, c|), and Q, Eq. (2) can be rewritten by substituting VB = M/ 
[ps • (1 — c|))] in accordance with Eqs. (3) and (5) to determine the detention 
time for water flowing through a Hmestone drain with a given mass 

?d = M/[eps(l-<}>)/<}>] (6) 

or the mass of hmestone required to achieve a given detention time 

M = rd-[GPs-(l-ct>)/()>]. (7) 

For the 13 hmestone drains evaluated in this chapter, computed porosities 
ranged from 0.12 to 0.50, with a median of 0.34; the median bulk density was 
1756kg/m^ (Table I). The corresponding detention times for the given por-
osities and average flow at these sites ranged from 1.3 to 33 h (Table III). 
Many of the computed porosity values are less than a reference value of 0.49 
based on precise, laboratory measurements; laboratory porosity ranged from 
0.38 to 0.50 for weU-sorted limestone fragments, with higher values associated 
with larger (5.1 to 7.6 cm) particles (Rice et ai, 1970; Hedin and Watzlaf, 
1994). Lower porosities, e.g., 0.14 for the Orchard limestone drain (Table I), 
were explained by Cravotta and Trahan (1999) as possibly resulting from 
compaction of mixed-size, tabular limestone fragments; rough or flexible 
outside walls; and/or the accumulation of secondary minerals. Nevertheless, 
the computed porosity of 0.12 for the Howe Bridge 2 limestone drain prob-
ably is lower than its actual porosity. The authors suspect that reported 
dimensions for this drain are inaccurate; however, construction data could 
not be verified. Furthermore, although mass estimates are based on the 
delivered weight of limestone, accidental spillage and intentional spreading 
outside the drain could be significant. Some reported weights account for this 
wastage, whereas others do not. Tracer tests reported by Watzlaf et al. 
(2000a) and Cravotta and Trahan (1999), which directly indicate detention 
time(s), were interpreted to be consistent with the previously reported poros-
ities at these drains. However, tracer tests and longitudinal sampling at the 
respective study sites indicated complex, preferential flow paths caused by a 
range of porosities and other hydrological controls. Hence, diff'erent esti-
mates of detention time are possible considering the uncertainty and range 
of porosities. 

Table III and Fig. 4 show that porosity is a critical variable for character-
izing a limestone drain. For example, estimated detention times using the 
computed porosity of 0.36 for the drain at the Howe Bridge 1 site are 
approximately one-half of those computed using an assumed porosity of 
0.49, and detention times for Orchard drain vary by almost a factor of 6 
considering the computed porosity of 0.14 and reference value of 0.49. 
Furthermore, the same mass of limestone would occupy a two-thirds larger 
volume for ct) = 0.49 than for (|) = 0.14. Hence, consistent and accurate 



Table I11 

Limestone Dissolution Rate and Associated Changes in Limestone Mass and Detention T i e  for 13 Limestone 
Drains in Pennsylvania and Maryland 

Mass limestoneazb Average Ca concentrationazC Detention timee 

Average 
flux of 

Average Ca as 
Current flow c ~ c o ~ , ~  Limestone 

Limestone Year age, Initial, Current, rate,a Net as Jcaco3 dissolution 
d drain builta t = 2001 Ma M2001 Q Influent Effluent CaC03 (tonne/ rate, k Initial, Current, 

sitea ( t  = 0) (years) (tonne) (tonne) (liters/min) (mg/liter) (mg/liter) (mg/liter) year) (year-') tdo  (h) td2001 (h) 

+ =  + =  + =  +=  
est. 0.49 est. 0.49 

1. HoweBridge 1 1991 10 455.0 314.8 96.8 157 209 130.0 6.62 0.018 16.6 28.4 13.9 23.8 

2. Howe Bridge 2 1993 8 132.0 103.4 48.4 154 206 130.0 3.31 0.031 2.4 16.5 1.9 12.9 

3. Elklick 1994 7 165.0 147.2 37.1 77 129 130.0 2.54 0.018 17.9 26.9 15.8 23.7 

4. Jennings 1993 8 365.0 308.9 73.4 83 208 312.1 12.06 0.037 20.5 30.0 15.3 22.4 

5. MorrisonC 1990 11 65.0 51.0 8.0 115 223 270.0 1.14 0.019 26.0 49.1 21.1 39.8 

6. Filson-RC 1994 7 590.0 541.1 44.0 69 189 299.5 6.93 0.013 29.8 81.0 27.2 73.8 

7. Filson-LC 1994 7 635.0 618.3 31.2 69 180 277.0 4.55 0.008 33.0 123 31.2 116 

8. Schnepp 1993 8 130.0 105.0 19.8 90 198 270.0 2.81 0.024 15.1 39.7 12.4 32.7 

9. REM-R 1992 9 125.0 89.3 112.0 210 232 55.0 3.24 0.032 7.1 6.7 5.4 5.1 

10. REM-L 1992 9 125.0 73.3 96.2 I50 20 1 127.5 6.45 0.063 7.9 7.9 4.5 4.5 

11. Orchard 1995 6 38.1 32.3 30.0 24 50 64.3 1.01 0.027 1.3 7.7 1.1 6.5 

(continues) 
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Mass Average Ca concentrationa" Detention timee 

Average 
flux of 

Average Ca as 
Current flow c ~ c o ~ , ~  Limestone 

Net as J C ~ C O ,  dissolution 
drain builtn t =2001 Mo MzWl Q Influent Effluent CaCO3 (tonne/ rate, k Initial, Current, 

( t  = 0) (years) (tonne) (tonne) (liters/min) (mg/liter) (mg/liter) (mg/iiter) year) (year-') t d o  (h) t d m i  (h) sitea 

est. 0.49 est. 0.49 

d 
Limestone Year age, Initial, Current, rate,' 

~~ 

+ =  + =  + =  + =  

3 38 87.5 23.19 0.079 1.8 3.8 1.3 2.8 

17.8 9.34 0.013 2.9 4.8 2.8 4.8 

4.55 0.024 15.1 26.9 12.4 22.4 

12. Buck Mountain 1997 4 320.0 233.5 504.0 

13. Hegins 2000 1 800.0 789.7 1000.0 10 17 

Median 8 165.0 48.4 130.0 

'Influent concentrations for sites 5-7 based on water quality of nearby seep and for sites 8-10 and 12 based on water quality of untreated 
discharge prior to drain construction. Average for monitoring period not adjusted for frequence or time of sample collection. Values in italics for influent 
Ca estimated on basis of net alkalinity or net acidity (Table 111) for computations of CaCO3 mass flux and limestone dissolution rate. 
Current mass of limestone computed on basis of Eq. (14), MzW, = Mo . exp { - k . t } ,  where t is current age and k is limestone dissolution rate. 

'Net concentration of Ca as CaC03(ACacaco,) computed as difference between concentration in effluent and influent, multiplied by 2.5. Average flux 
of Ca as CaCO3 computed as the product of average flow rate and net Ca concentration, J C ~ C O ,  = Q . ACacacO, [Eq. (1 111. 

d .  
Limestone dissolution rate, k = Jcaco,/(Mo . Xcac0,), computed on the basis of Eq. (12) as average flux of Ca as CaC03 divided by the product of initial 
mass of limestone and limestone purity (Table I). 

'Detention time computed on basis of Eq. (6), td = M , / [ Q  . ps . ( 1  - +)/I$)], for average flow rate, using porosity estimates in Table I or assuming 
porosity of 0.49, and assuming constant particle density, ps = 2650 kg/m3 (Cravotta and Trahan, 1999). Initial and current detention time computed for 
initial mass (Mo)  and current mass (Mz00l) of limestone, respectively. 

b 
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estimates of porosity, bulk volume, and mass of limestone are needed to 
determine the necessary space required for construction and to obtain the 
desired detention time for effluent through a limestone drain. 

B. ALKALINITY PRODUCTION RATE 

Effluent from each of the 13 drains had higher pH, alkalinity, and Ca 
concentrations and lower acidity than the influent (Table II) because of 
limestone dissolution within the drains. The extent of change in these 
parameters varied among the drains due to differences in influent chemistry, 
detention time, and limestone dissolution rate (Table III). Although concen-
trations of alkalinity and Ca in effluent were not correlated with detention 
time among the different drains (Table II), changes in pH and other chemical 
variables generally were expected to be greatest near the inflow and dimin-
ished with increased detention time or distance from the inflow in each of the 
drains. For example, longitudinal monitoring data for Elklick, Howe Bridge 
1 and 2, Morrison, and Orchard limestone drains (Fig. 4) and cubitainer test 
data for the Howe Bridge 1 and Morrison drains (Figs. 2 and 3A) aU indicated 
that the rate of alkalinity production decreased with increased detention time. 
The cubitainer tests indicated, for the same influent, that the generation of 
alkalinity within the containers did not vary with limestone purity. Further-
more, the cubitainer tests showed that alkalinity approached a steady-state, 
maximum concentration after about 48 h that was equivalent to that for 
effluent from the respective limestone drains (Figs. 2 and 4). The maximum 
alkalinity for the Morrison cubitainer tests was approximately 350mg/Uter, 
whereas that for the Howe Bridge tests was approximately 210mg/liter (Fig. 
3A). Watzlaf and Hedin (1993) attributed differences in alkalinity production 
between the Morrison and the Howe Bridge tests to differences in influent 
Pco2 and pH. 

According to Lasaga (1981), the first-order kinetics relation for a steady-
state condition as observed for the cubitainer tests can be written as 

dC/dt = k' -{Cu-Cl (8) 

where Cis the alkalinity (or Ca) concentration as CaCOs, CM is the steady-
state or maximum concentration, and k^ is the rate constant that has units of 
inverse time (1/time). Integration of Eq. (8) yields: 

ln[(CM - C O A C M - Co)] = - / : ' • /d , (9) 

where Co is the initial concentration and Q is the concentration at any 
detention time. A logarithmic plot of [(CM - C ) / ( C M - Co)] versus detention 
time will yield a straight line with slope of —k' for a first-order reaction 
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(Lasaga, 1981). Figure 3B shows these plots on the basis of generalized time-
series data for the Howe Bridge 1 and Morrison cubitainer tests. The linear 
slopes indicate values for Id of 0.053 and 0.058 h~^ for Howe Bridge 1 and 
Morrison, respectively. 

Taking the logarithm and rearranging Eq. (9), alkalinity concentration at 
any detention time can be computed as a function of these rate constants and 
the initial and maximum alkalinities: 

Ct - CM - [(CM - Co) • exp {- A:' • t^}]. (10) 

The solid curves drawn through the generalized cubitainer data points in Fig. 
3 A were computed on the basis of Eq. (10) and the corresponding generalized 
data from the cubitainer tests for the Howe Bridge 1 and Morrison limestone 
drains. 

C. LIMESTONE DISSOLUTION RATE 

For a limestone-based treatment system, the mass of limestone dissolved 
over time can be determined by measuring the CaCOa mass flux (/caCOs) 

JcaCO^ = Q ' ACcaC03» (11) 

where Q is the average flow rate and ACcacOs is the difference between 
effluent and inffuent concentrations of acidity, alkalinity, or Ca expressed as 
CaCOa. Generally, data for Ca concentrations are preferred over alkalinity 
or net acidity for computation of the CaCOs flux. Alkalinity cannot be 
measured at pH < 4.5, and acidity data generally are less precise and less 
accurate than those for Ca. For most sites, only the long-term averages for 
flow rate and ACcacOs ^^^^ available (Tables II and III). Hence, the limestone 
dissolution rate or decay constant, k, with units of inverse time at each of the 
drains was estimated as the long-term average Ca ion flux rate, /caCOs? 
normalized by the initial mass and weight fraction CaCOs (AcaCOs) of the 
limestone: 

/: = /CaC03/(MoXcaC03). (12) 

For the 13 drains, estimates of A: computed using Eq. (12) ranged from 0.008 
to 0.079 years"^ (Table III). Figure 7 illustrates diff'erences in the projected 
remaining mass of limestone for this range of A: values and assuming linear or 
exponential decay of the same initial mass. Large differences among the decay 
trends with increasing time for different decay constants indicate the import-
ance of this parameter. 

For a decreasing quantity over time, a first-order decay equation can be 
written as 
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Figure 7 Change in mass of limestone with age of Umestone drain considering initial mass of 320 
tonne, various rate constants (A:), and exponential decay (solid lines) or constant mass flux 
(dashed lines; x intercept is the inverse of the rate constant). 

-dM/dt = k'M, (13) 

where the quantity M typically has units of mass or concentration and k is the 
rate constant (Lasaga, 1981). Equation (13) applies to a variety of important 
geochemical processes, including radioactive decay, the oxidation of ferrous 
iron, and, as demonstrated in this chapter, the dissolution of limestone in an 
ALD or OLD. Integration of Eq. (13) yields the exponential decay expression 

Mt = Mo-Qxp{-k't}, (14) 

where MQ is the initial quantity and Mt is the remaining quantity after 
continuous dissolution over elapsed time, t. 

Although the assumption of constant (linear) CaCOs flux is reasonable for 
a relatively large mass of limestone, a small flux of CaCOs, and a short initial 
time period, the linear and exponential decay trends diverge as time increases 
(Fig. 7). Because of this divergence, values of k derived using the time-
averaged CaCOa flux [Eq. (12)] could decrease with elapsed time. For 
example, at the Orchard OLD, the average CaCOs flux decreased from 1.6 
tonne/year for the first year of operation (Cravotta and Trahan, 1999) to 
1.0 tonne/year for the 5-year average (Table III). The corresponding 
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dissolution rate constant decreased from an initial estimate of 0.042 year~^ 
(Cravotta and Trahan, 1999) to 0.027 year"^ for the 5-year average (Table 
III). Decreases in alkalinity concentration and corresponding decreases in the 
CaCOs flux and estimated limestone dissolution rates with age were also 
observed for the Howe Bridge 1 ALD. At this site, the average CaCOs flux 
for the first 3 years was 6.5 tonne/year (Hedin and Watzlaf, 1994) and that for 
the 10-year average was 6.1 tonne/year (Table III). The decreased CaCOs 
flux is expected as the remaining mass of limestone decreases through time. 

The limestone dissolution rate, or exponential decay constant, can be 
determined by taking the logarithm of Eq. (14) and rearranging to 

In (Mt/Mo) = - k t . (15) 

For a first-order process or reaction, a logarithmic plot of Mt/Mo versus time 
will yield a straight line with slope = -k. For example, plots of ln(Mt/Mo) 
versus time were generated using annual averages for 10 years of monitoring 
at the Howe Bridge 1 drain (Fig. 3D). For each year, estimates of JcaCOs were 
computed using data for Ca and alkalinity concentrations [Eq. (11)] and were 
then divided by the reported limestone purity to estimate the incremental 
dissolved mass of limestone and hence the remaining mass. The resultant 
slopes from the plots of ln(Mt/Mo) versus time indicated k of 0.021 year~^. 
This value is in good agreement with an estimate of 0.018 year~^ derived using 
the long-term average Ca ion flux for Howe Bridge 1 (Table III). 

Data for cubitainer experiments were also used to estimate limestone 
dissolution rate constants for the Howe Bridge 1 and Morrison lime-
stone drains (Fig. 3C). An initial limestone mass of 4.0 kg and an initial 
solution volume of 2.3 liter were assumed. The initial solution volume 
was computed as the difference between the initial 3.8-liter total volume and 
the 1.5-liter limestone volume (Fs = Ms/ps = 4.0 kg/2.65 kg/liter). Due 
to the periodic removal of solution, the solution volume was reduced incre-
mentally by 60 ml at each time step when alkalinity was determined. The 
remaining mass of limestone at each time step was determined by the differ-
ence between initial mass and the cumulative CaCOs mass added to the 
solution, which was computed as the product of overall change in alkalinity 
concentration (ACcacOs = Q~ ^o) and the remaining volume of solution 
( F L ) , corrected for limestone purity: 

M t = M o - (ACcaC03 • ^L/A^CaC03). (16) 

Because detention times under field conditions were less than 50 h (Table III), 
data for only the first 2 days of cubitainer tests were used for the logarithmic 
plot of Mt/Mo versus time, in years. The resultant slopes of the regression 
lines indicate that values for k would be 0.016 and 0.026 year"^ for the Howe 
Bridge 1 and Morrison limestone drains, respectively (Fig. 3C). Considering 
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that k values ranged by a factor of 10 among the 13 drains evaluated, these 
estimates are in good agreement with values of 0.018 and 0.019 year"^ derived 
on the basis of a 10-year average Ca ion flux for the respective limestone 
drains (Table III). 

For the Orchard drain, limestone slabs immersed for 1 to 5 years near the 
middle of the drain dissolved at rates of 0.044 to 0.057 year~^ (Table IV). 
These rates were comparable to the average k value of 0.027 year~^ derived on 
the basis of long-term average Ca ion flux for the first 5 years of operation 
(Table III). Nevertheless, because of variations in chemistry along the length 
of the drain, the directly measured limestone dissolution rates varied by more 
than a factor of 5 between inflow and midflow points, with greatest rates near 
the inflow where the pH was least (Table IV). Hence, direct estimates of the 
limestone dissolution rate must consider the location of the limestone along 
the flow path through the drain and the possibihty for variations in water 
chemistry at the location. In contrast, the dissolution rate estimated using 
average Ca or alkalinity flux integrates along the length of the drain and 
through time, making this estimate more useful as a measure of overall drain 
performance. 

The rate of limestone dissolution within a bed is expected to vary as the 
chemical composition of the water changes and/or the flow rate changes, 
affecting detention time and chemistry along the flow path. Directly meastired 
CaC03 dissolution rates within the Orchard OLD were greatest near the 
inflow, where SICALCITE was minimal, and decreased with increased pH and 
activities of Ca^+ and HCOs" and decreased Pco2 at downflow points (Table 
IV, Fig. 6A). These trends as a function of solution composition are consist-
ent with rate laws estabhshed by laboratory experiments (Plummer et aL, 
1979; Morse, 1983; Arakaki and Mucci, 1995). During the first 5 months, the 
limestone dissolution rate was 0.439 year~^ at the inflow and 0.081 year"^ at 
the midflow. However, lower dissolution rates of 0.044 to 0.057 year~^ were 
determined for samples immersed at the midflow for periods of 1 to 5 years 
(Table IV). This dechne in the dissolution rate, directly determined by reduc-
tion in mass over elapsed time of immersion, is consistent with the dechne in 
the estimated value of k computed using 1- and 5-year averages for CaCOs 
flux. 

At the Orchard OLD, the field rates of limestone dissolution were inter-
mediate to those for the other limestone drains evaluated (Table III). How-
ever, the field rates for limestone reaction with AMD were about an order of 
magnitude less than reported laboratory rates of calcite dissolution at com-
parable pH in hydrochloric acid (HCl) solutions (e.g., Plummer et al., 1979; 
Morse, 1983; Arakaki and Mucci, 1995). Aschenbach (1995) demonstrated 
that calcite dissolved more rapidly in HCl solutions than in synthetic AMD 
(sulfuric acid solutions) for a given pH and that calcite remained indefinitely 



Table IV 

Dissolution Rate for Limestone Samples immersed in Limestone Drain at Orchard Drift, Pennsylvania 
~~ 

Limestone dissolution rate Average hydrochemical values for time interval 

Net Ca 
d 

Elapsed time of Longitudinal k Log Mass of pH Partial pressure Alkalinity 
immersionu distance (g/g/year) (mmol/cm2/s)' Fe-Al-Mn co2, (mg/liter concentration 

downflow, b encrustation (mg) log (atm) as CaCO3) (mg/liter as CaCO3) 
L (m) 

5 months 0 0.439 -6.86 800 3.4 > -0.6 0 0 

6.1 0.130 -7.39 415 5.5 -1.2 21 43 

12.2 0.081 -7.60 79 6.1 -1.4 51 78 

12 months 0 N A ~  NA 3 6 f  3.4 > -0.6 0 0 

6.1 0.061 -7.14 108f 5.5 -1.2 21 47 

12.2 0.044 -7.89 126' 6.1 -1.4 54 86 

60 months 12.2 0.057g - 7.@ NA 6. lg -1.4 51 82 

'Data for 5-month (March 23, 1995-August 23, 1995) and 12-month (March 23, 1995-March 26, 1996) elapsed time intervals adapted from Cravotta 

bLongitudinal distance downflow in meters: 0 is at inflow, 6.1 m is one-fourth distance from inflow to outflow, and 12.2m is one-half distance from 

'Dissolution rate in units of (g/g/year) normalized by sample surface area to units of (mmol/cm2/s). Generally, for the Orchard Drift limestone drain, 
which is the product of the average specific surface area of 75 

dimmersed limestone samples (ASP = 1 .OM cm2/g), the millimolar mass of CaC03(rncaco, = 0.1004g/mmol), and lo7 

eNA, not available. Limestone slabs suspended from tether (noose) at inflow (0-m distance) for a 12-month period dissolved extensively and fell from tether. 
fEncrustation quantities reported for the 12-month interval should be interpreted with caution because of substantial losses of loosely bound coatings 

from samples during sample retrieval. Composition of crust that could be salvaged was reported by Cravotta and Trahan (1999). 
gDue to larger-diameter pipes installed at  the inflow to each drain in 1998 (to reduce clogging), flow rates through OLDs actually were increased and, 

hence, pH near midflow actually was lower during the period 1998 to 2000 than in the preceding years. However, the grand average for pH at the 
midflow does notreflect this change; the average pH is weighted by more frequent sampling during the first year of operation than during later periods. 

and Trahan (1999). Data for 60-month (March 23, 1995-March 29,2000) interval this report (C. A. Cravotta, unpublished data). 

inflow to outflow. 

rates normalized by surface area can be computed by dividing k by 

Net concentration of Ca computed as difference between averages for effluent and influent, multiplied by 2.5. 
s/year. 
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undersaturated in the synthetic AMD at near-neutral pH. A similar trend of 
calcite undersaturation in the Orchard OLD is indicated by the asymptotic, 
marginal increase in SICALCITE with increased distance or detention time (Fig. 
6A). Slow field dissolution rates and calcite undersaturation could be caused 
by the precipitation or adsorption of inhibiting agents, which effectively 
reduce the exposed surface area. The occurrence and possible roles of micro- 
bial films and precipitated minerals as inhibiting agents for limestone dissol- 
ution have been documented for ALDs and OLDs (Robbins et al., 1996, 
1997,1999). Furthermore, Mg2+ and S042-, which are common ions in mine 
drainage, have been reported to be significant inhibitors of CaC03 dissol- 
ution (Morse, 1983). 

D. LIMESTONE DRAIN LONGEVITY AND SIZE 

The longevity of a limestone drain is defined loosely in this chapter as the 
elapsed time when the mass of remaining limestone will no longer produce 
sufficient alkalinity to meet treatment goals. Given the empirically derived 
constants, k and k’, the initial alkalinity (Co), and the maximum alkalinity 
(CM), which can be determined with cubitainer tests, the decline in limestone 
mass through time (age) and any associated decline in alkalinity concen- 
tration with decreased mass (detention time) of a limestone drain can be 
computed. Figure 8 shows the results of computations of mass decay and 
associated alkalinity for the Howe Bridge 1 and Morrison limestone drains 
using k and k’ derived from cubitainer data for the Howe Bridge and Morri- 
son mine discharges (Figs. 3C and 3B). By overlaying observed data for the 
actual drains and comparing different results obtained using various values 
for rate constants, k and k’, and porosity, +, the utility and sensitivity of 
the aforementioned equations to simulate the long-term performance of the 
limestone drains at these sites can be evaluated. 

The projected change in mass of limestone with age of the Howe Bridge 
1 and Morrison limestone drains is shown as Fig. 8A. This projection assumes 
continuous, exponential decay in accordance with Eq. (14) and utilizes the 
initial mass when constructed (Table I) and the mass-flux decay constant, k,  
derived from generalized cubitainer data (Fig. 3C). The decay trends are 
remarkably similar if decay constants derived on the basis of long-term 
averages for field data are used (dashed curves) because these estimates for 
k were equivalent to those derived from cubitainer test data. Figure 8B shows 
the corresponding change in detention time with age as the mass of limestone 
declines in accordance with Eq. (6). The computed detention time assumes 
constant flow rate and porosity; detention time decreases if porosity is de- 
creased from 0.49 (solid curves) to lower values (dashed curves). 
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Figure 8 Simulated change in limestone mass, detention time, and alkalinity concentration with age of Howe Bridge 1 and Morrison limestone 
drains. (A) Mass versus age considering exponential decay and rate constants derived from cubitainer tests (solid) and field flux estimates (dashed). 
(B) Detention time versus age assuming constant particle density (ps = 2650 kg/m3), flow rate (Q), porosity = 0.49 (solid), and computed porosity 
(dashed). (C and D) Simulated (lines) and sampled (points) alkalinity versus age or detention time. Data in C are annual averages for effluent and in D 
are typical values along longitudinal profile. Solid lines in C and D for porosity = 0.49. Dashed lines in C and open symbols in D are for computed 
porosity at the respective site. 
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Figure 8C shows long-term trends for computed and observed alkalinity of 
effluent from the Howe Bridge 1 and Morrison limestone drains. The simu-
lated alkalinity was computed in accordance with Eq. (10) for progressively 
decUning detention times. The alkalinity simulations (sohd curves) used 
generalized cubitainer data for CQ, CM, and k' for the respective sites (Figs. 
3A, 3B, and 3C). The observed annual average alkalinity of effluent from each 
of the drains is overlain on the curves. To provide the same basehne influent 
alkalinity to compare simulated and observed data, the observed values were 
normalized as the difference between the annual averages for effluent and 
influent added to the grand average influent concentration. A reasonable 
match between simulated and observed values for alkaUnity is obtained 
for a porosity of 0.49 at the Howe Bridge site. The lower estimates of poros-
ity based on reported dimensions and mass (Table I) increase the deviation 
between simulated and observed data trends (dashed lines). However, the 
simulated and observed trends for the Morrison limestone drain are not 
closely matched. The Howe Bridge functions as a piston or plug-flow system, 
with untreated water piped into the limestone drain and detention time 
of treated water increasing along the length of the drain. In contrast, the 
Morrison drain intercepts several seeps along its length and hence the effluent 
is a mixture of water having various detention times. Furthermore, the 
influent sample for the Morrison drain is collected from an adjacent seep. 
The sampled seep may not be representative of all the various seeps into the 
drain. 

Figure 8D shows simulated and observed trends for alkalinity with deten-
tion time. For the simulations, the greatest detention time for each of 
the limestone drains is associated with the intial condition (age = 0); deten-
tion time and corresponding alkalinity values decrease with increased age. 
To extend the simulated curves to small detention times at the outflow, the 
remaining mass and corresponding values for detention time and alkalin-
ity were computed over an elapsed time of 200 years. The resultant estimates 
for effluent alkalinity after 200 years of continous dissolution correspond with 
current conditions near the inflow to the drains. Field data for longitudinal 
samples from monitoring wells within the drains are plotted as individual 
points in Fig. 8D for comparison with the simulated curves. Assum-
ing a porosity of 0.49, the simulated trend on the basis of the cubitainer tests 
for the Howe Bridge 1 site matches the observed data for this site. The simu-
lated and observed trends for the Morrison site are not closely matched. 

Hedin and Watzlaf (1994) evaluated construction characteristics, deten-
tion times, and chemistry of influent and effluent of more than 20 limestone 
drains to determine the optimum size for maximum alkalinity production. 
They derived a limestone drain-sizing equation that included a term for 
longevity and a term for detention time: 
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M=Q- [(/L • CM/XcaCOs) + (̂ d • PB ' / * ) ] , ( H ) 

where ^L is the desired longevity of treatment and pg = p^ • (1 - c|)) per Eq. 
(4). With Eq. (17) Hedin and Watzlaf (1994) and Hedin et al (1994a,b) 
wanted to ensure that the limestone mass computed was sufficient to produce 
a constant, maximum alkalinity until the specified longevity had elapsed. 
They solved Eq. (17) for longevity of 20 years and a detention time of 15 h. 
However, Eq. (17) has several limitations. The first term assumes linear decay 
(constant mass flux), which is inconsistent with expected exponential decay 
(Fig. 7), and the second term assumes alkalinity concentration would be 
constant (maximum) over the effective lifetime of the drain (longevity), 
after which the remaining limestone mass would be less than that required 
to produce the specified detention time and alkalinity. The assumption of 
constant, maximum alkalinity for long detention times (>48 h) is supported 
by data obtained using cubitainer tests and, to some extent, field data (e.g., 
Figs. 2 and 4). However, at shorter detention times, alkalinity can vary as a 
function of influent chemistry, detention time, and/or mass of limestone 
remaining (Figs. 2, 4, and 8). For large flows that have relatively low net 
acidity, but still require treatment, the aforementioned approach would 
indicate excessively large quantities of limestone and large space required 
for installation. 

Alternatively, the size of limestone drains could be estimated using the 
previously described equations for the exponential decay of limestone and the 
corresponding alkalinity as a function of detention time (Figs. 3, 7, and 8). 
The application of these equations requires knowledge of the same variables 
as Eq. (17) plus the rate constants, k and k', and the initial concentration of 
alkalinity or Ca of the influent. For example, one may define longevity as the 
time when the remaining mass of limestone equals that required to achieve a 
minimum detention time in a drain, such as 15h that is typically recom-
mended (Hedin and Watzlaf, 1994; Hedin et al, 1994a,b; Watzlaf et al, 
2000a). For this computation, Eq. (14) can be rearranged to estimate the 
elapsed time (r), or age, when the future mass of limestone (Mt) will provide a 
minimum detention time: 

t = \n(Mo/Mt)/k (18) 

and substituting Mt = 2 • [̂ d • Ps • (1 - <^)/^] per Eq. (7) 

t = In [Mo/(Q . [̂ d • Ps • (1 - <\>ym/k. (19) 

Equation (19) can be rearranged and solved for the initial mass of limestone 
that win be necessary to achieve a desired future detention time: 

Mo = exp {/: • /} • [2 • d̂ • Ps • (1 - <^)/<^] (20) 
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For example, Fig. 9 shows the computed initial mass of limestone to achieve a 
range of future desired detention times and, hence the alkalinity of effluent per 
Eq. (10), after an elapsed time of 20 years. Results are shown for constant 
particle density, porosity, and flow rate and a range of dissolution rates as 
determined for the 13 limestone drains evaluated. To compute alkalinity as a 
function of detention time, ^' = 0.053 h~^ was assumed on the basis of 
cubitainer tests for Howe Bridge (Figs. 3B and 6D). Generally, for the 
application of Eqs. (20) and (10), site-specific data should be used to deter-
mine the rate constants, k and k\ and the influent and maximum alkalinity or 
Ca concentrations, Co and CM- Use of larger values for k and/or smaUer 
values for k' will indicate a larger mass requirement and vice versa. 

Several factors could account for the observed decreases in alkalinity pro-
duction rates and computed limestone dissolution rates with age of the lime-
stone drain(s). Review of long-term data indicated no significant trend in the 
pH or alkalinity of the untreated AMD at the Orchard or Howe Bridge 1 sites, 
hence the untreated AMD did not become less aggressive with respect to 
calcite. The decreased rate of dissolution must have been caused by decreased 
contact between the water and the rock and/or changes in the limestone surface 
properties. As the limestone mass decHnes, the exposed surface area wiU also 
decline due to (1) rapid dissolution of erodible edges and exposed defects, (2) a 
smaller total surface area associated with smaller particles or shrunken cores of 
unweathered limestone, and (3) the accumulation of various minerals and 
biofilms on the surface. For example, limestone and calcite samples, which 
were immersed at the inflow and at downflow points within the Orchard OLD, 
showed effects of both precipitation and dissolution, particularly near the 
inflow (Cravotta and Trahan, 1999; Robbins et al., 1999). Microscopic exam-
ination of calcite mounts on glass slides showed newly formed Fe and Mn oxide 
and dissolution etch pits (Robbins et ah, 1999). The appearance of these 
secondary minerals in the etch pits implies that sites of dissolution locally 
could be rendered inactive. Furthermore, the accumulation of large quantities 
of hydrous oxides or other secondary minerals between limestone fragments, 
particularly at the bottom of the drain, could reduce the flow of water and 
contact between the water and limestone through that zone of the limestone 
drain. This scenario could explain the greater decline in the limestone dissol-
ution rate at the Orchard OLD compared to the Howe Bridge ALD. 

E. ATTENUATION OF ACIDITY AND DISSOLVED METALS 

The goal of AMD treatment is to attenuate acidity and metals transport, 
generally by promoting the formation of solids that can be safely retained on 
site or disposed. However, metals that accumulate and cannot be flushed 
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from a limestone drain or other porous reactive barrier can cause its failure 
due to the reduction of porosity and/or reduction of limestone surface area. 
Although the effect on alkalinity production due to reductions in porosity 
and detention time generally could be evaluated using the aforementioned 
equations, specific effects on limestone dissolution and alkahnity production 
rates require additional study. 

All 13 of the limestone drain treatments reduced acidity (Table II). The 
reduction of acidity resulted from the increased pH and alkalinity and asso-
ciated decreased concentrations of dissolved, readily hydrolyzable metals, 
including AP"^, Fe^" ,̂ and possibly Mn^+, Fe^+, and other divalent cations 
(e.g., Hedin et al., 1994a; Rose and Cravotta, 1998). 

All 13 drains considered for this chapter removed a substantial fraction 
of A P + in their influent (Table II). Decreased Al concentration with in-
creased pH is consistent with its solubihty control by Al-hydroxide 
and/or hydroxysulfate minerals (e.g., Nordstrom, 1982; Nordstrom and 
Ball, 1986). For example, as pH increased within the Orchard OLD, concen-
trations of Al declined (Fig. 5), whereas equilibrium with poorly crystalline 
Al(OH)3 was maintained (Fig. 6D). Although the concentration and flux of 
Al at the Orchard drain were relatively small, where the flux of Al is large, 
clogging and failure of the drain due to the accumulation of precipitated 
Al can be rapid, occurring within months (Robbins et al., 1999). The Jenn-
ings limestone drain and several others that were constructed to treat low 
pH, high Al (>5mg/liter) influent have failed prematurely, primarily due to 
the precipitation of Al minerals within pores of the drains (Watzlaf et al., 
1994, 2000a; Robbins et al, 1996). Although little information is available 
about the mineralogy of precipitated Al minerals within limestone drains, 
the formation of Al hydroxysulfate compounds is suspected to be the pri-
mary cause of fouling. Generally, Al hydroxysulfate minerals can form when 
AMD containing dissolved AP+ and S04^~ attains pH > 4.3 by reaction 
with limestone or by mixing with near-neutral waters (Nordstrom, 1982; 
Nordstrom and Ball, 1986; Sterner et al, 1998). For example, Robbins 
et al. (1996) determined an ALD in West Virginia was clogged by poorly 
crystafline aluminite [Al2(S04)(OH)4 • THiO] and sihca. Robbins et al. (1999) 
showed that the Al hydroxysulfate can precipitate within calcite etch pits, 
interfering with dissolution, and suggested that these compounds can 
foul limestone drains because of their strong adhesion and high density 
compared to Al(OH)3. Perforated pipes may not be adequate to flush 
Al hydroxysulfate minerals from drain pores because of their adhesive 
nature. 

Although dissolved Fe in the influent to all 13 drains was predominantly 
Fe^+, the influent at several sites also contained Fe^+ and/or dissolved O2. 
Where anoxic conditions were maintained, Fe concentrations were not 
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affected by the limestone treatments (Table 11).̂  On the basis of equilibrium 
calculations, Hedin and Watzlaf (1994) suggested that siderite (FeCOs) may 
have formed in some ALDs; however, the presence of siderite and the sign-
ificance of Fe^+ removal by this mechanism have not been evaluated. Never-
theless, because stoichiometric oxidation of 1 mol of Fê "̂  requires only 0.25 
mol of O2 (1 mg/liter O2 for 7mg/liter Fe^"^), losses of dissolved Fe^+ and 
Fê "̂  within OLDs and some ALDs could result from the precipitation of 
Fe(III) hydroxide or hydroxysulfate minerals, such as ferrihydrite or schwert-
mannite (e.g., Bigham et al., 1996; Cravotta and Trahan, 1999). The precipi-
tation of Fe(III) compounds implies that O2 and/or Fe^^ enters the drains at 
the inflow or elsewhere. The Orchard OLD contained 1-3 mg/liter dissolved 
O2; despite undersaturation with siderite, Cravotta and Trahan (1999) 
reported complete removal of Fe^+ and Fe "̂̂  (Figs. 5B, 5D, and 6C). The 
attenuation of Fê "̂  was more efficient than expected on the basis of homoge-
neous oxidation and precipitation of Fe(OH)3 (WilUamson et al., 1992; Kirby 
and Elder Brady, 1999). Hence, Cravotta and Trahan (1999) attributed the 
removal of Fe^+ to sorption and catalysis of oxidation by Fe(0H)3 (e.g., 
Tamura et al, 1976; Stumm and Sulzberger, 1992). Microorganisms that 
could catalyze the oxidation of Fê "̂  and formation of Fe(OH)3 are ubiqui-
tous in AMD (e.g., Ferris et al, 1989; Ehrlich, 1990; Robbins et aL, 1999). 

Generally, on the basis of the average composition of influent and effluent, 
significant removal of Mn and other trace metals was not apparent for the 
drains evaluated (Table II). Nevertheless, the averages may not represent 
actual performace through time. For example, Cravotta and Trahan (1999) 
reported significant removal of Mn, Zn, Ni, and Co within the Orchard OLD 
after the first 6 months of operation (Figs. lOB and IOC). The hydrous-oxide 
precipitate that accumulated within the limestone bed had concentrations of 
Mn, Cu, Ni, and Zn that increased relative to Fe with distance downflow, 
hence with increased pH. Ratios of Mn/Fe and Mn/Al in the coatings 
increased by 2 orders of magnitude during the second 6-month monitoring 
interval relative to the first 6 months (Cravotta and Trahan, 1999). Watzlaf 
(1997) and Brandt and Ziemkiewicz (1997) also reported substantial Mn 
removal from AMD by limestone that had been coated by hydrous oxides 
after a time lag. 

The removal of dissolved Mn, Zn, Ni, and Co from solution and a 
corresponding enrichment of the trace metals relative to Fe in particles and 

^Apparent decreases in acidity, metals, and SO4 concentrations in effluent relative to influent at 
Morrison, Schnepp, and REM-R sites (Table II) should be interpreted with caution because data 
for nearby seepage were used to represent the "influent" to the Morrison drain and historical 
data for the untreated AMD were used to represent the "influent" to the Schnepp and REM-R 
drains. Adjacent seeps rarely have identical chemistry, and water quality of untreated AMD 
generally improves with time (e.g.. Wood, 1996). 
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Figure 10 Temporal changes in composition of effluent relative to influent (effluent-influent) at 
Orchard limestone drain (after Cravotta and Trahan, 1999). Data for samples collected March 
1995-March 1996 from Orchard site. From Cravotta and Trahan (1999). 
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coatings on limestone within the Orchard OLD resuhed from sorption and 
coprecipitation reactions with the hydrous oxides of Fe(III), Mn(II-IV), and, 
to a lesser extent, Al (Cravotta and Trahan, 1999). Sorption of the trace 
metals generally can be enhanced by the incorporation of sulfate with hy-
drous Fe(III) oxides, where the sulfate can be part of the crystal lattice, as 
with schwertmannite (Bigham et al, 1996; Webster et al, 1998), or can be 
adsorbed, as with goethite or ferrihydrite (Ali and Dzombak, 1996; Rose and 
Ghazi, 1997). Uncoated limestone (calcite) generally is not an effective sor-
bent of the trace metals at pH < 7 (Zachara et al, 1991). Similar trends have 
been reported for dissolved Mn^+ and trace metals to adsorb to hydrous Fe, 
Al, and Mn oxides, except that the Mn oxides are generally more effective 
sorbents at lower pH than Fe or Al oxides (Loganathan and Burau, 1973; 
McKenzie, 1980). Decreases in concentrations of both A P ^ and Zn^+ 
through many limestone drains (Table II) imply that some Zn^+ could be 
removed by sorption to Al(OH)3 (e.g., Coston et al, 1995). 

The downgradient trends in pH and solute concentrations at the Orchard 
OLD became progressively more complex through time, particularly near the 
inflow (Fig. 5), and indicated deviation from piston-flow transport implied 
for the estimation of detention time as a function of distance downflow within 
the drain. The complex trends with respect to distance probably resulted from 
the localized dissolution of limestone and accumulation of hydrous oxides 
near the inflow that changed the porosity distribution and promoted the 
development of preferential flow paths. Thus, in addition to the predominant 
downflow transport and dispersion of hydrous oxide particles away from the 
inflow, turbulence could have promoted eddying and the recirculation of fluid 
and suspended particles locally toward the inflow. Similarly, complex trends 
and explanations for bromide tracer transport through the Howe Bridge 1 and 
Morrison ALDs were reported by Watzlaf e/ al. (2000a). 

Although amorphous to crystalline Fe, Mn, and Al oxides had formed in 
the Orchard OLD, none of these phases was strongly adhesive. Nevertheless, 
the Orchard OLD was not equipped with a perforated pipe or other flushing 
system to prevent the accumulation of solids. However, some solids could be 
removed in slugs by backflushing, whereby the outflow was closed, causing 
the hydraulic head to increase inside the drains, and then opened. Hydrous Fe 
oxides were visible as loosely bound, rust-colored coatings on limestone 
samples near the inflow and as a gelatinous rusty floe in water samples. 
After 2 years of operation, numerous black flakes were also visible with the 
rusty floe. The mixed solids were enriched in Fe (Fe > Al > S = Si > Mn) 
and contained predominantly schwertmannite and goethite. The black flakes 
were enriched in Mn (Mn > Fe = Ca > Al) and contained todorokite 
[(Cao.393Mgo.473Mn"i34)Mn"^50i2 • 2H2O]. Although equilibrium computa-
tions indicated undersaturation with pure solid phases of Mn(II-IV) and 
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trace metals, formation of Mn oxides within the OLD may have been favored 
by near-neutral pH adjacent to limestone surfaces (Cravotta and Trahan, 
1999; Robbins et aL, 1999). At pH >6, negatively charged surfaces of the 
Fe(OH)3 and Mn oxides tend to attract cations, including Fe^+ and Mn^+, 
which can be oxidized rapidly in an aerobic system (Tamura et al, 1976; Hem, 
1977, 1978). A variety of microorganisms could have promoted the oxidation 
of Fe and Mn in the OLD (Ehrlich, 1990; Robbins et aL, 1992, 1999). Despite 
significant concentrations of Al in the solids, the identities of crystalline Al 
phases could not be determined. Amorphous to poorly crystalline phases of 
Al, Fe, and Mn likely were present (e.g., Figs. 6C and 6D). 

F. DESIGN CONSIDERATIONS FOR LIMESTONE DRAINS 

The porosity and/or exposed limestone surface area and the flow rate and 
detention time for water in limestone drains are critical factors affecting their 
performance because of kinetic controls on dissolution, precipitation, and 
sorption reactions that control pH and dissolved ion concentrations. For a 
given flow rate and mass of limestone, detention time will increase with 
increased porosity; higher porosity can be achieved for uniform, large par-
ticles than for mixed size particles. Other factors being the same, alkalinity 
will increase with increased detention time. Hence, the limestone drain-sizing 
equation of Hedin and Watzlaf (1994) and Hedin et al. (1994a,b) [Eq. (17)] 
included porosity and detention time as specific variables; however, their 
equation assumes constant CaCOs flux and alkalinity over the specified 
lifetime of the drain. The exponential decay equations introduced in this 
chapter [Eqs. (10), (14), and (20)] incorporate the same variables as Eq. 
(17), but also account for corresponding decreases in limestone mass and 
alkalinity production rates over time on the basis of empirically derived 
CaCOs flux data and rate constants. As applied herein, Eqs. (10), (14), and 
(20) may be useful to extrapolate performance and/or determine the appro-
priate initial mass required for limestone beds. Their solution was simplified 
assuming constant rates of limestone dissolution and constant values for flow 
rate, porosity, and stone density. 

The example computations did not consider variations in dissolution rate 
with water quality along the flow path nor other important chemical pro-
cesses, such as the precipitation of secondary minerals. The precipitation and 
dissolution processes can affect the porosity distribution and/or the exposed 
surface area of the limestone bed. Generally, the formation of secondary 
minerals and the corresponding reduction of limestone surface area are likely 
to be associated with influent that does not meet criteria for an ALD 
(O2, Fe^+, or A P + < 1 mg/liter). Hence, the exponential equations [Eqs. 
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(10), (14), and (20)] using short-term test data would be applicable to estimate 
the mass of an ALD. Before their application for design of an OLD, add-
itional tests may be appropriate. To evaluate mineral coatings on rate con-
stants, parallel tests could be conducted with limestone that is uncoated and 
identical fragments coated with hydrous Fe, Mn, and/or Al oxides. Potential 
for clogging and/or flushing could also be evaluated considering measure-
ments of porosity, permeability, and solids transport through a packed bed. 

If possible, reducing detention time and maintaining calcite undersatura-
tion in a limestone bed should be considered by splitting inflow to several 
parallel ceUs or along the length of a cell instead of directing flow through a 
single, elongate drain with inflow at one end and outflow at the other. For 
example, the Orchard OLD split inflow into three parallel troughs, and the 
Buck Mountain ALD intercepted multiple seeps along its length. The com-
puted CaCOs fluxes and limestone dissolution rates for these drains were the 
highest among their respective counterpart OLDs and ALDs considered for 
this chapter (Table III). This multiple inflow or multiple cell arrangement has 
advantages and disadvantages. Splitting flow and reducing detention time 
takes advantage of the kinetics of limestone dissolution, where the rate of 
dissolution is expected to decrease with increased pH and alkalinity and 
where doubling detention time will not double alkalinity. Thus, treatment 
through parallel cells or along the length of a drain should promote greater 
dissolution and alkalinity production than a single cell or a series of cells 
containing the same mass of limestone. Furthermore, for two or more parallel 
cells, treatment can be conducted continuously through part of the system 
while flushing or other maintenance is conducted on the other part. The 
primary disadvantage would be that construction would be more complex 
and would involve greater area to install several trenches and plumbing for 
multiple cells than for a single cell. For example, to intercept seepage along its 
length, a continuous liner at the Buck Mountain. ALD had to be cut into 
pieces that were installed overlapping like shingles, with the top shingle at the 
upflow end. Although this arrangement worked to direct influent into and 
down the drain, it also complicated the monitoring and interpretation of 
water-quality variations with increased distance or detention time along the 
drain. 

Hedin et al. (1994a) advised against the use of horizontally oriented 
limestone drains for the treatment of AMD containing > 1 mg/liter of 
O2, Fe^" ,̂ or AP"^ due to the potential for armoring and clogging of the 
drains. The presence of any of these constituents can potentially reduce the 
effective longevity of a limestone drain. However, results of this chapter, 
combined with results of Watzlaf (1997), Sterner et al. (1998), and Cravotta 
and Trahan (1999), suggest that limestone treatment systems may effectively 
increase pH and remove dissolved metals, including Mn^+, from AMD 
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containing moderate concentrations of Fê "̂  or AP+ (l-5mg/liter). Caution 
should be exercised for influent samples that have concentrations near this 
upper limit because the actual influent composition likely will vary tempor-
ally due to droughts, wet periods, and various other environmental factors. 
Designs should consider these extremes. 

Horizontal or downflow systems constructed of coarse limestone could 
provide sufiicient detention times to achieve neutralization of AMD and 
could be flushed periodically to remove accumulated solids. To enhance 
trace-metal attenuation by hydrous oxide particles within the drains, the 
cross section of the drain could be enlarged near the outflow to decrease 
flow velocities and increase detention time where pH is expected to be highest. 
To ensure against clogging from an excessive accumulation of hydrous 
oxides, perforated piping could be installed as subdrains for periodic flushing 
of excess sludge. Some of these conceptual designs have been constructed but 
have not been evaluated. For example, at the Hegins drain, valves were 
installed on perforated laterals that connected to a single longitudinal pipe 
that was not perforated. This 1-year old system can be flushed, but its long-
term performance is uncertain. Additional studies are needed to evaluate such 
designs and to determine optimum criteria for utilization and construction of 
limestone drains for AMD remediation. In general, additional information is 
needed to understand potential for, and effects of, the dissolution of limestone 
and the formation, accumulation, and transport of secondary metal com-
pounds in AMD treatment systems. Because of the wide range of water 
chemistry and hydrologic conditions at coal and metal mines (Rose and 
Cravotta, 1998; Nordstrom and Alpers, 1999), simple to complex remedial 
alternatives may be appropriate depending on site characteristics. 

IV. SUMMARY AND CONCLUSIONS 

Although numerous case studies have been reported, published criteria for 
the construction of limestone drains generally are imprecise and inadequate 
due to (1) the wide ranges in flow rates and compositions of mine drainage 
and (2) nonlinear and variable dissolution of limestone and production of 
alkalinity as functions of water chemistry, detention time, and limestone 
characteristics. Generally, chemical processes within a limestone drain can 
be characterized as functions of distance and time as water flows down-
gradient through the limestone bed. Immediately near the inflow, the pH of 
the treated water begins to increase as limestone dissolves, ultimately ap-
proaching neutrality and calcite saturation, provided that detention time 
within the drain is sufficient. If treated under anoxic conditions, dissolved 
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Fe, Mn, and various other metal contaminants such as Co, Ni, and, to a lesser 
extent, Zn in the AMD tend to be transported conservatively through the 
drain as pH and alkalinity increase; however, Al tends to be precipitated. 
Alternatively, if intercepted and treated under oxic conditions, most metals in 
the AMD can be attenuated by oxidation, precipitation, and/or adsorption 
processes within the drain. Accumulated metals must be flushed from the 
drain to prevent clogging, armoring, and failure. Nevertheless, some precipi-
tated materials can be adhesive or encrusting, and hence practically impos-
sible to flush. 

The longevity of limestone drains and alkalinity concentration as a func-
tion of time can be evaluated as first-order decay, where the remaining mass 
of limestone at any time is determined as a function of the decay constant, k, 
and initial mass of limestone [Eqs. (14) and (20)], and the concentration 
of alkalinity for any detention time is determined as a function of the influent 
alkalinity, the maximum or steady-state alkalinity, and the rate constant, k' 
[Eq. (10)]. The application of these equations requires accurate information 
for the rate constants, porosity, and other variables. Generally, particle 
density can be assumed constant; however, porosity and bulk density can 
vary depending on the shape, sorting, and compaction of the particles. For 
the 13 limestone drains considered in this chapter, computed porosity ranged 
from 0.12 to 0.50. Computed values for the rate constant, k, ranged from 
0.008 to 0.079 year"^ on the basis of long-term Ca flux rates. Comparable 
estimates for k were obtained on the basis of mass lost from immersed 
limestone samples and short-term cubitainer tests. 

Cubitainer testing of the reaction between untreated AMD and limestone 
intended or available for construction of a limestone drain can provide 
estimates for maximum alkalinity and the rate constants, k^ and k. These 
data for alkalinity production through time enable determination of the 
alkalinity concentration that will be produced in treating a specific mine 
water, the limestone consumption rates, the quantity of limestone needed 
for a desired design life, and whether the ALD or OLD will produce net 
alkaline effluent. Because the composition of AMD is a critical factor affect-
ing the alkalinity produced by limestone of a given composition and particle 
size, cubitainer tests could be conducted repeatedly with different limestone(s) 
or through time to determine the range of expected conditions within a 
limestone drain. For an evaluation of mineral coatings on rate constants, 
tests could be conducted with uncoated limestone and that coated with 
hydrous Fe, Mn, and/or Al oxides. Potential for clogging and/or flushing 
should also be evaluated considering measurements of porosity, permeability, 
and solids transport through a packed bed. 

Dimensions and mass of limestone need to be measured accurately to 
estimate porosity and, ultimately, field detention time. Accurate measure-
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ment of flow rate and chemistry of influent and effluent are needed to monitor 
and evaluate the performance of limestone drains. Additional data for inter-
mediate sampling locations can be useful to evaluate spatial and temporal 
variations in water chemistry and limestone dissolution. Documentation of 
hydraulic head at sampling locations could be useful to characterize changes 
in porosity and permeability distributions within the drain. Variations in 
porosity within the drain due to the decay of limestone or the precipitation 
of minerals could be evaluated to refine estimates of detention time and 
longevity using the equations given previously. 

In the Orchard OLD, the rate of limestone dissolution was minimally 
affected by the accumulation of hydrous Fe, Mn, and/or Al oxides as loosely 
bound coatings. Despite the ~ 1-mm-thick accumulation of hydrous oxides 
on limestone surfaces, pH increased most rapidly near the inflow as a result of 
aggressive dissolution of limestone by the influent AMD. The rate of lime-
stone dissolution decreased with increased pH and concentrations of Ca^^ 
and HCO^ and decreased Pco2. Under the "closed system" conditions in 
which hydrolysis products including H"̂  and CO2 could not escape the drains 
and were retained as reactants, limestone surfaces dissolved rapidly, and 
armoring was avoided, despite oxygenated conditions. However, the com-
puted dissolution rates for the field experiment were about an order of 
magnitude less than reported laboratory rates at comparable pH. The reason 
for slower rates of CaCOs dissolution by AMD (field) than by HCl (labora-
tory) was not determined but could be due to inhibition of dissolution by 
Mg^+ and/or S04^~ and potential for various minerals and biofilms to grow 
on limestone surfaces. Additional studies are needed to determine the hydro-
chemical conditions and role of microorganisms in mineral precipitation 
reactions that promote or inhibit limestone dissolution and ultimately can 
cause failure of limestone treatment systems. 

Different conceptual designs for ALDs and OLDs should be considered 
for promoting the transport of hydrous oxides and optimizing the long-term 
neutralization of AMD and removal of dissolved metals. For example, split-
ting inflow to several parallel treatment cells or distributing the influent along 
the length of a cell should be considered instead of a single, elongate drain 
with inflow at one end and outflow at the other. This multiple inflow or 
multiple cell arrangement takes advantage of the kinetics of limestone dissol-
ution, and treatment can be conducted continuously through part of the 
system while flushing or other maintenance is conducted on another part. 
Before criteria can be refined for the construction of limestone drains to 
neutralize AMD, however, various innovative conceptual designs need to 
be tested, and available data for existing systems need to be evaluated. Long-
term performance of OLDs has not been evaluated. Accurate information 
on variations in the water chemistry, detention time, rates of limestone 
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dissolution, and effects of hydrolysis products on limestone dissolution, 
sorption of trace metals, and hydraulic properties is needed to optimize 
designs for OLDs and ALDs and to minimize costs for the effective imple-
mentation of these passive-treatment systems. 
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The generation and release of acidic water from acid sulfate soils is an 
environmental problem of international importance (global scale). Changes 
in land use and hydrological systems have promoted the oxidation of pyrite in 
acid sulfate soils with a concomitant generation of acidic discharge waters, 
which have significantly degraded coastal regions in many countries. Use of 
permeable reactive barriers packed with neutralizing agents such as calcite 
would appear to hold some potential as a treatment technology for assisting 
in the management of drainage from acid sulfate soils. A number of factors 
need to be resolved prior to installation of such a barrier in an acid sulfate 
soils region. Prehminary data necessary for design include the water chemis-
try and local hydrology of the region. It is particularly important to develop 
an understanding of the variabihty in flow and acid discharge through storm 
events, as these potentially constitute the times of greatest impact with respect 
to acid transport. While significant concern exists that armoring by iron and 
aluminum oxide precipitates may limit the reactivity and longevity of the 
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permeable reactive barrier, maintenance of saturated conditions and instal-
lation of effective subdrainage and/or flushing procedures will be effective in 
overcoming problems and yield an effective, low maintenance solution to an 
increasingly troublesome problem. 

I. INTRODUCTION 

Most of the Holocene-age (< 10,000 years B.P.) surfaces on coastal flood-
plains, lowlands, swamps, and estuary bottoms are underlain naturally by 
sediments that contain sulfide minerals (mostly iron pyrite, FeS2). These 
sediments mainly formed during the sea level rise (until about 6500 years 
B.P.) after the last glacial maximum (at 20,000 years B.P.). The pyrite 
was formed from the reduction of dissolved sulfate in marine and brackish 
tidal water, particularly where sufficient organic detritus existed, such as in 
mangrove swamps and tidal marshes. Such accumulations constitute up 
to 5% of the sediments (Dent, 1986). The formation of pyrite is summarized 
by 

Fe203(s) + 4 S04'-(aq) + 8 CH2O + l/202(aq) ^ 

2 FeS2(s) + 8 HC03-(aq) + 4 H2O 

This pyrite remains innocuous while saturated but problems arise 
following its oxidation after drainage or excavation. Natural processes can 
cause pyrite oxidation, such as evapotranspiration during droughts that can 
markedly lower water tables in floodplain backswamps, as can tectonic uplift 
of coastal margins. Human activities, such as land drainage and excavation or 
dredging of sulfidic sediments, tend to accelerate pyrite oxidation greatly. 
Even where no additional pyrite oxidation is caused, artificial drainage 
systems provide the conduit to increase the discharge of preexisting acidity 
created by natural processes, from back-swamp source areas, through the 
natural levees, into the estuary. 

Pons (1973) used the term acid sulfate soil (ASS) generically for all sulfidic 
materials and soils in which, as a result of oxidative processes, sulfuric acid 
has been produced, is being produced, or will be produced in amounts that 
exceed the inherent buffering capacity of the material. ASS are sometimes 
further defined as actual acid sulfate soils (AASS) where porewaters exhibit 
pH < 4 after most pyrite has oxidized and as potential acid sulfate soil 
(PASS) where porewaters are not particularly acidic but which contain suffi-
cient as yet unoxidized pyrite to become AASS. These two types of materials 
are formally defined as sulfuric and sulfidic horizons in soil taxonomy (Soil 
Survey Staff*, 1999). 
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Within an ASS profile, a meter or so of AASS tends to overlie a consider-
able thickness of PASS. Variable thicknesses of fluviatile sediment may also 
bury ASS. This is particularly the case in regions of rapid catchment erosion 
and discharge or in regions of tectonic subsidence. Given that these coastal 
ASS are at elevations close to sea level, the general picture is one of a fairly 
fresh but very acidic, near-surface porewater that bathes the AASS. This 
overlies a more brackish groundwater in chemical equilibrium with the 
PASS. The water table is usually close to the surface in such regions with 
the actual level dependent on the variations in rainfall and evapotranspira-
tion (Wilson et al, 1999). The typically gelatinous PASS material exhibits a 
very low hydraulic conductivity (<1 m/day; White et al., 1993). Therefore, 
little control of water table elevation comes from groundwaters of the sur-
rounding bedrock landscapes into which the ASS were deposited. Discharge 
of acidic pyrite oxidation products occurs mainly by rain-fed upward move-
ment of the water table and surface transport into natural or artificial drain-
age systems that penetrate the natural floodplain levee. During major rain 
events the entire ASS estuary floodplain can be flooded by runoff* from the 
surrounding catchment. Such flooding temporarily dilutes the acidity dis-
charged from the floodplain, but after the flood peak, acidic pyrite oxidation 
products continue to discharge into a fresh and unbuffered estuary. Most 
environmental impacts are then observed. Smaller rain events (< 50 mm) 
during generally dry times can also discharge acidity, but the buff'ering 
capacity of the estuary tends to reduce the impact. 

Problems of acidic discharges also arise in the mining industry where acid 
rock drainage (ARD) requires careful management. There are, however, 
major differences between ARD and discharge from ASS. In particular, 
ARD is typically of high acidity but relatively low, constant flow from a 
single source (typically a tailings pile or waste rock dump), whereas ASS 
discharge arises from significantly more diffuse sources of large areal extent 
and extreme variability in volume and flow rate. In addition, ARD discharge 
often occurs in regions of considerable economic merit, whereas ASS typic-
ally occurs in regions of relatively low economic return. It is evident therefore 
that considerable scope exists for the development of innovative low cost and 
low maintenance treatment systems. There is a growing consensus (White et 
ai, 1997) that sustainable management of coastal regions affected by ASS 
requires the maximal retention of acidic pyrite oxidation products in or near 
to its diffuse floodplain stores. Management techniques should intercept the 
acidity, along the hydrological transfer pathway from within the ASS profile, 
up through the soil surface, and into the drainage systems, but before the 
acidic drain water enters the estuary. In light of this, permeable reactive 
barriers (PRB), inserted across the flow path of drainage waters, appear to 
be a particularly attractive passive treatment option. An example of the 
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potential use of PRBs and other techniques for managing acidic discharges 
associated with sugarcane farming on ASS are described in this chapter. 

11. FORMATION OF ACID SULFATE SOILS AND 
EFFECTS OF DISCHARGE 

A. FORMATION OF ACID SULFATE SOIL 

Acid sulfate soils form when pyrite is oxidized to form sulfuric acid and 
other oxidation products. Equation (2) describes the first stage of this process: 

FeS2(s) + ^/202 + H2O -^ Fe2+ + 2 S04^" + 2 H+. (2) 

Buffering during transport through adjacent aquifers, by mineral dissolution, 
may raise the pH of the acid water to between 4 and 7 (Waite and Parker, 
1999). Ferrous iron (present predominantly as free ferrous ion, Fe "̂̂ ) pro-
duced by the oxidation of pyrite may be oxidized further at the pyrite surface 
to ferric [Fe(III) ] iron [Eq. (3) ]. This reaction is negatively pH dependent and 
proceeds much faster if bacteria such as Thiobacillus ferrooxidans are present 
to act as a catalyst for the reformation of ferric iron that drives the oxidation 
process (Christensen and Olesen, 1985): 

Fe^+ + V4O2 -h H+ ^ Fe^+ + V2H2O. (3) 

Ferric iron produced by the oxidation of ferrous iron is susceptible to hy-
drolysis and precipitation as ferric oxyhydroxide: 

Fe^+ + 3 H2O -^ Fe(OH)3(,) + 3 H+. (4) 

If the pH remains low, ferric iron can remain in solution for further oxidation 
of pyrite (Stumm and Morgan, 1996): 

FeS2 + 14Fe^+ + 8H2O -^ 15 Fe^^ + 2S04^- + 16 H+. (5) 

B. DISTRIBUTION OF ACID SULFATE SOIL 

Determining the global extent and distribution of ASS is problematical 
and depends on the criteria used for its definition and the methods used for its 
determination. Pons and van Breemen (1982) estimated that there were 
approximately 12.6 milhon hectares of ASS in the world. Dent (1986) sug-
gested a much larger figure of >100 million hectares of AASS and PASS 
globally. ASS are particularly common in the humid and monsoonal tropics 



3. Suitability of Permeable Reactive Barriers 71 

and subtropics [e.g., for Thailand, see Dent and Pons (1995); for Vietnam, see 
Minh et al. (1997) and Husson et al. (2000); for Indonesia, see Bronswijk et al. 
(1995); for Australia, see Lin and Melville (1992) and White et al. (1996)]. In 
noncoastal or temperate regions, ASS are encountered less commonly [e.g., 
for Finland, see Astrom (1998); for Spain, see Bescansa and Roquero (1990); 
for New Zealand, see Metson et al. (1977); for the United States, see Carson 
and Dixon (1983) and Kraus (1998); for the United Kingdom, see Bloomfield 
(1972)]. ASS vary from one location to the next in the texture of the sedi-
ments, in the degree of PASS versus AASS, and in the extent of acidity stored 
in the profiles. 

The estimates just given did not include any Australian ASS simply be-
cause the soil maps pubhshed at that time did not identify ASS in Australia. 
Even as late as 1989, there were less than five papers pubhshed on Australian 
ASS, although some other nonpublished technical reports existed. Naylor et 
al. (1995) published maps (scale 1:25,000) showing the probable distribution 
of ASS in coastal New South Wales (NSW). These maps, based on physiog-
raphy and limited ground survey, showed a probable distribution in every 
estuary and all coastal lowlands up to about 5 m above mean sea level. The 
total extent of these materials in NSW was of the order of 0.5 milhon hectare. 
Lin and Melville (1992) estimated that there were at least 1 million hectares of 
ASS in Australia based on Galloway's (1982) mapping of coastal mangroves. 
White et al. (1997) proposed 3.5 million hectares of ASS in Australia. 

C. ENVIRONMENTAL IMPACTS 

Acid waters generated from acid sulfate soils can be extremely toxic to 
plants, many invertebrates, and gilled organisms. The extent of the acid 
generation depends on a combination of weather, physiography, hydrology, 
and soil factors (permeability, composition, etc). Long periods of dry weather 
followed by large rainfall events tend to increase acid production within 
drainage waters (Callinan et al., 1993). Such a sequence of events occurred 
in 1987 in the Tweed River on the far north coast of New South Wales, 
Australia. The result was a complete, massive kill of fish, crustaceans, and 
annelid worms along 23 km of the River (Easton,1989). There are approxi-
mately 10,000 hectares of ASS floodplain that could contribute to this acid 
discharge into the affected river section. Unfortunately, no water quality 
measurements are available for that devastating event. However, Easton 
(1989) observed that the affected section of the normally muddy flooded 
river was completely clarified. Clarification occurs because of the high con-
centrations of dissolved aluminium present and can be a feature of ASS 
discharges. Assuming the affected river volume as 2 x 10^ megaliters and an 
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alum dosing requirement of lOOmg/liter, we estimated that more than 2,000 
tonnes of alum was likely to have been discharged in the 1987 Tweed River 
event. Wilson et al. (1999) reported that during the 1992 wet-season dis-
charges into the Tweed River, only minor clarification and other impacts 
were observed, but an estimated discharge of about 1200 tonnes of sulfuric 
acid occurred. 

Callinan et al. (1993) proposed that acid sulfate soil drainage waters with 
low pH and high concentrations of aluminum were responsible for the sea-
sonal recurrence of fish kills and the ulcerative fish disease, epizootic ulcera-
tive syndrome (EUS). Sammut et al. (1995) reported that fish kills by ASS 
discharge are usually caused by rapid damage to gills of the fish due to the 
exposure to elevated concentrations of acidity and aluminium. The affected 
fish asphyxiate even if there is sufficient dissolved oxygen. The increased 
aluminium and acidity cause skin lesions in fish after only minutes of expos-
ure, and the EUS is caused by infection with the fungus Aphanomyces invadans 
(Sammut et al, 1995). EUS, which was first reported in only 1973, is now 
globally the most important disease of fin fish in aquaculture and costs NSW 
commercial fishermen more than $5 million a year (Callinan et al, 1993). 

Acid sulfate soils have caused the removal of many native macrophytes 
and the invasion of acid tolerant plant species (Sammut et al, 1994). Aquatic 
plants have been affected by the direct toxicity of acid and iron floes, which 
have smothered and killed native vegetation (Sammut et al, 1996). There is 
increasing evidence that elevated concentrations of dissolved iron due to ASS 
discharges into coastal waters of southeastern Queensland, Australia, are 
associated with blooms of the cyanobacterium, Lyngbya majuscula (Denni-
son et al., 1997). Toxins from these blooms have been reported to result in 
dramatic reductions in fish populations and are purported to account for an 
increased incidence of tumors in dugongs and turtles. In addition, the toxins 
released by this organism represent a significant health risk to humans, 
causing severe dermatitis and respiratory problems. 

In acid sulfate soil regions, engineered structures are also susceptible to 
subsidence due to the failure of unconsolidated estuarine sediments; corro-
sion and degradation of concrete and metal structures; and reduced water 
flow capabilities in wells, drains, and aquifers due to blocking by metal 
hydroxides (White et al, 2001). Subsidence problems have caused severe 
difficulties and cost overruns in highway construction across acid sulfate 
soils underlain by highly gelatinous clays in northern NSW. This behavior 
is reminiscent of the Canadian "quick clays" (Lessard and Mitchefl, 1985). 

One area of investigation that has not yet been pursued is that of the 
mobilization of trace metals by the formation of AASS. Preliminary meas-
urements show that elevated concentrations of Zn, B, As and sometimes Ni 
and Cu tend to be associated with the oxidation front of the ASS profile. These 
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and other trace metals can be sourced from the parent sediment, particularly 
in dredge material from harbor bottoms or from agricultural chemicals. 

III. CURRENT MANAGEMENT OPTIONS 

Numerous guidelines have been established by government agencies in 
response to problems associated with the occurrence of acid sulfate soils. The 
government response in two states on the east coast of Austraha has been to 
estabHsh advisory committees that provide guidance on technical and policy 
matters [New South Wales Acid Sulfate Soils Management Advisory Commit-
tee (ASSMAC) and Queensland ASSMAC]. These committees have pubhshed 
guidelines for assessing acid sulfate soils (Ahern et aL, 1998; Stone et al., 1998). 
On a smaller scale, local government bodies in NSW are now required to adopt 
local environment plans (LEPs) that address the best management for acid 
sulfate soils. In 1998, a National Working Party on Acid Sulfate Soils was 
formed, and strategies for the management of acid sulfate soils across Australia 
were developed (National Working Party on Acid Sulfate Soils, 1999). 

The management practices that have been used for potential acid sulfate 
soils have typically focused on minimizing acidification by preventing or 
reducing the oxidation of sulfidic sediments (potential acid sulfate soils). To 
avoid the formation of actual acid sulfate soils (and the associated problems 
with acid drainage), it is important to recognize areas where these soils may be 
found and to conduct soil surveys to assess the nature of the soil prior to 
developments. The New South Wales government has undertaken this pro-
cess by identifying all coastal acid sulfate soil areas and producing risk maps 
(scale 1:25,000) to show the acid sulfate soil distribution within the state, 
highUghting land uses that may cause an environmental risk by disturbing the 
soils (Naylor et aL, 1995). 

Where avoidance is not an option, three common techniques are used to 
manage acid sulfate soils: preventing oxidation, neutralization, and leaching. 

The selection of the appropriate management technique or combination of 
techniques is dependent on the relative economics and practicalities of the 
various options. 

A. PREVENTING OXIDATION 

1. Burial of Acid Sulfate Soils 

Anoxic conditions can be obtained by placing a thick layer of clean, 
nonacidic soil over the acid sulfate soils. This nonacidic soil cap should 
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prevent oxidation of sulfidic sediments and slow the amount of acid being 
discharged from already oxidized soils. A continual water cover over the land 
can also be used to prevent further oxidation. To prevent the soil from 
oxidizing again, it is essential that the water cover remains on the land 
(Sammut, 1996). Nevertheless, in highly oxidized and very acidic acid sulfate 
soils, the presence of high concentrations of dissolved ferric iron can maintain 
some pyrite oxidation even after reflooding. 

2. Design of Drainage Systems 

Oxidation of sulfidic layers can be minimized by carefully designed drain-
age systems. White et al. (1997) suggested that soils with sulfidic layers at 0.5 m 
or less below soil surface or with acidic surface soils devoid of vegetation 
should be left undrained and returned to wetland conditions. However, soils 
with deeper sulfidic layers (0.5 to 2.0 m) should have carefully designed 
drainage systems, including treatment of any discharge. Soils with sulfidic 
layers greater than 2 m below soil surface can be drained with minimal oxida-
tion of sulfides, provided drains are cut at least 1 m above the sulfidic layer. 

White et al. (1997) also suggested that a series of broad shallow drains 
might improve the removal of excess surface water from agricultural land 
without oxidizing potential acid sulfate soils at depth. Laser leveling is 
commonly used on sugarcane and tea tree {Melaleuca alternifolia) farms 
(White et al., 1999). Laser leveling allows efficient removal of surface water 
to drains. Instances of water logging are therefore reduced, without causing 
drawdown of the groundwater table. In clayey acid sulfate soils under sugar-
cane, elevation of the shallow groundwater table is controlled by evapotran-
spiration by the crop, not by the drains (White and Melville, 1993). If the 
groundwater table is maintained at a constantly high level in sandy ASS, the 
chance of pyrite oxidation in the soil and subsequent acid generation is 
reduced significantly (Blunden and Indraratna, 2000). 

B. NEUTRALIZATION 

Neutralization is a reaction between acidic water and an alkaline agent. 
A number of materials can be apphed to neutralize acid sulfate soils. Lime is 
the most common neutralization agent in use. However, other materials, such 
as seashells (Brandjes and Lauckner, 1997) and seawater-neutralized bauxite 
refinery residues (McConchie and Clark, 1999; discussed in more detail later), 
have been used or suggested. Other materials are available, but due to their 
cost or possible downstream impacts are not used commonly (see Section 
IV,C). 
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1. Addition of Lime to Soils 

Liming is practiced widely throughout Europe, Austraha, and Asia in the 
management of acid sulfate soils. On broad-acre agricultural land, large-scale 
liming treatment is expensive due to the enormous quantities of lime required 
for the neutralization of soils. Dent (1992) suggested that raising the pH of the 
soil above 5 should be sufficient to avoid most acid sulfate problems. White et 
al. (1997) found the cost of liming a 400-ha property to be $13 milHon dollars. 

2. Addition of Lime to Surface Waters 

Work in northern New South Wales has demonstrated that many acidic 
discharges occur from soils close to drains and are dependent on the level of 
the water table (Wilson et al, 1999). Perhaps a more economical (yet still 
expensive) technique to treat acid soils is to lime the drains, rather than the 
whole drained area (White et al, 1997). 

The placement of coarse lime within a drainage channel or the scatter of 
fine lime to surface water is a common management technique for the treat-
ment of acidic waters. These techniques use treatment structures referred to as 
open limestone channels (OLCs). They offer a short-term solution but require 
high amounts of maintenance. The main problems with OLCs as a treatment 
technique are (1) clogging with sediment, (2) dissolution of limestone during 
large rainfall events, and (3) armoring of limestone with iron hydroxides. This 
technique has been used recently in the treatment of acid waters generated 
during the construction of the Pacific Highway in northern NSW. 

3. Dilution 

Dilution of acid waters involves the addition of nonacidic water to raise the 
pH. Dilution can control the pH of acid water discharged into downstream 
waters. Dilution techniques are normally facilitated using a storage reservoir 
with a regulated discharge point. It is anticipated that by controlling the 
release of acid into the environment, there will be sufficient time for the acid 
water to be diluted further with other downstream waters, such as seawater, 
before there is an environmental impact. With seawater, a complementary 
strategy to dilution is the neutralization of acid water by the bicarbonate 
present in seawater. 

C. Leaching 

Natural processes can leach acid sulfate soils. However, faster leaching 
rates can be obtained using a "raised bed" technique. This technique involves 
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Figure 1 Cross section showing raised-bed treatment of acid sulfate soils. 

controlled oxidation of sulfidic material within soils and careful leaching to 
remove the oxidation products. Often, leaching will involve the excavation of 
actual or potential acid sulfate soils into raised stockpiles, above the water 
table (Fig. 1). The excavated soil should be permeable so that acid water will 
be flushed from the stockpile when flooded. To prevent contamination of 
groundwater and streams, the stockpile should be located some distance away 
from any fresh water, and the base of the stockpile needs to be guarded with 
impermeable materials. Drains can be located at the base of the stockpile to 
promote oxidation and efficient removal of the effluent. The time required to 
complete oxidation and leaching is unpredictable and is inffuenced by factors 
such as rainfall, temperature, wind speed, and the size and shape of the 
stockpile (White and Melville, 1993). For success in this technique, it is 
important that oxidation, leaching, and effluent removal be accompanied 
by careful water monitoring and treatment. 

This technique may be economically viable and/or environmentally ac-
ceptable for extensive agricultural developments or low-cost construction 
projects if the reserves of acidity are low and acid leachate containment and 
neutralization can be managed satisfactorily (Bowman, 1993). A range of 
crops such as yam, sugarcane, and cassava have been grown successfully on 
raised beds in the Plain of Reeds, Vietnam (Bowman, 1993). 

IV. PERMEABLE REACTIVE BARRIER OPTIONS FOR 
ACID SULFATE SOILS DISCHARGE MANAGEMENT 

Any system chosen to treat acid waters generated from acid sulfate soils 
regions will need to be thoughtful of existing and future land uses. Treatment 
technology will ultimately be used principally by farmers in the agricultural 
industry and developers in the construction industry. Therefore, systems that 
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are inexpensive, need little maintenance, and utilize small amounts of land are 
essential. 

The focus of the following section is on the application of permeable 
reactive barrier (PRB) technology, a technology commonly appHed to resolve 
groundwater contamination and acid mine drainage problems but not used as 
yet to address more "broad-acre" problems. PRBs are passive, in situ water 
treatment constructions, and should not require continuous chemical inputs. 
PRB technology is not a new concept and has been used in the mining 
industry for treating specific waste streams since the early 1980s. Pearson 
and McDonnell (1975) conducted some of the early research that recognized 
its application in the management of acid mine drainage runoff. 

The following sections describe the existing approaches to the treatment of 
acid mine drainage using PRB technology and provide an assessment, as well 
as some preliminary design possibilities, for application to acid sulfate soils 
drainage waters. 

A. CALCAREOUS REACTIVE BARRIERS 

A range of chemicals could be considered for use within a PRB. However, 
the most commonly used material is limestone due to low cost and high 
availabihty. Four types of calcareous reactive barriers of potential use in 
acid sulfate soils regions are described briefly. 

Protons and dissolved carbon dioxide [C02(aq)] in the water promote 
limestone dissolution [Eqs. (6) and (7)]. Bicarbonate alkalinity is thus 
added to the system and the pH is increased. The notation for dissolved 
CO2 is H2CO3 [Eq. (8)]. This includes both C02(aq) and carbonic acid 
(Stumm and Morgan, 1996): 

CaC03(s) + 2H+ -^ Ca^+ + H2CO3 (6) 

CaC03(s) + H2CO3 -^ Ca^+ + 2 HCO3" (7) 

C02(aq) + H2O ^ H2CO3 (8) 

Major problems associated with use of calcite are its low solubihty 
(p^caicite = 8.35; Morcl and Hering, 1993) and armoring effects. On exposure 
to O2 the following reaction can occur: 

Fe3+ + 3 HC03-(aq) -> Fe(OH)3 + 3 C02(aq). (9) 

As iron(III) oxyhydroxides precipitate, the limestone undergoes armoring. 
The rate of limestone dissolution and alkalinity production is therefore 
decreased as armoring increases (Sun et aL, 2000). 
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1. Open Limestone Channels 

Open limestone channels (OLCs) are constructed by placing coarse lime-
stone into a drainage channel. Problems with hindered reactivity and permea-
bility of the limestone due to clogging with metal hydroxides are encountered 
commonly (Pearson and McDonnell, 1975; Ziemkiewicz et al., 1997). 

In a study of eight field drains and associated laboratory studies, Ziemkie-
wicz et al. (1997) recommended that OLCs should have a slope of greater 
than 20% to prevent armoring and to keep the limestone active. Rose and 
Laurenso (2000) found that channels with less gradient can be used effectively 
if the channel material is disturbed periodically (e.g., driving a small tractor 
with a cultivator attachment along the channel). The coatings could then be 
dislodged from the limestone and washed away, although attention should 
be given to the end fate of these washings as they will be high in iron, 
aluminium, and possibly other trace elements of potential deleterious bio-
logical impact. This procedure would depart from a passive system and the 
cost benefits would be large (Rose and Laurenso, 2000). This technique has 
been used in the treatment of drainage from acid sulfate soils (see Section 
III,B). 

2. Anoxic Limestone Drains 

Anoxic limestone drains (ALDs) are buried cells of limestone that treat 
anoxic waters (Turner and McCoy, 1990). The ALD should be buried under-
neath an impervious layer of material that prevents inputs of oxygen into the 
system and maximizes the accumulation of carbon dioxide (Fig. 2). At a pH 
less than 6 and under anoxic conditions, the limestone within the ALD will 
not be coated or armored with iron hydroxides because Fe^^ does not usually 
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Figure 2 Typical cross section of an anoxic limestone drain. 
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precipitate [as Fe(OH)2(s), FeC03(s), etc.] under such conditions (Skousen, 
1997). Bicarbonate alkalinity is added to the water as it flows through the 
ALD and limestone dissolves. Subsequent aeration and ponding of the 
discharge from the drain result in the precipitation of metal oxyhydroxides 
[Eq. (9)]. 

Continued sustainability of an ALD system is a concern. Potential clog-
ging of the ALD with metal hydroxides given sufficient concentrations of 
Fe^" ,̂ A P + , and dissolved oxygen in the water poses a serious threat to the 
longevity of the system. 

A number of ALDs have been operating successfully in the United States 
(Nairn et al, 1992; Watzlaf et aL, 2000; Skousen et al., 1999; Hedin and 
Watzlaf, 1994). There have also been ALD failures such as that located at the 
Jennings Environmental Center in Pennsylvania. Watzlaf et al. (2000) 
reported that flow through the ALD decreased within 6 months of operation. 
This was thought to be a result of iron and, more significantly, aluminum 
oxyhydroxides clogging the system. 

Brodie et al. (1993) have suggested guidelines for ALD design, and results 
indicate that problems with armoring can be overcome if a drain is con-
structed properly. The main problem with using an anoxic drain for acid 
sulfate soils drainage waters is that water will be primarily oxic and a pretreat-
ment will be required to remove the dissolved oxygen. This chapter describes 
two alternative methods. 

3. Oxic Limestone Drains 

An Oxic limestone drain (OLD) is similar to an ALD; however, it is 
designed to treat water that contains dissolved oxygen and ferric iron (iron 
that has been oxidized) in a one-stage operation. The partial pressure 
of C02(Pco2) is increased due to the drain being covered, hindering its 
escape. Consequently, there is higher limestone dissolution and alkalinity 
produced in this system compared to a limestone system open to the atmos-
phere. 

Cravotta and Trahan (1999) undertook a field investigation into the treat-
ment of acid mine drainage with OLDs in Pennsylvania and found that they 
were effective for neutralizing oxic, relatively dilute acid mine drainage 
(O2 >lmg/liter, acidity <90mg/liter). Results of the study show that a 
residence time of 1-3 h was sufficient for nearly complete oxidation of Fe "̂̂  
in an OLD and for decreasing concentrations of dissolved A P + , Fe^" ,̂ 
Fe^+, Mn^" ,̂ and trace metals (<5mg/liter). It was found that a fraction 
of the hydrous oxides were transported as suspended particles as water 
flowed rapidly (v = 0.1 to 0.4m/min and residence time <3.1 h) through the 
OLD. 
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An OLD system could be used in acid sulfate soils regions; however, 
careful design will be needed to prevent metal oxyhydroxide clogging. Perfor-
ated subdrains could be used to prevent clogging of an OLD with metal 
oxyhydroxides (Cravotta and Trahan, 1999). 

4. Alkalinity Producing Systems 

An Alkalinity producing system (APS) is a vertical flow pond where 
water flows from the surface of the APS through organic matter and lime-
stone layers (Fig. 3). This configuration ensures that the incoming waters 
exhibit reducing conditions prior to entering the limestone, thus minimiz-
ing clogging as a result of metal oxyhydroxide formation. Water leaves 
the system via a drainage network located at the bottom of the pond. Vari-
ations of these systems have been designed with a series of limestone and 
drainage layers. A system known as the reverse alkalinity producing sys-
tem (RAPS) is essentially a pond with an inflow at the bottom and an 
upflow through organic matter and limestone (Fig. 4) (Faulkner and Skou-
sen, 1995). APSs are typically drained into an aerated pond where metals 
precipitate. 

APS have been used successfully in the United States (Watzlaf ê  a/., 2000; 
Kepler and McCleary, 1994). Perhaps the most significant problems in using 
an APS in an acid sulfate soil environment is the large land area necessary, the 
gradient of the land (hydraulic head of water required to force water through 
the organic matter of a RAPS), and the exposure of more pyrite by construct-
ing a pond. 

Inflow 

Subdrain 

Figure 3 Typical cross section of an alkalinity producing system. 
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Figure 4 Typical cross section of a reverse alkalinity producing system. 

B. OTHER MATERIALS 

Considerable scope for innovation exists when considering neutraliz-
ing agents other than calcium carbonate. Materials that have been used 
with varying success at mine sites include alkaline tailings liquor, fly ash 
(multiple metal oxides, carbonates), red mud from alumina operations, 
quicklime (CaO), hydrated lime [Ca(OH)2], calcium peroxide (Ca02), dolo-
mite [CaMg(C03)2], magnesite (MgCOs), caustic magnesia (MgO), witherite 
(BaCOa), hydroxyapatite [Ca5(P04)30H], sodium orthosilicate (Na4Si04), 
and alkaline paper-pulp residues (Taylor et al., 1997). Parker et al. (1999) 
have considered the application of fast-weathering silicate minerals to the 
neutralization of acid drainage. Olivine [(Mg, Fe)2Si04] is one of the more 
reactive silicate minerals, and its ability to neutralize acids is well known 
(Schuiling, 1998; Jonckbloedt, 1998). This mineral has almost four times the 
neutralizing capacity of carbonates, although its significantly slower rate of 
dissolution would appear to render it useful in only slow seep situations 
(Alpers and Nordstrom, 1990). 

Application of red mud bauxite refinery residues to the treatment of 
wastewaters has been of particular interest for sometime, both because of 
the recognized high adsorptive capacity of its constituents (principally hema-
tite, quartz, gibbsite, calcite, sodalite, and whewellite) and because of the 
attraction of using an abundant waste product for the treatment of other 
wastes (Couillard, 1982; Ho et al, 1992). This waste product typically exhibits 
pH values in the vicinity of 13 and must be neutralized before it can be 
transported and appHed. Various neutralizing agents have been proposed, 
including calcium sulfate (Lopez et al, 1998) and seawater (McConchie et al, 
1996). The seawater-neutralized material stabilizes at a pH of around 8.5 and 
has been shown to have a high trace metal-trapping capacity (> 1000 meq/kg) 
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and a high acid neutrahzation capacity (3.5 mole/kg) (McConchie et al, 
1997) arising both from the original constituents and from the additional 
precipitates formed on neutralization (which include calcite, aragonite, whe-
wellite, cancrinite, fluorite, portlandite, boehmite, gibbsite, hydrocalumite, 
hydrocalcite, and/?-aluminohydrocalcite). McConchie et al. (1999) suggested 
that the seawater-neutralized red mud could be (1) blended with acid sulfate 
soil materials to prevent acid generation or (2) used to form reactive barriers 
to prevent acidic water entering drains or natural watercourses. The possibil-
ity also exists of pelletizing the material and using it in PRB construction. Of 
some concern is the possible mobihzation of contaminant metals contained 
within this waste material on exposure to acidic drainage waters. 

V. DESIGN CONCEPTS FOR A CALCAREOUS 
REACTIVE BARRIER 

An oxic limestone drain (as described in Section IV,A,3) has been pro-
posed as one means of mitigating acidic discharge from a sugarcane farming 
area affected by acid sulfate soils in far northern New South Wales, Australia 
(28°18'S and 153°3rE). The reactive barrier will treat water from the 
McLeods Creek catchment, which is a right bank tributary of the Tweed 
River (Fig. 5). The climate in this region is subtropical with an average annual 
rainfall of 1400 mm. As can be seen from Fig. 6, summers are warm to hot 
with high rainfall and winters are warm and dry. 

A. CHARACTERISTICS OF ASS AND THEIR NEAR-SURFACE 
GROUNDWATER AT THE MCLEODS CREEK STUDY SITE 

In order that a better understanding can be given of our trial application of 
PRB to remediation of ASS discharges, we now present some details of the 
ASS materials and the near-surface groundwater at our McLeods Creek 
study site. 

McLeods Creek has been channelized and now discharges into the Tweed 
River anabranch, Stotts Channel, via a set of one-way (outward) flap gates 
that stop tidal inundation of the floodplain. A schematic of the McLeods 
Creek catchment is shown in Fig. 7. The "ASS Risk Maps" of Naylor et al. 
(1995) show that almost the entire Tweed River floodplain and coastal 
lowlands are acid sulfate soils [i.e., areas below 10 m relative to Australian 
Height Datum (AHD), where 0 m AHD is approximately mean sea level]. The 
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Figure 5 Location map of OLD study site: McLeods Creek catchment in northern New South 
Wales, Austraha. 

McLeods Creek floodplain backswamp and toe of the fluviatile levee along 
Stotts Channel are typical clayey ASS. Analysis of sediment along transects 
of deep drill holes across the Tweed valley has been completed by Roman 
(2000). These analyses show that most of the sediment is of marine origin, 
deposited in a tidal lake that formed after a coastal dune barrier formed from 
about 7000 years B.P. 

The drill site material from McLeods Creek (Fig. 8) shows the typical clay 
gel PASS (layer C) moisture contents, bulk density, and pH from above 8.3 m 
depth (-7.7 m AHD) to 1.35 m depth (-0.75 m AHD). Above the PASS to 
the ground surface (0 m depth; + 0.6 m AHD) is the AASS (Layers A, B, and 
the transition zone). Below the Holocene-age AASS and PASS (below 8.3 m 
depth) is Pleistocene-age sediment. Figure 9 shows (from Leco-Furnace and 
XRF analyses) that the PASS material is fairly uniform with respect to sulfur 
content (about 2.5% Leco-S). Other Leco-S analyses show that nearly all of 
this is reduced sulfide minerals, and XRD analysis confirms this to be pyrite. 
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Figure 6 Minimum and maximum temperatures and rainfall for the McLeods Creek catchment 
for the period March 2000-March 2001. 

PASS material has a very high water content and is highly mobile with very 
little load-bearing capacity. Indeed, the instability of this layer causes sign-
ificant problems in developing these regions. Oxidation of the surface layers 
of this gel material appears to lead to rapid structure change, resulting in 
compaction. Such changes are possibly associated with the high concentra-
tion of ferrous iron that is generated at the surface of the gel layer as a result of 
oxygen penetration and which leads to compression of the double layers 
associated with the high surface charge clay particles making up the gel. 
Further studies of the link between geochemical transformations of this gel 
material and its geotechnical properties are underway. 

The near-surface stratigraphy (about - f lm to - 2 m AHD) of ASS at 
McLeods Creek is presented for transects of profiles (A-B, Fig. 10a; and 
C-D, Fig. 10b). Nearly 200 such ASS profiles at McLeods Creek have been 
measured for various purposes since the early 1990s. It is clear that AASS 
exist across the entire floodplain, except on the narrow fluviatile levee, such as 
close to C (Fig. 10b). 



3. Suitability of Permeable Reactive Barriers 85 

Outflow - Tweed River 
uC 

Sub-
catchment 

Scale 

N L 500m J 

McLeods Creek 
catchment boundary 

Legend 

Major field drains 
Direction of flow for a 
major field drain 
Outflow pump and 
location of OLD 
X-Sectional Transect 

X-Sectional Transect 

Figure 7 Schematic of the McLeods Creek catchment showing major field drains, location of the 
OLD test site, and location of transects (see Figs. 10a and b). 

The floodplain at McLeods Creek was drained and cleared of its natural 
forest/swamp vegetation in the early 20th century to be used for dairying. 
Since about 1960 the area has been drained further for sugarcane production. 
In 1993, there was about 100 km of drains in the 450 ha of the McLeods Creek 
floodplain (Yang et al., 2000). It is important to note that while this is entirely 
an ASS landscape, and has been associated with major acid discharges, it is 
one of the most productive sugarcane areas in NSW. 

Detailed chemical analyses of the porewater (representing the near-surface 
groundwater) have been obtained by van Oploo (2000) at various McLeods 
Creek sites using dual-face, dialysis membrane (0.45 fxm pore size) porewater 
samplers (also known as "peepers"). These devices, containing anoxic, MiUi-
Q water, are inserted into the ASS profile below the water table and are 
allowed to equilibrate for 7 days. After equilibration, the peeper is removed 
and the solution (about 8 ml) from each cell (at 20-mm depth increments) is 
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Figure 8 Bulk density, moisture content, and saturated soil pH as a function of depth for soils at 
the McLeods Creek test site. 

withdrawn by syringe pipette, acidified with HNO3, and quickly refrigerated 
or frozen prior to transport to the laboratory. Analyses by ICP-optical 
emission spectrophotometry were made for dissolved metal ions and dis-
solved sulfate. 

Potentiometric chloride concentration, pH, and electrical conductivity 
were also measured on these samples. At the time of peeper removal in the 
field, an ASS core was taken adjacent to the peeper (within 1 m) using a 
bucket auger in the topsoil and a soil gouge below the water table. Redox 
potential and pH were measured immediately (Fig. 11) at elevations equiva-
lent to the peeper using intermediate junction, glass spear electrodes inserted 
into the sediment (TPS field meters and lonode electrodes). The usually sharp 
oxidation front, here at approximately -0.55 m AHD, is evident in Fig. 11. 
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Figure 9 Sulfur content of sediments at McLeods Creek site as determined by Leco furnace and 
X-ray fluorescence (XRF). 

Peeper devices are each only 1 m in length so that to obtain pore-water 
profiles spanning greater depths below the water table and providing some 
replication, nests of three peepers inserted to different depths were used. Such 
nested results (for soil profiles D, E, and F) for a range of ion species are 
presented in Fig. 12. The dissolved ion species within the concentration 
profiles are the direct products from pyrite oxidation (Fe and S) and the 
reaction products from acid attack on the host aluminosilicate clays and 
other mineral components of the estuarine sediments. Other peeper results 
obtained show that the magnitude and position of soluble species concen-
tration profiles vary, depending on the antecedent hydrological conditions. 
For instance, prolonged dry periods followed by moderate rainfall give larger 
total concentrations at higher elevations in the ASS profile. A similar re-
sponse occurs after harvesting the perennial sugarcane crop and small rain 
events because of the marked reduction in the evapotranspirative control on 
the water table elevation. 

Van Oploo (2000) showed that these concentration profiles below the 
oxidation front could develop by downward diffusion over about 30 years, 
the approximate time since sugarcane was first grown at the site. Upward 
movement through the ground surface and into runoff, in response to 
rain-fed, near-surface water table dynamics, leaches out these soluble ion 
species, resulting in the presence of acidic oxidation products in the drainage 
water. 
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Figure 10 Near-surface stratigraphy (about +1 m to - 2 m AHD) of ASS at McLeods Creek for 
transects (see Fig. 7) of profiles (a) A-B and (b) C-D. 
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Figure 11 Field-measured profiles of pH (profiles D and F) and Eh (soil core) of acid sulfate soil 
at the McLeods Creek site. 

The magnitude of the existing, leachable acidity (soluble plus exchangeable 
acidity species) can be measured by the depth-weighted "total actual acidity" 
(TAA; Konsten et ai, 1988) on representative samples from the ASS profile. 
For McLeods Creek canelands the mean value (from n = 45 profiles) is 47.4 
tonnes of sulfuric acid equivalent per hectare. For ASS with predominantly 
pastureland in the adjacent Cudgen Lake catchment, the mean value (n = 20) 
is 44.1 tonne/ha. The overall mean value for these 65 ASS profiles is 46.4 
tonnes H2S04/ha (generalized to approximately 50 tonnes/ha). Estimates we 
have made (e.g.. White et ai, 1997) suggest that acidity discharges from these 
sorts of sugarcane and pasture ASS landscapes are of the order 0.1 to 0.3 
tonne H2S04/ha/year. Given the large total areas of ASS involved with these 
coastal catchments (e.g., about 15,000 ha for the Tweed River catchment), 
there is a major need for the management of existing acidity discharge, as well 
as for avoidance in the creation of any new acidity from the huge potential 
acidity represented by the pyrite in the sulfidic sediment (Fig. 9). 

B. HYDROLOGY AND ACIDITY MANAGEMENT OF ASS 

SUGARCANE LANDSCAPES 

The dynamics of acidity formation and discharge from ASS landscapes is a 
function of the hydrological behavior of the catchment system (e.g.. Walker, 
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Figure 12 Concentrations of selected parameters in fluids extracted from soil profiles (D, E, and 
F) using "peepers." 
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1972; White and Melville, 1993; White et ai, 1997; Wilson et al 1999; Cook et 
al., 2000). Detailed hydrological studies at McLeods Creek reported by 
Wilson et al. (1999) show that acidity discharge is predominantly from very 
rapid, upward vertical movement of the acidity in the ASS profile in response 
to rain and its transfer into the caneland drains. Laser leveling of cane fields to 
minimize rain infiltration and incorporation of surface organic mulches after 
harvest to absorb acidic species are management options being trialed to 
maximize acidity retention in the landscape. The very small hydraulic con-
ductivities and heads between the centers of cane paddocks and the drains 
ensure that the lateral flow of acidity through the ASS landscapes to drains is 
small. However, the exposed drain batters and contiguous ASS profiles (< 
1 m from drains) do provide direct inputs of acidity so that in-filling of 
unnecessary drains, and ground limestone application to remaining drains, 
is a practicable management option now being applied in the cane industry 
(see White et al., 1997). The acidity in the minor field drains is transferred to 
Stotts Channel via McLeods Creek, with partial neutralization in the lower 
creek section from brackish water that leaks through the tidal flap gates at the 
outlet. Within these sorts of sugarcane drainage systems, and other landscape 
sites such as wetlands, the principles of PRB have scope for development and 
application to control the slow leakage of any acidity generated by minor rain 
events. Major flows, such as in McLeods Creek, require rapid active acidity 
management such as can be provided by lime-dosing equipment. 

C. PRELIMINARY DESIGN CONSIDERATIONS 

As indicated earlier, OLDs represent potentially low-maintenance systems 
capable of treating small volumes of oxygenated discharge waters from acid 
sulfate soils. Such permeable reactive barriers can be installed with minimal 
disturbance to the existing land use. Important design issues in transferring 
OLD techniques from acid mine drainage applications to acid sulfate soils are 
addressed in the following sections. 

1. Hydrology 

The subcatchment in which the reactive barrier will be located is approxi-
mately 100 ha in area. The land is used for sugarcane farming, and numerous 
field drains are designed to remove flood waters to ground level within 24 h. 
Two pumps are located at the most downstream point to ensure quick 
removal of water from the OLD catchment to Stotts Channel, which runs 
into the Tweed River. There is minimal slope, thus large flow rates cannot be 
generated without substantial earthworks or pumps. While this is not an issue 
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for flows through the OLD (as slow flow rates are required), there is concern 
that there will not be enough pressure head during flushing to agitate and 
remove the metal hydroxide from the drain. 

Flow rates and volumes vary throughout the year on the cane field, 
depending on rainfall, soil moisture, cane development, and evaporation. 
While no gauging has been undertaken, estimates obtained from pumping 
rates used to minimize flooding at periods of high rainfall suggest that flows 
may range from zero to approximately 300 liter/s at the major outlet to Stotts 
Channel. If pumping were maintained for, say, 12 h over the wettest month of 
March, this would correspond to a total discharge of around 13 MegaUtres 
for this month. Variable flow significantly complicates design of the OLD, as 
there are periods of excess water when water bypass will be required and 
periods of insufficient water supply when saturation of the OLD will not be 
maintained. 

During dry periods it is important that the OLD remains saturated. The 
metal hydroxide floes formed when the acid water reacts with limestone will 
remain suspended or loosely attached to the limestone surface as long as an 
aqueous phase is present; however, in the absence of a liquid phase, the iron 
oxides will form highly impermeable deposits on the limestone, which will 
hinder reactivity and permeability (Ziemkiewicz et al, 1996). 

During a large storm event, water will need to leave the site as sufficient 
land for storage will not be available. It is thus important to determine periods 
of a storm that need to be treated through the OLD (see Section VA2). 

2. Water Quality 

One of the major design requirements of a permeable reactive barrier for 
acid sulfate soils drainage treatment is the development of a system that will 
operate successfully over a range of flow volumes and acidities. It has been 
reported that major acid outbreaks occur after a long drought period 
followed by heavy rains (Callinan et al, 1992). It is unclear, however, which 
portion of the hydrograph is most problematic. Is it necessary to treat the 
large flows associated with the hydrograph peak or is this component mainly 
surface runoff*, which does not require treatment? Might the recession flows, 
when the extent of infiltration is greatest, be more active in transporting acid 
to the drainage channels and out of the system? 

Wilson (1995) showed that large rises of the water table can be associated 
with relatively small rainfall events because of the low porosity of the soil. He 
found that a number of small rainfall events can gradually increase acidified 
water released into surface drains if prevailing conditions are suitable, while 
the large rainfall events did not always produce significant acidification of 
receiving waters, despite the larger flow volumes. It was shown that the 



3. Suitability of Permeable Reactive Barriers 93 

position of the water table, available pore space, and store of acidic water 
behind floodgates can influence changes (Wilson, 1995). Sullivan and Bush 
(1999) also found that rapid acidification of drainage water could result from 
moderate rainfall. It has also been suggested by Sammut et al. (1996) that a 
delayed pulse of acid could be generated as a result of the mixing of mono-
sulfides, formed in the base of drainage channels, with aerated runoff" waters. 

Scenarios such as these are being investigated intensively in predesign 
monitoring of the McLeods Creek catchment. Continuous monitors have 
been installed in the drainage channels, and data on water depth and quahty 
(pH, EC, and temperature) are currently being collected. An example of data 
obtained from one of these continuous monitors through rainfall periods is 
shown in Fig. 13. 

In this example, the pH is observed to drop from around 6.5 to approxi-
mately 4 on occurrence of a relatively small rainfall event. Interestingly, the 
pH remains low for a considerable time after the rainfall has ceased, suggest-
ing the continued input of groundwater into the drainage channel. 

Results from a second station are shown in Fig. 14. In this case, data for 
two time periods are reported with the first set (Fig. 14a) shown for a period of 
about 8 days while a second set lasting over 80 days is shown in Fig. 14b. For 
the shorter set, water depth in the drainage channel is also shown and reveals 
that the pH drops early in the hydrograph and is maintained low both during 
and well after peak flow. This result suggests that any PRB installed to 
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Figure 13 Continuous water quality record in a farm drain adjacent to McLeods Creek showing 
changes in pH through a rainfall event. 
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Figure 14 Results of continuous monitoring in field drains in the McLeods Creek catchment 
over (a) short and (b) long duration. 
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treat acid discharge would either have to cope with a very wide range of flows 
or be selective in which portion of the hydrograph is treated. This issue is 
discussed further in Section D. 

In addition to continuous monitoring of a limited number of parameters, 
drainage waters in the McLeods Creek catchment have been obtained by 
near-surface grab sampling and analyzed for a wide range of chemical par-
ameters. Electrical conductivity, pH, dissolved oxygen, redox potential, and 
temperature were measured at the site while samples were appropriately 
preserved for later analysis of major and minor anions and cations. In 
addition, acidity tests were performed on the samples in most cases within 
1 h of collection. Titrations were conducted with NaOH and hot peroxide to 
end point 8.3, as stated in the American Public Health Association (1998) 
Standard Methods. Titrations were also conducted to end point 5.5, as this is 
the standard end point for acid sulfate soil acid tests. 

The median, minimum, and maximum concentrations of selected param-
eters in samples obtained twice daily for 20 consecutive days in March and 
April 2001 are summarized in Table I. 

Reasonably high concentrations of iron, aluminum, and silicon are ob-
served at times with median concentrations of 2.4, 5.8, and 27.2mg/liter, 
respectively. These median concentrations of iron and aluminum are well 
above the levels of 1 mg/liter for each element purported to cause armoring 
problems in anoxic limestone drains (Hedin et al., 1994), although Cravotta 
and Watzlaf (Chapter 2) suggest that OLDs may remain effective for 
extended periods of time, even in the presence of Fe and Al in the 1- to 
5-mg/liter range. These authors suggest that, provided the calcite surfaces 
remain moist, the iron and aluminum oxyhydroxide coatings remain rela-
tively loosely attached and can be sloughed off. The high levels of silicon 
observed ,however, are of particular concern as polymeric iron silica and 
alumina silica coatings would be expected to be particularly troublesome. 

The potential for serious armoring problems supports the proposal that an 
enclosed oxic limestone drain rather than an open limestone channel is 
preferred when treating acid sulfate soils discharge because (1) it will be easier 
to maintain saturated conditions and (2) the higher Pco2 that will occur under 
enclosed conditions should result in more rapid calcite dissolution with a 
resultant "refreshing" of the surface of the neutralizing agent. Additional 
means of limiting armoring are also possible. For example, use of mixtures of 
calcite and magnesite (MgO) could limit the production of particularly 
troublesome aluminite [Al2(S04)(OH)4 • IH2O] coatings due to the precipita-
tion of MgS04. It is clear that a suitable flushing system wiU need to be 
incorporated into the drain design. In addition, consideration will need to be 
given to the disposal of any material generated in the flushing process, as it is 
certain to exhibit a high metal content. An alternate approach to the use of a 
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Table I 

Water Quality Data from March and April lOOl** 

Parameter 

pH 

DO (ppm) 

EC (mS/cm) 

Redox (mV) 

Temperature (°C) 

Acidity 5.5 (mg/liter CaCOs) 

Acidity 8.3 (mg/liter CaCOs) 

CI (mg/liter) 

S02- (mg/liter) 

S (mg/liter) 

Fe2+ (mg/liter) 

Fe (mg/liter) 

Al (mg/liter) 

Ca (mg/liter) 

K (mg/liter) 

Mg (mg/liter) 

Mn (mg/liter) 

Na (mg/liter) 

Si (mg/liter) 

TV 

41 

37 

40 

25 

40 

38 

41 

41 

41 

41 

41 

41 

41 

41 

41 

41 

41 

41 

41 

Median 

3.9 

6.1 

3.6 

363 

26.7 

35.8 

53.8 

776 

619 

202 

1.7 

2.4 

5.8 

65.2 

14.3 

114 

1.5 

473 

27.2 

Minimum 

3.3 

3.3 

0.6 

149 

19.3 

< 0 

< 0 

114 

152 

41.6 

0.1 

0.1 

0.1 

13.9 

2.1 

18.4 

0.2 

64.3 

11.0 

Maximum 

5.2 

11.0 

6.0 

486 

34.5 

106 

142 

1504 

938 

295 

4.7 

6.6 

11.0 

103 

32.0 

179 

2.7 

920 

32.9 

The location of sampling was at the site at which the OLD is being installed within the McLeods 
Creek catchment. 

flushing system is to design the barrier in a modular manner such that 
segments can be replaced once fouled. Such an approach, while negating 
the passive treatment concept, minimizes the release of potentially trouble-
some iron and aluminum solids to receiving waters. Both options are being 
implemented in the current investigations. 

D. CONCEPT DESIGN 

Two OLD systems will be installed within the McLeods Creek catchment. 
One OLD is a modular system in which segments (particularly those that 
become clogged or inactive) can be removed periodically while the other is 
nonmodular (Fig. 15). The nonmodular system is a design that is typical for 
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Modular OLD 
plan View 

300mm dia. flanged pipe 
Fill units with 50-75mm 
limestone - 96% CaCOa 

Valves 

Joints connected with 
2 flanges and 
perforated plates outflow 

pipe 

Non-Modular OLD 
Vertical Cross Section 

Ground level 
A Top soil 

Monitoring ports 20m 
Limestone is wrapped in 
plastic and geotextile 

OLD Outflowr— 
Subdrain | L I 

Perforated Subdrain 

Unoxidized soil Not to Scale 

Figure 15 Schematics of modular and nonmodular permeable reactive barriers being trialed at 
the McLeods Creek test site for treatment of acid sulfate soils discharge. 

OLDs and ALDs. Limestone will be buried within the soil and wrapped in 
plastic and geotextile to form a gas and water impermeable unit. The soil that 
will be displaced in burying the limestone is a clay that will be used to provide 
a soil cap over the OLD. This soil is typically partially oxidized and will need 
some lime treatment prior to use. A perforated subdrain will be installed at 
the base of the OLD, and trials using valves and/or pumps will be undertaken 
to examine the ease of flushing of metals oxyhydroxides from the system. 
Investigations into the use of different flushing techniques, such as building 
up pressure in the system by capping the outflow, pumping, mixing, pulsing, 
or baflling, will be undertaken. The addition of chemicals to the system to 
assist the flushing process is also an option requiring further investigation. As 
indicated earlier, the flushed material is anticipated to be high in metal 
content and, for this reason, should not be discharged into downstream 
waters. Treatment and disposal methods will thus need to be investigated. 

The modular OLD will be constructed with flanged pipe sections that form 
2-m modules. The limestone will be held within the module through the use of 
perforated PVC plates that attach to each flange. Typically, the inflow section 
of an OLD/ALD will accumulate metal hydroxides and limit flow through 
the system. This modular system has four inflow points along the drain in an 
attempt to distribute the accumulation of metal oxyhydroxides and to reduce 
the severity of flow blockage (see Chapter 12). 
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Cravotta and Watzlaf (see Chapter 2) provide detailed design information 
for limestone drains. Using their Eq. (12), a residence time of 3 h, a porosity of 
50%, and a stone density of 2650kg/m^, the flow rate through each OLD is 
estimated to be on the order of 4 liter/min. After construction, the flow rate 
and porosity will be investigated further to determine the most suitable 
settings. Using the equation developed by Cravotta and Watlaf (Chapter 2), 
the total mass of limestone required is estimated to be on the order of 4 tons. 
Limestone fragments of 50-70 mm in size are used commonly in ALD/OLD 
installations and will be initially trialed here. 

It should be pointed out that the OLDs under construction will not have 
the capacity for treating peak drainage flows following rainfall events. As 
indicated earlier, flows in the order of 300 liter/s are pumped from the site 
following rainfall events; flows that are far in excess of that which can be 
passed through the OLDs. At these times, more active acid neutralization 
procedures will need to be adopted with the OLDs used to treat base flow 
(which, as seen previously in Figs. 13 and 14, continue to be highly acidic 
following rainfall events). It should also be noted that a significant proportion 
of the peak flows will be made up of surface runoff", which is not particularly 
acidic and is best routed over or around the PRB. 

VI. FUTURE POSSIBILITIES 

Experience in the use of OLDs in the mining industry (U.S. Environment 
Protection Agency, 2000) indicates that failure occurs when 

• the drain is clogged with sediment or hydrous oxides; 
• the pressure of CO2 cannot be maintained at a high level; 
• the design residence time of the system is not maintained; e.g., short 

circuiting of the water flow in the system will not provide adequate 
contact time for limestone dissolution to occur; 

• the acidity is higher than the reaction rate allowed by the drain; and 
• the metal concentrations are greater than expected. 

The OLD system described in Section V is not site specific and the concepts 
should be transferable to different localities. While still to be tested, the 
system should be practical in terms of capital and maintenance costs. It can 
be used in many acid sulfate soils problem areas once a number of design 
issues have been resolved. 

The long-term success of the OLD is a concern. It is envisaged that the 
major problem associated with use of an OLD to treat acid sulfate soils 
discharge waters will be the potential armoring of the limestone used in the 
reactive barrier. Innovative cleaning and flushing techniques will need to be 
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used to ensure longevity of an OLD in an acid sulfate soils region. The metal 
oxyhydroxides can be removed by carefully designed, perforated subdrainage 
systems (Cravotta and Trahan, 1999). This could involve pressurized or 
pumped agitation of the floes. 

Material within the OLD can also be varied to improve effectiveness, if 
required. Different combinations of packing material could be used, includ-
ing compost, seawater-neutralized bauxite refinery residue (red mud), sugar-
cane fly ash, and so on. 

Cravotta and Trahan (1999) found that CaCOs dissolution occurred 
more rapidly at the inflow of a horizontal OLD where the water is farthest 
away from calcite saturation. As the pH rises, the dissolution of limestone 
is less vigorous. This would be expected to lead to a higher deposition of 
iron and aluminum solid phases at the "front end" of the barrier. A grada-
tion in barrier porosity could assist in normalizing reactivity through the 
barrier, although little attention has been given to this option as yet. Indeed, 
design guidelines for OLDs are yet to be developed that incorporate these 
factors, and there is considerable scope for innovation in this challenging 
area. 

VII. CONCLUSION 

The generation and release of acidic water from acid sulfate soils are 
environmental problems of international scale. Changes in land use and 
hydrological systems have promoted the oxidation of pyrite in acid sulfate 
soils with a concomitant generation of acidic discharge waters that have 
significantly degraded coastal regions of a number of countries. 

Oxic limestone drain technology, used extensively in the remediation of 
acid mine drainage (with varying success), would appear to hold some poten-
tial as a treatment technology for assisting in the management of acid sulfate 
soils drainage waters. It should be stressed that OLD technology is a method 
to treat the acidic water once formed and does not attempt to prevent the 
generation of new acidity in the soils and, as such, can be used to prevent 
the transport of acid downstream. If the OLD is to be beneficial to down-
stream waterways, it will need to be installed at a number of discharge 
locations and used in conjunction with strategic approaches to avoid gener-
ation of new acidity. 

A number of factors need to be resolved prior to installation of an OLD in 
an acid sulfate soils region. Among preliminary data necessary for design are 
the water chemistry and local hydrology of the region. It is particularly 
important to develop an understanding of the variability in flow and acid 
discharge through storm events as these potentially constitute the times of 



100 T. David Waite et al 

greatest impact. While significant concern exists that armoring by iron and 
aluminum oxide precipitates may limit the reactivity of the permeable barrier, 
it is believed that maintenance of saturated conditions and installation of 
effective subdrainage and/or flushing procedures will be effective in minimiz-
ing this problem. 
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Chapter 4 

Permeable Reactive Barrier/ 
GeoSiphon Treatment for 
Metals-Contaminated 
Groundwater 

W. E. Jones, M. E. Denham, M. A. Phifer, F. C. Sappington, 
and F. A. Washburn 
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Carolina 29808 

A combination of in situ (permeable reactive barrier) treatment, an innova-
tive, relatively passive extraction system (the GeoSiphon), and secondary ex 
situ treatment has been used to treat low-pH, metal-contaminated ground-
water. The GeoSiphon system uses natural hydraulic head to induce essen-
tially passive groundwater flow for remediation. In this case, flow was 
induced through a limestone-gravel-filled permeable reactive barrier to in-
crease pH to near the optimum for aluminum hydroxide and chromium 
precipitation. Ex situ treatment included aluminum hydroxide and chromium 
precipitate settling, followed by increasing the groundwater redox potential 
to convert iron from the ferrous-to-ferric state. Ferric iron and nickel precipi-
tates were then allowed to settle prior to discharge of the treated ground-
water. The GeoSiphon moved water effectively through the permeable 
reactive barrier to the ex situ treatment system. It is adaptable to a variety 
of single or multiple in situ and/or ex situ treatment systems. 
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I. INTRODUCTION 

Groundwater remediation science and engineering have advanced since 
the early 1970s through a quest for more effective, faster, and inexpensive 
cleanup methods. In general, in situ groundwater remediation methods have 
received increasing attention (compared to pump and treat) due to the ex-
pectation of lower lifecycle costs. This chapter describes an innovative com-
bination of in situ (permeable reactive barrier; PRB) treatment, a recently 
patented, relatively passive extraction system (the GeoSiphon), and second-
ary ex situ treatment to address multiple contaminants. The advantages of 
incorporating a relatively passive extraction system into remedial strategies 
can include reduced initial and long-term costs, and minimization or elimin-
ation of secondary waste streams. 

The GeoSiphon system uses natural hydraulic head differences to induce 
flow for remediation through a passive or essentially passive operation 
(i.e., no external power is required to extract the water). A location with 
higher pressure head can be within the contaminated portion of an aquifer 
or a surface-water body. A location with lower pressure head can be within 
the same aquifer, another aquifer, the unsaturated (vadose) zone, the same 
surface-water body, another surface-water body, or the ground surface. 
The two points of hydraulic head difference do not have to be along 
the same natural groundwater or surface-water flow path (i.e., they may 
not be naturally hydraulically connected). GeoSiphon is used for rela-
tively shallow groundwater recovery, having a maximum practical lift of 
25 ft (7.6 m) at standard temperature and pressure. 

The GeoSiphon method can significantly lower operating and mainten-
ance cost compared to traditional pump-and-treat methods. The equipment 
itself is simple and typically available off the shelf. The passive operation of 
the GeoSiphon is similar to funnel-and-gate and continuous permeable-wall 
treatment systems. Depending on the type of GeoSiphon configuration, it can 
potentially accelerate clean up, be applied to a range of site conditions and 
contaminants, and increase treatment medium longevity and effectiveness 
(i.e., minimize medium armoring and/or cementation and formation plug-
gage by removing precipitates from the PRB). Other benefits may include no 
significant secondary waste production (as in the case of ion exchange for 
resin regeneration) and pH adjustment to minimize the formation of metal 
complexes that interfere with metals removal. 

Another unique aspect of this technology is its broad-range applicabiHty in 
a number of configurations. Depending on the configuration, it can be used to 
treat groundwater or surface water. By using appropriate treatment media 
and configuration, it can be used to treat radionuclides, metal, and/or volatile 
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organic compounds (VOCs). The GeoSiphon treatment technology can also 
be configured in situ or ex situ, depending on the overall remedial strategy. 

This pilot-scale project was funded by the U.S. Department of Energy's 
(DOE's) Subsurface Contaminants Focus Area to evaluate a relatively pas-
sive, low-cost treatment method for low-pH, metal-contaminated ground-
water that links a PRB with an aboveground treatment system through a 
siphon line. This concept was the focus of the demonstration. Although an 
aboveground secondary treatment system was demonstrated, there was less 
emphasis on quantifying its effectiveness because it can consist of any number 
of technologies that can be designed to be as effective as required by the 
chemistry of the water, the regulatory limits, and cost. 

GEOSIPHON HISTORY 

GeoSiphon systems have been demonstrated for the treatment of ground-
water VOCs at the TNX Area and for dissolved groundwater metals at D 
Area (this study) at the DOE Savannah River Site (SRS) in South Carolina. 
The GeoSiphon configuration at the TNX Area is significantly different from 
the D-Area work described in this study. The TNX configuration includes 
two cells, one installed in 1997 and a second installed in 1998. The cells 
comprise 2.4-m (8-ft)-diameter wells installed via auger and removable cais-
son. The cells contain a granular cast iron treatment medium. Abiotic deg-
radation of the trichloroethylene occurs as groundwater is drawn through the 
iron by siphon through a vertical 0.3-m (12-in.)-diameter screen located in the 
center of the granular iron. The treated groundwater is discharged to a 
permitted outfall ditch (Phifer et aL, 1999). 

II. SITE DESCRIPTION 

The SRS is a 842-km2 (325 mi^) DOE facility located near Aiken, South 
Carolina (Fig. 1). Steam and electricity are produced at the SRS in a moder-
ate-to-low sulfur coal-burning power plant located in D Area (Fig. 2). Most 
of the coal is stored in an open, 3.6-ha (8.9-acre) pile adjacent to the 484-D 
PowerHouse. Runoff from the coal pile is discharged into the 5.1-ha (12.5-
acre) coal pile runoff basin (CPRB). The CPRB was designed as a sedimen-
tation/seepage basin for removal of suspended solids and for minimization of 
direct discharge of coal pile runoff to a nearby creek. 

Long-term chemical and biological oxidation of coal-associated sulfur 
compounds produces sulfuric acid. Rain water and the sulfuric acid leach 
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United States Departmend of Energy 
Savannah River Site 

Southeastern United States 
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Figure 1 Location of the Savannah River site, Aiken, South CaroUna. 

Other impurities from the coal. This produces an acidic runoflf w îth substan-
tial metals contamination that is collected and discharged via gravity drain-
age to the CPRB. This runoff predominantly seeps into the water table 
aquifer through the bottom of the CPRB. The chemistry of D-Area CPRB 
groundwater is acidic (pH ranging from 2 to 4), with typical constituent 
concentrations of 60mg/liter total iron, 200mg/liter aluminum, 1300mg/U-
ter sulfate, <1 mg/hter nickel and chromium(III), and minor concentrations 
of lead, cadmium, and trichloroethylene. A detailed description of the D-
Area permeable reactive Barrier/GeoSiphon system construction and testing 
is in by Washburn et al. (1999) and is available electronically from the DOE's 
Office of Scientific and Technical Information "Information Bridge" internet 
site (http://www.osti.gov/bridge/product. bibHo.jsp?osti_id=7506). 

The D-Area Permeable Reactive Barrier/GeoSiphon pilot-scale treatment 
system consisted of a primary treatment trench filled with limestone, which 
functioned as a PRB, a siphon to transport contaminated groundwater, and a 
precipitate settling and secondary treatment system (Fig. 2 and 3). The PRB 
was designed to raise pH sufficiently to precipitate aluminum and chromium. 
The secondary treatment system, located aboveground at the GeoSiphon 
discharge point, was designed to allow the predominantly aluminum hydrox-
ide flocculate to settle out and then allow addition of an oxidizer and a base 
for precipitation and removal (by settling) of the remaining contaminants, 
primarily iron and nickel hydroxide (Fig. 4). 
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Figure 4 Diagram of D-Area Permeable Reactive Barrier/GeoSiphon treatment process. 

III. HYDRAULIC DESIGN 

Contaminated groundwater is collected by a limestone-filled trench (PRB) 
near the CPRB. The GeoSiphon transfers the water from the PRB to the 
precipitate settling and secondary treatment area (Fig. 3). Dissolved metals 
concentrations associated with the CPRB are highest in the uppermost 10 ft 
(3.0 m) of groundwater. The Permeable Reactive Barrier/GeoSiphon trench 
depth was designed to extract groundwater from this shallow zone compris-
ing relatively fine grained, low hydraulic conductivity (2 x 10~^cm/s to 
about 2 X 10~^cm/s), interbedded sands, silts, and clays. Hydrogeologic 
characteristics for this interval (ground surface to about 5.2m (17 ft) below 
ground surface) were used for PRB and siphon piping design. 

The PRB design was 0.6 m (2 ft) wide by 12.2 m (40 ft) long by 4.9 m (16 ft) 
deep, with an approximate 3.0-m (lO-ft) vertical saturated thickness. Within 
the PRB, 10.2-cm (4-in.)-diameter Schedule 40 polyvinylchloride (PVC) 
piping was configured in three vertical risers connected by two perforated 
horizontal pipes spaced 1.2 m (4 ft) apart (Fig. 5). Groundwater was extracted 
from the central riser, designated DTT-1. Both perforated horizontal pipes 
had four rows of 0.95-cm (3/8-in.)-diameter holes spaced about 10.16 cm (4 
in.) apart to allow groundwater into the piping. All three risers extended to 
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Figure 5 Diagram of D-Area Permeable Reactive BarrieriGeoSiphon primary treatment trench. 
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above the ground surface for access to the PRB. The trench was backfilled 
around the piping with Number Four size [i.e., 1.91 cm (3/4 in.) to 3.81 cm 
(1.5 in.)] limestone cobble aggregate on May 4, 1999. 

An estimate of the specific capacity of the PRB was required for siphon 
system design and flow rate estimation. Transmissivity of the alluvium was 
estimated at 0.00053 m^/min (0.0057 ft^/min) from a nearby well screened in 
roughly the same interval as the PRB (Washburn et al., 1999). A specific 
capacity of the PRB was estimated at 0.00754 liter/s/m (0.000873 ft^s/ft), 
assuming its hydraulic behavior is similar to a rectangular system of closely 
spaced wells (Powers, 1992). The groundwater extraction piping was sized 
considering both the specific capacity of the trench and the piping head loss, 
as outlined in Phifer et al. (1999). 

The siphon line was approximately 79.2 m (260 ft) in total length, with the 
upward leg about 55.5 m (182 ft) and the downward leg about 23.5 m (77 ft). 
Four different siphon-line configurations were tested: 

1. A 2.54-cm (l-in.)-diameter upward leg to crest and a 1.27-cm (0.5-in.)-
diameter downward leg to discharge, siphon on an engineered grade, 
no air chamber. 

2. Continuous 2.54-cm (l-in.)-diameter siphon with an air chamber at the 
crest and a valved discharge (restricted flow) on an engineered grade. 

3. Continuous 2.54-cm (l-in.)-diameter siphon with an air chamber at 
the crest (unrestricted flow) on an engineered grade. 

4. Continuous 1.27-cm (0.5-in.)-diameter siphon on a nonengineered 
grade, no air chamber (simplest possible GeoSiphon configuration). 

Siphons require priming (initial filling of line) to initiate flow. This can be 
accomplished by gravity filling from the high point in the line (crest) with 
the inlet and outlet valved off or by using a vacuum pump at the crest with the 
inlet and outlet submerged and open. After priming, the siphon will convey 
liquid from the point of higher hydraulic head to the point of lower hydraulic 
head as long as head differential is maintained and prime is not lost (Gibson, 
1961; Loitz et al., 1990; Phifer et al, 1998, 1999). 

Air accumulation can break the siphon. This can be avoided by use of 
submerged inlets and outlets to prevent air from being drawn into the siphon 
and by maintenance of full flow in the siphon. Maintenance of full flow is 
achieved by various methods. One method is maintenance of the minimum 
flow velocity (MFV) required to transport gasses (that have degassed from 
the Uquid) through and out the siphon. This method is employed most 
effectively when significant head differential results in adequate flow velocity. 

Alternative methods are also available for the removal of accumulating 
gasses from the siphon (e.g, an air chamber located at the siphon line crest). 
For this project, very little head differential was available [from about 0.8 m 
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Figure 6 Diagram of air chamber configuration for the D-Area Permeable Reactive Bar-
rier/GeoSiphon treatment system. 

(2.5 ft) to about 1.8 m (6 ft)]. Although extended flow without maintaining an 
air chamber was possible, particularly with the optimally sized piping, the 
air chamber did enhance system performance. A schematic diagram of the air 
chamber is presented in Fig. 6. 

IV. CHEMISTRY DESIGN 

The D-Area CPRB groundwater is acidic (test location pH is approxi-
mately 3.5) and is contaminated primarily with ferrous iron, aluminum, 
nickel, and sulfate (with minor chromium). Determination of iron speciation 
was necessary for optimal treatment system design. The dominant metals 
(ferrous iron and aluminum in this case) were considered in designing a two-
stage treatment system. For example, if ferric iron were present, ferric hy-
droxide would likely precipitate within the PRB, armoring the limestone and 
reducing PRB efficiency. 
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Prior studies at SRS demonstrated that limestone is an effective treatment 
for aluminum and chromium in this groundwater (Washburn et al., 1998). 
The elevated pH caused by contact of the groundwater with limestone in-
duces precipitation of these metals. However, as it does in an anoxic limestone 
drain, ferrous iron passes through the limestone and must be treated by an 
additional step. The solubiHty vs pH curves in Fig. 7, calculated using the 
equilibrium geochemistry program PHREEQC (Parkhurst, 1995), show that 
precipitation of iron in D-Area CPRB groundwater requires a large increase 
in pH to precipitate ferrous iron or oxidation of the ferrous iron to ferric iron. 
Oxidation was chosen as the additional precipitation step for the D-Area 
GeoSiphon. One consideration for the use of oxidation is that chromium(III) 
may be oxidized to more toxic chromate species. The two-stage treatment is 
designed to prevent this by removing chromium(III) from groundwater in the 
first stage, prior to oxidation. 

The resulting two-stage treatment design was as follows. 

• Primary treatment in PRB: Increase pH to near the optimal pH for 
aluminum hydroxide precipitation by flow through the limestone-filled 
trench. During this stage, aluminum and chromium precipitate, and iron 
remains in solution as the ferrous (iron II) form. The aluminum 
precipitates are then removed in the trench and by settling at the 
GeoSiphon discharge point prior to the second stage. 

• Secondary treatment: Increase the redox potential to convert iron 
from ferrous (iron II) to ferric (iron III). During this stage, nickel 

Figure 7 Solubility of hydroxides of aluminum, ferric iron, and chromium vs pH in D-Area Coal 
Pile Runoff Basin groundwater. Calculated using the equilibrium geochemistry program 
PHREEQC (Parkhurst, 1995). 
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precipitates along with ferric iron as a coprecipitate. The precipitates 
are removed by settUng. 

Successive treatment campaigns were conducted to test different second-stage 
treatments. These were as follows: 

• Limestone treatment/settling alone. 
• Limestone treatment/settling followed by hydrogen peroxide. 
• Limestone treatment/settling followed by calcium peroxide. 
• Limestone treatment/settling followed by hydrogen peroxide and 

sodium carbonate for additional alkalinity. 

Traditional wastewater practices for primary sedimentation and calcu-
lated flow rates for the trench output were used to design the settling tanks 
(Metcalf and Eddy, 1991). Water depth in the tanks was limited to 0.30 m (12 
in.) to ensure proper siphon operation, as the head difference between extrac-
tion and discharge points ranged from about 0.61m (2 ft) to 1.83 m (6 ft). 
Tank placement and general working space were limited to an area 7.31 m 
(24 ft) long by 3.66 m (12 ft) wide to minimize construction impacts on area 
wetlands. The treatment tank volume calculation was based on flow rate and 
a typical residence time of 2h. The resulting tank dimensions were 1.22 m 
(4 ft) wide by 1.52 m (5 ft) long by 0.53 m (1.75 ft) high. A smaller, 0.91 m (3 ft) 
wide by 1.22 m (4 ft) long by 0.53 m (1.75 ft) high, tank was also constructed 
for placement of additional limestone in the event of trench material 
armoring during testing. 

V. HYDRAULIC PERFORMANCE 

A. PRB/TRENCH HYDRAULICS 

Groundwater extraction from the trench was initiated on May 26, 1999. 
Graphical data for the siphon-line operation are provided in Fig. 8. During 
the initial test campaigns (or runs). May 26, 1999 through July 30,1999, both 
with and without the air chamber, the maximum flow rate allowed by the state 
regulatory permit was 3.8 Hter/min (1 gpm). 

During run 1 (the 2.54-cm (l-in.)-diameter to 1.27-cm (0.5-in.)-diameter 
siphon-line configuration), unrestricted flow was typically about 1.9 liter/min 
(0.5 gpm). The air chamber configuration (runs 2 and 3) used 2.54-cm (1-in.)-
diameter high-density polyethylene (HDPE) tubing for both the uphill and 
downhill legs. During the first air chamber configuration (run 2), flow control 
[reduction to 1.27-cm (0.5-in.)-diameter line at the discharge end along with a 
valve] was required to maintain a flow at or less than the regulatory limit of 
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Figure 8 Siphon line operation for runs 1-4 showing waterlevel elevation and flow, D-Area Permeable Reactive BarriedGeoSiphon treatment system. 
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3.8 liter/min (1 gpm). With state regulatory permission granted July 29,1999, 
the system was allowed to operate with unrestricted flow (runs 3 and 4) after 
the treatment tests were completed. The highest rates of unrestricted flow 
were achieved during run 3 using the 2.54-cm (l-in.)-diameter line with the air 
chamber on the elevated, engineered grade. The purpose of operating with 
unrestricted flow was to determine the maximum sustainable flow rate of the 
trench/siphon. Unrestricted flow during run 4 was also used for the continu-
ous 1.27-cm (0.5-in.)-diameter line lying on a nonengineered grade, without 
the air chamber, the simplest possible GeoSiphon configuration. 

Maximum sustainable flow using the 2.54-cm (l-in.)-diameter line with air 
chamber varied from about 3.8 liter/min (1 gpm) to just over 1.5 gpm. The 
variation in sustainable flow rate is related to air chamber recharge (vacuum 
renewal) episodes. Flow rates increased to near or above 5.7 liter/min (1.5 gpm) 
with air chamber recharge. Between recharge events, flow rates decreased to at 
or just below 3.8 liter/min (1 gpm). The maximum sustainable flow rate for the 
continuous 1.27-cm (0.5-in.)-diameter line lying on nonengineered grade (with-
out air chamber) was about 1.9 liter/min (0.5 gpm), similar to the flow rate for 
the 2.54-cm (l-in.)-diameter to 1.27-cm (0.5-in.)-diameter line. 

Flow and drawdown measurements from an electronic data logger were 
used to determine a range of specific capacities for the trench during the field-
testing period. Specific capacity estimates were derived by dividing the dis-
charge rate by the trench drawdown measured at DTT-1. Specific capacity 
values from operational data were calculated for approximately 24 and 48 h 
following the initial extraction of groundwater from the trench during one or 
more extraction episodes for each of the line configurations. 

Typical drawdown within the trench was 0.61 m (2 ft) or less. Therefore, a 
representative minimum volume to be removed to achieve equilibrium extrac-
tion conditions would be a 0.61-m (2-ft) drawdown by a 0.61-m (2-ft) width 
by a 12.2-m (40 ft) length, or 4.53 m^ (160 ft^), multiplied by 0.3 (approximate 
aggregate porosity), to yield 1359 liters (48 ft̂  or 360 gallons). Dividing by a 
conservative extraction rate of 1.5 Uter/min (0.4 gpm) yields a minimum 
dewatering period of 898 min, or 15h. A drawdown of 0.91 m (3 ft) would 
require a minimum extraction period of 22h. The 15-h period corresponds 
well with the approximate dewatering period (time from inception of with-
drawal to extraction equilibrium) of about 16 h. This minimum period was 
extended to 24 h as a conservative measure to account for potential variables, 
such as noninstantaneous release of water from surrounding soils. The period 
was not extended beyond 48 h to minimize variables such as natural water 
table fluctuation. Specific capacity measurements were taken during periods 
having a rehable static initial water level, lasting at least 48 h with no, or 
relatively little, extraction disturbance, and having no, or relatively little, 
rainfall during the extraction period. 
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Specific capacity estimates for the various line configurations and flow 
rates are within a relatively narrow range, from 0.0827 liter/m (0.00089 ft^/ft) 
to 0.1161 liter/m (0.00125 ft^/ft), with a mean overall specific capacity of 
0.1013 liter/m (0.00109 ft^/ft). The measured specific capacity range corres-
ponds reasonably with the conservative theoretical specific capacity of 
0.0811 liter/m (0.000873 ft^/ft). The lower-end specific capacity measurement 
(0.0827 liter/m (0.00089 ft^ft)] matches the conservative theoretical value 
quite closely. 

Overall, specific capacity values do not decrease significantly from project 
beginning to end, suggesting that a obvious flow rate decrease into and within 
the trench due to precipitate accumulation had not yet occurred; however, 
verification of a decrease in specific capacity over time would require draw-
down measurements for identical flow rates. A recommendation would be to 
extract water from DTT-1 at 3- or 6-month intervals for at least a 24-h period 
at the same flow rate [perhaps 1.89 or 3.79 hter/min (0.5 or 1.0 gpm)] for each 
test. A decrease in specific capacity over time would likely indicate a reduction 
in flow due to precipitate accumulation. Another method for investigating the 
specific capacity of the trench would be to extract water at greater than 
natural siphon rates as a step test with incrementally increasing flow rates 
[perhaps increasing 3.791 (1 gpm) every 24h until maximum withdrawal rate 
is reached]. 

B. SIPHON HYDRAULICS 

Siphon line gas removal and passive operation of the GeoSiphon system is 
possible. All four GeoSiphon configurations were able to maintain siphon 
flow for extended periods. Degassing was accomplished by either collecting 
the gas phase within an air chamber or transporting it out the siphon end. 
Flow rates for the 2.54-cm (l-in.)-to 1.27-cm (0.5-in.)-diameter line averaged 
about 1.67 liter/min (0.44 gpm). Flow rates for the restricted flow continuous 
2.54-cm (l-in.)-diameter line typically ranged from 1.51 to 2.27 liter/min (0.4 
to 0.6 gpm). Flow rates for the unrestricted flow continuous 2.54-cm (1-in.)-
diameter line averaged about 4.16 liter/min (1.1 gpm). Flow rates for the 
continuous 1.27-cm (0.5-in.)-diameter line were typically less than 1.89 
hter/min (0.5 gpm). The actual flow rates associated with each configuration 
were somewhat less than the calculated theoretical single-phase flow rates. 
The unrestricted flow, with a continuous 2.54-cm (l-in.)-diameter line, con-
figuration flow rates deviated most from that calculated. The actual flow rates 
may have deviated from calculated values due to one or a combination of the 
following: 
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• Calculations were based on the assumption of single-phase flow. If the 
actual flow was dual phase, the calculations would produce 
overestimates. 

• During air chamber use, the periodic air-chamber recharge produced 
significant variations in flow and head within the PRB. Calculated flow 
based on instantaneous measurements during these periods could be 
expected to deviate from actual flows. 

• The density of the fluid within the siphon may have been greater than 
that of water due to the significant aluminum precipitate being 
transported. This would reduce flow compared to calculated values. 

• The aluminum precipitate could have coated the inside of the line, 
reducing the effective inside-line diameter. 

The head differential required to drive water through each GeoSiphon 
configuration increased in the following order: unrestricted flow with a con-
tinuous 2.54-cm (l-in.)-diameter line, restricted flow with a continuous 2.54-
cm (l-in.)-diameter line, a 2.54-cm (1-in.)- to 1.27-cm (0.5-in.)-diameter line, 
and a continuous 1.27-cm (0.5-in.)-diameter line. Configurations with air 
chambers required periodic air-chamber recharge. The groundwater trans-
ported in the GeoSiphon line had the following major dissolved gasses in 
descending order of concentration: carbon dioxide, nitrogen, oxygen, and 
argon. Transport of this water within the GeoSiphon results in degassing of a 
gas phase composed of (in descending order of concentration) nitrogen, 
oxygen, carbon dioxide, water vapor, and argon. Degassing was shown to 
increase with increasing temperature and increasing flow rate. It should 
also increase with increasing vacuum. 

VI. PERMEABLE REACTIVE BARRIER AND 
SECONDARY TREATMENT PERFORMANCE 

A. PRB PERFORMANCE 

The PRB increased the pH of the acidic groundwater and caused alumi-
num to precipitate—the two functions for which it was designed. The chro-
mium concentrations from well DCB-49 were too low (many below detection 
limits) to allow any examination of chromium removal by the PRB. The 
effects of the PRB were measured by inferring the chemistry of water entering 
the trench from the chemistry of water exiting the trench through the siphon 
hne. However, the spatial and temporal chemical heterogeneity of water 
entering the PRB made accurate correlation between measurements of 
water entering the trench and water exiting the trench impossible. Monitoring 
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well DCB-49 was installed upgradient from the PRB to provide general 
information on the groundwater entering the PRB. However, because of 
chemical heterogeneity with PRB depth and width, groundwater sampled 
from well DCB-49 was not necessarily correlative to water exiting the trench 
through the siphon line. The siphon line obtains water from a discrete depth, 
whereas well DCB-49 provides a composite of groundwater compositions 
over several feet of vertical extent. The cause of such heterogeneity is likely 
the heterogeneous geology combined with close proximity to the shallow 
basin. 

Groundwater chemical heterogeneity in the PRB was reflected by the 
lower aluminum concentrations in water from the PRB sampling location 
(DTT-1, the central trench-piping riser) than in water from the siphon-line 
intake. Sampling from three different depths in the PRB showed a variation in 
aluminum concentration from <2 to 135mg/hter and in iron concentration 
from 284 to 667 mg/liter. To measure the performance of the limestone PRB, 
the mass balance of calcium and magnesium was used to estimate the alumi-
num concentration and pH of untreated groundwater based on the compos-
ition of the siphon-line output. 

A linear relationship exists between calcium and magnesium in groundwater 
from well DCB-49 (inflowing groundwater) (Fig. 9). It is assumed here that 
congruent dissolution of the calcite in the limestone also causes a linear rela-
tionship between calcium and magnesium, as depicted in Fig. 9. This trend is 
defined by the origin and the concentrations of calcium and magnesium in PRB 
limestone dissolved in the laboratory. Calcium and magnesium concentrations 
from the siphon-line water plot between these lines, and the mass balance of 
calcium and magnesium dictates that the siphon-Une points are intersections of 
lines parallel to the limestone-dissolution line and the inflowing groundwater 
line. The line through point "A" that is parallel to the limestone-dissolution line 
intersects the inflowing groundwater line at a magnesium concentration of 
41 mg/liter and a calcium concentration of 50 mg/ liter (Fig. 10). These are 
the original calcium and magnesium concentrations of groundwater that ul-
timately evolved to the concentrations at point "A" by limestone dissolution in 
the trench. The composition of this water evolved by dissolving 319 mg/liter 
calcium and 39 mg/liter magnesium from the limestone. 

Groundwater chemistry data also show that aluminum is correlated lin-
early (r^ = 0.95) to calcium in groundwater from well DCB-49 (Washburn 
et al., 1999). Thus, the original aluminum concentration of siphon-line waters 
can be calculated from the linear relation to calcium and the original estimated 
calcium concentration. Comparison of the estimated original aluminum con-
centrations with aluminum concentrations measured at the siphon-line exit 
shows that the trench was effective in removing from 10% to near 100% of 
dissolved aluminum, with a median removal value of 61% (Fig. 11). 
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Figure 9 Calcium vs magnesium concentrations for inflowing groundwater (monitoring well 
DCB-49) compared to D-Area permeable reactive barrier limestone. 

Variation in removal effectiveness was most likely due to the horizontal 
and vertical stratification of the contaminants entering the trench and the 
variable residence times within the PRB due to varying flow rates. Less 
contaminated areas of the plume entering the PRB were generally treated 
to less than detectable aluminum concentrations, as indicated by the DTT-
1 aluminum concentrations. Areas of higher contamination in the plume were 
treated to various levels of aluminum removal. Areas of the plume with lowest 
original pH and highest original aluminum concentration require longer 
residence times in the PRB to achieve complete aluminum removal. 

The original pH of groundwater entering the trench at the elevation of the 
siphon-line intake was estimated assuming congruent dissolution of calcite 
and the reaction: 

XCO3 -h 2H+ = X+2 + H2CO3 (where X = Ca or Mg). (1) 

The contribution of acid from precipitation of aluminum was ignored. This 
is justified based on the low mass of aluminum precipitated relative to 
the mass of calcite dissolved. In addition, ideal behavior in solution was 
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Figure 10 Siphon-line water determination of original calcium and magnesium concentrations 
of groundwater from monitoring well DCB-49, upgradient from the treatment system. 

assumed. It is expected that the logarithmic nature of the pH scale would 
minimize any effects of these assumptions. 

The estimated original pH of siphon-line water ranged from 1.9 to 2.5, 
with a median of 2.2. Estimated original pH and measured siphon-line exit 
pH are shown in Fig. 12. The PRB effectively raised groundwater pH to 4.5 to 
6.5. The sampling and analysis plan for the D-Area Permeable Reactive 
Barrier/GeoSiphon treatment system is presented in Table 1. 

B. SECONDARY TREATMENT PERFORMANCE 

Secondary treatment tests used hydrogen peroxide, calcium peroxide, and 
hydrogen peroxide/sodium carbonate for the oxidation of ferrous iron to 
ferric iron. The delivery systems used for secondary treatment included a 
drip system for application of solutions (hydrogen peroxide and sodium 
carbonate) and nylon sock and batch apphcation for the introduction of 
solids (calcium peroxide). The nylon sock was meant to provide a continuous 



Table 1 

Sampling and Analysis Plan for the D-Area Permeable ReactiveBarrier/GeoSiphon Treatment System 

Analytes Sample bottle Sample volume Preservative Analytical method Frequency Location 

RCRA metals: aluminum, 20 ml plastic Fill bottle -20 ml I-ml 33.5 to 38% Inductively 
calcium, chromium, iron, reagent-grade HCI Coupled Plasma 
magnesium, manganese, nickel, 
phosphorus, and silica 

Emission Spectroscopy 

No overtlow Filtered 

No headspace Refrigeration 

Chloride, nitrate, nitrite, 15 ml plastic Fill bottle 
phosphate, and sulfate 

pH, Eh, DO. 
and temperature 

Filtered 

Refrigeration 

Field measurement Field measurement None 

Ion Chromatography 

Field Meter 

Initial 

Daily for 
treatment system, 
monitoring wells 

Trench frequency 
as specified 
dunng operation 

Initial 

Daily for 
treatment system, 
monitoring wells 

Trench frequency 
as specified 
during operation 

Initial 

Daily for 
treatment system, 
monitoring wells 

Trench frequency 
as specified 
during operation 

Siphon line, treatment tanks, 
and effluent exit 

DCB-49 (upgradient 
of trench) 

DCB-50 (down- 
gradient of trench) 

DTT-I (trench) 

Siphon line, treatment 
tanks, and effluent exit 

DCB-49 
DCB-50 

DTT-l 

Siphon line, treatment tanks, 
and effluent exit 

DCB-49 
DCB-50 

DTT-1 

(continues) 



Table 1 (continued) 

Analytes Sample bottle Sample volume Preservative Analytical method Frequency Location 

Sulfide 

v o c s  

Gases 

Field measurement Field measurement None Chemetrics Colorimetric Initial 

DTT-I Within first 
campaign during 

siphon downtime 

22-ml headspace 7.51111 Refrigeration Gas Chromatography Initial DCB-49 

As needed 

As provided As required None 
by Microseeps by Microseeps 

Microseeps, Inc. Once during DCB-49, DTT-I, 
Gas Chromatography air chamber siphon, air chamber 
Mass Spectrometry usage 
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Figure 11 Aluminum Treatment in the D-Area Permeable Reactive Barrier/GeoSiphon. Closed 
circles are estimated initial aluminum concentrations. Open circles are aluminum concentrations 
at siphon-line exit. 

supply of calcium peroxide to the secondary treatment tank, but failed to 
achieve this objective. The batch method of calcium peroxide addition was 
more effective than the nylon sock method. The batch method consisted of 
the addition of reagent in a single application each day. 

Both hydrogen peroxide and calcium peroxide were effective in oxidiz-
ing ferrous iron (Fe II) to ferric iron (Fe III). However, the oxidation 
and subsequent precipitation of ferric hydroxide is an acid-producing reac-
tion: 

4Fe+^ + O2 -h 10H2O = 4Fe(OH)3 + 8 H+. (2) 

To maximize ferric iron precipitation, the acid produced by this reaction must 
be neutralized by an acid-consuming reaction or addition of alkalinity. Cal-
cium peroxide has an advantage over hydrogen peroxide alone because the 
net reaction releases less acid: 

2 Fe+2 + 4 H2O + Ca02 = 2 Fe(OH)3 + Ca^^ + 2 H+. (3) 

The net reaction of ferrous iron with hydrogen peroxide produces twice the 
number of moles of acid per mole of iron oxidized: 

2 Fe2+ -h 4 H2O + H2O2 = 2 Fe(OH)3 + 4 H+. (4) 
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Figure 12 Change in pH between estimated original pH (closed circles) and measured pH at 
siphon-line exit (open circles), D-Area Permeable Reactive Barrier/GeoSiphon treatment system. 

This is reflected in a comparison of the discharge pH of hydrogen peroxide-
treated water (pH 3 to 4) with that of calcium peroxide-treated water (pH 4.5 
to 6.5). The higher pH produced by calcium peroxide resulted in better metals 
removal. However, the liquid hydrogen peroxide was applied more easily 
(through the drip application system) than the solid calcium peroxide. Thus, 
hydrogen peroxide with subsequent addition of sodium carbonate for alka-
linity was investigated. 

The hydrogen peroxide/sodium carbonate addition effectively oxidized 
iron and raised pH. Toward the end of this secondary treatment, essentially 
complete conversion of ferrous to ferric iron was achieved, and pH increased 
to the 4.5 to 7.0 range. More effective metals precipitation and removal were 
achieved at the higher pH. However, maintenance of pH in the desired range 
was not consistent due to variable flow from the passive delivery system. The 
flow rate varied in proportion to the head differential in the delivery system. 

The three secondary treatment tanks did not provide adequate settling 
capacity for the limestone and hydrogen peroxide treatments due to their 
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respective settling velocities being significantly less than the critical settl-
ing velocities allowed by the system configurations and flow rates. Adequate 
settling capacity also was not provided for the nylon sock application of 
calcium peroxide. It appears that near adequate settling capacity was pro-
vided for the batch application of the calcium peroxide treatment and also for 
the hydrogen peroxide/sodium carbonate treatment. Laboratory-determined 
settling velocities for hydrogen peroxide/sodium-hydroxide flocculant indi-
cate that it would settle faster than the hydrogen-peroxide/sodium carbonate 
flocculant. Therefore, if exit pH can be controlled, sodium hydroxide may be 
preferable to sodium carbonate. 

Calcium peroxide and hydrogen peroxide followed by sodium carbonate 
proved to be the most effective secondary treatment for metals removal. Their 
effectiveness could be improved by increasing pH beyond that achieved with 
these reagents. This could be accomplished by adding sodium hydroxide as a 
solution by drip application. Iron and nickel removal are presented in Fig. 13 
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Figure 13 Iron treatment in the D-Area Permeable Reactive Barrier/GeoSiphon system. Closed 
circles are iron concentrations before secondary treatment; open circles are iron concentrations at 
exit of secondary treatment. Secondary treatments shown are (A) no secondary treatment; (B) H2O2 
treatment (10% solution at 6 ml/min drip rate); (C) H2O2 treatment (10% solution at 9 ml/min drip 
rate); (D) Ca02 batch treatment (1 kg/day); (E) H2 O2 with Na2 CO3 (10% H2 O2 solution at 9 ml/min 
drip rate with 50g/Uter solution of Na2C03 at a drip rate of 80 ml/min per gpm of groundwater 
flow). Note that data from Ca02 and lime treatments using nylon socks for delivery are not shown. 
This delivery system did not disperse reagents sufficiently and treatment was minimal. 
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Figure 14 Nickel treatment in the D-Area Permeable Reactive Barrier/GeoSiphon treatment 
system. Closed circles are nickel concentrations before secondary treatment. Open circles are 
nickel concentrations at exit of secondary treatment. Secondary treatments shown are (A) no 
secondary treatment; (B) H2O2 treatment (10% solution at 6ml/min drip rate); (C) H2O2 
treatment (10% solution at 9ml/min drip rate); (D) Ca02 batch treatment (1 kg/day); 
(E) H2O2 with Na2C03 (10%) H2O2 solution at 9ml/min drip rate with 50g/liter solution of 
Na2C03 at a drip rate of 80ml/min per gpm of groundwater flow). Note that data from Ca02 
and lime treatments using nylon socks for delivery are not shown. This delivery system did not 
disperse reagents sufficiently and treatment was minimal. 

and 14, respectively. Values are presented for removal eiBficiencies between 
each tank and for the overall treatment system. Maximum overall removal of 
aluminum, iron, and nickel is 96.8, 99.8, and 75.8%, respectively. These 
results emphasize the effectiveness of treatments that are able to oxidize the 
iron, maintain an elevated pH, and operate at the proper settling velocities. 

VIL SUMMARY 

This pilot-scale project was designed to evaluate a relatively passive, low-
cost treatment method for low pH, metal-contaminated groundwater that 
links a PRB with an aboveground treatment system through a siphon line. 
This concept was the focus of the demonstration. Although an aboveground 
secondary treatment system was demonstrated, there was less emphasis on 



130 W. E. Jones et al 

quantifying its effectiveness because it can consist of any number of technolo-
gies that can be designed to be as effective as required by the chemistry of the 
water, regulatory limits, and cost. 

Groundwater extraction by siphon from the PRB was initiated on May 
26, 1999; secondary treatment system testing was conducted from June 
1 through July 16, 1999; and all field testing was completed on September 
3, 1999. Operation of the primary limestone treatment trench was evaluated 
mainly by the measurement of specific capacity and aluminum removal 
efficiency. Significant treatment of ferrous iron (Fe II) within the lime-
stone-filled PRB was not anticipated nor did it occur. A conservative 
theoretical specific capacity of 0.0811 liter/m (0.000873 ft^/ft) was calcu-
lated prior to operation. Average specific capacity during operation was 
0.1013 liter/m (0.00109 ftVft). Specific capacity values over the 3-month test 
period did not decrease significantly, suggesting that substantial precipitate 
pluggage did not occur within the PRB or along PRB walls. The PRB was 
effective at raising the pH and removing aluminum from contaminated 
groundwater. The effectiveness varied from 100% to less than 10% (median 
value 61%o), with no discernible temporal pattern. The variation in effective-
ness was most likely due to the horizontal and vertical stratification of the 
contaminants entering the PRB and the variable residence times within the 
PRB. 

Passive operation of the D-Area PRB/GeoSiphon system siphon line is 
feasible. All four siphon-Une configurations were able to maintain siphon 
flow for extended time periods. However, the actual flow rates associated with 
each configuration were somewhat less than the calculated theoretical single-
phase flow rates. The configurations with air chambers required periodic 
air chamber recharge. The limestone-treated groundwater transported in 
the siphon line had the following major dissolved gasses in descending 
order of concentration: carbon dioxide, nitrogen, oxygen, and argon. Trans-
port of this water within the siphon results in degassing of a gas phase 
composed of nitrogen, oxygen, carbon dioxide, water vapor, and argon, in 
descending order. This gas phase was either collected within an air chamber 
or transported out the end of the siphon. 

Secondary treatment tests were conducted utilizing hydrogen peroxide, 
calcium peroxide, and hydrogen peroxide/sodium carbonate. The delivery 
systems utilized for secondary treatment included a drip system for the 
application of solutions (hydrogen peroxide and sodium carbonate) and 
nylon sock and batch application for the application of solids (calcium 
peroxide). Summaries of treatment results for aluminum, iron, and nickel 
are presented in Fig. 11, 13, and 14, respectively. A detailed description of the 
D-Area PRB/GeoSiphon system is presented in Washburn et al, (1999), 
which is available electronically from the DOE's Office of Scientific and 
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Technical Information "Information Bridge" internet site (http://www.os-
ti.gov/bridge/product. bibHo.jsp?osti_id=7506 Key observations associ-
ated with the secondary treatment system are as follows. 

• The settling times in the treatment tanks were insufficient for complete 
settling of the precipitate produced. Additional settHng capacity could 
be provided to complete settling. 

• Consistent addition of solid reagents was a problem. Passive delivery 
systems exist that would be beneficial on a larger scale, but were not 
appropriate for the pilot-scale system. 

• Both hydrogen peroxide and calcium peroxide are effective oxidizing 
agents for the conversion of ferrous (Fe II) to ferric (Fe III) iron. 

• Calcium peroxide has an advantage over hydrogen peroxide because 
the reaction of calcium peroxide with ferrous iron produces less 
acid: 

2 Fe+^ + 4 H2O + Ca02 = 2 Fe(OH)3 + Ca+^ -h 2 H+. 

• The aluminum precipitate produced was a very fine flocculent, some of 
which was transported through the entire treatment system. 

• The optimal pH for ferric iron (Fe III) removal, approximately 8, was 
not achieved in the field. Use of a sodium hydroxide solution or lime 
delivered appropriately could have achieved this pH. 

• Calcium peroxide and hydrogen peroxide/sodium carbonate secondary 
treatment tests produced the most effective metals removal. 

• While sodium hydroxide has the advantage over sodium carbonate of 
producing a better-settling sludge, its use in a passive system produces 
more difficulty in controlling the exit pH levels for regulatory 
constraints. 

• Treatments that combined oxidation with elevated pH (pH of 8 would be 
optimal) were most effective. 

VIII. LESSONS LEARNED/CONCLUSIONS 

Following are the major conclusions drawn from this demonstration: 

• Determination of iron speciation is necessary for optimal treatment 
system design. The dominant metals (ferrous iron and aluminum in 
this case) must be considered. For example, if ferric iron were present, 
ferric hydroxide would have precipitated within the PRB, likely 
armoring the limestone and reducing PRB efficiency. 

• In situ system design must account for vertical and horizontal plume 
heterogeneity. Groundwater extraction through the PRB trench and 
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Geosiphon system prior to secondary treatment eliminates the impact of 
plume heterogeneity, essentially averaging out the contaminant 
concentrations for secondary treatment. 

• For a larger scale system, delivery of secondary treatment solutions or 
powders should be designed carefully. For this pilot-scale project, the 
drip application was relatively effective, the batch application method 
was less effective, and the nylon sock application method was relatively 
ineffective. 

• Sufficient observation wells should be installed at various distances and 
depths from the PRB to monitor incoming groundwater chemistry 
(including stratification), primary contaminant removal, and hydraulic 
performance. Continuous electronic monitoring/recording of flow and 
water levels is beneficial for operational evaluation, including potential 
reduction in PRB specific capacity over time due to pluggage. A small, 
removable treatment medium cell within the PRB would aid the 
evaluation of medium armoring and pluggage. 
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The majority of commercial permeable reactive barriers (PRBs) have been 
constructed as either funnel and gate or continuous wall systems and have 
been limited to relatively shallow treatment depths (less than 21m). Both of 
these installation techniques preclude the cost-effective replacement and re-
moval of spent reactive material. Deep aquifer remediation tools (DARTs) 
have been developed for the emplacement of PRBs through arrays of non-
pumping wells and offer a number of advantages compared to classic trench 
installation methods, including easy replacement of spent reactive material 
and deeper installation depths. A DART is composed of a rigid polyvinyl 
chloride shell with high-capacity flow channels that contains the permeable 
reactive material and flexible wings to direct the flow of groundwater into 
the reactive material. Three items should be considered when evaluating the 
feasibility of using DARTs for PRB emplacement: (1) the hydrology of 
the system, (2) the construction engineering of the DART itself, and (3) the 
residence time needed for contaminant removal reactions. Computer simula-
tion indicates that the reactive material used in a DART should be engineered 
to have a hydraulic conductivity (K) 50 to 200 times greater than the ^ of the 
aquifer material. This difference in ^ will capture groundwater from an upgra-
dient width of an aquifer equal to about 1.8 to 1.9 times the diameter of the 
nonpumping well. Simulated groundwater residence time in a 10-cm. diameter 
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DART ranged from 1.4 h in flow paths in the outer edges of the DART to a 
maximum of 29.3 h in flow paths in the center of the DART. These modeled 
residence times compared favorably with groundwater residence times needed 
for 99% uranium removal in a ZVIPRB installed at Fry Canyon, Utah. 

I. INTRODUCTION 

Starting in the mid-1990s, permeable reactive barriers (PRBs) began to be 
used in full-scale groundwater remediation projects (U.S. Environmental 
Protection Agency, 1998). The majority of commercial PRBs are built in two 
basic configurations: (1) funnel and gate and (2) continuous wall (U.S. Envir-
onmental Protection Agency, 1998). Both of these configurations require some 
degree of excavation and have been limited to fairly shallow depths (< 21 m) 
(U.S. Environmental Protection Agency, 1998). Depending on the conditions, 
standard excavators can reach to depths of about 11 m and modified excav-
ators can reach maximum depths of about 21 m. 

Although the majority of PRB installations have used conventional excav-
ation techniques, other reactive material emplacement technologies exist for 
deeper (> 11 m) groundwater contaminant plumes (Gavaskar et al, 1998; U.S. 
Environmental Protection Agency, 1998). Deeper emplacement methods in-
clude (1) tremie tube/mandrel, (2) deep soil mixing (U.S. Navy, 2001), (3) high-
pressure jetting, (4) vertical hydraulic fracturing (Hocking et al, 2000; Slack 
et al, 2000), and (5) deep well injection (Fruchter et al, 2000). Because of the 
high equipment and mobilization costs associated with many of these tech-
niques, they generally are not cost effective for small and or remote site instal-
lations. Verification of reactive material placement and integrity with deep 
emplacement methods could be of concern; however, active resistivity moni-
toring methods are being used for the onsite verification of material placement 
(Hocking e^^/., 2000). 

Other limitations of PRB remediation technology are the finite longevity 
of the reactive material and the long-term fate of the inorganic contaminants 
that accumulate on the reactive material over time (Gavaskar et al, 1998). 
Replacement or rejuvenation of reactive materials may be cost prohibitive 
and should be factored into long-term cost models for PRB technologies 
(U.S. Environmental Protection Agency, 1998). For example, the buildup 
of mineral precipitates in zero-valent iron (ZVI) PRBs (Naftz et al, 2000; 
Morrison et al, 2001) could cause a substantial reduction in permeability, 
possibly resulting in a net decrease in contaminant treatment efficiencies. 

After the groundwater has been remediated, the long-term fate of the spent 
reactive material is of concern. For example, the long-term accumulation of 
inorganic contaminants such as uranium (U) on the reactive media will 
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Figure 1 The effect of nonpumping wells on simulated flow paths. 

probably require extraction and containment in an approved disposal facility 
or in situ stabilization. If left in situ, the spent reactive material could release the 
inorganic contaminants that accumulated on the material during site chanup. 

The construction of arrays of nonpumping wells may provide an alter-
native PRB emplacement method for treating contaminant plumes, espe-
cially at depth. Wilson and Mackay (1997a,b) and Wilson et al (1997) 
noted that groundwater converges to arrays of nonpumping wells in response 
to the difference in hydrauhc conductivity {K) between the well and the 
aquifer (Fig. 1). Because well-drilling techniques are well estabhshed and 
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drilling equipment is readily available, the use of nonpumping wells as 
conduits to emplace PRBs represents a potentially cost-effective emplacement 
method, especially in remote areas where the mobilization costs of specialized 
equipment would be cost prohibitive. Specific advantages afforded by the use 
of nonpumping wells for the emplacement of PRBs include (1) materials, 
equipment, and contractors are readily available; (2) well installation under 
most conditions is straightforward; (3) deep installations (> 50 m) are pos-
sible; and (4) because of the limited access points, only a fraction of the 
treatment materials are needed relative to the same coverage with a continu-
ous wall PRE (Wilson and Mackay, 1997a). 

Puis et al. (1999) placed iron fillings in a series of nonpumping wells to test 
the removal of chromate from contaminated water. Although this trial em-
placement resulted in high chromate removal efficiencies, the design did not 
allow for future removal and or replacement of the spent reactive material. 
Deep aquifer remediation tools (DARTs) were developed for use with arrays 
of nonpumping wells (Naftz and Davis, 1999; Naftz et al., 1999; see Chapter 
7) and allow for easy retrieval, replacement, and disposal of reactive material 
after chemical breakthrough, potentially decreasing the long-term operation 
and maintenance costs for PRBs. 

This chapter describes how DART technology works in combination with 
arrays of nonpumping wells. Detailed information will be presented on 
DART design elements, simulated groundwater movement within DARTs, 
and model-computed contaminant residence times within DARTs in a var-
iety of hydrologic conditions. The Technology Enterprise Office of the U.S. 
Geological Survey in Reston, Virginia, provided funding for this work. 

The movement of groundwater through a well containing a DART was 
simulated using MODFLOW96 (Harbaugh and McDonald, 1996a,b), a U.S. 
Geological Survey computer code for simulating flow through porous media. 
Visualization of simulated flow lines was done using MODPATH/PLOT 
(Pollock, 1994), U.S. Geological Survey computer codes for generating a 
plotting path line of groundwater flow simulated by MODFLOW96. 

Boundary conditions and hydraulic properties for simulations were 
assigned to closely emulate boundary conditions and hydraulic gradients at 
field sites where DARTs were being tested. Hydraulic conductivity and 
effective porosity values measured for actual reactive material and aquifers 
were used. The open space between a perforated well casing and a DART was 
assigned a hydraulic conductivity value of 1500m/day and an effective por-
osity of 1. The fins and unperforated portions of the DART housing were 
assigned as inactive cells in the simulations. 
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11. DEEP AQUIFER REMEDIATION TOOLS 

A DART is composed of three basic components (Fig. 2): (1) a rigid PVC 
shell with high-capacity flow channels that contains the permeable react-
ive material, (2) flexible wings to direct the flow of groundwater into the 
permeable reactive material, and (3) passive samplers to determine the quality 
of the treated water. Multiple DARTs can be joined together for the treat-
ment of thicker contaminant plumes. DARTs also allow for "vertical stack-
ing" of diflerent reactive materials for the treatment of chemically segregated 
contaminant plumes. The reactive material within each DART can be re-
moved for subsequent disposal or replaced when spent. The DART can be 
(1) designed to accommodate a variety of aquifer geometries and well diam-
eters, (2) used for shallow or deep contamination problems, and (3) modified 
for a variety of plume thicknesses. 

In 1997, the U.S. Geological Survey installed DARTs in two deep wells 
(>135m) below land surface at a Wyoming mining facility to test the effec-
tiveness of removing U from groundwater (see Chapter 7). In 1998, DARTs 
were deployed in a fine of shallow wells in southern Utah where U had 
invaded a shallow alluvial aquifer near an abandoned U upgrader facility 
(Naftz and Davis, 1999; Naftz et al., 1999; see Chapter 7). Chemical analysis 
of the reactive material inside the DARTs and treated water samples verified 
that DARTs can be used to emplace PRBs through arrays of nonpumping 
wells (Naftz et al., 1999; see Chapter 7). 

Flexible wings 
Reactive barrier material 

^ ^ ^ ^ - - J r % . Rigid PVC shell 
^ M# / \ : ^ ^ 

% _. Passive 
sampler 

Nonpumping well 

Groundwater flow 
Figure 2 Schematic diagram of a deep aquifer remediation tool. 
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A. DART DESIGN CONSIDERATIONS 

Three items should be considered to determine how a DART will function 
in a selected environment: (1) the hydrology of the system, (2) the construc-
tion engineering of the DART itself, and (3) the residence time needed for 
contaminant removal reactions. 

1. Hydrology 

The system hydrology governs the velocity and direction of contaminated 
groundwater flow. The hydraulic properties of an aquifer that is homoge-
neous and isotropic can be predicted with great confidence; however, such an 
aquifer is rare. The properties of the more common heterogeneous, aniso-
tropic aquifer create varying flow velocities in different parts of the aquifer, 
and in different directions. Flow paths will deviate from the direction defined 
by the hydraulic gradient when fingers, layers, or areas of greater K\\Q across 
a flow path (Fig. 3). Once a particle of water enters a more permeable zone 

EXPLANATION 

- ^ Direction of groundwater 

795.5 Line of equal hydraulic head, in 
meters above a datum 

Figure 3 Modeled effect of an area of more permeable material on groundwater flow paths. 
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that is not parallel to the dominant direction of flow, it moves preferentially in 
that environment until the hydraulic gradient forces it to exit on the opposite 
side. 

The average linear velocity of groundwater will increase when a more 
permeable aquifer zone is encountered (Fig. 4). Flow paths for groundwater 
will turn toward a more permeable aquifer zone, and when a particle enters 
that zone, it will move more rapidly under the same hydraulic gradient. 
Particle velocity increases for two reasons: (1) average linear velocity (V) is 
governed by the product of the hydrauUc gradient (dh/dl) and K divided by 
the effective porosity (ue) [Eq. (1)] and (2) longitudinal dispersion is greater 
when pore spaces are larger and farther apart: 

KM ^^^ 
v = ripdl 

Heterogeneity in aquifers is difficult to characterize, even at shallow 
depths. It occurs at all scales, from regional (10 to 100 km) down to site 

EXPLANATION 
< Dominant direction of groundwater flow 

788.0 Line of equal hydraulic head, in 
meters above a datum 

Figure 4 Modeled effect of an area of more permeable material on groundwater velocity. 
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specific (submeter). Because PRB installations are primarily site specific, 
knowing the small-scale heterogeneity is important to the success or failure 
of most types of passive treatments. Eykholt et al, (1999) demonstrated how 
a heterogeneous three-dimensional aquifer, generated to mimic a braided 
stream-channel deposit, would affect groundwater flow directions and travel 
times around and through a trench-type PRB. Results showed that (1) the 
randomly generated flow field contributed to variable travel times and three-
dimensional directions of flow within the homogeneous PRB material and (2) 
residence times within the barrier may not always be long enough to remove a 
simulated vinyl chloride contaminant. Especially notable was the vertical 
movement of particles within the barrier caused by zones of higher hydraulic 
conductivity occurring at different elevations adjacent to the PRB. 

These considerations also affect the performance of a DART. If variations 
in aquifer hydraulic conductivity can be discerned through field measure-
ments, DART construction and emplacement should be designed to accom-
modate these characteristics as closely as possible. 

Inducing groundwater to move through a well that contains a DART is 
based on the configuration of wells that form the "permeable reactive bar-
rier" and the difference between the K of the aquifer and that of the react-
ive material in the DARTs. Computer simulation indicates that the reactive 
material used in a DART should be engineered to have a AT 50 to 200 times 
greater than the AT of the aquifer material adjacent to the DART (Fig. 5). In a 
homogeneous isotropic system, this difference will capture groundwater from 
an upgradient width of aquifer equal to about 1.8 to 1.9 times the diameter of 
the weU (Fig. 5). Heterogeneities in the system and the increased ^ i n a sand 
pack placed on the outside of a perforated or screened interval could increase 
or decrease this capture width. 

The large contrast in a AT needed for optimum plume capture by the DART 
indicates that the K of material used in DARTs must be as large as possible 
and DART capture efficiency will be optimized in aquifers with lower K. For 
example, the K values in the colluvial aquifer at Fry Canyon, Utah, range 
from 17 to 26 m/day, and reactive material AT values at the deployed site range 
from 122 to > 915 m/day (see Chapter 14). Modeling results indicate that a 
minimum AT value of 850 m/day would be needed for efficient plume capture 
at the Fry Canyon site. 

The optimum orientation for the well configuration used to create a 
DART treatment zone is a line of wells perpendicular to the dominant 
direction of groundwater ffow (Fig. 6). The wells should be spaced close 
enough and perforated at appropriate intervals to intercept all contaminated 
groundwater passing through the zone. Because the practical aspects of well 
drilling generally preclude placing wells close together, two or more lines of 
weUs perpendicular to flow wiU be required. These lines can be placed far 
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Figure 5 Relation between the width of aquifer treated and the difference between hydrauHc 
conductivity of the aquifer and reactive material in a DART. 

enough apart to reduce the difficulty associated with driUing wells in proxim-
ity (Fig. 7A). Because wells typically have a greater vertical deviation with 
depth, three or more lines of wells may be considered in deeper applications to 
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EXPLANATION 
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Figure 6 Ideal orientation of wells used to create a permeable reactive barrier for groundwater 
remediation. 

allow a larger separation at the surface (Fig. 7B). Any configuration that 
provides for the optimum lateral separation that is perpendicular to flow 
direction will result in all groundwater moving through some part of a 
reactive material. Wells placed in the most permeable parts of the aquifer 
will intercept the largest volume of groundwater with the fewest number of 
wells (Fig. 7C). If the direction of groundwater flow changes in response to 
changes in recharge or discharge boundaries, some groundwater may not 
pass through reactive material because the optimum lateral separation be-
tween wells might be exceeded. Thus, prior knowledge of variations in flow 
directions is needed to plan for such a contingency. 
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(c) Configuration where a highly permeable lens exists. 

Figure 7 Plan and section sketches of three typical well configurations used for DART emplace-
ment. 
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The flow characteristics inside a well housing a DART are governed by the 
flow characteristics of the annular space between the DART and the well 
casing, by the openings in the sohd body of the DART, and by flow through 
the reactive material inside the DART. Generalized sectional simulation 
through a well containing a DART indicates minor diversion of groundwater 
flow through areas difficult to seal, such as the bottom end of a DART (Fig. 
8), and that trying to divert flow into the DART by restricting the length of 
perforations in the outer casing is marginally effective (Figs. 8 and 9). The 
simulation depicted in Fig. 9 shows 11 ffow lines tracking around the end of a 
DART inside a fully perforated casing. The simulation depicted in Fig. 8 
shows that eight flow lines still track around the end of the DART, even 
though unperforated casing is adjacent to the DART bottom. The benefit 
gained by specific well construction techniques is rarely cost effective. 

The wings on a DART are the principal feature that diverts groundwater 
flow through the reactive material within the core, and the orientation of the 
wings relative to flow direction is important for creating a flow field that is 

Direction of flow 

Space between casing and DART 

Unperforated end cap on a DART 

Figure 8 Simulated flow lines through a vertical well section showing the diversion of flow 
around the end of a DART. 
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I Direction of flow 

Space î etween casing and DART 
Unperforated end cap on a DART 

Figure 9 Simulated flow lines through a vertical well section showing the diversion of flow 
around the end of a DART in a fully perforated casing. 

of maximum width. Figure 10 illustrates the significance of wings on a 
DART. The first illustration demonstrates how groundwater mostly moves 
around the DART core, which has a much lower K than the open space 
between the well casing and the DART housing (Fig. 10a). Only about 20% of 
the flow entering the well would pass through the reactive material. The 
addition of wings, as illustrated in Fig. 10b, perpendicular to flow direction 
causes all of the flow entering the well to pass through some part of the 
reactive material in the DART. These diversion wings create a flow field 
nearly as efficient as filling the entire well casing with reactive material (Fig. 
10c). The simulated wells shown in Figs. 10b and 10c would treat about the 
same volume of groundwater. 

2. Engineering 

General criteria used in the design of the DARTs were to (1) maximize the 
open surface area of the DART housing while maintaining structural 
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* Direction of groundwater flow 

Figure 10a Simulated flow lines through a well containing a DART with no diversion wings. 

Strength, (2) maximize the volume of groundwater that could flow through 
the reactive material(s) inside the DART, (3) allow for easy production of 
DARTs with various diameters and lengths, (4) allow for deployment of a 
DART by one or two people using easily transportable equipment such as 
ropes and pulleys, (5) allow access to the reactive material so that it can be 
easily removed and replaced with fresh material, and (6) minimize the cost of 
production. A typical DART consists of schedule 80, threaded polyvinyl 
chloride (PVC) casing with 0.6-cm slots, two threaded PVC end caps, four 
rigid PVC fins with plastic or rubber extensions, a swiveling eyebolt on the top 
end cap for rope or cable attachment, and a fiberglass screen lining (Fig. 11). 
Schedule 80 PVC casing is strong enough for the large 0.6-cm slots and thick 
enough for grooves that are machined along the vertical length of the DART 
for fin attachment (Fig. 12). 

Rigid PVC fins are glued into the grooves, and thin, flexible plastic is 
attached along the entire length of each rigid fin to fit snugly against the 
inside of a cased well. The fins maximize the amount of water that will flow 
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Figure 10b Simulated flow lines through a well containing a DART with diversion wings 
perpendicular to flow direction. 

through the DART by largely eliminating flow paths between the DART and 
the inside of the well casing. Four fins are used to maximize the surface area of 
inflow and to largely negate having to orient a DART such that two fins are 
always perpendicular to the direction of groundwater flow. With four fins, a 
DART placed randomly in a well will range from about 70 to 100% of a 
maximum efficiency (Figs. 13a and 13b). Six wings would narrow this range 
from about 82.5 to 100% of maximum but would decrease the inflow surface 
area substantially (Fig. 13c). Given the heterogeneities in any aquifer, placing 
the fins exactly perpendicular to flow probably does not guarantee maximum 
capture width in the aquifer. 

The use of commercially available threaded PVC casing allows DARTs 
to be made any length, in segments, and at various diameters at a minimal 
cost. DARTs with this basic design have been placed successfully in 
shallow (< 6.1 m) 20-cm-diameter wells and deep (>137m) 10-cm-diameter 
wells. 
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' Direction of groundwater flow 

Figure 10c Simulated flow lines through a well filled with reactive material — no DART. 

3. Kinetics of Contaminant Removal 

It is clear from the previous discussion that DARTs in nonpumping 
wells will capture contaminated groundwater from upgradient parts of 
the aquifer. However, the residence time of the contaminated groundwater 
in contact with the reactive material contained in each DART must be long 
enough for high contaminant removal efficiencies. Because of the small 
widths of DARTS (e.g., 15-cm diameters), shorter groundwater resi-
dence times will generally occur relative to trench installations of PRBs. 
Most PRBs installed with trenching methods will be 30 to 90 cm in thick-
ness. 

To address this concern, the residence time of groundwater was simulated 
in detail for a DART placed in a nonpumping well. Hydraulic properties 
used in this simulation were (1) aquifer K = 4.6m/day, (2) aquifer effective 
porosity = 0.20, (3) reactive material K — 180m/day, (4) reactive material 
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Figure 11 Sketch of a typical DART assembly. 

effective porosity = 0.56, and (5) hydraulic gradient = 0.002 m/m (Fig. 14). 
The diameter of the DART used in the simulation was 10 cm, and the diameter 
of the nonpumping well was 15 cm. Two flow wings were placed on the 
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Figure 12 DART deployment during September 1998, Fry Canyon, Utah. 
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Figure 13a Simulated flow lines through a DART with at least two diversion wings perpendicu-
lar to groundwater flow direction. 

DART and were oriented perpendicular to the simulated direction of ground-
water flow (Fig. 14). 

The results of the simulations are shown in Fig. 14. The longest groundwater 
flow paths and residence times occurred in the center of the DART, and the 
shortest flow paths and residence times occurred along the outer edges of the 
DART, adjacent to the flow wings. Simulated residence time of the ground-
water ranged from a minimum of 1.4 h in flow paths in the outer edges of 
the DART to a maximum of 29.3 h in flow paths in the center of the DART 
(Fig. 14). The median residence time of groundwater during the simulation was 
15.4h. 

Residence times for 90 and 99% U removal efficiencies in a ZVI PRB 
(trench instaUation) at Fry Canyon, Utah (see Chapter 14), were calculated 
and are shown in Table I. These calculated residence times provide insight 
into potential U removal efficiencies that might be expected using DARTs 
emplaced with ZVI-reactive material under the hydrologic assumptions 
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• Direction of groundwater flow 

Figure 13b Simulated flow lines through a DART with four diversion wings, none of which are 
perpendicular to groundwater flow direction. 

presented previously. Input U concentrations to the ZVI PRB at the Fry 
Canyon demonstration site ranged from 5330 to 10,760 fxg/liter) during May 
1999 (Table I). A 2.2-h residence time was required for 90% U removal, and a 
2.5-h residence time was required for 99% U removal in the ZVI PRB. These 
results are consistent along three separate flow paths within the ZVI PRB at 
Fry Canyon (Table I). 

Simulated groundwater residence times in the DART appear to be suffi-
cient for high U removal efficiencies. The observed groundwater residence 
times needed for 90 and 99% U removal at Fry Canyon are substantially less 
than the maximum (29.3 h) and median (15.4 h) simulated residence times for 
the DART (Fig. 14). The minimum simulated residence time of 1.4 h (Fig. 14) 
is sHghtly less than the observed residence time of 2.2 h needed for 90% U 
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Figure 13c Simulated flow lines through a DART with six diversion wings, none of which are 
perpendicular to groundwater flow direction. 

removal (Table I). Under the conditions specified for these simulations, 
groundwater residence times in all but the very outer flow paths will be 
sufficient for 99% U removal efficiencies. 

Clogging of the DARTs by mineral precipitates could occur and would 
depend on the type of reactive material and geochemical conditions in the 
groundwater. Carbonate mineral precipitation has been documented in 
trench installations of ZVI reactive material (see Chapters 13 and 14). Be-
cause of the limited treatment thickness, mineral precipitation in a DART 
may substantially impact the contaminant treatment efficiencies relative to 
the effects of clogging reactions in a trench-type deployment. Clogging in a 
DART could result in the diversion of groundwater flow to regions outside 
the treatment zone. 
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Figure 14 Simulated flow lines through reactive material of a DART showing residence time of 
contaminated groundwater. 

In contrast, initial plugging in a trench installation may simply divert 
groundwater flow to another area within the PRB where contaminant removal 
can still occur. Unlike other PRB installation techniques, the extent of PRB 
plugging can be inspected visually by simply removing the DART from the 
nonpumping well. If substantial plugging has occurred, replacement of the 
reactive material within the DART and redeployment may be relatively simple 
tasks in contrast to reactive material replacement in a trench PRB installation. 

B. DART DEPLOYMENT CONSIDERATIONS 

The practical aspects considered here are largely based on economics. If 
passive in situ treatments are to be practical, they must be cost effective for 
installation and long-term maintenance. Their ability to work in a wide 
variety of hydrologic and geologic environments without additional cost is 
also important. 



Table I 

Calculated Residence Times Needed for 90 and 99% Removal of Input Uranium Concentrations 
during May 1999 in the ZVI PRB (Trench Installation), Fry Canyon, Utaha 

Treated U 
concentration in Calculated flow Calculated flow Calculated Calculated 

Input U micrograms Mean groundwater path distance path distance residence time residence time 
concentration, in per liter, after velocity, in meters needed to remove needed to remove needed to needed to remove 
micrograms per traveling 15.2cm per day, measured 90% of the 99% of the remove 90% of 99% of the 

liter, during into the ZVI PRB, in the ZVI PRB, input U input U the input U input U 
Flow path May 1999 May 1999 April 1999 concentration concentration concentration concentration 

in cm in cm in h in h 

ZVIT 1 
to 10,760 <0.06 1.5 13.2 
ZVIR2-2 

to 8045' 3 1.5 13.2 
ZVIT3 

ZVIT2 

A V G ~  

to 5330 10 
ZVIR2-2 

5.0 2.2 

5.0 2.2 

1.5 13.2 15.0 2.2 

~~ 

2.5 

2.5 

2.5 

%ee Chapter 14 for a discussion and illustration of the PRBs installed near Fry Canyon, Utah. 
bNo well, designates a hypothetical monitoring well between wells ZVITl and ZVIT2. 
'Input concentration calculated from average uranium concentration in water from wells ZVITl and ZVIT2 
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DARTs are designed to be placed in a well inside the perforated casing or 
well screen. The construction is such that the design can be changed to 
accommodate any depth and any diameter of casing by using commonly 
available materials. Maximizing the diameter of a DART allows contamin-
ated groundwater to contact more of the reactive material. Thus, a com-
promise between this maximum diameter and a diameter that allows 
minimum effort for insertion and removal must be achieved. Diversion 
wings are necessary for directing flow through the reactive material, but if 
plastic fins are too short, their flexibility is decreased to a point where they 
are too tight against the well casing and vertical movement becomes diSi-
cult. DART lengths can be constructed to match any configuration of 
screened intervals in an existing well. Emplacement in a well with more 
than three perforated intervals where contaminants are present might re-
quire a string connected by intervening lengths of pipe. One to three 
DARTS, all less than 1.5 m long, could be placed individually at different 
depths with wire lines. Longer strings would most easily be placed by using 
a boom on a truck. Placement in horizontal wells would require pushing the 
assembly into place and thus would require a solid connection, such as a 
threaded PVC pipe. 

If exact orientation of the diversion wings is required, the DART assembly 
must be connected to a solid string of pipe and wing orientation must be 
marked on each string segment as they are assembled at the well head. 
Rotation for desired orientation can only be clockwise unless a positive 
locking device is used at the string joints. 

The form of a DART can be altered for special applications. For 
example, if removal of contaminants from a single low-volume pumping 
well were desired, wings could be placed around the circumference of a 
DART below a pump to force water flowing up inside a well to move 
through reactive material before reaching the pump intakes (Fig. 15). This 
would protect the pump and attached plumbing from contacting contamin-
ated water. 

Another method of removing contaminants from water flowing to a 
pumping well is to place a well array between the pumping-well screens 
and the plume of contaminated groundwater. Because flow lines converge 
on a pumping well, the array could be in a crescent shape to intercept 
groundwater being diverted toward the well by its lower hydrauHc head. 
In some cases, the array might have to surround the pumping well to assure 
that all contaminated water was passed through the reactive material in the 
DARTs (Fig. 16) 
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Cable 

Contamination 

Figure 15 Diagram of a DART placed below a pump in a low-volume well. 
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Figure 16 Possible DART well arrays for removal of contaminants from groundwater resulting 
from a (a) narrow contaminant plume and (b) wide contaminant plume. 
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III. SUMMARY 

Since the mid-1990s, commercial PRBs have been installed in two basic 
configurations: (1) funnel and gate and (2) continuous wall. The majority of 
PRB installations have been limited to shallow depths (< 21 m). After PRB 
installation, the replacement of spent reactive material and eventual removal 
of the PRB will result in additional construction costs that could be substan-
tial. 

DARTs have been developed for the emplacement of PRBs through arrays 
of nonpumping wells. Specific advantages afforded by the use of nonpumping 
wells in combination with DARTs include (1) materials, equipment, and 
contractors are readily available; (2) well installation under most conditions 
is straightforward; (3) deep installations (> 50 m) are possible; (4) only a 
fraction of the treatment materials are needed relative to the same coverage 
with a continuous-wall PRB; and (5) replacement and removal of spent reactive 
material are cost effective. The DART is composed of a rigid PVC shell with 
high-capacity flow channels that contains the permeable reactive material and 
flexible wings to direct the flow of groundwater into the permeable reactive 
material. Three items should be considered when evaluating the feasibility of 
using DARTs for PRB emplacement: (1) the hydrology of the system, includ-
ing the degree of heterogeneity; (2) the construction engineering of the DART 
itself; and (3) the residence time needed for contaminant removal reactions. 

Computer simulation indicates that the reactive material used in a DART 
should be engineered to have a X value 50 to 200 times greater than the K 
value of the aquifer material. This difference in K will capture groundwater 
from an upgradient width of aquifer equal to about 1.8 to 1.9 times the 
diameter of the nonpumping well. Important design features for DARTs 
include (1) maximizing the open surface area of the DART housing, (2) 
maximizing the volume of groundwater that can flow through the reactive 
materials, (3) allowance for easy production of DARTs with various diam-
eters and lengths, (4) easy emplacement of a DART, (5) easy access to the 
reactive material, and (6) minimizing the cost of production. Simulated 
groundwater residence time in a 10-cm-diameter DART ranged from 1.4h 
in flow paths in the outer edges of the DART to a maximum of 29.3 h in flow 
paths in the center of the DART. These modeled residence times compared 
favorably with groundwater residence times needed for 99% U removal in a 
ZVI PRB installed at Fry Canyon, Utah. 

In addition to classic PRB emplacement scenarios, alternative applications 
for DART emplacements are possible. These include emplacement in and 
protection of single wells used for individual and small community water 
supplies. 
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Chapter 6 

Creation of a Subsurface 
Permeable Reactive Barrier 
Using in Situ Redox 
Manipulation 

V. R. Vermeul, M. D. Williams, J. E. Szecsody, J. S. Fruchter, C. R. Cole, 
and J. E. Amonette 
Battelle, Pacific Northwest National Laboratory, Richland, Washington 99352 

I. INTRODUCTION 

Many groundwater plumes requiring treatment are dispersed over large 
areas. Contamination of this type is difficult and expensive to treat using 
extraction wells and surface-based treatment (pump-and-treat) methods. 
Mackay and Cherry (1989) have shown that many of the problems encoun-
tered during pump-and-treat operations are the result of the pumping phase 
rather than the treatment phase. As a result, a variety of in situ treatment 
technologies that avoid the pumping phase are under investigation. One 
promising group of in situ technologies involves use of permeable reactive 
barriers. The typical permeable reactive barrier approach consists of trenches 
excavated downgradient of the contaminant plume to a depth sufficient to 
intercept the migrating plume. These trenches are backfilled with one or more 
reactive materials selected to promote a particular treatment process. 

The in situ redox manipulation (ISRM) concept proposed by Fruchter 
et al. (1992, 1994) provides for creation of permeable treatment zones in situ 
without excavation and extends the applicability of in situ methods to deeper 
aquifers. ISRM provides an improvement over the baseline pump and treat 
technology because it places the treatment capacity in the most permeable 

Handbook of Groundwater Remediation Using Permeable Reactive Barriers 
Copyright 2002, Elsevier Science (USA). All rights reserved. 1 6 3 



164 V. R. Vermeul et al. 

regions of the subsurface, where the bulk of the contamination resides. This 
treatment capacity remains in the subsurface, where it is available to treat 
contaminants that seep slowly out of less permeable regions. Cost estimates 
by Cummings and Booth (1997) indicate ISRM technology is expected to be 
less expensive than pump and treat technology. ISRM installation costs are 
similar to pump and treat, but there are no ongoing operation and mainten-
ance costs. Additional advantages of this technology are that (1) the barrier 
can be left in place, (2) human exposure is diminished greatly, (3) it is 
unobtrusive, and (4) the barrier is renewable if monitoring determines it 
is necessary. 

Potential secondary effects associated with ISRM technology include 
metals mobilization, residuals concentrations, hydraulic performance (i.e., 
aquifer plugging), and dissolved oxygen depletion. Initial bench-scale la-
boratory testing of ISRM did not identify any secondary effects that would 
preclude field scale testing the technology. Field-scale experiments were 
designed to quantify these effects and determine if they could potentially 
limit the full-scale application of this technology for the in situ remediation 
of contaminated groundwater. 

The objective of the ISRM method is to create a permeable reactive barrier 
(PRB) in the subsurface to remediate redox-sensitive contaminants (Fig. 1). 
As illustrated, redox-sensitive contaminants in the plume are immobilized or 
destroyed as they migrate through the manipulated zone. The permeable 
treatment zone is created by reducing the ferric iron to ferrous iron within 
the aquifer sediments (Fig. 2). In the ISRM concept, a permeable treatment 
zone is placed within the contaminant plume downgradient of the contamin-
ant source. The treatment zone is created by injecting appropriate reagents to 
chemically reduce the structural iron in the sediments. The reduced Fe(II) 
appears to be present in at least two different phases: adsorbed Fe(II) and 
Fe(II)-carbonate (siderite). Adsorbed Fe(II) appears to be the dominant 
phase. 

Amonette et al. (1994; 1998), Fruchter et al. (1994, 2000), Szecsody et al. 
(2000a,b), Vermeul et al. (2000), and Williams et al. (2000) have shown that if 
the redox potential of an aquifer can be made reducing, a variety of redox-
sensitive contaminants can be treated. Redox-sensitive contaminants that are 
candidates for treatment by this technology include chromate (Cr04~), uran-
ium, technetium, TNT, RDX, and some chlorinated solvents [e.g., TCE, 
CCI4, TCA, PCE]. Chromate is immobilized (Fig. 2) by the reduction of 
Cr(VI) to Cr(III), which forms a highly insoluble chromium hydroxide or iron 
chromium hydroxide solid solution (Rai et al., 1987; Sass and Rai, 1987). This 
case is particularly favorable, as Cr(III) is less toxic and not easily reoxidized 
under ambient environmental conditions. Uranium and technetium can 
also be reduced to less soluble forms [although, unlike Cr(III), they may 
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Potential Candidate for Redox Treatment 
Favorable Candidate for Redox Treatment 

Figure 1 In situ permeable treatment zone concept. 
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Figure 2 ISRM reduction and treatment. 

reoxidize/remobilize once the treatment zone is reoxidized], explosives (i.e., 
TNT, RDX) can be destroyed by reductive mineralization, and chlorinated 
solvents can be destroyed by reductive dechlorination. 

A multiple-scale experimental approach, as described in this chapter, was 
used to develop and test ISRM remediation technology. Initial bench-scale 
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batch and column experiments conducted on Hanford sediments evaluated a 
variety of potential reducing reagents (Amonette et al, 1994; 1998; Fruchter 
et ai, 1994). Once sodium dithionite was selected as a preferred reagent, a 
variety of batch and column experiments with sediment and dithionite were 
used to develop an understanding of the important reactions, final reaction 
products (i.e., residuals), and nature and fate of any ions released from the 
sediments and sediment surface coatings under reducing conditions (e.g., 
mobilization of trace metals). The bench-scale laboratory experiments were 
followed by a series of intermediate-scale experiments conducted at Oregon 
State University (Istok et al, 1999). 

Mathematical models were developed to integrate the results from the 
bench-scale experiments with the site characterization information to define 
nominal specifications for the field experiments (WilHams et al, 1994). This 
process then proceeded in an iterative fashion with designs being checked 
against experiments at the intermediate and each successively larger scale and 
improved as necessary before the next test was conducted. Important design 
factors include well and corehole placement, reagent and buffer concentra-
tions, injection and withdrawal rates, and the duration of each phase of the 
experiment (injection, reaction, and withdrawal). RAFT, a reactive transport 
numerical model (Chilakapati, 1995), was also used to interpret the results of 
these experiments to determine reaction kinetics at larger scales (i.e., inter-
mediate and field). 

Three successively larger scale field demonstrations of the ISRM technol-
ogy were conducted at the U. S. Department of Energy's Hanford site in 
southeast Washington State, including a single injection well proof-of-
principle test (Fruchter et al, 1996, 2000), a multi-injection well-treatability 
test (WilHams et al, 2000), and a full-scale deployment of the technology as a 
remedy for a 700-m (2300-ft) wide Cr(VI) plume impacting the Columbia 
River. ISRM treatment zone performance data presented in this chapter 
extend through March 2001 for the proof-of-principle field test (~ 5.5 years 
after treatment) and April 1999 for the treatability test. Additional perform-
ance assessment monitoring at the treatability test site has been limited by 
construction activities associated with expansion of the barrier for full-scale 
deployment, which is scheduled for completion in 2003. 

Emplacement of an ISRM treatment zone involves three distinct phases, 
including injection, reaction, and withdrawal (i.e., push/pull test). During the 
injection (or push) phase, contaminated waters of the targeted treatment zone 
are replaced by one pore volume of the reagent solution, injected into the 
treatment zone through the central injection well. The injection phase is 
followed by a stagnant reaction (or residence) phase in which the injected 
reagent is allowed to react with the aquifer sediments. During the withdrawal 
phase, unreacted reagent, other reaction products, and any mobilized trace 
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metals are removed through the central injection well. This single well, 
push/pull approach was chosen because it provides for better residual recovery 
than any other technique. The ISRM treatment zone concept can be extended 
to emplacement of an ISRM permeable reactive barrier by coalescing a series of 
cylindrical treatment zones, created through a series of single well reagent 
injections, across the downgradient path of a migrating contaminant plume. 

IL BENCH-SCALE BATCH AND COLUMN 
EXPERIMENTS 

The primary objectives of the bench-scale experiments were to identify an 
appropriate chemical reducing agent for ISRM and quantify the important 
reactions (and rates) that occur when iron-bearing sediments are reduced. 
Results of these experiments were used to design the larger scale tests and to 
determine the required reagent mixture and concentrations. Bench-scale tests 
were also used to demonstrate the treatment of specific contaminants with 
reduced sediments and to estimate the treatment capacities (i.e., longevity) of 
the ISRM-treated sediments. 

During development of the ISRM technology, sodium dithionite was 
shown to be an effective chemical reducing agent for reducing structural ferric 
iron to ferrous iron in Hanford sediments (Amonette et al., 1994). The 
reduction and disproportionation reaction rates for dithionite and Hanford 
soils were adequate for the reduction of solids in the aquifer, while ensuring 
that dithionite would not remain as a contaminant in the groundwater for 
extended periods of time. Because stability is enhanced greatly at high pH, the 
injected solution consisted of sodium dithionite with a potassium carbona-
te/potassium bicarbonate buffer (pH 11). The potassium-based buffer was 
chosen instead of its less expensive sodium-based analog to decrease the 
possibility of clay dispersal and mobilization during and after the barrier 
emplacement process. 

Dithionite reacts with iron in the aquifer sediments, reducing Fe(III) 
surface phases to Fe(II) according to the overall reaction described by 

S204^"(aq) + 2 Fe(III)(s) + 2 H2O ^ 2 S03^"(aq) + 2 Fe(II)(s) + 4 H+ (1) 

The reduced sediments in the treatment zone can remove redox-sensitive 
contaminants from groundwater flowing through the zone. For example, the 
chromate ion (Cr04~) is a common groundwater contaminant at many sites, 
but it is only significantly water soluble under oxidizing conditions. Within 
the zone of dithionite-reduced sediments, aqueous chromate reacts with 
Fe(II) produced by the dithionite reaction [Eq. (1)] and is precipitated as a 
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solid hydroxide [e.g., Cr(OH)3] according to the example reaction described 
by 

Cr04^"(aq) + 3 Fe(II)(s) + 5 H+ ^ Cr(OH)3(s) + 3 Fe(III) -h H2O (2) 

Similar precipitation reactions will occur for other oxidized redox-sensi-
tive metal species. 

III. INTERMEDIATE-SCALE EXPERIMENTS 

Following completion of the initial bench-scale experiments, three inter-
mediate-scale injection experiments were conducted in a 7-m-long, 0.20-m-
thick, i r wedge-shaped flow cell (Istok et al., 1999). The wedge shape 
approximated the radial flow field associated with injection well hydraulics. 
The cell was constructed at Oregon State University and packed with sands 
from a quarry near the Hanford site that were similar to the Hanford forma-
tion sands encountered at the 100-H area field site. The intermediate-scale 
experiments, designed to mimic planned field-scale experiments, were based 
on numerical simulations that incorporated hydrogeologic data collected 
during site specific characterization of the field test site. The primary objective 
of intermediate-scale experimentation was to gain experience and make im-
provements in the operational aspects of each experiment (e.g., location and 
frequency of sampling, measurement methods, sample and reagent handling, 
refinement of analytical techniques, assessment of metals mobilization) 
before conducting the field-scale experiment. Three intermediate-scale experi-
ments, designed to mimic planned field tests, were conducted, including a full-
scale tracer test, a minidithionite injection/withdrawal test, and a full-scale 
dithionite injection/withdrawal test. 

IV. FIELD-SCALE PROOF-OF-PRINCIPLE EXPERIMENT 

The primary objective of the pilot-scale proof-of-principle field experi-
ment was to determine the feasibility of creating a reduced zone in an aquifer 
using the ISRM method and to estimate the longevity of the reduced zone in 
a natural environment. Additional objectives of this test were to evaluate 
secondary effects of the process (e.g., reagent recovery and residual chemicals 
in the aquifer, trace metal mobilization, and effects on aquifer permeability). 
The limited scale of this test made it di;cult to evaluate downgradient effects 
due to uncertainties in the groundwater flow direction. 

The ISRM proof-of-principle test site is located in the Hanford 100-H area 
(Fig. 3) southwest of the 100-H reactor, about 730 m from the Columbia 
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Figure 3 Map of Department of Energy's Hanford site, Washington State, showing the location 
of the 100-H area ISRM proof-of-principle test site and the 100-D area ISRM treatability test 
site. 

River. The site is relatively uncontaminated, with only low levels (<0.100 mg/ 
Uter) of hexavalent chromium in the groundwater. Sixteen wells were drilled 
and completed, including the central injection well, the upper and lower zone 
monitoring wells, and the up- and downgradient monitoring wells (Fig. 4). 
Prior to conducting the full-scale dithionite injection/withdrawal experiment, 
a series of site characterization activities were completed. These included 
hydraulic tests, a full-scale bromide tracer injection/withdrawal test that mim-
icked all three phases planned for the full-scale dithionite injection/with-
drawal experiment, and a minidithionite injection/withdrawal test. These 
activities are fully described in Fruchter et al. (1996) and Vermeul et al. (1995). 

A . EXPERIMENT O P E R A T I O N 

The full-scale dithionite injection/withdrawal experiment (initiated on 
September 7, 1995) was designed to produce a 15-m (50-ft)-diameter reduced 
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Well layout and corehole locations of the 100-H area ISRM proof-of-principle test 

zone around the central injection/withdrawal well H5-2 (Fig. 4). Approxi-
mately 77,000 liters (20,500 gal) of buffered sodium dithionite solution was 
injected into the aquifer during the 17.1-h injection phase. The injection 
design incorporated three successively lower concentrations of reagent 
(Table I) to minimize cost and to decrease the amount of derived waste and 
aquifer residuals. The injection phase was followed by an 18.5-h reaction (or 
residence) phase that provided time for the reagent to react with the ferric iron 
within the sediments. The final 83-h withdrawal phase of the experiment 
involved pumping 4.9 injection volumes of groundwater from the central 
injection well to remove any unreacted reagent, reaction products (e.g., 
thiosulfate, sulfate, sulfite), and mobilized metals. 

During the injection phase, reagent was injected from three 27,000-Hter 
(7100-gal) mixer tanks. These tanks were prefilled to an appropriate level with 
site groundwater pumped from the injection well. Concentrated Hquid re-
agent (delivered to the site in a refrigerated tanker truck) was added to 
each tank to achieve desired injection concentration and volume. Time-
dependent adjustments in the injection concentration of reagent were used 
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Table I 

Concentrations used during Injection 

Tank 

A 

B 

C 

Sodium 
dithionite (m) 

0.1 

0.065 

0.033 

Potassium 
carbonate (m) 

0.4 

0.26 

0.13 

Potassium 
bicarbonate (m) 

0.04 

0.026 

0.013 

Sodium 
bromide (ppm) 

90 

90 

90 

to compensate for differences in average residence times and reaction path 
lengths that occur during the injection phase. For example, solution injected 
at the leading edge of the injection plume will be in the aquifer for 18 h (i.e., 
more than three reduction reaction half-lives), whereas solution injected near 
the end of the injection phase will encounter sediments that have already been 
continuously exposed to full reagent for 18 h. 

Following the residence phase, which provided sufficient time for the 
reagent to react with the aquifer sediments, the reagent, any mobile reaction 
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products, and by-products (e.g., mobilized trace metals) were withdrawn 
from the aquifer through the central injection well and stored in a 380,000-
liter (100,000 gal) Modutank installed at the site. The withdrawal volume 
was 4.9 times greater than the injection volume. The larger withdrawal 
volume is a result of groundwater drift and dispersive effects. Samples of 
the withdrawn water were collected and submitted for analyses to provide 
data for mass balance calculations to determine (1) the amount of reagent 
and reaction products recovered and (2) whether concentrations of sulfate 
and trace metals were below the purge-water collection criteria. Analytical 
results indicated that all Hanford purge-water collection criteria were 
met, and the stored withdrawal water was subsequently discharged to 
ground. 

Dithionite movement and reactivity during the injection, residence, and 
withdrawal phases of the field test were characterized by monitoring geo-
chemical changes in the groundwater (oxygen, pH, electrical conductivity) 
and by direct measurement of dithionite. Groundwater geochemical meas-
urements and samples were taken at intervals ranging from 0.25 to 6.0 h from 
the injection/withdrawal well and 12 monitoring wells. This resulted in the 
collection of approximately 2500 aqueous samples, which were analyzed to 
characterize dithionite distribution and reactivity within the aquifer. More 
details on the injection, residence, and withdrawal phases are presented in 
Fruchter et al. (1996, 2000). 

Mass balance calculations compared the mass of injection constituents 
with the mass of withdrawn constituents to determine what percentage of 
reagents and reaction products was recovered during the withdrawal phase. 
Samples collected from the extraction stream during the withdrawal phase of 
the experiment were analyzed for thiosulfate, sulfate, sulfite, and bromide 
using ion chromatography (IC). Integration of the extraction stream total 
sulfur species and bromide concentration data indicated that 87% of the 
injected sulfur mass and 90% of the injected bromide mass were recovered 
during the withdrawal phase. 

B. REDUCTIVE CAPACITY AND BARRIER LONGEVITY 

Indirect evidence of the reduction of aquifer sediments was obtained 
through the collection and analysis of aqueous samples from the site (e.g., 
dis-solved oxygen and total chromium/hexavalent chromium concentra-
tions). Direct evidence of reduction of aquifer sediment was achieved through 
analysis of sediment samples collected from seven borings drilled at the ISRM 
field experiment site following the dithionite injection/withdrawal experi-
ment (Fig. 4). 
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The primary methodology for determining the reductive capacity of core 
samples collected from the treatment zone following the ISRM field experi-
ment was to determine the oxygen reduction capacity (ORC) of the sediment 
samples [for a detailed discussion, see Istok et al., (1999), Fruchter et al, 
(1996), and Szecsody et al., (2000a)]. Samples were packed in columns, and 
the ORC of the sediment in the column was then measured by flowing a 
solution of oxygen-saturated water (~8 mg/liter) through the column until 
effluent dissolved oxygen concentrations approached influent concentrations. 
The O2 reoxidation method was selected as the primary methodology because 
the processes involved in the methodology were automated easily, which 
increased significantly the number of core samples that could be analyzed. 

Results of the ORC analysis for the 13 sediment core samples collected 
from the treatment zone following the dithionite injection/withdrawal test 
are summarized Table II. These data show that significant treatment capacity 
was created by the test and a high percentage of reduction of the available 
Fe(III) (i.e., that reducible by dithionite) was achieved within the treatment 
zone. The ORC measurements for core samples that were fully reduced by 
dithionite in the laboratory resulted in an average Fe(III) value of 0.059% by 
weight for Hanford formation sediments. Estimates for the lifetime of the 
treatment zone were calculated using the results from the analysis of these 
core samples. The treatment capacity of the targeted treatment zone was 
estimated to be between 51 and 85 pore volumes based on (1) the average 
Fe(III) based on ORC measurements in Table II; (2) effective porosity and 
bulk density estimates of 0.2 and 1.9g/cm^, respectively, and assumed dis-
solved oxygen and hexavalent chromium concentrations of 9 and 1 mg/liter, 
respectively; and (3) core data indicating that 60 to 100% of the available 
reactive iron [from core samples collected up to a 7.5-m (25-ft) radial distance] 
was reduced during the dithionite injection/withdrawal experiment. Assum-
ing a 15-m (50-ft)-wide treatment zone and a groundwater velocity of 
0.3m/day (1 ft/day), which is typical of this area of the Hanford site, the 
estimated longevity of the ISRM treatment zone at the proof-of-principle test 
site is between 7 and 12 years. 

Spatial trends in the effectiveness of the treatment zone emplacement are 
evident when comparisons of the percentage of available Fe(III) that was 
reduced by the treatment are made between core samples (Fig. 5). There is a 
general trend of increasing percent reduced with depth; this is consistent with 
the experimental design, which targeted the bottom 1.5 m (5 ft) of the aquifer. 
There is also a general trend of decreasing percent reduced with increasing 
radial distance from the injection/withdrawal well. This trend is also expected, 
as the dithionite concentrations measured in samples collected from the wells 
during the injection/withdrawal test were lower at greater radial distances due 
to reaction losses along the longer path lengths and from dispersion. 



Table I1 
Oxygen Reductive Capacity (ORC) Measurements from Sediment Samples Collected Following 

the ISRM Proof-of-Principle Test at the 100-H Areaa 

Boring ID  Depth Radial YO of sample Sample ORC Pore volumes Maximum sample YO of available 
ORC (meq/kg) Fe(II1) reduced b (4 distance (m) < 4.75 mm (meq/kg) of treatment 

B2618 12.0 1.2 79 9.9 63 23.4 42 

B2618 13.0 1.2 37 12.6 38 22.4 56 

B2618 14.2 1.2 51 42.7 176 39.1 100 

B2618 14.9 1.2 43 6.5 22 35.9 18 

B2620 13.0 3.1 79 1 .o 6 18.5 5 

B2620 14.5 3.1 34 10.0 28 19.6 51 

B2620 15.1 3.1 30 32.5 78 32.4 100 

B262 1 15.1 5.8 29 10.7 25 17.8 60 

B2624 12.7 6.4 79 13.9 88 39.8 35 

B2624 13.6 6.4 42 25.1 85 32.9 76 

B2624 14.8 6.4 38 21.0 64 37.1 57 

B2624 14.5 (int) 6.4 60 17.9 86 21.5 83 

14.5 (ext) 6.4 60 13.8 66 35.9 38 

B2625 14.6 8.2 21 1.3 2 16.5 8 

uBorehole locations are shown in Fig. 4a. 
'Assumes bulk density = 1.9 g/crn3; porosity = 20%; 9mg/liter dissolved oxygen; 1 mg/liter hexavalent chromium. 
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Figure 5 Contour plot of percentage Fe reduced based on ORC measurements of core samples 
collected after the 100-H area ISRM proof-of-principle test. Corehole locations are shown as 
radial distance from the injection/withdrawal well (H5-2). ORC data are from Table 11. See 
Fig. 4a for plan-view locations of coreholes. 

C. PERFORMANCE ASSESSMENT GROUNDWATER MONITORING 

Groundwater monitoring to assess treatment zone performance at the 
ISRM site was conducted for approximately 5 years following the proof-of-
principle experiment conducted in September 1995. Dissolved oxygen and 
hexavalent chromium, which can be used as an indirect measure of the perform-
ance of the reduced zone, were monitored along with other standard geochem-
ical field parameters (pH, EC, temperature). pH, conductivity, and dissolved 
oxygen were measured with electrodes. A portable Hach DR/2000 spectro-
photometer was used to measure hexavalent chromium and for corroboration 
with dissolved oxygen electrode measurements. Samples were also collected for 
IC analysis of sulfur species, and filtered samples were acidified with nitric acid 
for trace metals analysis by ICP/MS. To prevent reoxidation through contact 
with atmospheric oxygen within the well bore, argon gas is fed continuously to 
the wells from a liquid argon dewar stored at the site. A permanent solution 
would be to install packers just above the well screen or high-quality well seals at 
the surface to minimize the diffusion of atmospheric oxygen at this interface. 
Argon blanketing was used to permit easy access to the wells during sampling 
and hydraulic testing. The concentration of oxygen in the well bore was checked 
with a hand-held oxygen meter before each sampling event. 

1. Chromium Monitoring 

Baseline and selected posttest chromium concentration results for wells 
at the 100-H area ISRM site are provided in Table III, and in a generally 



Table I11 

Pre- and Posttest Summary of Dissolved Oxygen and Chromium Measurements from Wells at 100-H Area ISRM Test Site‘ 

Baseline (August 1995) Posttest (November 1997) Posttest (April 1999) Posttest (March 2001) 

Well ID Dissolved Chromium Dissolved Chromium Hexavalent Dissolved Chromium Hexavalent Dissolved Hexavalent 
b 

oxygen (ICP/MS) oxygen (ICP/MS) chromium oxygen (ICP/MS)’ chromiumb oxygen chromium 
(mg/liter) (p,g/Iiter) (mg/liter) (kg/Iiter) (mg/liter) (mg/liter) (kg/liter) (mg/liter) (mg/liter) (mg/liter) 

Wells within treatment zone 

HS-2 ~ ~ 

H5-3p 4.40 50.8 

H5-30 5.70 71.0 

H5-4p 2.39 47.1 

H5-40 6.07 68.9 

H5-5p 4.27 64.8 

H5-50 5.95 67.4 

H5-6 5.36 60.1 

H5-7 5.14 67.4 

H5-8 3.90 61.5 

H5-9 6.93 59.8 

HS-10 5.57 45.8 

H5-11 6.61 59.5 

0.00 

3.50 

11.47 

0.00 

8.41 

0.00 

0.00 

0.00 

0.00 

0.00 

0.00 
0.00 

0.00 

13.2 

37.0 

35.0 

3.4 

12.6 

< 3  

< 3  

4.1 

4.5 

4.1 

< 3  
3.4 

< 3  

< 0.008 

0.03 

0.03 

< 0.008 

0.01 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 
< 0.008 

< 0.008 

0.17 

6.00 

9.74 

0.00 

8.80 

0.00 

5.68 

0.00 

0.00 

1.92 

0.00 

0.00 

0.00 

<1 < 0.008 

13.2 0.01 

6.0 < 0.008 

f0 .2  < 0.008 

5.5 < 0.008 

1.6 < 0.008 

2.7 < 0.008 

<1 < 0.008 

1.5 < 0.008 

8.9 0.01 

<1 < 0.008 

<1 < 0.008 

<1 < 0.008 

0.4 

7.9 

9.7 

0.00 

9.5 

0.00 

9.6 

0.00 

0.00 

3.45 

0.00 
0.00 

0.00 

< 0.008 

0.01 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

< 0.008 

(continues) 



Table 111 (continued) 

Baseline (August 1995) Posttest (November 1997) Posttest (April 1999) 

Well ID Dissolved Chromium Dissolved Chromium Hexavalent Dissolved Chromium Hexavalent 
b oxygen (ICP/MS) oxygen (ICP/MS) chromium oxygen (ICP/M$ chromium 

(mg/liter) (pg/liter) (mg/liter) (pg/liter) (mg/liter) (mg/liter) (pg/liter) (mg/liter) 

Wells outside treatment zone 

H5-12 1.88 12.9 6.46 33.0 0.03 3.18 9.5 0.01 

H5-13 3.48 34.0 8.31 59.4 0.05 8.17 16.7 0.01 

H5-14 - - 6.89 53.1 0.06 6.50 13.3 0.01 

H5-15 Not drilled Not drilled 9.20 46.5 0.04 8.74 9.5 0.01 

Posttest (March 2001) 

Dissolved Hexavalent 
b oxygen chromium 

(mg/liter) (mg/liter) 

2.4 < 0.008 

na 0.01 

na 0.01 

9.8 0.01 

aWell locations are shown in Fig. 4a. 
bChromium concentrations within the plume in the area of the ISRM test site were significantly lower by the 1999 sampling event due to the injection 
of large volumes of treated groundwater nearby from a pump-and-treat system, which started in mid-1997. 
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west-to-east transect of wells screened in the lower portion of the aquifer (i.e., 
the targeted treatment zone) in Fig. 6. Total chromium concentrations before 
the experiment ranged from 12.9 to 64.8 |jLg/liter at the site. Following the 
dithionite injection/withdrawal experiment, total chromium concentrations 
declined to less than 10 |jLg/liter and near the detection limit of the analytical 
method (ICP/MS; 1 to 3 |xg/liter) in wells located within the targeted treat-
ment zone. Hexavalent chromium concentrations within the reduced zone 
following the injection/withdrawal experiment were mostly below the detec-
tion limit of the field measurement method (8 (xg/liter). Hexavalent chro-
mium was not analyzed before the field experiment, but the total chromium 
measurements after the experiment had concentrations and trends similar to 
the postexperiment hexavalent chromium concentrations (see Table III). 
Hexavalent chromium concentrations within the reduced zone also remained 
below detection limits during the most recent sampling event (March 2001 in 
Table III), ~ 5.5 years after the injection/withdrawal test. Samples collected 
from wells outside the reduced zone also showed significantly lower chro-
mium concentrations during the 2001 sampling event, but the concentrations 
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H5-15* H5-3p H5-4p H5-5p H5-9 H5-10 

*Well H5-15 was drilled following the Injection (November 1995) 

H5-11 H5-12 H5-13 

Total Chromimum: Post-Experiment 
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Figure 6 ICP/MS total chromium measurements along a west-to 
and selected post-ISRM injection/withdrawal test values. 
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-east transect showing baseline 
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in the plume around the test site have been impacted from the injection of 
treated groundwater from a pump- and-treat system that began operation in 
mid-1997. 

Chromium concentrations for samples collected from wells located on the 
edges of the reduced zone (e.g., H5-3p and H5-8) and upper portions of the 
aquifer (H5-3o, H5-4o, and H5-5o) have been increasing since the early times 
after the test. Wells located on the outer fringe of the reduced zone encountered 
lower concentrations of dithionite during the injection/withdrawal test and are 
expected to oxidize first from the approximate regional east-northeast ground-
water flow direction. Wells screened in the upper portion of the aquifer encoun-
tered significantly lower dithionite concentrations than the corresponding 
lower zone wells because the test targeted the lower portion of the aquifer 
[i.e., the injection well was screened only in the lower 1.5 m (5 ft) of the aquifer]. 

2. Dissolved Oxygen Monitoring 

Selected dissolved oxygen concentrations measured at the site are shown in 
Table III and Fig. 7. The trends seen in dissolved oxygen are similar to those 
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Figure 7 Dissolved oxygen measurements along a west-to-east transect showing baseline data 
and selected post-ISRM dithionite injection/withdrawal test data. 
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discussed in the previous section on chromium. Preexperiment dissolved 
oxygen concentrations ranged between 1.88 and 6.93 mg/liter. Following 
the injection/withdrawal test, the dissolved oxygen concentrations in samples 
collected from most of the wells within the reduced zone were below detection 
limits, as shown in Fig. 7. With the exception of the wells on the fringes of the 
reduced zone, the treatment zone remains anoxic 5.5 years following the test. 

3. Residual Chemicals and Trace Metals Mobilization 

Potentially adverse impacts to groundwater quality include residual chem-
icals (i.e., injected reagent or reaction products that were not recovered during 
the withdrawal) and naturally occurring trace metals mobilized under 
changing Eh/pH conditions or from dissolution by the reagent during injec-
tion. Residual chemicals in the aquifer were potassium, sodium, sulfur species 
(which eventually oxidize to sulfate), and carbonate. The residuals also affect 
the pH and electrical conductivity within the treatment zone. One year after 
the injection/withdrawal test, wells within the reduced zone remained ele-
vated in potassium, sodium, and sulfate compared with preexperiment (base-
line) values (Table IV). Samples collected from wells outside the treatment 
zone indicate they have not been altered significantly from preexperiment 
(baseline) measurements. 

Baseline trace metals concentrations and concentrations 1 year after the 
dithionite injection/withdrawal test are compared to primary and secondary 
drinking water standards in Tables V and VI, respectively. Relative to baseline 
data, iron and manganese within the reduced zone were elevated significantly. 
These trace metals are not expected to migrate a significant distance down-
gradient of the reduced zone because of their high sorption in the reduced 
oxidation state [Fe(II), Mn(II)]. These reduced species are also expected to 
reoxidize into less soluble species [Fe(III), Mn(III), Mn(IV) ] when in contact 
with unreduced sediment downgradient of the treatment zone. Zinc was also 
elevated slightly above the baseline values 1 year after the test. Other trace 
metals within the reduced zone (e.g.. As and Pb), although elevated in the 
withdrawal stream, were not above baseline data 1 year after the experiment. 
The increase in these trace metals was due to the dissolution of oxides within 
the sediment by dithionite. The postexperiment trace metals concentrations in 
the wells outside the treatment zone were similar to baseline values. 

D . HYDRAULIC PERFORMANCE 

Pre- and postexperiment hydraulic test responses were compared for 
selected observation wells at the ISRM test site to assess the impact of the 



Table IV 

Residual Chemicals (Na, K, SO& pH, and Electrical Conductivity 

Preexperiment Postexperiment 
(August 1995) (August 1996) 

all wells treatment zone 

Quality parameter Secondary standard Units Mean Standard deviation Mean Standard deviation 

K+ None PPm 6 1 116 71 

Na+ None PPm 25 3 55 19 
- ~ 324 213 250 PPm 

- PH 7.55 0.12 8.19 0.49 

Conductivitv - uS/cm 452 42 871 302 

Postexperiment 
(August 1996) 

H5-12 H5-13 H5-14 

Mean Standard deviation 

7 0.4 

35 7 

95 23 

7.51 0.01 

559 32 



Table V 

Comparison of Trace Metals at ISRM Site with Primary Drinking Water Standards 

Preexperimen t Postexperiment Postexperiment 
(August 1995) (August 1996) (August 1996) 

all wells treatment zone H5-12 H5-13 H5-14 

Quality parameter Primary Standard Units Mean Standard deviation Mean Standard deviation Mean Standard deviation 

- <1 

< 1  

< I  

- < 1  - Sb 6 PPb < 1  

As 50 PPb <2 <1 

Cd 5 PPfJ < 1  

c u  50 PPh 5 1 8 1 9 2 

Pb 15 pph 0.4 2 <1  

Ni 1000 PPb 4 3 4 3 5 1 

- ~ - 

- - < 1  - 

- < 1  - 

~ Se 50 ppb 0.3 1 <6 <6 ~ 



Table VI 

Comparison of Trace Metals at ISRM Site with Secondary Drinking Water Standards 

Preexperiment Postexperiment Postexperiment 
(August 1995) (August 1996) (August 1996) 

all wells treatment zone H5-12 H5-13 H5-14 

Quality parameter Secondary standard Units Mean Standard deviation Mean Standard deviation Mean Standard deviation 

<10 13 <10 - A1 50-200 PPb 32 

Fe 3000 PPb 5 13 132 162 20 34 

Mn 50 PPb 32 59 170 231 14 12 

Zn 5000 PPb 25 18 51 5 54 11 
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field experiment on existing in situ hydraulic properties. A direct comparison 
of hydraulic responses was not possible, as the aquifer thickness increased 
from 3 to 4 m for the pre- and postexperiment tests, respectively, due to the 
aquifer response to high water levels in the Columbia River in 1996 and 1997. 
However, analysis of available data, using methods to account for these 
differences, indicated that the dithionite injection did not result in any meas-
urable degradation in formation permeabiHty. 

A comparison of preinjection and postinjection hydraulic test data did 
indicate a near-well decrease in permeability at the injection/withdrawal well 
following the injection. This small zone of reduced permeability (i.e., skin 
effect) may be attributed to the entrapment of suspended or colloidal material 
(or mineralization associated with the carbonate buffer) in the well screen 
or sandpack zone immediately outside the well screen during emplacement 
operations. This near-well reduction in permeability caused no adverse effects 
during the injection or withdrawal phases of the demonstration and is 
not expected to result in any significant degradation in the overall hy-
draulic performance of the treatment zone. A complete description of 
hydraulic analysis methods is included in Fruchter et al. (1996). 

V. CERCLA TREATABILITY TEST 

Following the successful demonstration of the ISRM technology at the 
laboratory and field pilot scale, a larger scale treatability test (Fig. 8) was 
conducted at a chromium-contaminated site located within the Hanford 100-
D area (Williams et aL, 2000). The test used five injection wells to create a 
linear ISRM permeable reactive barrier that could be used to assess issues 
related to full-scale deployment and downgradient effects that were not 
addressed by the pilot-scale field testing. As shown in Fig. 8, these barrier 
emplacement operations created a reduced zone in the aquifer approximately 
46 m (150 ft) long (perpendicular to groundwater flow), 15 m (50 ft) wide, and 
~ 5m (15 ft) thick, extending over the thickness of the unconfined aquifer. 
Depth to groundwater in this area is about 26 m (85 ft) below ground surface, 
and the average groundwater velocity, based on measurements of hydraulic 
gradient, hydraulic conductivity, and porosity, is ~ 0.3m/day (1 ft/day). 
Characterization activities conducted during well installation included sam-
pling the sediment, aquifer testing, establishing baseline aqueous geochemis-
try, and conducting a bromide tracer test. The first dithionite 
injection/withdrawal was conducted during September and October 1997; 
groundwater monitoring was conducted from the fall of 1997 to the spring of 
1998. The remaining four dithionite injection/withdrawal tests were con-
ducted from May to July 1998. 
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Figure 8 Well emplacement layout for the ISRM treatability test at the Hanford 100-D area. 

Groundwater monitoring was conducted at the site on a monthly to 
bimonthly basis during 1998 and roughly quarterly during 1999. Analytes 
consisted of field parameters (EC, pH, and dissolved oxygen), chromate, 
anions, and trace metals. Results from the most recent complete sampling 
event (April 6, 1999 ) are shown in Table VII. Average values and ranges of 
selected parameters for this sampling event are given for samples collected 
from wells within the treatment zone and from downgradient wells (Table 
VII). Hexavalent chromium [Cr(VI) ] results are shown in plan view in Figs. 9 
and 10. 
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Table VII 
Groundwater Measurement Summary 

Parameter Units 

Within the treatment zone (4/6/99) 

pH 

Electrical conductivity yuS/cm 

Dissolved oxygen mg/liter 

Sulfate mg/liter 

Cr(VI) [J^g/liter 

Downgradient of the treatment zone (4/6/99) 

pH 

Electrical conductivity \y.S/cm 

Dissolved oxygen mg/liter 

Sulfate mg/liter 

Cr(VI) [x^g/liter 

Range 

7.71-8.78 

792-1891 

0 

197-886 

<8 

7.50-7.82 

728-1180 

0.00-4.45 

249-535 

20-210 

Mean 

8.38 

1206 

0 

455 

<8 

7.61 

956 

2.66 

403 

75 

Westbay Well D4-16 DO measurements were not included. 

Analysis of postemplacement groundwater sampling at the site showed 
Cr(VI) concentrations below detection limits (8 |xg/liter) within the treatment 
zone compared with average baseline concentrations of 1000 jxg/liter. Cr(VI) 
concentrations also declined in the downgradient wells to as low as 20 |xg/liter 
by the April 1999 sampling event, approximately 1 year after emplacement of 
the barrier. Dissolved oxygen concentrations were also significantly lower 
within the treatment zone and downgradient wells than the baseline values. 
Because the ISRM treatability test site is located near the Columbia River 
[~150m (500 ft)] and potential salmon-spawning habitat, regulatory and 
stakeholder concerns regarding attenuation of the anoxic plume downgradi-
ent of the barrier were addressed in a modeling study that simulated the near-
river system and investigated important attenuation mechanisms. Predictions 
from numerical modeling resulted in dissolved oxygen concentrations from 75 
to 95% of saturation by the time the groundwater discharges to the river 
(Wilhams et al, 1999; Williams and Oostrom, 2000). 

The secondary effects observed following the ISRM treatability test were 
similar in magnitude to those observed following the proof-of-principle field 
test. Sulfate, sodium, and potassium concentrations were elevated at the site 
from the dithionite residuals. Although residuals remain elevated, multilevel 
monitoring data collected from the site indicated that residuals were being 
transported downgradient of the treatment zone and that the primary source 
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Figure 9 Cr(VI) concentrations (jjug/liter) at the Hanford 100-D treatability test site before 
dithionite injection (9/24/97). 

of the elevated residuals was continued seepage of reagent trapped in the 
vadose zone during emplacement of the treatment zone. Major trace metals 
involved in the redox process (Fe, Mn) were elevated above baseline values in 
the reduced zone due to dissolution of Fe and Mn oxides by the dithionite 
solution and the enhanced solubility of these naturally occurring oxides in 
the aquifer sediments under reducing conditions. As discussed previously, 
although these metals are elevated in the treatment zone, they are not likely to 
be mobilized a substantial distance downgradient from the zone due to their 
high retardation factors and reprecipitation once they contact oxidizing 
sediments outside the zone. The pH within the treatment zone was slightly 
above the baseline value of 7.5 as shown in Table VII. This elevated pH is 
associated with potassium carbonate/potassium bicarbonate pH buffer 
added to the reagent to enhance dithionite stability. The electrical conductiv-
ity was elevated in the reduced zone above basehne values due to the residual 
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chemicals left in the aquifer from unrecovered reagents (Na, K, carbona-
te/bicarbonate, and sulfate). Unreacted dithionite and the sulfate/thiosulfate 
reaction products ultimately oxidize to sulfate. Comparison of preinjection 
and postinjection pressure response data indicated that injection of the 
sodium dithionite reagent resulted in no significant degradation in the overall 
hydraulic performance of the treatment zone (i.e., no aquifer plugging). 

Laboratory analysis of sediment collected from the aquifer during the 
initial site characterization activities indicated that the average potential 
reductive capacity of the sediment was 11.0 it 3.0 |xmol Fe(III) per gram of 
sediment. Following treatment zone creation, sediment samples were col-
lected from coreholes within the reduced zone to measure the reductive 
capacity of the sediment that was achieved by the treatability test dithionite 
injection/withdrawal operations. The average reductive capacity of the field-
reduced sediment (11.2 ib 7.4|jLmol/g) was similar to the average potential 
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reductive capacity determined for the site sediments, indicating that the 
dithionite injection strategy was effective at reducing the targeted aquifer 
sediments for creation of the ISRM treatment zone. The range in the results 
of these analyses, as measured in breakthrough curves during field tracer and 
dithionite injection tests, is a function of the physical and chemical hetero-
geneities at the site. 

Barrier longevity was estimated from the reductive capacity of the field-
reduced sediments. Using 11.2|ULmol Fe(II) per gram of sediment, the treat-
ment zone should reduce chromate for an estimated 174 pore volumes [using 
14% porosity, 2.3 g/crn^ dry bulk density, and groundwater concentrations of 
8mg/liter dissolved oxygen and Img/liter Cr(VI)]. Assuming this average 
reductive capacity was attained for a 15-m (50-ft) width at the 100-D area site, 
the predicted longevity of the 100-D area ISRM permeable treatment zone is 
23 years [(using the estimated average groundwater velocity of 0.3m/day 
(1 ft/day)]. This estimate neglects the flux of oxygen into the treatment zone 
at the interface between the vadose zone and unconfined aquifer and the 
possibility of preferential flow paths through the treatment zone that could 
significantly affect barrier longevity. 

VL SUMMARY AND CONCLUSIONS 

An in Situ redox manipulation method for creating a permeable reactive 
barrier in the subsurface has been developed, and a field-scale demonstration 
has been conducted at a chromate-contaminated site on the U. S. Department 
of Energy's Hanford site in southeastern Washington State. The ISRM 
treatment zone is created by reducing the ferric iron [Fe(III) ] phases naturally 
present in the aquifer sediments to ferrous iron phases [mainly adsorbed 
Fe(II)] with a chemical reducing agent using an injection/withdrawal (i.e., 
push/pull) emplacement strategy. Sodium dithionite (Na2S204) is injected 
into the aquifer, provided a residence time sufficient to react the sediment, and 
any remaining unreacted reagent and reaction products are withdrawn from 
the aquifer. Standard groundwater wells are used, allowing treatment of 
contaminants too deep below the ground surface for conventional trench-
and-fiU technologies. Once in place, redox-sensitive contaminants migrating 
through this manipulated zone are destroyed (organic solvents) or immobil-
ized (metals). A multiscale approach was utilized during development of the 
technology with experiments ranging from bench-scale laboratory tests to 
emplacement of a full field-scale treatability test barrier. Each successively 
larger scale experiment permitted isolation of effects related to each scale of 
experiment and enabled better design and regulatory approval of the next 
larger scale experiment. 
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Performance data obtained from field-scale demonstrations of the ISRM 
technology indicate that the method is effective for the remediation of Cr(VI)-
contaminated groundwater. In both pilot-scale and treatability test-scale field 
tests, Cr(VI) concentrations within the treatment zone were reduced from 
background levels as high as 1000 juug/liter to below the detection limits of the 
analytical method (8 jxg/liter), and reducing conditions continued to persist 
5.5 years after the initial pilot-scale treatment, which is currently the longest 
monitoring period available for either of the sites. At the treatability test site, 
which was the only field experiment sized adequately to assess downgradient 
effects of the ISRM treatment, Cr(VI) concentrations downgradient of the 
barrier have also declined to as low as 20 |jLg/liter. No secondary effects were 
identified during laboratory- or field-scale testing of the technology that 
would preclude deployment of the ISRM technology for full-scale remedia-
tion of Cr(VI)-contaminated groundwater. 

Based on the successful results of the ISRM treatability study and a cost 
analysis by the Hanford site environmental restoration contractor, the ISRM 
barrier concept is currently being deployed at Hanford as a remedy for a 
700-m (2300-ft) wide Cr(VI) plume impacting the Columbia River. 
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Chapter 7 

Development and 
Performance of an Iron Oxide/ 
Phosphate Reactive Barrier for 
the Remediation of Uranium-
Contaminated Groundwater 

Jennifer L. Joye,* David L. Naftz/ James A. Davis,* Geoff W. Freethey/ 
and Ryan C. Rowland^ 
*U.S. Geological Survey, Menlo Park, California 94025 
^U.S. Geological Survey, Salt Lake City, Utah 84119 

This chapter reports on the laboratory and field testing of engineered sohd 
mixtures for use with deep aquifer remediation tool (DART) technology for 
the removal of groundwater metal contamination resulting from mining and 
ore processing. In laboratory testing mixtures of pelletized bone charcoal 
(bone char apatite) and hematite pellets coated with amorphous iron oxide 
have been studied in various ratios in both batch and column experiments to 
evaluate the effectiveness of the mixture in removing uranium from ground-
water. Variables considered include phosphate levels in solution and on the 
iron oxide surface, pellet ratios, and aging of the solids. Laboratory batch 
experiments indicated phosphorus adsorption by the iron oxide pellets, but 
there was no apparent increase in uranium removal in mixtures compared to 
bone char pellets alone. In contrast, column experiments showed greater 
uranium removal by the mixture of materials, possibly as a result of longer 
aging times and/or higher adsorbed phosphorus concentrations. No evidence 
of autonite formation was found. Field tests using DART deployment tech-
nology also compared different pellet ratios and included (1) shallow DART 
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deployment in an unpumped well array in Fry Canyon, Utah, the site of an 
abandoned uranium upgrader operation, and (2) deep DART emplacement 
146 m below land surface during active mining at the Christensen Ranch in 
situ uranium mine in northeastern Wyoming. An additional field test at Fry 
Canyon also included DART testing with zerovalent iron. 

L BACKGROUND / OBJECTIVES 

A wide range of mechanisms exists through which inorganic contaminants 
can be removed from groundwater, including adsorption (Morrison et ai, 
1996), precipitation (Blowes et al., 1998), and biologically mediated trans-
formations (Robertson and Cherry, 1995). Inorganic contaminants in 
groundwater are often managed by operating expensive, aboveground 
pump-and-treat systems. There is a need for a cost-effective means for pre-
venting the release of contaminants from abandoned mine drainage or for 
immobiHzing contaminants that have already become mobile. The deep 
aquifer remediation tool (DART) is used in conjunction with nonpumping 
wells and offers a low-cost and low-maintenance alternative to ex situ treat-
ment methods and a deeper installation depth than trenching installations of 
permeable reactive barriers (PRBs) (see Chapter 5). A DART is composed of 
a rigid polyvinyl chloride shell with high-capacity flow channels that contains 
permeable reactive material and flexible wings to direct the flow of ground-
water into the reactive material. The new DART technology, developed by 
the U.S. Geological Survey, can be deployed at a range of depths, takes 
advantage of existing well structures, and the reactive materials can be 
removed and replaced easily. This study focuses primarily on the behavior 
of mixed solids designed to immobilize one or more contaminants with a 
combination of both adsorption and precipitation reactions, as well as the use 
of these solids with DART technology. Contaminant removal through chem-
ical reduction is also investigated in field testing with DARTs. 

The two materials tested in mixtures with the DARTs were bone charcoal 
(bone char apatite) and an iron oxide material. Apatites are by far the most 
abundant phosphates found in nature (Van Wazer, 1973) and have been tested 
for use in reactive barriers (Fuller etal., 2002) because of their stability and their 
natural occurrence in halos around uranium (U) ore deposits as a final-stage 
weathering mineral. Due to dissolved phosphate (PO4) release during apatite 
dissolution, it was expected that one or more uranyl phosphate phases, e.g., 
autunite [Ca(U02)2(P04)2 • 10-12 H2O], a naturally occurring stable hydrous 
calcium-uranyl phosphate, would precipitate within the mixtures of reactive 
materials. Fired bone material, or apatite, bound with an Al-Si binder make up 
the bone char pellets and provide the PO4 source for precipitation of a uranyl 
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phosphate phase. In nature, buried bone will take up to as much as 0.1% by 
weight of U, with uptake increasing with length of time buried and local 
uranium [U(VI)] groundwater concentration (Millard and Hedges, 1996). 

The iron oxide solid provides a highly reactive surface to adsorb both 
U(VI) and phosphorus. Iron oxides are not only ubiquitous in the environ-
ment but have been used in a myriad of metal removal studies (e.g., Payne and 
Waite, 1996; Coston et al., 1995). Payne et al. (1996) showed that amorphous 
iron oxide with adsorbed PO4 can enhance U(VI) uptake in solution. The 
proposed mechanism for dissolved U(VI) immobilization in the DART mix-
tures, therefore, involves both adsorption of PO4 and U(VI) by the reactive 
iron oxide surface, followed by nucleation of a uranyl phosphate-phase 
formation on the iron oxide surface. In addition, a uranyl phosphate 
phase could form on the bone char pellet surface or by homogeneous nucle-
ation in solution when PO4 concentrations are high. However, Fuller and 
colleagues (Chapter 9) have shown that the removal mechanism is likely 
U(VI) surface complexation rather than uranyl phosphate precipitation 
under the conditions typical for Fry Canyon groundwater. Thus, enhanced 
U(VI) uptake by a mixture of bone char and iron oxide solids, as a result of 
the PO4 influence on U(VI) uptake by the iron oxide, may occur. 

Although the majority of research concerning PRB materials has focused on 
single material use, we consider here the possibihty that a mixture of materials 
may improve PRB performance. There are toxic metals other than U associ-
ated with the Christensen Ranch insitu uranium mine site, and it is possible that 
a mixed solid reactive material may offer efficient removal of multiple contam-
inants. At the Christensen site, there are significant concentrations of selenium 
(Se), vanadium (V), and arsenic (As), as a result of the highly alkaline and 
oxidizing lixiviant used to mobilize U from the ore body. The amorphous iron 
oxides in the mixture could act to scavenge these other metals as well as U. 

In this study, mixtures of bone charcoal and iron oxide pellets at various 
ratios were tested in both batch and column experiments to evaluate the 
effectiveness of the mixtures in removing U(VI) from groundwater, relative 
to bone char alone. The DART mixtures were field tested in a shallow-
contaminated aquifer as an alternative to passive trenching and for deep 
contamination scenarios not accessible by trench techniques. Field tests 
included (1) shallow DART deployment in a unpumped well array in Fry 
Canyon (southeastern), Utah, the site of an abandoned U upgrader operation 
(see Chapter 14), and (2) deep DART emplacement approximately 146 m 
below land surface during active insitu U mining in northeastern Wyoming. 

Zero valent iron filings (ZVI), not in mixture but alone, were tested to 
investigate the reductive precipitation of U(VI) (Naftz et al, 1999). ZVI is 
available commercially in several forms, which have good structural and 
hydrodynamic properties. In addition, U(VI) reduction by ZVI is less sensi-
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tive to changes in solution chemistry than adsorption processes. ZVI per-
formance in the DART structure was observed in field testing only. 

11. MATERIALS/METHODS 

A. GENERAL 

Total dissolved U, P, Se, V, and As were analyzed by inductively coupled 
plasma optical emission spectroscopy (ICP-OES), the most popular source 
for multielement analysis via optical spectroscopy. Samples with U concen-
trations below 1 mg/liter were analyzed using kinetic phosphorescent analy-
sis (KPA). For U analyses <1 mg/liter U, solutions were dried and taken up 
in concentrated nitric acid and hydrogen peroxide in order to remove chloride 
and organic material, which are known to interfere with complexation of 
U(VI) by the reagent used in the KPA sample analysis. All water used in 
laboratory batch experiments was double deionized water and all other 
chemicals used were reagent grade. 

B. BARRIER MATERIALS 

Three types of barrier materials were studied, including iron oxide mater-
ials, bone char apatite, and zerovalent iron filings. Iron oxide materials tested 
include natural red sands obtained from Goblin Valley, Utah, and an engin-
eered iron oxide pellet manufactured by Cercona of America (Dayton, OH). 
The engineered iron oxide pellet was composed of a porous hematite sub-
strate impregnated and coated with an amorphous iron oxide. The apatite 
material tested was an engineered bone char apatite pellet manufactured by 
Cercona of America, Inc. (referred to as Cercona). Cercona produced the 
bone char apatite pellets by firing bone meal in the absence of air and binding 
the resulting solid on a porous supporting material with an Al oxide binder. 
The ZVI filings were obtained from Peerless Metals, Inc. 

Preliminary experiments were done to test a mixture of bone char pellet 
material and the red sands obtained from Utah. This mixture performed 
poorly with respect to U(VI) uptake, probably because of the relatively low 
surface area of the sand compared to the ferrihydrite system tested by Payne 
et al. (1996), resulting in both low U(VI) and PO4 uptake. As a result, the red 
sands were not tested or considered further for use as a iron oxide barrier 
material. As shown later, much better U(VI) removal was obtained using a 
mixture of the bone char pellets with iron oxide pellets also manufactured by 
Cercona. Pellets possess two important physical characteristics needed for 
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reactive barrier materials: high surface area and high permeabihty. Both types 
of pellets possess the high surface area required so that surface reactions can 
occur more readily per unit volume of material. However, the high surface 
area needed cannot be achieved with small particles, as these would typically 
pack into a bed with low permeability. Millimeter-sized pellets allow for high 
permeability so that flow through the reactive material is enhanced when 
DARTs with reactive materials are placed in aquifers (see Chapter 5). 

C. CHARACTERIZATION OF BARRIER MATERIALS 

Scanning electron microscopy (SEM) was used to image the texture and 
porosity of the solid phases before experiments. Specific surface areas were 
determined at atmospheric pressure using the flow-through method on a 
Micrometrics Flow Sorb II (Model 2300). This method aUows accurate 
determination of specific surface areas on granular samples with values 
greater than O.lm^/g to be determined using adsorption of N2 gas (Lowell, 
1979). Laboratory batch and column experiments were performed to study 
the U(VI) uptake capacity of the solids mixed in different ratios, along with 
effects of aging and PO4 concentration. 

SEM-EDS and electron backscatter imaging were used to identify the 
presence of U after the solids were used in field deployments. Selected samples 
from the Christensen site were analyzed using XRD to test for the presence of 
crystalline U phases. Twenty-four-hour nitric acid (2N) extractions were used 
to determine the amount of U that reacted with the materials after deployment 
in the field. As, V, and Se were also measured in the extractions from the 
Christensen DARTs and are reported for reference. To prepare for the extrac-
tions, the samples were mixed into 1-kg composites and then 50 g of each com-
posite was weighed wet and subsequently dried in air. After drying, the sample 
was separated into 10-g samples, 2 g of which was used for extraction and 5 g of 
which was crushed with a mortar and pestle. Two grams of each crushed sample 
was also used for extraction. Field-reacted samples from both field sites were 
also extracted for 2 and 9h with the artificial groundwater at pH 7.2 (same 
composition as in batch experiments) to determine the amount of U(VI) that 
could be desorbed under the aquifer conditions at the Fry Canyon site. Field-
reacted ZVI soUds were observed using SEM and extracted using 4N HNO3. 

D. U(VI) ADSORPTION BATCH EXPERIMENTS 

In field deployments, DARTs with mixtures of the bone char apatite and 
iron oxide pellets were packed with approximately known dry volume ratios. 



200 Jennifer L. Joye et al. 

In order to compare the laboratory results with the field deployments, dry 
volume ratios were used in mixtures of these two materials in both column 
and batch experiments. Artificial groundwater (AGW) for all batch experi-
ments was similar to Fry Canyon groundwater conditions (see Chapter 14), 
except that a lower calcium concentration was used to avoid the precipitation 
of carbonate phases (Ca=36mg/liter, K=5.4mg/liter, Mg= 43.8mg/liter, 
Na=380mg/liter, SO4 = 610mg/liter, Cl= 90mg/liter, HCO3 = 400mg/ 
liter). Under these conditions, dissolved uranium exists in the +6 oxidation 
state and is denoted as U(VI). Wyoming groundwater conditions were not 
used because they were difficult to mimic in the laboratory as a result of the 
high partial pressure of CO2 present at the average 146-m Wyoming deploy-
ment depth and the sodium bicarbonate lixiviant used in U removal from the 
ore (alkalinity = 1020 mg/liter as CaCOs). 

1. Ratioed Pellet Batch Tests 

Four ratios of the bone char apatite and iron oxide pellets (100:0, 75:25, 
50:50, 0:100) were tested in batch experiments to select the dry volume ratios 
to be tested in DART field deployments and to determine if there was an 
increase in U(VI) removal with a mixture of the materials compared to U(VI) 
removal by the end member materials. The solids were weighed in polycar-
bonate centrifuge tubes and preequilibrated with the Fry Canyon AGW for 
24 h at pH 7.2. The amount of AGW added to the mixture of pellets was 
sufficient to yield a total solid/liquid ratio of lOg/liter; batch experiments 
were done in triplicate. The experimental volume was generally 200 ml, but 
larger volumes were sometimes used to decrease the variability in results 
caused by a variation in pellet size and acidity. The sample solutions were 
adjusted to pH 7.2 using dilute acid and/or base, and the pH was maintained 
using a 2.5% C02/97.5% air mixture. After the 24-h preequilibration period, 
samples were spiked with U(VI) and equilibrated for 48 h to allow time for 
diffusion into the porous pellets. The initial U(VI) concentration in the batch 
experiments was approximately 23.8 mg/liter (lO""* M), in the range of field 
groundwater U(VI) concentrations. Supernatants were separated from the 
solids using centrifugation. U(VI) and PO4 were measured in the super-
natants, and uptake was calculated by difference. 

2. Batch Experiments with Aged Materials 

Aged samples were prepared in the same way as unaged samples except 
that the aged samples were preequilibrated for 1 week in AGW prior to U(VI) 
addition as opposed to a preequilibration time of 24 h. "Aging" or "aged 
samples" refer to this longer preequilibration time. After being spiked with 
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U(VI), the samples were equilibrated on a shaker table for 48 h. The pH of the 
solutions was measured every 8h and was maintained at pH 7.2 ib 0.02 by 
bubbling with a 2.5% CO2 mixture. Every effort was made to keep samples in 
a constant 2.5% CO2 atmosphere. 

3. Phosphorus influence 

Iron oxide pellets were equilibrated with different dissolved PO4 concen-
trations to determine the effects on U(VI) uptake of increased PO4 adsorp-
tion on the iron oxide pellets. Three volumes of iron oxide pellets were each 
added to 200 ml of AGW and were spiked with an appropriate aliquot of 
a 0.01 M KH2PO4 solution to attain approximate PO4 adsorption levels 
of 0.03, 0.25, and 0.5 mg P04/g. These samples were allowed to equilibrate 
for 48 h. Supernatants were measured for PO4 using inductively coupled 
plasma-optical emission spectroscopy (ICP-OES) to determine PO4 uptake 
levels onto the iron oxide pellets (data not shown). U(VI) uptake of the PO4-
sorbed iron oxide pellets was then tested alone and with bone char in a 
50:50 volume mixture. Twice the total solid volume was used in this experi-
ment in order to obtain a more representative sample of the P04-rich iron 
oxide pellets, as we were not familiar with the extent of PO4 sorption cover-
age. Iron oxide pellets with no PO4 adsorbed were equilibrated with an AGW 
solution containing U(VI) for comparison. Iron oxide pellets with no PO4 
and mixed with bone char were also equihbrated with AGW containing 
U(VI) for comparison with mixtures containing increased PO4 levels. 

E. COLUMN EXPERIMENT 

U(VI) uptake by a 50% bone char/50% iron oxide pellet by dry volume 
mixture was compared to that of a 100% bone char volume in a column 
experiment to determine if there is increased U(VI) uptake with the presence 
of the iron oxide pellets. The column experimental apparatus is described in 
Chapter 9. 

Generally, dry solids were packed into 2.5-cm diameter x 30-cm-long glass 
columns and were gravity fed. Columns were flushed with CO2 and then 
flushed with deionized water to dissolve CO2, removing gas pockets. Reactive 
materials were pre-equilibrated with artificial groundwater until the column 
outlet pH stabilized. pH was measured both in line and at the effluent. At that 
point, the inlet flow was changed to AGW containing U(VI). U(VI) influent 
concentrations were 5.2 and 4.5mg/liter in the 100%) bone char and 50/50 
mixture columns, respectively. Columns, feed lines, and carboy reservoirs 
were covered to discourage photosynthesis. 
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In order to calculate total column volume (cv), intraparticle volumes were 
determined from weight loss upon drying of water-saturated pellets, and the 
general pellet, density of the water-saturated pellets was determined by water 
displacement. The ratio of effluent to influent U(VI) concentration (C/Co) is 
plotted versus cv of AGW passed. Total sorption capacity is defined as the 
maximum cumulative sorption of U(VI) at complete breakthrough 
(C/Co = 1). After 100% breakthrough, the potential for U(VI) release was 
tested by passing U(VI)-free AGW through the columns. 

III. MATERIAL/METHODS: FIELD STUDIES 

Fry Canyon, Utah, the site of an abandoned U tailings pile (see Chapter 
14) and the Christensen in situ U mine in Wyoming, north of Casper, were the 
two field sites at which the DARTS were tested. The materials tested for use in 
the DARTs at these locations are described. 

A. DART DESIGN 

Specific details on the DART design can be found in Naftz and Davis (1999) 
and in Chapter 5. DARTs use TIMCO high-flow, schedule 80, threaded 
polyvinyl chloride casing with 0.6-cm slots to provide a rigid package for 
placement of the reactive materials down existing wells and are designed 
for easy removal. Flow wings, attached to the outside of the DART, are 
flexible and extend to the well casing to direct water flow into the material to 
improve treatment efficiency. Flow modeling predicts a treatment area of 
the up gradient aquifer twice the diameter of the nonpumping well for each 
DART package (see Chapter 5). In the initial deployment of DARTs, 
pumping was used to collect annular space between the well casing and the 
DART. A subsequent DART design used point-of-compliance (POC) sam-
plers made of dialysis membrane that are attached to the outside surface of the 
DART between the flow wings (Fig. 1) and at three different depths as an 
alternative to the pumped sample tubes. POC samplers show the groundwater 
U(VI) concentrations that existed during the last week or so prior to sampling, 
which can be compared to the influent concentration for an estimation of 
"breakthrough." Figure 1 shows a schematic of the DARTs that were 
deployed at both Fry Canyon and the Christensen site. 

At the Christensen site, DARTs were deployed in the borehole beneath the 
well casing, whereas at the site in Fry Canyon, DARTs were deployed within 
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DART with 
reactive material 

Flexible flow wing 

Well casing 

Groundwater Flow 

Figure 1 Schematic diagram (plan view) of DART deployment. A second set of POC samplers 
(numbers 9-16) was located 76 cm below the first set of samplers. 

the well casing. Water samples collected from the POC samplers were filtered 
and acidified with nitric acid to pH 2 immediately after collection in the field. 
Background samples were taken from the deployment wells for comparison 
with POC U(VI) levels in order to estimate average U(VI) removal at time of 
sampling. 

B. CHRISTENSEN IN SITU U M I N E 

At the Christensen site, the average ore depth is 146 m below land surface. 
The groundwater is oxidizing (200mg/liter), has a high alkalinity 
(1020mg/liter as CaCOs), and has a pH of 6.4, likely because of the lixiviant 
used to dissolve U at the site. The dissolved U(VI) concentration is between 9 
and 11 mg/liter, and Se concentrations range from 1.5 to 5mg/liter. Meas-
ured V and As concentrations were as high as 0.5 mg/liter. DARTs were 
deployed in an actively pumped area with a forced gradient and, therefore, 
may have experienced high flow rates. Three DARTs, COGl, COG2, and 
COG3, were deployed at the Christensen site on May 20, 1999 (Table I). The 
Christensen DARTs were deployed in different mining modules and over a 
distance of approximately 620 m. 
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Table I 

Summary of Christensen Mine, Wyoming, DART Deployment 

DART 
designation Contents 

Phase II (POCs) 

C O G l 

COG 2 

COG 3 

75% bone char, 25% 
iron pellet (intermixed) 

100% bone char 

50% bone char, 50% 
iron pellet (intermixed) 

Date 
deployed 

May 20, 1999 

May 20, 1999 

May 20, 1999 

WellU 
concentration 

(mg/liter) 

8.7^ 

11.9^ 

11.1^ 

Date retrieved 

August 8, 1999 

January 5, 2000 

January 5, 2000 

^Measured on September 14, 1998. 
^Measured on April 26, 1999. 

C. FRY CANYON, UTAH 

The Fry Canyon demonstration site is an abandoned U upgrading oper-
ation located in southeastern Utah. The alkahnity at Fry Canyon averages 
450mg/hter as CaCOs, the pH is 7.4, and the U(VI) concentration aver-
ages 668 |xg/Hter. Here, the target treatment zone is relatively shallow at 
5-6 m below the surface, which, along with the different chemistry relative 
to Christensen, may provide more information regarding the extent of DART 
application. 

Two sets of DARTs were deployed at Fry Canyon (Table II). The first 
set was an early deployment that utilized pumping tubes to sample ground-
water from the annular space surrounding the DART to measure treated 
water quality. Although water samples were collected for these DARTs, only 
solid extraction results are reported here. Pumping the annular space in-
cluded untreated, up gradient water as well as treated water. As a result, 
these water samples could not be used to evaluate efficiency. The second set of 
Fry Canyon DARTs (Table II), deployed in September 1999, had the POC 
samplers. Both water samples and solid extraction results for these DARTs 
are included. 

To test reversibility of U(VI) uptake, the reactive materials deployed in the 
DARTs at Fry Canyon were reacted in batch experiments with an artificial 
groundwater at pH 7.2 for 9h. pH was maintained with the 2.5% CO2 gas 
mixture. 



Table I1 

Summary of Fry Canyon DART Deployment 

DART designation Contents Date deployed Well U concentration (mg/liter) Date retrieved 

Deployment I (pumping) 

BZ1 50% bone char, 50% October 20, 1998 
iron pellet (intermixed) 

BZ2 

BZ3 

100% bone char 

50% bone char, 50% 

October 20, 1998 

October 20, 1998 
iron pellet (vertically 
layered 5050) 

Deployment I1 (POCs) 

BZ4 100% bone char September 1, 1999 

BZ5 100% ZVI September 1, 1999 

BZ6 50% bone char, 50% September 1, 1999 
iron pellet (intermixed) 

0.64' 

0.67' 

0.73a 

September 1, 1999 

September 1, 1999 

September 1, 1999 

0.43' November 14, 2000 

0.42' November 14,2000 

0.44' November 14,2000 

'Measured after DART removal in September 1999. 
'Measured after DART removal in November 2000. 
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IV. LABORATORY RESULTS 

A. CHARACTERIZATION OF SOLIDS 

The iron oxide and bone char pellets were highly porous materials as can 
be observed in the SEM micrographs in Figs. 2 and 3. Intraparticle volumes 

Figure 2 Iron pellet cross-section SEM micrograph. Images show significant porosity in iron 
pellets with larger pores measuring 80 |xm. The characteristic elevated porosity of the engineered 
pellets is necessary in order to increase permeability and therefore create preferred flow through 
the material packages when deployed in an aquifer. 

Figure 3 Bone char pellet and cross-section SEM micrograph showing significant pellet poros-
ity. Bone char pellets can be made in bulk by firing bone meal in the absence of air and binding it 
on a porous supporting material. 
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were 0.591 cm^/g for the bone char and 0.328 cm^/g for the iron oxide 
pellets. 

The bone char pellets were 2 to 4 mm in diameter and the iron oxide pellets 
ranged from 3 to 4 mm. General particle densities of 0.7 and 1.2g/cm^ were 
measured for the bone char pellets and iron oxide pellets, respectively. Sur-
face areas, determined by BET N2 gas adsorption, were 44 m^/g for the bone 
char (see Chapter 9) and 15m^/g for the iron oxide pellets. 

B. BATCH EXPERIMENTS 

Figures 4-7 show the U(VI) uptake results for different mixtures of iron 
oxide pellets and bone char, along with the effects of aging the mixtures. 
U(VI) uptake increased with the amount of bone char present (Fig. 4). Upon 
aging the same solids with the AGW for 1 week, U(VI) uptake increased with 
aging time. U(VI) uptake on the aged sohds also increased with the amount of 
bone char present, with the highest U removal being by the 100% bone char 

- i ' r 

ElS^JiiiiJ 

rry'y'^rg''' "'71 
'L^ . L i - 1 

• %U Uptake 

0 P 

lij 

10 15 20 25 30 35 
% U Uptake of Dissolved P [mg/l] 

Figure 4 U(VI) uptake results for the following pellet mixtures: (1) 100% iron oxide pellets, (2) 
50% iron oxide pellets: 50% bone char mixture, (3) 75%) bone char:25%o iron oxide pellet mixture, 
and (4) 100% bone char. Samples were preequilibrated with Fry Canyon artificial groundwater 
for 24 h prior to spiking. Total U(VI) concentration was 23.8mg/liter and a pH of 7.2 was 
maintained with a 2.5% CO2 gas mixture. Samples with U(VI) were allowed to equilibrate for 
48 h. There was no enhancement of U removal by the mixtures. Also shown is dissolved PO4 
measured in solution at the end of the experiment, which increases with increasing percentage of 
bone char. 
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30 
% U Uptake 

Figure 5 Effects of aging on U(VI) uptake in the same mixtures 1-4. Experimental conditions 
were the same [total U(VI) concentration = 23.8 mg/liter pH = 1.2 maintained with a 2.5% CO2 
gas mixture, equilibration time = 48 h], except that these samples were aged 7 days in addition to 
the 24-h preequilibration period. U(VI) uptake increases with aging possibly as a result of more 
PO4 dissolution, but the trend still suggests that there is no benefit in a mixture. 

samples (Fig. 5). Dissolved PO4 concentrations measured in solution also 
increased with aging time. In the 75:25 and 50:50 aged mixtures, dissolved 
PO4 decreased as compared with the 100% bone char alone, likely as a 
result of the presence of the iron oxide pellets (Fig. 6). XRD analysis of 
the aged samples showed no evidence of autunite or other crystalline U 
structure. 

To test PO4 influence during aging, aliquots of iron oxide pellets were 
reacted with three different concentrations of PO4: 0.4, 3.0, and 6.0mg/liter. 
Dissolved PO4 measured in solution showed sorption levels of 0.03, 0.17, and 
0.43 mg P04/g iron oxide pellets, respectively. Iron oxide pellets with 0.43 mg 
P04/g sorbed showed 5% greater U(VI) uptake compared to the same weight 
of iron pellets with no sorbed PO4 (14%) (Fig. 7). Iron oxide pellets with 
sorbed PO4 from this experiment were then mixed with bone char pellets in a 
50:50 volume mixture and reacted with U(VI). Figure 7 shows an increase 
in U(VI) adsorption in samples with bone char and the P04-sorbed iron 
pellets. 
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Figure 6 Dissolved PO4 release with aging. Experimental conditions are the same as described 
in Fig. 5. P values are dissolved PO4 levels measured in solution at the end of the U(VI) 
uptake experiment described in Fig. 5. More PO4 is released with increased aging time, and 
there is decreased PO4 in the presence of iron oxide pellets, but percentage PO4 removal was not 
large. 
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Figure 7 U(VI) uptake on iron oxide pellets with the following amounts of sorbed PO4: (1) 
16 jxmol of P04/g iron oxide pellets, (2) 8 fjimol P04/g, (3) 1 [xmol P04/g and (4) 0 jjimol P04/g. 
Also shown is the uranium uptake for 50:50 mixtures of the P04-sorbed iron oxide pellets with 
bone char. Amount of solid used was twice that of previous U (VI) uptake experiments to provide 
a more representative sample, and the total U (VI) concentration was increased to 34 mg/liter to 
avoid 100% uptake. All other experimental conditions were the same. Trend shows increasing 
uranium uptake with increasing PO4 adsorption onto iron pellets, up to 0.5 mg P04/g. An 
increase in U(VI) uptake is also seen in mixtures of the PO4- rich iron pellets and bone chare. 
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C . C O L U M N EXPERIMENTS 

Figure 8 shows a comparison of U(VI) breakthrough in columns packed 
with 100% bone char pellets or a 50/50 mixture by volume of bone char and 
iron pellets. Although there was significant scatter in data at breakthrough, 
the column packed with bone char pellets achieved U(VI) breakthrough at the 
inlet concentration at roughly 2500 column pore volumes. The total sorption 
capacity for the 100% bone char column was 1500 |jLgU/g solid. The 50/50 
mixture column did not achieve full breakthrough until about 9000 column 
pore volumes and had a total sorption capacity of 5500 |xgU/g solid. Upon 
elution with U(VI)-free AGW, desorption was characterized by an initial fast 
release in the 50/50 mixture column to a C / Q of about 0.2 followed by a 
slower release continuing over many column pore volumes. The 100% bone 
char column also showed an initial fast release of U(VI), but was terminated 
at a C/Co of approximately 0.3. 

Figure 9 shows dissolved PO4 concentrations in the column eluant early 
during the same experiments. Dissolved PO4 concentrations were higher in 
the bone char-only column during the first 20 column volumes, indicating a 

Begin U(VI)-free AGW 

O Mixed column 

D Bone Char Only Column! 

Majority of PO^ release 
in first 500 cvs 

5000 1 104 1.504 
Column Volumes Passed 

2 104 

Figure 8 U(VI) uptake comparison of a 100% bone char-only column and a 50/50 mixture 
column, including subsequent elution with U-free groundwater. Inlet U(VI) concentrations were 
5.2 and 4.5 mg/liter for the 100% bone char and 50/50 mixed column, respectively. U(VI) appears 
to be breaking through the 100% bone char column faster than the 50/50 mixture column, 
contrary to batch results. Highest effluent concentrations of dissolved PO4 measured in first 
500 CVS (Fig. 9). 



7. Use of an Iron Oxide/Phosphate Reactive Barrier 211 

30 

25 

20 

15 

10 

b 

O Mixed Column 

D 100% Bone Char 

OPM 
500 1000 1500 

Column Volumes Passed 
2000 

Figure 9 Phosphate elution (normahzed to volume of bone char pellets) comparison between 
100% bone char and 50/50 mixture columns described in Fig. 8. The majority of PO4 released is 
within the first 500 column pore volumes. Less PO4 is released per cm^ of bone char pellet in the 
mixed column possibly as a result of sorption of PO4 by the iron oxide pellets. 

rapid flushing of available PO4 from the bone char. PO4 concentrations were 
near 30 mg/liter during the first flush and decreased rapidly until reaching 
a steady-state value of about 1 mg/liter after 300 column volumes. In the 
column packed with the mixture of pellets, PO4 concentrations were lower 
than observed for the bone char-only column during the first 20 column 
volumes, but the PO4 effluent curve exhibited more tailing at higher pore 
volumes than bone char alone, indicating likely retardation in PO4 transport 
due to sorption on the iron oxide pellets. 

V. FIELD STUDY RESULTS 

Tables I and II give a summary of the DART deployments at the Fry 
Canyon and Christensen sites. 

A. CHRISTENSEN IN SITU URANIUM MINE, WYOMING 

Table III includes all U(VI) data for the POC samplers deployed at the 
Christensen site. The 75:25 mixture was deployed for only 75 days as a result 
of technical difficulties and thus there is only one sampling. According to the 
results of the POC samplers at the time of sampling, the 50/50 mixture was 



Table 111 

Summary of Christensen Site POC U Analyses 

COGla (75:25 bone chariron pellet) COG2’ (100% bone char) COG3‘ (5050 bone char:iron pellet) 

POC sampler # Sept. 99 ud Oct. 99 u Seut. 99 U Oct. 99 U Jan. 00 U Sept. 99 U Oct. 99 U Jan. 99 U 

1 5.0 Removed in 11.0 7.6 7.5 1.1 0.8 0.9 

2 5.1 10.6 7.6 7.4 1 .o 0.9 NS 

3 4.5 10.6 7.7 7.2 1.1 0.8 NS 

4 4.6 10.9 7.6 7.4 1 .o 0.8 0.9 

5 5.1 10.8 7.6 NSe 1 .o 0.8 NS 

6 5.2 10.7 7.5 7.2 NS 0.8 NS 

7 5.0 10.9 7.6 7.3 1.1 0.9 0.8 

8 5.0 10.6 7.6 7.3 1 .o 0.5 0.8 

9 5.2 10.9 7.5 7.2 1 .o 0.9 0.9 

10 5.1 11.0 7.6 7.3 1.1 0.5 0.9 

11 4.6 10.7 7.6 NS 1 .o 0.8 NS 

12 4.5 10.7 7.7 7.3 1 .o 0.2 NS 

13 5.8 10.6 7.6 7.2 1 .o 0.9 2.0 

14 5.3 10.8 7.6 7.3 0.9 0.8 NS 

15 5.7 10.7 7.6 NS 0.9 0.9 0.9 

16 5.6 10.8 7.7 7.3 0.9 0.8 0.9 

September 

%tarting [U(VI)] = 8.7mg/liter. 
’Starting [U(VI)] = 11.9 mg/liter. 
‘Starting [U(VI)I = 11. I mg/liter. 
dAll U(V1) values given for POCs, in mg/liter. 
ePoint of compliance sampler damaged; no sample taken. 
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Figure 10 Twenty-four-hour nitric acid (2N) extraction results for DART field-reacted solids at 
Christensen and Fry Canyon: (1) 100% bone char, (2) 50/50 bone char, iron oxide pellet mixture, 
and (3) 75/25 bone char, iron oxide pellet mixture (only at Christensen Mine). The 100% bone 
char package shows the greatest amount of U extracted in composite samples taken from 
COGEMA packages. In the Fry Canyon field soHds, two times more U was extracted from the 
50:50 mixed packages than from the bone char alone. 

removing 90% or greater of dissolved U(VI) over the three samphng periods, 
whereas the 100% bone char and the 75/25 mixture were removing less than 
50%. Results from extractions of the reactive pellet materials (Fig. 10, Table 
IV) showed that the 100% bone char material had the highest U content, the 
75:25 mixture the second highest, and the least amount of U was extracted from 
the 50:50 mixture. Even when the extraction results are normalized to the mass 
of bone char present, the 100% bone char pellets had the highest U content, 
whereas the 50/50 mixture had the least. SEM and SEM-EDS analyses of the 
Christensen DART soUds were inconclusive because U was not detected. 

B. FRY CANYON, UTAH 

At Fry Canyon, the 100%) bone char package had the lowest U(VI) concen-
trations in the POC samplers, in contrast to the results observed for the 
Christensen site (Table V). Extractions of the reactive pellets showed 
that the 50:50 mixture soHd had the greatest amount of U (Fig. 10), also in 
contrast to the results observed for the Christensen site. Based on the 
extraction results, the ZVI and 100%o bone char materials had similar U 
contents, about 50% of that observed for the 50:50 mixture of bone char/iron 
oxide pellets (Table VI). 



Table IV 

Summary of Christensen Site DART Extract Data 

Extracted trace metals (mg/g solid) 

DART designation Contents Days deployed Well U concentration (mg/liter) U As Se V 

Phase I1 (POCs) 

COG1 75:25 bone char:iron pellet 19 

COG2 100% bone char 230 

COG3 50:50 bone char: iron pellet 230 

10.2 0.21 - a N Q ~  0.02 

14.0 0.84 0.03 0.04 

13.0 0.10 -a NQ 0.05 

aNone detected. 
'Not quantifiable. 



Table V 

Summary of Fry Canyon Deployment I1 POC U(V1) Analyses 

BZ4a 100% bone char BZSb 100% ZVI 

POC sampler # 
~ 

Oct. 1999 Ud 

0.19 

0.26 

0.17 

0.26 

0.26 

0.50 

0.22 

0.04 

Dec. 1999 U 

0.05 
e 

~ 

0.05 

NSf 

0.02 

0.03 

0.02 

0.01 

Oct. 1999 U Dec. 2000 U 

0.23 0.36 

0.35 0.37 

0.43 0.33 

0.51 0.33 

0.69 0.28 

0.68 0.19 

NS 0.33 

0.65 0.43 

BZ6C 50:50 bone char:iron pellet (intermixed) 

Oct. 1999 U Dec. 1999 U 

0.37 0.42 

0.43 0.38 

0.29 0.21 

0.20 0.32 

0.23 0.44 

0.34 0.48 

0.44 0.47 

NS 0.49 

%tarting [U(VI)] = 0.43 mg/liter. 
bStarting [U(VI)] = 0.42 mg/liter. 
‘Starting [U(VI)I = 0.44rng/Iiter. 
dAll U(V1) POC data, given in mg/liter. 
‘U(VI) concentration too low for quantification. 
’Point of compliance sampler damaged; no sample taken. 



Table VI 

Fry Canyon Deployment-Solid Extracts 

DART designation Contents Days deployed Well U concentration (mg/liter) Extracted U (mg/g solid) 

Phase I (pumping) 

BZ 1 50:50 bone char: 327 
iron pellet intermixed 

BZ2 100% bone char 327 

BZ3 50:50 bone char: 327 
iron pellet, layered 

0.64 

0.67 

0.73 

0.04 

0.03 

0.04, 0.02a 

Phase I1 (POCs) 

BZ 1 100% bone char 441 0.43 0.02 

BZ2 100% ZVI 441 0.42 0.01 

BZ3 50:50 bone chariron pellet 441 0.44 0.04 

extracted for iron pellets and bone char, respectively, from the layered package. 
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The reversibility of sorption test showed that U(VI) desorbed from the 
ZVI and 50:50 mixture materials was only 2 to 3% of uranium present on the 
reactive materials (by extraction); U(VI) desorbed from the 100% bone char 
material was an order of magnitude less. 

VI. DISCUSSION 

In batch experiments with bone char and iron oxide pellets, there was no 
evidence that a mixture of these materials would be beneficial for the removal 
of U(VI) compared to the bone char pellets alone. In contrast, results from 
the column experiments showed increased U(VI) removal by the mixture of 
materials, possibly as a result of longer reaction times and/or higher adsorbed 
PO4 concentrations. As indicated in the batch experiments, aging of mixtures 
and increased sorption of PO4 increased U(VI) uptake. 

XRD and SEM-EDS analyses showed no evidence of crystalline uranyl 
phases in laboratory batch samples. In addition, backscatter SEM and SEM-
EDS analyses of the reactive materials used in the DARTs at the Christensen 
site also revealed that U was below detection. Uranyl phosphate phase 
formation is likely limited by low dissolved U(VI) and PO4 concentrations 
relative to that required for nucleation; Fuller et al. (2002) have shown that 
(1) a sorbed uranium concentration of at least 6000 jJig/g was necessary for 
uranyl phosphate formation in the presence of hydroxyapatite and (2) U(VI) 
bonding at lower concentrations was consistent with U(VI) sorption. Thus, it 
is likely that any U(VI) retained by batch, column, and reactive materials in 
the field was due to a sorption process. However, it is possible, especially in 
the case of the ZVI material, that some of the U retained by the reactive 
materials in the field was present as U(IV). 

Extracts of the reactive materials deployed in DARTs at the Christensen 
site indicated that the 100% bone char package retained the most U, whereas 
at the Fry Canyon site, results indicated that the 50/50 mixture of bone char 
and iron oxide pellets retained the most U. However, the results were likely 
affected by differing flow rates and U(VI) concentrations in the wells at each 
DART location. The Christensen DARTs were placed in an actively mined 
area with high flow rates and with much higher U(VI) concentrations. Due to 
a lack of data for the pumping rate history and influent U(VI) concentrations, 
it is not possible to calculate quantitative U(VI) fluxes through the DARTs 
deployed at the Christensen site. It is known that the flow rates fluctuated 
substantially due to mining operations. In addition, the Christensen DARTs 
were separated from each other by fairly large distances (hundreds of meters), 
resulting in considerable variability in flow characteristics and U(VI) concen-
trations at each DART. Thus, the fact that the 100% bone char package 
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retained the most U does not mean that this material was the most efficient, as 
it may have had a much higher flux of U(VI) than the other DARTs deployed 
at the site. 

At the Fry Canyon site, groundwater flow rates during the second DART 
deployment varied from 0.21 to 0.61m/day, and the input U(VI) concen-
tration is known to vary seasonally (see Chapter 14). However, because the 
DARTs were located very close to each other, it is very likely that each DART 
received the same inlet U(VI) flux. Thus, the fact that the 50/50 mixture of 
bone char and iron oxide pellets had the highest U content (by extraction) at 
the Fry Canyon site is significant, as it suggests that the efficiency of U(VI) 
removal was greater for the mixture of reactive materials than was observed 
for either the bone char pellets alone or the ZVI material. 

Although the ZVI material can be very efficient in the removal of U(VI) 
(see Chapter 14), it was not known whether the thickness of ZVI material that 
can be achieved in DARTs of the diameter deployed here (8 in) was sufficient 
to achieve the necessary reducing conditions for efficient U(VI) removal. 
Results from the single ZVI DART deployed at Fry Canyon suggest that it 
may not have produced sufficient reducing conditions to achieve the same 
degree of U(VI) removal observed in the much thicker trench emplacement of 
ZVI at the same site (see Chapter 14). 

Together with the extraction results, the POC sampler results can provide 
an indication of how quickly the reactive materials were approaching their 
capacity for remediation. At the Christensen site, the DART with the 100% 
bone char material was likely approaching its U uptake capacity at the 
very high U(VI) concentrations and high flow rates present during the de-
ployment. Thus, when the POC samplers were sampled at the end of the 
deployment, high U(VI) concentrations were observed, suggesting that a 
roughly 50% "breakthrough" of U(VI) was occurring. The hypothesis that 
the 100%) bone char material was near its capacity is supported by the fact that 
extractions showed 800 jxg U/g solid, which is nearing the capacity calculated 
from column results (1500 juig U/g). The 75:25 bone char/iron oxide mixture, 
which was only in the ground for 79 days, was already at half the uptake of the 
100% bone char package that was deployed for 279 days. According to the 
POC samplers, the 50/50 mixture DART at Christensen was removing over 
90% of U(VI) during the three samplings and was, according to column 
results, only around 15% capacity. It would appear that the 50/50 DART 
would have a longer lifetime and provide more efficient remediation; how-
ever, without constraining the input U(VI) concentrations and well fluxes 
there can be no efficiency comparison. 

This study demonstrated that DARTs can effectively remove contamin-
ants. Both laboratory column and the Fry Canyon field results suggest that a 
mixture of materials can be more effective at contaminant removal than 
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a single reactive barrier material, although efficiencies of removal in the field 
tests could not be determined accurately due to a lack of knowledge of the 
input fluxes of U(VI) to the DARTs. A future study with DARTs is needed in 
which input flow rates and contaminant concentrations are measured accur-
ately in order to determine the contaminant flux to the reactive materials. 
Preliminary results using ZVI as a reactive material suggest that the DART 
diameter should be larger than 8 in. in order to increase the eff'ective treatment 
zone with reducing conditions. 

REFERENCES 

Blowes, D. W., Ptacek, C. J., Benner, S. G., McRae, C. W. T., and Puis, R. W. (1998). Treatment 
of dissolved metals using permeable reactive barriers. International Association of Hydro-
logical Sciences-AISH Publication. 250, 483-490. 

Coston, J. A., Fuller, C. C , and Davis, J. A. (1995). Pb2+ and Zn2+ adsorption by a natural 
Al- and Fe-bearing surface coating on an aquifer sand. Geochem. Cosmochim. Acta 59, 
3535-3548. 

Fuller, C. C , Bargar, J. R., Davis, J. A., and Plana, M. J. (2002). Mechanisms of uranium 
interactions with hydroxyapatite: Implications for groundwater remediation. Environm. Sci. 
Technol.36, 158-165. 

Lowell, S. (1979). "Introdroduction to Powder Surface Area". Wiley-Interscience, New York. 
Millard, A. R., and Hedges, R. E. M.(1996). A diffusion- adsorption model of uranium uptake by 

archaelogical bone. Geochem. Cosmochim. Acta. 60, 2139-2152. 
Morrison, S. J., Spangler, R. R., and Morris, S. A. (1996). Subsurface injection of dissolved ferric 

chloride to form a chemical barrier; laboratory investigations. Ground Water 34(1), 75-83. 
Naftz, D. L., Davis, J. A., Fuller, C. C , Morrison, S. J., Freethey, G. W., Felthorn, E. M., 

Wilhelm, R. G., Plana, M. J., Joye, J. L., and Rowland, R. C. (1999). Field demonstration of 
permeable reactive barriers to control radionuclide and trace-element contamination in 
ground water from abandoned mine lands, in Morganwalp. In "Proceedings of the Technical 
Meeting, Charleston, South Carolina, March 8-12, 1999: U. S. Geological Survey" (D. W. 
and H. T. Buxton, eds.), p. 281-288. Water Resources Investigations Report, 99-4018A. 

Payne, T. E., Davis, J. A., and Waite, T. D. (1996). Uranium adsorption on ferrihydrite: Effects of 
phosphate and humic acid. Radiochim. Acta, 74, 239-243. 

Robertson, W. D., and Cherry, J. A. (1995). In situ denitrification of septic-system nitrate using 
reactive porous media barriers: Field trials. Ground Water 33 (1), 99-111. 

Van Wazer, J. E. (1973). "The Compounds of Phosphorus, Environmental Phosphorus Hand-
book." Wiley, New York. 

Waite, T. D., Davis, J. A., Payne, T. W., Waychunas, G. A., and Xu, N. (1994). Uranium(VI) 
adsorption to ferrihydrite: Application of a surface complexation model. Geochem. Cosmo-
chim. Acta 58, 5465-5478. 



This Page Intentionally Left Blank



Chapter 8 

Treatability Study of Reactive 
Materials to Remediate 
Groundwater Contaminated 
with Radionuclides, Metals, 
and Nitrates in a Four-
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The treatment of a shallow multicontaminant plume of ^^ '̂̂ ^^Pu, ^^^Am, 
^^Sr, nitrate, and perchlorate in Mortandad Canyon, Los Alamos, New 
Mexico, was investigated in the laboratory using a multiple permeable react-
ive barrier consisting of four sequential layers. These layers include a poly-
electrolyte-impregnated porous gravel for flocculating colloids, an Apatite II 
layer for plutonium, americium, and strontium immobilization, a layer of 
pecan shells as a biobarrier to nitrate and perchlorate; and a limestone gravel 
layer for any anionic species that may slip through the other layers, especially 
those of americium-carbonate. These layers can perform multiple functions, 
e.g., the pecan shells also sorb strontium very well and the Apatite II also 
remediates nitrate and perchlorate very well. Nitrate, perchlorate, plutonium. 

Handbook of Groundwater Remediation Using Permeable Reactive Barriers 
Copyright 2002, Elsevier Science (USA). All rights reserved. 2 2 1 
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americium, and ^^Sr concentrations were reduced to below their maximum 
concentration limits (MCL) and usually to below detection limits in labora-
tory studies. The materials for this particular multiple barrier are inexpensive 
and readily available. 

I. INTRODUCTION 

The purpose of this study was to investigate the performance of alterna-
tive reactive barrier materials for possible use in a multiple permeable react-
ive barrier (PRB) at Mortandad Canyon. A barrier refers to anything that 
functions to prevent, bar, or retard the passage or movement of anything else, 
e.g., water, chemicals, trade goods, or ideas. In hydrology, traditional hy-
draulic barriers include impermeable walls, hners or caps made of bentonite, 
grout, asphalt, other clay minerals, precipitates of calcium carbonate or other 
chemicals, geotextiles, gels, or any material that can be made relatively 
impermeable. Containment of contaminant plumes can be accomphshed by 
preventing the flow of the entire system, fluid and contaminant, through these 
conventional hydraulic barriers. More selective barriers have been developed 
that are barriers to one or a few components of the system, but not a barrier to 
the bulk of the system. Under unsaturated conditions, a capillary barrier 
consisting of a sharp boundary between two materials with greatly dissimilar 
pore sizes will act as an advective barrier to water but will not be a barrier to 
vapor flow. Likewise, a saturated, compacted bentonite clay liner will act as 
an advective barrier to water and vapor but will not be a barrier at all to 
aqueous diffusion of molecular species for which sorption to bentonite is not 
significant, e.g., most anionic species. Permeable reactive barriers to particu-
lar chemical contaminants consist of a water permeable material with specific 
chemical reactivities toward one or more chemical constituents via mechan-
isms such as adsorption, exchange, oxidation-reduction, or precipitation. 
These barriers can have varying ranges of specificity, e.g., adsorption of 
specific species by a modified zeolite (Sullivan et ai, 1994), precipitation of 
metals and radionuclides by apatite (Conca et al, 2000; Bostick et al, 1999), 
or overall reduction of the system by zero valent iron, other iron phases, or 
microbial activity (Blowes et al, 1997; Tratnyek et ai; 1997; Puis et al., 1999). 

PRBs can be emplaced physically by (1) trenching and replacing the 
natural substrate with reactive media to form a wall of new material or (2) 
mixing or injecting reactive components into the substrate. Either way, the 
migrating contaminant plume encounters the reactive material in the barrier, 
the contaminant is sequestered, altered, or degraded, and the water moves on 
through the barrier and exits the system successfully treated. PRBs require 
precise knowledge of both the hydraulic and the chemical nature of the 
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system. Impermeable barriers and PRBs can be used in combination to 
control both the hydrological and the chemical nature of the treatment 
zone. Funnel and gate systems, or other systems that use impermeable bar-
riers to channel groundwater flow, are well suited for these applications (Starr 
and Cherry, 1994). 

Mixed waste plumes will often require PRBs consisting of multiple layers 
of components configured specifically for a particular site and contaminants. 
Materials used in the field must be effective, inexpensive, and readily available 
in multiple-ton quantities to be able to treat large volumes of water, or soil. 
Possible materials include zero valent iron, compost, apatites, MgO, carbon-
ates, pecan shells, peat moss, lime, and other materials that have been investi-
gated by researchers to varying degrees. In order to be cost effective and 
produced in multiple ton quantities, most materials will come from mining 
production, agricultural waste production, or industrial waste production, 
with few modifying steps. The materials used in this study fit these criteria. 

Radionuclides, including strontium-90 (^^Sr), plutonium-238,239,240 
(<238,239,240p̂ >̂ ^ and americium-241 (^^lAm), have been detected since 1963 
(LANL, 1997) in the shallow alluvial groundwater system that exists in 
Mortandad Canyon at Los Alamos National Laboratory (LANL) in Los 
Alamos, New Mexico. These radionuclides are stable as dissolved species in 
the groundwater and in the suspended phase where they adsorb onto colloids 
consisting of calcium carbonate, silica, ferric hydroxide, and solid organic 
carbon (LANL, 1997). Nitrogen species (nitrate and total Kjeldahl nitrogen) 
also occur in the alluvial groundwater in Mortandad Canyon. Perchlorates 
have been discharged at concentrations above 1 mg/hter (ppm) and occur in 
the Mortandad Canyon alluvial groundwater at levels above 300fxg/liter 
(ppb). Perchlorates were not monitored until recently because there were no 
regulatory limits. However, because the state of California instituted regula-
tory limits of 18jULg/Hter, and the United States Environmental Protection 
Agency (EPA) is considering an MCL of 32 |ULg/liter for perchlorate, the 
concentrations in Mortandad Canyon may become a concern. 

As a group, the contaminants in Mortandad Canyon can occur at concen-
trations up to several times the public dose limit (DCG) for the radionuclides 
or MCL for the nitrate and perhaps the perchlorate. Discharges into the 
canyon containing radionuclides, perchlorate, and nitrate have varied dra-
matically since 1963, generally dropping off* with time. Most contaminants 
are assumed to come from the TA-50 water treatment facility near the head of 
the canyon, which presently discharges approximately 20,000 gallons per day 
over a short time period. Table I gives both discharge water chemistry from 
TA-50 during 1997 and some alluvial groundwater chemistry at one of the 
Mortandad Canyon observation wells (MCO-3) in 1997 (LANL, 1997) just 
upstream of the proposed emplacement site of a multiple PRE. The chemistry 
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Table I 
Discharge Water and Alluvial Groundwater Chemistry 

in Mortandad Canyon during 1997 

Constituent 

Perchlorate 
238pu 

239, 240 py 

241 Am 

90Sr 

Nitrate 

Ammonium 

Calcium 

Magnesium 

Potassium 

Sodium 

Silica 

Iron 

Bicarbonate 

Carbonate 

Sulfate 

Chloride 

Fluoride 

Total dissolved solids 

pH 

Specific conductance 
((jiS/cm) 

Ionic strength 

Concentration 
in discharge 

water 
(mg/liter or 
pCi/Hter) 

> > 1 mg/liter 

11.39pCi/liter 

4.58pCi/liter 

58.0pCi/liter 

28.5pCi/liter 

68. mg/liter 

2.15 

102 

0.5 

11.7 

140 

50.7 

<0.01 

251 

24.4 

28 

24.4 

1.01 

686 

8.47 

1,372 

0.0137M 

DCG (pCi/liter) 
or 

MCL (mg/liter) 

0.032 mg/liter'' 

1.6pCi/liter 

1.2pCi/liter 

1.2pCi/liter 

8.0pCi/liter 

10 mg/liter 

Concentration in 
groundwater 

from well MCO-3 
(mg/Hter or 
pCi/liter) 

0.36 mg/liter 

16.2 pCi/liter (4.0 X 10" 

12.5 pCi/liter (8.4 X 10" 

14.1 pCi/liter (1.7 X 10" 

20.2 pCi/liter (1.6 X 10" 

3.86 

— 
22.1 

2.8 

7.9 

40 

46 

— 

105 

— 
12.0 

8.0 

1.08 

274 

7.5 

288 

— 

-i^M) 

-^^M) 

-i^M) 

-i^M) 

'̂ Possible regulatory limit being proposed. 

of discharges and groundwater varies greatly over time, e.g., nitrate varies 
from a few milligrams per liter to over 50 mg/liter. 

The stratigraphy of Mortandad Canyon at the proposed PRB site consists 
of about 7 ft of alluvium composed of sand and gravel in a matrix of silt and 
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clay overlying about 10 to 12 ft of clay and silt sediments that have resulted 
from weathering of tuff in place. A multiple PRB is proposed to be emplaced 
across the canyon near this point and down to the tuff bedrock to ensure 
maximum contact with groundwater. The hydraulic conductivity of the sedi-
ments ranges from less than 10~^ cm/s locally in the silts and clays to 10"^ 
cm/s in the sands. Therefore, to avoid hydrologic complications in the overall 
flow in the canyon, the barrier materials need to be chosen with conductivities 
well above 0.1 cm/s to prevent plugging of the PRB. As shown later, the 
materials chosen are gravel size and have conductivities greater than 1 cm/s, 
total porosities greater than 40%, and average pore sizes greater than 0.5 cm. 
Therefore, the flux of groundwater through the barrier will be determined by 
the hydraulic conductivity of the undisturbed sediments on either side of the 
barrier, plus any boundary properties that develop as a result of the barrier. 

Numerous studies have been performed for zero valent iron, iron in other 
forms, polysulfides, granulated activated charcoal (GAC), and compost 
(Benner et aL, 1999; Blowes et al, 1997; Fruchter, 1996; Tratnyek et al.; 
1997; Puis et aL, 1999; Williamson et al., 2000). Results of these studies are 
well known, having resulted in many field deployments (Goldstein et al., 
2000; Naftz et al., 2000; Hocking et al., 2000; Wickramanayake et al., 
2000). Sequential treatment has been investigated by researchers, including 
Morkin et al. (2000), who delineated the challenges facing the treatment of 
multiple contaminants with multiple materials. 

The multiple PRB chosen for this study and this site consists of four 
sequential layers: a polyelectrolyte-impregnated porous volcanic gravel for 
flocculating colloids, an Apatite II layer for plutonium, americium, and 
strontium stabilization, a layer of pecan shells as a biobarrier substrate to 
nitrate and perchlorate; and a limestone gravel layer for anionic species that 
may not be trapped by other layers, especially those of americium-carbon-
ate. These layers can perform multiple functions, e.g., the pecan shells also 
sorb strontium very well and the Apatite II also remediates nitrate and 
perchlorate very well. The two types of gravels are inexpensive and easily 
available in ton quantities. Pecan shells are an agricultural waste that is easy 
to obtain in ton quantities and are fairly durable in the subsurface given its 
high Ugnin content. Apatite II is an inexpensive, primarily amorphous 
form of a carbonated hydroxy-apatite that has random nanocrystals of 
apatite embedded in it, resulting in the efficient and rapid precipitation of 
various phosphate phases of metals and radionuclides. Apatite II is an 
efficient nonspecific surface sorber and is readily available in multiple-ton 
quantities. 
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11. MATERIALS AND METHODS 

Past investigations and feasibility test results were used to focus on a 
design for the multiple PRB in Mortandad Canyon. Results are described 
in the following sections. Batch tests and one-dimensional (1-D) column tests 
conducted using Mortandad Canyon groundwaters and reactive media are 
also described later. On the basis of these results, large-scale columns and 
aquifer-box tests were conducted as final feasibility tests prior to emplace-
ment, and the results were used for the final emplacement design. Figure 
1 gives a schematic of how batch and column tests were used to reflect field 
conditions. Analytical techniques included ion chromatography, inductively 
couple plasma (ICP) emission and mass spectroscopy, liquid scintillation 
counting, and transmission electron microscopy, plus standard methods for 
measuring pH and dissolved oxygen. 

Groundwater collected directly from Mortandad Canyon was used as the 
stock solution in all new feasibility studies (LANL, 1997). For contaminated 
studies, plutonium, americium, strontium, nitrate (NO3), or perchlorate 
(CIO4) was added in sufficient quantities for particular experiments. A large 
volume of uncontaminated groundwater was collected from Mortandad 
Canyon well MCO-5 for subsequent laboratory studies. 

Batch sorption studies were performed as initial screening tools for evalu-
ating sohd media. Batch studies generally consisted of a small amount of 
substrate combined with 10 times the amount of contaminated water by mass. 
The combination is shaken for 24 h or longer depending on the estimate of 
kinetic reaction times. The concentration of contaminant in the water was 
measured to determine how much contaminant had been removed from 
solution by interaction with the substrate. 

Column studies were performed to reflect more relevant field conditions. 
These studies monitor the contaminant concentrations and other solution 
properties in the effluent exiting the column following contact with reactive 
media. Results are often given as a breakthrough curve that shows the 
normalized concentration of the contaminant as a function of the number 
of pore volumes exiting the column (Fig. 1). This normalizes the tests to any 
size system. The 1-D column studies were small-scale columns 4.8 cm in inside 
diameter and 6 to 10 cm in length. These were loaded with small grain-size 
spHts of the various materials and run at a range of ffow rates to provide a 
scientific basis and design criteria for larger columns. Flow rates were up to 
five times the natural velocity of groundwater in Mortandad Canyon. Data 
from these types of column studies were also used to evaluate rate-limited 
immobilization of contaminants. Feasibility studies with larger columns, in 
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fA 
I I u n d e 

Influx of 
Contaminated 

Water 

from 
column tests 

from 
batch tests 
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leaking 

tank 

contaminant 
front 

Column of 
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Barrier 

Material 

mm 

water 
front 

Rf = velocity of water 
velocity of contaminant 

Rf = v^/Vc=i+Kd(Pb/e) 

Rf = the retardation factor 

9 = volumetric water content 
(= porosity if saturated) 

p̂ j = the bulk density 

K̂ i = the distribution coefficient 
(from batch tests) 

V^ = the velocity of the groundwater front 

Vc = the velocity of the contaminant front 

o 
o 

1.0 H 

0.5-h Rf = the number of pore 
volumes when C/Co = 0.5 
Rf = 14.8 for this example 

0 
0 10 Rf=i4.8 20 30 40 

Number of Pore Volumes Passing Through Sample 

Figure 1 Definition of retardation factor and contaminant breakthrough behavior. Batch and 
column studies are related to behavior in the field by the aforementioned relationship. The S 
shape of the breakthrough curve reflects hydrodynamic dispersion. The number of inflection 
points, the shape of the curve, and the absolute position along the axis reflect the number, 
distribution, and type of sorption sites. C/Co is the concentration of the specific chemical species 
in the effluent solution divided by the concentration in the starting solution. 

which flow rates, material sizes, and juxtaposition of materials were scaled 
closer to actual field conditions, were performed as a test of the multiple PRB. 
In addition, two-dimensional (2-D) aquifer cell studies were performed to 
approach a realistic remediation scenario with the media contacting each 
other in situ. 
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A . BARRIER MATERIALS 

1. Porous Gravel 

A porous gravel coated with a material to capture colloids was chosen 
as the first layer in the PRB to retard or prevent the movement of colloids 
in the Mortandad Canyon groundwater. Significant evidence indicates that 
enhanced transport of actinides occurs in subsurface geologic media 
through their association with colloid-sized particles in groundwater, 
resulting in coUoid-facihtated transport (Kersting et al., 1999). The colloids 
have a high potential for adsorbing these contaminants because of their 
large surface area and generally negative charge. The resulting pseudo-
colloids, i.e., contaminants attached to the surface of silica, clay, iron 
oxides, and other noncontaminant colloidal materials, move greater dis-
tances faster than dissolved species in subsurface aquifers. These colloid-
sized contaminants include radionuclides, metals, pesticides, organics, viruses, 
bacteria, and synthetic materials such as asbestos fibers. The transport of 
radionuclides as pseudo-colloids has been described by many authors at 
multiple DOE sites, including LANL, the Nevada Test Site, and others 
(Triay et al., 1997). The rapid movement of colloidal contaminants through 
the subsurface is also the subject of numerous modeling studies as cited by 
Kale (1993). 

Kale (1993) developed a concept of a colloid barrier using glass beads 
and a cationic, highly soluble polyelectrolyte with the ability to capture and 
agglomerate colloids. The polyelectrolyte used was a commercially available 
material, polydialylldimethylammonium chloride, named Catfloc. This ma-
terial is used in the wastewater treatment industry to flocculate small par-
ticles and was selected for its ability to adsorb onto silica substrates, e.g., 
silica colloids, rock, or glass beads. Catfloc was also chosen for this study 
because of the low concentrations necessary for good performance, because 
of its the relatively low cost, and because it is not easily biodegraded. 
The laboratory-scale studies used glass beads and centimeter-sized rock 
chips of the gravel layer and Mortandad Canyon groundwater with and 
without colloids, at concentrations of 2 x 10^ particles/ml. The biodegrad-
ability of Catfloc was evaluated in studies where Catfloc acted as the sole 
carbon source in a nutrient culture medium inoculated with Mortandad 
Canyon groundwater. The culture medium also contained potassium 
nitrate and sodium phosphate as a supply of nitrogen and phosphorous 
nutrients to ensure that nutrient deficiency was not a growth-limiting factor. 
Aliquots of the culture medium were taken and stained for total microbial 
counts. 
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2. Apatite II 

A special form of the mineral apatite, Apatite II, was chosen as the second 
layer in the PRB to treat metals, particularly Pu. Feasibihty studies were 
performed to determine the metal stabilization potential of various mater-
ials with respect to acid mine drainage in northern Idaho and actinide-
contaminated waters at DOE sites (Wright et al., 1995; Conca, 1997; Bostick 
et al., 1999; Conca et al, 2000; Runde, 2000). Materials investigated included 
different sources of apatite (various mineral sources, synthetic, commercial, 
cowbone charred or uncharred, and Apatite II), zeolites (clinoptiloHte and 
chabazite), various polymers, including Dowex II, C-sorb, Cabsorb, Mer-
sorb, peat moss, zero valent iron, hematite, goethite, and activated charcoal. 
The Apatite II performed the best with respect to all metals studied, i.e., lead, 
cadmium, zinc, uranium, strontium, and plutonium, but with different mech-
anisms depending on the metal and the conditions. Because of this generally 
good performance for many metals under various conditions, Apatite II was 
chosen for this Mortandad Canyon study. 

Apatite II can be obtained in almost any grain size from powdered to 
gravel size. The gravel size has hydrauHc conductivities exceeding lOcm/s 
and a bulk density between 0.5 and l.Og/cm^. Apatite is ideal for stabilizing 
many metals because it instigates the heterogeneous nucleation of metal-
apatite phases under environmental conditions (Lower et al, 1998). The 
excellent stabilization efficiency comes from the extremely low solubility 
products of the resultant metal-apatites, e.g., for uranium-phosphate (autu-
nite) Xsp = 10""̂ ^ and for lead-apatite (pyromorphite) ^sp = 10"^^. Table II 
lists some solubility products as examples [the reactions are given in MIN-
TEQ-A2; Geochem Software Inc. (1994)]. There are several apatite sources 
with widely varying reactivities and properties, but most are not appropriate 
for metal remediation. For best results, the apatite should (1) have as much 
carbonate ion substituted as possible, (2) have no fluorine substitution, 

Table II 
Stabilities of Some Relevant Phases" 

Mineral phase 

Pb5(P04)3(OH,Cl) 

Ca(U02)2(P04)2 • IOH2O 

Sr5(P04)3(OH) 

Zn3(P04)2 

Solubility 
product (log X̂ 5p) 

-76.5 

-49.0 

-51.3 

-35.3 

Mineral 
phase 

Am(P04) 

Pu(P04) 

UO2HPO4 

Cd3(P04)2 

Solubility 
product (log ^sp) 

-24.8 

-24.4 

-10.7 

-32.6 

""From MINTEQ-A2; Geochem Software Inc. (1994). 
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(3) have no trace metals initially in the structure, (4) be poorly crystalline or 
even amorphous, and (5) have high internal porosity (Conca et ai, 2000). For 
these reasons, traditional phosphate ores and cow bone, charred or not, are 
not as effective as Apatite II. 

The nominal composition of Apatite II is Ca5_xNa;c(P04)3(OH)i_^ 
(COs)^, where x < 0.2 and y < 0.05. The high reactivity of Apatite II relative 
to other apatites comes from the unusual structure of the solid. Most of 
the material is amorphous hydroxy calcium phosphate with respect to both 
X-Ray Diffraction (XRD) and Transmission Electron Microscopy (TEM). 
However, there are random nanocrystals of well-crystallized apatite em-
bedded throughout the amorphous phase (Fig. 2). Also, there is substantial 
carbonate substitution, which makes the structure less stable and more 
reactive (Wright et aL, 1990). However, once metals are in the apatite 

Figure 2 HR-TEM image of Apatite II showing general amorphous nature with random 
nanocrystal inclusions of crystalline apatite (low-resolution image is inserted in upper left 
corner). Copyright 2000, A. A. BALKemg, Reprinted with permission. 
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structure, it is much more stable than the initial Apatite II. Because of this 
arrangement, the amorphous structure is relatively reactive and provides a 
sufficient excess of phosphate ion to solution, locally exceeding the solubility 
limit of many metal-phosphate phases and resulting in precipitation, particu-
larly for lead, uranium, and plutonium. At the same time, the nanocrystals 
provide the apatite structure for nucleating the precipitates. Other apatites, 
such as phosphate rock, bone char, or reagent-grade tricalcium phosphate, 
are crystalline (Fig. 3 and 4), have Uttle or no carbonate substitution, have 
substantial fluorine substitution, have significant trace metal substitution 
(strontium, barium, uranium, and others), or have less microporosity, all of 
which reduce the reactivity and make them less optimal for metal stabiliza-
tion. The concentration of phosphate ion in solution in equilibrium with 
Apatite II is in the 10- to 100-mg/liter (ppb) range and depends on solution 

r X400000 --^.fi - ^ P ^ P ' ^ ^ S t f l ^ ^ ^ ^ ^ 
Figure 3 HR-TEM image of mineral apatite (NC phosphate rock) showing the crystalUne 
nature of the apatite. Copyright 2000, A. A. BALKemg, Reprinted with permission. 
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g X500000 

Figure 4 HR-TEM image of bone char showing the crystalUne nature of the apatite. Copyright 
2000, A. A. BALKemg, Reprinted with permission. 

chemistry, particularly pH. It is important, however, because these low values 
avoid the phosphate-loading issues common to organophosphates and sol-
uble inorganic phosphates such as most fertilizers. 

The Apatite II was found to leach ^^Sr at a constant concentration, 
regardless of the strontium concentration in the influent water. For batch 
tests with radioactive ^^Sr, this was not a problem, as the two isotopes are 
easily distinguished. However, during the column studies that could use only 
^^Sr because of laboratory activity limits, there was no way to distinguish the 
difference between the ^^Sr leached from, or sorbed onto, the Apatite II. It 
was found that '̂̂ Sr leached from the Apatite II in columns at a constant 
concentration of 0.85mg/liter, regardless of influent concentration, e.g., 
columns with influent ^^Sr concentrations of 2 or Omg/hter both showed 
effluent concentrations of about 0.85 mg/liter. The column study described in 
Section III,B,3 used ^^Sr and so avoided this problem. Further studies will use 
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only ^^Sr. It is not known whether the ^^Sr leaching from the Apatite II was 
coming from the amorphous phosphate phase or from the organics. 

3. Pecan Shells 

Pecan shells were chosen as the third layer in the PRB to treat nitrate and 
perchlorate. In the case of nitrate, biodegradation has been widely investi-
gated, and the microbial processes are well understood (Zumft, 1999). Nitrate 
can be removed from contaminated water by either assimilatory or dissimi-
latory processes. Assimilatory processes result in ammonia production and 
uptake, with subsequent conversion to cellular constituents such as protein 
and nucleic acids. Dissimilatory nitrate reduction processes result in gaseous 
products, such as nitrogen gas, nitric oxide, and nitrous oxide. The microbial 
reduction of perchlorate has only recently been demonstrated (Attaway and 
Smith, 1993; Herman and Frankenberger, 1998; Wallace et al, 1998), but 
field-scale studies for bioremediation of this contaminant have not been 
reported. 

In a PRB system where one of the barriers is a biobarrier, the catalyst for 
the destruction of nitrate is the indigenous microbial population, which uses 
nitrate as both a nitrogen source and an electron acceptor under denitrify-
ing conditions. The catalyst for perchlorate destruction is also microbial in 
nature, where the perchlorate is reduced to nontoxic chloride products, but 
less is known about the reduction pathways and the physiological require-
ments and identities of the organisms involved. Frequently, the only missing 
element for destruction of both of these anionic species is carbon, which can 
be supplied by an appropriate material added to the biobarrier, e.g, residual 
organics on the Apatite II. 

Pecan shells were the carbon-based support material chosen for the bio-
barrier section of the multiple PRB. It does not serve as an efficient carbon 
source but as an efficient substrate upon which to form biofilms. This agricul-
tural waste product fits the needs of this system very well insofar as it is 
inexpensive, can be obtained in ton quantities as gravel-sized particles with 
large average pore sizes, has great porosity and surface area for the attach-
ment of biofilms, persists in the subsurface because of its high lignin content, 
and has no disadvantageous reactions with the other barrier materials. This 
study has taken an empirical approach to development of this biobarrier. The 
abihty of the biofilms that form on the pecan shells to reduce the nitrate 
present in groundwater has been determined, as have the nitrogen-based 
reduction products that are present and in what amounts. The populations 
of bacteria have been determined using a most probable number (MPN) 
technique that measures viable bacterial cells that will grow in nitrate-
amended media under denitrifying conditions. 
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4. Limestone Gravel 

Actinides form strong carbonate complexes in aqueous solutions, espe-
cially U and Am (Triay et aL, 1991; Runde et al., 1992). In Mortandad 
Canyon, Am appears to form carbonate complexes and may pass through 
the other layers (LANL, 1997). However, in many laboratory studies for the 
Yucca Mountain project and for other nuclear waste programs, it has been 
observed that actinide carbonate complexes will sorb strongly to carbonate 
rocks (Triay et al, 1991, 1997). Therefore, the final layer in the PRB was 
chosen to be limestone gravel. 

B. BATCH TEST METHODS 

Batch sorption studies were performed on a set of aggregate materials to 
determine the reactive sorption coefficient (Kd) of radionuclides in MCO-5 
water. Ten potentially reactive materials and mixtures of materials were 
analyzed in this study, as summarized in Table III. Apatite refers to Apatite 
II except when designated mineral apatite. Various treatments of Apatite II 
were performed to observe any change in reactivity. 

The aggregate materials were mainly used as received; no crushing or size 
separation was performed. However, coagulant-treated gravel was prepared 

Table III 
Summary of Reactive Materials and Their Properties 

Material 

Gravel 

Coagulate-treated gravel 

Mineral apatite 

Apatite II 

Apatite II treated with 
phosphoric acid 

Apatite II mixed 
with limestone 

Apatite II treated with 
phosphoric acid and 
mixed with limestone 

Limestone 

Clinoptilolite 

Pecan shells 

Acronym 

GRAV 

CGRAV 

AP 

UF 

FWP 

UFWL 

FWPL 

LIM 

ZEO 

PS 

Size distribution (cm) 

1-3 

1-3 

0.1-0.5 

0.5-3 

0.5-3 

0.5-3 

0.5-3 

1-2 

0.5-1 

1-2 

Source 

Los Alamos Transit 

Los Alamos Transit 

PCS, Inc. 

UFA Ventures 

UFA Ventures 

UFA Ventures and La 
Farge Mining 

UFA Ventures and La 
Farge Mining 

La Farge Mining 

St. Cloud Mining 

San Saba Pecans 
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by first cleaning the gravel in weak (^^0.15 M) hydrochloric acid by overnight 
soaking. Next, the gravel was rinsed in MCO-5 water and immersed in a 
colloidal coagulant polymer solution (Catfloc ~2 g/liter) overnight. Finally, 
the gravel was given a final rinse in MCO-5 water and kept immersed in 
MCO-5 water to guard against unknown effects of allowing the coagulant-
treated gravel to dry. 

Apatite II samples treated with phosphoric acid were prepared by over-
night soaking in 0.5 M phosphoric acid followed by rinsing in MCO-5 water 
and air drying. As shown later, this treatment did not increase performance 
sufficiently to warrant its use in the field. Any field application will use the 
Apatite II as received in the specified grain size, and not treated in any way. 

Three radionuchdes were utilized in these batch tests: ^^Sr^+, ^^^Pu "̂̂ , 
and ^̂ ^Am "̂̂  -̂ ^ Sr concentrations were quantified using a Packard Cobra 
Gamma Counter, whereas both ^^^Pu and ^̂ ^ Am were analyzed on a Packard 
Model 2500 hquid scintillation counter (LSC). Separate batch sorption stud-
ies were repeated for each radionuclide. The ^^Sr batch sorption study used a 
liquid-to-solid ratio of approximately 10:1 (150 ml solution and 15 g solid). 
Studies with ^^^Pu and "̂̂^ Am used a liquid-to-solid ratio of approximately 
15:1 (225 ml solution and 15 g soUd). Apatite/limestone mixtures were formed 
by adding another 2 of limestone, an amount that modified the hquid-solid 
ratios only slightly. The starting concentration of each radionuclide solution 
was 7.6 X lO-^M^^Sr, 2.4 x lO-^M^^^Pu, and 8.5 x 10-^^^241^^^^ 

Aggregate materials were equilibrated with water from well MCO-5 before 
batch sorption procedures began. Dry aggregates were weighed out and 
placed in 250-ml round Teflon bottles with sterilized water from well MCO-
5 and agitated for 2 weeks prior to beginning batch studies. Agitation was 
accomplished by placing the bottles horizontally onto laboratory shakers. At 
the completion of the 2-week equilibration phase, the solids were drained of 
water from well MCO-5, water from well MCO-5 containing a spike of 
known radionuclide concentration was added, and agitation was continued. 

Water from well MCO-5 was sampled and analyzed over time to determine 
sorption behavior and kinetics. Sampling of the container solutions was 
performed using pipettes. To remove particulates, each sample was centri-
fuged at 16,500 rotations per minute for an hour in Teflon vials. Samples were 
then split for radionuclide and water chemistry analysis. Because the ratio of 
liquid to sohd changed for each sample interval, solution volumes were 
carefully measured and accounted for in calculating the sorption coefficient 
isotherms. 

For the biobarrier studies, pecan shells (2 g) or pecan shells and dog food 
(2g/0.2g) were loaded into Oak Ridge tubes, and 20 ml of water from well 
MCO-5 was added for a solution/solid ratio of 10:1 (and a pecan shell/dog 
food ratio of 10:1). Reaction tubes were incubated at room temperature on a 
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shaker. Successive samples were taken on the day after the tubes were loaded, 
day 1, and on day 2, day 7, day 14, and day 21 in most cases. Nitrate, nitrite, 
and ammonia concentrations were determined using EPA method 300.0, an 
ion chromatographic method. MPN analysis involved the use of a nitrate-
reducing MPN method developed from methods found in Collins et al. 
(1995). 

C. COLUMN TEST METHODS 

1. Single Column Tests with ^^Sr, Nitrate, and Colloids 

A single column study to evaluate pecan shells with respect to nitrate, 
strontium and colloids in water from well MCO-5 used single 6-cm-long, 4.8-
cm-inside-diameter columns. The column was packed with pecan shells with 
no food source and was infused with water at a flow rate of 0.13 ml/min. The 
groundwater was spiked with 2mg/liter ^^Sr, 50mg/liter sodium nitrate 
(NaNOs) (for a total nitrate concentration of lOOmg/hter), and 2 x 10^ 
fluorescent colloids per liter of water. Fluorescent polymer (polystyrene) 
microsphere colloids (1 jjim) were obtained from Duke Scientific Corp. 
(Palo Alto, CA). Sieve analysis of the pecan shells indicated that 75.9% of 
the shells were 2.00^.75 mm in size, whereas 24.1% were 1.00-2.00 mm in 
size. Approximately 6.5-ml aliquots were retrieved automatically by an Isco 
Foxy Junior fraction collector. TCP analysis of^^Sr and nitrate-ion chroma-
tography were performed on the effluent following collection from the 
column, whereas fluorescent colloids were counted using a microscopic tech-
nique (Abdel-Fattah and Reimus, 2000). 

2. Sequential Column Tests with *̂ Sr and Nitrate 

Four 1-D columns were arranged in sequence to evaluate the ability of 
various reactive media to remove contaminants from flowing groundwater. 
These columns were packed with materials selected based on the results of 
batch sorption treatability studies and were run at a range of flow rates up to 
five times the natural velocity of groundwater in Mortandad Canyon. Mater-
ial included gravel coated with Catfloc, volcanic rock (basalt) coated with 
Catfloc, Apatite II, pecan shells, pecan shells mixed with dog food (10:1, 
respectively), and limestone. 

MCO-5 water was spiked with various contaminants to desired concen-
trations. Columns were packed with various reactive media through which 
contaminated groundwater was flushed at a constant flow rate. The columns 
were constructed of borosihcate glass with a 4.8-cm inside diameter and are 
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equipped with an adjustable end plate for bed length variation from 1 to 
13 cm. 

All media used in the four sequential columns were sieved to less than 
4.75 mm size fraction but greater than 1.00 mm. Catfloc-coated gravel or 
basalt was prepared by contacting 2 g/liter Catfloc solution with the gravel 
or basalt overnight on a rotator (60rpm; approximately 2:1, Uquid-solid 
ratio). Apatite II was used as obtained or was soaked in 90°C hot water to 
further remove residual organics. Pecan shells were used as received or 
crushed to the desired size fractions. In the first column study only, dog 
food was added to the pecan shells (1:10, dog food:pecan shells) to serve as 
a carbon source stimulant for microbial growth. All column studies were 
designed to run until breakthrough, however, the Los Alamos Cerro Grande 
fire resulted in complete shut down of the study before breakthrough was 
achieved. 

3. Sequential Large-Scale Column Tests with ^̂ ^Pu, ̂ ^̂ Am, ^^Sr, 
Nitrate, and Perchlorate 

Four columns were manufactured and machined from transparent acrylic 
sheets and tubing. The columns measured 5.5 in. (~14cm) in internal diam-
eter and 12 in. (~30cm) in length. Two insteps were milled into each end of 
the acrylic tubing to allow the emplacement of perforated Teflon rings. The 
perforated rings created an area of dead volume and slight backpressure to 
allow dispersion of the tracer before contacting the column media. Flow ports 
were established on each end cap of the columns using 1/4 X 28 thread peek 
flow fittings. 

Four aggregates were chosen for use in the columns. The selection of 
materials was based on batch sorption studies. The columns were packed 
with these materials and filled with MCO-5 water. The columns were filled 
with deaerated water and purged of large air pockets. No attempts were 
made to eliminate small air bubbles. The columns were connected in line to 
each other via 1/16 in. inside diameter Teflon tubing. Deaired MCO-5 
water was pumped through the columns so that flow introduced into the 
first column flowed through the second, third, and out the fourth, respect-
ively. Column media were equilibrated with MCO-5 water by flushing the 
water through the columns at approximately 20ml/h for 2 weeks prior to 
injection of contaminants. Prior to injecting the column network with 
spiked MCO-5 water, the columns were equilibrated to the injection flow 
rate by adjusting the flow rate of the pump to the planned injection rate 
72 h in advance of the injection. The pore volume of the column network 
was slightly greater then 11 liters, distributed approximately equally within 
the four columns. 
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A 100-ml pulse of MCO-5 water spiked with 7 x lO'^M^^Sr, 5 x IQ-'̂  
^239p^ (750,000 pCi), and 1 x lO-^M^^^Am was injected into the columns 
after the 2-week equilibration period. This plutonium concentration repre-
sents about 600,000 times the field concentrations, about 60,000 liters at the 
field concentrations, or about 60 years of flow at present plutonium concen-
trations. This strontium concentration represents about 440,000 times the 
field concentrations, about 44,000 Hters at the field concentrations, or about 
44 years of flow at present ^^Sr concentrations. This americium concentration 
represents about 100,000 times the field concentrations, about 10,000 liters at 
the field concentrations, or about 10 years of flow at present ^^^Am concen-
trations. Nitrate and perchlorate were at the field concentrations of 3.9 and 
0.4mg/liter, respectively. No colloids were injected as part of this particular 
column study. The purpose of the pulse was to see if rapid contaminant 
loading would be stable against future flow or if sorbed radionuchdes 
would be remobilized. The spiked water was injected via a KD Scientific 
syringe pump. After a 1-h injection, a Scilog Chemtec piston pump then 
maintained the approximate lOOml/h flow of uncontaminated MCO-5 
water. Initially, an Isco Foxy funnel fraction collector was used to collect 
the elutants hourly into Teflon collection bottles. After the first 3 days, this 
was changed to a large collection bottle sampled approximately every 72 h. 
The elutants were analyzed for radionuclide breakthrough and solution 
chemistry. Radionuclide breakthrough was analyzed using the same instru-
ments as described in the batch sorption studies. However, because pluto-
nium and americium have similar radioactive energy emissions, 
differentiating between these two radionuclides was not done. Only an analy-
sis of gross a decay was performed. Direct analysis of ^^Sr was possible 
because ^^Sr is the only y emitter in the study. 

4. Two-Dimensional Aquifer Box Tests with ^^Sr, Nitrate, and 
Perchlorate 

A 2-D aquifer cell was manufactured from aluminum. The inside dimen-
sions of the rectangular box were 32 cm (height) x 62 cm (length) x 5 cm 
(width). Rectangular end chambers, constructed of aluminum alloy, were 
screened over the entire vertical height of the box. The bottom and back of 
the box were aluminum, and a glass plate served as the front (see Fig. 12 in 
Section IIIB4). The pore volume of the cell was approximately 2 liter. ^^Sr and 
perchlorate in water from well MCO-5 were at concentrations of 2 mg/liter 
and 300 |jLg/hter, respectively. During the first 60 days, influent nitrate con-
centrations were held constant at approximately 125 mg/liter. Thereafter, 
nitrate concentrations were increased to 250 mg/liter in order to evaluate 
the ability of microorganisms in the PRE materials to reduce irregular nitrate 
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concentrations. The cell was constructed to allow discrete sampling between 
each layer interface. 

III. RESULTS 

A. BATCH TESTS 

1. Colloid Tests in Mortandad Canyon Groundwater 

The laboratory-scale studies used glass beads and centimeter-sized rock 
chips of the gravel layer and Mortandad Canyon groundwater with and 
without colloids at concentrations of 2 x 10^ particles/ml. These studies 
were performed to determine the effect of a number of different parameters 
on agglomeration of microspheres on the centimeter-sized rock surfaces. 
There was a strong dependence on Catfloc concentration and colloid concen-
tration, but the presence of Catfloc generally increased colloid removal from 
solution by at least three orders of magnitude. The Catfloc was not sign-
ificantly degraded after 1 year. 

2. Batch Tests for ^^^Fu, ^̂ ^Am, and ^̂ Sr in Mortandad Canyon 
Groundwater 

Results of the batch sorption studies are presented as K^ versus time for 
^^^Pu, ^̂ ^ Am, and ^^Sr in Figs. 5, 6, and 7, respectively. Results indicate that 
untreated Apatite II has a large affinity for all three radionuclides. All 
combinations of Apatite II displayed large affinities for plutonium. Lime-
stone/untreated apatite mixtures and treated Apatite II also display large 
affinities for americium. Apatite II has greater affinities for all three radio-
nuclides compared to mineral apatite. Materials that will function as com-
ponents of the multiple PRB, such as pecan shells in the biobarrier, were 
evaluated in batch sorption studies to determine radionuclide capture prop-
erties. These materials displayed much less affinity for radionuclides than 
apatite. 

Although the amounts of plutonium used were too small for phase iden-
tification, the extremely high K^^ values are consistent with the extremely low 
solubilities of plutonium-phosphates and are consistent with studies of apa-
tites showing precipitation with respect to lead and uranium (Ma et ai, 1993; 
Moody and Wright, 1995; Bostick et al., 1999; Runde, 2000). For plutonium, 
the various samples of apatite exhibited the highest sorption values. The 
mineral apatite was slower to react than the Apatite II, but eventually reached 
the same levels. The other materials still showed reasonably high Kd values 
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Figure 5 Sorption of Pu-239 over a 42-day time span. Copyright 2000, A. A. BALKemg, 
Reprinted with permission. 
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Figure 6 Sorption of Am~241 over a 10-day time span. 
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Figure 7 Sorption of Sr-85 over a 10-day time span. 
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for plutonium, up to 1000. For americium, the apatites exhibited Kd values 
between 1000 and 10,000, and the other materials had Kd values below 1000. 
^^Sr showed the least sorption affinity for any of these materials. While 
Apatite II performed the best with Kd values of about 500, all were less 
than 1000. The large amount of ^^Sr that leached from the Apatite II during 
column tests makes it difficult to evaluate these batch tests with ^^Sr. There 
was probably significant isotopic exchange, which may account for most 
of the sorption. Geochemically, strontium has a strong affinity for apatite 
phases and precipitates readily in phosphate phases in nature, including 
coprecipitation with calcium in bone materials (Wright, 1990). The poor 
showing in laboratory tests may also reflect kinetic effects. 

3. Biobarrier Batch Tests for Nitrate 

The biobarrier support material selected was pecan shells. Batch tests were 
performed to determine the effects of initial sterilization of materials, effects 
of readily available food sources, the efficiency of the medium, and the time 
necessary for inducing microbial population growth to sufficient levels to 
reduce nitrate concentrations in the groundwater. The effect of a food source 
on the microbial activity was investigated using dry dog food as a readily 
accessible food source. Two studies were used to determine the amount of 



242 James Conca et al. 

bacterial growth and contaminant degradation in nitrate-contaminated 
water. Each study contained five different sets of samples: (1) the water and 
the pecan shells were both sterilized (sterile control), (2) the pecan shells were 
sterilized and the water was nonsterile, thereby providing bacteria (sterile PS, 
unsterile H2O), (3) the water was sterilized and the pecan shells were not 
(unsterile PS, sterile H2O), (4) both the water and the pecan shells were 
nonsterile (unsterile control), and (5) filtered nitrate-contaminated water 
without any substrate. Duplicate samples were run under each set of condi-
tions in each study. Another set of experiments was run with dog food as an 
additive along with pecan shells. Experiments were run both with field con-
centrations of nitrate (~20mg/Hter) and with high nitrate (~600mg/Uter). 

Results for the pecan shells alone with the 600-mg/liter nitrate-contamin-
ated groundwater are shown in Fig. 8. These results are similar for all runs. 
All filtered water samples with no substrate showed no reduction in nitrate 
concentrations. Sterilizing the substrates (pecan shells or the pecan shells 
and the dog food) diminished the degree of nitrate reduction more than 
sterilizing the groundwater. Experiments with nonsterilized media resulted 
in a greater reduction of nitrate and shorter induction periods needed to form 
a sufficiently active microbial population to significantly reduce nitrate con-
centrations, especially with both components providing bacteria. Nonsterile 
substrates did contain denitrifying bacteria. In two out of three experiments, 

lOOOi - • • - - sterile Control 
^ - O — Sterile PS, Unsterile Water 

• Unsterile PS, Sterile Water 
- - O - Unsterile Control 

1 8 15 
Incubation Period, Days 

Figure 8 Nitrate removal over a 21-day period of Sr-85 over a 10-day time span. Copyright 
2000, A. A. BALKemg, Reprinted with permission. 
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the presence of dog food reduced the induction periods needed to form an 
active microbial population by about half, particularly at high nitrate concen-
trations. With pecan shells alone, the experiments with high nitrate concen-
trations required about twice as long as those with low nitrate concentrations 
to reduce nitrate levels to half the initial concentrations. 

The results demonstrate that a healthy microbial population with denitri-
fying activity was estabhshed that can reduce even high nitrate concentrations 
to undetectable levels within about 1 week with the pecan shell/dog food 
combination and in about twice that time without the dog food. As shown 
later, Apatite II has sufficient residual organics to serve as a readily accessible 
food source to the adjacent biobarrier so that no additional food source is 
needed. The rate of denitrification will be adequate to reduce nitrate in the 
proposed multiple PRB for Mortandad Canyon given the flow rates and 
proposed dimensions. 

B. COLUMN STUDIES 

1. Pecan Shells with ^^Sr, NO3", and Polystyrene Colloids 

A single column study was undertaken to determine if pecan shells are a 
feasible material for the biobarrier part of the multiple PRB for degradation 
of nitrate. ^^Sr and colloids were also included to observe their behavior. The 
groundwater was spiked with 2 mg/liter ^^Sr, 50mg/hter NaNOs (for a total 
nitrate concentration of 100 mg/liter), and 2 x 10^ fluorescent colloids per 
liter of water. ^^Sr was removed to below detection limits throughout the 
course of the experiment, an unexpected advantageous result. Nitrate concen-
trations initially appeared to be reduced, however, they reached a maximum 
concentration of 60 mg/liter and decreased with time to approximately 
30mg/Hter. This incomplete removal of nitrate probably resulted from 
insufficient time being provided to establish an active microbial community, 
and no food source being available. Only eight pore volumes were put 
through the column, which at the 0.13-ml/min flow rate took just over 2 
days. As was seen later in column tests with Apatite II upstream of the pecan 
shells, the presence of an available food source from the Apatite II led to rapid 
degradation of nitrate in the Apatite II. The pecan shells did not result in 
complete removal of colloids from the influent solution, however, they did 
reduce the colloid concentration by at least an order of magnitude, providing 
evidence that pecan shells could serve as a secondary trap for the retention of 
colloids that may escape the primary colloid barrier material. The average pH 
of collected effluents was 6.92 ±0.10, and the average dissolved oxygen (DO) 
concentrations were 4.91 ± 0.12 mg/liter. 
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It is difficult to compare the results for the pecan shells between batch and 
column tests because the conditions are so different. The water-to-substrate 
ratio is much greater in batch tests, and the residence time in batch tests was 
much longer (21-day incubation times in the batch tests and only 2 days in the 
column tests). In the subsequent sequential column tests with all layers, the 
nitrate was unexpectedly removed by the Apatite II layer and so the perform-
ance of the pecan shells with respect to the nitrate could not be evaluated in a 
long-term column study. 

2. Sequential Column Tests with ^̂ Sr and Nitrate 

Mortandad Canyon groundwater retrieved from well MCO-5 was spiked 
with 2 mg/liter ^^Sr and was introduced to the columns at a constant flow rate 
of 0.2ml/min. Nitrate concentrations in the water from well MCO-5 were 
measured to be approximately 50 mg/liter; therefore, no additional nitrate 
was added to the groundwater at first, but nitrate concentrations were in-
creased to 205 mg/liter in the influent on 4/14/00 (see Fig. 10). Four columns, 
approximately 10 cm long with a 4.8-cm inside diameter and loaded with the 
reactive media, were arranged in series as depicted in Fig. 9. Column 1 was 
loaded with Catfloc-coated gravel (0.5 liter of 2g/liter Catfloc solution con-
tacted with 280 g of gravel for 12 h), column 2 with Apatite II prewashed with 
hot water, column 3 with crushed pecan shells mixed with dog food to 
enhance microbial proliferation, and column 4 with limestone. Pore volumes 
were about 70 ml for each column, and water residence times were about 6 h 
for each of the columns. Three-way valves were placed between columns so 
that samples could be collected following contact with each reactive medium. 
Approximately 5.5-ml aliquots were retrieved manually at regular time 
periods between the columns while an Isco Foxy Junior fraction collector 
collected effluent from column 4 following complete treatment through the 
column sequence. ICP analysis of ^^Sr and nitrate ion chromatography 
ensued following the collection of effluent from the columns. 

Figure 10 illustrates ^^Sr and nitrate concentrations detected in the effluent 
following treatment through all four columns. Nitrate was removed to below 
detection limits throughout the course of the study except on the day that the 
concentration was increased to 205 mg/liter, after which it dropped to below 
detection limits for the rest of the experiment. ^^Sr concentrations rarely 
exceeded the 0.85-mg/liter leached basehne value of Apatite II. The pH and 
dissolved oxygen (DO) concentration were monitored daily for each of the 
four columns. A comparison of average pH and DO concentration values, 
along with the influent water from well MCO-5, is presented in Table IV. 

It appears from the DO concentrations that Apatite II and its inherent 
residual organics were supporting a sufficient denitrifying microbial 
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CATFLOC 
coated gravel 

Figure 9 Sequential column tests of multiple PRB for Mortandad Canyon. Copyright 2000, 
A. A. BALKemg, Reprinted with permission. 
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Figure 10 '̂̂ Sr and nitrate concentrations in effluent from the sequential column study. Copy-
right 2000, A. A. BALKemg, Reprinted with permission. 
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Table IV 

MCO-5 Water pH and DO Concentration Values, and Daily Average pH and DO 
Concentration Values for Individual Columns 

Source description pH DO (mg/liter) 

MCO-5 well water 

Column 1 (Catfloc-coated gravel) 

Column 2 (Apatite II) 

Column 3 (pecan shells + dog food) 

Column 4 (limestone) 

8.03 ± 0.27 

7.82 ± 0.36 

6.96 ±0.11 

6.47 ± 0.30 

6.94 ±0.19 

6.34 ± 0.20 

5.34 ±0.15 

1.89 ±0.17 

2.35 ± 0.20 

2.00 ±0.13 

population to explain the removal of nitrate from solutions exiting Apatite II. 
The pH results in Table IV are consistent with the observation that apatite 
minerals buffer the pH to about neutral. The pecan shells and limestone do 
not have much effect in this column study because of the removal of nitrate by 
Apatite II and the buffering effect of Apatite II. There was concern that the 
limestone would raise the pH back toward 8, but the water residence time in 
the coarse limestone gravel is probably not long enough. Again the experi-
ment was interrupted before breakthrough occurred. 

3. Sequential Column Tests with 2̂ ^Pu, ^^Am, ^^Sr, Nitrate, and 
Perchlorate 

Four aggregates were chosen for use in the four sequential columns in this 
test (Fig. 11, Table V). A 100-ml pulse of MCO-5 water spiked with 
7 X lO-^M^^Sr, 5 x lO'^M^^^Pu (750,000 pCi), and 1 x lO-^M^^^Am was 
injected into the columns after the 2-week equilibration period. The use of 
^^Sr avoided the leaching problem of ^^Sr in the determination of total 
strontium sorption in this column test. As stated earlier, these radionuclide 
concentrations represent about 60 years of flow at present plutonium concen-
trations, 44 years of flow at present ^^Sr concentrations, and 10 years of flow 
at present ^^'Am concentrations. Nitrate and perchlorate were at the field 
concentrations of 3.9 and 0.4 mg/liter, respectively. No colloids were injected 
as part of this test. Relating a high-concentration pulse to long-term flow at 
lower concentrations is valid only if there is no degradation of removal 
efficiency of the solid over this time period. 

Analysis of column elutants was conducted for 3 months until the experi-
ment was interrupted. After injection of the contaminant pulse, approxi 
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Figure 11 Feasibility column network. 

Media 

Aggregate dry mass (g) 

Pore volume (ml) 

Table V 

Column Volumes and Masses 

Column 1 
(Catfloc-treated 
volcanic rock) 

1910 

3217 

Column 2 
(Apatite II) 

2722 

2705 

Column 3 
(pecan shells) 

1510 

3125 

Column 4 
(limestone) 

8663 

2304 

mately 300 pore volumes exited the columns with no detectable nitrate, 
perchlorate, plutonium, americium, or strontium (neither ^^Sr nor ^^Sr; no 
^̂ Sr exited Apatite II and no ^̂ Sr leached from Apatite II exited the pecan 
shells) in the effluent. The immobihzed plutonium, americium, and strontium, 
therefore, appear stable against future subsequent flow, at least for this 
number of pore volumes, a condition that needs to be addressed if the spent 
barrier materials need to be left in place after the plume is treated. 
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4.2 Two-Dimensional Aquifer Box Tests with ^^Sr, Nitrate, 
and Perchlorate 

A 2-D aquifer cell was assembled and loaded with basalt coated with 
Catfloc, Apatite II, pecan shells, and limestone arranged in sequential vertical 
layers between sand similar to that in the field design (Fig. 12). ^^Sr and 
perchlorate in water from well MCO-5 were injected in a constant concen-
tration of 2 mg/liter and 300 fxg/liter, respectively. Nitrate was injected at a 
constant concentration of 125 mg/liter until day 60 when it was increased to 
250 mg/hter to evaluate the ability of microorganisms in PRB materials to 
reduce irregular nitrate concentrations. With the flow rate of about 85 ml/h 
and a total cell pore volume of about 2 liter, the water residence time was 
about 1 day, the same as that observed in Mortandad Canyon shallow 
groundwater (1 pore volume per day). 

Results were obtained for 100 days of continuous contaminant injection. 
Figure 13 shows results exiting the aquifer box test after passing through all 
layers. The cell was constructed to allow discrete sampling between each layer 
interface. Samples taken between the first sand layer and the volcanic gravel 
(layer 1) and the volcanic rock and Apatite II (layer 2) showed no measurable 
change in a concentration for any of the contaminants. Effluents from all 
other layers showed the same results as in Fig. 13, i.e.. Apatite II determined 
the contaminant concentration for all effluent. As was seen in previous tests. 

Figure 12 Two-dimensional aquifer cell for treatment demonstration of contaminated ground-
water. Copyright 2000, A. A. BALKemg, Reprinted with permission. 
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^̂ Sr was leached from Apatite II at a constant concentration of 0.85 mg/liter 
and was not significantly reduced by passage through the remaining layers 
after the first week. All effluents following Apatite II showed a strontium 
concentration of about 0.85 mg/liter. The Apatite II layer reduced the nitrate 
and the perchlorate before entering the pecan shells to below detection limits 
in almost all samples. Detection limits for perchlorate were 3 |jLg/Hter (ppb). 

IV. CONCLUSION 

The feasibiUty studies performed, thus far, indicate that a multiple PRB 
composed of four layers in sequence, Catfloc-coated volcanic gravel, Apatite 
II, pecan shells, and limestone gravel, could remediate shallow groundwater 
at Mortandad Canyon, contaminated with ^̂ '̂ ^̂ '̂ ^^^Pu, "̂̂ Âm, ^^Sr, ni-
trate, and perchlorate, sufficiently to meet regulatory concerns. However, the 
performance period cannot be determined from the existing results because 
the feasibility studies were not able to result in breakthrough over the time 
periods of the study. Feasibility column tests for all contaminants, using ̂ ^Sr, 
should be run to completion, or breakthrough, prior to installation in the 
field. Because the materials used are inexpensive, a large amount can be used 
to ensure conservative performance. If the barrier performs as well as desired 
in the field, the total expected inventory of radionuclides in the shallow 
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aquifer is low enough that complete removal by so many tons of barrier 
material will not result in activities high enough for the barrier to become a 
hazardous or radioactive waste. The nitrate and perchlorate are reduced to 
harmless components and also will not cause the barrier to become a hazard-
ous waste. Therefore, the materials could be left in place as long as regulatory 
approval could be obtained. 
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Chapter 9 

Evaluation of Apatite 
Materials for Use in Permeable 
Reactive Barriers for the 
Remediation of Uranium-
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Phosphate rock, bone meal, bone charcoal, and pelletized bone charcoal 
apatites were evaluated for use in a demonstration of permeable reactive 
barriers (PRB) for uranium [U(VI)] removal from groundwater at Fry 
Canyon, Utah. Apatites were studied because phosphate supplied by apatite 
dissolution may cause precipitation of uranyl phosphate. Bone meal and bone 
charcoal sorbed 1.5 to 2 orders of magnitude more U(VI) than phosphate 
rock in batch and column experiments. Phosphate rock was found unsuitable 
for PRB use because of rapid breakthrough and low sorption capacity. In 
contrast, U(VI) breakthrough of 12mg/liter U(VI) occurred at 216 column 
pore volumes (cv) for bone meal. Although the bone meal and bone charcoal 
were highly effective at sequestering U(VI), the low permeability of these fine-
grained materials and/or potential for clogging from bacterial growth would 
require 10-fold or greater dilution with coarse grain materials to maintain 
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adequate PRB permeability. Instead, a porous, pelletized bone charcoal was 
chosen for the PRB demonstration because of its high permeability and 
intermediate U(VI) sorption capacity compared to the other materials tested, 
with 50% breakthrough occurring after 100 cv. U(VI) sorption was largely 
reversible for all materials with up to 80% of total sorbed U(VI) released 
during elution with U(VI)-free groundwater. Bone char pellets recovered 
from the upgradient face of the PRB 18 months after installation had sorbed 
U(VI) equal to the maximum sorbed in column tests. X-ray absorption 
spectroscopy and X-ray diffraction of U(VI)-reacted apatites in laboratory 
tests and recovered from the PRB indicated uranyl phosphate precipitation 
did not occur for dissolved U(VI) concentrations characteristic of Fry 
Canyon. Instead, sorption occurred by formation of a uranyl surface complex 
(adsorption) as was observed with synthetic hydroxy apatite. Because surface 
complexation likely dominates sorption, an apatite-based PRB will require 
close monitoring and removal of the solid phase as breakthrough occurs 
when adsorption equilibrium is attained. 

I. INTRODUCTION 

A . BACKGROUND 

Use of permeable reactive barriers (PRB) for the removal of dissolved 
contaminants has increased in recent years as a low-cost alternative to pump 
and treat methods for groundwater remediation (Blowes et al., 1997; Shoe-
maker et al., 1995; Morrison and Spangler, 1993). PRBs have the advantage 
of lower operational and maintenance costs, as water flow through the PRB is 
driven by the natural hydraulic gradient. In situ treatment by a PRB results 
from either degradation of contaminants to nontoxic forms or transform-
ation to an immobile phase (Blowes et al., 1997). Ideally, the removal process 
should be largely irreversible and can be initiated with a low-cost, high-
permeability material. Most PRB applications to date have been deployed 
for the removal of organic solvents from groundwater systems, although a 
few have been used for the removal of radionuclides and trace elements 
(Benner et al., 1999; Blowes et al., 2000; Morrison et al., 2001). 

Development and evaluation of reactive materials are critical steps in the 
design of PRBs for groundwater remediation. This chapter focuses on 
the evaluation and choice of commercially available, inexpensive apatites 
for use in the Fry Canyon, Utah, field demonstration of PRBs for the reme-
diation of uranium [U(VI)] contamination in groundwater (Naftz et al., 
2000). The mechanism of U(VI) sorption by these materials was determined 
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from X-ray absorption spectroscopic (XAS) and X-ray diffraction (XRD) 
measurements of U(VI) apatites (Fuller et al., 2002a,b) and the results 
are discussed here with regard to their implications for use of apatite in 
PRBs. 

B. PREVIOUS STUDIES OF METAL IMMOBILIZATION BY APATITE 

Hydroxy apatite [Ca5(P04)30H], HA, has been found very effective in 
sorbing many divalent cations, including lead (Pb), copper, zinc (Zn), cadm-
ium, and strontium (Ma et al., 1993; Ruby et al, 1994, Xu et al, 1994; 
Valsami-Jonese/fl/., 1998; Middleburg and Comans, 1991; Collin, 1960). Pro-
posed removal processes for metal sorption include cation exchange, incorp-
oration into the apatite structure, and precipitation of metal phosphates. 
Most investigations on metal interaction with HA have focused on Pb be-
cause the effectiveness of HA in transforming Pb to low solubiHty phases 
suggests good potential for use of HA in remediation strategies (Laperche 
and Traina, 1998). Immobilization of Pb by HA in contaminated soils and 
groundwater has been shown to occur by precipitation of lead phosphates, 
notably hydroxypyromorphite, by reaction of Pb with phosphate released 
from HA (Xu and Schwartz, 1997; Ma et al, 1994, 1995; Zhang et al, 1997). 
Jeanjean et al. (1995) observed extensive removal of U(VI) upon addition of 
synthetic HA to uranyl solutions, although uranyl phosphates could not be 
detected by XRD. 

The motivation for testing apatite in a PRB application for U(VI) is based 
on the low solubility of uranyl phosphates (Langmuir, 1978; Sandino and 
Bruno, 1992), which suggests that natural apatites could be effective in 
lowering dissolved U(VI) in groundwater. The hypothesis for uranium im-
mobilization is that HA dissolution would provide a source of dissolved 
phosphate ([P]) with which aqueous U(VI) may precipitate to form a uranyl 
phosphate phase, such as hydrogen, calcium, magnesium, potassium, or 
sodium autunite (e.g., [Ca(U02)2(P04)2 • IOH2O]) (Sowder et al, 1996; 
Sandino and Bruno, 1992; Arey et al, 1999). The addition of HA to batch 
experiments of U-contaminated acidic sediment and soils resulted in a de-
crease of U(VI) release to solution (Arey et al, 1999). In these systems, 
dissolved U(VI) was sequestered by Al and Mn phosphate phases that pre-
cipitated in response to the dissolution of Al and Mn from the acidic sedi-
ments and elevated dissolved phosphate from HA dissolution. Formation of 
uranyl phosphate phase such as autunite was observed upon exposing HA to 
high concentration uranyl nitrate solutions (Bostick et al, 1999; Ordonez-
Regil et al, 1999). In those experiments, dissolution of HA by the acidic 
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uranyl nitrate solution and subsequent neutralization likely resulted in 
greatly exceeding the solubility of uranyl phosphate phases. 

Fuller et al. (2002a) reported quantitative sorption of dissolved uranium by 
synthetic HA over a wide range of total U(VI) concentrations up to an 
equivalent to the total P in the experimental system. U(VI) sorption was 
determined to occur by surface complexation on HA at dissolved U(VI) 
concentrations relevant to the contaminated groundwater at Fry Canyon. At 
higher U(VI) concentrations, formation of uranyl phosphate phases resulted. 

C. Focus OF PRESENT STUDY 

Because the cost of synthetic HA is prohibitive for use in PRB applications, 
lower cost, commercially available natural apatite materials were evaluated. 
Bone meal has been proposed as an inexpensive source of apatite for soil 
remediation because of its ability to immobilize Pb and Zn (Hodson et al., 
2000). Analysis of the solid phase recovered from column-leaching experi-
ments indicated association of Pb and Zn with P phases. Phosphate rock also 
has been proposed as an inexpensive P source for the remediation of Pb-
contaminated soils and water (Ma et al., 1995). In both cases, the natural 
apatites provide a source of phosphate by dissolution and subsequent immo-
bilization of the contaminant by the precipitation of sparingly soluble metal 
phosphates. 

This chapter presents results for laboratory batch uptake and column 
experiments to evaluate U(VI) sorption by phosphate rock, bone meal, and 
bone charcoal apatites for potential use as PRB-reactive materials. A highly 
porous, pelletized bone charcoal was also evaluated. Other critical properties 
of materials for PRB use that were tested include permeability, the extent of 
reversibility of U(VI) removal, and the release of solutes detrimental to water 
quality. Uranium removal by apatite recovered from the Fry Canyon PRB 
demonstration is compared to laboratory results. 

II. LABORATORY EVALUATION OF APATITES FOR 
URANIUM SORPTION 

A. APATITE MATERIALS 

Three phosphate rock samples were obtained from mining companies in 
Florida, North Carolina, and Utah (Table I). The mined rock had been 
separated from accessory minerals and crushed to fine sand or silt grain size 
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prior to receipt. Fertilizer-grade bone meals from two processing methods 
(Dale Alley Corp., St. Joseph, MO) and a powdered bone charcoal (EM 
Scientific) were also tested. Porous, pelletized bone charcoal prototypes 
(CP) were manufactured by Cercona of America, Inc. (Dayton, OH) for 
evaluation. Pellet formulation varied by temperature (>1000°C), presence 
or absence of air, sources of bone meal, and binder composition. All samples 
were used as received. 

B. PHYSICAL CHARACTERISTICS 

XRD analysis indicated that P-bearing minerals in the phosphate rocks 
were fluoroapatite and carbonated fluoroapatite. The bone meal and bone 
charcoal samples contained hydroxyapatite. The pelletized bone charcoal 
contained whitlockite, a dehydrated form of apatite. Physical characteristics 
of the three types of materials are presented in Table I. Specific surface area 
determined by single point N2 gas adsorption typically was higher for the finer 
grain-sized materials with the exception of steamed bone meal (BB2), which 
had the smallest surface area (0.3m^/g). This bone meal had the highest P 
release (17 mg P/liter) in batch experiments. 

The bone char pellets had very high permeability and high internal poros-
ity (Table II). The permeability of the bone char pellets was determined from 
the dependence of flow rate on hydraulic head through packed columns using 
a modified Marriot bottle apparatus. Permeability, expressed as hydraulic 
conductivity (K, m/day), was calculated using Darcy's law and corrected 
for conductivity of the apparatus. Measured permeability greatly exceeded 
the aquifer permeability at Fry Canyon (17 to 26 m/day, see Chapter 14). 
Internal pellet volume was determined from weight loss upon drying of water-
saturated pellets. Analysis of breakthrough curves of tritiated water indicated 
that essentially the entire intraparticle porosity of bone char pellets was 
accessible to flow. Total column pore volume (cv) was calculated from triti-
ated water breakthrough curves and agreed within 5% of a gravimetric 
measure of total porosity. This comparison indicates that there was rapid 
exchange of water between interparticle porosity and essentially all internal 
porosity. 

C. BATCH UPTAKE EXPERIMENTS 

1. Methodology 

Batch uptake experiments provide a test of the relative efficiency of each 
apatite material for U(VI) sorption under similar solution conditions and in 



Table I 
Physical Characteristics of Apatite Materials Used in Laboratory Evaluation 

b Solid concentrationa Phosphate concentration 

Material ID Source Surface area (m2/g) Grainsize (g/liter) (mg P/liter) PHC 

Phosphate rock 

Phosphate rock 

Phosphate rock 

Bone meal, cooked 

Bone meal. steamed 

Bone charcoal 

Bone char pellet 

SF 

PCS 

CF 

BBI 

BB2 

BK 

CP3 

SF Phosphates, LTD 

Vernal, UT 

PCS Phosphates 

Raleigh, NC 

CF  Industries 

Plant City, FL 

Fertilizer company 

Dale Alley 

Company 
St Joseph, MO 

Fertiluer company 

Dale Alley 
Company 
St Joseph, MO 

EM Scientific 

Cercona of Amenca 

Bone char pellet CP5 Cercona of America 

4.2 

14.4 

12.2 

6.6 

0.3 

64 

33 

44 

75% 125-IOOOpm 100 

95% 125-1000pm 100 

51% 125-1000pm 10 

55%>500 pm 10 

25% <I25pm 

5% <125pm 

47% <125pm 

45% 400 pm 

100% < 63 pm 

3-15pm 

7.5% > 4mm 

65.3 % > 2 4 m m  

23.1% > 1-2mm 

3.5% < I mm 

1 3.8 % > 4 mm 

42.9% > 2 4 m m  

39.4% > I-2mm 

3.8% < 1 mm 

100 

I0 

10 

10 

0.9 

14 

0.8 

I .o 

17 

5.3 

0.9 

7.8 

7.2-7.5 

7.3-7.5 

7.2-7.3 

6.54.6 

6 . a . 6  

7.5-7.5 

7.2-7.4 

6.9-7.1 

%olid concentration is the mass of apatite per liter of artificial groundwater in batch experiments. 
bPhosphate concentration is the amount of dissolved phosphorus released in the absence of dissolved uranium. 
‘pH is the range of pH after uranium uptake. 
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Table II 

Physical Properties of Bone Char Phosphate Pellet Formulations CP3 and CP5" 

Property 

Grain size 

% >4mm 

%2-^mm 

% 1-2 mm 

% < l m m 

Hydraulic conductivity 

Specific surface area 

Interparticle porosity 

Intraparticle volume 

Intraparticle porosity 

Phosphate concentration 

CP3 

7.5 

65.3 

23.7 

3.5 

734 

33 

20 

0.83 

55 

0.9 

CP5 

13.8 

42.9 

39.4 

3.8 

431 

44 

19 

0.59 

51 

7.8 

Units 

Percent 

Percent 

Percent 

Percent 

m/day 

mVg 
Percent 

cm^/g pellets 

Percent 

mg P/Hter 

CP5 used in PRB field demonstration. 
Dissolved phosphate concentration in batch experiment after 24-h equilibration with artificial 

groundwater in the absence of uranium. 

the absence of transport limitation to uptake. Uranium sorption was 
measured in an artificial groundwater (AGW) of similar maPjor ion, pH 
(7.0), and alkalinity (480mg/liter as calcium carbonate) to Fry Canyon 
groundwater (Naftz et al, 2000). Under these conditions, dissolved uranium 
exists predominantly in the +6 oxidation state as carbonate complexes of 
the uranyl dioxocation (UOi^^) and is denoted as U(VI). The apatite solid 
(10 or 100 g solid per liter depending on grain size, Table I) was equihbrated 
with the AGW for 24 h prior to the addition of U(VI). The U(VI) was 
added in stepwise increments (< 2400 |xg/liter) to yield total U(VI) concen-
trations of 2400 to 48,000 |ULg/Hter. Dissolved U(VI) ([U]) ranges from 
1400 to over 20,000 jxg/liter at Fry Canyon (Naftz et al, 2000). The 
pH was adjusted to 7.0 with dilute acid or base. Because no measur-
able change in U(VI) uptake was observed after 24 h of reaction in preli-
minary experiments, samples were reacted for 48 h on a shaker table 
or end-over-end rotator. The final pH was then measured, the 
sample centrifuged (lOmin at 16,000g), and the supernatant retained 
for [U], dissolved cations and phosphorous ([P]), analyses. Release of [P] 
from apatite solids was measured in batch experiments in the absence of 
U(VI). 

Initial batch experiments used a ^^^U tracer with U(VI) concentration 
determined by hquid scintillation counting of the ^^^U alpha decay [precision 
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±2%; method detection limit (mdl) 5 |xg/liter for ^^^U-labeled 2400 jJig/liter 
total U]. Dissolved U(VI) was determined in subsequent batch and all column 
experiments by kinetic phosphorescence analysis (mdl 0.06 ixg/hter, precision 
±2%). Uptake was determined by the change in [U]. Dissolved calcium ([Ca]) 
and [P] were measured by inductively coupled plasma optical emission spec-
trometry (ICP-OES; mdl 0.01 and O.lmg/liter, respectively). Although the 
ICP-OES measures all forms of [P], it is assumed that [P] is comprised largely 
of orthophosphate species from here on. 

2. U(VI) Sorption in Batch Experiments 

Uranium sorption in batch experiments was compared on a mass 
basis instead of equal surface area because the mass of reactive material 
that can be used in a PRB application is limited by volumetric dimensions. 
The extent of U(VI) sorbed by the various apatite materials varied consid-
erably (Fig. 1). Bone meal and bone charcoal sorbed 1.5 to 2 orders of 
magnitude more U(VI) per gram than phosphate rock. More than 98% of a 
total dissolved U(VI) of 4800 jjig/liter was sorbed by bone meal and bone 
charcoal, compared to 54 to 80% by phosphate rock. Uranium sorption 
by bone char pellets (CP3 and CP5) was about a factor 10 lower than the 
bone meal and bone charcoal (Fig. 1). U(VI) sorption was independent of the 
amount of [P] released from the solid prior to the addition of U(VI) (Table I). 
The final pH of batch solutions increased between 0.2 and 0.5 units for 
phosphate rock, bone charcoal, and bone char pellets and decreased 0.4 to 0.6 
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Figure 1 Uranium sorption by apatite materials in batch experiments with artificial ground-
water. The log of sorbed uranium [jxg U(VI) sorbed per gram of solid] versus the log of 
equilibrium dissolved uranium (|jLg/liter). 
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Figure 2 Uranium sorption by apatite materials in batch experiments normalized to specific 
surface area. The log of sorbed uranium [|jLg U(VI) sorbed per m^ of solid] versus the log of 
equilibrium dissolved uranium (|jLg/Hter). 

units for bone meal from the initial pH of 7.0 (Table I). The amount U(VI) 
sorption among the solids did not vary with pH for a given total U(VI) 
concentration. 

The reactivity of apatites was compared by normalizing U(VI) removal to 
specific surface area, assuming that the N2 surface area represents reactive 
surface site density (Davis and Kent, 1990). A narrower range of U(VI) 
sorption was observed among materials when compared this way, with the 
exception of the bone meals, which had significantly greater U(VI) uptake per 
m^ (Fig. 2). 

D . COLUMN EXPERIMENTS 

Column tests were used to determine the volume of U(VI)-contaminated 
groundwater that can be treated prior to U(VI) breakthrough and the U(VI) 
sorption capacity of potential apatite materials for conditions characteristic 
of the Fry Canyon aquifer. 

1. Methodology 

Glass columns (15 or 30 cm length, 1-cm inside diameter) fitted with 20-|xm 
end-cap screens were used for the bone meal and phosphate rock experiments. 
Column outlets were fitted with 0.45-|xm syringe filters. Initial tests of 
columns packed with bone meal failed because of clogging either from 
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bacterial growth or from loss of integrity. Because of the clogging and/or 
small grain size, bone meal and phosphate rock were diluted 10-fold by 
weight with Ottawa sand (20 to 30 mesh) to maintain adequate permeabiUty. 
The sand had negligible U(VI) sorption in a batch experiment. A column test 
with the bone charcoal was not feasible due to elution of this very fine-grained 
(3 to 15 |xm) material out of the column. The large particle size of the bone 
char pellets enabled packing into a column (2.5 cm diameter) without dilution 
with sand. 

Packed columns were flushed with carbon dioxide (CO2) and then flushed 
with deionized water to dissolve the CO2. This method was effective in 
eliminating gas pockets. Upward flow of AGW with 12mg/liter U(VI) was 
started immediately using gravity feed (lOml/h). The AGW feed reservoir 
was equihbrated continuously with 2% CO2 in air to maintain a constant pH 
of 7ib0.1 pH units. Effluent pH of the bone char pellet columns was measured 
daily during the first week, then weekly, using a flow cell electrode. Effluent 
pH was measured at the end of the column experiment for phosphate rock 
and bone meal apatites. Reversibility of U(VI) sorption was tested by 
changing the influent to U-free AGW after U(VI) breakthrough. 

Total cv was determined from dry solid and water-saturated weights. The 
ratio of effluent to influent concentration (C/CQ) typically is plotted versus cv. 
Because of dilution with sand and likely differences in the accessible intra-
particle porosity, C / Q was plotted versus the milliliters of column efiluent 
passed per gram reactive material (ml/g) to allow direct comparison of U(VI) 
breakthrough among the various materials. Total cv of the bone char pellet 
columns was determined from ^H breakthrough and included the accessible 
internal porosity of bone char pellets. Cumulative U(VI) sorption was calcu-
lated by integrating the difference between total U(VI) input and outflow 
concentration [U(VI) uptake], divided by the mass of apatite material in the 
column. Total sorption capacity is defined as the maximum cumulative 
sorption of U(VI) at complete breakthrough (100%). 

2. Column Results 

Column breakthrough curves are presented in Fig. 3, 4, and 5 for phos-
phate rock, bone meal, and CP3 bone char pellets, respectively. Effluent pH 
was 7.2±.l and T.lib.l for the duration of the CP3 and CP5 bone char pellet 
column tests. The pH at the end of column test ranged from 7.2 to 7.5 for the 
other materials (Table III). Consistent with batch experiments, phosphate 
rock had the lowest U(VI) removal. Breakthrough to C/CQ = 0.5 was rapid 
(within 14-68 ml/g or 7 to 18 nominal column volumes) for phosphate rock 
(Fig. 3, Table III). The sorption capacity for phosphate rock ranged from 160 
to 410 ppm. In contrast, the greatest U(VI) sorption was observed with bone 
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Volume Passed (ml/g Phosphate Rock) 

Figure 3 Column breakthrough and reversibility for phosphate rock samples (CF, PCS, SF) 
plotted as the ratio of effluent-to-influent dissolved uranium (C/Co, A) versus, the volume of 
solution passed in units of millihter per gram of phosphate rock. Cumulative uranium sorbed per 
gram of phosphate rock (jxg/g) is depicted by the soHd line. The vertical dashed line indicates 
change of influent to uranium-free artificial groundwater to test for the reversibility of uranium 
sorption. Concentration of uranium is effluent during the reversibility test is the ratio of measured 
effluent dissolved uranium to the U(VI) concentration of influent during the uptake limb of the 
experiment. 
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Figure 4 Column breakthrough and reversibility for fertilizer-grade bone meals (BBl and BB2) 
plotted as the ratio of effluent-to-influent dissolved uranium (C/Co, A) versus the volume of solu-
tion passed in units of milliliter per gram of bone meal. Cumulative uranium sorbed per gram of 
bone meal (|xg/g) is depicted by the solid line. The vertical dashed line indicates change of influent 
to uranium-free artificial groundwater to test for the reversibility of uranium sorption. Concen-
tration of uranium is effluent during the reversibility test is the ratio of measured effluent dissolved 
uranium to the U(VI) concentration of influent during the uptake limb of the experiment. 

meal. Breakthrough (C/Co^o.s) required nearly 600 ml/g (216 cv) of ground-
water for the BBl bone meal (Fig. 4a). The sorption capacity of this bone 
meal was 7700 ppm. The column with steamed bone meal (BB2) was termin-
ated after 437 ml/g (155 cv) due to clogging (Fig. 4b), Hkely because of 
bacterial growth. No significant U(VI) breakthrough was measured to this 
point, with a cumulative U(VI) sorption of 4600 ppm. 

The column test with bone char pellets with iron binder (CPl) clogged 
within 5.5 ml/g (18 cv) due to oxidation of iron, which cemented pellets at the 
inlet portion of the column. In addition, effluent pH rose to 9, characteristic of 
zero valent iron material (Gu et al., 1998). Pellets calcined in air (CP2) had 
complete U(VI) breakthrough within 13 ml/g (4 cv). The bone char pellet 
formulation (CP3) that performed best was fired in the absence of air and 
was made with a phosphate binder and retained carbon. Breakthrough 
to C/Co = 0.5 occurred at 122 ml/g (104 cv) with complete breakthrough 
(100%) occurring at 181 ml/g (618 cv) (Fig. 5a). The sorption capacity of the 
CP3 bone char pellets was 1370 ppm U(VI). 
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Figure 5 (a) Column breakthrough and reversibility test for Cercona bone char pellets (CP3). 
The ratio of effluent-to-influent dissolved uranium (C/CQ, A) versus the volume of solution 
passed in units of millihter per gram of bone char pellets. Cumulative uranium sorbed per gram 
of bone char pellets (ixg/g) is depicted by the solid line. The vertical dashed line indicates change 
of influent to U(VI)-free artificial groundwater to test for the reversibility of uranium sorption. 
Concentration of uranium is effluent during the reversibility test is the ratio of measured effluent 
dissolved uranium to the U(VI) concentration of influent during the uptake limb of the experi-
ment, (b) Dissolved phosphorous (mg/Uter) in column effluent versus volume of solution passed 
in units of milliliter per gram of bone char pellets. The vertical dashed line depicting the change to 
U(VI)-free artificial groundwater is shown for reference because of the different x-axis scale. 

E. REVERSIBILITY OF U ( V I ) SORPTION 

An important criterion for PRB application is the potential for re-Release 
of the contaminant from the PRB. Conditions favoring contaminant release 
from a PRB are thought to occur after the contaminant plume has passed and 
uncontaminated groundwater enters the PRB. The potential for release of 
U(VI) from apatite was evaluated in column tests after 100% breakthrough 
of U(VI) by passing U(VI)-free AGW through the columns. In all three 
types of materials tested, most of the sorbed U(VI) was released from the 
soUd. Desorption was characterized by an initial faster release until the 
effluent concentration reached a C/CQ of about 0.2. A slower release followed 
that continued over many column pore volumes (Figs. 3-5). In some cases, an 
increase in effluent concentration to C/Co > 1 occurred over the first several 
cv of elution, indicating rapid desorption. About 65% of the U(VI) uptake 
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Table III 

Summary of U(VI) Breakthrough and Sorption Capacity for Column Tests of apatite 
Materials with Artificial Groundwater with 12,000 |xg/liter Dissolved UCVI)** 

Material ID 

Phosphate rock 

SF 

PCS 

CF 

Bone meal 

BBl 

BB2^ 

Bone char pellets^ 

CP3 

CP5^ 

CP5^''' 

Volume to 50% 
breakthrough (ml/g ) 

14 

20 

68 

594 

437 

122 

206 

222 

c cv 

7 

11 

18 

216 

155 

104 

252 

278 

Total U(VI) 
sorption capacity 

160 

220 

410 

7700 

4600 

1370 

650 

580 

Column 
effluent pH^ 

7.3 

7.4 

7.5 

7.2 

— 

7.2±.l 

7.1±.l 

7.1±.l 

^See Table I for explanation of material ID. 
Volume passed in milliliter per gram of apatite 

'̂ Column pore volumes (cv) passed, cv estimated for phosphate rock and bone meal, cv measured 
by tritium breakthrough for bone char pellets. 
Uranium uptake at 100% breakthrough [mg U(VI) per gram solid]. 
pH is the column effluent pH measured at the end of experiment for phosphate rock and bone 
meal and the average pH for the duration of CP3 and CP5 experiments. 

^Column terminated at <20% breakthrough due to clogging. 
^Bone char pellets packed undiluted. 
^2400 ̂ xg/liter U(VI) influent. 
^Column eluted with 80 cv prior to introduction of U(VI). Volume passed reported does not 
include pretreatment volume. 

was released from phosphate rock within 30 to 50 ml/g of U-free AGW 
passed, at which point the effluent concentration was less than 0.1 C/CQ 
and the experiments were terminated (Fig. 3). The initial release of sorbed 
U(VI) was about 20 and 40% of total U(VI) sorbed by bone meal and bone 
char pellets, respectively (Figs. 4a and 5b). Subsequently, the rate of release 
decreased and release continued through hundreds of pore volumes. The BB2 
bone meal column reversibihty test was terminated after 1030 ml/g of elution 
because of clogging. At that point, about 35% of the sorbed U(VI) had been 
released. After about 1160 ml/g of elution (990 pore volumes), 80% of the 
total U(VI) removed by the bone char had been released back to ground-
water. Reversibility tests indicate that groundwater with low U(VI) entering 
an apatite PRB could result in release of most of the sorbed U(VI) back to the 
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groundwater unless the material was removed. However, about half of the 
U(VI) released from bone meal or bone charcoal apatites would occur over a 
long period. 

F. EFFECTS OF APATITE ON WATER QUALITY 

An important consideration in PRB reactive material choice is the 
potential impact on water quality down gradient of the PRB. Release of 
dissolved phosphate was observed in column tests for all materials and 
was characterized by an initial pulse concentration that decreased to a 
plateau concentration. For example, phosphate release from CP3 bone 
char pellets was initially 3.5mg/liter [P] and decreased to about 0.7mg/liter 
after 44ml/g (37 cv, Fig. 5b). Dissolved phosphate remained relatively 
constant (0.68 ib O.llmg/liter) throughout the U(VI) breakthrough 
and elution. This sustained release of [P] would be detrimental to aquatic 
systems down gradient of a PRB installation if no subsequent proces-
ses removed [P] from groundwater. At the Fry Canyon study site, sorption 
of [P] to iron oxide coatings on aquifer sediments is expected to remove most 
[P] prior to discharge into Fry Creek. No significant changes in the concen-
tration of other solutes or pH were observed during the duration of column 
tests. 

G. APATITE MATERIAL CHOSEN FOR THE PRB 

FIELD DEMONSTRATION 

1. Selection of Material 

Rapid breakthrough and low U(VI) sorption capacity indicated that phos-
phate rock would be unsuitable as a PRB material for U(VI) remediation. 
Fertilizer-grade bone meal had the highest U(VI) sorption capacity on a mass 
basis. However, potential clogging due to bacterial growth would require 10-
fold or greater dilution with coarse grain materials to maintain permeability, 
thereby decreasing the sorption capacity of a PRB. In addition, the introduc-
tion of organic material from a bone meal PRB to the aquifer could adversely 
affect water quaUty at a remediation site. The bone charcoal powder also 
would require dilution to maintain permeabihty. In addition, the small par-
ticles (3-15 |ULm) could be transported out of the PRB. The high permeability 
of the CP3 bone char pellets allows direct use in a PRB, offsetting its 5 to 10 
times lower U(VI) sorption capacity compared to bone meal and bone 
charcoal powder. In addition, no clogging of the bone char column was 
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experienced during the 1-year testing period. Based on these results, pelletized 
bone char was chosen for the field demonstration. 

Due to the large quantity (3m^) required for the PRB and a different 
supplier of bone meal, modifications to the firing process were required 
that resulted in a different formulation of bone char pellets than the CP3 
material used for laboratory testing. Material (CP5) used for the PRB dem-
onstration at Fry Canyon, Utah, was composed of 12-15 weight percent 
aluminum phosphate (as Al203:P205, from binder), 10-12% carbon (from 
bone meal), and 74-76% calcium phosphate (from bone meal). Prior to PRB 
installation, batch U(VI) sorption and hydraulic conductivity of the CP5 
formulation were measured. Little difference in U(VI) sorption in batch 
experiments was observed compared to the CP3 material (Fig. 1). Permeabil-
ity was about 35% lower than the CP3 (Table II) but still greatly exceeded the 
aquifer permeability. 

2. Column Tests of Bone Char Pellet Formulation Used in Fry 
Canyon PRB 

Column tests with the CP5 pellets were conducted after barrier emplace-
ment. A lower dissolved U(VI) concentration (2400 |jLg/liter) was used to 
better simulate the actual groundwater entering the bone char PRB at Fry 
Canyon (1400 to 7100 |xg/liter; see Chapter 14). Breakthrough (C/Co = 0.5) 
of U(VI) occurred at 206ml/g or 253 cv (Fig. 6a). Both U(VI) sorption at 
breakthrough and total sorption capacity for the CP5 material were about 
half that determined for the CP3 material (Table III). In addition, a sign-
ificantly higher dissolved [P] was measured for both the initial release and the 
plateau concentration for the CP5 material (Fig. 6c). Variations in the pellet 
binder formulation and fertilizer-grade bone meal source, as well as the 
manufacturing conditions, may account for these differences in U(VI) uptake 
and phosphate release between these materials. Considerably more fluctua-
tion was observed in the CP5 effluent U(VI) concentration than with CP3 
pellets. In contrast, no significant differences in variability of ffow rate, pH, or 
other constituents were observed. The cause of variability in the effluent 
U(VI) concentration is unknown. 

A second column test was conducted to test U(VI) removal after the initial 
release of [P]. Uranium-free AGW was passed through the bone char pellet 
column for 80 cv (64ml/g) prior to introduction of U(VI). During this 
pretreatment, effluent [P] decreased from an initial maximum of 360 to 
lOmg/liter within 20 cv (16ml/g, Fig. 6c). The large initial release likely 
resulted from dissolution of excess binder. A relatively constant [P] 
(5.4zb0.4mg/liter) was observed during the last 30 cv of pretreatment. Break-
through of U(VI) occurred after about the same volume of influent as the 
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Volume Passed (ml/g bone char) 

Figure 6 (a) Column breakthrough and reversibihty tests for Cercona bone char pellet formula-
tion (CP5) used in the Fry Canyon PRB demonstration. The ratio of effluent-to-influent dissolved 
uranium (C/CQ, A) versus the volume of solution passed in units of milliliter per gram of bone 
char pellets. Cumulative uranium sorbed per gram of bone char pellets (|JLg/g) is depicted by the 
solid line, (b) The effect of pretreatment of bone char pellets with 80 cv (64 ml/g) of uranium-free 
artificial groundwater prior to U(VI) inflow with the arrow denoting the start of U(VI) inflow. 
The vertical dashed line indicates change of influent to uranium-free artificial ground water to test 
for the reversibihty of uranium sorption. Concentration of uranium is effluent during the revers-
ibility test is the ratio of measured effluent dissolved uranium to the U(VI) concentration of 
influent during the uptake limb of the experiment, (c) Dissolved phosphorous (mg/liter) in 
column effluent versus volume of solution passed in units of milliliter per gram of bone char 
pellets. Data are for column experiment depicted in a. 
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untreated solid, with comparable total U(VI) sorption capacity (Fig. 6b, 
Table III). This comparison is consistent with the removal process occurring 
by sorption on the bone char solid rather than by precipitation with the 
dissolved phosphate. The extent and rate of U(VI) desorption were similar 
to that observed for the CP3 pellets (Figs. 5 and 6). 

Because U(VI) sorption was largely reversible, a third column test was 
conducted to determine if the material could be reused after elution of sorbed 
U(VI). At the end of the reversibility test for CP5, about 220 ppm or about 
30% of total U(VI) sorbed remained after 600 cv of elution. A portion of the 
material was repacked into a new column, and AGW with 12mg/liter U(VI) 
was passed. An additional 500 ppm U(VI) was sorbed at complete break-
through, indicating little change in the total U(VI) capacity due to prior 
sorption and desorption steps (data not shown). These results suggest poten-
tial for reuse of the bone char pellets used in a PRB application, which may 
lower operation and decommissioning costs if the reactive material can be 
rejuvenated in situ. 

III. PROCESSES OF U(VI) SORPTION 

Knowledge of the contaminant removal process is critical for evaluating 
the effectiveness of materials used in PRB-based remediation applications. 
The long-term stability of sorbed contaminants is dependent on the contam-
inant immobilization process. Ideally, U(VI) sorbed by apatite should remain 
immobilized with respect to changes in water chemistry to minimize U(VI) 
rerelease after a contaminant plume has passed through a PRB. 

The mechanisms of U(VI) sorption by apatites have been investigated 
using XAS and synchrotron-source XRD (Fuller et al., 2002a,b). XAS is an 
element-specific, bulk method that provides quantitative information on the 
local coordination environment of the element of interest. The energy of X-
ray absorption and X-ray absorption near edge structure (XANES) is char-
acteristic of the oxidation state of the element of interest. At energies above 
the critical absorption energy, photons are ejected from the absorbing atom 
and scattered by surrounding atoms both constructively and destructively, 
giving rise to extended X-ray absorption fine structure (EXAFS) absorption 
spectra. EXAFS spectra are used to derive interatomic distance, coordination 
numbers, and identity of atoms surrounding the element of interest. The 
spectral contribution arising from first and second shell coordination of U 
by low atomic number atoms such as oxygen and phosphorus can be success-
fully fit from EXAFS spectra of uranyl phosphate and carbonate phases 
(Thompson et al., 1997). The mechanisms of uranium sorption are then 
derived from the bonding environment of uranium determined by fitting 
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EXAFS spectra. Details of data collection, analysis, and interpretation of 
spectra are presented in Fuller et al. (2002a). 

The mechanisms of U(VI) sorption by a synthetic HA were evaluated 
by EXAFS and XRD data for U(VI)-reacted HA samples prepared in 
batch experiments (Fuller et al., 2001a). In the absence of HA solid, a 
uranyl phosphate precipitated from solution that was equihbrated with 
HA and filtered prior to the addition of uranium (pH 6.9, initial [P] 6.5 mg/ 
liter, [Ca] 7.6mg/liter). The precipitate was identified as chernikovite 
H2(U02)2(P04)2 • IOH2O by XRD. EXAFS spectra and XRD of uranium-
reacted HA with > 7000 ppm sorbed U(VI) indicated chernikovite precipita-
tion. In contrast, analyses of EXAFS and XRD data indicated that U(VI)-
phosphate, - hydroxide, and - carbonate soHds were not present in U-reacted 
HA at sorbed concentrations <4700ppm U(VI). Instead, fits to EXAFS 
spectra were consistent with the formation of an innersphere complex 
U(VI) with either Ca or P sites on the HA surface. 

Although solubility constants for chernikovite are subject to uncertainty 
(Grenthe et al, 1992), the log ion activity product for chernikovite formation 
(loglAPcHN = 21og{H+} + 21og{U02^+} + 21og{P04-^}, where {} are 
free ion activities) provides an indicator of precipitation of this solubility-
limiting phase. The log IAPCHN calculated using aqueous stability constants 
summarized in Table IV ranged from —54.6 to —55 for the homogeneous 
precipitation of chernikovite in the absence of HA solid and averaged —56 for 

Table IV 
StabiKty Constants for Uranyl Solution Complexes'* 

Reaction l o g p * ( / ^ 0 ) ^ 

UOi^^ + H2O <=^ UO2OH+ + H+ -5.20 

UO22+ + 2H2O <^ U02(OH)2, aq + 2H+ - 1 1 .SO"" 

UO22+ + 3H2O <^ U02(OH)3- + 3H+ -20.00"^ 

UO22+ + 4H2O <^ U02(OH)42- + 4H+ -33.0 

2UO22+ 4- H2O <^ ( U 0 2 ) 2 0 H 3 + + H+ -2.70 

2UO22+ + 2H2O <^ (U02)2(OH)22+ + 2H+ -5.62 

3UO22+ + 4H2O <^ (U02)3(OH)42+ + 4H+ -11.90 

3UO22+ + 5H2O <^ (U02)3(OH)5+ + 5H+ -15.55 

3UO22+ + 7H2O ^ (U02)3(OH)7- + 7H+ -31.00 

4UO22+ + 7H2O <^ (U02)4(OH)7+ + 7H+ -21.9 

UO22+ + CO32- <^ UO2CO3, aq 9.67^ 

UO22+ + 2CO32- <^ U02(C03)2^" 16.94 

{continues) 
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Table IV (continued) 

Reaction logP*(/ = 0)^ 

UO22+ + 3CO32- <^ U02(C03)3^- 21.60 

3UO22+ + 6CO32- <^ (U02(3(C03)6^" 54.0 

2UO22+ + CO32- + 3H2O <^ (U02)2C03(OH)3- + 3H+ -0.86 

3UO22+ + CO32- 4- 3H2O ^ (U02)3C03(OH)3+ + 3H+ 0.66 

IIUO22+ + 6CO32- + I2H2O <^ (U02)ii(C03)6(OH)i2^- + 12H+ 36.43 

H+ + CO32- ^ HCO3- 10.329 

2H+ + CO32- <^ H2CO3* 16.683 

C02(g) + H2O <^ H2CO3 * -1.472 

UO22+ + NO3- <^ UO2NO3+ 0.3 

UO22+ + CI- ^ UO2CI+ 0.17 

UO22+ + 2 C r <^ UO2CI2, aq -1.1 

UO22+ + SO42- <^ UO2SO4, aq 3.15 

UO22+ + 2SO42- <^ U02(S04)2^" 4.14 

SO42- + H+ <^ HSO4- 1.98^ 

UO22+ + P04^- <^ UO2PO4- 13.23 

UO22+ + P04^- + H+ <^ UO2HPO4, aq 19.59 

UO22+ + P04^- + 2H+ <^ UO2H2PO4+ 22.82 

UO22+ + P04^- + 3H+ <^ UO2H3PO42+ 22.46 

UO22+ + 2P04^- + 4H+ <^ U02(H2P04)2, aq 44.04 

UO22+ + 2P04^- + 5H+ ^ U02(H2P04)(H3P04)+ 45.05 

P04^- + H+ <^ HPO42- 12.35^ 

P04^- + 2H+ <^ H2PO4- 19.562^ 

P04^- + 3H+ <^ H3P04,aq 21.702^ 

Values from Grenthe et al. (1992) unless indicated otherwise. 
Values are for zero ionic strength. 

""Values from Silva (1992). 
Values from Sandino and Bruno (1992). 

^Values from Silva et al (1995). 

HA samples with > 10,000 ppm sorbed U(VI) with chernikovite identified 
(Fuller et al, 2002a). In batch sorption samples with sorbed concentrations 
<4700 ppm U(VI), the log IAPCHN was < -58 , consistent with the conclusion 
from the fits to EXAFS spectra that surface complexation effectively outcom-
peted the precipitation of chernikovite. In these samples, the initial dissolved 
uranium concentrations (> 7600 |ULg/Hter) resulted in log IAPCHN > —52, 
indicating that the initial conditions greatly exceeded chernikovite solubility, 
but precipitation was not observed. 
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The U(VI) sorption processes by bone meal and bone charcoal were also 
determined using XAS and XRD data (Fuller et al., 2002b). The U-Lm X-ray 
absorption edge positions and XANES spectra of U(VI)-reacted bone meal, 
bone charcoal, and bone char pellets closely matched those for U(VI) model 
compounds. These results indicate that sorbed uranium remained primarily 
in the +6 oxidation state with no significant reduction, despite the high 
organic C content and potential for bacterial growth of bone meal (Fuller 
etaL, lOOlh). 

Qualitatively, EXAFS spectra of U(VI)-reacted bone meal, bone charcoal, 
and bone char pellets did not match uranyl phases such as phosphates (e.g., 
autunite), carbonates, or oxides for sorbed concentrations of <4000ppm. 
Fits to these data indicated a spht or a highly disordered oxygen equatorial 
shell common to all samples and consistent with the formation of a uranyl 
surface complex, as observed previously for synthetic hydroxyapatite (Fuller 
et al., 2001a) and other absorbents (Bargar et al., 2000; Sylwester et aL, 2000). 
The elevated carbonate concentration of AGW resulted in ternary complexes 
of carbonate with the uranyl surface complex, as observed for U(VI) 
adsorbed on hematite (Bargar et al., 2000). At higher sorbed U(VI) concen-
trations (>4000 ppm), analysis of EXAFS spectra for bone meal and bone 
char indicates that sorption includes a component of uranyl phosphate 
precipitation, likely chernikovite, as observed for the synthetic HA system. 
Chernikovite precipitation was detected in batch samples of CP3 bone char 
pellets with sorbed concentrations in excess of the sorption capacity deter-
mined in column experiments. This may be because the CP3 material used for 
these XAS measurements was ground prior to U(VI) sorption. 

Because the solid to water ratio is much greater in a PRB (380g/liter for 
the Fry Canyon apatite PRB) than in batch sorption samples prepared for 
XAS (1 to lOg/liter) and dissolved U(VI) is lower, the surface complexation 
process likely would dominate U(VI) sorption in a PRB because of the much 
greater surface site concentration. This can be illustrated by comparing the 
log lAPcHN f̂ i" batch and column experiments to the log IAPCHN for cherni-
kovite precipitation in the presence of synthetic HA (—56, Fuller et al., 
2001a). For example, a log IAPCHN of - 5 6 was calculated for the CP3 
batch sample (12mg/liter initial dissolved uranium) after U(VI) sorption. 
Precipitation of chernikovite in this sample was evident from the EXAFS 
spectrum. In contrast, the log IAPCHN for the effluent from the CP3 bone char 
pellet column (12mg/Uter influent dissolved uranium, Fig. 5) ranged from 
-58.4 at 10% breakthrough to - 5 7 at 100% breakthrough. These values are 
consistent with U(VI) sorption in the column by surface complexation instead 
of chernikovite precipitation observed in the batch system. This difference 
may result from the higher surface site concentration in the column compared 
to the batch system, despite initial [P] during the first 20 ml/g of flow (Fig. 5b) 
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that results in exceeding chernikovite solubility for the influent dissolved 
U(VI). Subsequently, [P] decreases to concentrations where the log IAPCHN 

is below the solubiUty of chernikovite even at 100% U(VI) breakthrough. 

IV. PERFORMANCE OF THE FRY CANYON BONE 
CHAR APATITE PRB 

A. LIFETIME ESTIMATE 

The column test with the CP5 material can be used to estimate the poten-
tial lifetime of the PRB at Fry Canyon for comparison with the measured 
performance in the field demonstration. A flow rate of 324hter/day into the 
bone char PRB was calculated from ionic tracer tests and is equivalent to 173 
PRB pore volumes over the 1130 days of operation assuming a total porosity 
of 0.7 (see Chapter 14). At this flow rate, 50% breakthrough would occur after 
1646 days (4.5 years) for a 1.4-mg/liter dissolved U(VI) inflow assuming 
breakthrough occurs at 252 pore volumes as observed in the column test 
(Table III). The lifetime estimate is an upper limit because the U(VI) concen-
tration used (1400 |jLg/liter) is at the low end of the measured range entering 
the PRB. Based on the measured decrease in U(VI) within the PRB, total 
U(VI) removal for the bone char PRB was estimated at 270 g of U(VI) over 
1130 days of operation (see Chapter 14). This calculation assumed that only 
the right half of the PRB had flow-through conditions because of the oblique 
angle of the PRB to the average groundwater flow. The estimated U(VI) 
removal equals about 350 ppm, assuming sorption over the entire mass of 
bone char in the right half of the PRB. This sorbed concentration is about half 
of the total sorption capacity of the solid measured in column tests (650 ppm). 
Both the estimated lifetime to 50% breakthrough and the sorbed concen-
tration indicate that the PRB is approaching failure. In contrast, dissolved 
U(VI) within the PRB at the end of this period was less than 5% of influent 
concentration. Although the observed barrier performance appears much 
better than these estimates, complexities in flow paths suggest a large amount 
of uncertainty in the estimate of volumetric flow through the PRB (see 
Chapter 14). 

B. ANALYSIS OF BONE CHAR APATITE FROM THE PRB 

Two core samples of the bone char pellets were recovered from the PRB in 
May 1999, after 18 months of operation, using a Geoprobe corer fitted with a 
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hydraulic hammer. Because the corer entered the PRB at a 40° angle relative 
to land surface, the location of the cores within the PRB could not be 
determined rehably and do not represent profiles into the PRB or along 
flow paths. The plastic liner containing the sample was capped immediately 
upon recovery and was stored at 4°C until analysis. No attempt was made to 
isolate PRB from oxygen. Dissolved oxygen ranged from 3.9 to 7.5mg/liter 
in water samples collected 2 weeks prior to coring from samplers located 
15 cm from the upgradient face of the PRB. The presence of pea gravel 
adjacent to bone char indicates cores sampled within the first 10 cm of the 
upgradient face of the PRB. Pea gravel was placed on the upgradient side of 
the PRB during installation to facilitate uniform flow into the PRB (see 
Chapter 14). Cores were sectioned for bulk chemical and XAS analyses within 
3 weeks of collection. A split of each core interval containing the bone char 
pellets was air dried, ground, and extracted with 1 A^HNOs for 24 h. Samples 
were centrifuged and supernatants analyzed for U(VI) by KPA. XAS spectra 
were collected on ground, wet samples following methods described in Fuller 
etaL (lOOla). 

The total U(VI) concentration ranged from 180 to 690 ppm for the re-
covered bone char pellets. The highest concentration sample was from within 
5 cm of the upgradient face and had a U(VI) concentration (690 ppm) ap-
proximately equal to the maximum U(VI) sorbed in column tests for the CP5 
pellets (650 ppm). Because of heterogeneity in flow into the PRB and incom-
plete coring of the PRB, total U(VI) removal calculated from the volume 
treated (see Chapter 14) cannot be compared to the U(VI) concentration of 
the bone char pellets recovered from the PRB. 

XAS measurements of the PRB core samples indicate that sorbed uranium 
was in the -h6 oxidation state at the time of analysis. Fits to EXAFS spectra 
were consistent with the surface complexation of uranium by the apatite with 
no evidence of precipitation of chernikovite or other uranyl phosphate solid 
phases (Fuller et al., 2002b). Because uranyl phosphates were not detected in 
the PRB sample that had total sorbed U(VI) equal to the capacity measured 
in column experiments, surface complexation likely was the dominant re-
moval process at the dissolved U(VI) concentration entering the PRB. In 
contrast to this result, the log lAP for chernikovite formation calculated using 
the measured dissolved U(VI) in the most upgradient PRB sampler closest to 
the core locations ranged from —56.1 to —56.2 during the first 4 months of 
operation when measured [P] was lOmg/liter. These log IAPCHN values are 
approaching the log IAPCHN observed for chernikovite precipitation in the 
presence of HA (—56; Fuller et al., 2001a), suggesting that chernikovite 
precipitation may have occurred, but was not detected in the samples re-
covered from the PRB. However, the IAPCHN calculated for dissolved U(VI) 
and [P] measured at this sampler (—58.7) 1 week prior to coring was much 
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lower than the log lAP for chernikovite precipitation, consistent with the 
conclusion from EXAFS data that U(VI) removal in the PRB occurred 
largely by surface complexation. 

V. CONCLUDING REMARKS 

Bone meal and bone charcoal were much more effective than phosphate 
rock for the removal of U(VI) from groundwater. Pelletized bone charcoal 
was chosen for the PRB demonstration because this material could be used 
directly without dilution to obtain the required permeability. U(VI) sorption 
by this material was intermediate to other materials tested. The release of 
phosphate from the apatite material may be detrimental to down gradient 
water quaUty if sorption by aquifer material does not sequester phosphate. 
U(VI) sorption by apatite was dominated by surface complexation at concen-
trations relevant to contaminated groundwaters. Because EXAFS measure-
ments of bone char pellets recovered from the Fry Canyon PRB indicated 
that U(VI) removal had occurred by surface complexation, U(VI) break-
through likely will occur when adsorption equilibrium is reached over the 
entire flow path through the PRB. As a result, an apatite-based PRB will 
require close monitoring and removal of the solid phase because of break-
through when adsorption equilibrium is attained. 
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Chapter 10 

Sulfate-Reducing Bacteria in 
the Zero Valent Iron 
Permeable Reactive Barrier at 
Fry Canyon, Utah 

Ryan C. Rowland 
U.S. Geological Survey, Salt Lake City, Utah 84119 

A zero valent iron (ZVI) permeable reactive barrier (PRB) was installed in 
a shallow, coUuvial aquifer contaminated with uranium in Fry Canyon, Utah, 
in September 1997. Aerobic and anaerobic iron corrosion reactions in the 
ZVI PRB have created a highly reducing, oxygen-depleted, and hydrogen 
gas-enriched geochemical environment in the PRB that is favorable for 
sulfate-reducing bacteria (SRB). Stable sulfur isotope, microbiologic, and 
geochemical evidence indicates that SRB are active in the ZVI PRB. The 
value of 8̂ Ŝ in sulfate increased from —3.6 to —1.4 ± 0.4 permil (%o) in 
water from deep wells along an assumed flow path and from 0.7 to 3.3 di 0.4 
%o in water from shallow wells along the same flow path. 8̂ Ŝ data for sulfate 
and sulfide in water from a well in the center of the PRB indicate that sulfate is 
enriched in b^^S 23.6 %o relative to sulfide. Stable sulfur isotope and sulfate 
concentration data indicate that Rayleigh-type distillation is occurring in the 
ZVI PRB with a resulting isotopic enrichment factor of —9.0 %o. Enumer-
ation of SRB in groundwater by using direct plate counts indicates that the 
population of SRB is two orders of magnitude larger in the ZVI PRB relative 
to an upgradient well. Inverse geochemical modeling coupled with ground-
water velocity measurements indicates that 32.6 cm^ of iron sulfide precipi-
tates in the first 0.15 m of the modeled flow path in the ZVI PRB each year, 
corresponding to 12% of its void space. Despite isotopic, microbiologic, and 
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geochemical evidence, sulfide phases were not detected on material cored 
from the ZVI PRB in May 1999. 

I. INTRODUCTION 

The geochemical environment in zero valent iron (ZVI) permeable reactive 
barriers (PRBs) is strongly reducing, oxygen depleted, alkaline, and enriched 
in hydrogen gas (Naftz et al., 2000; Puis et al, 1999; Sass et ai, 1998; Rear-
don, 1995). These conditions are a result of the following aerobic and anaer-
obic iron corrosion reactions (U.S. Environmental Protection Agency, 1998; 
Reardon, 1995): 

Fe^(s) + H20(i) + 1/2 02(aq) = Fe2+(aq) + 2 OH- (aq ) (I) 

Fe^(s) + 2 H20( i ) = Fe2+(aq) + H2(g) + 2 O H - ( a q ) . ( II) 

During aerobic iron corrosion (reaction I), one mole of ZVI is oxidized by 
dissolved oxygen (DO), producing 1 mol of ferrous iron (Fe^"^) and 2mol of 
hydroxide (OH"). In the absence of DO, 1 mol of ZVI reduces water (reaction 
II) forming 1 mol of Fe^~ ,̂ 1 mol of hydrogen gas (H2), and 2 mol of OH~. 
Both reactions are driven in part by the high standard oxidation potential 
(E^^) of the following iron oxidation half-cell reaction: 

Fe^ = Fe2+ + 2e - , (III) 

where E^^ of reaction III equals 440 mV (Sherman et al., 2000). In other 
words, ZVI is a strong reductant whose outer shell electrons will transfer 
readily to species susceptible to reduction, including many groundwater 
contaminants. ZVI has been shown to reduce redox-sensitive metal contam-
inants and radionuclides such as chromium (Cr^"^) (Puis et ai, 1999), and 
uranium (U^" )̂ (Gu et al, 1998), respectively, to less soluble forms. Several 
classes of organic contaminants, including many halogenated organic (Orth 
and Gillham, 1996; Sayles et aL, 1997; Eykholt and Davenport, 1998; Kiiler-
ich et aL, 2000) and nitroaromatic (Singh et al., 1999; Devlin et al, 1998) 
compounds, are reduced to less toxic or nontoxic forms by ZVI. 

The contaminant reduction reactions are believed to be surface mediated 
(Weber, 1996; Gu et al, 1998); therefore, the rate of contaminant removal 
and total mass of contaminant removed by ZVI PRBs strongly depends on 
the amount of reactive ZVI surface area in contact with contaminated 
groundwater (Sherman et al., 2000). It follows that the long-term perform-
ance of a ZVI PRB can be shortened by chemical reactions that reduce the 
reactive surface area. The alkaline conditions created in ZVI PRBs favor the 
precipitation of carbonate minerals such as aragonite (CaCOs) and siderite 
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(FeCOs), as shown in reactions IV and V, respectively (Vogan et al, 1998; 
McMahon et al, 1999; Naftz et al., 2000; see Chapter 15). 

Ca2+(aq) + HCO-3(aq) ^ CaC03(s ) + H+(aq) ( IV) 

Fe2+(aq) + HCO-3(aq) ^ FeC03(s ) + H+(aq) (V) 

In addition, iron corrosion by-products such as Fe(OH)2, akaganeite (p-
FeOOH), goethite (a-FeOOH), and green rust II [4 Fe(OH)2 • 2 FeOOH* 
FeS04 • 4H2O] are observed in ZVI PRB cores and/or laboratory columns 
of ZVI and may inhibit ZVI reactivity (Phillips et al, 2000; Puis et aL, 
1999; Gu et al, 1999). However, little is known about biogeochemical 
mechanisms that could reduce reactive surface area in ZVI PRBs. This 
could be a concern because the geochemical environment in ZVI PRBs is 
ideal for a class of bacteria known collectively as sulfate-reducing bacteria 
(SRB). 

SRB are heterotrophic, obligate anaerobic bacteria that favor strongly 
reducing conditions [< —200 mV, relative to the standard hydrogen reference 
electrode (SHE)] (Postgate, 1984). They have been detected in numerous 
aquatic environments, including deep (Jones et al., 1989; Olson et al., 1981) 
and shallow aquifers (Martino et al., 1998; Jakobsen et ai, 1999). In oxygen-
ated water, SRB will grow in anaerobic microniches or in complex bacterial 
consortia consisting of aerobic bacteria overlying anaerobic bacteria (Post-
gate, 1984; Chapelle, 1993). SRB use short-chained organic carbon, such as 
lactate or H2 as electron donors, and sulfate anions (S04^~) as electron 
acceptors in their metabolic pathway (Postgate, 1984). The overall reactions 
for respiration with lactic acid and H2, respectively, are 

2 CH3CHOHCOOH(aq) + S04'-(aq) ^ 

CH3COOH(aq) + H2S(g) + 2 HC03-(aq), and 

4 H2(g) + S04'-(aq) ^ S '̂̂ .q) + 4 H20(l). (VII) 

Reactions VI and VII are examples of dissimilatory sulfate reduction (DSR), 
where S04^~ is completely reduced to sulfide (S^~) by the bacteria, which is 
released back into the environment. This should not be confused with assimi-
latory sulfate reduction, where SRB reduce S04^" for use in proteins that are 
needed for various functions by the organisms. Regardless of the electron 
donor used in DSR, 1 mol of S^~ is generated for every mol of S04^~ that 
is reduced. The S^~ produced by SRB will react readily with metal cations 
such as Fe^" ,̂ cadmium (Cd^+), copper (Cu^+), nickel (Ni^^), lead (Pb^"^), and 
zinc (Zn^+) to produce sparingly soluble sulfide minerals, a process that has 
been used in PRBs made of organic matter to immobilize metal contaminants 
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in acid mine drainage (Benner et ai, 1999; see Chapter 17). Aerobic iron 
corrosion in ZVI PRBs creates the strongly reducing and oxygen-depleted 
environment required by SRB. Anaerobic iron corrosion provides a suitable 
electron donor for SRB, H2. If S04^~ and SRB are present in the aquifer 
containing the ZVI PRB, it is likely that a population of SRB will estabUsh 
itself in the PRB and begin DSR with the concomitant precipitation of iron 
sulfide (FeS): 

SRB 
Fe2+(aq) + S042-(aq)+4H2(g) -> FeS(s) + 4 H20(aq). (VIII) 

The FeS created in reaction VIII may form on the surface of ZVI particles in a 
ZVI PRB; therefore, this biogeochemical reaction could represent an add-
itional mechanism for the loss of reactive surface area and porosity in ZVI 
PRBs. 

The biogeochemical mechanism shown in reaction VIII is receiving more 
attention in the PRB community because mineralogic and microbiologic data 
from several pilot and field-scale ZVI PRBs indicate the presence and activity 
of SRB. For example, Phillips et al. (2000) found iron sulfides as coatings and 
infilings on ZVI material from a PRB in the uranium plume at the Y-12 site in 
Oak Ridge, Tennessee. Analysis of phospholipid fatty acids on ZVI core 
samples revealed that SRB were present in the ZVI PRB and were probably 
responsible for formation of the sulfides. FeS was found on ZVI filings from a 
funnel-and-gate PRB at Moffett Airfield in Mountain View, California, and 
was attributed to enhanced anaerobic microbial activity in the PRB (Sass 
et al, 1998). Liang et al. (1997) detected iron sulfides on Fe filings deployed in 
canisters used to treat groundwater contaminated with trichloroethylene in 
Piketon, Ohio. Gu et al (1999) showed that SRB will colonize ZVI filings and 
actively reduce S04^~ in laboratory columns. Solid-phase analysis at the end 
of the experiment showed that FeS had formed on the ZVI filings, and most 
probable number enumeration of SRB documented elevated populations in 
the ZVI filings. 

In February 1999, SRB were detected in water samples from the ZVI PRB 
in Fry Canyon, Utah. The ZVI PRB is part of a demonstration project carried 
out by the U.S. Geological Survey (USGS), Water Resources Division, with 
funding from the U.S. Environmental Protection Agency, Office of Air and 
Radiation (Naftz et al, 2000). The purpose of the demonstration project is to 
compare the U removal efficiencies of three PRB materials installed in a 
shallow (< 6 m) colluvial aquifer. To assess the presence, activity, and poten-
tial impacts of SRB in the ZVI PRB, a four-step study was undertaken. The 
objective of this chapter is to present the results of this study and to discuss 
their implications for the long-term performance of the ZVI PRB in Fry 
Canyon. 
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IL SITE DESCRIPTION 

The Fry Canyon demonstration site is located in southeastern Utah at an 
abandoned uranium upgrader faciHty (Fig. 1). About 36,000 metric tons of 
uranium taihngs containing 0.02% U2O3 were left at the site after upgrader 
operations ceased in 1960 (see Chapter 14). Chemical weathering of the 
tailings followed by infiltration have resulted in elevated U concentrations 
in the shallow colluvial aquifer beneath the site. Pre-PRB installation moni-
toring done in 1996 and early 1997 showed dissolved U concentrations to be 
between 110 and 16,300 |ULg/liter in wells completed in the tailings area; 
dissolved U concentrations ranged between 60 and 80|xg/hter in a well 
upgradient of the tailings area. Groundwater quality data collected from 
well FC-3 (Fig. 1) during this same monitoring phase showed that the aquifer 
is rich in calcium (Ca^"^) and S04^~ (Fig. 2), oxidizing [average Eh = 349 mV 
(SHE)], near neutral pH, and aerobic (average DO = Img/liter). Select 
groundwater and surface water quality data collected during the duration 
of the demonstration project can be found in Wilkowske et al. (2001). Aquifer 
properties such as hydraulic conductivity, transmissivity, and porosity can be 
found in Chapter 14. 

The PRB was installed adjacent to Fry Creek, an ephemeral stream on the 
north end of the tailings area (Fig. 1). A funnel-and-gate PRB design was used 
for the demonstration project. This design consists of three permeable gates, 
each filled with a different PRB material, impermeable walls between the 
permeable gates, and impermeable wing walls at each end of the structure 
to channel groundwater through the permeable gates. ZVI was placed in the 
center gate, and for simplicity the center gate will be referred to as the ZVI 
PRB in the remainder of this report. The other two PRB materials are 
amorphous ferric oxyhydyroxide (AFO) and bone charcoal phosphate 
(PO4) (see Chapter 9). The funnel-and-gate PRB was keyed into the Per-
mian-age Cedar Mesa Sandstone underlying the colluvial aquifer. A 0.46-m-
wide pea gravel layer was placed on the upgradient side of the PRB to 
facilitate uniform flow of U-contaminated groundwater through the gates 
(Fig. 3). The ZVI PRB is 2.1 m wide by 0.91 m long by 1.1 m deep. The ZVI 
PRB contains an array of 0.5-cm-diameter polyvinyl chloride (PVC) moni-
toring wells screened at deep (0 to 0.15 m above the Cedar Mesa Sandstone) 
and shallow (0.41 to 0.56 m above the Cedar Mesa Sandstone) depths. Two 
5-cm-diameter PVC monitoring wells were placed in the center of each gate 
and screened from 0.1 to 1.52 m above the Cedar Mesa Sandstone. Two 5-cm-
diameter PVC wells, screened from 0.1 to 1.52 m above the Cedar Mesa 
Sandstone, were installed in the gravel pack in front of the ZVI PRB and 
about 1.5 m downgradient of the ZVI PRB. 



Figure 1 Location and sketch map of the Fry Canyon demonstration site in Fry Canyon, Utah. 
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Figure 2 Stiff diagrams showing the relative amounts of major ions in water from well FC-3 
during the prepermeable reactive barrier installation monitoring phase at Fry Canyon, Utah. 

h 0.61 
meters 

0.91 
meters 

0.61 J 
meters H 

0.91 
meters 

Zero-Valent Iron Penneable Reactive Barrier 
^ ZVfRl-8 
• ZVIR1S--7 

• ZVIR1^6 

^ ZVIRl-5 
• ZVIRlS-4 

Bj ZVIRl-3 

# ZVJRl-2 
ZVIRlS-l 

• ZVITl 

Jjk General direction 
1 of groundwater 
1 now 

n ZVIFSI 

n ZVIT3 

Pea Gravel 

^ ZVIR2-8 
• ZVIR2S-7 

B ZVIR2-6 

^ ZVIR2-5 
• ZVIR2S-4 

• ZVIR2-3 

0 ZVIR2-2 
ZV1R2S-1 j 

• ZVIT2 
0.46 
meters 

i 

E X P L A N A T I O N 

I I 5-centimeter-diameter moni tor ing well 

0 Nested 0.5-centimeter-diameter monitoring wells, two sampling depths 

H 0.5-centimeter-diameter moni tor ing well 

Figure 3 Schematic diagram showing monitoring well location and designation in the ZVI 
permeable reactive barrier. Fry Canyon, Utah. The drawing is not to scale. 



288 Ryan C. Rowland 

The ZVI used in the ZVI PRB was in the form of porous, well-rounded 
pellets with diameters ranging from 0.3 to 2.0 mm. The hydraulic conductivity 
of the ZVI was about 10 times that of the native aquifer at the time of 
installation (see Chapter 14). Groundwater velocity and direction were meas-
ured periodically in the ZVI PRB with a heat-pulse flow meter. Groundwater 
velocities ranged from less than 1 m/day to greater than 5 m/day, and flow 
directions were north to northwest (see Chapter 14). Bromide (Br~) tracer 
tests conducted in April 1999 yielded an average groundwater velocity of 
0.7 m/day in the ZVI PRB (see Chapter 14). 

III. METHODOLOGY 

A four-step study was undertaken to assess the presence, activity, and 
impacts of SRB in the ZVI PRB. This section describes each step. The use 
of trade, product, industry, or firm names is for descriptive purposes only and 
does not imply endorsement by the U.S. Government. 

A. STABLE SULFUR ISOTOPES 

Water samples for S04^~ sulfur isotopic analysis were collected in June 
2000 from select wells in and near the ZVI PRB. One liter of water was purged 
from the 0.5-cm-diameter monitoring wells in the ZVI PRB, 3.8 liters was 
purged from the 5-cm-diameter monitoring wells in the ZVI PRB and the 
adjacent gravel pack, and 10 Hters was purged from the 5-cm-diameter wells 
located outside the ZVI PRB and adjacent gravel pack. Limited volumes 
of water were purged from wells in the ZVI PRB and the adjacent gravel 
pack because of their close proximity to one another. One liter of unfiltered 
water was collected in field-rinsed polyethylene bottles after each well was 
purged. Samples were acidified to about pH 3 with ultrapure hydrochloric 
acid (HCl). After acidification, samples were bubbled vigorously with ultra-
pure nitrogen gas (N2) for 40 min to strip hydrogen sulfide gas (H2S). One Ŝ ~ 
sulfur isotope sample was collected from well ZVIFSl in a silver nitrate 
(AgNOs) trap according to the protocol of Carmody et al. (1997). Silver 
sulfide (Ag2S) formed in the trap was separated from the residual AgNOs 
solution in a centrifuge and rinsed with deionized water. The stable sulfur 
isotope samples were analyzed by the USGS stable isotope laboratory in 
Reston, Virginia. 
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Relative amounts of the heavy stable sulfur isotope, ^^S, and Ught stable 
sulfur isotope, ^^S, in S04^" and S^~ are expressed as the difference between 
the measured ratios of ^̂ S to ^^S in the sample and in the Canyon Diablo 
TroiHte (CDT) or the Vienna Canyon Diablo Troihte (VCDT) standards. 
This difference is reported as 8 values in permil units (%o) and is computed as 

8^4s(0/oo) = ^sample - R s t d ^ ^^^^^ ^^^ 

Rstd 

where î sampie = "̂̂ S/̂ ^S in the sample and î std = "̂̂ S/̂ ^S in the standard. 
Reactions involving S04^" or S^" often cause changes in h^^S in these species, 
a process called isotopic fractionation. SRB preferentially reduce isotopically 
Hght S04^"(^^S04^~), resulting in the enrichment of ^^S in residual S04^" and 
^̂ S in the S^" produced during the reaction (Nakai and Jensen, 1964; Faure, 
1986; Clark and Fritz, 1997). Laboratory investigations at near-surface tem-
peratures (10-30 °C) have shown that SRB can produce enrichments of ^ '̂̂ S 
in S04^~ relative to S^" of 10 to 46 %o, with an average enrichment of 25 %o 
(Kaplan and Rittenberg, 1964; Kemp and Thode, 1968; Nakai and Jensen, 
1964; Clark and Fritz, 1997; Canfield, 2001). Chemical or abiotic reduction of 
sulfate at temperatures ranging from 18 to 50 °C is possible thermodynam-
ically and yields an average enrichment of 8^̂ S in sulfate relative to S^~ of 
22 %o (Harrison and Thode, 1957); however, the kinetics of abiotic sulfate 
reduction at near-surface temperatures are extremely slow (Machel et al, 
1995). There is no direct evidence for abiotic reduction of S04^~ at near-
surface temperatures by ZVI (Gu et al, 1999); therefore, this process should 
be negligible in ZVI PRBs. 

Several investigators have used stable sulfur isotope signals to verify or 
reject DSR in groundwater systems (Dockins et al, 1980; Strebel et al., 1990; 
Robertson and Schiff, 1994). Stable sulfur isotope signals, such as increasing 
b^^S in S04^~ along a flow path and/or an enrichment of 8^̂ S in S04^~ 
relative to S^~ on the order of 25 %o, can be used to verify the presence of 
DSR in a ZVI PRB. 

B. MICROBIOLOGICAL ASSESSMENT 

Biological activity reaction test kits (BARTs) manufactured by HACH 
were inoculated with water from wells in and near the ZVI PRB concurrent 
with the stable sulfur isotope sampling in June 2000. A BART consists of a 
sterile sample bottle containing a buoyant media ball that has a diameter 
slightly smaller than the inside diameter of the sample bottle. The theory 
behind its operation is that aerobic bacteria present in a water sample will 
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consume any DO and form a biological film at the air-water interface 
between the media ball and the sample container. The film effectively termin-
ates the diffusion of atmospheric oxygen trapped in the headspace of the 
sample container, allowing DSR to proceed (if SRB are present in the sample) 
(CuUimore, 1993). The BART samples were incubated in the dark at room 
temperature and observed daily for the presence of black precipitates (iron 
sulfides). If black precipitates were visible at the end of the incubation period 
in a sample, it was scored as positive for the presence of SRB. To avoid cross-
contamination, pump tubing was sterilized with isopropyl alcohol and rinsed 
with deionized water between sample sites. 

Direct plate counts were completed on unfiltered groundwater samples 
collected from a well in the ZVIPRB and an upgradient well in January 2001. 
Groundwater samples for plate count enumeration were collected in sterilized 
polyethylene culture tubes after the appropriate volume of water was purged 
from each well (see Section III,A). Pump tubing was sterilized between 
sample sites as described earlier. The sample bottles were filled completely 
to minimize oxygenated headspace and packed on ice. Postgate's medium E 
(Postgate, 1984), adjusted to pH 8.6, was used to grow the bacteria. Plates 
were incubated in the dark under anaerobic conditions at room temperature 
for 14 days. At the end of the incubation period, the black colonies were 
counted. The samples were processed at the Center for Bioremediation at 
Weber State University in Ogden, Utah. 

C . MiNERALOGIC INVESTIGATION 

Cores collected from the ZVI PRB in May 1999 were analyzed for the 
presence of sulfide phases by X-ray diff'raction (XRD) and scanning electron 
microscopy with energy dispersive X-ray analytical capability (SEM-EDX). 
The cores were collected with a Geoprobe fitted with a hydraulic impact 
hammer. Samples were collected in plastic sleeves that lined the core barrel. 
Immediately after coring, ZVI samples were bottled and sealed under an 
argon atmosphere and stored at 4 °C. Two methods were used to prepare 
the ZVI samples for XRD analysis: (1) alcohol glass sHde smears of finely 
ground ZVI pellets and (2) alcohol glass slide smears of finely ground surface 
precipitates that were shaken from the ZVI pellets in a sonicating bath. Both 
sample types were ground in an acetone solution to minimize oxidation. 
Samples for XRD analysis were analyzed within minutes of air drying. 
Whole ZVI pellets were selected randomly for SEM-EDX analysis. Samples 
were air dried, attached to sample studs with carbon tape, and analyzed 
within minutes of drying. 
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D . GEOCHEMICAL M O D E L I N G 

Mass balance geochemical modeling with NETPATH (Plummer et aL, 
1994) was combined with results from Br~ tracer tests conducted in April 
1999 to help quantify the rate of sulfide mineral precipitation in the ZVIPRB. 
NETPATH is an inverse geochemical computer modeling program; it com-
putes the masses of plausible minerals and/or gases that must enter or exit a 
solution between an arbitrarily chosen start point and end point in a flow path 
to account for the observed changes in water quality between the two points 
(Plummer et aL, 1983, 1994; Plummer and Back, 1980). Assumptions inherit 
in mass balance modeling are (1) the change in water composition between 
arbitrary starting and end points in a groundwater system can be attributed 
only to effects of reactions and (2) the chemical composition of the water 
remains constant with time at a given point in the flow path, i.e., steady-state 
conditions prevail in the system (Plummer et aL, 1994). The net chemical 
reaction for NETPATH modehng is 

initial solution + "reactant phases" -^ 
(lyv) 

final solution + "product phases, " 

where "reactant phases" and "product phases" are the minerals and/or gases 
consumed and produced, respectively, in the reaction and initial solution and 
final solution are the chemical composition of water at the start point and end 
point, respectively, along the flow path. Inputs to NETPATH include chem-
ical analyses of water from two points along a flow path; plausible phases 
that enter or exit the water between two points along the flow path, i.e., 
the "reactant" and "product" phases in reaction IX; and the minimum 
number of chemical constraints (elements) necessary to define the plausible 
phases. 

Water quality data used in the NETPATH model were collected in June 
2000 in conjunction with the stable sulfur isotope samples. A Hydrolab Mini-
Sonde Water Quality Multiprobe fitted with a gas tight flow-through cham-
ber was used to measure temperature, pH, DO, and Eh. Eh values are relative 
to the SHE. Field alkalinity values were determined in filtered samples with a 
HACH digital titrator containing a 1.6 TV sulfuric acid cartridge. Samples 
were filterd with 0.45 — |xm pore size filters. Fe^+ and soluble sulfide 
(HS" + S^~) were measured in unfiltered samples with a Chemetrics brand 
spectrophotometer. Water samples for anion analysis were filtered in the field 
and collected in 125-ml field-rinsed polyethylene bottles. Water samples for 
cation analysis were also filtered on site and collected in 125-ml acid-rinsed 
bottles. After collection, cation samples were preserved with 1 ml of ultrapure 
concentrated nitric acid. One duplicate and one process blank sample were 
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also collected and analyzed for quality assurance of data. The concentration 
of major anions in each groundwater sample was measured by ion chroma-
tography. Major cations were measured by inductively coupled plasma op-
tical emission spectrometry. Water analyses were conducted at the USGS 
Research Laboratories in Menlo Park, California. 

IV. RESULTS 

A. STABLE SULFUR ISOTOPE EVIDENCE FOR DISSIMILATORY 

SULFATE REDUCTION 

Stable sulfur isotope samples were collected from seven wells in the ZVI 
PRB (ZVIRlS-1, ZVIRl-2, ZVIRlS-4, ZVIRl-5, ZVIRlS-7, ZVIRl-8, and 
ZVIFSl), one upgradient well (FC-3), and one downgradient well (DG-2a) 
(Figs. 1 and 3). S04^~ concentrations are plotted against the 8̂ Ŝ in 
S04^-(8^'^S-S04^-) in Fig. 4. 8^^^8-804^- increases from -3.6 to -1.4 %o in 
water from the deep wells along an assumed flow path in the PRB (i.e., wells 
ZVIRl-2, ZVIRl-5, and ZVIRl-8) and from 0.7 to 3.3 %o in water from 
the shallow wells along the same flow path (i.e., ZVIR18-1, ZVIR18-4, 

mi 

10 

8 

6 

4 

2 , 

0 , 

-2-

- 4 ^ 

- 6 

ZVIFSI 

FC-3 
ZVIRlS-7 

ZVIRlS-4 DG-2a 

^ ZVIRlS-1 

ZVIRl-5 i 

^ ZVIRl-8 

JZVIRl-2 

200 400 600 800 1,000 1,200 1,400 
DISSOLVED SULFATE, IN MILLIGRAMS PER LITER 

Figure 4 Relation between 8 '̂̂ S-S04^~ (relative to the Vienna Canyon Diablo Troilite standard) 
and S04^" concentrations for water from wells in and near the zero valent iron permeable reactive 
barrier, Fry Canyon, Utah. 
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and ZVIRlS-7). Water from well ZVIFSl, located in the center of the ZVI 
PRB, had the lowest S04^~ concentration (220 mg/hter) and the highest 
8^'^S-S04^" value (8.4 %o). Water from well FC3, upgradient of the gravel 
pack, had the highest S04^~ concentration (1460mg/liter) and a relatively 
heavy 8^'^S-S04^" value (4.5 %o). Water from the downgradient well, DG-2a, 
had a 8 '̂̂ S-S04^~ value of 1.1 %o and a S04^~ concentration of 620 mg/liter. 
The b^'^S in S^'ib^'^S-S^-) in water from well ZVIFSl was -15.2 %o. 

Overall, water from wells in the ZVI PRB shows a strong trend for 
increasing 8^^S-S04^~ with decreasing S04^~ concentration, indicating that 
DSR is occurring. In addition, 8^^S-S04^~ was enriched 23.6 %o relative to 
8^^S-S^~ in well ZVIFSl. This value is very close to the average fractionation 
measured in the laboratory studies of DSR discussed in Section III, A. The 
value also compares well with the results of Dockins et al. (1980), which 
measured an average enrichment of b^'^S in S04^~ relative to S^~ of 32.3 %o 
in Montana groundwaters undergoing DSR. 

The values for 8^^S-S04^~ and S04^~ concentration data from water in 
wells in and downgradient of the ZVI PRB closely follow a Rayleigh-type 
distillation process. Rayleigh-type distillation applies in systems in which the 
isotopic composition of the product is controlled by equilibrium or kinetic 
isotope reactions but is removed instantaneously after its formation (Fritz 
and Fontes, 1980). Rayleigh distillation can be described as 

8R = 8i + sln/ , (2) 

where 8R and 8i are the residual and initial 8^^S-S04^~ values, £ is the isotopic 
enrichment factor, and/is the fraction of initial S04^~ remaining. A plot of In 
/ v s 8 '̂̂ S-S04^~ is shown in Fig. 5 and includes data from all wells in the ZVI 
PRB and the downgradient well, DG-2a. The S04^~ concentration in water 
from well ZVITl was used as the initial S04^~ concentration to compute In/. 
The linearity of the plot (R^ = 0.92) indicates Rayleigh distillation is occur-
ring in and downgradient of the ZVI PRB. The slope of the best-fit regression 
line gives 8 = —9.0 %o. This value compares well to the results of Strebel et al. 
(1990) and Robertson and Schiff (1994), who computed s values of —9.7 and 
— 15.5 %o, respectively, in studies of two different shallow aquifers subject to 
DSR. 

The presence of Rayleigh-type distillation with an s value documented in 
other studies of DSR is strong evidence that DSR is the major mechanism for 
S04^~ declines in the ZVI PRB. Formation of green rust II would probably 
result in a small depletion of 8̂ ^S in residual S04^~ (i.e., < 2.0 %o), as is 
observed during the formation of gypsum (CaS04 • 2H2O) (Thode and 
Monster, 1965). If the formation of green rust II were a significant sink for 
S04^~ in the ZVI PRB, s would be much less negative. Also of significance is 
the location of data from water in well DG-2a on the Rayleigh plot, which 
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Figure 5 Rayleigh plot of 8 '̂̂ S-S04^~ (relative to the Vienna Canyon Diablo Troilite standard) 
and S04^~ data collected from wells in and downgradient of the zero valent iron permeable 
reactive barrier, Fry Canyon, Utah. 

indicates that a zone of sulfate reduction has developed downgradient of the 
PRB. This may be a result of migration of anaerobic and hydrogen gas-
enriched water from the ZVI PRB to well DG-2a. 

B. MICROBIOLOGICAL EVIDENCE FOR THE PRESENCE OF SULFATE 

REDUCING BACTERIA 

BART kits were inoculated with water from wells FC3, ZVIRl-2, ZVITl, 
ZVIRlS-1, ZVIRl-2, ZVIRlS-4, ZVIRl-5, ZVIRlS-7, ZVIRl-8, ZVIFSl, 
and DG-2a. Results indicate that SRB were present in unfiltered water from 
all wells sampled; however, SRB were not present in filtered water from well 
ZVIRl-5, confirming that SRB must be present in order for iron sulfides to 
form in inoculated BART kits. The presence of SRB in water from the 
upgradient well, FC-3, was not surprising, as it is hypothesized that SRB in 
the native aquifer were transported via groundwater flow into the ZVI PRB. 

The direct plate counts completed in January 2001 indicate that the con-
centration of SRB is two orders of magnitude higher in water from the ZVI 
PRB relative to water from an upgradient well. The average concentration of 
SRB was 10 cfu/ml (n = 3, SD = 2) in water from well FC-3 and 1483 cfu/ml 
(n = 3, SD = 275) in water from well ZVIFSl. The combined results of 
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BART and direct plate counts show that a population of SRB has established 
itselfintheZVIPRB. 

C. MiNERALOGIC D A T A 

Core samples collected from the ZVIPRB in May 1999 were analyzed with 
XRD and SEM-EDX to investigate the mineralogy of the PRB. The exact 
PRB intervals cored by the Geoprobe were difficult to determine due to 
uncertainty regarding the distance of the Geoprobe from the PRB and the 
angle of penetration. Therefore, no attempt is made to give the exact position 
of the samples in the ZVI PRB. However, all samples were collected from the 
saturated zone in the ZVI PRB and were probably within 0.6 m of the gravel 
pack-ZVI interface. XRD analysis of the finely ground ZVI pellets revealed 
only two phases: ZVI and plustite (FeO) (Fig. 6). These were the only two 
phases identified in an unreacted ZVI pellet by XRD. It is likely that the large 
amount of these phases relative to precipitates that formed on the surface of 
PRB samples overwhelmed the XRD patterns of the whole, crushed ZVI 
pellets. Somewhat better resolution of surface precipitates was achieved with 
the sonicated samples. In addition to ZVI and FeO, XRD analysis of soni-
cated samples revealed the presence of p-FeOOH and aragonite (CaCOs) 
(Fig. 6). SEM-EDX analysis indicated the presence of FeCOa. The elemental 
weight percentages in the iron carbonate phase determined by EDX spectra 
compare well with pure FeCOs (Table I). Large surface area bulk scans of 
ZVI pellets revealed the presence of sulfur. However, sulfur phases could not 
be identified directly with SEM-EDX analysis. 

Table I 
Elemental Weight Percentages, Determined with Energy-Dispersive X-Ray Analysis, in 

a Phase on the Surface of a ZVI Pellet from the PRB in Fry Canyon, Utah"* 

Element 

C 

O 

Mg 

Si 

S 

Fe 

Total 

Weight percentage 
in phase on ZVI sample 

14.95 

40.33 

2.18 

1.8 

0.64 

40.1 

100.0 

Weight percentage 
in pure FeCOs 

10.4 

41.4 

0.0 

0.0 

0.0 

48.2 

100.0 

Weight percentages of each element in pure FeCOs are shown for comparison. 
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Figure 6 X-ray diffraction patterns of select samples from the zero valent iron permeable 
reactive barrier in Fry Canyon, Utah. Phases such as goethite and aragonite are discernible in 
sonicated samples (A and B); ZVI and FeO dominated XRD patterns from unsonicated, whole 
samples of ZVI (C). 

In light of isotopic and microbiological evidence, it is very likely that 
sulfide phases are forming in the ZVI PRB. There are several reasons why 
XRD and SEM-EDX analyses did not find sulfide phases. First, the volume 
of ZVI cored from the PRB and subsequently analyzed was very small 
compared to the total volume of the PRB. It is possible that sulfate reduction 
is not distributed uniformly throughout the PRB and that the cores missed 
the zones of sulfate reduction. Second, sulfide phases formed as a result of 
DSR may be in the form of amorphous FeS (Neal et aL, 2001) and would be 
invisible to XRD and difficult to discern with SEM-EDX. Third, the core 
samples may have been exposed to oxygen and rapid oxidation of iron sulfide 
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phases would have occurred (Simpson et al., 2000). Fourth, sulfides could be 
precipitating as colloidal-sized particles and transported out of the PRB. It is 
recommended that a wet chemical analysis for sulfides be included in any 
mineralogical study of ZVI PRB core material. 

E. GEOCHEMISTRY AND GEOCHEMICAL MODELING 

Chemical analysis of water from wells along an assumed flow path 
(ZVITl -^ ZVIRl-2 ^ ZVIRl-5 -^ ZVIRl-8 ^ DG2a) shows large de-
creases in the concentrations of DO, alkalinity, Ca^" ,̂ Mg^+, and S04^~ 
and large increases in the concentration of Fe^+ and pH between wells 
ZVITl and ZVIRl-2 (Fig. 7). DO concentrations in the ZVI PRB were 
below the detection limit of O.lOmg/liter. The changes in these parameters 
are consistent with anaerobic and aerobic iron corrosion, carbonate mineral 
precipitation, and DSR in the ZVI PRB. 

The trend in alkalinity and Ca^+ appears to reverse as groundwater travels 
between wells ZVIRl-5 and ZVIRl-8. This may indicate an incorrect flow 
path assumption between these wells. The concentrations of Ca^+, Mg^+, 
alkalinity, and S04^~ decUne between the ZVI PRB and well DG-2a. The 
decline in the cation concentrations is attributed to continued carbonate 
mineral precipitation, and the decline in S04^~ is attributed to DSR. Field 
measurements of soluble sulfide concentrations along the flow path were 
below detection limit (0.06mg/liter) in all wells except DG-2a, where 
0.15mg/liter was measured. The absence of soluble sulfide in wells along 
the flow path in the ZVI PRB can be explained by the rapid formation of iron 
sulfide phases, such as troilite (FeS). The concentration of soluble sulfide was 
greater than Img/liter in well ZVIFSl, which is not on the assumed flow 
path. Water from this well had a relatively small amount of Fe^+ 
(0.90 |xg/liter), which may limit the formation of iron sulfide phases. Charge 
balance errors computed with chemical data were less than 5%, and duplicate 
and process blank samples verified the quaUty of chemical data. 

To better understand chemical data collected along the assumed flow path, 
a mass balance geochemical model was constructed with NETPATH (Plum-
mer et al., 1994). The reactions hypothesized to account for the changes in 
water quality along each increment of the flow path are based on reactions II, 
IV, and VII (see Section I). The plausible phases used in NETPATH were 
CaCOs, FeCOs, magnesite (MgCOs), ZVI, Fe(OH)2, and FeS. MgCOs was 
included as a plausible phase to quantify the mass of Mg "̂̂  that coprecipitates 
during the formation of aragonite. Fe(OH)2 was included as a sink for Fê "*". 
The constraints were carbon (C), S, Fe, Ca, Mg, and redox state (RS). RS 
provides a means to account for electron transfer and must be included as a 
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Figure 7 Results of chemical analyses for select parameters along an assumed hydrologic flow 
path in and near the zero valent iron permeable reactive barrier, Fry Canyon, Utah. 

constraint for any oxidation-reduction reaction. The conventions defining 
RS can be found in Plummer and Back (1980) and Plummer et al. (1994). 

A complexity to the model arises because the measured decrease in inor-
ganic C (computed from the alkalinity concentrations) among the flow path 
segments ZVITl to ZVIRl-2, ZVIRl-2 to ZVIRl-5, and ZVIRl-8 to DG-2a 
cannot precipitate out the measured loss of Câ "̂  and Mĝ "̂  (as carbonate 
phases) in these segments. To provide an additional sink for Ca^^ and Mĝ "̂  
in the model, the minerals portlandite [Ca(OH)2] and brucite [Mg(OH)2] were 
included as plausible phases. In reality, the formation of these two phases in 
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the ZVI PRB is unlikely. They are included in the model to achieve mass 
balance. Additional mineralogic work is needed to identify the apparent 
noncarbonate Câ "̂  and Mg^+ sinks in the ZVI PRB. 

The model indicates that most of the mass transfer occurs between wells 
ZVITl and ZVIRl-2 and is probably confined to the first 0.15 m of the ZVI 
PRB (Fig. 8). A total of 4.18mmol of Ca^^ and Mg^^ carbonates and 
6.58 mmol of FeS precipitated in this flow path increment. The model indicates 
that a significant amount of Ca(OH)2 (3.90 mmol) precipitates to balance the 
observed decrease in Câ "̂  concentration. According to the model, 26.4 mmol 
of ZVI is required to corrode under anaerobic conditions to produce enough 
H2 to sustain the level of S04^~ reduction implied by chemical data. 

The level of mineral precipitation drops off substantially in the succeeding 
flow path increments. A total of 2.78 mmol of Ca^^ and Mg^+ carbonate and 
1.67 mmol of FeS precipitate along the remainder of the flow path. The mass 
of H2 required for S04^~ reduction in the remainder of the flow path is only 

ZVITltoZVIRl-2 

ZVIRl-2toZVIRl-5 

ZVIRl-5toZVIRl-8 

ZVIRl-8toDG-2a 

Figure 8 Results of NETPATH modeling along an assumed hydrologic flow path in and near 
the zero valent iron permeable reactive barrier, Fry Canyon, Utah. A positive value indicates 
dissolution of a solid phase, and a negative value indicates precipitation of a solid phase. 
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25% of that required between wells ZVITl and ZVIRl-2. In addition, the 
model shows that a small amount of Ca(OH)2 (0.77 mmol) precipitates 
between wells ZVIRl-2 and ZVIRl-5 and that a small amount of Mg(OH)2 
(2.63 mmol) precipitates between wells ZVIRl-5 to DG-2a to balance the 
observed loss of Câ "̂  and Mg^+ with the loss of inorganic C. 

The model is supported by thermodynamic calculations, mineralogic data, 
and stable sulfur isotope data. The thermodynamic speciation program 
WATEQ4F (Ball and Nordstrom, 1991) was used to compute the saturation 
index (SI) of minerals contained in its thermodynamic database. The SI is 
quantified as 

SI - log ,o(e / i i :eq) , (3) 

where Q is the ion activity product and Âeq is the equilibrium constant for the 
mineral dissolution reaction of interest. For a given mineral, a positive SI 
indicates that it is supersaturated in the solution (it should precipitate from 
solution), a negative SI indicates that it is undersaturated in the solution (it 
should dissolve into solution), and a SI at or near zero indicates that it is in 
equilibrium with the solution (it should not dissolve or precipitate in solu-
tion). Sis for select minerals are shown in Table II. Water from each well in 
the ZVI PRB was supersaturated with respect to aragonite. XRD and SEM-
EDX analyses confirmed the presence of aragonite on ZVI particles. The SI of 
FeS could not be calculated in wells finished upgradient and in the ZVI PRB 
because field measurements for soluble sulfide were below the detection limit. 
However, the lack of soluble sulfide concentrations greater than the detection 
limit does not rule out DSR and formation of FeS. The abundant Fe^+ in the 
ZVI PRB and the low solubilities of iron sulfide phases could rapidly remove 

Table II 

Summary of Select Saturation Indices for Water from Wells along an Assumed Flow 
Path in and near the ZVI PRB in Fry Canyon, Utah"* 

Well 

ZVITl 

ZVIRl-2 

ZVIRl-5 

ZVIRl-8 

DG-2a 

Saturation index 
for aragonite 

0.285 

0.645 

0.546 

0.845 

-0.104 

Saturation index 
for gypsum 

-0.228 

-0.828 

-0.978 

-0.898 

-1.029 

Saturation index 
for FeS 

— 

— 
— 
— 

0.626 

''Saturation indices were computed with WATEQ4F. The concentration of sulfide was below the 
detection limit in water from wells ZVITl, ZVIRl-2, ZVIRl-5, and ZVIRl-8; therefore, 
saturation indices for FeS are not given for those wells. 
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soluble sulfide via precipitation reactions. Soluble sulfide and a small amount 
of Fe^+ were detected in water from well DG-2a, resulting in a large positive SI 
for FeS. Sulfide mineral formation along the modeled flow path is strongly 
supported by the Rayleigh-type distillation removal of S04^~ and the enrich-
ment of "̂̂ S in S04^~ relative to S^~ in well ZVIFSl. The absence of an 
additional sulfur sink along the modeled flow path is supported by the rela-
tively large negative SI values for gypsum (CaS04 • 2H2O) (Table II). More 
mineralogic work is needed to identify the presence of noncarbonate Ca^+ and 
Mg2+ sinks in the ZVI PRB. H2 should also be measured in the ZVI PRB to 
confirm or reject the mechanism of DSR used in the NETPATH model. 

V. CONCLUSIONS 

The anaerobic, highly reducing, and H2-enriched geochemical environ-
ment in the ZVI PRB in Fry Canyon, Utah, is sustaining an active population 
of SRB. The stable sulfur isotope and S04^" data from wells in the ZVI PRB 
and a downgradient well show that sulfur is removed by DSR through a 
RayUegh-type distillation process. The enrichment factor computed from the 
Rayleigh plot (s = -9 .0 %o) is close to values measured in other field investi-
gations of DSR in groundwater systems. The enrichment of 8^̂ S in S04^~ 
relative to S^~ of 23.6 %o in water from well ZVIFSl is close to values that 
have been measured in independent laboratory and field investigations of 
DSR. Furthermore, thermodynamic speciation calculations and stable sulfur 
isotope data indicate that sulfide precipitation is the only sink for sulfur in the 
PRB. The distribution of S04^~ concentrations indicates that most of the 
sulfide precipitation is occurring in the first 0.15 m of the PRB. 

S04^~ concentrations in water from wells ZVIT1 and ZVIR1 -2 in June 2000 
can be used in conjunction with Br~ tracer tests done in April 1999 to estimate 
the loss of porosity in the first 0.15 m of the ZVI PRB due only to DSR. Br" 
tracer tests indicate that the average groundwater velocity is 0.7 m/day in the 
ZVI PRB (see Chapter 14). Assuming a flow path width of 1.07 m, a depth of 
1.10m, and an effective porosity of 0.55, 0.450 m^/day of water enters the 
ZVI PRB. Computing with the density of troilite (FeS, 4.61g/cm^), 56.8 cm^ 
of FeS precipitates per day in the first 0.15 m of the ZVI PRB. The volume of 
void space in the first 0.15 m of the flow path in the ZVI PRB is 97, 103 cm^ 
(assuming flow path dimensions of 1.07 m wide by 1.1 m deep by 0.15 m long, 
and an effective porosity of 0.55). Each year, the production of FeS via DSR 
consumes about 21% of the void space in the first 0.15 m of the ZVI PRB. A 
correspondingly large amount of reactive surface is probably consumed by 
sulfide production. S04^~ concentration data in water from wells ZVITl and 
ZVIR 1-2 collected between December 1998 and June 2000 indicate that an 
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average of 12% of the porosity in the first 0.15 m of the ZVIPRB is consumed 
each year via DSR. These estimates assume steady-state conditions with 
respect to groundwater velocity, saturated thickness, water chemistry, and 
DSR. The estimates also assume that the gravel pack upgradient of the ZVI 
PRB and the ZVI PRB are homogeneous with respect to hydraulic properties 
and water quality. 

The presence and activity of SRB in the ZVI PRB are probably beneficial 
on short time scales because the S^~ they produce can react with contamin-
ants such as Cd^" ,̂ Cu^" ,̂ Ni^+, Pb^"^, and Zn "̂̂  to make sparingly soluble 
sulfide phases. In addition, SRB can use U^^ as a terminal electron acceptor, 
which results in the formation of insoluble U"*"̂  phases (Lovley et al, 1993). 
However, the volume of FeS precipitation in the ZVI PRB because of DSR 
could significantly shorten the effective life span of the barrier by consuming 
porosity and reactive surface area; therefore, the presence of SRB in the ZVI 
PRB in Fry Canyon is not desirable. 
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A permeable iron reactive barrier was installed in late November 1997 at 
the U.S. Department of Energy's Y-12 National Security Complex in Oak 
Ridge, Tennessee. The overall goal of this research was to determine the 
effectiveness of the use of zero valent iron (Fe^) to retain or remove uranium 
and other contaminants such as technetium and nitrate in groundwater. The 
long-term performance issues were investigated by studying the biogeochem-
ical interactions between Fe^ and groundwater constituents and the mineral-
ogical and biological characteristics over an extended field operation. Results 
from nearly 3 years of monitoring indicated that the Fe^ barrier was perform-
ing effectively in removing contaminant radionuclides such as uranium and 
technetium. In addition, a number of groundwater constituents such as 
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bicarbonates, nitrate, and sulfate were found to react with the Fe^. Both 
nitrate and sulfate were reduced within or in the influence zone of the Fe^ 
with a low redox potential (i.e., low Eh). An increased anaerobic microbial 
population was also observed within and in the vicinity of the Fe^ barrier, and 
these microorganisms were at least partially responsible for the reduction of 
nitrate and sulfate in groundwater. Decreased concentrations of Ca^+ and 
bicarbonate in groundwater occurred as a result of the formation of minerals 
such as aragonite (CaCOs) and siderite (FeCOs), which coincided with the 
Fe^ corrosion and an increased groundwater pH. A suite of mineral precipi-
tates was identified in the Fe^ barrier system, including amorphous iron 
oxyhydroxides, goethite, ferrous carbonates and sulfides, aragonite, and 
green rusts. These minerals were found to be responsible for the cementation 
and possibly clogging of Fe^ filings observed in a number of core samples 
from the barrier. Significant increases in cementation of the Fe^ occurred 
between two coring events conducted at ~ 1 year apart and appeared to 
correspond to the changes in an apparent decrease in hydraulic gradient 
and connectivity. The present study concludes that while Fe^ may be used 
as an effective reactive medium for the retention or degradation of many 
redox-sensitive contaminants, its long-term reactivity and performance could 
be severely hindered by its reactions with other groundwater constituents, 
and groundwater flow may be restricted because of the buildup of mineral 
precipitates at the soil/Fe^ interface. Depending on site biogeochemical 
conditions, the rate of Fe^ corrosion may increase; therefore, the life span 
of the Fe^ barrier could be shorter than predicted in previous studies (~ 15-30 
years). 

L INTRODUCTION 

The use of zero valent iron (Fe^) filings to remediate groundwater contam-
inated with chlorinated organic compounds, heavy metals, and radionucUdes 
has received considerable attention in recent years (Gillham et al., 1994; Gu et 
al., 1999; Liang et al., 2000; O'Hannesin and Gillham, 1998; Puis et al., 1999; 
Scherer et al., 2000; Sivavec et al., 1997; Tratnyek et al., 1997). Although the 
mechanisms for degrading or immobilizing these contaminants with Fe^ are 
not completely understood (Roberts et al., 1996; Sivavec et al., 1997), it has 
been shown that Fe^ is a promising reactive medium because of its efficiency 
in degrading or retaining contaminants and its relatively low cost. Conse-
quently, the Fe^-based reactive barrier treatment has been widely emplaced 
for passive, long-term applications for groundwater remediation. 

While the focus of many applications was on utilizing an Fe^-based barrier 
treatment system to remove or retain environmental contaminants, relatively 
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few studies have paid particular attention to other biogeochemical reactions 
that may occur simultaneously as Fe^ corrodes in groundwater. It is recog-
nized that groundwater geochemistry plays a significant role in determin-
ing rates of Fe^ corrosion, its surface reactivity, mineral precipitation 
and/or barrier clogging, microbial activity, and consequently the long-term 
performance of the Fe^ treatment system (Gu et al., 1999; Liang et al., 2000; 
Scherer et al., 2000). Although the roles of dissolved O2 and pH in determin-
ing Fe^ reactivity and precipitation chemistry are well established, inter-
actions between Fe^ and other groundwater constituents, such as 
HCO3", NO3", S04^", and some metal cations, such as Ca^+, are less well 
studied and defined. In particular, because S04^~ , NOs", and HCOs" are 
all corrosive to Fe^ (Agrawal et al, 1995; Gui and Devine, 1994; Lipczynska-
Kochany et al., 1994; Odziemkowski et al., 1998) and are found commonly in 
groundwater at contaminated sites, these groundwater constituents are of 
great significance in influencing both geochemical and biological interactions 
and the barrier-clogging processes. 

A potential limitation of Fe^ technology is the deterioration of the Fe^ 
reactive media by corrosion and the subsequent precipitation of minerals that 
may cause cementation and decreased permeability of the Fe^ barrier or the 
surrounding soil. Few studies are available concerning the mineralogical and 
long-term performance characteristics of Fe^-based barriers (Gu et al., 1999; 
Mackenzie et al, 1997; O'Hannesin and Gillham, 1998). However, data 
indicate that a suite of mineral precipitates can occur rapidly in the Fe^ 
barrier system, and flow restriction could occur under certain biogeochemical 
conditions (Gu et al., 1999; Liang et al, 1997; Mackenzie et al., 1997; Phillips 
et al., 2000). Minerals such as goethite, magnetite, ferrous carbonates, 
sulfides, green rusts, and calcite have been reported in both laboratory and 
field investigations (Gu et al, 1999; Phillips et al., 2000; Pratt et al., 1997). For 
example, a substantially decreased flow rate was observed over a 6-month 
period in a series of Fe^-filled canisters used for treating trichloroethylene-
contaminated groundwater at the Portsmouth Gaseous Diffusion Plant 
(Piketon, Ohio) (Liang et al. 1997). Post treatment analysis of Fe^ filings 
showed cementation of the iron grains, possibly as a result of precipitation of 
iron sulfides, oxyhydroxides, and carbonates. Clogging has also been 
reported in laboratory and pilot-scale studies with Fe^ filings as reactive 
media (Johnson and Tratnyek, 1994; Scherer et al, 1998). At the Lowry Air 
Force base (AFB) in Denver, Colorado, and at Elizabeth City, North Car-
olina, sites, green rusts (i.e., a mixture of partially reduced/oxidized iron 
oxyhydroxides and sulfate) were observed in barrier materials (Edwards et 
al., 1996; Puis et al, 1999). At the Hill AFB, Utah, site, precipitation of iron 
and calcium carbonates was concluded to be responsible for a 14% porosity 
reduction within a few months of operation (Shoemaker et al, 1995). In 
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contrast, mineral precipitation was not observed after 1 year of operation in a 
reactive barrier at the Borden, Ontario, site. 

This chapter presents results obtained from ~3 years of groundwater 
monitoring to evaluate the performance of an Fe^ reactive barrier used 
primarily for the retention (or degradation) of uranium (U) and other con-
taminants, such as technetium (Tc) and nitrate (NO3"), at the U.S. Depart-
ment of Energy's Y-12 National Security Complex in Oak Ridge, Tennessee. 
Emphasis was given to biogeochemical interactions between Fe^ and ground-
water constituents, mineralogical and hydrological characteristics, and re-
lated long-term performance issues of the reactive barrier system. 

11. BARRIER SITE DESCRIPTION 

A. SITE HYDROGEOLOGY 

Past waste disposal activities at the Oak Ridge Y-12 S-3 ponds have 
created a mixed waste plume of contamination in the underlying unconsoH-
dated residuum and competent shale bedrock. The plume is more than 400 ft 
deep directly beneath the ponds and extends ~4000 ft along geologic strike 
both east and west of the ponds. S-3 ponds consisted of four unlined ponds 
constructed in 1951 on the west end of the Y-12 plant. The ponds had a 
storage capacity of 40 million liters (or ~10 million gallons). Liquid wastes, 
composed primarily of nitric acid plating wastes, containing various metals 
and radionuclides (e.g., Ni, Cr, U, and Tc) were disposed of in the ponds until 
1983. Volatile organic compounds such as tetrachloroethylene and acetone 
were also disposed in the ponds, although only low levels of chlorinated 
organic contaminants and acetone were detected in the groundwater at the 
barrier site. Pond wastes that remained were neutralized and denitrified in 
1984, and the site was capped and paved thereafter (Cook et al, 1996; SAIC, 
1996, 1997). 

The geology that underlies the site is primarily the Nolichucky shale 
bedrock that dips approximately 45° to the southeast and has a strike of 
N55E (parallel to Bear Creek Valley). Overlying the bedrock is unconsoli-
dated material that consists of weathered bedrock (referred to as residuum 
or saprohte), alluvium, colluvium, and man-made fill materials. Silty and 
clayey residuum comprises most of the unconsolidated material in this area. 
The residuum overlying the Nolichucky shale is typically between 5 and 10 m 
(~20 and 30 ft) thick. Between the unconsolidated residuum and the compe-
tent bedrock is a transition zone of weathered fractured bedrock. Remnant 
fracturing in the residuum and transition zone increases the permeability 
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relative to the silt and clay matrix. The shallow groundwater flow direction 
west of the S-3 ponds is generally to the southeast with a horizontal gradient of 
approximately 0.016 ft/ft (SAIC, 1996). Additionally, upward vertical hy-
draulic gradients were identified at the site and are as high as 0.25 ft/ft between 
the competent bedrock and the transition zone, and ~0.12 ft/ft between the 
transition zone and the shallow unconsolidated zone (Watson et al., 1999). 

In general, the groundwater plume near the S-3 ponds is composed pri-
marily of nitrate, bicarbonate, uranium, technetium, and other metal ions. 
These inorganic metal contaminants include low levels of heavy metals such 
as Ni, Cr, Co, Cd, Zn, and Pb. The plume is stratified, with the distribution of 
contaminants dependent on geochemical characteristics of the contaminants 
and groundwater. For example, nitrate and technetium (as pertechnetate, 
Tc04~), which are not particularly reactive with soil minerals, have the most 
extensive distribution in groundwater. Uranium and heavy metals that are 
more reactive are not as deep and have not migrated as extensively away from 
the ponds. Three major groundwater migration pathways to Bear Creek and 
its tributaries have been identified during the Bear Creek Valley treatability 
study (SAIC, 1997). 

• Pathway 1 is located just to the south of and adjacent to the S-3 ponds 
and is a shallow pathway to the upper reach of Bear Creek. 
Contaminants in this pathway include uranium, technetium, nitrate, 
metals, and high total dissolved sohds (TDS). 

• Pathway 2 is another shallow pathway to the upper reaches of Bear 
Creek and is located approximately 600 ft downstream west from 
pathway 1. This pathway is thought to be associated with an old burial 
Bear Creek stream channel. The iron/gravel trench barrier is located at 
this site and is targeted to treat primarily low levels of uranium and 
nitrate (described in detail in Section II,B). 

• Pathway 3 consists of contaminated groundwater in bedrock that is 
migrating to the west along strike in the Nolichucky Shale. 
Contaminants in this deeper pathway discharge to tributaries of Bear 
Creek and include technetium, nitrate, metals, and high TDS. Pathway 3 
contains much less uranium than the other pathways. 

B. INSTALLATION OF THE IRON-GRAVEL TRENCH BARRIER 

A permeable iron-gravel trench barrier was constructed at the pathway 2 
site in late November 1997 as part of the technology demonstration using Fe^ 
to retain or remove uranium and other contaminants as groundwater pas-
sively passes through the Fe^ treatment medium. The pathway 2 site is 
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predominantly a shallow pathway for the migration of uranium-contamin-
ated groundwater (~1 mg/Hter) to the upper reach of Bear Creek. The nitrate 
concentrations are generally lower (~20-150mg/liter) at pathway 2 than 
other areas of the groundwater plume, but they have been detected at levels 
above 1000 mg/Hter in some of the deeper piezometers because of the upward 
vertical hydraulic gradient. Technetium is generally detected at levels below 
600 pCi/liter, and TDS concentrations (~1000mg/liter) are generally lower 
than in the shallow plume at pathway 1 and deeper parts of the S-3 plume. 
Uranium-contaminated groundwater is discharging to the creek near path-
way 2 through seeps adjacent to the headwaters of Bear Creek. 

The trench dimensions are ~225 ft in length, 2 ft in width, and ~30 ft in 
depth (to bedrock) with an Fe^-filled midsection of ~26 ft in length between 
two ~100-ft sections of granite/quartz-pea gravel (Fig. 1). Guar-gum Copo-
lymer slurry was used during trench excavation to prevent the walls from 
collapsing, and Peerless Fe^ filings (about -1/2 to 25 mesh size, from Peerless 
Metal Powders and Abrasives, Detroit, MI) were used as the reactive medium 
in the midsection of the barrier. A total of ~80 tons of Peerless iron filings 
was placed in the middle section of the trench to a depth of ~ 18-20 ft above 

Legend (not to scale) 
# 2" piezometer 
® Multidepth 1" piezometers 

(s=shaUow, m=middle, d=deep) 
H 4" monitoring well 

Q 
TMW-5 

Approximate direction 
of groundwater flow 

TPB-16 

00' 105'^TMW09^' 131' 225' 
TMW-13 i 

Figure 1 "Aerial view" of the permeable iron-gravel trench barrier and location of monitoring 
wells and piezometers at the Y-12 site, Oak Ridge, Tennessee. Trench dimensions are approxi-
mately 225 ft long, 30 ft deep, and 2 ft wide with the Fe^-filled midsection of ~26 ft. 
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the bottom of the trench, or 10 to 12 ft below the original ground surface. 
Sediments around the barrier are heterogeneous mixtures of fill materials, 
native soil, saprolite, and rock fragments (Watson et al, 1999). Undisturbed 
soil and saprolite from the Nohchucky Shale formation are present near the 
bottom of the barrier. The barrier trench is oriented nearly parallel (or in 
a small angle) to the direction of groundwater flow and was designed to 
direct groundwater flow through the iron treatment zone using both the 
natural groundwater gradient and the permeability contrast between 
the iron/gravel in the trench and the native silt/clay outside the trench. 
Hydraulic monitoring at the site indicated that the hydraulic gradient is 
~0.025 ft/ft across the site but this gradient flattens to 0.01 ft/ft in the vicinity 
of the barrier trench. Approximately 48 piezometers, including six multiport 
wells in the Fe^ barrier, were installed at the site (Fig. 1). Additional infor-
mation regarding the site and its hydrogeology has been reported elsewhere 
(Phillips et al, 2000; Watson et al., 1999). 

After completion of the trench installation, the biopolymer Guar gum was 
broken down with an enzyme (LED-4 jell breaker, GeoCon, Inc.) that was 
circulated through the trench for 2 days. That process was followed by a 5-
day step-drawdown pumping test and a 7-day pumping test in the trench. The 
primary purpose of these initial pumping tests was to determine the hydraulic 
conductivity and groundwater flow conditions for a remediation scenario at 
the site. 

C. GROUNDWATER AND CORE SAMPLING AND ANALYSIS 

Periodic groundwater samples were collected for the determination of 
contaminant metals/radionuclides (e.g., U, Tc, Cr), geochemical parameters 
[e.g., major cations and anions, pH, Eh, dissolved oxygen (DO), and total 
organic carbon (TOC)], and microbial characteristics from some selected 
monitoring wells. Groundwater pH, Eh, DO, and temperature were meas-
ured in line (without exposing to the air) by means of a YSI XL600M multi-
parameter probe (Yellow Springs Instruments, CO), which had been 
precalibrated. Ferrous ion (Fe^+) and sulfide (S"^") were determined immedi-
ately after taking samples in the field by the colorimetric technique using 
HACH kits equipped with a DR/2000 spectrophotometer (HACH, Love-
land, CO). 

The filtered groundwater samples (using 0.45-|jLm in-line filters) were also 
collected in two separate containers, either acidified or unacidified with 
concentrated nitric acid. The acidified samples were used for elemental analy-
sis such as Ca, Mg, Fe, Al, Mn, Ni, Cd, Cr, Cu, Pb, Zn, Co, Sr, Na, K, and Si 
by inductively coupled plasma - atomic emission spectroscopy (Thermo 
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Jarrell Ash Poly Scan Iris Spectrometer). Unacidified samples were used for 
the analysis of major anions, including nitrate (NOs"), sulfate (S04^~), 
chloride, and phosphate, by means of an ion chromatograph equipped with 
a conductivity detector (Dionex, Sunnyvale, CA). Aliquots of the unacidified 
samples were also used for the analyses of TOC and total inorganic carbon 
(TIC) by means of a total organic carbon analyzer (TOC-5000A, Shimadzu, 
Tokyo). The TIC was then converted to bicarbonate (HCOs") or carbonate 
concentrations in groundwater. 

An ahquot of the acidified groundwater sample was also used for the 
analysis of total U(VI) by means of a laser-induced kinetic phosphorescence 
analyzer (ChemChek, KPA-11). However, because of a relatively low U(VI) 
concentration and the interference (or quenching effects) of other ground-
water constituents such as Cl~ and Câ "̂  in groundwater, the samples were 
purified and preconcentrated using UTEVA resin extraction columns 
(Eichrom, IL). Experimentally, an aliquot of groundwater sample (10-
20 ml) was acidified with nitric acid to a minimum concentration of 3 M, in 
which uranyl (UOi^"^) forms complexes with NOs" (Horwitz et al., 1992). 
The uranyl-nitrate complexes were subsequently sorbed by the UTEVA 
resin, leaving other groundwater constituents unsorbed (or in the leachate). 
The column was then leached with dilute HNO3 (1 mM), in which uranyl-
nitrate complexes are unstable (or dissociate) and therefore desorbed from 
the resin column. The dilute HNO3 leachate (with uranium) was collected and 
analyzed for U(VI) content as described earlier, and the detection limit was 
better than 0.01 img/liter. 

About 1.2 and 2.5 years after the Fe^ barrier was installed, soil and iron 
core samples were collected in polyurethane tubes from the barrier and its 
adjacent fill materials and used for analyses of surface morphology, mineral 
precipitation, uranium content, and microbial characteristics. The mineral-
ogical characterization of the core materials was performed using X-ray 
diffraction (XRD) operated at 45 kV and 40 mA (Scientag XDS-2000 diff-
ractometer, Sunnyvale, CA). To determine mineral deposition, morphology, 
and elemental composition, Fe^ core samples were also carbon coated with a 
Bio-Rad carbon sputter coater and examined immediately by means of a 
JEOL ISM-35CF scanning electron microscope (SEM) equipped with an 
energy-dispersive X-ray analyzer (EDX) (Tokyo, Japan). Note that all core 
samples were stored in Ar-purged airtight PVC tubes before use so as to 
minimize oxidation. Additionally, it is pointed out that the sample prepar-
ation and timing are critical because such minerals as green rusts are particu-
larly sensitive to oxidation and drying methodologies, and details regarding 
sample preparation and analytical procedures can be found elsewhere (Gu et 
al., 2001; Phillips et al., 2000, 2001). 
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III. BIOGEOCHEMICAL REACTIONS IN THE IRON 
REACTIVE BARRIER 

Although the ultimate goal of constructing the Fe^ reactive barrier is to 
retain or degrade target contaminants of concern in groundwater, it must be 
realized that a range of biogeochemical reactions occur simultaneously be-
cause Fe^ reacts not only with contaminant chemicals but also with a number 
of natural groundwater constituents. As illustrated in Fig. 2, corrosion of Fe^ 
in groundwater generates soluble Fe^+ ions, dissolved H2, and an increased 
groundwater pH. More important, corrosion of Fe^ results in a low redox 
potential (or Eh) and provides excess electrons for the reduction of a number 
of redox-sensitive contaminant metal species (e.g., uranyl, pertechnetate, and 
chromate), chlorinated organic compounds, and other groundwater constitu-
ents (e.g., nitrate and sulfate). Depending on the site biogeochemical condi-
tions, these reactions are of great importance because they not only affect the 
reactivity and long-term performance of Fe^ to retain or remove contamin-
ants, but also determine the rate of Fe^ corrosion and, hence, the life span of 
the permeable Fe^ reactive barrier. 

Figure 2 Examples of possible biogeochemical reactions occurring within and in the vicinity of 
the iron reactive barrier. 
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A. GROUNDWATER P H , EH, AND FERROUS ION 

Corrosion of Fe^ in groundwater follows two general pathways. In the 
presence of dissolved oxygen, Fe^ corrodes according to the reaction 

Fe^ + H2O + ^02 ^ Fe2+ + l O H " (1) 

However, under anaerobic conditions (e.g., oxygen consumed by the above 
reaction or by anaerobic microorganisms), Fe^ can react with water 
according to 

Fe^ + 2 H2O ^ Fe^+ -h H2 -h 2 OH". (2) 

Both of these reactions result in a decreased redox potential but an increased 
solution pH as 2mol of OH" are formed per mole of Fe^ oxidized. As shown 
in Fig. 3, the site groundwater pH (upgradient) is generally stabilized at ~6.5. 
However, upon reaction with Fe^ in the barrier, groundwater pH within the 
Fe^ increased and stabilized at from ~7.5 up to ~10 under field conditions. 
However, groundwater pH remained at ~6.5 in downgradient wells (except 
those in the Fe^ barrier, DP-23s,m), and corrosion of Fe^ in the barrier 
appeared to have little impact on the downgradient soil based on observed 
pH values (Fig. 3). This observation may be attributed to the relatively 
high pH-buffering capacity of clay minerals and organic matter in down-
gradient soil. The groundwater pH in monitoring well from TMW-7 
appeared to be somewhat high (up to ~9.5) because this well is situated in 
the gravel trench downgradient of the Fe^ barrier, which is low in pH-buffer-
ing capacity. 

Groundwater redox potential (Eh), however, decreased dramatically in 
those monitoring wells both within and downgradient of the Fe^ barrier 
(Fig. 4). Although the site groundwater is generally aerobic, with Eh values 
mostly positive (over 200 mV) (Fig. 4 upgradient), a generally low Eh was 
observed within the Fe^ barrier (<—200mV). This decrease in Eh may 
directly result from the consumption of dissolved O2 and the production of 
dissolved H2 as groundwater reacted with Fe^ in the reactive zone. Eh values 
were also in the negative range in most of the downgradient monitoring wells. 
Note that a low Eh was also observed in the upgradient TMW-11 and DP-22s 
monitoring wells because the DP-22 well is also located within the Fe^ barrier 
and the TMW-11 is located adjacent to the Fe^ barrier. The use of Guar gum 
could also have resulted in an increased anaerobic microbial activity (Gu et 
al, 2001) and thus may have contributed to a low redox potential in the 
TMW-U monitoring well. 

Ferrous iron (Fe^+), one of the major by-products of Fe^ corrosion in 
groundwater, may have a significant impact on water quality and cause 
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Figure 3 Groundwater pH in some selected monitoring wells within and in the vicinity of the Fe^ 
reactive barrier at the Y-12 site, Oak Ridge, Tennessee. The barrier was installed on November 
30, 1997 (time = 0). 
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Figure 4 Groundwater redox potential (Eh) in some selected monitoring wells within and in the 
vicinity of the Fe^ reactive barrier at the Y-12 site, Oak Ridge, Tennessee. 
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clogging of soil porous structure as it oxidizes and precipitates out in the 
downgradient barrier or the soil. In fact, discharge of Fe^"^ to Bear Creek had 
been one of the major concerns initially regarding the implement ability of Fe^ 
barriers at the site. However, we found that Fe^+ concentrations in ground-
water were relatively low after a few months of operation of the Fe^ barrier in 
the field (Fig. 5). Initially, the Fe^+ concentration was found to be extremely 
high (up to ~ 150 mg/Uter) in the center well (TMW-9) of the Fe^ barrier, and 
total iron concentration reached levels as high as ~700mg/Hter (data not 
shown). Relatively high Fe "̂̂  concentrations were also observed in the pea 
gravel section adjacent to the Fe^ barrier for TMW-7 and TMW-11 (Fig. 6). 
However, Fe^+ concentrations decreased rapidly over the first few months 
after the Fe^ barrier was installed (such as in the TMW-9 and TMW-7 wells). 
Only a few monitoring wells within the Fe^ barrier showed a slightly high 
Fe^+ concentration but was <15mg/liter in general (e.g., DP-22s,m; 
DP-20s,m; DP-23s) (Fig. 5). As discussed later, Fe "̂̂  ions may be precipitated 
as FeS, FeCOs, or be further oxidized as Fe^+, which forms relatively insol-
uble iron oxyhydroxides in the Fe^ barrier. These results suggest that Fe "̂̂  
discharge as a result of Fe^ corrosion is not always a significant concern at this 
site. However, the rate of Fe^ corrosion and the production of Fe "̂̂  depend 
on both groundwater pH and constituent concentrations, such as nitrate, 
sulfate, and bicarbonate, which accelerate the corrosion process (Agrawal 
and Tratnyek, 1996; Agrawal et al., 1995; Gu et al., 1999). Depending on 
removal rates via precipitation and sorption, high concentrations of ferrous 
ion may persist under certain conditions. 

The high initial Fe^+ and total iron concentrations observed in ground-
water (Fig. 5) may be attributed in part to the following factors: (1) a rapid 
initial oxidation of Fe^ filings (particularly some fine iron particles) when they 
were emplaced into the groundwater; (2) the use of Guar gum and, subse-
quently, the addition of enzyme (used to break up the Guar gum), which 
resulted in a decreased groundwater pH in a short time period; and (3) 
increased microbial activity (or respiration), which may also contribute to 
an increased corrosion rate of Fe^. 

B. REACTIONS BETWEEN NITRATE AND FE^ 

Groundwater at the barrier site is contaminated with relatively high levels 
of nitrate (NOs") at ~20-150mg/liter at the pathway 2 site; in some deep 
monitoring wells or piezometers, levels >1000mg/liter NOs" were observed 
as a result of the migration of deep contaminated groundwater and the upward 
vertical hydraulic gradients at the site. Within and in the vicinity of the Fe^ 
barrier, however, the NO^ concentration were low to nondetectable (Fig. 7), 
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Figure 6 Nitrate concentration profiles in some selected monitoring wells within and in the 
vicinity of the Fe^ reactive barrier at the Y-12 site, Oak Ridge, Tennessee. 
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suggesting that NOs" was effectively degraded as the groundwater passed 
through the Fe^ barrier. The nitrate concentrations were also found to be low 
or nondetectable downgradient of the Fe^ barrier, including monitoring wells 
or piezometers TMW-7, DP-11, DP-14s, DP-15s, and many others that are 
not shown in Fig. 6. Even in some upgradient monitoring wells or piezometers 
(adjacent to the Fe^ barrier), a low NOs" concentration was observed in 
monitoring wells such as TMW-11 and DP-12. These observations suggest 
that NOs" is degraded readily in the reducing zone of influence by Fe^ 
corrosion. 

The reduction of NO3" observed in the downgradient and some upgradi-
ent monitoring wells may be partially attributed to denitrification by micro-
organisms. As reported previously (Gu et al., 2001), an enhanced anaerobic 
microbial population was observed in soils both downgradient and upgradi-
ent of the Fe^ barrier. This was presumably related to a low Eh and an 
increased level of dissolved H2 in groundwater (a by-product of Fe corro-
sion), which served as electron donors for the microbial reduction of NOs". 
However, direct abiotic reduction of NO3" by Fe^ filings should not be ruled 
out within the Fe^ barrier (Gu et al., 1997; Huang et al., 1998). 

In the laboratory, the reduction of NO3" and its associated by-products 
by Fe^ filings was evaluated in the presence or absence of peat materials and/or 
denitrifying bacteria. Results indicated that nitrate was reduced effectively by 
Fe^, despite a relatively high initial NOs" concentration (6000 mg/liter) used 
in these laboratory batch experiments (Fig. 7a). The degradation half-life by 
Fe^ alone was found to be on the order of ~ 1-2 weeks by assuming a pseudo-
first-order reaction kinetics, and more than 60% of NO3" was degraded after 
about 2 weeks of reaction. The addition of peat materials (from Wards 
Scientific) was found to enhance the reduction rate of N03~, with a decreased 
reaction half-Hfe on the order of ~2 days. More than 95% of the N03~ was 
degraded in a 1-week period. However, note that reduction rates did not 
increase significantly with the addition of a toluene-degrading denitrifying 
bacterium, Azoarcus tolulyticus Tol-4, into the Fe^ and peat mixture (Chee-
Sanford et al, 1996). In fact, addition of this denitrifying bacterium directly 
into Fe^ filings did not increase denitrification either, probably because of a 
high N03~ concentration and a relatively high pH condition (up to ~10) in the 
reactant solutions or an unfavorable environment for the microbial reduction 
of N03~. The presence of peat (with indigenous microbes in the peat), how-
ever, buffered the pH of the reactant solution (pH <8.5) so that a substantially 
enhanced N03~ reduction rate was observed under these conditions. Never-
theless, results of these laboratory experiments are consistent with the field 
monitoring results and demonstrate that Fe^ is an effective reactive medium 
for removing N03~, in addition to degrading chlorinated organics and seques-
tering some redox-sensitive metals or radionuclides, as reported previously 
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(Blowes et al., 1991 \ Cantrell et ai, 1995; Gillham et al, 1994; Gu et al, 1998; 
McMahon etal., 1999). 

The reaction by-products between NOs" and Fe^ and peat mixtures were 
also examined. Results (Fig. 7b) indicate that a portion of NO3" (~25%) was 
converted to ammonia (NH4+) in the aqueous solution, and a large percent-
age of NOs" may have been degraded as N2 or N2O gases. A good mass 
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balance was not obtained in these batch kinetic experiments, largely because 
of the loss of N2 and N2O gases to the headspace or atmosphere. 

C. SULFATE REDUCTION 

A decreased concentration of sulfate (S04^") was also observed within the 
Fe^ barrier. As illustrated in Fig. 8, sulfate was the highest in the upgradient 
soil and pea gravel portion of the barrier. Upon entering the Fe^ portion of 
the trench, sulfate was found to be reduced substantially at all levels. For 
example, at the multilevel monitoring wells of DP-19 and DP-20, S04^~ 
concentrations were significantly lower than those in the upgradient wells. 
In particular, sulfate was largely removed or degraded in some of the down-
gradient monitoring wells in soil (e.g., DP-14s), in iron (DP-23s,m), and in 
gravel (TMW-7). These observations provide evidence of sulfate reduction in 
the zone of Fe^ influence, although the mechanisms of sulfate reduction are 
still a subject of investigation. These observations are also consistent with 
previous studies that show that groundwater S04^~ concentrations decreased 
through the Fe^ barriers at the Moffett Field and Lowry AFB sites, at the 
Elizabeth City, U.S. Coast Guard site (Puis et al, 1999), and in the labora-
tory-simulated column studies with a continuous input of S04^~ and HCOs" 
solutions (Gu et al, 1999). 

The reduction of S04^~ resulted in the formation of sulfide (S^"), although 
much of the sulfide produced may have been precipitated rapidly as FeS 
because of its low solubility (Â sp on the order of 10"^^). This explains a 
relatively low S ~̂ concentration observed in most of the monitoring wells 
(data not shown). Nevertheless, sulfide concentrations were found to be 
somewhat higher in those monitoring wells adjacent to the iron (TMW-11 
and TMW-7) and within the iron barrier (TMW-9) than in those monitoring 
wells upgradient of the Fe^ barrier (TMW-12 and DP-12). The exact mech-
anism of S04^~ reduction to S ~̂ is not yet clear because there is no direct 
evidence showing an abiotic reduction of S04^~ by Fe^, although reduction of 
sulfonic acid to S ~̂ by Fe^ has been reported (Lipczynska-Kochany et al, 
1994). However, a decreased S04^~ concentration in the barrier could be at 
least partially attributed to reduction by sulfate-reducing microorganisms 
(Gu^^«/.,2001). 

Using phospholipid fatty acids (PLFA) and DNA analyses (Dowling et al, 
1986; Guckert et al, 1986; Tunlid and White, 1991; Zhou et al, 1996), an 
increased microbial population was observed within and in the vicinity of the 
Fe^ barrier. The microbial population was found to be on the order of 10^ to 
10^ cells/ml groundwater, which is substantially higher than that found in the 
background soil, located ~50ft upgradient of the Fe^ barrier (Gu et al. 
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Figure 8 Sulfate concentration profiles in some selected monitoring wells within and in the 
vicinity of the Fe^ reactive barrier at the Y-12 site, Oak Ridge, Tennessee. 
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2001). More importantly, perhaps, diversified microbial communities were 
also detected in groundwater by examining the characteristic fatty acid 
profiles or lipid biomarkers, although PLFA analysis is unable to identify 
the specific functional groups of microorganisms. Many microbial species 
may have similar PLFA patterns. Therefore, DNA analysis based on 
polymerase chain reactions (or PCR analysis) was used to further identify 
different functional groups of microorganisms. As reported previously, sul-
fate-reducing bacteria appeared to be one of the most abundant microorgan-
isms identified in both groundwater and core samples obtained within and in 
the vicinity of the Fe^ barrier. Both sulfate-reducing and denitrifying bacteria 
were found to be the highest in TMW-11 (upgradient adjacent to the Fe^ 
barrier) and DP-11 (~3ft downgradient of the Fe^ barrier). These observa-
tions provide additional evidence that a decreased S04^~ concentration 
within the Fe^ portion of the trench could be a result of microbial reduction 
of S04^~ to S ~̂ under anaerobic conditions. Hydrogen generated by the 
corrosion of Fe^ (and the initial use of Guar gum for trench excavation) 
could have played a significant role in stimulating the growth of these anaer-
obic microorganisms (Gu et al., 1999). 

D . INTERACTIONS BETWEEN FE^ AND CONTAMINANT METALS 

1. Uranium Removal 

At the Y-12 site, uranium is the main driver for this groundwater remedia-
tion using the permeable Fe^ reactive barrier because uranium poses the 
major potential health and environmental risks within Bear Creek Valley. 
Its concentration trends within and in the vicinity of the Fe^ barrier are 
plotted in Fig. 9 for some monitoring wells and piezometers. Results indicate 
that uranium is removed effectively within the Fe^ barrier and that uranium 
concentrations in the Fe^ barrier (e.g., TMW-09, DP-19s,m, and DP-20s,m) 
were generally very low (<0.01 mg/hter) in comparison with uranium con-
centrations in the upgradient monitoring wells. With the exception of DP-11, 
low amounts of uranium were also found in the downgradient monitoring 
wells (e.g., DP-23s,m, and DP-14s, TMW-7), suggesting that the Fe^ barrier is 
performing well in removing or retaining uranium from the contaminated 
groundwater. Similarly, uranium concentrations in other monitoring wells 
and piezometers (such as DP-10, DP-18s,m,d; DP-21s,m; DP-22s) were found 
to be low or below the detection limit in the Fe^ barrier (data not shown). 
These observations are generally consistent with previous laboratory studies 
that show uranium can be reduced effectively and rapidly by Fe^ filings 
(Gu et ai, 1998). However, a consistently high uranium was detected in the 
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downgradient DP-11 well, and its concentration was even higher than those 
found in the upgradient monitoring wells. This observation was attributed 
primarily to the fact that some uranium hot spots existed in such heteroge-
neous filled materials as evidenced by our recent soil core sampling and 
analysis near DP-11 (conducted in September 2001). Another possible ex-
planation was due to an upward flow of the contaminated groundwater as a 
result of the vertical hydraulic gradient (described in Section II). 

Uranium retention by Fe^ filings was also evidenced by the analysis of 
uranium content in Fe^ core samples (Fig. 10). These angled cores were 
collected ~15 months after installation of the Fe^ barrier, and detailed sample 
preparation and analysis are given elsewhere (Phillips et al., 2000). Although 
only trace quantities of uranium are present in the contaminated ground-
water, an elevated amount of uranium was detected in Fe^ core materials, 
particularly in those samples near the interface (between the soil and Fe^ 
filings) where groundwater enters the Fe^ barrier. The greatest concentration 
of uranium in the Fe^ barrier occurred at the shallow, upgradient interface, 
but uranium concentration decreased dramatically over a short distance. 
These observations suggest that once uranium enters the Fe^ reactive barrier, 
it is sequestered rapidly in situ as a result of either reductive precipitation of 

Upgradient 

—26 n (not to scale)-

Figure 10 Distribution of uranium (mg/kg) in core samples within the Fe^ portion of the 
iron/gravel trench barrier. Angled core samples (60°) were collected from upgradient to down-
gradient of the Fe^ barrier in February 1999 (Reprinted with permission from Phillips et al., 2000. 
Copyright 2000, American Chemical Society). 
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relatively insoluble U(IV) species or surface adsorption of U(VI) species on 
the Fe^ corrosion products (e.g., iron oxyhydroxides) (Cantrell et aL, 1995; 
Gu etal., 1998). 

Reductive precipitation of U(VI) to U(IV) species by Fe^ is believed to be 
one of the dominant mechanisms for uranium removal and is thermodynam-
ically favorable, according to the following stoichiometric reactions (Baes 
and Mesmer, 1976; Gu et aL, 1998; Morse and Choppin, 1991): 

Fe2+ + 2Q- -^ Fe(0) 

U02^+ + 4H+ + 2e-

The reduced U(IV) readily forms oxyhydroxide precipitates in aqueous 
solution. Such a reductive reaction mechanism has been evaluated by labora-
tory batch equilibrium studies and by sensitive fluorescence spectroscopic 
analysis (Gu et aL, 1998). Fluorescence spectra gave direct evidence of U(VI) 
reduction by Fe^ because the reduced U(IV) species do not fluorescence. The 
batch equilibrium studies provided additional evidence because, regardless of 
the initial added uranium concentration in solution (up to 20,000 mg/liter), 
no detectable amounts of uranium were found in equilibrium solutions after 
reaction with Fe^. These results are indicative of a reductive precipitation 
process rather than a simple sorption process in which uranyl distributes or 
partitions between the solution and sohd phases depending on the adsorption 
affinity and capacity on the adsorbent surfaces. However, sorption by iron 
oxides and other adsorbent materials was found to be much less effective than 
Fe^ fiUngs in removing uranium from the solution. A much higher equilib-
rium U(VI) concentration was observed in samples treated with these mater-
ials than in those treated with Fe^ filings. Using the X-ray photoelectron 
spectroscopy (XPS) technique, Fiedor et aL (1998) also reported that U(VI) 
was readily reduced to U(IV) species (~75%) by reacting with an Fe^ coupon 
under anaerobic conditions, although a large solution to Fe^ ratio was used in 
these laboratory studies. 

However, as the corrosion products of Fe^, such as iron oxyhydroxides, 
accumulate on Fe^ surfaces, uranium removal through sorption or copreci-
pitation could not be ruled out (Fiedor et aL, 1998; Gu et aL, 1998; Hsi and 
Langmuir, 1985; Morrison et aL, 1995). Unfortunately, because of a rela-
tively low amount of uranium retained by the Fe^ fihngs and a possible 
reoxidation of reduced U(IV) species during sample preparation and extrac-
tion, no attempts were made to distinguish whether uranium was reductively 
precipitated or sorbed by iron oxyhydroxides in these Fe^ barrier materials. 
On the basis of previous laboratory studies (Cantrell et aL, 1995; Fiedor et aL, 
1998; Gu et aL, 1998), a speculation is that a majority of uranium could have 
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been retained by the reductive precipitation process because of a strong 
reducing environment within the Fe^ barrier (with a high sohd to solution 
ratio). Understanding of U(VI) removal mechanisms through either reduc-
tive precipitation or sorption/coprecipitation has important environmental 
implications because the reduced U(IV) species on Fe^ surfaces could be 
potentially reoxidized when it is exposed to the air or dissolved O2 in a matter 
of a few hours or days (Gu et al., 1998). Similarly, the sorbed U(VI) species 
could be desorbed and therefore remobilized as groundwater geochemistry 
changes. 

2. Pertechnetate and Chromate Reduction 

The effectiveness of the Fe^ barrier in removing other contaminant metals, 
such as pertechnetate (Tc04~) and chromate (Cr04^~), was also monitored, 
although they are not major contaminants of concern because of their low 
concentration in the site groundwater. Technetium (as Tc04~) is a radio-
active p emitter with an extremely long half-hfe (2.1 x 10^ years), and chro-
mate is a hazardous heavy metal. Results indicate that Tc04~ was also 
retained effectively by the Fe^ barrier and that generally less than 40 pCi/liter 
(or ~2 ng/liter) of ^^Tc was detected in those monitoring wells within or 
adjacent downgradient of the Fe^ barrier. The influent groundwater (in 
upgradient monitoring wells) contained ~600 pCi/liter of Tc04~. The chro-
mate concentrations in the upgradient and downgradient groundwater were 
mostly below the detection limit. As with the U(VI) species, the mechanisms 
of Tc04~ and Cr04^~ removal by Fe^ filings are attributed to a reductive 
precipitation process, which was confirmed in laboratory batch kinetic stud-
ies (Fig. 11). As Fe^ corrodes in water, Cr04^~ can be reduced to Cr^+, which 
is easily hydrolyzed and precipitated as Cr(OH)3. Similarly, TCO4" is reduced 
to TcOi or Tc(OH)4 as precipitates. The reduction kinetics of these contam-
inant metals or radionuclides appears to be extremely fast, and nearly 100% 
of U02^"^, Tc04~, and Cr04^" was removed after they contacted Fe^ in 
water in a short time period (Fig. 11). The reductive precipitation or removal 
of Cr04^~ has also been reported previously in the Fe^ reactive barrier used to 
remediate groundwater contaminated with Cr04^~ and trichloroethylene at 
the U.S. Coast Guard site at Elizabeth City, North Carolina (Blowes et ai, 
l991;Fu\setal., 1999). 

E. INTERACTIONS WITH CALCIUM AND CARBONATES 

The groundwater at the barrier site contains high concentrations of both 
Ca^+ and bicarbonate because of the presence of calcium-rich bedrock, the 
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calcareous Nolichucky shale, and strong nitric acid leachate from the S-3 
ponds and because of the neutralization of acid wastes by limestone in 1984. 
An analysis of groundwater carbonate/bicarbonate and Ca^+ indicates that 
these groundwater constituents were partially retained or precipitated within 
the Fe^ barrier (Figs. 12 and 13). As shown in Fig. 12, Ca^+ concentrations in 
the upgradient side of the Fe^ barrier (e.g., TMW-11, TMW-12, DP-12, and 
DP-13) appeared to be relatively constant (between ~120 and 200mg/hter). 
However, the Ga^+ concentrations within the Fe^ barrier from TMW-9, DP-
19, and DP-20 monitoring wells were about an order of magnitude lower than 
those found in the upgradient monitoring wells, suggesting that Câ "̂  was 
retained by the Fe^ barrier. A relatively low Ca^+ concentration was also 
observed in many of the downgradient monitoring wells (e.g., DP-23s,m, 
TMW-7, andDP-14s). 

Examination of carbonate/bicarbonate concentrations in groundwater 
revealed that these constituents were also partially removed (Fig. 13), sug-
gesting that calcium carbonate precipitation is probably one of the dominant 
mechanisms responsible for decreased concentrations of Ca^+ and bicarbon-
ate in groundwater. These results can be expected because of an increased 
groundwater pH as Fe^ corrodes in the barrier and a resulting shift from 
bicarbonate to carbonate species in the groundwater. As has been reported 
previously, an increased pH and relatively high concentrations of Ca^+ and 
bicarbonate in the groundwater could have induced the chemical precipita-
tion of Ca-carbonate and/or of a mixture of Fe - and Ca-carbonate and 
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Figure 12 Calcium concentration profiles in some selected monitoring wells within and in the 
vicinity of the Fe^ reactive barrier at the Y-12 site, Oak Ridge, Tennessee. 
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within and in the vicinity of the Fe^ reactive barrier at the Y-12 site, Oak Ridge, Tennessee. 
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oxyhydroxide coprecipitates (Gu et al., 1999; Phillips et al., 2000). Similarly, 
by examining the concentration profiles of Mg "̂̂  (data not shown), the Mĝ "̂  
concentration within the Fe^ barrier also decreased over time because it also 
could form carbonate precipitates or coprecipitates with iron oxyhydroxides 
(Phillips ^r a/., 2000). 

IV. HYDROLOGICAL AND 
MINERALOGICAL CHARACTERISTICS 

A. HYDRAULIC PROPERTIES AND CONNECTIVITY IN THE FE^ BARRIER 

Hydraulic gradients across the pathway 2 barrier site have remained 
relatively stable and consistent from east to west (magnitude of approxi-
mately 0.02). Figure 14 shows a comparison of groundwater levels and flow 
directions on May 6, 1998 and on May 17, 2000, respectively. Results 
indicate that the general flow patterns at the site have not changed since 
the start of the installation of the trench. Groundwater monitoring results 
over the past 3 years also suggest that increases and decreases in the gradi-
ents across the reactive barrier site appear to be related primarily to recharge 
during precipitation events and seasonal fluctuations. The hydrauhc gradi-
ent in the trench across the iron has also remained consistently from east to 
west (Fig. 14) with an average gradient of approximately 0.008. The magni-
tude of the gradient changes during recharge events, but the direction of 
groundwater flow has been consistently toward the west. However, closer 
inspection of gradient fluctuations within the trench and the Fe^ barrier 
seems to indicate that cementation within the iron may be starting to impact 
groundwater flow through the iron. Figure 15 shows groundwater elevations 
and gradients among three monitoring wells located in the pathway 2 trench. 
Since the spring of 1999 (or ~500 days after the barrier was installed), 
recharge events appear to have a more pronounced impact on hydraulic 
gradients (or fluctuations) observed among wells located upgradient (TMW-
11), within (TMW-9), and downgradient (TMW-7) of the Fe^ barrier. These 
observations suggest that the connectivity of the iron and gravel in the 
upgradient portion of the trench to the iron and gravel in the downgradient 
portion of the trench may be decreasing over time due to mineral precipita-
tion and/or cementation in the Fe^ barrier, as discussed in Sections IV,B. 
Coinci^entally, the nitrate concentrations in upgradient well TMW-11 and 
DP-22m (located the furthest upgradient but still in the Fe^ barrier) have an 
increasing trend starting in the spring of 1999 (Fig. 6). These data suggest 
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Figure 14 Comparison of groundwater levels (ft) measured on May 6, 1998 (a) and May 17, 
2000 (b) at the Y-12 reactive barrier site, Oak Ridge, Tennessee. 

that cementation of the iron in the upgradient portion of the trench may be 
causing a decrease in iron reactivity, hydrauhc connectivity, and the begin-
ning stages of system clogging. 
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Figure 15 Groundwater elevations and gradients (ft) in some selected monitoring wells upgra-
dient or downgradient of the iron reactive barrier at the Y-12 site, Oak Ridge, Tennessee. 

B. MINERAL PRECIPITATES AND THEIR OCCURRENCE 

Iron corrosion in groundwater results in the formation of ferrous or ferric 
ions (when dissolved O2 is present), which ultimately form iron oxyhydroxide 
mineral precipitates because of their low solubility (Fig. 2). It is not surprising, 
therefore, that many investigators observed iron oxyhydroxides to be the 
predominant minerals found in iron reactive barriers (Gu et al., 1999; Phillips 
et al., 2000; Pratt et al., 1997; Roh et al., 2000). Core samples were taken -1.2 
and 2.5 years after the Fe^ barrier was installed, and X-ray diffraction (XRD) 
analysis revealed akaganeite 0-FeOOH) as the major iron mineral precipitant 
throughout the cores, whereas goethite (a-FeOOH) was present to a lesser 
extent (Phillips et al., 2000). Although they were not detected by XRD analy-
sis, amorphous iron oxyhydroxide deposits were also observed throughout the 
iron core materials by means of scanning electron microscope (SEM) and 
energy-dispersive X-ray (EDX) spectroscopic analyses. Presumably, these 
amorphous iron oxyhydroxides gradually transform to crystalline akaganeite 
and goethite within the barrier. The formation of akaganeite may be related to 
a relatively high concentration of chloride in groundwater entering the trench 
because, in laboratory studies, akaganeite is commonly observed as the dom-
inant mineral phase from the precipitation of ferric chloride (Schwertmann 
and Cornell, 1991). The presence of goethite within the Fe^ barrier instead of 
lepidocrocite, which has been reported in laboratory column studies (Gu et al., 
1999), could result from relatively high dissolved O2 and bicarbonate contents 
of the groundwater. It has been reported that the formation of goethite is 
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favored over the formation of lepidocrocite when carbonates or CO2 is present 
in the system (Schwertmann and Taylor, 1977). 

Although to a lesser extent, green rusts were also observed as corrosion 
products in the Fe^ barrier, and similar observations have been reported 
previously (Gu et al., 1999; Phillips et al, 2000; Roh et al, 2000). However, 
green rusts are not stable and can transform into crystalline iron minerals 
quickly when exposed to the air or subjected to oven drying. Therefore, care 
must be taken in sample preservation and preparation in order to observe 
green rusts in the iron barrier material (Phillips et al., 2001). 

In addition to iron oxyhydroxide minerals, analysis of Fe^ core materials 
indicated the presence of abundant calcium carbonates such as aragonite 
(CaCOs) and siderite (FeCOs) (Fig. 16). These results are consistent with 
decreased concentrations of calcium and carbonates in groundwater within 
and downgradient of the Fe^ barrier, as shown in Figs. 12 and 13. Crystalline 
aragonite was observed throughout the core materials of the Fe^ barrier, and 
its structure and forms were identified by both SEM and EDX analyses (Fig. 
16a). As indicated previously, relatively high concentrations of Ca^+ and 
carbonates, coupled with a relatively high pH within the Fe^ barrier, may 
be largely responsible for the precipitation of CaCOs minerals (Phillips et al., 
2000; Roh ^^«/., 2000). 

The formation of ferrous carbonate (i.e., siderite) offers another mechan-
ism for a decreased carbonate or bicarbonate concentration in the Fe^ bar-
rier. Ferrous iron is one of the major by-products of Fe^ corrosion in 
groundwater; it is thus conceivable that the formation of siderite can be a 
favorable reaction when high amounts of carbonate are present in ground-
water, particularly at a relatively high pH condition (Mackenzie et al., 1999). 
Figure 16b shows the SEM image of cubic-shaped siderite minerals in the Fe^ 

Figure 16 Carbonate minerals in the Fe^ barrier: (a) characteristic aragonite (CaCOs) crystals 
and (b) cubed-shaped siderite (FeCOa) and its composition identified by energy-dispersive X-ray 
(EDX) analysis. 



336 Baohua Gu et al. 

barrier. As shown in Fig. 13, bicarbonate contents from monitoring wells 
such as TMW-9 were particularly low and could be attributed largely to its 
precipitation with both Ca^+ and Fe"̂ "̂  to form carbonate minerals. However, 
siderite precipitation was much less extensive than aragonite precipitation. 
The presence of siderite was detected only in patches in some of the iron core 
samples. Several factors may contribute to these observations. A relatively 
high pH and high carbonate but low Ca^^ concentrations favor the formation 
of siderite (Phillips et al, 2000). However, a relatively low pH (about neutral) 
and a low carbonate concentration shift the chemical equilibrium in favor of 
Fe(OH)2 precipitation. High Ca^+ concentrations in groundwater may com-
pete with Fê "̂  for carbonate and form CaCOs minerals as described earUer. 

Precipitation of amorphous ferrous sulfide (FeS) was detected by SEM-
EDX in most of the core samples from the Fe^ barrier (Fig. 17). The morph-
ology of FeS appeared to be rounded or bytrodial, and it was commonly 
observed as coatings on Fe^ filings or other mineral deposits on iron surfaces. 
Many Fe^ particles were completely encrusted in FeS, and these coated Fe^ 
filings remained black (rather than rusty) after drying (by vacuum rinsing 
with acetone), especially those core materials obtained near the interface 
where groundwater enters the Fe^ barrier (Phillips et al, 2000). Note that 
although there appears to be a high occurrence of FeS, crystalline pyrite was 
not detected by XRD, perhaps because of the noncrystallinity of the FeS 
structure. As stated previously, FeS formation in the Fe^ barrier may be 
largely attributed to the reduction of S04^" to S^" by sulfate-reducing bac-
teria under a highly reducing environment in the Fe^ barrier. Similar obser-
vations have also been reported in both laboratory-simulated iron columns 
and field experiments with a relatively high influent sulfate concentration 

Figure 17 Photomicrographs of amorphous FeS in the Fe^ barrier: (a) rounded or bytrodial 
amorphous FeS coating materials in a cemented zone of the Fe^ barrier and (b) enlargement of an 
area of (a) showing FeS coatings on aragonite crystals. 
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(Gu et al, 1999; Phillips et al, 2000). However, although reduction of S04^" 
was observed in Fe^ barriers at the U.S. Coast Guard Support Center at 
Elizabeth City, North Carolina, and at an industrial facihty in upstate New 
York (Puis et al., 1999; Vogan et al, 1999), no appreciable amounts of FeS 
precipitates were observed. These observations may be related to a relatively 
low S04^~ concentration (<20mg/liter) present in the groundwaters at these 
sites. 

C. IMPLICATIONS FOR LONG-TERM PERFORMANCE 

The occurrence of a suite of mineral precipitates could have serious impli-
cations for the long-term performance of Fe^ reactive barriers. Specifically, 
these mineral precipitates commonly exist as coating and cementing materials 
on Fe^ surfaces. They not only reduce the reactivity of Fe^ and thus its 
capacity to degrade or retain target contaminants of concern, but also cause 
cementation and clogging of the reactive Fe^ filings. Ultimately, they may 
result in reduced hydraulic conductivity or the diversion of groundwater 
through the barrier. However, site groundwater geochemistry and contamin-
ant concentration may determine the rate and forms of mineral precipitant 
formation and thus the life span of Fe^ permeable reactive barriers. For 
groundwater of relatively low ionic strength, McMahon et al. (1999) esti-
mated a 0.35% yearly loss of total porosity in iron-reactive media at the 
Denver Federal Center site. However, a fast corrosion rate and mineral 
precipitant formation have been observed at the Oak Ridge Y-12 barrier 
site, where groundwater contains relatively high concentrations of bicarbon-
ate, sulfate, nitrate, calcium, and magnesium. Isolated spots of clogged 
and/or cemented Fe^ media were observed only ~1.2 years after the instal-
lation of the Fe^ barrier at the Oak Ridge site (Phillips et al, 2000). 

More extensive cementation and clogging of iron reactive media were 
found in iron core materials taken ~2.5 years after the installation of the 
Fe^ barrier, particularly at the soil/barrier interfaces where groundwater 
enters the Fe^ barrier. The cemented iron cores appeared to be hard to 
break (Fig. 18a), and close examination (by SEM) revealed an extensive 
iron corrosion and subsequent mineral precipitation on Fe^ surfaces (Fig. 
18b). SEM-EDX analysis of a polished cross section of cemented iron filings 
(Fig. 19) indicated that iron oxyhydroxides were the primary mineral precipi-
tates accumulated on or between individual iron particles as a thick rind 
(Phillips et al, 2000). These iron oxyhydroxides may therefore be largely 
responsible for the cementation of Fe^ particles in the barrier. Similarly, 
Mackenzie et al (1999) reported the portion of an iron column clogged 
with iron oxyhydroxides to be a hardened solid mass that decreased hydraulic 
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Figure 18 Photomicrographs showing (a) cemented Fe^ filings and (b) enlarged SEM image 
of (a). 

Figure 19 (a) Polished cross section of cemented Fe^ filings as shown in Fig. 17 and (b) the 
outline of (a) showing FeO filings bound together by iron oxyhydroxides and aragonite coated 
with amorphous FeS (Reprinted with permission from Phillips et al., 2000. Copyright 2000, 
American Chemical Society). 

conductivity greatly. Additionally, precipitation and formation of aragonite 
and FeS minerals were also at least partially responsible for binding iron 
particles in cemented iron core samples (Fig. 19). In particular, FeS precipi-
tates exist primarily in the form of coatings on iron surfaces and thus may act 
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as active binding agents as well. It is interesting to note the sequence of 
mineral precipitation on iron surfaces as viewed by SEM of the polished 
sections (Fig. 19). Iron oxyhydroxides appeared to precipitate first as a 
corrosion product on Fe^ surfaces. The formation of aragonite followed in 
response to an increased groundwater pH as a result of iron corrosion, and 
FeS precipitates then followed as coatings or void fillers on aragonite and iron 
oxyhydroxide surfaces. The initial delay in the formation of FeS compared 
with the other precipitates could perhaps be due to the greater length of time 
needed for accumulation of a microbial population to facilitate sulfate reduc-
tion in the barrier (Gu et al, 1999; Phillips et al., 2000). 

Based on an average Fe^ filing thickness of ~0.5 to 1.25 mm, Phillips et al 
(2000) estimated that these Fe^ filings could be completely corroded within ~5 
to < 10 years under the specific site geochemical conditions. This estimated life 
span of an iron reactive barrier is substantially shorter than the life spans that 
have been estimated previously, ~ 15 to 30 years (Gillham et al, 1994; Liang et 
al., 2000; McMahon et al., 1999), and may be explained by the fact that the site 
groundwater contains relatively high levels of NOs" and HCOs", both of 
which are known to accelerate the corrosion of Fe^ (Davies and Burstein, 1980; 
Gu et al, 1999; Huang et al, 1998). It is also important to note that mineral 
precipitation and iron cementation appeared to occur progressively with time. 
Within ~1.5 years, spotted cementations of Fe^ filings were observed mostly at 
the interface where groundwater enters the Fe^ barrier. Cementation extended 
and further developed downgradient of the Fe^ barrier, as observed in the 
second coring event (~2.5 years after the barrier was installed). An important 
implication of these observations is that such an uneven distribution of iron 
corrosion and mineral precipitation could potentially result in early system 
clogging at the interface regions and therefore shorten the functional hfetime 
of/« situ Fe^ barriers. Therefore, close attention should be given to areas in the 
barrier that seem more vulnerable to corrosion, mineral precipitation, and 
subsequent cementation (e.g., where groundwater first enters the barriers). 
Particular attention should also be given to the geochemical composition and 
concentration in groundwater, which may largely determine the corrosion rate 
and thus the life span of Fe^ reactive barriers. 
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Permeable reactive barriers, composed of zero valent iron (ZVI), have 
been installed and operated at U.S. Department of Energy sites located at 
the Y-12 Plant in Oak Ridge, Tennessee, and at the uranium mill tails reposi-
tory near Durango, Colorado. The ZVI medium is intended to remove select 
toxic solutes, especially uranium (U), from contaminated groundwater. Core 
samples from these barrier installations were sampled after prolonged expos-
ure to contaminated groundwater (~ 1.2 year of operation at the Y-12 site 
and up to 3 years of operation at the Durango site). Core samples were 
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protected from exposure to the ambient atmosphere by packaging them in 
argon-purged containers for shipment to an off-site laboratory. The concern 
was to protect media from exposure to oxygen, which could alter the valence 
state of the treatment medium itself and of the metal deposits therein. 
Samples were subjected to a battery of analytical techniques, including X-
ray photoelectron spectroscopy (XPS), a surface-sensitive technique that can 
be used to determine the average valence state of elements. Major findings in 
this study were that (1) ZVI media had extensive surface deposition of various 
mineral phases (e.g., calcite and amorphous iron sulfides), (2) U was present 
within the media at somewhat modest levels (e.g., < 0.2 wt%), and (3) U on 
the ZVI surface was at least partially oxidized. 

I. INTRODUCTION 

Corroding iron [Fe^, or zero valent iron (ZVI) ] has been shown to provide 
reducing equivalents to a variety of oxidized compounds, including chlorin-
ated alkanes and alkenes, nitroaromatics, and inorganic species such as 
metals. Some recent reviews for the mechanisms of these types of reactions 
and their application to remediation of contaminated environments include 
Matheson and Tratnyek (1994), U.S. EPA (1998), Scherer et al. (1999), and 
Tratnyek et al. (2001). Fe provides electrons via 

Fe^-^Fe^+H-2e- , (1) 

which can reduce compounds as shown in Eq. (2) for halogenated or nitroaro-
matic compounds or as shown in Eq. (3) for metals/inorganic species: 

RX + 2e -h H+ -^ RH -h H" (2) 

M"+ + 2 e - ^M^'^-^^^. (3) 

Water can effectively compete for the electrons produced in Eq. (1). In 
anaerobic aqueous systems, Fe corrodes as shown in 

2 H2O -h Fe^ ^ Fe^^ + H2 + 2 OH". (4) 

Some of the ferrous ion (Fe^+) reaction product may remain surface bound, 
where it is postulated to facilitate some surface-mediated reductive reactions 
(Charlet et al., 1998). Oxygen is also an effective electron acceptor; if present 
in the aqueous system, it is removed rapidly by reactions with the Fe^ [Eq. (5) ] 
and/or associated Fe^+ [Eq. (6)]. 

2Fe^ -h O2 -h 2H2O ^ 2Fe2+ + 4 0 H - , (5) 

4Fe2+ + O2 + 10H2O -^ 4Fe(OH)3(^) + 8 H+. (6) 
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In Eq. (6), Fe(OH)3 (s) is solid-phase hydrolyzed ferric oxide, or common 
"rust," initially an amorphous precipitate that may be transformed in time to 
crystalline iron oxide phases (e.g., goethite, a-FeOOH). 

Cantrell et al. (1995) demonstrated that ZVI can be an effective medium 
for the removal of soluble U (i.e., U^+ as the uranyl ion, U02^"^), a toxic and 
radiological contaminant of concern at many U.S. Department of Energy 
(DOE) sites and at other sites supporting the nuclear fuel cycle (Morrison et 
al, 2001). However, the operative mechanism for such removal is the subject 
of considerable debate (see, e.g., Wersin et al. 1994; Cantrell et al, 1995; 
Grambow et al, 1996; Fiedor et al, 1998; Gu et al, 1998; Abdelouas et al, 
1999 a, b; Farrell et al, 1999; Qui et al, 2000; Morrison et al, 2001). The 
probable dominant mechanisms include sorption of U "̂̂  complex ions onto 
solid-phase oxidized Fe corrosion products (e.g., "rust") that are normally 
present at or near the surface of the Fe, and/or reductive precipitation 
[represented generically in Eq. (3)]. 

It is well known that many oxides and other mineral phases of Fe (includ-
ing many of those normally present in soil minerals) are potent sorbents of 
U^+ (see, e.g., Ho and Miller, 1986; Tricknor, 1994; Grambow et al, 1996; 
Farrell et al, 1999; Moyes et al, 2000). Thus, U^+ may be attracted and held 
near the oxidized surface of ZVI, where surface-mediated electron transport 
may be facilitated. 

Farrell et al, (1999) estimated the thermodynamic equilibrium outcome 
for the reduction of U^+ by ZVI, as described in Eqs. (7) and (8): 

U02^+ + Fe^ ^ U02(s) + Fe^^, (7) 

E(volt) = 0.661 + 0.295 log [U02^+] - 0.295 log [Fe^^]. (8) 

The predictions cited earlier are based on the precipitation of reduced U 
(as U^+ in the form of crystalline uraninite, UO2), and the value of the 
computed cell potential (E) given in Eq. (8) is positive, indicating an energetic-
ally favorable outcome. However, an energetically favorable predictive out-
come at equilibrium does not address the possible effect of electron transfer 
kinetics. For example, the reduction of Aŝ "̂  to Aŝ "̂  by ZVI is similarly 
predicted to be energetically favorable (Farrell et al, 2001), but long-term 
exposure of arsenate solution to ZVI results in As being bound to the Fe 
surface as the oxidized species (As^+) (see Farrell et al, 2001; Lackovic et 
al, 2000). Under environmentally relevant conditions of relatively low tem-
perature and near-neutral pH values, many redox reactions involving 
actinides are notoriously sluggish (Rao and Sagi, 1962; Murphy and Shock, 
1999). 

Reductive precipitation is a preferred contaminant removal mechanism in 
the sense that U"̂ "̂  species are generally much less soluble than their U "̂̂  
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counterparts, and thus reduced U should be less mobile in the environment. 
The solubility of UO2 soHd phase can vary considerably as a function of its 
degree of crystallinity and the aqueous phase composition (Kertes and Guil-
laumont, 1985), but approaches a limiting value near 1 |xg/Hter in strongly 
reductive near-neutral solution. 

The aqueous solubility of U "̂̂  (UOi^^) may be increased significantly 
through complex formation with common groundwater ligands, especially 
the carbonate ion (Langmuir, 1978; Scanlan, 1977; Meinrath et aL, 1996). In 
contrast, U^+ is much less prone to complexation, although it may hydrolyze 
to yield polynuclear species (and often mobile colloids) of the form 
U(OH)/-'^ (Kertes and Guillaumont, 1985; von Gunten and Benes, 1995). 
The net result of oxidation state and complexation effects is that, under favor-
able conditions, the aqueous solubility of U^^ species may be many orders of 
magnitude lower than those of U "̂̂  (Miyahara, 1992). However, uranium that 
was precipitated initially as U"̂ "̂  or mixed valent oxide (e.g., by chemical-, 
electrochemical-, or biological-mediated reduction) may be susceptible to 
rapid oxidation to more mobile U "̂̂  when it is exposed to air or to dissolved 
oxygen in the aqueous phase (Katz and Rabinowitch, 1951; Duffet aL, 1999). 

It is apparent that the surface condition of the ZYI medium and the site-
specific water chemistry (e.g., dissolved oxygen, influent solution temperature 
and pH values, solution ionic strength, metal complexing agents, and a 
myriad of reactions to compete for the electrons released by corroding iron) 
all influence the probable success of ZVI for the treatment of contaminated 
groundwaters. Permeable reactive barriers, composed of ZVI, have been 
installed and operated at U.S. DOE sites located at the Y-12 plant in Oak 
Ridge, Tennessee, and at the uranium mill tails repository near Durango, 
Colorado. The ZVI medium is intended to remove select toxic solutes, espe-
cially soluble uranium, from contaminated groundwater. Core samples from 
these barrier installations were sampled after prolonged exposure to contam-
inated groundwater (~ 1.2 year of operation at the Y-12 site and up to 3 years 
of intermittent operation at the Durango site). Core samples were protected 
from exposure to the ambient atmosphere by packaging them in argon-
purged containers for shipment to an off'-site laboratory. The concern was 
to protect media from exposure to oxygen, which could alter the valence 
state of the treatment medium itself and of the metal contaminant deposits 
therein. 

X-ray photoelectron spectroscopy (XPS) is a surface-selective technique 
that provides information on the local chemical environment of near-surface 
elements. This technique has been used in previous investigations at our 
laboratory (Fiedor et aL, 1998) and elsewhere (Wersin et aL, 1994; Qiu et 
aL, 2000; Halada et aL, 2001) to monitor the valence state of surface-bound 
uranium. Samples for XPS were transferred from the protective inert atmos-
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phere within the shipping containers to a nitrogen-purged radiochemical 
glovebox and hence to the high-vacuum analytical instrument without inter-
mediate exposure to air. Iron on the media was found to be oxidized (i.e., no 
truly "zero valent" material remained at the near-surface due to corrosion by 
the groundwater; see Eq. (4)]. Sulfur was present in both reduced (sulfide) 
and oxidized (sulfate) forms, probably as amorphous ferrous sulfide and as 
calcium sulfate (gypsum). Uranium was present at the surface of the Y-12 
ZVI medium in a mixed valent state (i.e., it was at least partially oxidized). In 
contrast, uranium from the Durango cores was found to be essentially com-
pletely oxidized at the near-surface of the media. These findings suggest that 
the reaction depicted in Eq. (7) does not attain equihbrium under field phase 
contact conditions. 

In field appHcations of ZVI to treat contaminated groundwater, the 
buildup of certain mineral phases (e.g., due to precipitation of sparingly 
soluble metal sulfate, sulfide, and/or carbonate minerals) within the ZVI 
medium may cause plugging of solution flow or may physically block access 
to the reactive surface. Significant crystalline phases within groundwater-
exposed ZVI media were identified by X-ray diffraction (XRD) as synthetic 
iron, quartz (SiOi), calcite (CaCOs), and magnetite (Fe304). The bulk phase 
U concentration within ZVI media was relatively low (typically < 0.2 wt%, as 
estimated by radioactivity measurements and X-ray fluorescence), and no 
specific uranium phases were identified. 

11. FIELD SITE DESCRIPTIONS 

A. BEAR CREEK VALLEY AT THE Y - 1 2 PLANT IN OAK RIDGE, 

TENNESSEE 

The Bear Creek Valley (BCV) watershed is located within the U.S. DOE 
Oak Ridge Reservation and encompasses multiple disposal units containing 
hazardous and radiological wastes that originated from former operations at 
the Y-12 plant. At the S-3 pond area, operated from 1951 to 1984, liquid 
wastes, including depleted uranium in nitric acid solution, were disposed into 
unlined surface impoundments. The ponds were filled and capped in 1988; 
however, liquid wastes formerly disposed at the ponds have percolated into 
the surrounding subsurface, contaminating the groundwater. The ground-
water contaminant of principal concern for the protection of human health is 
soluble uranium [present as the uranyl ion [U02^"^) ]. A number of treatabihty 
studies were conducted to identify media with the potential to remove soluble 
uranium from representative site water compositions. Results indicated that 
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zero valent iron, as metal scrap or filings, was the most promising candidate 
among those media evaluated (SAIC, Phase 1 Report, 1997). 

A permeable reactive barrier (PRB), composed of ZVI filings poured into a 
subterrarium trench, was installed at the BCV migration pathway 2 site to 
intercept and treat contaminated groundwater. Water in this pathway, near 
the Y-12 S-3 site, is characterized by elevated uranium concentrations, but 
does not have the elevated levels of nitrate ion that occur in other site-contam-
inated groundwater. This PRB was sampled by MSE Technology Applica-
tions staff in February 1999 after ~14 months of exposure to relatively low 
levels of soluble U (generally < 1 mg/liter) in the influent groundwater. As 
described in Section III, sample cores were prepared and transported in a 
manner to minimize possible exposure to oxygen in ambient air. 

B . BoDO C A N Y O N SITE AT D U R A N G O , C O L O R A D O 

The Uranium Mill TaiUngs Remedial Action (UMTRA) Ground Water 
Program has been operating a PRB demonstration facility at the Bodo 
Canyon uranium mill tailing disposal site near Durango, Colorado, since 
October 1995. Chapter 15 describes the site and the configuration of PRB 
demonstration units. One unit, designated as PRB C, contained ZVI foam 
plates, operated intermittently for about 3 years and treated an estimated 
300,000 gallons of contaminated seep water before becoming plugged. PBR C 
was opened in July 1999, and treatment media were sampled extensively. 
Chapter 15 describes some analytical data obtained for the media. Duplicate 
samples, prepared and shipped in a manner to minimize possible exposure to 
oxygen in ambient air, were sent to the Materials and Chemistry Laboratory 
in Oak Ridge, Tennessee, for additional analysis, including determination of 
the valence state for near-surface deposits containing uranium. 

III. SAMPLING AND ANALYSIS METHODS 

A. SAMPLE COLLECTION 

Core samples from the Oak Ridge Y-12 site were collected from angle core 
holes oriented approximately perpendicular to the ZVI-filled trench and at a 
dip of approximately 60° from horizontal (Figs. 1 and 2). A GeoProbe 
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MSEFan2 QRNL Fan A 
ORNL Fan B , 

J • MSE 2-4 
' ORNL A-2 * 

MSE Fan 1 

, MSE 1-3 

Scale 1" = 10' 

Approximate Location of Iron Filled Gate 

Figure 1 Plan view of locations of core holes drilled at the Oak Ridge, Tennessee, Y-12 pathway 
2 permeable reactive barrier. With reference to this figure, the direction of general water flow is 
diagonal from upper right to lower left. Analysis of MSE Fans 1 & 2 are reported in this chapter. 
Adjacent area fans were collected for examination at the Oak Ridge National Laboratory 
(ORNL). 

MacroCore sampler system was used, with 3.8-cm {1% in.) outer diameter 
(OD) acrylic liners (section lengths ~ 1.2 m). Core samples were collected to 
encompass the upstream and downstream edges of the ZVI zone. The ends of 
each core sample liner were stuffed with plastic wrap and fitted with end caps 
promptly after they were removed from the trench. Liner caps were slit 
to allow the contents of the tubes to be purged with inert gas (argon) before 
resealing them with vinyl tape. The tape was color coded to identify "top" 
and "bottom" of the strike. The sealed hners containing the core samples 
and an inert blanket of argon gas were placed within argon-sparged 10-cm 
(4-in.) OD polyvinyl chloride (PVC) shipping tubes that were fitted with 
gas flow valves. Tubes containing the core samples were flushed with an 
additional three nominal bed volumes of argon before the valves were 
sealed. 

Samples from the PRB-C at Durango, Colorado, were collected in an 
analogous manner (see Chapter 15) in order to minimize exposure of media 
to air. The cores were removed from the ZVI strata with use of a handyman 
jack and subsequently placed in an argon-sparged shipping tube. Two sets of 
cores were collected: one from the approximately 1.3-m depth of the inlet 
baffle and one from the entire depth of the outlet baffle. The cores were 
shipped in ~ 0.6-m sections under an inert atmosphere. 

Upon receipt at the Materials and Chemistry Laboratory in Oak Ridge, 
Tennessee, the PVC shipping tubes were opened and the sealed core sleeves 
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MSE FAN 1 

Trench Centerline 

MSE 1-3 

Ground Surface 

Figure 2 Cross section of the first fan of core holes drilled at the Oak Ridge, Tennessee, Y-12 
pathway 2 permeable reactive barrier. The direction of general groundwater flow is toward 
the viewer. Within this fan, elevated levels of gross radioactivity (labeled "RAD") were only 
found in cores MSE 1-1A and 1-2, near the flow inlet interface with the iron medium. The second 
fan of core holes is similar (MSE Fan 2 not show). 

were removed promptly to a nitrogen-purged radiological glove box. The 
cores were opened within the glovebox, where samples of material were 
taken from along the length of the core. One set of samples remained with-
in the protective (anoxic) atmosphere of the glovebox, and a second set 
of subsamples was removed via the interlock to air dry. The protected 
samples were subsequently examined by XPS to determine the valence 
state, whereas the unprotected samples were examined by other analytical 
techniques that are not sensitive to the valence state of,the constituent 
elements. 
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B. RADIOLOGICAL SURVEY 

Air-dried subsamples of ZVI (1-3 g) were counted with use of a Tennelec 
Series 5 E gas proportional counter to profile the spatial distribution of radio-
activity (a and p particles) along a core sample. These types of low-energy 
radioactive particles are subject to self-shielding, and the measured activities 
were compared to reference materials prepared in-house with use of known 
amounts of uranyl nitrate to allow an approximate estimate of uranium con-
tent. 

C. SCANNING ELECTRON MICROSCOPY ( S E M ) W I T H 

ENERGY-DISPERSIVE X-RAY SPECTROSCOPY (EDS) 

SEM rasters a finely focused electron beam over the area to be imaged. The 
image (photomicrograph) is formed by either the collection of (inelastically 
scattered) secondary electrons (SE) or backscattered electrons (BSE). SE 
emission is determined to a large extent by the surface topography, whereas 
backscattered electron emission is determined largely by the compositional 
differences within the specimen. 

The image contrast of BSE is proportional to the atomic number of the 
elements present; deposits containing heavier elements, such as uranium, are 
identified readily by the relatively bright images produced (in phase-contrast 
to lighter element substrates). The images can be collected digitally to allow 
computer-assisted image analysis (e.g., morphology, feature analysis, particle 
size distributions). When the electron beam (typically 10-50 keV accelerating 
voltage) impinges on the sample, X rays representative of the elements present 
are also generated. The X-ray spectrum for the area rastered is analyzed by 
EDS. This elemental analysis can also be used to obtain elemental analysis of 
a small, discrete portion of the samples or to create X-ray dot maps (the image 
collected is an X-ray intensity distribution with the spatial resolution of the 
sample image). 

Two SEM-EDS systems were used in this investigation. The Hitachi S-
4500 system, with an attached PGT Prism detector, was used for morphology 
imaging. Due to image-forming electronics, the S-4500 system gives superior 
image resolution for magnetic substrates, such as ZVI filings. The Hitachi S-
5000 SEM, with associated Noran X-ray microanalysis systems, has superior 
sensitivity for some of the lighter elements of interest (e.g., C, N, O). Both 
SEM systems are capable of magnification up to approximately 1,000,000 x 
(i.e., to a spatial resolution down to ~ 6 A), although the magnetic character 
of the ZVI limited the resolution for morphology imaging with use of the 
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Hitachi S-5000 system. Conductive samples were analyzed in an uncoated 
condition, mounted on carbon tape. 

C. X-RAY DIFFRACTION 

XRD analyzes samples to determine the crystalline phases present in 
samples. X-ray diffraction data were obtained on a Phillips 3100 high-angle 
diffractometer using Cu Ka (X = 1.5418 A) radiation, typically operated at 
45 kV and 40 mA. Data were collected at a step rate of 0.02° 2 theta per 
minute. 

D. X-RAY FLUORESCENCE ( X R F ) 

XRF is a simple, nondestructive method for qualitative and quantitative 
analysis of the elemental composition in a material. Accurate quantitative 
analysis requires the preparation of standards in a matrix composition and 
morphology very similar to the sample being analyzed. In this investigation, a 
standardless matrix correction data reduction algorithm was used to provide 
a quantitative estimate for the composition of a sample. Our instrumentation 
is a Phillips PW-1480 X-ray spectrophotometer with sequential wavelength 
dispersive spectral analysis. 

E. X-RAY PHOTOELECTRON SPECTROSCOPY 

X-ray photoelectron spectroscopy, or electron spectroscopy for chemical 
analysis (ESCA), is a surface-sensitive spectroscopic tool that provides infor-
mation about the chemical state of elements located at the near-surface of a 
solid (effective sampling depth generally 10-100 nm). XPS data reflect the 
average surface composition over a relatively large area. 

Samples in the form of relatively coarse powders or particles were mounted 
on doubly sticky carbon tape in a glovebox that was maintained under a 
nitrogen pressure. Once mounted, the samples were placed in a transfer 
chamber that was placed in an N2-filled bag and subsequently transferred 
to the XPS sample chamber without exposure to air. XPS data were obtained 
using a Perkin Elmer physical electronics XPS system. For purposes of 
chemical state identification and for peak deconvolution and other math-
ematical manipulations of XPS data, detail scans must be obtained for precise 
peak location and for accurate registration of peak shapes (Wagner et al., 
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1979). The as-recorded spectrum was deconvoluted, smoothed, and shifted to 
compensate for charging effects; the energy shift was based on the adventi-
tious hydrocarbon C 1̂  photoelecton peak at a binding energy of 284.6 eV. 
Subsequently, the spectral contour was curve-fitted using the XPS system 
computer program. 

For low-concentration uranium samples (e.g., those received from the Y-
12 site), it was necessary to record the spectrum over a period of 3-4 h to 
improve photoelectron counting statistics. Long-term exposure of the 
samples to the X-ray beam at ultra high vacuum (5 x 10"^ torr) is a condition 
suggested to induce partial reduction of species such as U "̂̂  (Baer and 
Thomas, 1981; Wersin et al, 1994). Thus, the estimate of proportions of 
U'̂ + and U^+ originally present on the surface of the medium may be biased 
somewhat toward an overestimation of the reduced uranium component. 

The identification of chemical states depends primarily on the accurate 
determination of line energies. XPS spectra were curve-fitted by fixing the 
peak positions for the U "̂̂  and U "̂̂  components using reported literature 
values for these species. Data were fitted to U 4/photoelecton peaks by 
adjusting intensities and full width at half maxima (FWHM) until a reason-
able agreement with the as-recorded spectrum was achieved. 

IV. RESULTS 

A. OAK RIDGE, TENNESSEE, Y - 1 2 PATHWAY 2 PERMEABLE 

REACTIVE BARRIER 

1. Field Sampling 

Fan core samples were located in the trench so they would include the iron-
filled zone where it intercepted the contaminated groundwater, near sampling 
well DP-22 (see Figs. 1 and 2). Core MSB 1-1 intercepted only the fill above the 
ZVI trench and was discarded. No elevated radiation was associated with 
samples from this core. The second core series in fan 1 (core 1-1 A) intercepted 
the top of the ZVI zone of the trench with approximately 50% recovery of the 
iron material and 100% recovery of the backfill interfaces. Adjacent area core 
samples were collected for mineralogical examination at the Oak Ridge Na-
tional Laboratory ("ORNL fans," identified in Fig. 1) (see Phillips et aL, 2000). 

2. Distribution of Radioactivity 

Samples of core material were dried and crushed, and a and p particle 
activities were monitored with use of a Tennelec Series 5-E gas proportional 
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counter. The section of core 1-1A at 17 to 19.6 ft had associated radioactivity 
that was above background level (see Table I). Due to particle depth in the 
counter, the activity measurements in Table I are subject to self-shielding; by 
comparison to an in-house reference material [U^+ deposited on magnetite 
(Fe304) particles], the maximum measured radioactivity in core 1-1A (found 
at a distance of 15 cm) is estimated to be equivalent to ~ 0.14 wt% as U. 
Relatively lower levels of activity were also found in the 20 to 24-ft section of 
fan 1 core 1-2. The third core from fan 1 intercepted both soil interfaces and 
ZVI but had only background levels of radioactivity. Fan 2 core samples were 
taken "downstream" from fan 1 (see Fig.l), but contained minimal radio-
activity, with slightly elevated values detected within the 17- to 21-ft section 
(data not shown). 

3. X-Ray Diffraction Data 

A sample of "spent" (contaminant solution exposed) ZVI was collected 
from the 15-cm location of MSB core 1-1A (cf. Table I) and was examined by 
X-ray diffraction to identify crystalline phases that were present. Dominant 
phases identified were synthetic iron, quartz, calcite, and minor amounts of 

Table I 
Material Description and Radioactivity Estimates for Oak Ridge, Tennessee, Pathway 

2 Site Material Sampled from Core 1-lA, Fan 1, at 20 to 24 Feet 

Subsample (cm from top) 

5 

5 ( D / 

10 

15 

15(D) 

20 

20(D) 

25 

30 

35 

40 

Material 

ZVI + clay 

ZVI + clay 

ZVI 

ZVI 

ZVI 

ZVI 

ZVI 

ZVI 

ZVI 

ZVI 

ZVI 

PL (pCi /g) 

3.67 

2.95 

9.02 

37.7 

39.4 

9.09 

9.13 

0.98 

0.31 

0.01 

0.19 

P (pCi/g) 

49.7 

45.8 

107 

382 

381 

127 

98.5 

3.93 

1.52 

1.49 

0.75 

Total (pCi/g) 

53.4 

48.7 

117 

420 

420 

136 

108 

4.91 

1.83 

1.50 

0.94 

Distance (cm) from top end of core. 
Duplicate sample. 
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magnetite. Several minor XRD lines were not assigned to a specific phase. 
Some ferric mineral salts, such as carborfate (siderite) and the sulfides (mack-
anawite and troilite), often form amorphous or poorly crystalline phases that 
are not detected readily by the XRD technique. Phillips et al. (2000) examined 
companion core samples from the Oak Ridge, Tennessee, Y-12 installation 
and reported finding extensive deposition of poorly crystalline akaganeite ((3-
FeOOH) and goethite (a-FeOOH) throughout the barrier. Goethite sorbs 
(and desorbs) U^+ at near-neutral pH values (Giammer and Hering, 2001). 
Several minor U oxide phases are considered possible (judged by the criterion 
of having one or more major reference spectral lines detected, within meas-
urement uncertainty), but positive identification is not possible, as corrobor-
ating spectral features are obscured by the major constituents also present in 
the sample. 

We also examined a sample of material said to represent the as-received 
ZVI used to fill the treatment trench. Perhaps surprisingly, the as-received 
material appeared to have at least as much magnetite phase as the "spent" 
media. Odziemkowski et al. (1998) indicated that surface coatings of magnet-
ite form on ZVI over a period of time during anaerobic corrosion by the 
conversion of surface-bound Fe(OH)2 deposits. It is speculated that magnet-
ite may have formed on the as-received material due to the use of water 
quench of the recycled metal after first heating it to burn off surface deposits 
of oil. The "as-received" material also contained small amounts of hematite 
(a-Fe203). 

4. SEM-EDS Data 

We examined a sample of material said to represent the as-received ZVI 
used to fill the treatment trench. The material was noted to consist of highly 
irregular sizes and shapes, i.e., shavings and filings typical of recycled metal 
"scrap." Although predominantly ZVI (Fe with trace levels of Si), some 
particles were ferrous metal alloys (containing Cr, Mn), and there was even 
some small amount of nonferrous metal (Al) present. 

"Spent" ZVI material from the 15-cm location of MSB core 1-1A was 
examined by SEM-EDS to determine the major elemental composition. In 
addition to Fe, there are phases that contain Zn, S, CI, and Cu, as well as 
elements (Si, Al, K, Mg, etc.) associated with mica-quartz mineral assemblages. 

Uranium-containing deposits in the 15-cm core 1-1A material were located 
using the Hitachi S-4500 SEM and backscattered electron imaging (BEI). 
Most of the U-containing deposits were very small (e.g., ~ 1 to 30|xm in 
greatest dimension) and were distributed infrequently on the relatively large 
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ZVI substrate. This element of scale is apparent in comparing BSE images for 
a particle at a progression of magnifications, illustrated in Fig. 3. U-contain-
ing deposits are usually found in close proximity to surface deposits contain-
ing one or more of the elements Ca, S, C, O, Mg, Al, and Si. The latter groups 

(continues) 



12. Analysis of U-Contaminated ZVI Media 357 

Figure 3 (continued) 

Figure 3 Photomicrograph montage of BSE images at increasing magnification (bright image at 
7000X is an uranium-containing deposit). Material is from core 1-1A from the Oak Ridge, 
Tennessee, pathway 2 permeable reactive barrier. 
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of associated elements (with the possible exception of S) are not generally 
subject to reductive precipitation. 

5. XPSData 

Material from fan 1, core 1-1A was examined by XPS. Only the samples at 
15 and 20 cm from the top of the core had U that was detectable by this 
technique; this finding is consistent with the radioactivity estimates given in 
Table I. However, the relatively low U concentration in these samples chal-
lenged detection by the XPS technique, requiring long exposures (typically 3-
4 h) of the samples to the X-ray excitation beam at high vacuum in order to 
accumulate an interpretable spectrum. These prolonged beam exposures 
appear to artifactually induce a partial reduction of U^+, as evidenced by 
the XPS photoelectron peak shift observed for in-house reference material 
(low-level uranyl nitrate sorbed on magnetite) exposed under similar condi-
tions. Wersin et al. (1994) similarly reported a slight shift (0.2-0.4 eV) to lower 
energy (i.e., toward 11"̂ +) and a line broadening for the U 4/XPS photoelec-
tron peak of U^+ compounds upon continued exposure to ultrahigh vacuum 
and the X-ray beam. 

The curve-fitted XPS spectrum for the anoxic 15-cm sample from fan 1, 
core 1-1A is illustrated in Fig. 4. Note that K in the sample contributes to the 
composite photoelectron peak envelope, with the K 2s peak (at 377.9 eV) 
partially overlapping the U 4/7/2 photoelectron peak for U'*^ (at 379.8 eV). 
After curve-fitting and peak deconvolution, U in the anoxic sample is 

393.7 392.1 390.5 388.8 387.2 385.6 384.0 382.4 380.7 379.1 377.5 
Binding Energy, eV 

Figure 4 Curve-fitted XPS spectrum for the anoxic 15-cm subsample from the core 1-1 A, fan 1, 
20-24 ft, Oak Ridge, Tennessee, pathway 2 site. 



12. Analysis of U-Contaminated ZVl Media 359 

determined to contain approximately equal amounts of U'*+ (~55%) and U^^ 
(~45%). A duplicate sample of material from the same location in the core 
had been removed previously from the protective environment of the glove-
box and allowed to air dry. This oxic sample was found by XPS to contain 
predominantly U "̂̂  (~80%). As indicated previously, long exposure of the 
sample to the X-ray beam is believed to induce a partial reduction of U in 
both oxic and anoxic samples of material. The observation that U in the oxic-
exposed sample was significantly more oxidized than the anoxic sample 
suggests that U present in the "as-found" (anoxic) material was at least 
partially reduced when it was collected (i.e., it is a mixed valent deposit). 

Other elements present on the media surface, as identified by XPS meth-
odology, include Si, Al, Ca, and K, suggesting the presence of a clay-like 
material interspersed with the scrap iron in the trench. Much of the Ca 
appears to be present as the minerals calcite and/or aragonite (CaCOs) 
based on the C peak at 289 eV. Iron photoelectron peaks in XPS spectra fit 
an oxidized form such as Fe203, Fe304, or FeO(OH), but no Fe^ is observed. 
Sulfur (S) is present at the near-surface in all of the core 1-1A samples 
examined. The photoelectron peak-binding energies observed are consistent 
with the presence of sulfide deposits, possibly iron sulfides. 

B. DuRANGO, C O L O R A D O , B O D O C A N Y O N PERMEABLE 

REACTIVE BARRIER 

1. Field Sampling 

Chapter 15 describes the construction of PRBs installed at the uranium 
mill tailings repository near Durango, Colorado. PRB C was opened in July 
1999, and samples were obtained, as described in Chapter 15, and split 
samples of the core material (ZVI foam plates, manufactured by Cercona of 
America, Dayton, OH) were sealed in plastic tubes under an Ar environment 
for shipment and subsequent examination at the Materials and Chemistry 
Laboratory in Oak Ridge, Tennessee. 

2. Select Data for Core Samples 

Table II summarizes select data for crushed samples of PRB C core 
material (black in color). The XRF estimate for U in the core samples is 
comparable to the mean values reported in Chapter 15 for similar material 
from this PRB. A comparison of gross activity values reported in Tables I and 
II indicates that the average loading of U in the Durango, Colorado, PRB C 
cores is significantly greater than that observed for the Oak Ridge, Tennessee, 
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pathway 2 PRB. Note that the gross activity measurements for the PRB C 
material reported in Table II are for gas proportional counting of emitted a 
and p radiation; measurement of this weak radiation is subject to self-
shielding by the irregular geometry of the material counted. By comparison 
to the corresponding activity measured for an in-house reference material, 
median gross activities for the samples reported in Table II range from 
~ 0.03 wt% U (sample 99-0159) to - 0.14wt% U (sample 99-0160). Chapter 
15 also reports activity measurements for similar material as determined by 7 
spectroscopy (penetrating radiation, thus less susceptible to self-shielding); 
their reported 7 activity data for PRB C material yield computed estimates 
for wt% total uranium within the medium ranging from ~ 0.01 to 0.21 wt%. 

Subsamples were taken of core material, dried, and ground. A semiquan-
titative survey by SEM-EDS indicated that the samples contained Fe, Al, Si, 
S, Ca, Cu, and V. Quantitative estimates for constituents in two of the core 
material samples, expressed as oxide equivalents, are presented in Table III. 
These elemental compositions for PRB C material are similar to those 
reported in Chapter 15. 

Samples of crushed core material were examined by XRD. Synthetic iron 
was by far the predominant phase, with other crystalline phases as minor 
constituents. Iron oxide phases included hematite, magnetite, and possibly 
wustite. A sample taken from the middle portion of the inlet end of core 2 
(MCL sample ID 99-0160; see Table II) contained the phases quartz (SiOi), 
gypsum (CaS04 • 2H2O), calcite (CaCOs), hematite, and magnetite. Some 
very minor lines are also present; these are not assigned to a specific phase, but 
are possibly due to clay-like (aluminosilicate) material used as a binder in the 
manufacture of ZVI foam. 

3. XPS Data 

The relatively higher U content and the more uniform particle size for the 
crushed ZVI foam specimens allowed XPS spectra to be accumulated more 

Table II 
Select Data for Core Samples Taken from Durango, Colorado, PRB C 

MCL sample 

99-0159 

99-0161 

99-0160 

99-0162 

ID Description 

1st core, bottom, inlet side 

1st core, outlet 

2nd core, inlet 

2nd core, outlet, bottom 

Gross activity (pCi/g) 

350 

191 

1030 

654 

Total U by XRF (wt%) 

ND^ 

ND 

0.174 

0.073 

Value not determined. 
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Table III 

XRF Data (Calculated as wt% Oxides) for Durango, Colorado, PRB C Cores 

Species 

N a 2 0 

MgO 

AI2O3 

Si02 

SO3 

CI 

K2O 

CaO 

Ti02 

V2O5 

Cr203 

MnO 

Fe203 

C03O4 

NiO 

CuO 

ZnO 

AS2O3 

Se02 

ZrOs 

M0O3 

Sn02 

BaO 

U3O8 

Sample 99-0160 

1.48 

0.05 

6.68 

10.71 

7.84 

0.014 

0.02 

3.14 

< 
2.77 

0.28 

0.97 

64.32 

0.03 

0.07 

0.08 

0.41 

0.03 

0.04 

0.03 

0.09 

< 
0.03 

0.23 

Sample 99-0160 D"" 

1.66 

<' 
6.36 

11.01 

6.61 

< 
0.02 

2.69 

< 
2.25 

0.29 

1.00 

66.74 

0.05 

0.07 

0.07 

0.29 

0.02 

0.03 

0.02 

0.05 

< 
< 

0.18 

Sample 99-0162 

1.30 

< 
6.15 

11.78 

5.77 

0.017 

0.06 

9.02 

0.07 

0.95 

0.23 

0.78 

66.62 

0.03 

0.07 

0.12 

0.07 

< 
< 
< 

0.08 

0.01 

< 
0.09 

Duplicate sample. 
Not detected. 

rapidly than was the case for Oak Ridge, Tennessee, pathway 2 PRB material. 
The shorter exposure to the conditions of the X-ray beam and high vacuum is 
expected to minimize the artifactual reduction of U within the instrument. 
Figure 5 presents a composite overlay for XPS spectra obtained on Durango, 
Colorado, PRB C core samples. All specimens examined (including sample 
99-0160, both air-excluded and air-exposed material) are consistent with U 
being present nearly exclusively as the oxidized species, U^" .̂ 
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Figure 5 Composite overlay for XPS spectra obtained on Durango, Colorado, PRB C core 

samples. All specimens examined (including sample 99-0160, both air-excluded and air-exposed 

material) are consistent with U being present as U^+. 

Other surface species identified by XPS (for anoxic sample 99-0161) 
included oxidized Fe at -711.5 eV, and S peaks centered at - 161.8 eV 
(probably sulfide species) and at ~ 169.0 eV (probably sulfate species), with 
the "sulfide" (reduced S) species predominant by a factor of nearly fourfold. 
Other surface features identified included Ca and weak intensity peaks for Si 
and Al. 
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V. DISCUSSION 

We have examined core samples of PRBs, composed of ZVI, obtained 
from U.S. DOE sites located at the Y-12 Plant in Oak Ridge, Tennessee, and 
at the uranium mill tails repository near Durango, Colorado. ZVI media from 
these barrier installations were sampled after prolonged subterranean expos-
ure to U-contaminated groundwaters. 

Material from both installations had some similar properties. First, re-
gardless of the probable precipitation mechanism(s) (e.g., reduction, sorp-
tion, or coprecipitation), the average deposition of U (the contaminant of 
principle concern) within the media is relatively modest {e.g., < 0.2 wt% U for 
the more heavily laden Durango core material; see Table II). This value for U 
within the ZVI medium itself can be compared to the reported value of up to 
2.1 wt% U in the oxidized corrosion product "slime" collected at the inlet side 
to one of the Durango, Colorado, PRBs (see Chapter 15). Giammer and 
Hering (2001) indicated that oxidized iron phases such as goethite may sorb 
>1 wt% U at near-neutral pH values. Deposition of U within the PRE at 
Oak Ridge, Tennessee, was more modest, with a maximum value estimated 
at ~ 0.14 wt% U, confined to a small portion of one core, near the contamin-
ated water inlet (see data. Table I). 

A second noteworthy feature is the extensive deposition of mineral phases 
within the ZVI, including amorphous iron sulfide and iron oxyhydroxide, and 
crystalline calcite and gypsum. Gypsum was much more prevalent in the ZVI 
from the Durango site, where the groundwater contained high levels of 
sulfate ion. These and similar mineral phases within ZVI PRB materials 
have also been observed by Phillips et al. (2000) for the Oak Ridge, Tennessee, 
installation (see Fig.l) and by Morrison et al. (2001; Chapter 15), for the 
Durango, Colorado, installation. 

A third observation is that U deposited within the ZVI remains at least 
partially oxidized. This latter observation may be somewhat controversial in 
view of the predicted thermodynamic equilibrium outcome presented in Eq. 
(8) and is discussed further. 

Fiedor et al. (1998) conducted a carefully controlled series of experiments 
in which ZVI coupons were exposed for various time intervals to synthetic 
groundwater. For the anoxic condition, the solution was purged with nitro-
gen containing 20% CO2. The CO2 gas maintained relatively constant values 
for solution phase pH (~ 6.5) and the bicarbonate ion concentration during 
the experiment, favoring the formation of soluble uranyl carbonate com-
plexes (Meinrath et al., 1996). Carbonate complexation renders uranyl ion 
soluble even under fairly strong reducing conditions (e.g.. Eh = —0.1 V; see 
Bodek et al., 1988). Soluble U was removed relatively rapidly under oxic 
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conditions (i.e., when air was added to the purge gas mixture), with U^+ being 
bound to detached corrosion products ("rust"). Under anoxic conditions, 
soluble uranium was removed comparatively slowly, but U remained present 
on the metal coupon surface in the form of a mixed-valent U deposit (as 
identified by XPS). When the coupon with mixed valence U oxide was 
removed from the instrument and exposed to ambient atmosphere for several 
hours, the U phase became more oxidized. These observations are similar to 
those reported by Grambow et al. (1996), who suggested that U "̂̂  in anaer-
obic brine is initially sorbed to magnetite and is then slowly and incompletely 
reduced at the iron surface. Analogously, Wersin et al. (1994) reported on the 
kinetically slow partial reduction of U^+ to U "̂̂  at the surface of sulfide 
minerals under strongly reducing anoxic conditions. The latter authors con-
cluded that the reduction of U is controlled kinetically and not thermo-
dynamically. 

A more recent investigation by Qiu et al. (2000) on the removal of 
contaminants from anoxic aqueous solution by reaction with iron surfaces 
under controlled conditions concluded that partially reduced Se'*"̂  and Cr̂ "̂  
are absorbed on the metal surface, whereas U is deposited as U^+, i.e., 
without reduction. However, it may be noted that the authors maintained 
anoxic conditions by purging the solution with N2 only (no added CO2 to 
buffer the solution pH or to produce carbonate ion to keep uranyl ion in 
solution phase). Thus it is possible that the "unusually thick" deposit of U^+ 
observed on the Fe foil could be hydrolyzed uranyl ion, formed as the 
solution pH increases due to anaerobic corrosion of the Fe substrate [see 
Eq. (5)]. 

In contrast to the studies cited above, Gu et al. (1998) examined ZVI that 
had been batch contacted with a high concentration of uranyl ion and 
concluded that reductive precipitation caused by the ZVI was the predomin-
ant mechanism for the removal of soluble U. The supporting evidence cited 
for this conclusion was that excitation of the solid surface with ultraviolet 
radiation did not stimulate the visible fluorescence emission characteristic of 
many hydrous U "̂̂  minerals. However, Morris et al. (1996) reported that 
sorption of U^+ onto iron oxyhydroxide surfaces deactivates (quenches) the 
usual uranyl ion fluorescence. Additionally, the redox condition at near-
neutral pH values favors the oxidation of U "̂̂  by Fê "̂  (Rao and Sagi, 
1962). 

Amadelh et al. (1991) reported that photoreduction of uranyl solutions on 
Ti02 yields a mixed valent uranium oxide, with a stoichiometry close to UsOg 
(the latter would be a nonfluorescent compound). However, Adeloulas et al. 
(1999b) concluded that the reduction of U^^ by ZVI yields a poorly crystal-
lized hydrated uraninite, UO2 • «H20. [Note that amorphous UO2 is 
reported to be as much as five orders of magnitude more soluble than the 
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crystalline form (Bodek et al, 1988).] An amorphous uraninite may be 
susceptible to oxidation at the solid-liquid interface, and thus may appear 
to be partially oxidized by a surface-sensitive analytical technique, such as 
XPS. Indeed, natural and synthetic UO2 typically has a partially oxidized 
surface coating (Duff ^̂  al, 1999). 

Given the aforementioned discussion, it is therefore not unexpected that U 
deposited on ZVI media under actual field service conditions would appear to 
be at least partially oxidized. A perhaps greater concern for the use of ZVI in a 
PRB to remove soluble U may be whether the surface deposition of various 
mineral phases during prolonged exposure to the aqueous system will ultim-
ately limit its effectiveness by blocking access to reactive sites. 
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Design and Performance of a 
Permeable Reactive Barrier for 
Containment of Uranium, 
Arsenic, Selenium, Vanadium, 
Molybdenum, and Nitrate at 
Monticello, Utah 

Stan J. Morrison,* Clay E. Carpenter,* Donald R. Metzler,^ Timothy R. 
Bartlett,* and Sarah A. Morris* 
*Environmental Sciences Laboratory/ Grand Junction, Colorado 81503 
^U.S. Department of Energy, Grand Junction, Colorado 81503 

A permeable reactive barrier (PRB) was installed at a site near Monticello, 
Utah, in June 1999 to remediate contaminated groundwater at a former 
uranium-processing mill. Laboratory and field column tests were used to 
evaluate reactive materials. Zero valent iron (ZVI) was selected for the instal-
lation because it effectively removes contaminants (arsenic, molybdenum, 
nitrate, selenium, uranium, and vanadium) present in the groundwater at 
this site and is available in large quantities at low cost. The PRB is 31 m long 
and contains 251 metric tons of ZVI. The installation includes slurry walls 
that direct contaminated groundwater in an alluvial aquifer through the 
PRB. The PRB was keyed at least 0.3 m into impermeable bedrock. After 
1 year of operation, effluent from the PRB continued to meet regulatory 
concentration goals for all contaminants. Low iron (Fe) concentrations in 

^Operated by MACTEC Environmental Restoration Services for the U.S. Department of 
Energy Grand Junction Office. 
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effluent from the PRB contrasted with high Fe concentrations (30 mg per 
hter) in effluent from column tests. The difference is explained by the longer 
residence times in the PRB that led to higher pH values and precipitation of 
Fe(OH)2. Groundwater mounded immediately upgradient of the PRB. The 
mounding resulted partly from a reduction in the width of the alluvial aquifer 
because of the impermeable slurry walls and possibly because of a zone of 
decreased permeability caused by steel sheet pile installation during PRB 
construction. The mounding appears to have stabilized and has not reached 
the ground surface. Results of tracer tests and downhole flow measurements 
suggest that groundwater is flowing though the PRB at nearly the average 
linear design velocity of 5.7 m per day. 

I. INTRODUCTION 

A uranium (U)-contaminant plume resulting from the processing of uran-
ium- and vanadium-bearing ore at the Monticello Mill Tailings site, near 
Monticello in southeastern Utah, has migrated about 2400 m through an 
alluvial aquifer, contaminating about 3.7 x lO^m^ of groundwater (Fig. 1). 
Arsenic (As), molybdenum (Mo), selenium (Se), and vanadium (V) derived 
from the ores and nitrate (NO3) that was used in the milling operations have 
also contaminated the groundwater. Unacceptable risks to humans and 
animals could occur from chronic exposure to this contaminated ground-
water. Because of the potential adverse health effects, the Monticello Mill 
Tailings site was placed on the national priorities Hst in 1989 and is being 
remediated in accordance with the U.S. Environmental Protection Agency 
(EPA) Comprehensive Environmental Response, Compensation, and Liabil-
ity Act. The U.S. Department of Energy (DOE), EPA, and the state of Utah 
entered into a federal facilities agreement that specifies DOE as the lead 
agency and gives oversight authority to the EPA and the state of Utah. 

In September 1998, a record of decision for an interim remedial action was 
signed by DOE, EPA, and the state of Utah for the Monticello Mill Tailings 
site. The interim remedial action, in part, specified installation of a permeable 
reactive barrier (PRB) for in situ treatment of contaminated groundwater. 
The PRB was installed in June 1999 and will be evaluated during a 5-year 
interim period as part of the final site remedy. 

At the time of installation, the only other widely used groundwater cleanup 
technology involved extraction of the groundwater, ex situ treatment, and 
discharge or reinjection, a strategy often referred to as pump and treat. Pump-
and-treat systems are costly and have generally failed to achieve regulated 
concentration limits (National Academy of Sciences, 1994). Therefore, a 
lower cost, more effective solution was sought. 



Figure 1 Geologic map showing locations of uranium plume, Montezuma Creek, and tailings pile before remediation of the Monticello Mill Tailings 
site and installation of a permeable reactive barrier in southeastern Utah. 
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By 1999, more than 40 PRBs had been installed at other sites, primarily for 
the remediation of groundwater contaminated by chlorinated organic solv-
ents (Scherer et ai, 2000), and PRBs to treat U-contaminated groundwater 
had been installed at three sites. The first PRB to treat U-contaminated 
groundwater was installed at Durango, Colorado, in October 1995 (see 
Chapter 15); three PRBs, each with a different reactive material, were in-
stalled at Fry Canyon, Utah, in September 1997 (see Chapter 14); and two 
PRBs were installed at the Oak Ridge National Laboratory, Tennessee, in 
November and December 1997 (see Chapter 12). Analyses of groundwater 
samples exiting these PRBs indicate that zero valent iron (ZVI) removed U 
and associated contaminants from groundwater, but the monitoring periods 
were too short to evaluate long-term performance. 

This chapter presents results of tests that preceded the decision to install a 
PRB at Monticello and an assessment of PRB performance after about 1 year 
of operation. Analytical results obtained during operation of the PRB at 
Monticello can help determine the feasibility of PRB installations for the 
remediation of groundwater at numerous industrial sites, weapon production 
facilities, and base metal mine and mill sites worldwide. 

11. SITE DESCRIPTION 

A. FORMER URANIUM-PROCESSING MILL SITE 

The Monticello mill processed U and V ores from the mid-1940s until 
1960. Approximately 1 million metric tons of U ore was processed, and the 
resultant tailings were impounded at four locations on the 31-ha (Fig. 1). 
Much of the waste material was slurried to impoundments, and the wastes 
were in direct contact with the shallow aquifer in some areas, resulting in 
significant contamination of the groundwater. 

From July 1997 to September 1999, 2.5 million m^ of tailings and contam-
inated soil was relocated from the site to an engineered repository constructed 
0.8 km south of the mill site. During tailings removal, large areas of the site 
and the alluvial aquifer were excavated to bedrock to ensure that the site was 
cleaned up to the mandated regulatory levels. Much of the alluvial aquifer 
was rebuilt using clean gravel by December 2000. 

B. SITE GEOLOGY AND GEOHYDROLOGY 

The Monticello Mill Tailings site is located within the valley of Monte-
zuma Creek. Perennial flow in the creek is about 28 liters/s and is regulated at 
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the Monticello Reservoir 2.4 km west of the mill site. The watershed of the 
creek includes part of the Abajo Mountains that rise to 3350 m several 
kilometers farther west. Remedial action significantly modified the aUgnment 
and elevation of the creek from its original position on the mill site and in the 
area of the PRB. 

Permeable sand and gravel within the buried paleo-channel of the creek 
constitute a shallow, unconfined aquifer (alluvial aquifer) beneath the site. 
Abundant cobbles and up to 15% silt and clay are also present in the alluvium. 
The paleo-channel is about 135 m wide near the PRB and controls most or all of 
the groundwater flow from the Monticello mill site (Fig. 2). Depth to bedrock 
ranges from about 3 to 10 m. Groundwater flows in the alluvial aquifer east 
and southeast down the valley from the mill site. The alluvial aquifer pinches 
out against hill-slope coUuvium and bedrock flanking the valley. Thin, inter-
mittent lenses of groundwater occur in colluvial deposits north of the alluvial 
aquifer and at the PRB site. This groundwater, which originates from the 
irrigation of farm land and other sources not related to the miU site, flows into 
the alluvial aquifer. 

Low-permeability mudstone and siltstone beds of the Dakota Formation 
underlie the alluvial aquifer and isolate it from a deeper aquifer. The bedrock 
erosional surface at the base of the alluvial aquifer near the PRB slopes gently 
east to southeast and is relatively flat with mild undulations to 1 m. Saturation 
in the alluvium ranged from about 1 to 2 m before remediation of the area; 
depth to groundwater beneath the valley floor ranged from about 2 to 3 m. 

sw 

Terrace alluvium 

Dakota Formation 

Permeable gate Slurry wall 

Figure 2 Southwest-northeast geologic cross section along the line of permeable reactive barrier 
orientation, view to the northwest, near Monticello, Utah. Montezuma Creek has been diverted 
from the locations shown in Fig. 1. 
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Large-scale aquifer dewatering operations and creek diversions between 
spring 1999 and fall 2000 affected groundwater flow throughout the PRB 
area. Reconstruction of the alluvial aquifer and creek has been completed and 
all water diversion has ceased. The amount of groundwater flowing into the 
mill site area (about 380 liters/min) has probably not been altered by con-
struction activities. However, the creek bed has been lowered in elevation, 
which may reduce the volume of groundwater that enters the PRB area. Prior 
to remedial actions, groundwater flow to the PRB area was estimated to be 
about 189 liters/min. 

C. GROUNDWATER GEOCHEMISTRY AND 

SITE-RELATED CONTAMINANTS 

Mill-related contaminant concentrations in groundwater samples col-
lected hydraulically upgradient of the PRB and preliminary remediation 
goals (PRGs) for contaminants at the Monticello Mill Tailings Site are 
presented in Table I. PRGs were proposed to EPA and the state of Utah 
and will be finalized in the record of decision. The concentrations of four 
contaminants (NO3, Se, U, and V) exceeded the PRGs in the groundwater. 

Calcium (Ca) is the dominant cation in the alluvial groundwater upgradi-
ent of the mill site. Anions are generally dominated by sulfate (SO4), but 

Table I 

Monticello Mill-Related Contaminant Concentrations in Groundwater Upgradient of 
the Permeable Reactive Barrier (PRB) and after Exiting the PRB and Preliminary 

Remediation Goals (PRG) Established for the Site 

Contaminant 

Arsenic 

Manganese 

Molybdenum 

Nitrate 

Selenium 

Uranium 

Vanadium 

Upgrad ient concentration 
(M.g/liter) 

10.3 

308 

62.8 

60,720 

18.2 

396 

395 

Concentration exiting the PRB 
(fxg/liter) 

<0.2 

177 

17.5 

<65.1 

0.1 

<0.24 

1.2 

PRG 
(jxg/liter) 

50 

730 

100 

44,000 

10 

44 

260 

Concentrations are from the October 2000 sampling. Upgradient concentrations are mean 
values for samples from five wells located 1 m upgradient of the PRB; concentrations exiting 
the PRB are mean values for samples from five wells located on the downgradient portion 
of the PRB. 
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bicarbonate is abundant. Alkalinity, SO4, Ca, and sodium (Na) average 
about 250mg/liter as calcium carbonate (CaCOs), 500, 250, and 40mg/liter, 
respectively. The total dissolved solids concentration is about lOOOmg/liter, 
pH is about 6.8, Eh is about 370 mV, and dissolved oxygen is about 6mg/H-
ter. Some of these values have been altered substantially by mill site oper-
ations and subsequent remediation activities. In particular, dissolved oxygen 
and oxidation-reduction potential for groundwater influent to the PRB are 
about 0.4 mg/liter and 80 mV, respectively, having been altered during oper-
ation of the mill. 

III. LABORATORY AND FIELD TESTS 

Laboratory batch tests were conducted on 14 sorbents containing amorph-
ous ferric oxyhydroxide (AFO), phosphate, activated carbon, humate, or 
magnetite. Distribution ratios for the sorbents were all less than 1000 miUi-
liters ml/g, suggesting that they may not be cost effective for the PRB. Flow-
through experiments were conducted in small (150-mm-long by 15-mm-
diameter) glass columns with five types of ZVL In some experiments, ZVI 
was combined with limestone, cement, or magnesium hydroxide (Mg[OH]2) 
to lower the iron (Fe) concentrations in column effluents by increasing the pH 
values. Groundwater collected from well 92-11 (Fig. 1) was used in the 
laboratory experiments. Uranium concentrations were typically less than 
1 |xg/hter in effluents from columns of ZVI operated for as many as 219 
pore volumes. The results of these experiments led to the decision to use 
ZVI in the PRB; in addition to the effectiveness of ZVI in removing the 
contaminants, it is inexpensive and readily available. To determine the effec-
tiveness of several types of ZVI with conditions as close to in situ as possible, 
larger scale column experiments were conducted at the field site with ground-
water collected from well 88-85 located near the PRB site (Fig. 1). 

Columns 1.2 m in height and 10 cm in diameter were used for the field tests. 
Groundwater was piped from well 88-85 (Fig. 1) through columns set up in a 
trailer 3 m away. Groundwater from well 88-85 was similar in major ion 
chemistry to that in well 92-11 used for the laboratory study (total dissolved 
solids of 2290 mg/liter in 88-85 compared to 2520 mg/liter in 92-11). Field 
tests were used to confirm laboratory results and to determine the design 
parameters more accurately. Five different types of ZVI supplied by four 
vendors were used in the tests. The five types of ZVI performed similar to one 
another, thus results of only one column containing one type of ZVI are 
presented. This column contained 16.7 kg of ZVI (mesh —8/+18) and had 
52% porosity. Groundwater flux ranged from 20 to 80 ml/min, resulting in 
residence times ranging from 1 to 4 h; the residence time expected in the PRB 
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was about 20 h. The pH value increased from about 6.8 in the influent to 7 in 
the effluent, Eh decreased from about 100 mV to — 170mV, and alkalinity 
decreased from about 350 to 250mg/liter as CaCOa. 

Reactions with the ZVI were relatively fast. Analytical results of samples 
collected from ports placed along the column indicate that concentrations of 
As, Se, U, and V decreased to their effluent values within 15 cm of the inlet, 
corresponding to a residence time of 21 min (Fig. 3). Molybdenum and NO3 
reactions were slower; their concentrations decreased to the effluent values 
within 33 cm from the inlet, corresponding to a residence time of 45 min. 
These samples were collected after about 54 pore volumes and after some of 
the ZVI in the lower portion of the column was no longer effective. In other 
experiments that used fresh ZVI, residence times required for nearly complete 
removal of U and V were often less than 6 min. 

Nearly 100% of the U and V; 70 to 80% of the Se, Mo, and As; and 60 to 
100% of the NO3 were removed from the groundwater throughout most of 
the experiment (Fig. 4). Some of the variation was due to changes in the flow 
velocity; slower flow rates resulted in increased removal efficiency. The results 
were encouraging and led to a decision to proceed with installation of the 
PRB. 

100 1,000 
Concentration {figl\) 

10,000 100,000 

Figure 3 Contaminant concentrations along the flow path in the ZVI column; samples collected 
after 54 pore volumes at a groundwater flux of 31 ml/min. Preliminary remediation goals are 
shown in parentheses. 
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Figure 4 Contaminant concentrations in effluents from field column tests (influent concen-
trations are in parentheses) near Monticello, Utah. 

Reaction of the groundwater with ZVI also caused some undesirable 
effects. Iron was observed in the effluent in concentrations that averaged 
20mg/liter and were as high as 32mg/liter (Fig. 5). These concentrations 
exceeded a risk-based goal of l lmg/li ter and exceeded the concen-
tration (about 1 mg/liter) that causes red coloration in the water. Manganese 
(Mn) was also released from the ZVI with the maximum Mn concentration 
(3 mg/liter) occurring in the first effluent sample; however, its concentration 
decreased rapidly (Fig. 5). Manganese is a trace component of ZVI and is 
likely released from dust particles in the early stage of column operation. 

Changes in major ion concentrations between influent and effluent samples 
were also measured to assess the amount of mineral matter that precipitated 
in pore spaces. As minerals accumulate in pore spaces of the ZVI, perform-
ance may decrease because groundwater will increasingly flow under or 
around the PRB. More pore space is occluded by the deposition of minerals 
containing major elements than from minerals containing the contaminants 
because of higher concentrations of major elements in the groundwater. 
Average Ca concentrations decreased from about 325 mg/liter (S.lmmol) 
to 250 mg/liter (6.3mmol), and dissolved inorganic C (calculated from 
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10 

300 
Pore volumes 

Figure 5 Iron and Mn concentrations in field column test effluents near Monticello, 
through August 1998. Samples were acidified and unfiltered. 

alkalinity) decreased from about 84mg/liter (T.Ommol) to 60mg/liter 
(S.Ommol) as the groundwater passed through the field columns. The de-
creases in Ca and alkalinity indicate that CaCOs was accumulating in the 
column. Sulfate showed no decrease in concentration, indicating little or no 
precipitation of sulfur-bearing minerals. 

IV. PERMEABLE REACTIVE BARRIER DESIGN 

A. HYDRAULICS 

Flow modeling was conducted with MODFLOW (McDonald and Har-
baugh, 1988) and MODPATH (Pollock, 1989) to predict (1) the extent of 
groundwater mounding upgradient of the PRB, (2) capture efficiency of the 
PRB relative to its orientation in the plume, and (3) flow velocity through 
the PRB. The PRB and the slurry wall system were designed to capture 
nearly the entire flux of groundwater leaving the mill site in the alluvial 
aquifer. The position of the creek in the model was based on preliminary 
design specifications for restoration of the mill site. 
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The groundwater flow model (without the PRB or the slurry walls) was 
cahbrated to water level data collected throughout the plume area before 
remedial action at the mill site. The resulting hydraulic conductivity of the 
alluvial aquifer was about 0.01 cm/s, which is consistent with pump test data. 
This model was used to predict steady-state water table configurations for 
various PRB and slurry wall designs. Modeled groundwater flux at the 
proposed location of the PRB was 189 liter/min. Variables tested in the 
predictive models were length, orientation, and position of the slurry walls 
and the hydraulic conductivity, thickness, and position of the PRB. The 
model that best represented the installed system predicted a 0.6- to 0.9-m 
water table rise in an area extending not more than about 135 m hydraulically 
upgradient of the PRB. Mounding under this scenario was not expected to 
reach the ground surface. The length and width of the modeled PRB were 30 
and 3 m, respectively; the model used a hydraulic conductivity of 0.03 cm/s 
for ZVI, which was similar to permeameter test results. Slurry walls were 
represented as impermeable vertical barriers that extended north and south 
from the PRB to the boundaries of the alluvial aquifer. 

B. WIDTH O F PERMEABLE REACTIVE BARRIER 

The design width (dimension in the direction of groundwater flow) of a 
PRB is often based on the amount of groundwater contact time required for 
ZVI to reduce concentrations of contaminants to acceptable levels. This 
contact time is referred to as residence time. The residence time of many 
hours is commonly required for halogenated organic compounds. In con-
trast, U and other site- related contaminants (As, Mo, NO3, Se, and V) in the 
Monticello groundwater reacted rapidly with ZVI in column tests; concen-
trations of most contaminants decreased to acceptable levels in less than 
6 min. 

The flux of groundwater through the PRB was estimated at 1891iter/min 
based on groundwater flow model results. The flow model also predicted a 
saturated thickness of 3 m, resulting in a cross-sectional area of 93 m^. Using 
these values and a porosity for ZVI of 0.5 (an average value from multiple 
measurements), the 6-min residence time for U would require the PRB to be 
only 2.5 cm wide. Although some of the other contaminants required slightly 
longer residence times, it was apparent that a thin PRB would be acceptable if 
residence time was the only factor that needed to be considered. 

Because residence time in the PRB decreases with ZVI dissolution, a 
thicker PRB is required than is predicted by residence time only. The effect 
of ZVI loss was estimated based on the average effluent Fe concentration 
(30mg/liter) in the field column tests. Some of the Fe (perhaps most) would 
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reprecipitate within the PRB; however, it was assumed that these secondary 
Fe minerals would not further reduce contaminant concentrations in the 
groundwater. On the basis of the groundwater flux rate (189hter/min), the 
1.2-m width of ZVI would be depleted in 117 years. Permeability reduction 
caused by mineral precipitation and loss of reactivity from passivation of ZVI 
surfaces will also decrease longevity, but no reliable methods were available 
to evaluate these processes. These factors need to be better understood to 
accurately predict long-term PRB performance. 

The PRB was constructed with 1.2 m of 100% ZVI to accommodate ZVI 
loss for 117 years and because this width was amenable to the construction 
practices used. Gravel zones (0.5 m wide) were designed upgradient and 
downgradient of the 100% ZVI zone to help distribute groundwater flow 
through the system (Fig. 6). Upgradient zones included 13%o (by volume) ZVI 
to initiate oxygen and mineral removal. The gravel zone was intended to 
extend the life of the PRB by providing additional pore space to accommo-
date mineral precipitates. The downgradient gravel zone included an air-
sparging system. Data from field column tests indicate that Fe and Mn may 
be released from the PRB and may become mobile in the groundwater, but 

North slurry wall 

Groundwater flow \ \ ^ (^ '̂̂  ^^ 

South 
slurry wall 
(73.2 m)^_ 

' "̂  0.5 m of gravel/ZVI 

^^M 1.2 m of 100% ZVI 

0.5 m of gravel with 
air-sparging pipe 

Figure 6 Diagram of the permeable reactive barrier and slurry wall design near Monticello, 
Utah. The corrugated perimeter of the PRB represents the outline of sheet pilings used for 
construction. The dashed line box represents the area depicted in Figs. 11 and 12. 
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concentrations can be decreased significantly by air sparging. The air-
sparging system was installed as an option to precipitate Fe and Mn by 
increasing the concentration of dissolved oxygen but has not been used 
because Fe and Mn concentrations in samples of groundwater exiting the 
PRB have remained low. 

V. CONSTRUCTION 

A. PERMEABLE REACTIVE BARRIER 

The PRB was constructed by driving steel sheet piling through alluvium 
and into impermeable bedrock, forming a rectangular box 31.4m long by 
2.2 m wide. The sheet pile box was constructed of Z-shaped steel sheet piling 
with an interlocking single jaw and was driven with a 127-ton crane and 
hydraulic vibratory pile-driving equipment until it would no longer penetrate. 
Once in place, the sheet piles were cut near the ground surface, and structural 
beams and cross bracing were installed (Fig. 7a). Native soils inside the box 
were excavated to about 0.3 m into the impermeable bedrock and were 
replaced with ZVI and the two gravel zones (Fig. 6). The depth from the 
top of the sheet pile to the bottom of the excavation was 3.4 to 4.0 m. 

Sheet steel boxes were placed on the bedrock to keep the gravel zones and 
100% ZVI zone separate during placement. The 1.2-m-high boxes were 
constructed from a 0.6-cm-thick steel plate cut in various lengths and welded 
together to fit the length of the excavated sheet pile box. As the ZVI and 
gravel were added, the steel sheet piling boxes were incrementally hoisted 
and were removed when the boxes were filled. After the reactive materials and 
gravel were placed in the boxes, the Z-shaped sheet pilings perpendicular to 
the groundwater flow (two 31.4-m sections) were removed to allow ground-
water to flow through the PRB. 

Materials placed in the excavation consist of an upgradient gravel/ZVI 
mix, a middle section of 100% ZVI, and a downgradient gravel zone that 
included the air-sparging system (Fig. 6). The upgradient gravel zone is 0.5 m 
wide and is composed of 13%) by volume —4/ + 20 mesh ZVI mixed uni-
formly with 1.3 cm of gravel. The 1.2-m-wide middle section of the PRB 
contains 100% - 8 / + 20 mesh ZVI; approximately 127 m^ of ZVI with a 
loose-filled weight density of 1840kg/m^ was used. ZVI was placed in the 
excavation from super sacks (900-kg canvas bags with a drawstring release at 
the bottom) suspended from a 127-ton crane. 

The downgradient gravel zone is 0.5 m wide, composed of 1.3-cm sieved 
gravel and includes an air-sparging system constructed of perforated polyvinyl 
chloride (PVC) pipe. The horizontal perforated PVC pipe was placed 0.3 m 
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(continues) 
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Figure? (continued) 

385 

Figure 7 Permeable reactive barrier and slurry wall construction near Monticello, Utah, (June 
1999), (a) Open trench before reactive materials were emplaced, (b) Bentonite slurry in the trench 
for the south slurry wall. 
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from bedrock and was connected to an air-sparging feed pipe that can be used 
to force air from the ground surface through the perforated pipe. Three 
vertical air-sparging vents were attached to a perforated horizontal pipe 
placed 0.5 m below the top of the gravel to provide a path for the air to escape. 

More than 70 monitoring wells were installed in or near the PRB to 
measure water table elevations and to collect samples for chemical analysis. 

B. SLURRY WALLS 

Slurry walls direct contaminated groundwater to the PRB (Figs. 6 and 7b). 
The south slurry wall is 73.2 m long and the north slurry wall is 29.6m long 
(Fig. 6). To construct the slurry walls, soil/bentonite backfill was mixed in an 
excavated depression adjacent to the PRB. 

As an excavator removed soil from the trench for the slurry walls, the 
excavated soil was placed in the mixing area. A water/bentonite slurry was 
pumped to the mixing area, and a bulldozer mixed the soil and slurry until 
homogeneous. The bentonite content of the soil/bentonite mix was 4% by 
volume. The water/bentonite slurry (6% by volume bentonite) was mixed in a 
separate tank. The water/bentonite slurry also served to maintain trench 
stability, to create a seal or skin on the trench walls, and to fill voids between 
the trench walls and the backfill mix. Slurry walls were constructed by placing 
the soil/bentonite mix in the trenches filled with the water/bentonite slurry. 
The displaced water/bentonite slurry was then added to the soil in the mixing 
area to generate additional soil/bentonite mix. Slurry walls are keyed 0.2 to 
1.4 m into bedrock and range from 3.0 to 4.9 m deep. Laboratory permeabil-
ity tests (ASTM, 2001) conducted on slurry wall materials indicate that the 
hydraulic conductivity was less than 10~^ cm/s. 

The PRB and slurry walls were constructed on private land located down-
gradient from the Monticello Mill Tailings site. To avoid destroying a grove 
of established trees, the landowner requested that the north slurry wall end 
approximately 15 m before the north boundary of the alluvial aquifer was 
reached. Construction on the south slurry wall was stopped when no more 
alluvial materials were observed in the excavation. 

VI. PERFORMANCE 

A. HYDRAULICS 

Groundwater levels in monitoring wells in the PRB and the surrounding 
area have been monitored periodically since installation of the system. Water 
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table measurements in August 2000 indicated a losing stream condition and a 
groundwater divide south of the creek and west of the PRB (Fig. 8). Even 
before the PRB was built, this divide caused water to flow east toward the 
PRB area and to the southeast. Because Montezuma Creek now flows 
through a 30-m-long culvert under the north slurry wall, water level contours 
in that area may have changed. 

1. Groundwater Mounding 

A steep hydraulic gradient is present between the upgradient alluvial 
aquifer and the PRB (Fig. 9). The hydraulic head decreases by about 0.75 m 

0.4 
o 

Groundwater flow 

Explanation 

Oj.2 Monitoring well with 
saturated thickness (m) 

-2,070" Water-table elevation (m) 

Culvert 

Figure 8 Water table elevations (contoured) and saturated thicknesses of alluvium (size of circle 
indicates relative amount of saturation) in and near the permeable reactive barrier, near Mon-
ticello, Utah, (August 2000). 
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Figure 9 Water table elevations and saturated thicknesses of alluvium near the permeable 
reactive barrier, near Monticello, Utah, (August 2000). Size of circle indicates relative amount 
of saturation. 
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across the alluvial aquifer-PRB interface within 1 m hydraulically upgradient 
of the PRB. The water table within the PRB is essentially flat. Areas of the 
downgradient interface between the PRB and the alluvial aquifer also have 
steep hydraulic gradients. Up to 1 m of groundwater saturation is present 
0.6 m downgradient of the PRB, but less than 0.3 m of groundwater satur-
ation is present 6 or 7 m farther downgradient (Fig. 9). The hydraulic gradi-
ents at the PRB have remained nearly unchanged since monitoring began. 

2. Groundwater Bypassing the PRB 

Hydraulic gradients suggest that some groundwater flows around the ends 
of the slurry walls. This was anticipated for the north wall, where the slurry 
wall stopped 15 m short of the alluvial aquifer boundary. Water levels in the 
upgradient area near the south end of the south slurry wall are similar to pre-
PRB levels. Water levels downgradient of the south slurry wall decreased 
immediately after installation and have remained low (Fig. 8). Apparently the 
south end of the south slurry wall was not fully keyed into low-permeability 
material and some groundwater flows around the wall. 

Dewatering of the Monticello Mill Tailings site caused depression of the 
water table in the project area from April 1998 to April 1999 (Fig. 10). By July 
1999, water levels immediately upgradient of the PRB (in weUs 88-85 and 92-
07) had rebounded to their historical values. The exact cause of the rebound is 
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Figure 10 Hydrograph of three wells hydraulically upgradient of the permeable reactive barrier 
that have been monitored since 1992; well locations are in Fig. 1. 
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uncertain because of the perturbations made to the groundwater system by 
dewatering, repositioning of the Monticello Creek, and installation of the 
PRB and slurry walls. 

3. Flow-Velocity Measurements 

A colloidal borescope was used to help determine groundwater velocity 
through the PRB. This instrument measures the rate and direction of ground-
water by recording the movement of natural colloids through a wellbore 
(Kearl, 1997). Six alluvial monitoring wells and four monitoring wells in the 
100% ZVI portion of the PRB were tested in July 2000 to provide a broad 
perspective of the flow field and to identify possible flow anomalies. Tracer 
testing was also conducted during July 2000 to evaluate flow paths and travel 
times through the PRB. A tracer (either bromide or iodide) was injected into 
the groundwater through 4 of the upgradient alluvial monitoring wells, and 
groundwater samples were collected in 51 monitoring wells along nine tran-
sects through the PRB. Results of the tracer study and colloidal borescope 
measurements suggest that groundwater flow is heterogeneous and migrates 
through the PRB at velocities ranging from 0.6 to 5.5m/day (N. Korte, 
personal communication), which compares favorably with the design flow 
rate of 5.7 m/day that was based on a hydrologic flow model. 

B. CHEMISTRY 

1. Chemical Distributions 

Analyses of groundwater samples from more than 70 monitoring wells 
(2 and 5 cm in diameter) were used to determine the spatial distribution of 
groundwater chemistry. Wells had 1.7-m screens in the lower portion of the 
alluvial aquifer; samples were collected monthly for 4 months and then 
quarterly for two periods before October 2000. Concentrations were nearly 
the same for all monitoring periods. The latest sampling data (October 2000) 
shown in Fig. 11 and Fig. 12 portray the spatial distributions of pH, alkalin-
ity, and concentrations of eight constituents in and near the PRB. 

In October 2000 (1 year and 4 months after installation of the PRB), 
concentrations of U in groundwater samples collected upgradient of the 
PRB ranged from 312 to 356|jLg/liter (Fig.ll). Concentrations decreased to 
a range of 65 to 283 |xg/liter in samples from within the gravel/ZVI zone and 
were less than 0.4 jjig/liter in samples from the 100% ZVI zone. Vanadium 
concentrations ranged from 354 to 413 fxg/liter in samples collected upgradi-
ent of the PRB, decreased to a range of 1 to 78 jxg/liter in the gravel/ZVI zone, 
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Figure 11 Concentrations of uranium (U), vanadium (V), arsenic (As), molybdenum (Mo), 
selenium (Se), and nitrate (NO3) in groundwater samples from monitoring wells in and near the 
permeable reactive barrier (PRB) near Monticello, Utah (October 2000). Dot diameter is pro-
portional to concentration. Arrow indicates groundwater flow direction. See Fig. 6 for location 
represented in Fig. 11 and explanation of shaded PRB components. 
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Figure 12 Values of pH and concentrations of alkalinity, calcium (Ca), and iron (Fe) in 
groundwater samples from monitoring wells in and near the permeable reactive barrier, near 
Monticello, Utah (October 2000). Dot diameter is directly proportional to concentration. Arrow 
indicates groundwater flow direction. See Fig. 6 for location represented in Fig. 12 and explan-
ation of shaded PRB components. 

and were less than 2 fxg/liter throughout the 100% ZVI zone. Arsenic, Se, and 
NO3 all had low concentrations in groundwater samples collected in the PRB 
(Fig. 11). The PRB was slightly less eflfective in decreasing Mo concentrations, 
as evidenced by concentrations as high as 32 |ULg/liter in samples from the 
100% ZVI zone (Fig. 11). This pattern for Mo is consistent with the slower 
rate of reaction observed in column experiments (Fig. 3). Overall, the PRB 
met or exceeded expectations in reducing contaminant concentrations. 
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The pH values of upgradient groundwater samples ranged from 6.5 to 6.8 
(Fig. 12). Values increased slightly to a range of 6.8 to 7.5 in groundwater 
samples from the gravel/ZVI zone and up to 10.0 in samples from the 100% 
ZVI zone. The increase in pH values is caused by the transfer of electrons 
from the oxidation of ZVI to aqueous hydrogen ion (H+), reducing it to 
elemental hydrogen. The increase in pH values caused calcite and Fe-rich 
calcite to precipitate (Morrison et al., 2001), which accounts for decreasing 
concentrations of alkalinity and Ca (Fig. 12). Dissolved Fe concentrations 
were lower than observed in the field column experiments. In the 100% ZVI 
zone, the groundwater sample with the highest pH value (10.0) had the lowest 
Fe concentration (0.05 mg/Uter). Higher pH values probably caused precipi-
tation of Fe(OH)2, resulting in lower Fe concentrations. Shorter residence 
times (faster flow rates) are indicated in the middle portion of the 100% ZVI 
zone by higher Fe concentrations (34.1 and 27.4 mg/liter), lower pH values 
(7.7 and 7.8), higher Ca concentrations (153 and 134 mg/liter), and higher 
alkalinity (232 and 158 mg/liter as CaCOs) (Fig. 12). 

2. Downgradient Contamination 

The U concentrations in groundwater samples from most wells 0.3 to 0.6 m 
downgradient of the PRB have been less than 30 |xg/Uter (Fig. 13). Concen-
trations are higher in wells downgradient of the PRB than in the PRB because 
U sorbed to the sediment is slowly being released. Samples from one moni-
toring well (open squares on Fig. 13), located 10.6 m from the south end of the 
PRB, have had U concentrations approaching those detected in the untreated 
groundwater at this site. This well has been low yielding and the water 
chemistry has been inconsistent with other downgradient wells. However, 
the U concentrations have decreased in groundwater samples from this well 
since installation of the PRB. 

3. PRE Longevity 

One of the most difficult issues related to PRBs is accurate predictions of 
how long they will remain effective. Three mechanisms have been identified 
that could cause a PRB containing ZVI to become ineffective over time: (1) 
dissolution of ZVI, (2) clogging by mineral precipitation, and (3) loss of ZVI 
reactivity (passivation). Mass balance calculations are presented in this section 
for a partial evaluation of longevity. While these estimates provide a basis for 
discussion, they should be used cautiously until the chemical mechanisms are 
better understood and long-term empirical data have been collected. 

Longevity of the PRB based on dissolution of ZVI was calculated by 
assuming a dissolved concentration of 30 mg/liter based on results of column 
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Figure 13 Temporal changes in uranium concentrations in groundwater samples from monitor-
ing wells immediately downgradient of the permeable reactive barrier near Monticello, Utah. 
Sample locations on inset map correspond to data points. 

tests. At this concentration, all the ZVI would dissolve in 117 years (Table II). 
Most of this Fe is likely redeposited in pores as Fe minerals. The change in 
porosity because of ZVI dissolution and secondary Fe mineral precipitation 
was not calculated, although porosity reduction would hkely result. 

Porosity reduction because of carbonate mineral precipitation was calcu-
lated by assuming that Ca lost from the groundwater as it flowed through 
the PRB was precipitated as CaCOs. Using reasonable assumptions for 
groundwater flux (1891iter/min), porosity (0.5), and saturated thickness 
(1.2 m), the PRB could fail in as few as 10 years because of calcite deposition 
in pore spaces (Table II). This calculation assumes that all the porosity is 
available for calcite deposition. Although the calculation is sensitive to the 
groundwater flow rate and the average Ca loss, which are highly variable, it 
suggests that calcite precipitation is an important factor in the longevity of 
PRBs. 

Passivation of ZVI could not be determined explicitly, but loss of about 
35% of the reactivity efficiency was observed in the gravel/ZVI zone during 
the first 7 months (Fig. 14). If this loss of efficiency were to continue, the PRB 
could be expected to remain effective for about 36 years (Table II). The rate of 



13. Containment of Li, AS, SE, V, MO, and NO3 395 

S 

0 

100-

90 H 

80 H 

70 H 

60 H 

50 H 

40-

30-

20-

10H 

Table II 

Calculations of Longevity for a Permeable Reactive 
Barrier Constructed near Monticello, Utah, June 1999 

Mechanism ajffecting longevity Rate Longevity (years) 

Dissolution of ZVI 

Precipitation of calcite 

Loss of efficiency 

8 kg/day 

50 kg/day 

2.8% per year 

117 

10 

36 

Percent of u 
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Figure 14 Temporal changes in uranium concentrations in groundwater samples from the 
permeable reactive barrier as a percentage of concentrations in samples from upgradient wells 
(untreated groundwater). Each point is the average of six wells. 

reactivity loss appears to have stabilized after 7 months (Fig. 14); thus, this 
estimate will need to be revised after additional data are collected. 

These calculations suggest that porosity reduction could significantly 
reduce the effectiveness of the Monticello PRB. Other metal oxides, hydrox-
ides, and carbonates, as well as contaminant minerals, are also forming and 
will cause an additional reduction in porosity. A PRB installed at the Can-
adian Forces Base, Borden, Ontario, Canada, operated for 4 years with only 
trace amounts of calcite precipitation, suggesting that calcite precipitation is 
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not an important factor in PRB longevity (O'Hannesin and Gillham, 1998). 
The Borden PRB had reductions in dissolved Ca concentrations similar to 
those of the Monticello PRB; however, it had a much lower groundwater flow 
rate. Understanding permeability reduction in PRBs is essential to the accept-
ance of this technology. 

4. Chemical Mechanisms 

Two different chemical mechanisms have been proposed for the uptake of 
U by ZVI. One proposed mechanism is the reduction of U(VI) to U(IV) and 
precipitation as U(IV) minerals (Cantrell et al, 1995; Gu et al, 1998; Morri-
son et al, 2001). The other proposed mechanism is U(VI) adsorption to ferric 
oxyhydroxide that forms during the oxidation of ZVI (Fiedor et a/., 1998; 
Matheson and Goldberg, 1999). This mechanism is also discussed in Chapter 
12. These two mechanisms are not mutually exclusive and both may occur in 
PRBs. Other redox-sensitive contaminants (As, Se, V, and Mo) present in the 
groundwater at Monticello are also capable of forming low-solubihty re-
duced minerals and are known to adsorb to ferric oxyhydroxide; thus, uptake 
of these contaminants could result from either process. Nitrate can be re-
duced abiotically to ammonium by ZVI (Huang et al., 1998). 

pH values did not increase by more than a value of about 0.3 by reaction 
with ZVI in the field column experiments, but increased significantly in the 
PRB. In addition, Fe concentrations were high (about 27 mg/liter) in samples 
from the column experiments but were lower (about 0.2 mg/liter) in many 
samples of groundwater exiting the PRB. As noted previously, higher Fe 
concentrations correlate to lower pH values. A reaction progress model 
explained these apparent contrasts in chemistry between the column experi-
ments and the PRB as a result of different residence times (Morrison et al, 
2001). The longer interaction between groundwater and ZVI in the PRB 
caused more reduction of aqueous H" ,̂ which resulted in lower dissolved 
Fe concentrations because of precipitation of Fe(OH)2. The variation in Ca 
concentrations and alkalinity because of the precipitation of carbonate min-
erals was also explained by this model. 

VIL IMPLICATIONS AND CONCLUSIONS 

Overall, the PRB appears to be performing well. After more than 1 year of 
operation, groundwater exiting the PRB installed at Monticello, Utah, met 
contaminant-concentration goals based on the monitoring results. The grav-
el/ZVI zone lost some reactivity during the first year. 
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About 0.75 m of groundwater mounding occurs immediately upgradient 
of the PRB, with a sharp gradient between groundwater in the alluvium and 
the PRB. Part of the mounding is due to a reduction in the cross-sectional 
area caused by the presence of the slurry walls and part may be due to a low-
permeability zone caused by sheet pile installation. Some contaminated 
groundwater flowed around the slurry walls; the volume of groundwater 
that bypassed the wall is beheved to be relatively small but data are insui;cient 
to quantify the amount. 

A substantial effort was made to determine the flux of groundwater 
through the PRB using chemical concentrations in groundwater samples 
from more than 70 monitoring wells, tracer experiments, and flow direction 
measurements made with a downhole tool. Despite these eff̂ orts, some details 
of the flow system remain unclear. The uncertainty is attributable in part to 
the heavy construction that altered groundwater flow hydraulically upgradi-
ent of the PRB and in part because of the difficulty in making reliable 
interpretations from subsurface flow measurements. 

Instrumentation was installed for the continuous monitoring of water 
levels over the period while the aquifer was reestabhshed. Groundwater 
bypassing both slurry walls will continue to be monitored. Mass balance 
calculations suggest that calcite precipitation within the PRB could cause 
significant groundwater diversion in as few as 10 years after installation. 
Additional measurements should be made for better determination of the 
groundwater flux through the PRB and to estimate longevity. 

The PRB will not function indefinitely, and at some time it may release 
some of the contamination back to the groundwater. The performance will 
continue to be monitored and predictions of future performance improved as 
the chemical and physical processes become better understood. Should the 
PRB start to release contamination, two options exist: (1) removal of the PRB 
and disposal of the reactive material at an approved facility or (2) injection of 
a permanent sealant (such as grout or cement) into the pore spaces. The 
second option would require breeching the system to permit groundwater 
flow. 

ACKNOWLEDGMENTS 

This project was funded by the Accelerated Site Technology Deployment 
Program sponsored by the DOE Office of Science and Technology. Many 
people from several organizations were important to the successful comple-
tion of this project. A tri-party agreement and strong support from personnel 
in the EPA region 8 office (Paul Mushovic), the state of Utah (David Bird), 



398 Stan J. Morrison et al. 

and the DOE Grand Junction (Colorado) Office were essential to the success-
ful completion of the PRB. Vern Cromwell was the DOE Grand Junction 
Office Project Manager in the early stages of the project. Kristen McClellen 
(MACTEC Environmental Restoration Services) was instrumental in inte-
grating the PRB project with Operable Unit III of the Monticello Mill 
Tailings site. Personnel from the DOE Oak Ridge National Laboratory 
(Nic Korte and Gerry Moline) designed and directed the tracer study; 
Korte also provided colloidal borescope data. David Blowes (University of 
Waterloo, Canada), Brian Dwyer (Sandia National Laboratories/New 
Mexico), Will Goldberg (MSE Technologies, Inc.), and Dawn Kaback (Con-
current Technologies, Inc.) provided valuable insight during the design 
phase. This project would not have been possible without the cooperation 
of the landowner, Kedric Somerville. 

REFERENCES 

ASTM (2001). Standard test methods for measurement of hydraulic conductivity of saturated 
porous materials using a flexible well permeater, Test Method D5084-00. Am. Soc. Testing 
and Materials. 

Cantrell, K. J., Kaplan, D. I., and Wietsma, T. W. (1995). Zero-valent iron for the in situ 
remediation of selected metals in groundwater. J. Hazard. Mater., 42, 201-212. 

Fiedor, J. N., Bostick, W. D., Jarabek, R. J., and Farrell, J. (1998). Understanding the mechanism 
of uranium removal from groundwater by zero-valent iron using x-ray photoelectron spec-
troscopy. Environ. Sci. Technol. 32, 1466-1473. 

Gu, B., Liang, L., Dickey, M. J., Yin, X., and Dai, S. (1998). Reductive precipitation of uranium 
(VI) by zero-valent iron. Environ. Sci. Technol. 32, 3366-3373. 

Huang, C , Wang, H., and Chiu, P. (1998). Nitrate reduction by metallic iron. Water. Res. 32, 
2257-2264. 

Kearl, P. M. (1997). Observations of particle movement in a monitoring well using the colloidal 
borescope. J. Hydro!. 200, 323-344. 

Matheson, L. J., and Goldberg, W. C. (1999). Spectroscopic studies to determine uranium 
speciation in ZVI permeable reactive barrier materials from the Oak Ridge Reservation, Y-
12 plant site and Durango, CO, PeRT wall C. In "Supplement to EOS, Transactions 1999 Fall 
Meeting," p. F366. American Geophysical Union, Washington, DC. 

McDonald, M. G., and Harbaugh, A. W. (1988). A modular three-dimensional finite-difference 
ground-water flow model. U.S. Geological Survey Techniques of Water-Resources Investi-
gations Book Chapter 01-Al. 

Morrison, S. J., Metzler, D. R., and Carpenter, C. E. (2001). Uranium precipitation in a 
permeable reactive barrier by progressive irreversible dissolution of zero-valent iron. Environ. 
Sci. Technol. 35, 385-390. 

National Academy of Sciences (1994). "Alternatives for ground water cleanup," Report of the 
National Academy of Sciences Committee on Ground Water Cleanup Alternatives, National 
Academy Press, Washington, DC. 

O'Hannesin, S. F., and Gillham, R. W. (1998). Long-term performance of an in situ "iron wall" 
for remediation of VOCs. Ground Water 36, 164-170. 



13. Containment of U, AS, SE, V, MO, and NO3 399 

Pollock, D. W. (1989). Documentation of computer programs to complete and display pathlines 
using results from the U.S. Geological Survey modular three-dimensional finite-difference 
ground-water model. U.S. Geological Survey, Open-File Report 89-381. 

Scherer, M. M., Richter, S., Valentine, R. L., and Alvarez, P. J. (2000). Chemistry and micro-
biology of permeable reactive barriers for in-situ groundwater cleanup. Crit. Rev. Environ. 
Set Technol. 30, 363^11. 



This Page Intentionally Left Blank



This Page Intentionally Left Blank



Chapter 14 

Field Demonstration of 
Three Permeable Reactive 
Barriers to Control 
Uranium Contamination 
in Groundwater, Fry 
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Historical uranium exploration, mining, and milling operations have 
resulted in elevated uranium (U) concentrations in many aquifers throughout 
the western United States. Permeable reactive barriers (PRBs) may represent 
a viable technology for the passive remediation of U-contaminated ground-
water. In 1997, a funnel-and-gate design was used to construct three PRBs 
consisting of (1) bone char pellets (P04), (2) zero valent iron (ZVI) pellets, 
and (3) amorphous ferric oxyhydroxide (AFO) to demonstrate the field-scale 
removal of dissolved U with PRBs. The demonstration site was located near 

^Operated by MACTEC Environmental Restoration Services for the U.S. Department of 
Energy Grand Junction Office. 
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Fry Canyon, an abandoned U-upgrading site in southeastern Utah. Ground-
water from the shallow, coUuvial aquifer at this site contains U concentrations 
that exceed 20,000 |xg/liter. Results from the first 3 years of PRB operation at 
Fry Canyon can be used in the design, operation, and monitoring of future, 
full-scale PRB installations in similar hydrologic and geochemical settings. 
Important hydrologic information gained during the demonstration includes 
(1) groundwater velocities measured with a heat pulse flow meter in the 
colluvial aquifer and ZVI PRB compare favorably with ionic tracer results; 
(2) small increases in water level elevations in PRBs result in increased 
groundwater velocities that could result in significantly different residence 
times; and (3) PRB thickness should be designed to account for the large 
seasonal and transient variations in groundwater velocities that were ob-
served. Important geochemical information gained during the demonstration 
includes (1) chemical data in water from monitoring wells in the upgradient 
parts of PRBs can be used as "early warning systems" to detect future 
chemical breakthrough; (2) PRB design should account for seasonal and 
transient changes in water levels that may cause significant variations in 
influent U concentrations; (3) contaminant removal may be less efficient 
directly above the PRB/confining-unit interface, therefore, monitoring points 
in these areas are needed to docu'ment contaminant removal efficiencies; (4) 
during the 1130-day demonstration period, the ZVI PRB demonstrated the 
highest U removal efficiencies (mean C/Co = 0.007) relative to the AFO 
(mean C/Co = 0.271) and P04 (mean C/Co = 0.412) PRBs and treated 
about 1650 pore volumes of contaminated groundwater; (5) carbonate and 
noncarbonate mineral precipitation resulting from iron (Fe) corrosion is 
occurring in the ZVI PRB and could decrease future U removal efficiencies; 
and (6) degradation of groundwater quality exiting the PRBs should be 
expected immediately after installation; however, most constituents wiU 
return to baseline values after the first 1 to 1.5 years of PRB operation. 

I. INTRODUCTION 

Permeable reactive barriers (PRBs) represent a viable tool for in situ 
remediation of metal-contaminated groundwater associated with abandoned 
mine lands (AML). There are more than 25,000 inactive mine sites in the 
western United States and numerous exploration prospects, many of which 
are on federal lands (U.S. Geological Survey Abandoned Mine Lands Science 
Team, 1999). Because many AML sites are in remote areas, low maintenance 
remediation technologies, such as PRBs, are especially useful. A PRB can be 
installed in shallow aquifers (<5m below land surface) with commonly 
available construction equipment that is transported easily to remote sites. 
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Because PRBs have no energy or short-term maintenance requirements, the 
costs typically associated with installing power lines and maintaining equip-
ment for above ground treatment technologies are not incurred. PRBs treat 
contaminated groundwater below the land surface, which eliminates visual 
impacts from the use of equipment on the land surface. Damage from 
vandahsm, livestock, and wildUfe to above ground remediation infrastruc-
tures does not occur with PRBs. 

As an example of mining-related waste, historical uranium (U) explor-
ation, mining, and milling operations have resulted in elevated U concen-
trations in many aquifers (Landa and Gray, 1995). The Fry Canyon site 
(Fig. 1) was selected in 1996 as a field-scale demonstration site to assess the 
feasibility of treating U-contaminated groundwater with PRBs (Naftz et al., 
1999, 2000). This chapter presents PRB performance results during the first 3 
years of operation, including (1) groundwater flow velocities; (2) U distribu-
tions and removal efficiencies; (3) hydrologic impacts on U influent and 
removal in PRBs; (4) total mass of U removed during PRB operation; and 
(5) suggestions for future PRB installations. The U.S. Environmental Protec-
tion Agency (USEPA)/Superfund and Office of Air and Radiation provided 
funding for this ongoing project. 

11. SITE DESCRIPTION 

A. FORMER URANIUM UPGRADING SITE 

The Fry Canyon site was constructed and operated by COG Minerals 
Corporation, a subsidiary of Colorado Oil and Gas Corporation. The pur-
pose of this facility was to upgrade U from ore obtained primarily from three 
U mines in the White Canyon Mining District of southeastern Utah. The 
upgraded material was then transported about 115 km to the Texas-Zinc 
Minerals Corporation mill at Mexican Hat, Utah (Fig. 1). 

The upgrader operated during 1957-1960 and processed about 45,400 
metric tons of ore containing between 0.10 and 0.15% U3O8 (Utah Depart-
ment of Health, 1987). Water for the operation was supplied from a large-
diameter well completed in the colluvial material within and adjacent to Fry 
Creek (Fig. 1). About 36,000 metric tons of sand tailings, containing about 
0.02% U3O8, were impounded on the site by the time the upgrader was closed 
(Utah Department of Health, 1987). 

In 1962, the Fry Canyon site and associated water rights were acquired by 
the Basin Company for a copper (Cu) heap leaching operation. This oper-
ation used sulfuric acid to leach Cu into solution. The Cu was subsequently 



Figure 1 
permeable reactive barriers. 

Location of the Fry Canyon demonstration site and elevation of the potentiometric surface in the colluvial aquifer before installation of 
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precipitated with hydrogen sulfide and collected on pieces of scrap iron (Fe), 
some of which is still at the site. Cu extraction operations ceased in 1968. In 
1990 the site was given a no further remedial action planned (NFRAP) rating 
by the USEPA. The site remained inactive until 1996, when the site was 
considered for the field demonstration of PRBs for removal of U from 
contaminated groundwater (Naftz et aL, 1999, 2000; see Chapter 10). 

B. GEOHYDROLOGY AND URANIUM CONCENTRATION 

The Fry Canyon demonstration site is located adjacent to Fry Creek (Fig. 
1). Fry Creek is subject to large flash floods resulting from localized thunder-
storms that generally occur during July through September. There is a peren-
nial flow in Fry Creek that is fed by a series of springs about 250 m upstream 
from the ore upgrading facihty. Measured discharge ranged from 0 to 
0.0016m^/s; however, stream discharge can exceed 8.5m^/s during flood 
events. 

Silt to gravel-size particles derived from nearby sandstone and shale for-
mations make up the shallow, unconfined colluvial aquifer at the site. Max-
imum thickness of the colluvial deposits is 5.5 m, and saturated thickness of 
the aquifer ranges from about 0.6 to 1.2 m. Hydraulic conductivity (K) values 
range from 17 to 26m/day, and transmissivity values range from 10 to 
31.2m^/day. The in situ effective porosity for the aquifer is estimated to be 
20 to 25% (Freethey et al., 1994). The average linear velocity of water in the 
colluvial aquifer was estimated to be approximately 0.23 m/day (Naftz et al, 
2000). Underlying the colluvial aquifer is the Permian-age Cedar Mesa Sand-
stone, which is virtually impermeable compared to the colluvial aquifer. 

The potentiometric contour map shows that the colluvial aquifer is re-
charged by subsurface inflow from Fry Creek upstream of the site, by pre-
cipitation directly on the site, and by runoff from the sandstone upslope from 
the site (Fig. 1). Groundwater discharges from the aquifer by seepage back 
into Fry Creek, by evaporation where the saturated sediments are near land 
surface, by riparian vegetation (primarily Tamarisk) transpiration, and by 
possibly limited downward leakage into the sandstone. Discharge measure-
ments in Fry Creek in November 1997 indicate that about 12,335 to 
18,500 m^/year of groundwater seep into the stream along the 90-m reach 
adjacent to the demonstration site. 

Concentrations of U in the contaminated part of the colluvial aquifer have 
exceeded 20,000 jjig/hter. The high alkalinity (mean = 400mg/liter as 
CaCOs) coupled with measurable amounts of dissolved oxygen in the con-
taminated groundwater indicate that U is likely to be in the +6 oxidation state 
as a carbonate species. These concentrations were substantially higher than 
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background U concentrations, which range from 60 to 80 |xg/hter. Desorp-
tion experiments indicate that sediments from the contaminated part of the 
coUuvial aquifer at the Fry Canyon site contain a large amount of U that can 
be desorbed readily (Naftz et al, 2000). Additional descriptions of preinstal-
lation site hydrology and geochemistry can be found in Naftz et al (2000). 
Adsorption and formation of U-apatite surface complexes dominated U 
removal by apatite at dissolved U concentrations present at Fry Canyon 
(see Chapter 9). 

III. METHODOLOGY 

A. LABORATORY TESTING OF REACTIVE MATERIALS 

Three groups of reactive materials were selected for U removal at Fry 
Canyon: (1) hydroxyapatite (bone meal, bone charcoal, and phosphate rock) 
(P04), (2) zero valent iron (ZVI), and (3) amorphous ferric oxyhydroxide 
(AFO). These materials were selected because U removal was believed to 
occur by the following mechanisms: (1) P04—precipitation of an insoluble 
uranyl phosphate phase or U-phosphate surface complexation, (2) ZVI— 
reduction of U(VI) to U(IV) and subsequent precipitation (Gu et al, 1999), 
and (3) AFO—by adsorption to the ferric oxyhydroxide surface. Detailed 
results of these laboratory tests can be found in Naftz et al (2000) and 
Chapter 9. 

One reactive material was selected from each of the three material groups 
for field demonstration. Selection factors considered included (1) availability; 
(2) cost; (3) hydraulic conductivity; (4) structural strength; (5) extent, rate, 
and duration of U removal; (6) off-site migration potential of reactive mater-
ial; (7) potential for rerelease of uranium; and (8) possible detrimental effects 
on groundwater quality. The material selected from the phosphate group was 
bonechar phosphate pellets manufactured by Cercona of America (Dayton, 
OH). The bone char pellets used in the PRB had a high /T value (475m/day) 
and treated 250 pore volumes (PVs) of water containing 2400 jjig/liter dis-
solved U before 50% breakthrough (see Chapter 9). 

Material selected from the ZVI group was Cercona iron foam pellets. The 
foam pellets had high lva lues (122 to 250m/day) and high removal efficien-
cies from groundwater containing 2100|xg/Hter dissolved U (Naftz et al, 
2000). The material selected for the AFO group was pea gravel (0.95 cm) 
mixed with AFO in the form of a slurry containing 13% AFO [as Fe(OH)3]. 
The gravel and AFO slurry were mixed in the field at a ratio of 2 parts gravel 
to 1 part slurry, by volume. Column tests using gravel coated with 0.2% Fe 
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indicated low U removal capacities relative to ZVI material (Naftz et al, 
2000); however, increasing the Fe concentration to 2% resulted in higher U 
removal capacities and excellent lva lues , which exceeded 915m/day (Naftz 

B. DESIGN AND INSTALLATION OF P R B S 

In order to accommodate field testing of all three reactive materials, three 
PRBs were designed for installation and concurrent "side-by-side" operation 
at the site. A funnel-and-gate design was chosen, consisting of three "perme-
able windows" where each of the PRBs would be placed, separated by "no-
flow walls" and "no-flow wing walls" on each end to channel the ground-
water flow into the PRBs (Fig. 2). Each PRB and no-flow boundary was 
placed onto the bedrock underlying the coUuvial aquifer. The irregular sur-
face of the bedrock did not present a consistent boundary between the 
reactive material and bedrock surface, and in places, as much as 5 cm above 
the bedrock may be devoid of reactive material. Construction equipment 
consisting of a trac-mounted backhoe and a buUdozer was chosen to install 
the PRBs. This design-and-instaUation technique was chosen for the 
foUowing reasons: (1) amenable for multiple PRBs placed side by side; (2) 
low construction cost; (3) appropriate for shallow groundwater systems; and 
(4) transferability to other remote, abandoned mine sites with contaminated 
groundwater. Additional details of PRB construction at Fry Canyon can be 
found in Naftz et al (2000). 

Dimensions of each PRB were 2.1 m long by 0.9 m wide. The depth of each 
PRB was variable (P04 and AFO = 0.97 m; ZVI = 1.1 m). A 0.46-m-wide 
layer of pea gravel was placed on the upgradient side of the PRBs to facihtate 
uniform flow of contaminated groundwater into each PRB. The 0.9-m thick-
ness of each PRB at the Fry Canyon site was based on the following criteria: 
(1) large enough thickness to sample and map gradients in dissolved solutes 
across the PRB; (2) sufficient residence time for groundwater to interact 
chemically with the PRB material during changing hydrologic conditions; 
and (3) physical limitations of the trac hoe and trench box used during PRB 
construction. 

Additional factors to consider when designing the thickness of a PRB 
include groundwater velocity, rate of contaminant removal by the reactive 
material, contaminant removal capacity of the barrier material, estimated 
mass of the contaminant in the groundwater plume, decreasing residence time 
after aging of the reactive material, and physical constraints of the trenching 
equipment (Gavaskar et al, 1998; U.S. Environmental Protection Agency, 
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Figure 2 Location of the three permeable reactive barriers and monitoring wells, Fry Canyon, Utah 
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1999; Naftz et al, 2000). In an actual remediation project, these factors, and 
possibly others, would be used to determine the thickness of the PRB. 
Addressing all of these design criteria was not practical for the field demon-
stration of PRBs conducted during this study. 

During trench excavation, a large bedrock nose that could not be excav-
ated was encountered. This caused the trench orientation to be rotated, 
resulting in the construction of gate structures that intercepted groundwater 
flow at about 35° from perpendicular (Fig. 2). The nonperpendicular trench 
orientation caused noticeable differences in the direction and velocity of 
groundwater flow into the gate structures of each PRB and is discussed in 
detail later. 

C. PRB MONITORING NETVS^ORK AND 

CHEMICAL ANALYSIS 

An extensive monitoring network was installed in each PRB consisting of 
16,0.6-cm-diameter polyvinyl chloride (PVC) wells located along two parallel 
flow paths and 4, 5-cm-diameter PVC wells (Fig. 2) for sample collection and 
monitoring of water levels and selected water quality parameters. Three sites 
along each flow path contained a shaUow and deep 0.6-cm-diameter moni-
toring well (Fig. 2). Because of the proximity of wells to one another, limited 
purge volumes were extracted prior to sample collection. A 3.8-liter purge 
volume was removed from the 5-cm-diameter monitoring wells and 1 liter of 
water was removed from the 0.6-cm-diameter monitoring wells. 

After purging, water samples were filtered on site with a 0.45-|jLm capsule 
filter and collected in acid- and field-rinsed polyethylene bottles. Samples for 
U analysis were acidified on site with ultrapure concentrated nitric acid. Each 
monitoring point contained a dedicated sampling tube to minimize cross 
contamination during sampling. 

Dissolved U concentrations were measured by kinetic phosphorescence 
analysis (KPA) at the USGS Research Laboratories in Menlo Park, Califor-
nia (method detection limit 0.06 juig/liter; precision ±2.5%). Twelve pressure 
transducers were used to provide hourly measurements of water level eleva-
tions in selected wells within and adjacent to each PRB. Water level elevations 
in aU 5-cm-diameter wells were monitored periodically using an electronic 
tape. 
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IV. PERFORMANCE 

A. HYDRAULICS 

1. Potentiometric Surface 

The flow system was altered because of PRB construction. Hydraulic 
gradients were increased because the wing walls (Fig. 2) concentrate more 
groundwater from a wider area of the aquifer than was common in the 
natural state. As groundwater moves near the PRB, the hydrauhc gradient 
becomes nearly flat because the hydraulic conductivity of the pea-gravel 
buffer zone and the wall materials is nearly 10 times larger than that of the 
aquifer. 

The estimated capture zone during December 1998 for the installed PRBs 
is shown in Fig. 3. Even though this zone includes only about 1350m^, it 
represents the terminus of a drainage area nearly five times that size. The 
amount of water that enters and exits this capture zone was estimated to be no 
greater than 2.6 m^/day (about 10% of the precipitation falling on the drain-
age area annually) or about 950 m^ on an annual basis. 

2. Groundwater Flow Velocities 

Conservative ionic tracers, including bromide (Br) and lithium (Li), were 
used to measure groundwater velocities in the colluvial aquifer and within 
each of the PRBs during April through June 1999. A 340-liter slug of native 
groundwater containing a Br concentration of 1500 mg/liter was injected into 
well FC 3 on May 19, 1999. Autosamplers were used to collect samples from 
downgradient wells (P04T2, P04T1, ZVIT2, ZVITl, and AFOT2). On the 
basis of Br peak arrival times in the downgradient wells, groundwater veloci-
ties in the colluvial aquifer ranged from 0.26 to 0.43 m/day (Fig. 4). This is 
within the range of groundwater velocities calculated from measured gradi-
ents in the colluvial aquifer (0.06 to 0.76 m/day) at Fry Canyon (Naftz et aL, 
2000). Injected Br was not detected in water from wells P04T2 and P04T1, 
indicating a flow vector from well FC3 toward the ZVI PRB, which also 
agrees with the direction of groundwater flow indicated by the potentiometric 
surface in the colluvial aquifer (Fig. 3). 

Four separate injections of conservative ionic tracers were conducted 
within the PRBs during April 1999 (three Br and one Li tracer tests). Because 
of the smaller travel distances, less tracer mass was injected. Br tracer volumes 
ranged from 26.5 to 77.6 liters, with Br concentrations between 232 and 
300 mg/liter. Injections were separated by about 2 days to avoid interference 
of tracers between each PRB. Based on peak arrival times in downgradient 
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Figure 3 Configuration and elevation of potentiometric surface in the coUuvial aquifer after 
installation of permeable reactive barriers at Fry Canyon, Utah, December 1998. 

wells, groundwater velocities calculated from tracer data in PRBs ranged 
from 0.14m/day in the P04 PRB to 2.7m/day in the AFO PRB (Fig. 4). 
The low groundwater velocity in the P04 PRB is the result of water intersect-
ing the PRB at less than a 90° angle. On the basis of tracer test results, water 
entering the left half of the P04 PRB is flowing back into the gravel pack and 
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entering the right side of the ZVI PRB. Water entering the ZVI and AFO 
PRBs does not migrate back into the gravel pack. 

A K-V Associates Model 40 GEOFLO heat-pulse groundwater flowmeter 
(K-V Associates, Inc., 2001) was used to periodically monitor groundwater 
velocity and direction through each of the PRBs and the coUuvial aquifer. 
The flowmeter measures the velocity and direction of water movement by 
emitting heat pulses and measuring subsequent temperature increases in the 
groundwater using a series of thermistors (Guthrie, 1986). Monitoring wells 
with at least a 5-cm inside diameter are needed for flowmeter measurements. 
Comparison of groundwater velocities measured with the flowmeter and 
calculated from ionic tracer tests were comparable for measurements con-
ducted in the colluvial aquifer and the ZVI PRB (Fig. 5); however, flowmeter 
measurements in the P04 and AFO PRBs were problematic and not pre-
sented. 

Velocity trends measured by the flowmeter in the ZVI PRB indicate a 
significant variability ranging from less than 1 to more than 5 m/day (Fig. 6). 
Comparison of groundwater velocities to mean daily water level elevations 
within the ZVI PRB (well ZVIT3) indicates that increased velocity is closely 
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correlated to increased water level elevations within the PRB (Fig. 6). For 
example, during early October 1997, a relatively low groundwater velocity 
(1.8m/day) was measured in the ZVI PRB, corresponding to a significant 
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decrease in water level elevation in the PRB. In late October 1997, an 
increased groundwater velocity (3.8 m/day) was measured and corresponded 
to an increase in the water level elevation of 5.79 cm. 

Based on Darcy's law, groundwater velocity is directly proportional to the 
gradient. General trends in the groundwater gradient between wells ZVIT2 
(upgradient of PRB) and DG3 (downgradient of PRB) agree with the meas-
ured changes in groundwater velocities (Fig. 6). For example, near-zero 
gradients are observed in early October 1997, corresponding to the low 
groundwater velocity. Larger groundwater velocities measured from late 
October 1997 through late January 1998 correspond to larger groundwater 
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gradients. The large variations in groundwater velocities measured in the ZVI 
PRB indicate that the residence time of contaminated water in the PRBs 
could decrease significantly during storms and seasonal increases in water 
level elevations that may increase the gradients across the PRBs. 

B. CHEMISTRY 

1. Contaminant Removal Efficiencies 

Selected monitoring wells in each PRB were sampled 13 times from Sep-
tember 1997 through November 2000 to determine spatial distributions and 
removal efficiencies of U by each PRB. Contour maps of U concentration in 
each PRB during three selected monitoring periods (November 1997, May 
1999, and December 1999) were used to evaluate the spatial differences of 
contaminant removal. The influent U concentration to the P04 PRB ranged 
from 1400 to 7050 juig/Hter (Fig. 7) and decreased by more than 4030 juig/liter 
after traveling through the first 0.15 m of reactive material. The right side of 
the P04 PRB appears to provide more efficient U removal during May 1999 
and December 1999 relative to the center and left parts of the PRB (Fig. 7). 
This is probably the result of variable groundwater velocities and different 
flow paths in the right and left sides of the P04 PRB. 

The influent U concentration to the ZVI PRB was larger than the P04 
PRB and ranged from 2650 to 12860 (xg/liter (Fig. 8) and decreased sign-
ificantly after traveling through the first 0.15 m of reactive material. For 
example, during the May 1999 monitoring period, the influent U concen-
tration of more than 10000 |jLg/liter was reduced to < 0.06 |ULg/liter in a 
penetration distance of 0.15 m on the left side of the PRB. The December 
1999 U distribution map indicates an increased path length (0.46 m) before 
complete U removal on the left side of the PRB (Fig. 8). This increased 
treatment length is probably the result of increasing U influent and the effects 
of aging on the ZVI reactive material that could include passivation of the 
reactive surface by mineral precipitation. 

The influent U concentration to the AFO PRB was the largest of 
aU three PRBs, ranging from 12890 to 19850 |jLg/liter during the three 
monitoring periods shown in Fig. 9. The performance of AFO PRB 
decreased significantly during the field demonstration. During the initial 
part of field demonstration (November 1997), very high U concentrations 
(> 19000 |jLg/liter) were reduced to less than 1000 |ULg/liter over a distance of 
about 0.60 m into the PRB (Fig. 9). About 2 years later, similar U influent 
concentrations (> 17000 |ULg/Uter) were exiting the AFO PRB with U concen-
trations exceeding 5000 |ULg/Kter. 



416 

o 

CQ 
OC 
Q . 
Jl 
LU > < 
cc 

o 

UJ 

5 < 
QC 

z 
o o 
Hi 
o 
z 

Q 

0.8 

0.6 

0.4 

0.2 

0.0 

DflZ7zrf L. Nfl/it2 et al. 

November 1997 

r O560 

.....-^^ bOU ^ 

1 /O130 

r 010 

1 O 1,350V 

/ O 1,360 

2,000 

GRAVEL 
PACK 

O 750 

O 

O 640 

V o 

\ ^ O 660 

02 ,250 

A 

A 

-| 

May 1999 

EXPLANATION 
. ^ 5,000 ~ - ~ Line showing equal concentration of uranium, in 

micrograms per liter 
7,0500 Monitoring well—Number is uranium concentration, in 

micrograms per liter 

Figure 7 Uranium concentration in groundwater samples collected from the phosphate perme-
able reactive barrier during three different time periods, Fry Canyon, Utah. 



14. Field Demonstration of Three PRBs 417 

November 1997 

(/) 
UJ 

I: 

ui 
O 
< u. cc 
UJ 
I-z 
ffl 
QC 
Q. 
Jl 
UJ > < 
CC 

o 
o 
QC 

z 
UJ 
o 
< 
cc o z ^ o o 
UJ o z 

Q 

0.8 

0.6 

0.4 

0.2 

0.0 

^ 

^ 

p 

GRAVEL 
PACK 

O <0.06 

O 

O <0.06 

0 3 5 0 ^ ^ ^ ^ 

9,180O 

O <0.06 

^*5To^^^ 

!K 

O <0.06 i 

o J 
O0.2 J 

^ 1̂00 — d 

^^^ 200 d 
^"^0 310 1 

- 500 - J 

O 2,650 

0.8 

0.6 

0.4 

0.2 

0.0 
GRAVEL 

PACK 

O <0.06 

O <0.06 

O <0.06 

01 .2 

O <0.06 

10,7600 

O <0.06 

O <0.06 

o 

0 1.7 

o 

0 10 

May 1999 

\ 

A 

\ 

, - * 2 0 0 — J 

O 5,330 ^.On 

0.8 

0.6 

0.4 

0.2 

0.0 

- 0 2 0 ^ ^ 0 ^ 

0 4.9 

O <0.06 O <0.06 

O 9 0 ^ ^ ^ ^ ^ ^ ^ 

O200 ^ D - * - ^ ^ ^ 

December 1999 

O <0.06 ] 

O J 

O <0.06 

o 

" "^^^ 1 0 0 - H 
- ^ ^ 5,000 • 1 

GRAVEL 
PACK 

11,6100 O 12,860 ^ ^ 

EXPLANATION 
^^10,000 ^ ~ Line showing equal concentration of uranium, in 

micrograms per liter 
11,6100 Monitoring well—Number is uranium concentration, in 

micrograms per liter 

Figure 8 Uranium concentration in groundwater samples collected from the zero valent iron 
permeable reactive barrier during three different time periods, Fry Canyon, Utah. 



418 David L. Naftz et al. 

November 1997 

0.8 h 

0.6 

0.4 

a 0.2 
DC 
UJ 

I: 
S 0.0 
UJ 

o 

££ 
liJ 
h-
Z 0.8 
OQ 
OC 
Q. 

Ji 0.6 
UJ > < 
g 0.4 

o 
E 0.2 

UJ 

9 0.0 

o 
z 

^ 
o 
o 
UJ 

y 0.8 

Q 0.6 
0.4 h 

0.2 

0.0 

-500 

GRAVEL 
PACK 

5,000 . 

OOo, d 

19,850 O 016,900 

May 1999 

h 

r^^^^^^^^^^ 

GRAVEL 
PACK 

3,1800 

2,8600 

4,7200 J 

3,950Q/ 

1 3 , 8 3 0 0 * ^ 

16,020 O 

/ >• 5,000 X 
^ ( O 6,980J 

^^^ 0 3,110 

09,990^ 

/o 
1 011,000 

^ o J ^ ^ 

/ o 

016,770 

O 12,890 
"'"̂  

•J 

^ 

December 1999 

^ 

h 

GRAVEL 
PACK 

5,2400 

5,0000 

6,3000 

5,2700 

1 6 , 5 5 ^ ^ ^ ^ 

J7,080O 

O 6,500 

^^^O 5,050 

O 6,490 1 

o A 

O 6,660 J 

O 

Q023,57CJ) 

10,000 s| 

016,650 % 

\ 1 EXPLANATION 
•^~ 15,000 *—" Line showing equal concentration of uranium, in 

micrograms per liter 
17,080 O l\/lonitoring well—Number is uranium concentration, in 

micrograms per liter 

Figure 9 Uranium concentration in groundwater samples collected from the amorphous ferric 

oxyhydroxide permeable reactive barrier during three different time periods, Fry Canyon, Utah. 



14. Field Demonstration of Three PRBs 419 

Uranium removal ratios (URR), unitless, were used for comparison of U 
removal efficiencies to detect early signs of PRB failure during the initial 39-
month operating period (September 1997 through November 2000) (Fig. 10). 
The URR for flow paths 1 and 2 in each PRB was calculated by 

U R R = l - ( U i 5 c m / U i n f l u e n t ) , (1) 

where Uiscm is the U concentration in treated groundwater after traveling 
about 15 cm through the reactive material and Uinfiuent is the U influent 
concentration into each PRB. The shortest possible flow path was used 
because the upgradient section of each PRB will likely be the most sensitive 
to changes in contaminant removal efficiencies. A URR of 1.0 indicates 
complete (100%) U removal, whereas a URR less than 0.0 indicates that the 
U is being mobilized from the reactive material. 

Uranium removal ratios for both flow paths in the ZVI PRB were consist-
ently near 1.0 (Fig. 10), indicating high U removal efficiencies and no indica-
tion of onset of PRB failure. In contrast, URRs in both flow paths in the AFO 
PRB and flow path 1 in the P04 PRB have decreased consistently since PRB 
installation. URRs <0.0 in both flow paths of the AFO PRB appear to 
indicate that U sorbed previously by the AFO material is now being desorbed 
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by incoming groundwater with different chemistry (e.g., lower U concen-
trations). It is Hkely that the desorbed U is then sorbed further downgradient 
in the AFO PRB and that this process will continue until the U sorption 
equihbrium throughout the entire thickness of the AFO PRB has been 
attained. Given that desorption hkely occurs in response to a decrease in U 
input concentration, an AFO PRB would need to be removed after sorption 
equilibrium is reached and (or) the contaminant plume passes to prevent 
rerelease of U back to the groundwater. The complex flow paths indicated 
by Br tracer tests make interpretation of the P04 PRB more difficult. Two 
hydrologic processes causing variable U influent and removal in PRBs are 
discussed in the following section. 

2. Hydrologic Impacts on U Input and Removal 

Variable hydrologic conditions can have important impacts on PRB 
design and operation (Gavaskar et al., 1998). Changes in water level eleva-
tions during the operating period have directly influenced the U influent to 
each PRB. This trend is illustrated by the comparison of continuous water 
level elevations measured in well ZVIT3 to the average Uinfiuent concentration 
measured in the gravel pack upgradient of the AFO PRB (Fig. 11). Higher 
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groundwater levels are associated with increased Uinfiuent- ^or example, one of 
the lowest Uinfiuent Concentrations was measured in September 1998 and was 
preceded by the minimum seasonal water level elevation measured during 
July 1998 (Fig. 11). The highest Uinfiuent concentration was measured in early 
August 1999, about 14 days after a sharp increase in the water level elevation, 
presumably the result of a summer thunderstorm and resulting flash flood in 
Fry Creek. 

Transient recharge events in the colluvial aquifer associated with either a 
higher stage in Fry Creek or infiltration of localized precipitation through the 
tailings material causes increased water levels. As the water level increases, 
previously unsaturated areas of the colluvial aquifer and tailings material are 
saturated and may have higher amounts of easily desorbed U relative to 
colluvial material that is saturated consistently. Laboratory experiments 
conducted with sediments collected from Fry Canyon indicated that large 
amounts of U could be desorbed easily (Naftz et al., 2000). 

A change in U concentrations with depth was present consistently in each 
of the PRBs during operation (Fig. 12). Water samples along flow paths from 
the deepest part of the ZVI and AFO PRBs have consistently higher U 
concentrations compared to shaHow flow paths. For example, water samples 
from the deep monitoring points in the AFO PRB at 15, 46, and 76 cm along 
the flow path contain 660 to 4890 |jLg/Uter more U than water samples from 
the shallow monitoring points. 

One possible explanation for the elevated U concentrations in the deeper 
flow paths in AFO and ZVI PRBs is the result of water moving along the 
PRB/Cedar Mesa Sandstone interface. Because of the irregular surface of the 
Cedar Mesa Sandstone, it is possible that the deepest few centimeters of 
the PRB material were diluted with native material during placement of the 
reactive material. This process may have created a slightly less efficient 
treatment area, resulting in slightly lower efficiencies of U removal compared 
to overlying sections of the PRB. This same trend is not evident in the P04 
PRB with depth (Fig. 12) and may be a result of the slower groundwater 
velocities that are allowing longer contact times with the diluted reactive 
material at the PRB/Cedar Mesa Sandstone interface. 

3. Number of Pore Volumes Treated 

The ratio of U concentrations in treated groundwater (Q to influent (Co) 
groundwater was compared to the estimated number of PVs treated from 
September 1997 through November 2000 in each PRB (Fig. 13). Measured U 
concentrations in water from wells P04FS1, ZVIFSl, and AFOFSl were 
used for C values, and average U concentrations from the monitoring points 
in the gravel pack, upgradient of each PRB, were used for Co values. Changes 
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in water level elevations were determined to control groundwater velocities in 
the ZVIPRB (Fig. 6); however, mean velocity estimates from the ionic tracer 
tests conducted during April 1999 (Fig. 4) were used as a representative 
velocity to calculate the number of PVs passing through each PRB. 

Because of the low groundwater velocity measured in the P04 PRB, a small 
number of PVs were treated (173) relative to the PVs treated by both ZVI (1650) 
and AFO (2270) PRBs (Fig. 13). After treating about 20 PVs, C / Q values 
measured in the P04 PRB have decreased substantially and have approached 0 
during the latter stages of operation (Fig. 13). Without additional data, it is 
unclear if this trend to more efficient U removal is real or a result of stagnation 
or a change in the direction of groundwater flow in the P04 PRB. 

Trends in C / Q values with increasing PVs in the AFO and ZVI PRBs are 
significantly different. Treatment efficiencies in the AFO PRB were excellent 
(C/Co less than 0.2) during treatment of the first 670 PVs (Fig. 13). Decreas-
ing treatment efficiencies were observed during the treatment of PVs 670 
through 2270. A 50% breakthrough ( C / Q = 0.50) was attained in the 
AFO PRB after treatment of about 1160 PVs (Fig. 13). The ZVI PRB has 
treated about 1650 PVs without any noticeable reduction in treatment 
efficiencies (mean C / Q = 0.007). 

The total mass of U removed during PRB operation is another important 
factor that should be assessed when comparing the performance of individual 
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PRBs. Total mass removal is especially important at the Fry Canyon site 
because the groundwater velocities and influent U concentrations are differ-
ent for each PRB. For example, early breakthrough of the AFO PRB could be 
the result of a higher U mass influent caused by increased concentrations and 
or groundwater flow velocities. The same assumptions used for PV calcula-
tions were also applied to the calculations of U mass removal. Additional 
assumptions included (1) PRB porosities did not change over time; (2) poros-
ities were 70% (P04 PRB), 56% (ZVI PRB), and 30% (AFO PRB) as meas-
ured in the laboratory by tritium breakthrough (P04 and ZVI) and water 
displacement (AFO); (3) water level elevations measured during each moni-
toring period were constant and represented the saturated thickness of each 
PRB between monitoring periods; and (4) only the right half of the P04 PRB 
had flow-through conditions. 

U mass removal was normalized to the saturated thickness so that each 
PRB could be compared directly (Fig. 14). Although the C / Q values were 
lower in the ZVI PRB, the AFO PRB removed more U mass per meter of 
depth until May 1999. This is a direct result of the higher U influent concen-
trations and greater estimated volumetric flow through the AFO PRB relative 
to the ZVI PRB. Decreasing trends in U mass removed in the AFO PRB 
began between June and September 1998 and coincided with the increasing 
trends in C / Q values in the AFO PRB between PVs 520 and 670 (Fig. 13). 
The trend in mass of U removed per day by the ZVI PRB varied directly with 
the average U influent (Fig. 14), indicating that the high removal efficiency of 
ZVI was not affected by changes in influent U concentration. 

Relative to AFO and ZVI PRBs, the U mass removed in the P04 PRB was 
low (Fig. 14). This is caused by the combination of low groundwater velocities 
and U influent concentrations. During the 1130-day operating period, the 
total mass of U removed in each PRB was calculated to be P04 (270 g), ZVI 
(13,400 g), and AFO (8320 g). The average saturated thickness in the AFO 
PRB was 0.51 m less than the average saturated thickness in the ZVI PRB, 
which resulted in a smaller total U mass removed during the 1130-day 
operating period. 

4. Evidence for Mineral Precipitation in the ZVI PRB 

As shown in the previous section, data indicate that the ZVI PRB is 
removing the highest percentage of influent U; however, aerobic and anaer-
obic corrosion of ZVI can result in large increases in the pH of the ground-
water after entering the PRB (see Chapter 1). Depending on the groundwater 
chemistry, the pH increase can result in mineral precipitation. Cores collected 
from the ZVI PRB during May 1999 indicate that mineral precipitation is 
occurring. Minerals qualitatively identified in cores collected from the ZVI 
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2000. 

PRB during May 1999 included iron sulfide, calcite, and metallic iron. Min-
eral precipitation can decrease the permeability and reactivity of the ZVI PRB 
(Fig. 15) and result in a decrease in contaminant removal efficiencies (Gu et 
al, 1999; see Chapters 11-13). In a series of laboratory column experiments, 
Gu et al (1999) identified a number of mineral precipitates forming in ZVI 
material. Mineral precipitates included iron hydroxides, carbonates, and 
sulfides. 

Changes in pH, calcium, and alkahnity along row 1 monitoring wells in the 
ZVI PRB were used to gain insight into the extent and type of mineral 
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Figure 15 Scanning electron microscope photograph of soHd-phase sample taken before instal-
lation (A) and after the zero valent iron permeable reactive barrier (ZVI PRB) had operated for 
about 21 months (B, C, and D), Fry Canyon, Utah. (A) Unreacted ZVI pellet surface showing 
metallic iron crystals and high porosity morphology; (B) calcite needle on surface of ZVI pellet; 
(C) calcite "fan" structure precipitated on surface of ZVI pellet; and (D) enlargement of outlined 
area shown in C. 

precipitation. pH values increased significantly in the ZVI PRB during the 
three monitoring periods that were evaluated (Fig. 16). Large decreases in 
calcium (Ca) concentrations, as much as 72% after the incoming groundwater 
has penetrated 15 cm into the ZVI PRB, were associated with areas in the 
PRB displaying large pH increases (Fig. 16). Water samples from deeper 
monitoring wells completed directly above the ZVI PRB/Cedar Mesa Sand-
stone interface contain lower pH values and higher Ca concentrations com-
pared to the shallow wells (Fig. 16). This probably results from a less efficient 
treatment zone along the PRB/Cedar Mesa Sandstone interface. Because of 
the irregular surface of the Cedar Mesa Sandstone, it is possible that the 
deepest few centimeters of the PRB material were diluted with native material 
during placement of the reactive material. This process may have mixed ZVI 
with native material, thereby decreasing the amount of Fe corrosion in this 
section of the PRB. 
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If calcite precipitation is assumed to be the dominant mineral sink for the 
observed losses of Ca in groundwater treated by the ZVIPRB, then decreases 
in alkalinity should correspond to losses in alkalinity on a 1:1 molar ratio. 
Alkalinity and Ca concentrations measured in row 1 monitoring wells were 
converted to millimoles (Fig. 17). Most water samples within the ZVI PRB 
plot below the reaction progress line, indicating that for the observed loss in 
Ca there is insufficient loss in alkalinity for the formation of calcite (Fig. 17). 
A number of plausible scenarios may be used to explain the trends observed in 
Fig. 17. For example, additional Ca-containing, noncarbonate mineral 
phases may be forming in the ZVI PRB. Geochemical modeling techniques 
were applied to water samples from the ZVI PRB to determine the plausible 
mineral phases that may be responsible for the observed Ca and alkalinity 
losses (see Chapter 10). Additional data are needed to provide a definitive 
answer. 

5. Water Quality Changes Downgradient of PRBs 

Degradation of water quality after treatment by PRBs is a concern. To 
address this concern, eight wells from about 1 to 3 m downgradient of the 
PRBs (Fig. 2) were monitored since PRB installation. Results from the 
downgradient monitoring wells were compared to mean water quality data 
from well FC3 located upgradient of the PRB installation (Fig. 18). With the 
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exception of well DG3, the specific conductance (SC) value of groundwater 
exiting the PRBs is lower than the mean SC value in well FC3 (Fig. 18). An 
increase in SC was observed in well DG3 immediately after PRB installation 
and peaked about 5 months after PRB installation. After peaking, SC values 
in well DG3 returned to similar values measured in the other downgradient 
monitoring wells. It is likely that at least part of the observed decrease in SC is 
the result of mineral precipitation reactions that occur in the ZVI PRB. 

Elevated Fe concentrations exiting from the ZVI PRB are a potential 
concern for downgradient water quality (see Chapter 13). With the exception 
of three samples from well DG2B and one sample from well DP4, the concen-
tration of dissolved Fe in the downgradient monitoring wells is similar to the 
mean upgradient Fe concentrations (2 mg/liter) measured in well FC3 (Fig. 
18). It is Ukely that the elevated Fe concentrations in samples from wells 
DG2B and DP4 are from the ZVI PRB; however, Fe concentrations in all 
downgradient wells decreased to background concentrations during the De-
cember 1999 monitoring period. 

pH and U concentrations in water exiting the PRBs are important param-
eters to monitor because the PRBs at Fry Canyon were installed upgradient 
of previously contaminated sediments. In this location, treated water con-
taining lower U concentrations has the potential to desorb U after exiting the 
PRBs and contacting the contaminated sediments. Increases in pH values in 
the treated groundwater could also cause U desorption from the contamin-
ated sediments. The pH of groundwater exiting the PRBs is elevated com-
pared to the mean pH of 7.0 units measured in water samples from well FC3 
(Fig. 18). At least part of this pH increase may result from the aerobic and 
anaerobic Fe corrosion reactions occurring in the ZVI PRB. In general, the U 
concentration in the groundwater downgradient of the PRBs is at or below 
the mean U concentration measured in well FC3 (Fig. 18). Exceptions to 
this trend are elevated U concentrations in downgradient wells DG2 and 
DG3 for about 8 months after PRB installation and well DGl beginning in 
August 1999 and continuing through the most recent sampling date (June 
2000). 

The transport of PO4 from the P04 PRB is also of concern to down-
gradient water quality. Phosphate concentrations measured in water samples 
from within the P04 PRB have exceeded 80mg/Hter (Naftz et al., 2000; 
Wilkowske et al., 2001); however, the median PO4 concentration in wells 
DG3 and DG4 (downgradient from the P04 PRB) is < 0.2 mg/liter (n = 22). 
The low amount of PO4 observed in the downgradient wells is probably a 
result of the large amounts of naturally occurring iron oxyhydroxides in the 
coUuvial sediments downgradient from the P04 PRB. Iron and manganese 
oxyhydroxides usually limit PO4 concentrations in water to significantly less 
than 1 mg/liter (Hem, 1989). 
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V. APPLICATION OF FIELD 
DEMONSTRATION RESULTS 

Results from the first 3 years of PRB operation at Fry Canyon can be 
applied to the design and operation of future, full-scale PRB installations in 
similar hydrologic and geochemical settings and are summarized according to 
hydraulics and chemistry. 

A. HYDRAULICS 

1. Groundwater velocities measured with a heat-pulse flowmeter compare 
favorably with velocities determined with ionic-tracer techniques in wells 
completed in the coUuvial aquifer and ZVI PRB. Field demonstration results 
indicate that heat-pulse flowmeters may provide reliable results and should be 
considered as a method for the routine monitoring of groundwater velocities 
in selected PRBs. Velocity measurements conducted with heat-pulse flow-
meters should be calibrated initially with ionic tracer methods and verified 
periodically. 

2. Increases in groundwater velocities are related to increases in water 
level elevations and corresponding groundwater gradients within the ZVI 
PRB. The positive correlation between these parameters can be used to 
reconstruct detailed records of groundwater velocity by monitoring water 
table elevations continuously within a PRB. In addition, changes in the 
slope between water level measurements and groundwater velocity (meas-
ured by heat-pulse flowmeter or ionic tracers) could be used to assess 
changes in PRB performance as a result of plugging by mineral precipita-
tion. 

3. Groundwater velocities measured in the ZVI PRB ranged from less 
than 1 to more than 5 m/day. The treatment thickness of PRBs should be 
designed to accommodate the significantly shorter treatment times resulting 
from the increased groundwater velocities that may occur, especially in 
shallow aquifers with strong surface- and groundwater interactions. 

B. CHEMISTRY 

1. The small-diameter (0.6-cm) monitoring wells located 15 cm downgra-
dient from the gravel/AFO PRB interface were useful in providing "early 
warning signs" of PRB breakthrough. Monitoring wells should be installed 
within the upgradient areas of PRBs. Routine monitoring of these upgradient 
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wells can function as ''early warning systems" for potential PRB break-
through. 

2. Increased water level elevations were related to increases in U influent 
concentrations to PRBs. Increased water level elevations also resulted in 
increased groundwater velocities in PRBs. The combined impacts of increas-
ing U influent concentrations and increasing groundwater velocities resulting 
from increasing water level elevations should be considered during PRB 
design to allow for sufficient treatment thickness and residence time under 
changing hydrologic conditions. 

3. Elevated U concentrations were measured in water samples from wells 
completed immediately above the PRB/bedrock interface relative to U con-
centrations measured in water samples from wells completed well above the 
PRB/bedrock interface. The increased U concentrations at the interface 
probably result from the irregular surface of the bedrock and the creation 
of a diluted and less efficient treatment zone during placement of the reactive 
material. During future installations, PRBs should be excavated into the 
confining layer interface to ensure capture of the entire vertical extent of the 
plume. In addition, PRB-monitoring networks should include monitoring 
points directly above the PRB/confining layer interface to document similar 
contaminant treatment efficiencies. 

4. During the 1130-day demonstration period, the AFO PRB passed the 
largest number of PVs (2270), followed by the ZVI PRB (1650) and the P04 
PRB (173). The U removal efficiencies were excellent in the ZVI PRB during 
the entire demonstration period (mean C / Q = 0.007); however, variable U 
removal efficiencies were observed in the AFO (mean C / Q = 0.271) and P04 
(mean C / Q = 0.412) PRBs. A 50% breakthrough ( C / Q = 0.50) was 
reached in the AFO PRB after treatment of about 1160 PVs. The total mass 
of U removed in each PRB was calculated to be P04 (270 g), ZVI (13,400 g), 
and AFO (8320 g). 

5. Evidence of mineral precipitation that could decrease future U removal 
efficiencies was found in solid-phase and groundwater samples from the ZVI 
PRB. Mineral phases identified in cores from the ZVI PRB included iron 
sulfide, calcite, and metallic iron. Aerobic and anaerobic corrosion of the ZVI 
has increased pH values and decreased Ca and total alkalinity concentrations 
in treated groundwater, resulting in mineral precipitation. Comparisons of 
Ca and alkalinity molar ratios in the influent and treated water indicate that a 
substantial amount of a Ca-containing, noncarbonate mineral phase is 
forming in the ZVI PRB. 

6. Monitoring wells downgradient of the PRBs did not indicate signifi-
cant, long-term degradation in the treated groundwater quality with respect 
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to baseline SC values, as well as baseline concentrations of Fe, U, and PO4. 
Short-term increases in SC values and Fe and U concentrations were ob-
served in selected wells following PRB installation. An overall increasing 
trend in pH values is observed in groundwater exiting the PRBs; however, it 
does not result in an increase in U desorption from the coUuvial sediments 
downgradient of the PRBs. 

REFERENCES 

Freethey, G. W., Spangler, L. E., and Monheiser, W. J. (1994). Determination of hydrologic 
properties needed to calculate average linear velocity and travel time of ground water in the 
principal aquifer underlying the southeastern part of Salt Lake Valley, Utah. U.S. Geological 
Survey Water-Resources Investigations Report 92-4085. 

Gavaskar, A. R., Gupta, N., Sass, B. M., Janosy, R. J., and O'SuUivan, D. (1998). "Permeable 
Barriers for Groundwater Remediation." Battelle Press, Columbus, OH. 

Gu, B., Phelps, T. J., Liang, L., Dickey, M. J., Roh, Y., Kinsall, B. L., Palumbo, A.V., and 
Jacobs, G. K. (1999). Biogeochemical dynamics in zero-valent iron columns: Implications for 
permeable reactive barriers. Environ. Sci. Tech. 33, 2170-2177. 

Guthrie, M. (1986). Use of a Geo Flowmeter for the determination of ground water flow 
direction. Ground Water Monitor. Rev. 6, 81-86. 

Hem, J. D. (1989). Study and interpretation of the chemical characteristics of natural water. U.S. 
Geological Survey Water-Supply Paper 2254. 

K-V Associates, Inc. (2001). Model 40 GEOFLO Heat-Pulse ground water flowmeter. Accessed 
March 9, 2001, at URL http://www.kva-equipment.com/model40.html. 

Landa, E. R., and Gray, J. R. (1995). U.S. Geological Survey research on the environmental fate 
of uranium mining and milling wastes. Environ. Geol. 26, 19-31. 

Naftz, D. L., Davis, J. A., Fuller, C. C , Morrison, S. J., Freethey, G. W., Feltcorn, E. M., 
Wilhelm, R. G., Plana, M. J., Joye, J. L., and Rowland, R. C. (1999). Field demonstration of 
permeable reactive barriers to control radionuclide and trace-element contamination in 
ground water from abandoned mine lands. In "U.S. Geological Survey Toxic Substances 
Hydrology Program—Proceedings of the Technical Meeting, Charleston, South Carolina, 
March 8-12, 1999. Contamination from Hardrock Mining: U.S. Geological Survey Water-
Resources Investigations Report 99-4018A" (D. W. Morganwalp, and H. T. Buxton, eds.), 
Vol. 1, pp. 281-288. 

Naftz, D. L., Fuller, C. C , Morrison, S. J., Davis, J. A., Freethey, G. W., Rowland, R. C , Plana, 
M. J., Feltcorn, E. M., Wilhelm, R. G., and Blue, J. E. (2000). Field demonstration of 
permeable reactive barriers to remove dissolved uranium from groundwater, Fry Canyon, 
Utah, September 1997 through September 1998, Interim report. U.S. Environmental Protec-
tion Agency Report EPA 402-C-OO-OOl. 

U.S. Environmental Protection Agency (1999). In situ permeable reactive barriers: Application 
and deployment training manual. U.S. Environmental Protection Agency Report EPA 542-
B-99-001. 

U.S. Geological Survey Abandoned Mine Lands Science Team (1999). Abandoned Mine Lands 
Initiative—Providing Science for Watershed Issues. In "U.S. Geological Survey Open-File 
Report 99-321" (P. J. Modreski, Compiler), pp. 29-30. 



434 David L. Naftz et al. 

Utah Department of Health (1987). Preliminary assessment report, Fry Canyon Tailings. Report 
Number UTD980718688. 

Wilkowske, C. D., Rowland, R. C , and Naftz, D. L. (2001). Selected hydrologic data for the field 
demonstration of three permeable reactive barriers near Fry Canyon, Utah, 1996-2000. U.S. 
Geological Survey Open-File Report 01-361. 



Chapter 15 

Collection Drain and 
Permeable Reactive Barrier for 
Treating Uranium and Metals 
from Mill Tailings near 
Durango, Colorado 

Stan J. Morrison,* Donald R. Metzler/ and Brian P. Dwyer* 
*Environmental Sciences Laboratory/ Grand Junction, Colorado 81503 
^U.S. Department of Energy, Grand Junction, Colorado 81503 
*Sandia National Laboratories, Albuquerque, New Mexico 87185 

Contaminated water flowing from a uranium mill tailings repository near 
Durango, Colorado, is collected in a drain and piped to a system of permeable 
reactive barriers (PRBs). PRBs, which have been used to treat the water with 
zero valent iron (ZVI) since 1996, were constructed in two configurations: 
leach fields and baffled tanks. ZVI was used in three forms: foam plates, 
granular, and steel wool. All three forms of ZVI produced chemically redu-
cing conditions and removed most contaminants [arsenic (As), cadmium, 
copper (Cu), molybdenum (Mo), nitrate, radium-226 (^^^Ra), selenium (Se), 
uranium (U), vanadium (V), and zinc (Zn)], but equal volumes of foam plates 
or granular ZVI were more efficient than steel wool. A baffled tank containing 
ZVI removed contaminants more effectively than the leach field system and 
allowed easy replacement of the ZVI. Chemical distributions were deter-
mined in one PRB after 3 years of operation. The amount of contaminated 

^Operated by MACTEC Environmental Restoration Services for the U.S. Department of 
Energy Grand Junction Office. 

Handbook of Groundwater Remediation Using Permeable Reactive Barriers 
Copyright 2002, Elsevier Science (USA). All rights reserved. 4 3 5 
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groundwater treated by this PRB could not be determined accurately because 
the flowmeter records were incomplete. However, we used the average con-
centrations of As, calcium (Ca), Se, U, V, and Zn in the solids to determine 
that between 238 and 489 m^ of groundwater was treated. Chemical analysis 
indicated that significant quantities of Ca, inorganic carbon, and sulfur were 
deposited in the PRB in addition to the contaminants. Calcite, iron (Fe)-
calcite, goethite, magnetite, ferrihydrite, and a U-V-siUcon-rich Fe-oxide 
phase (or mixture of phases) were identified using X-ray diff'raction and 
electron microprobe methods. Magnesium, manganese (Mn), ^^^Ra, and 
strontium were deposited in the PRB, possibly in solid solution with carbon-
ate minerals. Some constituents, including aluminum, chromium, Cu, Fe, 
Mn, and sodium, were partially leached from the ZVI foam plates. Concen-
trations of Fe in effluents from PRBs ranged from 7.69 to 115mg/liter. 
Arsenic and Se concentrations in the ZVI foam plates were highest near the 
inlet, indicating rapid deposition in the PRB. Concentrations of other con-
stituents, including Ca, Mo, U, V, and Zn, were also high near the inlet, but 
high concentrations extended some distance into the PRB, suggesting slightly 
longer residence times were required to remove them. 

I. INTRODUCTION 

Uranium (U) and associated constituents have contaminated groundwater 
at many U-ore milling sites and nuclear weapons facilities worldwide. Some 
concentrations of these contaminants are harmful to human health and the 
environment (see Chapter 13). Pump-and-treat systems, currently the most 
widely used groundwater remediation method, are costly and at many sites 
have not been effective in meeting groundwater quality standards (National 
Academy of Sciences, 1994). At the time this project was initiated in 1995 at 
the Bodo Canyon disposal site near Durango, Colorado, permeable reactive 
barrier (PRB) technology had been developed for the passive remediation of 
groundwater contaminated by chlorinated solvents (Gillham et al., 1994) and 
acid mine drainage (see Chapter 2), but PRBs had not been installed to treat 
U and associated contaminants. Most PRB installations had been placed in 
situ without easy access for replacing the reactive material. In 1995, four 
PRBs featuring a unique design that allowed easy replacement of reactive 
material were installed at the disposal site for uranium mill tailings near 
Durango. 

Laboratory research has shown that concentrations of redox-sensitive 
contaminants such as U and chromium (Cr) decrease when in contact with 
zero valent iron (ZVI) (Blowes et al., 1997a; Cantrell et al., 1995; Dwyer and 
Marozas, 1997). Chemical mechanisms responsible for the uptake of U are 
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currently being debated in the scientific community (Fiedor et ai, 1998; Gu 
et al., 1998; Matheson and Goldberg, 1999; Morrison et al, 2001). Suggested 
mechanisms include (1) precipitation of reduced minerals such as uraninite 
(UO2) and (2) formation of ferric oxyhydroxide [Fe(OH)3] from oxidation of 
ZVI followed by adsorption on the newly formed Fe(OH)3. 

The Durango site provided an opportunity to study PRB designs for 
passive remediation of U-contaminated water. During construction of this 
uranium mill tailings repository in 1991 by the Uranium Mill Tailings Re-
medial Action (UMTRA) project, a contaminated seep developed that re-
quired treatment. A gravel collection drain was constructed in the disposal 
cell to collect contaminated seep water and pipe it to a lined retention pond 
where it was treated with lime and discharged to a drainage. In 1995, four 
PRBs were constructed to treat the contaminated water before it entered the 
retention pond (Fig.l). Inflow and outflow water chemistry has been moni-
tored since 1996. Reactive material in one PRB was replaced with new 
material when flow through that PRB ceased because of pore plugging after 
3 years of operation. This PRB was unearthed and the treatment material was 
sampled and analyzed extensively. 

Data obtained from the analyses were used to evaluate the efficiency of 
PRBs in reducing aqueous concentrations of contaminants, to estimate rela-
tive uptake rates, and to determine the chemistry and mineralogy of material 
deposited in the PRBs. This chapter presents details of the Durango study, 
including PRB designs, construction methods, aqueous chemistry results for 
4 years of sampling, and results of a detailed elemental and mineralogical 
analyses of the solids in one PRB after 3 years of operation. The collection 
drain and the PRB appear to be an effective system that could be used to treat 
contaminated groundwater at sites with favorable hydraulic gradients. 

11. SITE DESCRIPTION 

A. URANIUM MILL TAILINGS DISPOSAL CELL 

A total of 1.9 miUionm^ of uranium mill tailings was relocated in May 
1991 from a former mill site adjacent to the Animas River in the city of 
Durango to the Bodo Canyon disposal site about 2.5 km away. Because a 
seep developed on the downgradient face of the repository during construc-
tion, a collection drain system was installed in the repository. An imperme-
able cap was placed on the repository to prevent surface water infiltration; 
however, water used during the construction process and still trapped in the 
pores of the tailings ffowed into the drain system at about 2.61iters/min. 
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Figure 1 Cross sections of collection drain and permeable reactive barriers constructed at the 
Bodo Canyon disposal site near Durango, Colorado. 

Samples of the contaminated seep water contained concentrations of contam-
inants [e.g., U, molybdenum (Mo), and selenium (Se)] that exceeded max-
imum contaminant levels for the UMTRA Project (Federal Register, 1995). 

B. DESIGN AND CONSTRUCTION OF THE COLLECTION DRAIN 

The collection drain is 100 m long and consists of a 1.2-m-wide by 0.9-m-
high gravel drain overlain by the 2.4-m-wide by 1.8-m-high collection portion 
that consists of compacted concrete sand (Fig. 1). The collection drain drawls 
contaminated water from the surrounding U mill tailings. The contaminated 
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water flows through a 15-cm-diameter perforated polyvinyl chloride (PVC) 
drainpipe that extends the length of the collection drain. The perforated PVC 
pipe connects to a nonperforated PVC pipe that transmits the water to the 
valve shed and then to a 2.4-m-diameter by 2.4-m-deep, capped, fiberglass 
holding tank. From the holding tank, water enters a valved manifold that 
directs the water into the desired PRB. Because heavy snowfall makes winter 
access to the site difficult, the system was shut off* each year from about 
November through April. During the winter, contaminated groundwater 
collects in the collection drain. 

C. PRB DESIGN AND CONSTRUCTION 

In 1995, four PRBs (PRB A, PRB B, PRB C, and PRB D) were installed to 
treat the collected water with steel wool, copper mesh, and/or ZVI foam 
plates as the reactive material (Fig. 2; Table I). All four PRBs were placed 

Figure 2 Four permeable reactive barriers were installed in 1995 near Durango, Colorado, and 
are shown just before backfilling of the system. 
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Table I 

Description of Permeable Reactive Barriers at the Durango, Colorado, Site 

Identifier 

PRBA 

PRBB 

PRBC 

P R B D 

PRBE 

Design type 

Leach field 

Leach field 

Baffled tank 

Baffled tank 

Baffled tank 

Reactant type 

Steel wool and 
copper mesh 

Steel wool 

Cast ZVI foam plates 

Steel wool 

Granular ZVI 

Notes 

Never operated 

No flow through quadrants 2 and 3 

No flow through quadrants 2 and 3 

Still in operation; flow through 
all four quadrants 

in a shallow excavation lined with plastic to prevent the release of contamin-
ated water. 

ZVI foam plates were manufactured by Cercona of America (Dayton, OH) 
by binding fine-grained ZVI with aluminosilicate (Mitchell, 1997). The sur-
face area of this product is 1.7m^/g with a bulk density of about 1.5g/cm^, 
the composition is more than 90% iron (Fe) as powdered ZVI, the porosity is 
about 0.5, and the hydraulic conductivity is about 0.05 cm/s. Steel wool was 
supplied in 1.3-cm-thick rolls by International Steel Wool; the copper mesh, 
also supplied by International Steel Wool, was 18 gauge and was composed of 
more than 97% copper. 

PRB A and PRB B were constructed similar to septic leach fields; PRB A 
contained steel wool and copper mesh, and PRB B contained only steel wool 
(Fig. 3). Contaminated water was piped from the collection drain into the 
upper portion of the PRBs and flowed by gravity through reactive media to a 
PVC pipe that directed the outflow to the retention pond. 

PRB C and PRB D were constructed in steel tanks with baffles that were 
intended to force the water to flow up and down through the PRB (Fig. 4). 
Each tank is 1.8 m long, 0.9 m wide, and 1.3 m deep. PRB C and PRB D are 
divided into four quadrants separated by flow baffles. Quadrant 1 is at the 
influent end of the PRB. A drainpipe connecting the bottom of quadrant 2 to 
the bottom of quadrant 4 was installed in both PRB C and PRB D during 
construction so that PRBs could be drained to prevent freezing during the 
winter season. Unfortunately, the drainpipes provided a route from quadrant 
1 to quadrant 4, and much of the water bypassed quadrants 2 and 3. PRB C 
contained ZVI foam plates and PRB D contained steel wool. Covers for the 
steel boxes were sealed with sealant to the tops of the PRB walls and to two of 
the baffles and bolted down (Fig. 4). PRB C and PRB D were buried under 
about 0.9 m of soil. Residence time in PRB C filled with ZVI foam plates is 
about 3 h with a flow rate of 4 Hters/min. 
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Figure 3 Design schematic of permeable reactive barrier (PRB) A and PRB B. Steel wool and 
copper mesh were the treatment materials for PRB A, and steel wool was the treatment material 
for PRB B. 

ZVI foam plates in PRB C were oriented on their sides (vertical placement) 
in quadrant 1, but lay flat in quadrants 2, 3, and 4 (Fig. 4). Each plate is 
approximately 20 by 15 by 2.5 cm. Grooves were cut in the plates in quadrant 
1 to increase permeabihty near the inlet. In July 1999, ZVI foam plates in PRB 
C were replaced with granular ZVI (Peerless Metals Products, mesh size 
—8/ + 20), and the PRB was renamed PRB E. At the same time, the drainpipe 
connecting quadrants 2 and 4 was removed to initiate up-and-down move-
ment of the water, and a sampling port was added to collect samples from the 
bottom of quadrant 2. 

Because of the low flow conditions (usually less than 2.61iters/min), only 
one PRB was operated at a time; PRB A was never operated. PRB C was 
operated the longest (intermittently from May 1996 through May 1999) and 
treated about 490 m^ of water as calculated from the vanadium (V) concen-
tration in the solids (Fig. 5). PRB B treated 448 m^ between April 1998 and 
May 1999; PRB D treated IHm^ between May and July 1999; and PRB E 
treated 192 m^ between July 1999 and June 2000 (PRB E was still in operation 
after June 2000). 
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Figure 4 Isometric and cross section views of permeable reactive barrier (PRB) C and PRB D 
showing quadrant designations. 
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Figure 5 Record of permeable reactive barrier (PRB) operation. PRB A was never operated. 
Volume of treated groundwater was measured with a flowmeter for PRB B, PRB D, and PRB E. 
Dashed portion for PRB C is based on incomplete flow records; total volume is based on the 
concentration of vanadium in the solid fraction (see text). Shaded areas are winter shutdowns. 

III. SAMPLING AND ANALYSIS METHODS 

A. WATER SAMPLING AND ANALYSIS 

Flow rates were adjusted with a valve located in the valve shed (Fig. 1) and 
measured continuously with an in-line flow meter (records of flow rates were 
incomplete prior to March 1998). A peristaltic pump was used to collect 
samples from the outflow ends of the PRBs. About 10 liters of water was 
purged before collecting a sample. Samples of inflow water to all PRBs were 
collected in the holding tank by removing the cover of the tank and dipping a 
1-liter Nalgene bottle in the water. Samples were filtered through a 0.45 |xm 
filter in the field. Values of pH, Eh, electrical conductivity, and temperature 
were measured using probes in a flow-through cell or by swirling the probes 
in the holding tank. Alkalinity was measured in the field by sulfuric acid 
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tritration on filtered samples. Dissolved oxygen was measured using the Hach 
Company AccuVac method (Hach, 1989). 

Concentrations of aluminum (Al), barium (Ba), calcium (Ca), Cr, copper 
(Cu), Fe, magnesium (Mg), manganese (Mn), potassium (K), silicon (Si), 
sodium (Na), strontium (Sr), V, and zinc (Zn) in the water samples were 
analyzed by inductively coupled plasma atomic emission spectroscopy; con-
centrations of cadmium (Cd), Mo, and U were analyzed by inductively 
coupled plasma mass spectrometry; arsenic (As) and Se concentrations were 
determined by hydride-generation atomic absorption; concentrations of 
chloride (CI), nitrate (NO3), and sulfate (SO4) were determined by ion chro-
matography; ammonium (NH4) concentration was measured colorimetri-
cally; total dissolved solids (TDS) concentrations were determined 
gravimetrically; concentrations of total organic carbon (TOC) were analyzed 
by coulometry; and concentrations of radium-226 (^^^Ra) were measured by 
a spectrometry. Serial dilutions, spikes, and duplicate analyses were per-
formed for quaHty control. 

B. SOLIDS SAMPLING AND ANALYSES 

PRB C was opened in August 1998, and several solids samples were 
collected from the top of the ZVI foam plates. PRB C was opened again in 
July 1999, after the end of its operating life (May 1999), and sampled exten-
sively by coring and during removal of the ZVI foam plates. Three cores (two 
from quadrant 1 and one from quadrant 4) were collected by driving a core 
barrel with a handheld impact hammer or a sledge hammer. Splits of the cores 
were sealed in plastic tubes under an argon environment for electron microp-
robe examination. The same cores were examined with X-ray photoelectron 
spectroscopy (see Chapter 12). 

Samples for chemical analyses were collected with a chisel and hammer 
during removal of the ZVI foam plates. Samples were collected at three 
depths: 1, 40, and 74 cm below the uppermost surface of the ZVI foam plates. 
Samples ranging in size from about 30 to 800 cm^ were placed in plastic bags 
for transport to the laboratory where they were oven dried at 90 °C and then 
ground to powder. A split of the powder was digested in a mixture of concen-
trated nitric, perchloric, and hydrofluoric acids (ASTM, 1992) for analyses of 
Al, As, Ca, Cr, Cu, Fe, Mg, Mn, Mo, Na, Se, U, V, and Zn. A peroxide fusion 
was used to digest S so that all S was oxidized to SO4. The same analytical 
methods used to analyze water samples were used to analyze digestates. 
Radiometric analyses were performed by 7 ray counting using a germanium 
detector calibrated with commercial, cast-resin radiologic standards. Total 
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inorganic carbon (TIC) concentrations were determined by analyzing carbon 
dioxide emission during acid digestion of the sample. 

Polished, carbon-coated electron microprobe mounts were examined with 
a Cameca electron microprobe operated at 15keV, 25 nanoamperes, with a 
1 to 10-|xm beam size, and 10-s counting on each element. Random powder 
mounts were used for X-ray diffraction examination. The X-ray beam was 
operated at 40 keV, 30 mA, and diffraction patterns were collected at a scan 
rate of 10 ° per minute. 

IV. RESULTS 

A. PRB B—LEACH-FIELD SYSTEM WITH STEEL WOOL 

PRB B treated 448 m^ of contaminated water (Fig. 5). Influent and effluent 
were sampled once in June and once in November 1998; Table II presents 
November results. Flow through the steel wool caused the water to be 
chemically reduced, as indicated by a decrease in Eh from 113 to 15mV. 
The pH value increased from 6.77 to 7.22, alkalinity decreased by 20.7%, and 
the concentration of TDS decreased by 12.4%. Other significant changes in 
water chemistry include (1) a more than 90%) decrease in concentrations of 
dissolved oxygen (DO), As, Cd, NH4, NO3, and V; (2) a more than 70%o 
decrease in the concentrations of Cr, Se, and Zn; (3) a 65%) decrease in the U 
concentration; and (4) an increase in the Fe concentration from 0.023 to 
28.8mg/liter. 

B. PRB C—BAFFLED TANK WITH Z V I FOAM PLATES 

1. Water and Gas Phase Chemistry 

PRB C operated intermittently from May 1996 through May 1999; how-
ever, only 15 m^ of contaminated groundwater was treated after October 1997 
(Fig. 5). Results of quarterly samplings indicate that concentrations of U, 
NO3, and Mo remained low throughout this period (Dwyer and Marozas, 
1997; Morrison et al., 2002). Table II presents results of the last sampling of 
PRB C in May 1999. At that time, the ZVI foam plates in PRB C were 
removing much of the contamination from the water. Most contaminants 
(As, Cd, Cu, NO3, Se, U, V, and Zn) decreased to low concentrations; Mn 
and Mo concentrations also decreased, but to a lesser extent than the other 
contaminants. Electrical conductivity and concentrations of alkalinity, Ca, 
TDS, and SO4 also decreased significantly. The dissolved Fe concentration 



446 Stan J. Morrison et al. 

Table II 

Analytical Results for Influent and Efiluent Samples from 
PRB B and PRE C near Durango, Colorado** 

Constituent 

pH 

Eh (mV) 

T(°C) 

EC (jiS/cm) 

DO (mg/liter) 

Alk (mg/liter) 

As (jjLg/liter) 

Ba (|xg/liter) 

Ca (mg/liter) 

Cd (fxg/liter) 

CI (mg/liter) 

Cr (jJLg/liter) 

Cu (fJLg/liter) 

Fe (mg/liter) 

K (mg/liter) 

Mg (mg/liter) 

Mn ((jLg/liter) 

Mo (|xg/liter) 

Na (mg/liter) 

NH4 (fJLg/liter) 

NO2 (|xg/liter) 

NO3 (fig/liter) 

226Ra (pCi/liter) 

Se (|xg/liter) 

Si (mg/liter) 

SO4 (mg/liter) 

Sr (mg/liter) 

TDS (mg/liter) 

TOC (mg/liter) 

U (jJLg/liter) 

V (fJLg/liter) 

Zn (|JLg/liter) 

PRB B (November 1998) 
Flow rate = 2.3 liter/min 

Influent 

6.77 

113 

12.5 

3770 

3.1 

590 

232 

16.6 

622 

10.8 

112 

13.4 

<5 

0.023 

18.2 

86.7 

9450 

1160 

318 

55.5 

<1 

1830 

nd 

370 

27.3 

1730 

3.28 

3640 

nd 

8040 

9090 

834 

Effluent 

7.22 

15 

10.7 

3620 

<0.2 

468 

7.2 

25.6 

518 

<1 

105 

3 

<5 

28.8 

16.8 

79.9 

5290 

613 

306 

<1 

<1 

123 

nd 

48.4 

18.2 

1570 

2.52 

3190 

nd 

2810 

630 

101 

% Removed 

na 

na 

na 

na 

>93.5 

20.7 

96.9 

na 

16.7 

>90.7 

6.3 

77.6 

na 

na 

7.7 

7.8 

44.0 

47.2 

3.8 

>98.2 

na 

93.3 

nd 

86.9 

33.3 

9.2 

23.2 

12.4 

nd 

65.0 

93.1 

87.9 

PRB C(May 1999) 
Flow rate = 0.3 liter/min 

Influent 

6.72 

74 

nd 

3420 

2.3 

540 

209 

13.8 

631 

9.0 

130 

10.6 

9.1 

0.029 

14.4 

71.7 

4700 

1090 

288 

137 

29 

415 

2.57 

202 

24.9 

1700 

3.06 

3500 

9.4 

6600 

8100 

1050 

Effluent 

7.36 

-278 

nd 

2,740 

0.95 

104 

2.3 

165 

236 

<1.0 

128 

16.4 

<5.0 

7.69 

18.6 

57.4 

726 

359 

338 

655 

8 

72.7 

1.53 

5.9 

0.74 

1260 

2.18 

2170 

18.4 

1.2 

<6.0 

<4.0 

% Removed 

na 

na 

nd 

na 

58.7 

80.7 

98.9 

na 

62.6 

>88.9 

1.5 

na 

>45.1 

na 

na 

19.9 

84.6 

67.1 

na 

na 

72.4 

82.5 

40.5 

97.1 

97.0 

25.9 

28.8 

38.0 

na 

>99.9 

>99.9 

>99.6 

EC, electrical conductivity; DO, dissolved oxygen; Alk, alkalinity in milligrams per liter of 
CaCOs; TDS, total dissolved solids; TOC, total organic carbon; na, not applicable; nd, no 
data; mV, millivolts; |jLs/cm, microsiemens per centimeter; mg/liter, milligrams per liter; 
)jLg/liter, micrograms per liter; pCi/liter, picocuries per liter. 
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FIG. 6. Three dimensional views of uranium (U) and arsenic (As) concentrations in 
solids sampled from PRB C, July 1999. Regions where As and U concentrations are more 
than 75 mg/kg and 1,000 mg/kg, respectively, are colored. Thin vertical shaded areas rep-
resent flow baffles. 
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increased from 0.029 mg/liter in the influent to 7.69mg/liter in the effluent. 
A black, odiferous precipitate that could be a sulfide mineral phase was 
observed in the effluent sampling pipe. 

When the ZVI foam plates were jostled with a rock hammer, gas bubbles 
erupted through the standing water. The presence of this free gas phase may 
have caused a vapor lock, contributing to the plugging of the PRB. Readings 
on an MSA Model 360 combustible gas detector placed in the downgradient 
sampling access port indicated the presence of explosive gases in the PRB; 
quahtative measurements with colorimetric tubes (Sensidyne Gastec detect-
ors) indicated the presence of hydrogen and methane. 

2. Constituent Concentrations in Solid Phases 

Relatively high U concentrations were present in solid samples of ZVI 
from quadrants 1 and 4, but soUd samples from quadrant 3 and the lower 
portion of quadrant 2 had low concentrations of U in July 1999 (Fig. 6). The 
highest concentration of U (21,300 mg/kg) was detected in a sample scraped 
from the surface of the ZVI foam plates during the August 1998 sampling 
(1998 samples are not included in Fig. 6). High concentrations of U in 
samples from the top portion of quadrants 2 and 4 were probably caused 
by leakage across the tops of the baffles; the sealant used to prevent flow 
across the tops of the baffles may not have been effective. The highest average 
U concentration (1310 mg/kg) was detected in quadrant 1, and the second 
highest average concentration (812 mg/kg) was detected in quadrant 4 (Table 
III). Thus, the U in this PRB is most concentrated near the inlet but is also 
dispersed throughout the PRB. Low concentrations of U in quadrant 3 but 
high concentrations in quadrant 4 are due to the presence of the drainpipe 
connecting quadrants 2 and 4 (Fig. 4). 

A thin window Geiger-MuUer detector, optimized to minimize back-
ground radiation response, was used to detect 7 and p radiation during the 
excavation of PRB C. This instrument detected p-emitting material in the 
ZVI foam plates. Subsequent spectroscopy analysis of excavated material 
indicated that most of the p radiation was from protactinium-234 (^^^Pa) 
(Table IV). Protactinium-234 is a short-lived isotope in the ^^^U decay chain 
and is a strong p emitter. Because of potential health hazards, a radiation 
protection program was implemented. Control measures included use of 
Tyvek protective clothing, an exclusion zone, radiation monitoring, and 
decontamination procedures. 

The V distribution in PRB C was similar to the U distribution, with the 
highest average concentrations occurring in the upper portion of quadrant 1. 
Samples from quadrant 1 had an average V concentration of 4160 mg/kg 
(Table III). Samples from quadrants 2 and 4 were also enriched but at a lower 
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Table III 

Average Constituent Concentration by Quadrant for Permeable 
Reactive Barrier C near Durango, Colorado*' 

Quadrant 

Quadrant 1 

Quadrant 2 

Quadrant 3 

Quadrant 4 

Original material 

Quadrant 1 

Quadrant 2 

Quadrant 3 

Quadrant 4 

Original material 

Quadrant 1 

Quadrant 2 

Quadrant 3 

Quadrant 4 

Original material 

Al 
(mg/kg) 

12,800 

12,500 

13,400 

12,100 

17,600 

Mg 
(mg/kg) 

401 

379 

335 

406 

434 

Se 
(mg/kg) 

103 

40 

9 

8 

9 

As 
(mg/kg) 

105 

82 

51 

55 

53 

Mn 
(mg/kg) 

5,300 

6,160 

4,770 

5,600 

8,150 

TIC 
(mg/kg) 

10,160 

5,320 

1,290 

6,980 

134 

Ca 
(mg/kg) 

23,400 

12,700 

3,750 

18,100 

580 

Mo 
(mg/kg) 

539 

538 

381 

471 

326 

U 
(mg/kg) 

1,310 

765 

51 

812 

19 

Cr 
(mg/kg) 

1530 

1440 

1590 

1620 

1990 

Na 
(mg/kg) 

1870 

1590 

2450 

1820 

2810 

V 
(mg/kg) 

4160 

2030 

194 

1060 

100 

Cu 
(mg/kg) 

1,230 

1,150 

1,520 

1,150 

935 

^26Ra 

(pCi/g) 

1.24 

0.73 

0.53 

0.64 

0.53 

Zn 
(mg/kg) 

672 

298 

122 

247 

176 

Fe 
(mg/kg) 

695,000 

801,000 

807,000 

766,000 

833,000 

S 
(mg/kg) 

2,254 

1,455 

604 

1,230 

52 

Each quadrant contains approximately 525 kg of material. 
Total inorganic carbon. 

Table IV 

Spectroscopy Analysis of Samples from Quadrant 1 of Permeable 
Reactive Barrier C near Durango, Colorado in picocuries per gram (pCi/g)" 

Radionuclide Sample 1 Sample 2 Sample 3 Sample 4 Sample 5 

Protactinium-234 

Thorium-234 

Uranium-235 

103.37 

527.38 

67.18 

61.57 

630.77 

73.95 

86.76 

20.81 

3.04 

442.74 

107.42 

13.37 

65.83 

298.29 

41.65 

All samples were collected in the upper 6 cm. 
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concentration; however, the average V concentration in samples from quad-
rant 3 was only slightly higher than the concentration in the original material 
(unused foam plates), which is consistent with the water bypassing this 
quadrant. The highest V concentration (104,000 mg/kg) was identified in a 
sample scraped from the surface of the ZVI foam plates in quadrant 1 during 
the August 1998 sampling. 

Arsenic was deposited primarily in quadrant 1 with a lesser amount in 
quadrant 2 (Fig. 6, See color plate). Like As, Se was deposited mostly in 
quadrant 1. Molybdenum and Zn concentrations were highest in samples 
from quadrant 1 but exceeded concentrations of the original material in 
quadrants 2 and 4; concentrations of Mo and Zn in samples from quadrant 3 
were similar to the original material. Chromium and Mn concentrations were 
higher in the original material than in samples from PRB C; the highest Cu 
concentration was in quadrant 3 (Table III). Radium-226 precipitated near the 
inlet, but concentrations were low and reflect low concentrations in the influent 
(Table III). The highest Ca concentration (54,800 mg/kg) in an individual 
sample was detected in a sample from the middle portion of quadrant 1; 
samples from quadrant 1 also had the highest average Ca concentrations 
(Table III). Aluminum and Na concentrations were lower in samples from 
all four quadrants than the original material but were highest in quadrant 3. 

3. Estimate of Amount of Groundwater Treated 

Although the flow through PRB C was monitored using an in-line flow-
meter, the records are incomplete and only a rough estimate of the amount of 
contaminated groundwater treated could be made based on information 
contributed by the field staff* (Fig. 5). The concentrations of contaminants 
measured in the solids provided an independent means of determining the 
amount of water that was treated. This calculation requires the following 
data: (1) concentration of the constituent in the solids, (2) total mass of the 
solids (2250 kg), and (3) aqueous concentrations of the constituent in the 
influent and effluent. The aqueous concentrations were reasonably constant 
so the average concentration was used. The volumes of treated water calcu-
lated from concentrations of As, Ca, Se, U, V, and Zn were relatively consist-
ent, ranging from 238 to 489 m^ (Table V). This method of calculating treated 
volume from sohd-phase concentrations is particularly useful for traditional 
in situ PRBs because the groundwater flow velocity is rarely known. 

4. Mineralogy 

The appearance of the ZVI foam plates changed markedly from its original 
fresh silver color. A black and orange, fine-grained, disaggregated material 
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Table V 

Volume of Water Treated by Permeable Reactive Barrier C near Durango, Colorado, 
as Determined from Concentration of Constituents in Solids 

Constituent 

Arsenic 

Calcium 

Selenium 

Uranium 

Vanadium 

Zinc 

Average in-out 
concentration 

(mg/liter)" 

0.21 

66 

0.20 

5.3 

8.1 

1.1 

Average ZVI 
concentration 

(mg/kg) 

20 

13,900 

31 

716 

1,760 

159 

Mass in ZVI 
(kg)" 

0.05 

31.3 

0.07 

1.61 

3.96 

0.36 

Volume (m^) 

238 

473 

350 

304 

489 

327 

Average difference between influent and effluent concentrations for all sampling periods. 
Average concentration in solids minus concentration in original ZVI foam plates. 
Assumes 2250 kg for the mass of ZVI foam plates. 
Calculated volume of groundwater treated. 

covered much of the upper surface of the ZVI foam plates and was about 
0.5 cm thick in quadrant 1. Below this disaggregated material, the ZVI foam 
plates were black but were intact and structurally similar to unused foam 
plates. X-ray diffraction, electron microprobe, and petrographic methods 
were used to examine the mineralogy and elemental composition of the ZVI 
foam sampled from PRB C. 

X-ray diffraction analysis of the ZVI foam plates identified ZVI, calcite 
(CaCOa), magnetite (Fe304), goethite (FeOOH), and ferrihydrite [approxi-
mately Fe(OH)3] (Table VI). Three unidentified peaks were present that are 
believed to be due to mineral phases in the aluminosilicate binder. All samples 
contained magnetite and calcite. 

ZVI particles occur as spheres and shards, and some composite particles 
exhibit intergrowths of ZVI and aluminosilicate binder. Six distinct mineral 
phases were identified by electron microprobe analysis based on element 
stoichiometry and comparison with X-ray diffraction results: (1) ZVI; (2) 
magnetite; (3) goethite; (4) Ca-Fe carbonate [(Ca, Fe)C03]; (5) a phase (or 
mixture of phases) containing variable proportions of Fe, Si, Cu, and S; and 
(6) iron oxide with U. ZVI is typically composed of more than 98 weight % Fe; 
often contains several tenths of a percent each of Mn, Si, Zn, and Cu; and has 
less than 0.05 weight % U and V. The aluminosilicate binder contains large 
concentrations of Si, Fe, and Al and low concentrations of Ca and Na. 
Magnetite contains up to 3.02 weight % Mn, U concentrations that are 
less than the detection limit, and low concentrations of most of the other 
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Table VI 

Summary of X-ray Diffraction Analysis of Samples from 
Permeable Reactive Barrier C near Durango, Colorado*^ 

Sample location 

Top of quadrant 1 

Middle of quadrant 1 

Bottom of quadrant 1 

Top of quadrant 4 

Middle of quadrant 4 

Bottom of quadrant 4 

Calcite 

+ 
+ 

o 

X 

X 

+ 

Goethite 

X 

? 

X 

+ 

Magnetite 

+ 
X 

7 

X 

+ 
+ 

Ferrihydrite 

X 

Major (X), moderate (+), minor (o), uncertain (?) because of line interference but likely of 
minor concentration. 

constituents. Most samples contain some goethite (Table VI). Electron 
microprobe results indicate that goethite contains 37.03 to 66.89 weight % 
Fe, to 1.64 weight % S, to 2.75 weight % Cu, and U concentrations that are 
less than the detection limit in all analyses. 

Electron microprobe analyses of 28 carbonate minerals indicate compos-
itions ranging from nearly end-member CaCOa to about 50 atom % Fe (Fig. 7). 

40 50 60 70 80 90 100 
Ca (atom %) 

Figure 7 Fe-Ca composition (atom %) of carbonate minerals identified in PRB C with an 
electron microprobe. 
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The carbonates had V concentrations to 0.99 weight %, Mn to 3.01 weight %, 
Mg to 0.34 weight %, As to 1.25 weight %, and Cu to 2.05 weight %. Van-
adium concentrations in the carbonate minerals correlated with Fe concen-
trations. Uranium concentrations are typically low in the carbonate phases, 
but four samples had U concentrations of more than 0.1 weight %. The Fe-
Si-Cu-S-rich phase is possibly a carbonate mineral that contains variable 
proportions of Fe, Si, Cu, and S and is associated with a phase containing Fe, 
S, and Cu. 

An iron oxide-like material with a porous texture was also identified that 
contained U concentrations ranging from 1.01 to 10.62 weight % and V 
concentrations to 7.83 weight %. This material also had high (excess of 
1 weight %) and widely variable concentrations of Al, Ca, and Si and may 
be a mixture of submicron-sized phases (Fig. 8). 

Fe Si 
Figure 8 Backscatter electron image (BSE) and uranium (U), iron (Fe), and silicon (Si) maps 
analyzed by an electron microprobe of a corroded zero valent iron (ZVI) grain from the upper 
surface of PRB C. An Fe oxide-like mineral coats the ZVI and has a heterogeneous distribution of 
U and Si that may indicate discrete domains smaller than the beam diameter of 5 |xm. 
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Complex intergrowths of carbonate, iron oxide, and ZVI were observed on 
the margins of ZVI particles where the material was corroded. Particles that 
had completely reacted to iron oxide or carbonate were rare. Many composite 
particles of ZVI foam plate were completely unreacted. 

C. PRB D—BAFFLED TANK WITH STEEL WOOL 

PRB D operated in 1999 and treated 112 m^ of contaminated water. The 
design of PRB D was identical to PRB C except that it contained steel wool 
instead of ZVI foam plates (Table I). PRB D was sampled twice; analytical 
results for November 1998 samples are representative (Table VII). The steel 
wool in PRB D removed more than 90% of the As, U, and V and more than 
75% of the Cd, Se, and Zn. The ^^^Ra concentration decreased by 54.8%), and 
the Cu concentration decreased by more than 64.3%. Values of pH increased 
from 6.88 to 7.59, and Eh values decreased from 398 to 20 mV. Concen-
trations of some major ions (e.g., Ca, Mg, Sr, and Si) also decreased. The Fe 
concentration increased to 115mg/liter and alkalinity increased sHghtly. 

D. PRB E—BAFFLED TANK WITH GRANULAR ZVI 

In July 1999, the ZVI foam plates in PRB C were replaced with granular 
ZVI, the drainpipe was removed, and the PRB was renamed PRB E. PRB E 
was sampled only once, in April 2000, while it was flowing at 4.21iter/min 
(residence time about 9h). More than 97% of the As, Cd, U, V, and Zn was 
removed from the groundwater by granular ZVI (Table VII). More than 
81.3% of the Cr, 88.1% of the Mo, 59.6% of the Se, and 44.3% of the Mn 
were also removed. The pH value increased from 6.51 to 7.28, and the Eh 
value decreased from 408 to 6mV. Concentrations of some major constitu-
ents (e.g., Ca, Sr, and Si) also decreased. The Fe concentration increased from 
0.034 to llOmg/hter, and SO4 and alkalinity concentrations increased 
sUghtly. 

V. DISCUSSION 

Data collected during this study were useful for comparing the efficiency of 
ZVI for contaminant removal, determining the nature of mineral precipita-
tion, estimating relative rates of contaminant uptake, determining if constitu-
ents had been leached from the ZVI, and evaluating various PRB designs. 
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Table VII 

Analytical Results for Water Samples from PRB D and PRB E near 
Durango, Colorado" 

Constituent 

PH 

Eh (mV) 

TCO 
EC (M,S/cm) 

DO (mg/liter) 

Alk (mg/liter) 

As (|xg/liter) 

Ba (|xg/liter) 

Ca (mg/liter) 

Cd (jig/liter) 

CI (mg/liter) 

Cr (jJLg/liter) 

Cu (jJLg/liter) 

Fe (mg/liter) 

K (mg/liter) 

Mg (mg/liter) 

Mn (jjLg/liter) 

Mo (|xg/liter) 

Na (mg/liter) 

NH4 (jJig/liter) 

NO3 (jJig/liter) 

226Ra (pCi/liter) 

Se (jJLg/liter) 

Si (mg/liter) 

SO4 (mg/liter) 

Sr (mg/liter) 

TDS (mg/liter) 

TOC (mg/liter) 

U (jJLg/liter) 

V(^Jlg/liter) 

Zn (fJLg/liter) 

PRB D (May 1999) 
Flow rate = 2.5 

Influent 

6.88 

398 

10.6 

2700 

9.1 

590 

202 

14.6 

636 

8.7 

132 

9.3 

14 

0.047 

15.7 

81.9 

6140 

1150 

314 

6.3 

232 

5.29 

237 

25.9 

1720 

3.07 

3580 

14.2 

7430 

9120 

941 

Effluent 

7.59 

20 

11.8 

2300 

0.1 

644 

13.9 

<4 

568 

<1 

120 

5.3 

<5 

115 

15.1 

74.8 

4010 

472 

292 

38.4 

822 

2.39 

41.7 

23.2 

1670 

2.55 

3320 

15.3 

738 

495 

223 

liter/min 

% Removed 

na 

na 

na 

na 

98.9 

na 

93.1 

>72.6 

10.7 

>88.5 

9.1 

43.0 

>64.3 

na 

3.8 

8.7 

34.7 

59.0 

7.0 

na 

na 

54.8 

82.4 

10.4 

2.9 

16.9 

7.3 

na 

90.1 

94.6 

76.3 

PRB E (April 2000) 
Flow rate = 4.2 

Influent 

6.51 

408 

8.3 

3780 

0.44 

561 

186 

18.9 

612 

9.9 

103 

14.4 

4.3 

0.034 

16.5 

75.8 

5850 

1180 

302 

168 

1730 

nd 

337 

24.9 

1470 

3.39 

3420 

5.1 

5540 

8800 

1600 

Eflluent 

7.28 

6 

8.2 

3700 

0.35 

620 

4.1 

20.7 

566 

<0.2 

111 

<2.7 

<3.1 

110 

16.4 

74.7 

3260 

140 

298 

279 

1370 

nd 

136 

21.6 

1530 

3.04 

3280 

5.6 

0.4 

1.4 

16.3 

liter/min 

% Removed 

na 

na 

na 

na 

20.5 

na 

97.8 

na 

7.5 

>98.0 

na 

>81.3 

>27.9 

na 

0.6 

1.5 

44.3 

88.1 

1.3 

na 

20.8 

nd 

59.6 

13.3 

na 

10.3 

4.1 

na 

>99.9 

>99.9 

99.0 

EC, electrical conductivity; DO, dissolved oxygen; Alk, alkalinity in milligrams per liter of 
CaCOs; TDS, total dissolved solids; TOC, total organic carbon; na, not applicable; nd, no 
data; mV, millivolts; liters/min, liters per minute; jxS/cm, microsiemens per centimeter; 
mg/liter, milligrams per liter; |xg/l, micrograms per liter; pCi/liter, picocuries per liter. 
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A. EFFICIENCY OF CONTAMINANT REMOVAL IN P R B S 

Significant contaminant removals were achieved in all PRBs (Tables II and 
VII). The changes in chemistry of the contaminated groundwater caused by 
interaction with the ZVI foam plates in PRB C are consistent (thermodynam-
ically permissible) with precipitation of UO2, V2O3, AS2S3, ZnS, FeSe2, 
FeMo04, CaCOs, Fe(OH)2, MnCOs, and FeS (Morrison et aL, 2002). 
Other chemical mechanisms are also possible, including coprecipitation and 
adsorption. Some of the Mg, Mn, ^^^Ra, and Sr was likely coprecipitated with 
calcite. 

The NO3 concentration decreased and the NH4 concentration increased in 
PRBs C and E, suggesting that some of the nitrate was reduced to NH4. In 
PRB C, NO3 concentrations decreased slowly for the first 100 pore volumes 
and then remained low(Dwyer and Marozas, 1997; Morrison et al., 2002). 
This behavior may be attributable to the development of nitrate-reducing 
bacteria in PRB C. In contrast, both NO3 and NH4 concentrations decreased 
in PRB B (Table II) and increased in PRB D (Table VII). 

Concentrations of As, Mo, ^^^Ra, Se, U, V, and Zn are highest in quadrant 
1 of PRB C, and all these constituents but Se are lowest in quadrant 3 (Table 
III). Constituents were removed from the inflowing groundwater as it passed 
through quadrant 1; water flowed from quadrant 1 into the bottom of 
quadrant 2 and through the drainpipe into the bottom of quadrant 4, bypass-
ing quadrant 3. Groundwater flowed up through quadrant 4 and out the exit 
pipe. Some water probably leaked across the seal at the top of the partition 
between quadrants 1 and 2 to cause high levels of some constituents (e.g., U 
and As; Fig. 6) at the top of quadrant 2. 

B. MINERAL PRECIPITATION IN PRB C 

Precipitation of minerals will cause a reduction in permeability, leading to 
an increased head difference. A maximum of about 0.6 m of head was avail-
able to drive water through PRB C. As minerals and gases built up in the 
system, flow gradually decreased and ceased after about 3 years. Other than 
nitrogen, which can volatilize, constituents that decreased in concentration 
between influent and effluent water samples must continue to reside in the 
solid materials of the PRB. 

Decreases in concentrations of TDS and electrical conductivity between 
influent and effluent samples indicate that salts had precipitated in all the 
PRBs (Tables II and VII). The composition of precipitates was estimated 
based on the changes in water chemistry (Fig. 9). Precipitation is dominated 
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14,000 

-4,000 

HO 
Figure 9 Composition of materials precipitated in the four permeable reactive barriers based on 
the diiference between influent and effluent water compositions. Data are from Tables II and VII. 
Composition is expressed as micromoles of a constituent per liter of treated water, (a) Major 
constituents (b) minor constituents. Carbon was calculated from alkalinity. 
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by Ca and carbon (C), consistent with the formation of calcite (CaCOs); 
calcite was identified in PRB C with X-ray diffraction. Carbonate mineral 
precipitation is caused by an increase in pH values as ZVI corrodes. Insuffi-
cient Ca is present in all four PRBs to support all the C as calcite (Fig. 9a). 
Calcium and C concentrations, which were determined by the chemical 
analysis of soUds, show a linear relationship with a small excess of C (Fig. 
10). Apparently, some of the carbonate combined with Fe released from 
ZVI to form Ca-Fe soUd solution, as evidenced by a wide range of Ca 
and Fe compositions detected with the electron microprobe (Fig. 7). Some 
S also precipitated, probably caused by the reduction of SO4 to sulfide 
(Fig. 9a; Table III). Vanadium precipitated in all four PRBs in nearly equiva-
lent amounts ranging from 159 to 173 juimol/liter (Fig. 9a). Significant 
amounts of As, Mo, Se, Si, U, and Zn were deposited in the PRBs (Fig. 
9b). Some of the Si is associated with U-rich corrosion products of ZVI 
(Fig. 8). 

C. RELATIVE RATES OF CONTAMINANT UPTAKE 

The rate at which contaminants are removed from aqueous solutions is an 
important factor in evaluating the feasibility of PRBs. If uptake rates are fast. 

2,500 

T r 
1,000 1,200 1,400 1,600 

Ca (mmol/kg) 
Figure 10 Relationship of calcium to carbon determined by the chemical analysis of solids in 
samples from permeable reactive barrier C. The line indicates equal molar concentrations. 
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less ZVI (at a lower cost) is needed. Laboratory studies have shown that 
U and V residence times are relatively short with nearly complete removal 
in less than 6min; Mo removal rates are slower (see Chapter 13). The 
distribution of constituents in PRB C solids indicates the relative rate 
of uptake by ZVI. Higher concentrations of constituents in samples 
collected close to the inlet suggest relatively fast uptake rates, whereas 
slower rates are indicated for constituents that are distributed over longer 
distances. 

The high concentrations of As (Fig. 6) and Se in the upper portion of 
quadrant 1 suggest that the uptake kinetics for these constituents are 
relatively fast (Table III). Uranium (Fig. 6) and V are concentrated near the 
inlet but are also distributed throughout the PRB, suggesting that their 
uptake reactions were slower than the reactions for As and Se. The distri-
butions of Mo and Zn are similar to U and V and suggest similar rates of 
uptake. 

Calcium was most concentrated in the middle portion of quadrant 1. This 
distribution may result from reaction rates for carbonate precipitation, which 
are slower than uptake reactions for U and V. This finding is consistent with 
observations from column tests performed for the Monticello, Utah, PRB 
that resulted in calcium carbonate deposited downgradient from the U de-
position (see Chapter 13). 

D. LEACHING FROM ZVI FOAM PLATES 

Some reactive materials contain compounds that can be harmful if they are 
dissolved in groundwater. In contrast, the dissolution of ZVI can be beneficial 
by providing additional pore space to maintain adequate flow. The distribu-
tion of chemicals in the solids of PRB C provides information on the extent of 
leaching. 

The Cr concentration was higher in the original ZVI foam plates than in 
the ZVI foam plates sampled in PRB C, indicating that a small amount of Cr 
had been leached (Table III). The decrease in Cr concentrations in the ZVI 
foam plates is consistent with an effluent concentration that was higher than 
the influent concentration for the May 1999 water sampling (Table II). In the 
other three PRBs, however, effluent concentrations of Cr were lower than 
influent concentrations, indicating that Cr was precipitated by the ZVI 
(Tables II and VII). Laboratory studies elsewhere have shown that ZVI is 
effective in reducing Cr concentrations in groundwater (Blowes et al, 1997a); 
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ZVI has also been used in full-scale PRBs to remediate Cr-contaminated 
groundwater (Blowes et al., 1997b). 

Manganese concentrations in the original ZVI foam plates were higher 
than Mn concentrations in the plates removed from PRB C (Table III). Mn 
concentrations in the effluent, however, were lower than the influent concen-
trations in May 1999 (Table II), indicating that the ZVI foam plates were 
concentrating Mn at that time. Perhaps a portion of the Mn was associated 
with highly reactive particles and was released from the ZVI early in the 
operation of the PRB. 

Aluminum concentrations were lower in samples from all four quadrants 
than in the original material and were highest in samples from quadrant 3 
(Table III). This distribution indicates leaching of some of the aluminosili-
cate binder. The aluminosilicate binder also contains Na. The Na concen-
tration is also highest in the original ZVI foam plates and in quadrant 3, 
suggesting that Na also leached from the binder. The amount of leaching is 
minimal, and concentrations of Al and Na in the effluent samples were 
relatively low. 

Dissolved Fe concentrations were always higher in effluent samples than in 
influent samples, indicating that ZVI was dissolving (Fig. 9a). Concentrations 
of Fe in effluent samples ranged from 7.69 mg/liter in PRB C to 115 mg/liter 
in PRB D (Tables II and VII). The lower Fe concentration in the effluent from 
PRB C may be a result of a slower flow rate that provided time for Fe to 
precipitate as hydroxide or sulfide compounds. The concentration of dis-
solved Fe in effluent samples indicates the minimum amount of Fe released 
from the ZVI; additional Fe may release but become fixed by minerals in the 
PRB. Dissolved Fe can be an aesthetic problem because it causes red color-
ation in the water and will prevent some uses of the water. Iron concen-
trations exceeding 11 mg/liter can result in adverse health effects if used as a 
drinking water supply. 

E. COMPARISON OF PRB DESIGNS 

Overall, ZVI foam plates and the granular ZVI appear to be more effective 
than steel wool on an equal volume basis. Although PRB C was flowing at a 
slower rate (0.31iter/min) than PRB D (2.5 liter/min) during the samplings 
reported in Tables II and VII, data for U, Mo, and NO3 for the previous 3 
years indicate that these contaminants were removed more effectively by PRB 
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C even at higher flow rates (Dwyer and Marozas, 1997). Granular ZVI used in 
PRB E was effective for removing Mo, U, V, and Zn even at the higher flow 
rate of 4.21iters/min. 

The leach field design used in PRB B was eff'ective in lowering concen-
trations of most contaminants but not as effective as baffled tanks. Replace-
ment of reactive material is easier in baffled tanks than in the other PRBs and 
no advantages are apparent for the leach field design. 

VI. LESSONS LEARNED AND CONCLUSIONS 

PRBs containing ZVI are effective in removing U and associated contam-
inants from groundwater that has been in contact with U mill tailings. PRB C 
at Durango operated from May 1996 through May 1999 with average U 
concentrations decreasing from about 6,600 jjig/liter in influent samples to 
less than 10 jxg/Hter in effluent samples. The high concentrations of As, Cr, 
Se, U, and V measured in the ZVI foam plates (up to 2.13 weight %) are 
consistent with the substantial decreases in contaminant concentrations be-
tween inffuent and effluent water. 

The cost benefit of a PRB is directly related to the length of time that 
it will operate effectively. Mineral precipitation caused by the interaction 
of contaminated water with ZVI can reduce the permeability of the ZVI. 
As permeability is reduced, preferential ffow paths develop, which can 
lead to early failure of the PRB. Mineral precipitation in the ZVI is 
expected because corrosion causes an increase in the pH value as a result 
of the reduction of aqueous protons (see Chapter 1). The rise in the pH 
value causes precipitation of carbonate minerals, such as calcite and sider-
ite. The location of mineral precipitation within the PRB depends on the 
flow rate and the precipitation reaction rates. Carbonate minerals in PRB 
C were located throughout the PRB and not just at the fluid/ZVI 
interface. Hydrogen gas, which is a by-product of corrosion, and methane 
gas, which is produced by microbes, may also cause some reduction in 
permeability. 

Concentrations of some constituents (Al, Cr, Fe, Mn, and Na) appear 
to have leached from the ZVI foam plates, but concentrations of these 
constituents in the effluent water are not likely to exceed regulatory 
standards. 

Overall, the collection drain and PRB system effectively treated U-
contaminated groundwater from a disposal cell containing mill tailings and 
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could efficiently treat U-contaminated groundwater at other sites with 
a favorable hydraulic gradient. The baffled tank system used at the Dur-
ango site provides flexibility because the ZVI can be replaced easier than 
in permanent in situ PRBs. Because the reactive material was contain-
erized, it took only about 8 h to replace the ZVI in PRB C and to reinitiate 
flow. 

The U that accumulates in the PRB has been removed from its daughter 
isotopes and its low-energy 7 emission is not a health threat. However, p 
emissions due to protactinium-234 are strong enough to require special 
handling and disposal. Spent ZVI from the Durango site is disposed of at a 
repository near Grand Junction, Colorado, operated by the U.S. Department 
of Energy (DOE) Long-Term Surveillance and Maintenance Program. Dis-
posal options for the reactive material must be considered when installing 
new PRBs. 

Most PRBs rely on natural flow gradients to move groundwater and 
do not have a metering system to gauge the flux. The amount of ground-
water being treated is extremely difficult to quantify in these systems. As 
demonstrated in this study, the composition of some constituents in the 
ZVI can be compared with the decrease in concentrations in the ground-
water resulting from reaction with ZVI in the PRB to calculate the amount 
of water treated. Use of calculations from soUd-phase compositions may 
be the most reliable method for determining groundwater flux given the 
large uncertainty in making subsurface flux measurements with existing 
tools. 
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Chapter 16 

In Situ Reduction of 
Chromium-Contaminated 
Groundwater, Soils, and 
Sediments by Sodium 
Dithionite 

Cynthia J. Paul, Faruque A. Khan, and Robert W. Puis 
U.S. Environmental Protection Agency, Office of Research and Development, National Risk 
Management Research Laboratory, Ada, Oklahoma 74820 

Laboratory studies were conducted to characterize the extent of chromium 
(Cr) contamination in the groundwater and underlying soils and sediments of 
a chrome-plating shop at the United States Coast Guard (USCG) Support 
Center near Elizabeth City, North Carolina. Most of the mobile hexavalent Cr 
[Cr(VI)] is present in the vadose zone just above the capillary fringe and in the 
upper zone of the aquifer under oxidizing conditions. The reduction of Cr(VI) 
to trivalent Cr [Cr(III)] through in situ redox manipulation (ISRM) in the 
presence of a reductant is an innovative technique for the remediation of 
Cr(VI)-contaminated sediments and groundwater. Three liquid reductants 
(sodium dithionite, /-ascorbic acid, and free hydroxylamine) were evaluated 
in laboratory studies to determine their ability to detoxify and immobilize 
Cr(VI) in situ. Sodium dithionite proved to be the most effective at reduc-
ing Cr(VI) to Cr(III) with the least adverse side effects. A field-scale pilot 
study was conducted in July 1999 using sodium dithionite to evaluate the 
effectiveness of reducing Cr(VI) in situ. Postinjection monitoring results show 
aqueous Cr(VI) concentrations decreased from up to 5 to <0.01 mg/liter in all 
wells within the 1-m cylindrical treatment zone. Continued Cr(VI) reduction 
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was seen 48 weeks postinjection, indicating that long-term reduction is occur-
ring. Analyses of postexperimental sediment cores indicate that nonmobile, 
reduced structural iron (Fe) within the silicate minerals present in the treated 
sediments may be contributing to the long-term remediation of Cr(VI). 

I. INTRODUCTION AND BACKGROUND 

A. CHROMIUM OXIDATION, MOBILITY, AND TOXICITY 

While naturally occurring chromium (Cr) has been found at elevated levels 
in numerous locations (Palmer and Wittbrodt, 1991), Cr contamination of 
subsurface soils and groundwater has increased greatly in the past several 
years due to wastes produced by Cr electroplating, leather tanning, steel-
works, and other industrial uses (DOE, 1992; USEPA, 1989). In subsurface 
systems, Cr exists primarily in trivalent [Cr(III)] and hexavelent [Cr(VI)] 
oxidation states (Richard and Bourg, 1991). Aqueous Cr(VI) is present in 
anionic forms and is generally soluble over a wide pH range (Chen and Hao, 
1998). The oxidized species is much more mobile, soluble, and toxic than the 
reduced species, Cr(III), which is relatively insoluble (Palmer and Wittbrodt, 
1991; Palmer and Puis, 1994; Pettine et al., 1998). Cr mobility is controlled by 
several factors, including pH, dissolved inorganic carbon (DIC), sulfate 
(S04^~), and phosphate (PO4). Cr(III) adsorption increases as pH increases 
(Korte et al., 1976; Rai et al., 1987), whereas Cr(VI) adsorption increases with 
decreasing pH (Bartlett and James, 1979; Davis and Leckie, 1980). Studies 
have shown decreased Cr04^~ adsorption and increased mobility with in-
creasing dissolved inorganic carbon, sulfate, and phosphate (Stollenwerk and 
Grove, 1985; Zachara et al., 1988, 1989) due to competition for binding sites. 

Cr(VI) is considered teratogenic (Abbasi and Soni, 1984), mutagenic 
(Bonatti et al., 1976; Paschin et al., 1983), and carcinogenic (Waterhouse, 
1975; Ono, 1988). According to the International Agency for research on 
Cancer (lARC), Cr(VI) is considered a powerful carcinogen and its presence 
in water is cause for major concern. The national primary drinking water 
standard set by the USEPA for total Cr is lOOppb; however, the state of 
California has lowered their maximum contaminant level (MCL) to 50 ppb. 
No separate drinking water standard for Cr(VI) has been established. 

B. MECHANISMS OF CHROMIUM REDUCTION 

Reduction of Cr(VI) to Cr(III) represents an effective mechanism for 
detoxification of Cr(VI) in contaminated environments (Chen and Hao, 
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1998). According to Puis et al (1994), the reduction of Cr from Cr(VI) to 
Cr(III) can only occur in the presence of another redox couple that provides 
the required three electrons. The ferrous iron/ferric iron [Fe(II)/Fe(III)] 
redox couple exists in natural subsurface systems, as do others, which results 
in reduction (Richard and Bourg, 1991) and subsequent precipitation as (Fe, 
Cr) (OH)3 (Puis et al, 1994). Cr(VI) is a strong oxidant and is reduced in the 
presence of electron donors such as Fe(II) minerals, reduced sulfur, and soil 
organic matter (Palmer and Puis, 1994). The reduction of Cr(VI) by Fe(II) is 
illustrated as 

HCr04" + 3 Fe^+ + 7 H+ ^ Cr^+ + 3 Fe^+ + 4 H2O. (1) 

Reaction kinetics are very fast, going to completion within 5 min even in 
the presence of dissolved oxygen (DO) (Eary and Rai, 1988). At pH > 4, 
Cr(III) precipitates with Fe(III) in a soUd solution with the general compos-
ition CrxFei_x(OH)3 (Sass and Rai, 1987; Amonette and Rai, 1990). Numer-
ous minerals containing Fe(II) exist for the potential reduction of Cr(VI) in 
the environment (Palmer and Puis, 1994) that increase the potential for 
natural attenuation of Cr(VI)-contaminated sites. Potential reductants of 
Cr(VI) include adsorbed ions, mineral constituents, aqueous species, and 
organic matter (Palmer and Puis, 1994). Research has shown that Fe oxides 
(i.e., hematite) and Fe-containing silicates (i.e., nontronite) can reduce Cr(VI) 
(White and Hochella, 1989; Eary and Rai, 1987). White and Yee (1985) 
proposed that Fe(III) is reduced to Fe(II) at the mineral surface. Cr(VI) in 
the solution is then reduced by Fe(II), resulting in the production of more 
Fe(III), thereby establishing a continuous cycle. 

Other mechanisms exist for Cr(VI) reduction or removal from solution. 
Adsorption mechanisms include those discussed earlier, activated carbon 
(Han et al., 2000), and various soil components, including Fe and aluminum 
(Al) oxides and hydroxides (Ainsworth et al, 1989; Schultz et al., 1987), 
kaolinite (Griffin et al, 1977), and sphagnum peat moss (Sharma and Forster, 
1993). Research has also been conducted to evaluate microbial reduction as 
a low-cost mechanism for the reduction of Cr(VI) in the subsurface (Martin 
et al., 1994). Some bacterial species may uptake and accumulate a signifi-
cant amount of metal ions, resulting in the transfer of metals from a contam-
inated matrix to biomass (Smith et al., 1994). Another potential mechanism 
for the microbial removal of metal is a dissimilatory reduction of metal 
oxyanions such as Cr04^~ (Lovely, 1993). Palmer and Puis (1994) state 
that both aerobic and anaerobic microbial reduction can occur; however, 
anaerobic reduction is more common. Chen and Hao (1998) showed 
that reduction of Cr(VI) to Cr(III) in a biological system generally occurs 
within a neutral pH system when compared to chemical reduction 
methods. 
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C. CHEMICAL REDUCTION AND IMMOBILIZATION 

Abiotic reduction by manipulation of the oxidation-reduction (redox) 
status of the vadose and saturated zones is an approach for in situ remediation 
of a redox-sensitive contaminant Hke Cr(VI). A spatially fixed zone is created 
in the aquifer via reduction of structural Fe in the aquifer where the redox 
environment is substantially more reducing than the rest of the aquifer 
(Amonette et al., 1994). As groundwater enters the reducing zone or perme-
able reactive barrier (PRB), redox-sensitive constituents [e.g., Cr(VI)] are 
reduced (see Chapter 6). Reduction of mobile and toxic Cr(VI) to an insoluble 
and less toxic Cr(III) precipitate has been demonstrated to occur in the 
aqueous system (Palmer and Puis, 1994; Amonette et al., 1994). Under 
alkaline to shghtly acidic conditions, Cr(III) is immobilized in the soil because 
it precipitates as a fairly insoluble hydroxide (Palmer and Puis, 1994). This 
"natural attenuation" of Cr(VI) is of interest because it suggests that strict 
water quality standards do not have to be attained everywhere within a site. 
Where "natural attenuation" is insufficient to prevent environmental degrad-
ation, it may be possible to rejuvenate the "natural attenuation" capacity 
of an aquifer or the vadose zone by incorporating a reductant into these 
zones. 

In previous studies, ISRM techniques were used for plume treatment, 
where a vertical reducing zone was created and the contaminant plume 
would pass through, resulting in treatment (see Chapter 6). In this study, a 
modification of this technique was used to deal with a source zone located in 
unsaturated soils and the capillary fringe area or upper part of an aquifer that 
was contributing to the Cr source. 

Fruchter et al. (2000), Istok et al. (1999), and Amonette et al. (1994) 
described the development of an ISRM method. This method utilizes natur-
ally occurring Fe in soils and sediments to create a spatially fixed reducing 
zone or permeable barrier within the aquifer (Amonette et al., 1994) by 
injecting chemicals into the aquifer that can reduce Fe(III) to Fe(II). 
Redox-sensitive contaminants, such as Cr(VI), are immobilized or precipi-
tated as they migrate through the reducing zone. This reaction is illustrated in 
Eq. (2) (Fruchter et al., 2000), where Cr04^~ is precipitated as a soHd 
hydroxide [e.g., Cr(OH)3]. 

HCr04~(aq) + 3 ¥Q^^(S) -h 8 H2O - FesCr(OH) 12(5) + 5 H+. (2) 

Naturally occurring Fe in minerals and oxide coatings is the most abun-
dant redox-sensitive element in soils and sediments (Fruchter et al., 2000). 
According to Amonette et al. (1994) mineral phases with the highest specific 
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surface areas, particularly Fe oxyhydroxides and Fe-bearing silicate clays, 
have the most accessible forms of Fe. Oxide phases dissolve when the Fe is 
reduced and may precipitate as siderite (FeCOa) if enough CO3 is present. If 
not, the Fe becomes soluble and will migrate within the aquifer until it is 
adsorbed or reprecipitated as Fe(III). In order to create a spatially fixed 
reducing zone in an aquifer, a reagent capable of reducing the structural Fe 
in clay layer silicates is required (Amonette et al., 1994). The reagent must 
also be relatively nontoxic in both its original and reacted forms and create 
few side effects in the subsurface. Reduced sulfur species vary in their reactiv-
ity and toxicities, but generally yield safe oxidized products such as sulfate 
(Amonette et al., 1994). 

In preliminary laboratory studies conducted at the Robert S. Kerr Envir-
onmental Research Center (RSKERC) by Shiau and LaFever (1997), several 
reagents (sodium borohydride, /-ascorbic acid, hydroxylamine, and sodium 
dithionite) were evaluated for their ability to reduce Cr(VI) on contaminated 
soils and sediments. Although sodium borohydride reduced Cr(VI) to 
Cr(III), it decomposed rapidly and produced large amounts of H2, even 
under basic conditions. Results showed /-ascorbic acid to be the most effective 
at reducing Cr(VI); however, only a small amount was reduced to Cr(III). 
O'Brien and Woodbridge (1997) and Goodgame and Joy (1987) showed that 
the reduction of Cr(VI) to Cr(III) using /-ascorbic acid is very slow, with 
intermediaries of Cr(V) and Cr(IV) being produced. Hydroxylamine and 
sodium dithionite reduced more than 95% of Cr(VI) present on contaminated 
soils to Cr(III) in batch studies (Shaiu and LaFever, 1997). Amonette et al. 
(1994) conducted a laboratory study to evaluate dithionite ion (8204^"), as a 
potential reagent for use in the creation of an ISRM. The injected dithionite 
reacts with structural Fe in oxyhydroxide and Fe-bearing layer silicate 
mineral phases, thereby reducing the Fe(III) to Fe(II). The overall reaction 
using dithionite is described in Eq. (3) (Amonette et al., 1994; Istok et al., 
1999): 

S204^-(aq)-h2Fe(III)(s) + 2H20 ^ 2S03^-(aq) + 2Fe(II)(s)+ 4H+. (3) 

In addition to the reduction reaction, dithionite undergoes a disproportio-
nation reaction that yields thiosulfate (8203^") and bisulfate (H804^~) 
anions. Anions such as 8203^" and HC03~ (where bicarbonate is used as a 
buffer) will be precipitated with calcium (Ca) present in the native aquifer 
materials. Also, some small portions of these anions may oxidize to yield 
sulfate. Results of both laboratory and field-based studies using dithionite 
have been published that show dithionite to be effective as a reductant 
without the adverse side effects of other Fe-reducing reagents (Fruchter 
et al., 2000; Istok et al., 1999; Amonette et al., 1994). 
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D . C H R O M I U M REOXIDATION 

Very few mechanisms exist for the reoxidation of Cr(III) back to Cr(VI) 
(Palmer and Puis, 1994). Dissolved Oxygen (DO) and manganese dioxides 
(Mn02) are the only two constituents in the environment known to oxidize 
Cr(III) to Cr(VI) (Palmer and Puis, 1994; Eary and Rai, 1987). Based on 
studies conducted by Schroeder and Lee (1975) and Eary and Rai (1987), the 
oxidation of Cr(III) by DO is not likely. While the oxidation of Cr(III) to 
Cr(VI) has been observed in soils and sediments, it is relatively slow (Palmer 
and Puis, 1994). Chromium oxidation appears to occur mainly at surface 
coatings, crack deposits, or in finely disseminated grains (Richard and Bourg, 
1991; Bartlett and James, 1979). An increase in the rate and amount of Cr(III) 
oxidation has been observed as pH decreases and surface area to solution 
volume increases (Palmer and Puis, 1994). A correlation has been observed 
between the amount of Cr(III) oxidized by soils and the amount of hydro-
quinone-reduced manganese in soils (Bartlett and James, 1979). They sug-
gested that oxidation of Cr(III) is the result of an interaction with manganese 
dioxides, which also has been verified by others (Fendorf and Zasoski, 1992; 
Riser and Bailey, 1992; Eary and Rai, 1987). Eary and Rai (1988) and Puis 
and Powell (1992) proposed that the reduction of Cr(VI) to Cr(III) consists of 
the hydroxide solid solution composition of Cr;cFex-i(OH)3. The hydroxide 
surface inhibits oxidation in two ways: (1) it is a redox stable sink for 
oxidizable, soluble Cr(III) and (2) it forms a physical barrier between aqueous 
Cr(III) and Mn surfaces (Fendorf, 1995). 

E. OBJECTIVES OF CURRENT STUDY 

This chapter presents the results of laboratory experiments and a field-
scale pilot study to evaluate the in situ immobilization and detoxification of 
Cr(VI)-contaminated soils and sediments, which were acting as a continual 
source for groundwater contamination at the United States Coast Guard 
(USCG) Support Center. Based on laboratory studies, sodium dithionite was 
selected for the field pilot test to evaluate its efficiency in immobilizing Cr(VI) 
near the source area beneath the old plating shop. The objectives of the pilot 
test were to evaluate the effectiveness of sodium dithionite as a reducing agent 
under field conditions and to examine the impact on Cr(VI) present in the 
soils in the unsaturated zone and capillary fringe zone sediments and ground-
water. It was also important to evaluate any adverse impacts, including 
solubilization or mobilization of selected Resource Conservation and Recov-
ery Act (RCRA) metals caused by the reductant treatment. Results of this 
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study may provide an alternative method for source control and groundwater 
remediation at sites with Cr(VI) contamination. 

11. SITE DESCRIPTION 

A. BACKGROUND AND PREVIOUS STUDY 

1. Chromium Source Area 

The field site is located at the USCG Support Center, Elizabeth City, North 
Carolina, about 100 km south of Norfolk, Virginia, and 60 km inland from the 
outer banks of North Carolina. The center is located on the southern bank of 
the Pasquotank River, about 5 km southeast of Elizabeth City. A former 
electroplating shop located inside a hangar was in use for approximately 30 
years until 1984. Wastes that had been managed inside the shop included 
sulfuric acid (H2SO4), cyanide (Cn), cadmium (Cd), Cr, and lead (Pb) (Kear-
ney, 1986). In 1988, while the old plating shop was being remodeled for office 
space, a demolition contractor discovered a hole approximately 35 cm in 
diameter in the concrete floor slab below a tank that had contained chromic 
acid, indicating the release of chromic acid and sulfuric acid wastes and 
associated organic solvents into the subsurface beneath the shop. The rupture 
of a water main in the hangar in 1983, approximately 5 years prior to the 
demohtion, had possibly spread contaminants into the soils and groundwater 
beneath the shop. Soil was excavated beneath the floor of the former plating 
shop and was found to contain metal concentrations above background con-
centrations. The amount of waste(s) released is unknown, however, the sub-
surface of the former plating shop was partially remediated in 1988 by removal 
of the top 2 ft of soil. It was believed that the majority of the contaminated soil 
at the site was removed at that time. Clean fill material topped with a layer of 
coarse gravel was used to replace the soil excavated from the plating shop. 

2. Chromium Distribution in Soil and Groundwater 

Initial site characterization was conducted beneath the plating shop by the 
National Risk Management Research Laboratory (NRMRL), USEPA, in 
1990 and 1991 to determine the extent of soil and aquifer contamination. In 
general, the highest concentrations of total Cr in the soils beneath the shop 
were detected in the shallower soils 0.9-1.2 m above the water table, with a 
maximum concentration of 10,200 mg/kg. Comparison with background 
concentrations indicated that elevated Cr levels extended from inside the 
former shop to approximately 45 m north of the shop (Fig.l). 
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Figure 1 Site map showing Cr plume, PRB, and Cr source area. 

Groundwater movement is generally toward the Pasquotank River, and 
groundwater levels in the vicinity of the plating shop range from 1.8 to 2.1 m 
below land surface (bis). Historical data from the electroplating shop suggest 
that elevated Cr(VI) levels in the capillary fringe area had contaminated 
the groundwater, creating a mobile Cr(VI) plume that overlapped an exist-
ing trichloroethylene (TCE) plume. Concentrations in excess of lOmg/liter 
Cr(VI) and 19 mg/liter TCE had been detected in the groundwater since 1991 
(Fuls etaL, 1999b). 

The rupture of a subsurface fire suppression water line adjacent to the shop 
in 1994 is suspected to have caused an artificial rise in the water table, 
solubilizing some of the Cr(VI) in the remaining soils beneath the shop. 
This likely mobilized additional contaminants in the soil and flooded the fill 
material and gravel floor inside the shop. A Cr04~ residue remained on the 
surface materials after the water receded. Historical Cr(VI) concentrations in 
groundwater from a monitoring well (MW12) that had been installed inside 
the shop in 1991 are presented in Table I. 
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Table I 

Historical Cr(VI) and S04^~ Groundwater Concentrations (mg/liter) 
for MW12 inside Plating Shop, USCG, EUzabeth City, NC 

Sample date Cr(VI) SO42 

February 1991 

April 1992 

June 1993 

June 1994 

May 1995 

June 1997 

June 1998 

June 1999 

1.60 

0.800 

1.41 

28.0 

27.0 

4.40 

3.00 

4.25 

82.0 

87.0 

86.0 

140 

121 

143 

128 

150 

3. Corrective Actions: Installation of PRB in 1996 to Treat Mobile 
Chromium Plume 

Preliminary laboratory studies using soil from the site and a subsequent 
field-scale pilot study determined zero valent iron (ZVI) to be effective in 
remediating Cr-contaminated groundwater. Details of the laboratory experi-
ments and pilot study can be found in Puis et al. (1996,1999b) and in Powell et 
al (1994,1995). In June 1996, a continuous PRB consisting of 100% ZVI was 
installed at the site to intercept and treat the Cr(VI)/TCE plume (Fig. 2). 

Pasquotank 
22m : z ^ River 

0 5 
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• 0 B 1.21-2.47 1 2.47-3.72 • { 3.72-4.98 NORT^ 

Figure 2 Distribution of Cr in the aquifer and location of the PRB. 
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A trencher was used to install granular Fe to a depth of 8 m. The PRB was 
0.6 m thick and approximately 50 m long. A total of 350 tons of ZVI was used 
in the installation (Puis et ai, 1999a). Four years of postinstallation monitor-
ing have shown the in situ PRB wall technique to be a very effective method 
for reducing and immobilizing contaminants such as Cr(VI) and the dehalo-
genation of TCE present in groundwater. Results of long term performance 
monitoring of the PRB at the USCG are reported in Puis et al. (1999a). 

While the PRB wall has proven to be effective for reducing and immobihz-
ing the Cr plume, NRMRL researchers, the state of North Carolina, and the 
USCG felt it was necessary to treat the residual Cr beneath the old plating 
shop, which was providing a continual contaminant source to the plume. This 
required additional site characterization and laboratory studies due to a 
water main break in 1994 and subsequent redistribution of the Cr beneath 
the old plating shop. 

B. SITE CHARACTERIZATION FOR PRESENT STUDY 

1. Installation of Monitoring Wells 

Eight 1.3-cm inside diameter(i.d.) monitoring wells (S2, S3, S4, S5, S6. S7, 
S8, S9), one 5.1-cm i.d. monitoring well (SIO), and one 5.1-cm i.d. injection 
well (SI) were installed in May 1998 (Fig. 3). Depths of the 1.3-cm wells are 
3.0m with a screened interval of 1.2 to 3.0m below existing grade. Wells SI 
and SIO were completed to a depth of 2.7 m with screened intervals from 1.5 
to 2.7 m below existing grade. All well casing was schedule 40 polyvinyl 
chloride (PVC) with 0.25-mm slotted screens. The wells were installed using 
Geoprobe direct push methods with a natural sand pack around the well 
screen. Wells were fully developed after installation, with final turbidity 
values of < 5 nephelometric turbidity units (NTUs). 

2. Soil and Sediment Sampling 

The water main break in the immediate vicinity of the chrome plating shop 
in 1994 and the subsequent release of large amounts of water into the soils 
beneath the shop resulted in desorption of soluble Cr(VI) and its redistri-
bution throughout the underlying soils. In an effort to recharacterize the 
distribution and extent of total Cr and Cr(VI), soil cores were collected 
from more than 32 locations beneath the plating shop. In September 1997, 
18 cores were collected using Geoprobe sampling equipment. Two 1.2-m-
long, 4.3-cm-diameter, stainless-steel core barrels, Hned with plastic sleeves, 
were advanced per soil core location and soil collected to a depth of 2.4 m bis. 
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Figure 3 Location of monitoring wells and soil core inside plating shop. 

Upon withdrawing each 1.2-m-long core barrel from the subsurface, the 
plastic sleeve filled with the soil core was extracted from each core barrel 
and cut into 15-cm subsections. Samples were capped and sealed with tape 
to prevent moisture loss. No special preservation techniques were used 
to store the soils after collection. Laboratory tests had been conducted 
previously to compare Cr(VI) values between fresh (preserved moist) and 
air-dried samples from the site. No significant differences in Cr(VI) concen-
trations were observed in the extraction results (Puis et aL, 1994). There-
fore, it was felt that no special preservation techniques were necessary to 
store the soils after collection. In March 1998, four cores were obtained 
using a hand auger along the west wall of the shop to determine if there 
had been redistribution of Cr onto the soils beneath an adjacent break 
room that had previously been uncontaminated. Initial metals analysis 
showed that Cr was present in soils underlying the west wall of the 
shop and appeared to have spread beneath the reclaimed portion of 
the shop. In order to further delineate the extent of Cr, NRMRL person-
nel assisted a contractor for the USCG in collecting 13 soil cores from 
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beneath the break room using Geoprobe technology in February 1999. All 
soil cores were transported to the NRMRL laboratory in Ada, Oklahoma, 
for processing and analysis. 

III. METHODS 

A. LABORATORY STUDIES 

1. Soil Processing and Analysis 

All soil cores were cut into 15-cm intervals, air-dried, homogenized, and 
passed through a 2-mm sieve for initial screening of total Cr concentration 
using X-ray fluorescence (XRF). Based on results of the XRF screening, 
samples from the most contaminated depths (0.5-0.6 and 1.7-1.8 m) were 
analyzed for total metals concentrations by inductively coupled plasma emis-
sion spectroscopy (ICP-ES) . Analytical methods can be found in Puis and 
Paul (1997). 

2. Selective Extractions 

Laboratory batch extractions were conducted to selectively remove Cr(VI) 
from contaminated soils in order to delineate the extent of the soluble, easily 
mobilized, Cr(VI) beneath the shop. Laboratory extractions were performed 
on each 15-cm soil sample to determine Cr(VI) concentrations. Due to the 
simultaneous release of chromic and sulfuric acids and because S04^~ is a 
coadsorbing anion (Zachara et al., 1988), sulfate concentrations were deter-
mined at 0.3-m intervals on soil cores containing the highest Cr(VI) concen-
trations. A modification of the extraction procedure of Bartlett and James 
(1988) was used for Cr(VI) and sulfate extractions. Details of the extraction 
method can be found in Puis et al. (1994). 

3. Reduction Studies 

Laboratory studies were conducted using sodium dithionite (Na2S204), 
/-ascorbic acid (C6H806), and free hydroxylamine (FH-50) to assess their 
effectiveness in reducing and immobilizing Cr(VI). Soil samples from cores 6, 
7, and 15 (0.5-0.6 m depth) were used in the reduction studies. Studies were 
conducted using 5.0 g soil and 25 ml 0.05 M reductant. Samples were shaken, 
and Eh and pH were measured immediately. Following a 24-h equihbration, 
Eh and pH were remeasured. Samples were centrifuged and filtered through 
0.2-|jLm, 25-mm filters. Cr(VI) concentrations were determined using the 
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diphenylcarbazide method, and total metals were determined by ICP-ES. 
Following reductant studies, extractions were conducted on residual soils 
using NaH2P04 (Bartlett and James, 1988) and Na2C03-NaOH (James et 
al., 1995) to determine if any exchangeable Cr(VI) or any insoluble forms of 
Cr(VI) remained on the soils. 

Results of Cr(VI) reduction studies showed that all three reducing solu-
tions evaluated reduced Cr(VI), effectively; however, /-ascorbic acid only 
reduced a small fraction of the Cr(VI) to Cr(III), with most being reduced 
to intermediary Cr(V) and/or Cr(IV). Eh values for /-ascorbic acid remained 
constant at about 80 mV, whereas values for hydroxylamine increased from 
an initial 80 to 120 mV . The abihty of a reducing agent to reduce native Fe 
to Fe^+ was a major requirement for selecting a reducing agent to use in 
the field-scale pilot test. As Fe(II) becomes oxidized, Cr(VI) is reduced to 
Cr(III). Sodium dithionite reduced significantly more native Fe to Fe^+ than 
/-ascorbic acid. No Fe^+ was detected in the posthydroxylamine extracts. 
Based on the results of this study, sodium dithionite was selected for use in 
the pilot study. 

B. FIELD-SCALE PILOT STUDY 

1. Chemical Injection Procedure 

The pilot study was conducted to evaluate the effectiveness of sodium 
dithionite as a reducing agent under field conditions and to examine the 
impact on Cr(VI) present in unsaturated soils immediately above the ground-
water table or upper groundwater zone. It was also important to evaluate any 
adverse side affects, including any solubilization or mobilization of selected 
RCRA metals caused by the sodium dithionite injection. While the main 
focus was on treating the upper groundwater zone, an area 0.6 m above the 
groundwater table was also targeted in the study. The goal was to create a 
treatment zone from 1.2 m bis (in the vadose zone) to 2.4 m bis (in the 
saturated zone) and approximately 1.0 m in radius. 

a. Permitting Process 

Two permits were required by the North Carolina Department of Environ-
mental and Natural Resources (NCDENR) prior to conducting the pilot 
study. The sodium dithionite injection required a permit to construct and/or 
use a well for injection for class 51 wells. The bromide tracer injection required 
a similar permit for class -4S22,5R21, SS23,5T, SX15,5Z wells. NRMRL 
personnel assisted the USCG in obtaining these permits by supplying hydro-
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gelogic site description, chemicals and amounts used, injection procedure, 
well locations and construction logs, monitoring procedures, and other re-
quired information. 

b. Reductant and Concentration Used 

A reducing agent consisting of 0.05 M sodium dithionite (Na2S204) buff-
ered with 0.1 M potassium bicarbonate (KHCO3) and a tracer 0.025 M 
potassium bromide (KBr) was injected into an existing 5.1-cm i.d. injection 
well (SI), 2.7 m deep and screened from 1.4 to 2.7 m, inside the electroplating 
shop. Depth to water table ranges from 1.8 to 2.1 m in the area beneath the 
plating shop. 

c. Volume Injected 

The total volume of liquid reductant was approximately 1874 hters. Esti-
mated totals of chemicals used in the field study were 1874 liters distilled and 
deionized water, 17 kg sodium dithionite, 19 kg potassium bicarbonate, and 
5.63 kg bromide tracer. 

d. Equipment Used 

The sodium dithionite solution was injected using a Pump Drive low-flow 
centrifugal pump via Tygon tubing that was inserted into the 55-gallon 
polyethylene drum containing the injection solution. A Cole Parmer direct 
reading flowmeter was used to maintain the flow rate of 1 liter per minute, and 
a Cole Parmer utility gauge was used to maintain a steady injection pressure 
of ?̂  2.0 X 10^ Pa. The configuration of the injection setup is shown in Fig. 4. 

2. Postinjection Monitoring 

a. Groundwater Sampling Methodology 

Ten monitoring wells were used to monitor the site. Eight downgradient 
monitoring wells were divided into two transects. Transect 1 consisted of 
wells S2, S3, S4, and S5, whereas transect 2 consisted of wells S6, S7, S8, and 
S9. Upgradient wells, MW12 and SIO, were also monitored as well as the 
injection well, SI. Groundwater samples were collected one week prior to 
the injection in order to determine baseline levels of contaminants and 
geochemical characteristics of the groundwater. Monitoring of these wells 
was continued during the injection and at 24 h, 2 weeks, 4 weeks, 8 weeks, 32 
weeks, and 48 weeks following the injection experiment. 
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Figure 4 Injection setup during pilot study. 

h. Groundwater Analysis and Parameter Measurements 

All groundwater samples were collected using a GeoTech peristaltic 
pump and Teflon-lined 0.6-cm i.d. tubing dedicated to each well. Tubing 
intake was generally 7.5 cm above the bottom of the well. The flow rate 
during purging and sampling was approximately lOOml/min. Water quality 
indicator parameters were monitored continuously and readings were 
recorded every 3min during purging. Temperature, specific conductance, 
Eh, pH, and DO were monitored using a GeoTech multiprobe flow cell 
system fitted with Orion electrodes and meters (Model 720A). Turbidity 
was monitored using a portable Hach 21 OOP turbidimeter. Purging was 
considered complete when three successive readings taken at 3-min intervals 
were within ±0.1 for pH, di5mV for Eh, ±3% for specific conductance, 
±10% for DO, and ±10% for turbidity. Alkalinity, Cr(VI), and Fe(II) were 
analyzed at the site using Hach and Chemetrics field test kits. Groundwater 
samples were collected and transported to the NRMRL laboratory for an-
alysis of total metals, chloride (CI), nitrate (NO3), SO4, and bromide (Br) 
concentrations. 
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c. Postinjection Soil and Sediment Sampling 

Forty-eight hours following the injection, four soil cores, PDSl, PDS2, 
PDS3, and PDS4 (Fig. 5), were collected around the radial treatment zone 
using Geoprobe sampling equipment to evaluate Cr(VI) concentrations 
and the effectiveness of the reductant in the unsaturated soils and in the 
capillary fringe zone sediments. PDSl, PDS2, and PDS3 soil samples were 
collected from the treatment zone on the downgradient side, and PDS4 
was collected from the upgradient side, at the edge of the treatment zone. 
Eight weeks after the injection, PDS5 was collected from inside the treat-
ment zone and PDS6 was collected from outside the treatment zone (Fig. 5). 
All the cores were divided into 15-cm sections, air dried, and homogen-
ized. Duplicate samples from each section were used to determine the 
Cr(VI) concentrations in sediments using the method described in Section 
III, A, 2. 

14 16 18 20 
D PDS 1 -4 48 hr post injection cores 
• PDS 5 & 6 8 wk post injection cores 
® monitoring wells 

Figure 5 Postinjection core locations, monitoring wells, and 1 -m radial treatment zone inside 
plating shop. 
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IV. RESULTS AND DISCUSSION 

A. GROUNDWATER 

1. Geochemical Parameters 

Following the injection, specific conductance values increased significantly 
in the monitoring wells inside the treatment zone from ?^950 juiS/cm to greater 
than 2000 ixS/cm in wells S2 and S6 at 24 h postinjection. Values remained 
near background in wells outside the treatment zone. Dissolved constituents 
such as Fe(II), manganese (Mn), and sulfate ions and other major constitu-
ents of the injected solution such as sodium (Na), potassium (K), and Br may 
have contributed to the increased specific conductivity of the groundwater. At 
48 weeks postinjection, specific conductance values had returned to near 
preinjection levels. 

Preinjection pH and Eh (SHE) ranged from 6.1 to 6.8 and 410 to 445 mV, 
respectively. Groundwater pH was stable after the injection period and 
remained in the range of near neutral. Potassium bicarbonate (KHCO3) 
was used to buffer the reductant solution in order to maintain near-neutral 
pH conditions in the treatment zone. The injected reductant considerably 
affected the redox conditions in the treatment zone. A significant difference in 
redox environments is reflected in data for the various monitoring wells 
within the treatment zone. Eh (SHE) values were significantly lower than 
the preinjection values in the radial treatment zone (Fig. 6). 

Preinjection DO concentrations measured with a DO electrode across the 
site were highly variable and ranged from 3.48 to 0.19 mg/hter. DO values at 
24 h postinjection ranged from 0.09 to 0.32mg/liter in all monitoring wells 
and remained low in the wells within the treatment zone at 48 weeks post-
injection. No Fe(II) was detected in any of the wells prior to the injection; 
however, the presence of Fe(II) in the treatment zone following the injec-
tion indicated the presence of an anoxic environment in the treatment zone. 
Throughout the monitoring period, monitoring wells (S2 and S6) near the 
injection well maintained lower redox conditions compared to other moni-
toring wells inside the treatment zone. The reductant may have been progres-
sively losing its reactivity as it traveled the radial distance. Eh (SHE) values 
outside the treatment zone remained close to background levels. 

2. Bromide Tracer Test 

Background Br~ concentrations were measured in order to establish a 
baseline to determine when breakthrough of the reductant occurred. Within 
3 h, elevated concentrations of Br~ were observed in monitoring wells S2 and 
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Figure 6 Eh values (mV) in groundwater during periodic monitoring. 
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S6. The radial distance of these wells is 0.5 m from the injection well. Br~ was 
detected in all wells in the treatment area in 10 h. Postinjection monitoring 
data show that the increased levels of Br~ arrived at variable concentrations 
in all the treatment zone monitoring wells, whereas the concentrations of Br~ 
remained at background levels outside the treatment zone in monitoring wells 
S4, S5, S8, S9, and SIO . These data suggest that the radius of influence of the 
injected solution was approximately 1 m. 

3. Chromium, Iron, and Sulfate Concentrations 

Initial Cr(VI) concentrations ranged from 1.25 to 7.25 mg/liter, whereas 
concentrations in the reduced zone were below the detection limit (0.01 mg/li-
ter) following the injection and at 48 weeks postinjection (Fig. 7). A significant 
amount of dissolved Fe was detected in the postinjection groundwater samples, 
suggesting that secondary Fe was being reduced and liberated from sohd 
phases into the ground water. Dissolved Fe, presumably the ferrous form 
liberated by the reductant, was responsible for the reduction and precipitation 
of Cr(VI) to Cr(III). In addition, structural Fe(III) within the layer of silicate 
minerals may have been reduced in the treatment zone to an insoluble Fe(II), 
creating a spatially fixed reducing condition for continued Cr(VI) reduction. 

Lower Cr(VI) concentrations outside the treatment zone were observed at 
32 and 48 weeks following injection, indicating an increase in the reducing zone 
downgradient from the injection point. Variations in concentrations of dis-
solved Fe (Fig. 8), manganese, and sulfate ions were observed in groundwater 
samples collected from the monitoring wells. The values decreased steadily; by 
48 weeks postinjection, values were similar to preinjection concentrations. 

Background sulfate concentrations ranged from 145 to 166 mg/liter. The 
only increase was seen in the wells inside the treatment zone, with the highest 
concentrations of 2500-5000 mg/hter observed 24 h postinjection. All sul-
fate concentrations had decreased to near background levels by 48 weeks 
postinjection (Fig. 9). 

4. Other Metals 

The potential for mobilization of certain metals that fall under RCRA was 
of concern to the NCDENR. Therefore, these metals [arsenic (As), barium 
(Ba), copper (Cu), cadmium (Cd), nickel (Ni), lead (Pb), and selenium (Se) ] 
were monitored throughout the pilot study and during postinjection moni-
toring. Concentrations in groundwater were determined by ICP-ES except 
Hg. The levels of Ba and Cd in wells S2, S3, S6, and S7, inside the treatment 
zone, were slightly elevated above preinjection levels through the fourth week 
of monitoring. Copper values in wells S3 and S7 increased from preinjection 
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Figure 7 Cr(VI) concentrations (mg/liter) in groundwater during periodic monitoring. 

levels below the detection limit ( < 0.0054 mg/kg) to 0.533 and 0.765 mg/liter, 
respectively, at 24 h postinjection. However, Cu values decreased steadily and 
were back to preinjection levels by the eighth week of monitoring. The 
increased concentrations of these cations could be a function of cation-
exchange reaction with the K and Na contents of the applied reductant. No 
increase was seen in concentrations of As, Ni, Pb, and Se throughout the 
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Figure 8 Dissolved Fe concentrations (mg/liter) in groundwater during periodic monitoring. 

postinjection monitoring. Although Ba, Cd, and Cu levels were elevated early 
in postmonitoring periods, they remained localized within the treatment 
zone. Postinjection concentrations for Ba, Cd, and Cu outside the treat-
ment zone were similar to preinjection values. Data indicate that the applied 
reductant did not solubilize or mobilize any of the evaluated RCRA metals 
outside the treatment zone and those elevated within the treatment zone were 
back to preinjection levels by 8 weeks following injection. 

B. CHROMIUM CONCENTRATION AND LONG-TERM FATE OF C R ( I I I ) 

IN SOILS A N D SEDIMENTS 

Figure 10 compares the distribution of Cr(VI) in postinjection soils within 
(PDS-5) and outside (PDS-6) the treatment zone. Below the 1.2-m depth, 
Cr(VI) values in the treatment zone ranged from 0 to 37mg/kg. PDSl at 
the 1.2- to 1.4-m depth was the only downgradient sample to exceed the 
Cr(VI) soil target concentration (78mg/kg) of NCDENR (1999). Sediment 
samples from the upgradient core (PDS4) contained higher Cr(VI) at the 
same depth. Results suggest that sodium dithionite was more effective in 
reducing Cr(VI) in the capillary zone downgradient from the injection than 
upgradient. 

Column and batch tests had been conducted on soils and sediments from 
several locations at the site from both saturated and unsaturated zones prior 
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Figure 9 S04^~ concentrations (mg/liter) in groundwater during periodic monitoring. 

to the pilot study in order to evaluate the potential for reoxidation of Cr. 

Results showed no oxidation of Cr(III) to Cr(VI), indicating that the poten-

tial for reoxidation of reduced Cr(III) at this site is unlikely. In a similar study 
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conducted at the Department of Energy's Hanford site in Washington, 
Fruchter et al. (2000) used dithionite injection to create an ISRM for chro-
mate reduction in the saturated zone. The treatment zone they created has 
remained anoxic and chromate values have remained below detection for 3.5 
years following the injection. 
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Figure 10 Postinjection Cr(VI) concentrations (mg/kg) in downgradient soils within treatment 
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C. COST COMPARISON WITH OTHER TREATMENT METHODS 

While installation costs for various treatments are somewhat comparable, 
the long-term operation and maintenance costs are significantly less with 
ISRM or chemical injection for treatment of a source area. Because this 
treatment technique requires no pumping or aboveground treatment 
following installation, operation and maintenance costs are very low. Esti-
mated savings of using chemical injection to treat the source area combined 
with a PRB to treat the plume at the USCG site is $1,500,000 compared to 
using a PRB alone. Treating the source area essentially eliminates two 
replacement PRBs (assuming a 10-year PRB hfetime), reducing cleanup 
time from 30 to 10 years. Estimated savings compared with traditional 
pump and treat techniques with an estimated 30-year cleanup time is 
$7,500,000 (Table II). Fruchter et al. (2000) conducted a cost benefit analysis 
that estimated using ISRM instead of traditional pump and treat at the 

Table II 

Cost Comparisons Using Chemical Injection for Source Control in 
Conjunction with a PRB for Plume Treatment and Other Treatment Methods 

Estimated cost 

Iron wall with source control (chemical injection) 

Iron wall (construction, design, characterization, reporting) $1,000,000 

Chemical injection (sodium dithionite) $750,000 

Two years monitoring $250,000 

Total $2,000,000 

2-year cleanup time 

Iron wall without source control 

First iron wall (construction, design, characterization, reporting) $1,000,000 

Two Replacement walls (10-year life span each) $1,500,000 

Monitoring (30 years) $1,000,000 

Total $3,500,000 

30-year cleanup time 

Pump and treat (precipitation, flocculation) without source control 

Capital costs $2,000,000 

Operating costs $7,500,000 

Total $9,500,000 

30-year cleanup time (conservative estimate) 
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Hanford site could result in a savings of 60%. The estimated cost using 
chemical injection in conjunction with a PRB assumes that one application 
of sodium dithionite will clean up the source area and the groundwater. 
Within two years, downstream contamination will have flushed through the 
existing downgradient permeable reactive wall. 

V. CONCLUSIONS 

A. RESIDUAL EFFECTS 

Postinjection results indicate that sodium dithionite was effective in creating 
a treatment zone at the site. This was evident by the production and mainten-
ance of low Eh conditions in the treatment zone. Continued Cr(VI) reduction 
was seen 48 weeks postinjection, indicating that long-term reduction occurred. 
Nonmobile, reduced, structural Fe within silicate minerals present in treated 
sediments may contribute to long-term remediation of Cr(VI). The applied 
reductant was also very effective in reducing the concentration of Cr(VI) from 
the capillary fringe zone sediment matrices. The effectiveness of the reducing 
zone is expected to be long term because the Cr(III) should remain immobilized 
with no potential for reoxidation at this site. 

B . FuLL-ScALE IMPLEMENTATION A N D RECOMMENDATIONS 

Based on the results of this field study, the use of sodium dithionite proved 
to be a viable option for a full-scale remedial approach for the source area in 
the electroplating shop at the USCG Support Center. NRMRL personnel 
presented the results of this study to the USCG and officials from NCDENR. 
They have selected ISRM, using sodium dithionite, as the full-scale treatment 
method to remediate the source area in the electroplating shop at the USCG 
support center, Elizabeth City, NC. Fruchter et al. (2000) have also recom-
mended using dithionite for full-scale treatment of a Cr(VI) plume at the 
Hanford site, Washington. This treatment method is also being considered at 
other locations, including a commercial chrome plating plant in Vancouver, 
Washington. 

C. POTENTIAL APPLICATION TO OTHER CONTAMINANTS 

ISRM is being investigated for the treatment of chlorinated solvents such 
as trichloroethylene and perchloroethylene with field testing at Fort Lewis, 
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Washington, as well as proposed testing at Moffett Federal Airfield in Cali-
fornia. Further studies will be necessary in order to determine the effi;cacy of 
using ISRM for other contaminants. 
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Sulfate reduction and metal sulfide precipitation in permeable reactive 
barriers provide an alternative solution to the widespread problem of acid 
mine drainage and heavy metal contamination associated with mining and 
mine waste. This chapter describes two field-scale studies using municipal 
compost as the reactive mixture to promote sulfate reduction within perme-
able barriers. The Nickel Rim permeable barrier was designed to treat effluent 
containing potential acidity (as dissolved ferrous iron) from decommissioned 
mine wastes; the Vancouver barrier was designed to treat groundwater 
impacted by elevated concentrations of heavy metals, including cadmium, 
copper, nickel, and zinc. Both reactive barriers treated the impacted ground-
water to acceptable concentration levels while decreasing the net acidity 
within the groundwater. Sulfate reduction rates within both barriers 
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decreased with time; however, rates were sufficient to attenuate heavy metals 
below regulatory guidelines. These field installations indicate that reactive 
barrier design should address aquifer and barrier heterogeneities, effects of 
fluctuating water tables, groundwater temperature, and the potential for 
reductive dissolution reactions in the aquifer downgradient of the barrier. 
Cost analysis of the permeable reactive barriers indicates that barrier systems 
offer a cost-effective treatment option for acid drainage and heavy metals in 
both urban and remote environments. 

I. INTRODUCTION 

Activities associated with mining and metal processing can have both 
short- and long-term impacts on the environment. The storage of by-prod-
ucts, such as taihngs and waste rock, from the mining of base metal ores can 
result in the long-term release of dissolved constituents to the surrounding 
surface and underlying groundwater. Ore processing can also result in similar 
impacts if proper storage and shipping procedures are not followed. Many of 
these impacts occur in remote areas or are of such a large scale that traditional 
approaches to containment (i.e., liners and covers) and treatment (i.e., pump 
and treat) become cost prohibitive. In addition, time frames for remediating 
these impacts can range from years to decades, resulting in potentially high 
operating costs for active treatment methods such as pump and treat. 

Permeable reactive barriers (PRBs) have emerged over the past decade as 
an alternative to traditional methods of treating groundwater impacted by 
dissolved organic and inorganic constituents. In most applications, the PRB 
is placed in the path of a migrating plume. Reactive materials within the 
barriers are selected to promote geochemical reactions that result in the 
destruction or stabilization of the contaminants. Ideally, the materials should 
be sufficiently reactive to remove the contaminant to the desired concen-
tration level while providing years to decades of effective treatment. In 
order to ensure that the groundwater plume flows through the reactive 
barrier, the permeabiUty of the reactive material should be greater than the 
permeability of the surrounding aquifer during the life span of the barrier. 
Finally, the reactive materials should be cost competitive with other ground-
water remediation treatment programs. A variety of PRBs have been de-
veloped and demonstrated for the effective treatment of dissolved metals. 
These barriers use a variety of chemical and biological mechanisms to remove 
contaminants of concern from groundwater. These mechanisms include sul-
fate reduction via biologically mediated reactions (Waybrant et al., 1998), 
reductive precipitation (Blowes and Ptacek, 1992), alkaline precipitation 
(McMurtry and Elton, 1985), adsorption precipitation (see Chapter 14), 
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and adsorption (Morrison and Spangler, 1993). This chapter provides two 
case studies of PRBs installed to intercept and treat groundwater impacted by 
acid drainage and heavy metals. 

11. BACKGROUND 

A. ACID M I N E DRAINAGE 

Oxidation of sulfide minerals within mining waste creates an acidic eOluent 
that often contains high concentrations of ferrous iron [Fe(II) ], sulfate (SO4), 
and toxic heavy metals (Fig. 1). For example, the oxidation of the sulfide 
mineral pyrite (FeS2) may be expressed as 

2FeS2 + 7O2 + 2H2O => 4S04^- + 2Fe2+ + 4H+ (1) 

In addition to the potential for acid generation, mine wastes often contain 
high concentrations of trace and heavy metals and metalloids, including 
arsenic (As), cadmium (Cd), cobalt (Co), copper (Cu), nickel (Ni), lead (Pb), 
and zinc (Zn). Effluent generated by this type of reaction often enters sur-
rounding aquifers where buffering reactions of the aquifer material can raise 
the effluent pH to the 4 to 7 range (Blowes and Ptacek, 1994). Upon discharge 
to surface water bodies, Fe(II) may be oxidized to ferric iron [Fe(III)] and 
hydrolyze to form ferric iron [Fe(III)] (oxy)hydroxide precipitates: 

4Fe^+ + O2 + 10H2O =^ 4Fe(OH)3 + 8 H+. (2) 

This reaction may regenerate acidic conditions and therefore represents 
potential acidity within the groundwater system. Once acidity is released, it 
may mobilize toxic trace metals that may impact the water ecosystem ad-
versely. The discharge from mine wastes often continues for decades or even 
centuries (Dubrovsky et al., 1984). 

B. SULFATE REDUCTION 

Organic carbon-based remediation systems, including engineered wetland 
systems and bioreactors, have been used to treat surface water runoff* at 
mining sites that have been affected by acid mine drainage. These systems 
have achieved varying degrees of success (Wakao et al., 1979; Hedin, 1989; 
Dvorak et al, 1992; Machemer and Wildeman, 1992; Egar and Wagner, 1995; 
Christensen et al, 1996). The primary mechanism for treatment in organic 
carbon-based systems is the microbially mediated conversion of sulfate to 
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Sulfide Oxidation 
FeS2(s) + 7/2 O2 +H2O => Fe2+ +2 SO42- + 2 H+ 

Iron Oxidation 

Fe2+ + I/4O2 +5/2 H2O => Fe(0H)3(s) + 2 H+ 

Sulfide Oxidation 
FeS2(s) + 7/2O2 +H2O => Fe2+ +2 SO42- + 2 H+ 

I v ^ 
^ , Permeable 

Mine Waste - ^ \ Reactive 
Barrier 

Sulfate Reduction 
S O / - + 2 CH2O => H2S + 2 HCO3-

Fe2+ + H2S=>FeS(s) + 2H+ 

Figure 1 Schematic diagram of decoupled sulfide and iron oxidation associated with acid mine 
drainage and treatment using sulfate reduction in a permeable reactive barrier. 

sulfide by sulfate-reducing bacteria (Machemer and Wildeman, 1992; Benner 
et al., 1999). A simplified reaction involving the reduction of SO4 and oxida-
tion of a typical organic substrate (CH2O) can be expressed as 

S04^" + 2 CH2O =^ H2S + 2 HCO3 (3) 

The microbially mediated reaction between the sulfate and the organic 
substrate results in the production of hydrogen sulfide (H2S) and bicarbonate 
alkalinity (HCOs"). The bicarbonate produced regulates the pH, promoting 
conditions supportive of sulfate-reducing bacteria. The sulfide produced 



17. Sulfate Reduction PRBs 499 

reacts with dissolved metals, forming relatively insoluble metal sulfides 
following the general reaction: 

H2S + Me2+ => MeS(s) 4- 2 H+, (4) 

where Me^+ denotes bivalent metals such as Cd, Co, Cu, Fe, Ni, Pb, and 
Zn. 

The use of organic carbon-based sulfate-reducing systems in a subsurface 
PRB appUcation is attractive because subsurface conditions are generally 
conducive to effective and controlled sulfate reduction (Fig. 1). These condi-
tions include the absence of broad temperature swings and excessively low 
temperatures, which may adversely impact the activity of sulfate reducing 
bacteria in colder climates; reduced susceptibility to oxygen intrusion; and 
constant and predictable influent flow rates and residence times. 

Although sulfate reduction coupled with sulfide precipitation is the pre-
dominant heavy metal removal process within an organic carbon-based, 
sulfate-reducing PRB, other mechanisms may also contribute to metal re-
moval. These mechanisms include precipitation of metal carbonate phases 
(Benner et al., 1999; Dvorak et al, 1992) and direct adsorption onto the 
reactive material within the barrier. 

This chapter reviews results from two reactive barrier installations for acid 
mine drainage. The primary objective of the Nickel Rim installation was to 
remove the acid-generating potential, predominantly in the form of Fe(II), 
from the groundwater. Results presented in this chapter indicate that the 
barrier is effective at removing Fe at concentrations as high as lOOOmg/Uter. 
Long-term performance of the barrier is also summarized. The primary 
objective of the second barrier, the Vancouver installation, is the removal of 
trace metals, especially Cu, from the pore water. Monitoring indicates that 
the barrier removes trace metals to low microgram per liter concentrations. 

III. SITE DESCRIPTIONS 

A. NICKEL RIM SITE 

1. Hydrogeology and Geochemistry 

The Nickel Rim tailings impoundment is located 25 km northeast of 
Sudbury, Ontario, Canada. Deposition of silty-sand size tailings in a narrow 
bedrock valley resulted in an impoundment that covers approximately 9.4 ha 
and reaches a maximum depth of 10 m (Johnson et al, 2000). Tailings contain 
an average of 3.0 wt % sulfur, principally as pyrrhotite (Fei_xS) in a predom-
inantly silicate gangue (Bain et al, 2000; Johnson et al, 2000). Jambor and 
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Owens (1993) also identified minor amounts of other sulfides, including 
chalcopyrite (CuFeSi), pentlandite (NISSQ), pyrite (FeSi), and marcasite 
(FeS). Sulfide oxidation has resulted in low pH conditions (<3.0) and high 
concentrations of Fe, SO4, and other heavy metals in tailings pore water (Bain 
et ai, 2000; Johnson et al., 2000). 

Groundwater discharging from the tailings has impacted the aquifer 
downgradient of the tailings (Fig. 2). This alluvial aquifer is composed of 
sandy gravel and is situated in a bedrock valley. Groundwater velocity within 
the aquifer is estimated to be 15 m/year with the groundwater plume contain-
ing high concentrations of SO4 (1000-5000 mg/liter) and Fe (200-2000 mg/h-
ter) and having a pH range of between 4 and 6 (Bain et ai, 2000). The mobility 
of other heavy metals such as Cu and Ni is not as high as that of SO4 and Fe 
due to attenuation reactions within the tailings and aquifer and therefore 
groundwater entering the PRB has not been impacted by other heavy metals 
as of yet. 

2. Installation 

The Nickel Rim PRB was installed in July 1995 using traditional cut-and-
fill excavation techniques. The PRB contained a mixture of municipal com-
post (20 vol%), leaf mulch (20%), wood chips (9%), gravel (50%), and lime-
stone (1%). The reactive materials were mixed using a conveyor belt and 
excavator. Following mixing, the mixture was placed in the trench using a 
excavator. 

The barrier was keyed into the granite bedrock valley at the base and sides 
and had a total width of 20 m, a depth of 3.5 m, and a thickness of 4 m. Zones 
of sand, approximately 1 m thick, were installed at the upgradient and down-
gradient sides of the organic carbon mixture. A clay cap, approximately 0.4 m 

Tailings 

Permeable 
Reactive Barrier Recharging acidic 

surface water 

Moose lake 

Figure 2 Cross-sectional profile along transect parallel to groundwater flow showing the Nickel 
Rim aquifer and the location of the barrier installation, Sudbury, Ontario, Canada. 
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thick, was installed over the barrier to prevent the direct infiltration of acidic 
surface runoff. However, acidic runoff does enter the aquifer on both upgra-
dient and downgradient sides of the barrier, which results in a complex flow 
regime downgradient of the barrier. Treated water exiting the downgradient 
side of the barrier occupies the lower half of the aquifer, whereas the upper 
half of the aquifer is occupied by infiltrated acidic water, which has not 
undergone treatment. Additional details on construction and placement 
methods can be found in Benner et al. (1997). 

B. VANCOUVER SITE 

1. Hydrogeology and Geochemistry 

The site is situated on the shoreline of a marine inlet and is underlain by a 
thick (> 40 m) layer of nearshore and deltaic deposits consisting of sand and 
gravel with minor amounts of silt and clay. A surficial layer of sediments is 
composed of fill from unknown sources that was deposited with time to 
expand the shoreline and raise the land surface. This fill layer contains layers 
of ore concentrate and elemental sulfur. 

Shallow sediments form an unconfined aquifer that extends to a depth of 
approximately 20 m (Ludwig et al., in 2002). Metal contamination within the 
groundwater is confined to the upper 15 m of the aquifer, with the highest 
concentrations present in the upper 6 m of the aquifer. A freshwater-salt-
water interface is present near the shoreline at a depth of approximately 15 m 
below the ground surface. The water table within the unconfined aquifer is 
influenced by tidal changes in the adjacent marine inlet with the range of 
tidal fluctuations dependent on the season. During the fall and spring, tidal 
fluctuations of more than 4.1m have been measured in monitoring wells 
adjacent to the inlet. The fluctuations are dampened with increased distance 
from the shoreline with no measurable tidal effects in the aquifer at a 
distance of approximately 500 m inland. Water table fluctuations at the 
barrier site are approximately 1.45 m or approximately 35% of the fluctua-
tion measured in monitoring wells adjacent to the inlet (Ludwig et al, 2002). 
On the basis of bail tests and estimates based on the response of the aquifer 
to tidal changes, the hydrauUc conductivity in the upper 15 m of the aquifer 
ranges from 10~^ to 10~^ cm/s (Hvorslev, 1951; Serfes, 1987). The hydraulic 
gradient across the site is toward the inlet during low tide and flow away 
from the inlet during high tide. The average hydraulic gradient (based on a 
71-h water level average) was calculated at 0.001 m/m toward the inlet 
(Serfes, 1991). 
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Figure 3 Cross-sectional profile along transect parallel to groundwater flow showing the 
site aquifer and the location of the barrier installation, Vancouver, British Columbia, 
Canada. 

2. Installation 

During March 1997, a demonstration barrier was installed approximately 
50 m inland from the shoreline (Fig. 3). Due to the location of the barrier, 
groundwater and soil contamination were present on the upgradient and 
downgradient sides of the barrier, as well as underneath the barrier. The 
barrier was installed using traditional cut-and-fill techniques that utilized a 
backhoe. The barrier was approximately 6.5 m deep, 2.5 m wide, and 10m 
long. Excavation initially involved benching down approximately 1 m to a 
depth just above the high-tide water table. A guar gum-based slurry was 
pumped into the trench to prevent trench collapse and to allow emplacement 
of reactive media. Guar gum, a natural food additive, will naturally biode-
grade in most environments or can be broken down using an enzyme mixture. 
The reactive mixture utilized in the barrier consisted of 15% leaf compost, 
84% pea gravel, and 1% limestone (by volume). This mixture was selected 
based on the results of previous laboratory and field studies (Benner et ai, 
1997; Waybrant et al., 1998). Pea gravel was added to achieve a minimum 
desired hydraulic conductivity of 10~^ cm/s within the barrier. The limestone 
was added to ensure suitable initial pH conditions for the establishment of a 
sulfate-reducing bacteria population within the barrier. The compost, pea 
gravel, and limestone were mixed using an excavator bucket. Following 
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mixing, the reactive medium was placed into the trench using both a clamshell 
and an excavator bucket. 

IV. METHODS OF ASSESSMENT 

Samples of groundwater from both reactive barriers were collected from 
bundle-style multilevel monitoring wells that were installed upgradient, 
within, and downgradient of the barriers along transects roughly parallel to 
groundwater flow. Each bundle consisted of a series of discrete sampling 
depths distributed from the water table to the bottom of the aquifer at the 
Nickel Rim site and down to a depth of 8 m below ground level (mbgl) at 
the Vancouver site. Groundwater samples were collected using a peristaltic 
pump with Telfon tubing and were filtered in line using 0.45-fxm cellulose 
acetate membranes. Detailed descriptions of well installation, water sampling, 
and field and laboratory analysis can be found in McGregor et al. (1999) for 
the Vancouver site and in Benner et al. (1997) for the Nickel Rim site. 

Samples of secondary precipitates within the PRBs were collected by 
withdrawing polyvinyl chloride (PVC) tubes that were installed during instal-
lation of the PRB. The precipitates were immediately sampled from the 
surface of PVC tubes following the removal of the PVC tubes and frozen to 
minimize oxidation reactions. Continuous cores of the aquifer material and 
reactive mixtures were collected using a modified version of the Starr and 
Ingleton (1992) method. The cores were immediately sealed and frozen to 
limit exposure to atmospheric conditions and shipped to the laboratory for 
chemical and mineralogical analyses. Mineralogical tests conducted on solid 
samples collected from the tubing surface included X-ray diffraction (XRD), 
scanning electron microscopy, and reflected light microscopy. Detailed meth-
odology for mineralogical and chemical sampling of the Nickel Rim and 
Vancouver PRBs can be found in Herbert et al (1998) and McGregor et al. 
(1999), respectively. A detailed microbiological study was also completed on 
the Nickel Rim PRB (Benner et al, 2000). Chemical nonsequential extrac-
tions were carried out on aquifer soUds using methods described by Tessier et 
al. (1979) and McGregor et al. (1998) to determine the reducible iron fraction 
of the solids. 

Groundwater chemistry was interpreted with the aid of the geochemical 
speciation/mass transfer computer code MINTEQA2 (Allison et al., 1990). 
The database used was consistent with the WATEQ4F model (Ball and 
Nordstrom, 1991) with updated values for the jarosite phases (Alpers et al, 
1989). For reduction/oxidation (redox) couple calculations, field-measured 
Eh values (corrected to the standard hydrogen electrode, SHE) were used for 
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groundwater outside of the reactive barrier. Within the barrier, field-meas-
ured dissolved sulfide concentrations were used to calculate sulfide mineral 
saturation indices. 

V. RESULTS 

A. NICKEL RIM SITE 

Installation of the PRB at the Nickel Rim site resulted in immediate 
improvement in groundwater quality. Nine months after installation, concen-
trations of SO4 and Fe downgradient of the PRB declined dramatically; SO4 
declined by >1000mg/liter and Fe declined from as high as lOOOmg/liter to 
less than 50 mg/liter, with some points within the barrier < 1 mg/liter. The 
barrier also reduced potential acidity (Fig. 4) while producing significant 
amounts of alkalinity, with alkalinity concentrations increasing from 
< 100 mg/liter (as CaCOa) to generally greater than lOOOmg/Hter as ground-
water entered the downgradient aquifer. Sulfate is removed by bacterially 
mediated sulfate reduction. Populations of sulfate-reducing bacteria within 
the barrier are approximately five orders of magnitude higher than within the 
adjacent aquifer (Benner et al., 2000). The primary mechanism of Fe removal 
is the precipitation of mackinawite (FeS) (Benner et al., 1999, Herbert et al., 
2000). 

Long-term performance of the Nickel Rim PRB is shown in Fig. 5. There is 
a downward trend in the rate of SO4 and Fe removal with time; after 3 years, 
SO4 removal has declined by approximately 30% whereas Fe removal has 
declined by approximately 50%. However, at the 3-year point, the barrier 
continues to remove >250 mg/liter Fe from the pore water. Mass balance 
calculations indicate that only a portion of the total organic carbon within the 
barrier has been consumed (Benner et al., 1997, 2002). The decline in treat-
ment efficiency is attributed to consumption of the more readily oxidizable 
organic carbon within the barrier. This conclusion would suggest that the 
barrier will continue to promote sulfate reduction for tens of years into the 
future. However, performance of the barrier over time will likely be con-
trolled by the declining rate of sulfate reduction. 

In addition to an overall downward trend for barrier performance with 
time, the Nickel Rim barrier exhibits variations in the rate of SO4 and Fe 
removal both seasonally and spatially within the barrier. A series of cross 
sections perpendicular to groundwater flow direction for SO4 concentrations 
in May and October of 1998 are shown in Fig. 6, 3 years after installation. 
Within each transect there is a high degree of variability in SO4 concentration. 
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Figure 4 Cross-sectional view of the Nickel Rim permeable reactive barrier and adjoining 
aquifer showing concentrations of (a) sulfate and (b) iron in groundwater and (c) calculated 
"potential acidity" 9 months after installation. There is no vertical exaggeration. Reproduced 
with permission from Benner et al. (1997). Copyright © NGWA. 

Comparing upgradient and downgradient transects, it is also apparent that 
the amount of SO4 removal varies with location within the barrier; those 
zones of highest concentration on the upgradient side do not necessarily 
correlate with zones of highest concentration on the downgradient side of 
the barrier. Spatial variation in the removal of SO4 within the barrier is 
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Figure 5 Vertically averaged concentrations of (a) sulfate and (b) iron in water from well nests 
upgradient and downgradient of the Nickel Rim permeable reactive barrier versus time. Removal 
of (c) sulfate and iron based on the difference (upgradient - downgradient) in concentrations 
versus time. Error bars reflect ± 1 SE. From Benner et al. (2002). 

attributed to diflferences in groundwater velocity (Benner et al., 2001). Where 
SO4 removal is greatest, groundwater velocities are low; where SO4 removal is 
lowest, groundwater velocities are high. Tracer test data corroborated by flow 
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Figure 6 Cross-sectional profiles of sulfate concentrations along transects perpendicular to 
groundwater flow upgradient, within, and downgradient of the Nickel Rim permeable reactive 
barrier in May and October 1998 (flow direction is out of the page). 

modeling indicate that the observed variations in treatment efficiency can be 
attributed to a factor of 3 difference in groundwater velocity (Benner et al, 
2001). 

There is an observable variation in the rate of treatment between summer 
and winter months (Fig. 7). Rates in the fall are, on average, nearly twice the 
rates in the spring. This seasonal variation is attributed to fluctuating ground-
water temperatures (Benner et al, 2002). Groundwater temperatures vary 
within the barrier from an average low in the winter of 3°C to an average high 
in the summer of 15°C. 

B. VANCOUVER SITE 

Initial results from the first samples collected 3 months after installation 
indicate that heavy metals such Cd, Cu, Ni, and Zn are being effectively 
removed from solution. Subsequent samples collected after 7, 9, 12, 15, and 
21 months following installation indicate that the removal efficiency for heavy 
metals increased with time and that many of the heavy metals in the effluent 
water concentrations are below the analytical detection limit. 
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Table I 

Summary of Heavy Metal Concentrations within 
the Influent (Well ML2) and the Reactive Barrier (Well MLIO) 

for Upper and Lower Portions of the Vancouver PRB 

Heavy metal Average shallow Average deep 
concentration (|jLg/liter) concentration (fxg/liter) 

Cadmium 

Copper 

Nickel 

Zinc 

ML2 

21 

720 

50 

2780 

MLIO 

0.2 

17 

6 

140 

ML2 

10 

8570 

210 

2050 

MLIO 

<0.1 

1 

1 

<2 

Results are based on data obtained from multilevel wells, ML-2, ML-6, 
ML-10, and ML-13, comprising the center transect through the barrier 
(Fig. 3). In general, metals removal is more effective in the lower half of the 
wall than in the upper half (Table I). This is attributed to the better mainten-
ance of sulfate-reducing conditions in the lower half of the wall where the 
effects of tidal influences and oxygen intrusion are limited. 

1. Cadmium 

Average dissolved Cd concentrations in the groundwater entering the 
reactive barrier during the 21 months of the study ranged from 8 to 
71 iJLg/liter. The average influent-dissolved Cd concentration varied spatially 
and temporally with the concentration of Cd increasing with depth and 
during the wet season. Geochemical calculations (Ludwig et al, 2002) suggest 
that dissolved Cd entering the PRB would be predominantly in the form of 
free cadmium [Cd^+] and cadmium sulfate complexes. 

As the groundwater flows into the PRB, the average Cd concentration 
decreased to below the method detection limit (<0.1 |ULg/liter) for the majority 
of sampling periods, with the exception of the 3- and 21-month sampling 
periods when the average effluent Cd concentration was 0.2 jjig/hter (Fig. 
8A). Removal efficiency for dissolved Cd ranged from 96.4 to 99.8% during 
the study period (Fig. 9). Geochemical modehng of PRB pore water suggests 
that the pore water is supersaturated with respect to the cadmium sulfide 
greenockite [CdS] at the cadmium detection limit of 0.1 |xg/liter (Ludwig et 
al., 2002). A mineralogical analysis of sulfide precipitates found on PVC 
tube surfaces did not isolate any cadmium-bearing phases (Ludwig et al., 
2002). 
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Figure 8 Cross-sectional profiles of the Vancouver permeable reactive barrier and adjoining 
aquifer showing concentrations of (A) cadmium, (B) copper, (C) nickel, and (D) zinc 21 months 
after installation. 
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2. Copper 

Average dissolved Cu concentrations in groundwater entering the barrier 
during the 21 months of the study (based on data from well ML-2) ranged 
from 2250 to 4640 |jLg/liter. Influent dissolved Cu concentrations varied 
spatially and temporally, with Cu concentrations increasing with depth and 
during the wet season (i.e., winter). Calculation of mineral saturation indices 
for groundwater entering the PRB indicates that groundwater is at or near 
saturation with respect to the carbonate minerals malachite [Cu2(OH)2(C03)] 
and azurite [Cu3(OH)2(C03)2] (Ludwig et ai, 2002). Mineralogical analysis 
of aquifer material at the site shows an accumulation of malachite and azurite 
on carbonate shell fragments present throughout the aquifer. These mineral 
phases appear to control copper solubility within the aquifer (Ludwig et ai, 
2002). 

As groundwater flows through the PRB, dissolved Cu removal efficiency 
ranged between 98.2 and 99.9% with effluent copper concentrations below 
10 jxg/liter with some concentrations being below the method detection limit 
of 1.0 |jLg/liter (Figs. 8B and 9). Copper removal is most pronounced in the 
lower half of the barrier. Geochemical modeling (Ludwig et al., 2002) indi-
cates groundwater within the barrier is at or near saturation with respect to 
the copper sulfide phases covellite [CuS] and chalcopyrite [CuFeSi]. XRD 
analysis of precipitates collected from PVC tubing installed within the barrier 
confirmed the presence of covellite, suggesting that covellite or less crystalline 
precursors control copper concentrations within the barrier (Ludwig et al., 
2002). 

3. Nickel 

Average dissolved Ni concentrations within groundwater entering the 
PRB ranged from 130 to 290|xg/Hter during the 21-month period. As was 
observed with the other heavy metals, the dissolved Ni concentration varied 
with location and time, with the Ni concentration increasing with depth and 
during heavy precipitation. Geochemical modeling of the aquifer system 
failed to predict any solid-phase controls for the mobility of Ni within the 
aquifer. Ludwig et al. (2002) suggested that dissolved Ni is controlled by 
adsorption/desorption and coprecipitation reactions associated with iron 
hydroxides present within the aquifer. 

Following treatment by the reactive mixture, dissolved Ni concentrations 
decreased to near the detection limit (< 1 jxg/liter) in the core of the PRB in all 
sampling periods, as illustrated for 21-month data in Fig. 8C. Removal 
efficiencies ranged from 93.5 to 99.4% during the 21-month period (Fig. 9). 
Geochemical modeling conducted by Ludwig et al. (2002) suggests that pore 
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Months After Installation 
Figure 9 Removal efficiencies for cadmium, copper, nickel, and zinc for the Vancouver perme-
able reactive barrier versus time. 

water within the PRB is supersaturated with respect to millerite [NiS], how-
ever, Ni-bearing phases were not isolated during mineralogical analysis of 
sulfide precipitates found on PVC tube surfaces. These precipitates were 
determined to be mackinawite [Fei-^S] and coveUite. Poorly crystalline iron 
sulfide phases such as mackinawite have been shown to incorporate, either by 
adsorption or by coprecipitation, other heavy metals such as Ni into/onto 
their structure (Morse and Cornwell, 1987; Morse and Arakaki, 1993). 

4. Zinc 

Average dissolved Zn concentrations in groundwater entering the barrier 
ranged from 2,400 to 14,200 |xg/liter, with the concentration varying spatially 
and temporally during the 21-month period. As with the other heavy metals, 
the most pronounced treatment occurred within the lower half of the barrier 
(4.6 to 6.0mbgl) where concentrations were consistently below the method 
detection limit (<2.0 |jLg/liter). Data for the 21-month sampling period is 
provided in Fig. 8D. Removal efiiciencies for dissolved Zn ranged from 96.6 
to 99.9% during the 21-month period (Fig. 9). 

Ludwig et al. (2002) suggested that dissolved Zn within the aquifer pore 
water is controlled by coprecipitation and adsorption reactions associated 
with secondary phases such as iron (oxy)hydroxides and jarosite that have 



514 Rick McGregor et al. 

been identified within the aquifer. EquiUbrium calculations suggest that 
groundwater within the PRB is supersaturated with respect to the zinc sulfide 
sphalerite [ZnS] and that sphalerite or a less crystalline precursor would be 
expected to precipitate (Ludwig et al., 2002). The presence of sphalerite 
or other zinc-bearing phases has not been confirmed by mineralogical ana-
lyses. 

5. Sulfate Reduction and pH Buffering Reactions 

In addition to removing heavy metals from solution, field determinations of 
groundwater pH and Eh indicate that the PRB is effective at maintaining Eh 
and pH conditions that support bacterially mediated sulfate reduction (Cha-
pelle, 1993; Connell and Patrick, 1968). The average pH of groundwater 
entering the PRB (i.e., well ML2) ranged from 6.30 to 6.61, suggesting that 
the groundwater pH is buffered by carbonate phases such as dolomite and 
calcite (Blowes and Ptacek, 1994). The average pH of the groundwater within 
the PRB ranged between 6.45 and 6.70. The increase in pH is hkely attributable 
to a combination of the effect of the limestone component in the barrier and the 
production of bicarbonate by sulfate-reducing bacteria. Alkalinity increases 
within the barrier, which is consistent with the production of bicarbonate 
during sulfate reduction and carbonate dissolution. However, the specific 
contribution of sulfate reduction to the increase in alkalinity relative to that 
of limestone dissolution is unknown. Alkalinity (as CaCOa) within the 
groundwater upgradient of the PRB ranged from 80 to 150mg/liter during 
the 21-month period. As groundwater flowed through the PRB, the alkalinity 
increased, ranging from 200 to 480 mg/liter. Ludwig et al. (2002) noted in-
creases in Ca and Mg concentrations within the PRB and attributed the 
increases to the dissolution of the carbonate minerals calcite [CaCOs], and 
dolomite [CaMg(C03)2]. The dissolution of carbonate minerals such as calcite 
and dolomite within the PRB is predicted by geochemical modeling. 

The average Eh of the groundwater flowing into the PRB ranged from 
between 370 and 500 mV during the 21 months of the study. The average Eh 
of groundwater within the PRB ranged from -28 to 217 mV. Field measure-
ments of dissolved sulfide within the groundwater confirmed the presence of 
sulfide within and downgradient of the barrier. Dissolved sulfide concentra-
tions, immediately upgradient of the PRB at well ML-2, were below the 
method detection level (< 1.0 |xg/liter) during all sampling periods. Sulfide 
concentrations within the PRB were as high as 5800 |ULg/liter, indicating sul-
fate-reducing activity. Dissolved sulfide concentrations decreased to near or 
below the method detection limit (< 1 jxg/liter) 5 m downgradient of the PRB. 
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VL LESSONS LEARNED 

A. EFFECTS OF FLUCTUATING WATER TABLE 

The Vancouver PRB is installed in an unconfined aquifer affected by tidal 
fluctuations of the adjacent marine inlet. McGregor et al. (1999) reported that 
the water table near the PRB has a maximum tidal fluctuation of 1.45 m 
between high and low tides. The fluctuating water table appears to have an 
impact on the treatment efficiency for heavy metals within the shallowest 
portions of the barrier. For example, the average dissolved concentration for 
Cu within the shallow portion of the barrier was 17 (xg/liter, whereas in the 
deeper portion of the PRB, the average Cu concentration was 1.5 |ULg/hter, 
even though the influent concentration of Cu was significantly higher in the 
deeper portion of the barrier (8,570 |ULg/liter) than in the shallow portion of 
the barrier (720 (xg/hter). The chemistry of groundwater entering (well ML2) 
and exiting (well ML 10) the shallow and deeper portions of the PRB 21 
months after installation is summarized in Table I. Shallow data represent 
the average of the uppermost three monitoring points, which are located 
within the upper 1.5 m of the barrier. Deep data represent the average of 
the two bottommost monitoring points within the PRB (4.25 and 6.0mbgl). 

The difference between shallow and deep removal efficiencies are attrib-
uted to the flushing of oxygen-rich pore gas through the shallow barrier 
related to the tidal-induced rising and lowering of the water table. Measure-
ments of Eh and dissolved sulfide during the 21-month sampling period 
show a significant difference between lower and shallow portions of the 
barrier. The average Eh of the shallow groundwater is 194mV within the 
barrier, whereas groundwater within the lower portions of the barrier has 
an average Eh of 61 mV. The Eh of groundwater entering the barrier is 
relatively constant throughout the depth profile; shallow groundwater has 
an Eh of 422mV compared to 437 mV for deep groundwater. The average 
dissolved sulfide concentration of shallow groundwater within the barrier 
is 90 |jLg/Uter compared with an average sulfide concentration of 1,400 |xg/ 
liter in the lower portions of the barrier. The sulfide concentration within 
groundwater entering the barrier is below the method detection limit (< 1 \Lg/ 
hter). 

To overcome the lower level of treatment in the shallow portion of the 
aquifer, a full-scale design of the barrier should incorporate a thicker barrier 
for the shallow portion of the aquifer. Consideration should also be given to 
capping the barrier, which will limit the diffusion of oxygen into the PRB and 
the infiltration of surface runoff* into the PRB. 
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B. REDUCTIVE DISSOLUTION OF IRON OXIDES 

DOWNGRADIENT OF PRB 

Dissolved Fe within groundwater entering the Vancouver PRB averaged 
80|jLg/Hter during the six sampHng periods. Dissolved Fe concentrations 
exiting the PRB averaged 31,100 |ULg/Hter 3 months after installation 
(Fig. 10). The dissolved Fe concentration exiting the PRB 7 months after 
installation averaged 3200 |xg/Hter. This decreasing trend with time in the 
dissolved Fe concentration exiting the barrier continued for the remainder of 
the 21-month period, with a minimum average concentration of 960 jjug/liter 
being measured 21 months after installation (Fig. 10). Speciation of the 
dissolved Fe indicated that Fe(II) is the predominant species within the 
groundwater. 

Geochemical modeling of the PRB system suggests that reductive dissol-
ution reactions are occurring within and downgradient of the barrier. Chem-
ical and mineralogical analysis of aquifer solids confirmed the presence of 
ferric iron (oxy)hydroxides such as goethite within the shallow aquifer. The 
goethite and other ferric iron (oxy)hydroxides were present as coatings on 
silicates and carbonate minerals within the aquifer. Modeling results using Eh 
and pH values measured within the PRB indicate that ferric iron (oxy)hydr-
oxides goethite and ferrihydrite are unstable under the geochemical condi-
tions that exist within groundwater exiting the barrier and reductive 
dissolution will release ferrous iron to the pore water. The organic carbon 
within the PRB may act as an electron donor. However, mass balance 
calculations using the total amount of Fe available as determined by the 
chemical extraction methods of Tessier et al. (1979) and McGregor et al. 
(1998) and the amount of dissolved iron within groundwater downgradient of 
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Figure 10 Iron concentrations immediately downgradient of the Vancouver permeable reactive 
barrier versus time. 
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the PRB indicate that less than 0.1% of the available reducible Fe on the 
aquifer solids was released over the 21-month period. The relatively small 
mass of Fe released to groundwater relative to the total mass of Fe available 
for release on the aquifer sohds is likely a function of the crystal structure of 
the Fe-bearing minerals and kinetics related to Fe reduction. Extraction tests, 
which are designed to provide a "worst-case" scenario, use extractants that 
are highly acidic and strongly reducing. Therefore, the extractants dissolve 
crystalline and poorly crystalline Fe (oxy)hydroxides in a relatively short 
period of time (i.e., hours). Groundwater flowing out of the PRB has a neutral 
pH and is moderately reducing and therefore will not reduce as much Fe 
(oxy)hydroxides as the chemical extractants used in laboratory studies. 

The reduction of Fe(III) (oxy)hydroxides releases dissolved Fe(II) to the 
groundwater. Dissolved Fe(II) represents potential acidity due to the poten-
tial for Fe(II) to oxidize and hydrolyze when exposed to oxygen. The oxida-
tion and hydrolysis of every mole of Fe(II) will release up to 2 mol of acid 
[Eq. (2)]. However, the potential acidity of the Fe(II) derived from reduction 
dissolution reactions will be off̂ set by the consumption of acidity and the 
production of alkalinity during the reduction of the Fe (oxy)hydroxides as 
illustrated by 

4 Fe(OH)3 -h CH2O + 7 H+ ^ 4 Fe^+ + HCOs" + 10 H2O. (6) 

Therefore, reductive dissolution reactions within and downgradient of the 
PRB are a net neutral reaction. These reactions, combined with alkalinity 
produced within the PRB due to sulfate reduction reactions, result in effluent 
groundwater with a greater neutralizing potential than groundwater entering 
the barrier. 

Associated with the reductive dissolution of Fe (oxy)hydroxides is the 
potential for release of trace metals that have been adsorbed onto or copre-
cipitated with the Fe (oxy)hydroxides. Based on data collected during the 
study, it was not possible to determine if trace metals within the groundwater 
exiting the PRB were due to incomplete treatment within the PRB or due to 
reductive dissolution reactions. 

C. F L O W HETEROGENEITIES 

A high degree of spatial heterogeneity was shown in the degree of treat-
ment across the Nickel Rim PRB (Fig. 6). These heterogeneities are attributed 
to variations in hydraulic conductivity. The impact of these variations on 
treatment effectiveness has not been quantified. However, any variation in 
hydraulic conductivity will result in preferential flow, producing zones of 
higher flow where greater consumption of treatment capacity will occur. 
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Zones of slower flow will be correspondingly underutilized for treatment. 
Therefore, any preferential flow will compromise barrier performance. 
Flow modeling indicates that this problem will be much greater in relative 
thick barriers like the two described here (Benner et al., 2001). To optimize 
the performance of larger barriers, every eff'ort, such as strict quality 
assurance/quahty control mixing and construction programs, should be 
made to achieve a homogeneous reactive mixture. 

D. DECLINING RATES WITH TIME 

1. Nickel Rim Site 

The efficiency of sulfate reduction and metal sulfide precipitation has 
declined over time in the Nickel Rim PRE with the average efficiency of 
sulfate removal declined by 30% and the efficiency of Fe removal declined 
by 50% over a 3-year period (Fig. 5). It is anticipated that this removal 
efficiency will continue to decline as the barrier ages. These declines are 
attributed to consumption of the more reactive fraction organic carbon 
material within the barrier. Despite this decline, the barrier removed an 
average of >200mg/liter Fe from the water in the third year. In systems 
such as Nickel Rim, where the metal flux is very high, declining rates must be 
anticipated and the barrier designed accordingly. 

2. Vancouver Site 

Metal removal rates, as calculated by Ludwig et al. (2002), are shown in 
Fig. 11 for the 21-month evaluation period. Metal removal rates decreased 
during the 21-month period, leveling off* after 1 year of installation. This trend 
is attributed primarily to decreases in metal concentrations entering the 
barrier. Sulfide ore-containing soils immediately upgradient of the barrier 
location were excavated prior to installation of the barrier, therefore the 
heavy metal concentrations within the shallow groundwater have decreased 
with time. Based on dissolved metal concentration differences during the 21-
month period between well ML2, immediately upgradient of the barrier, and 
well ML 10, within the barrier, sulfate reduction rates within the barrier were 
calculated at greater than 17 mmol \~^yQSiT~^ (Ludwig et al., 2002). This rate is 
lower than rates measured by others (Eger and Wagner, 1995; Benner et al., 
2002) for similar systems. However, calculated sulfate reduction may be 
greater if excess sulfide is being transported downgradient of the PRB or 
hydrogen sulfide is volatilizing to the vadose zone and precipitating as elem-
ental sulfur. 
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Figure 11 Inferred minimal sulfate reduction rates and groundwater temperature versus time 
based on metal concentration differences between ML2 and ML 10 at the Vancouver PRB. 

E. INSTALLATION COSTS 

1. Nickel Rim Site 

Installation costs for the Nickel Rim PRB were approximately $35,000 
(U.S.) with a unit cost of approximately $200/m^. The cost breakdown for 
this installation was approximately half for materials and half for the actual 
installation, which included labor and equipment. Approximately half of the 
material costs were associated with shipping material to the site. 

2. Vancouver Site 

Design and installation costs for the Vancouver PRB were approximately 
$31,000 (U.S.), which converts to a unit cost of approximately $190/m^. 
These costs include design, materials, and equipment costs but do not include 
site characterization or monitoring costs. Approximately two-thirds of 
the costs were associated with the installation of the barrier system and the 
remainder was associated with design and materials. The higher installation 
costs relative to the Nickel Rim site were associated with the guar gum, 
which required specialized equipment and staff to be on-site to prepare the 
gum. 



520 Rick McGregor et al. 

VII. SUMMARY 

Two compost-based PRBs were installed in aquifers impacted by acid 
mine drainage and heavy metals at sites near Sudbury, Ontario (Nickel 
Rim), and Vancouver, British Columbia. Monitoring of the PRBs indicates 
that heavy metals, including Cd, Cu, Ni, and Zn, are being removed effec-
tively from solution by sulfide precipitation and coprecipitation reactions. 
Associated with sulfate reduction is a net decrease in the acidity of the 
groundwater. Rates of sulfate reduction decreased with time within both 
barrier systems; however, the barriers were still able to remove heavy metals 
to limits acceptable to regulatory agencies. 

In order to design and install an effective PRB, the geology, hydrogeology, 
and geochemistry of the aquifer system must be well characterized and 
understood. Design specifications should account for heterogeneities within 
the aquifer and barrier as well as the effects of fluctuating water tables and the 
possibility of reductive dissolution of ferric iron (oxy)hydroxide phases 
within the aquifer downgradient of the reactive barrier. Permeable reactive 
barriers provide a cost-effective strategy for the long-term treatment of acid 
mine drainage and heavy metals in both urban and remote settings. 
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groundwater bypassing, 389-390 
groundwater mounding, 387-389 
overview, 380-381, 386-387 

ZVI PRB properties, 332-333 
Hydrogen peroxide, PRB, 126-128 
Hydrogeology 

Nickel Rim site, 499-500 
Oak Ridge site, 308-309 
Vancouver site, 501 

Hydrology 
ASS sugarcane landscapes, 89-91 
deep aquifer remediation tools 

aquifer heterogeneity, 139-140 
aquifer hydraulic properties, 138-139 
groundwater linear velocity, 139 
K differences, 140 
well configuration, 140-142 
well housing flow characteristics, 144 
wings, 144-145 

Fry Canyon PRBs, 420-421 
oxic limestone drains, 91-92 

Hydroxyapatite 
Fry Canyon site 

chemistry result applications, 431-433 
contaminant removal efficiencies, 

415-420 
design and installation, 407-409 
hydraulics, 410-415 
hydrologic impacts, 420-421 
laboratory testing, 406-407 
pore volumes, 421-424 
water quality changes, 428-430 

metal immobilization studies, 257-258 
uranium sorption mechanisms, 273-274 

Inorganic contaminants, deep aquifer 
remediation tools, 196 

Inorganic metal contaminants, Oak Ridge site, 
hydrogeology, 309 

In situ redox manipulation 
bench-scale batch experiments, 167-168 
CERCLA treatability test 

barrier longevity, 189 
groundwater monitoring, 185-186 
overview, 184 
secondary effects, 186-188 
sediment analysis, 188-189 
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In situ redox manipulation (continued) 
column experiments, 167-168 
Elizabeth City, North Carolina chromium 

bromide tracer test, 481-483 
chemical injection procedure, 477-478 
chemical reduction, 468-470 
concentration, 483 
full-scale implementation, 489 
geochemical parameters, 481 
laboratory studies, 476-477 
long-term fate, 485-487 
monitoring wells, 474 
other contaminant applications, 

489-490 
overview, 465-466 
oxidation, mobility, toxicity, 466 
postinjection monitoring, 478-480 
PRB installation, 473-474 
reduction mechanisms, 466-467 
reoxidation, 470 
soil and groundwater distribution, 

471-472 
soil and sediment sampling, 474-476 
source area, 471 
techniques, 468 
treatment method costs, 488-489 

emplacement phases, 166-167 
field demonstrations, 166 
field-scale proof-of-principle experiment 

barrier longevity, 172-173 
chromium monitoring, 175, 178-179 
dissolved oxygen monitoring, 179-180 
hydraulic performance, 180, 184 
operation, 169-172 
overview, 168-169 
reductive capacity, 172-173 
residual chemicals, 180 
trace metal mobilization, 180 

intermediate-scale experiments, 168 
mathematical models, 166 
objective, 164 
overview, 163-164 
redox-sensitive contaminants, 164 
secondary effects, 164 
technology test, 165-166 

Intermediate-scale experiments, in situ redox 
manipulation, 168 

Ion exchangePRBs, 7-8 
Iron, see also Ferric ion; Ferrous ion 

Durango, Colorado, leaching, 460 

Elizabeth City, North Carolina, 
concentration, 483 

Nickel Rim site, 518 
ZVI PRBs, 284 

Iron corrosion, ZVI PRBs, 334-335 
Iron-gravel trench barrier. Oak Ridge site, 

309-311 
Iron oxides 

deep aquifer remediation tools, 196-197 
uranium batch experiments, 208 
uranium solids characterization, 206-207 
Vancouver site PRB, 516-517 

ISRM, see In situ redox manipulation 

Jennings limestone drain, description, 23 

K 
K, see Hydraulic conductivity 
Kinetic phosphorescent analysis, uranium, 198 
Kinetics, deep aquifer remediation tools 

contaminant removal, 148-154 
KPA, see Kinetic phosphorescent analysis 

LANL, see Los Alamos National Laboratory 
Leach-field system, Durango, Colorado PRBs, 

445 
Leaching 

acid sulfate soils, 75-76 
Durango, Colorado ZVI foam plates, 

458-459 
Lime, acid sulfate soil neutralization, 75 
Limestone drains 

acidity and dissolved metal attenuation, 
51-57 

alkalinity production rate, 41-42 
anoxic, see Anoxic limestone drain 
Buck Mountain, 26-27, 58 
data overview, 19-20 
description, 22-26 
design considerations, 57-59 
Elklick, 23, 27 
Filson-L, 23 
Filson-R, 23 
Hegins, 26-27 
Howe Bridge 1 limestone drain, 23, 27, 30, 

38,41-42,44,47,49,51 
Howe Bridge 2 limestone drain, 23, 27, 41 
Jennings, 23 
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limestone dissolution rate, 42-47 
longevity and size, 47-51 
Morrison, 23, 27, 30, 41-42, 44, 47, 49 
Mortandad Canyon PRB, 234 
Orchard, 23, 27, 38, 41, 45, 51, 53-56, 58 
oxic, see Oxic limestone drain 
performance and design overview, 32-37 
porosity and detention time, 37-41 
PRB designs, 11-12 
PRB longevity, 10 
REM-L description, 23 
REM-R description, 23 
sampling and analysis methods, 26-32 
Schnepp, 23 

Los Alamos National Laboratory, 
radionuclides, 223 

M 
Manganese, limestone drain, attenuation, 54 
Mathematical models, in situ redox 

manipulation, 166 
Maximum concentration limits, Mortandad 

Canyon, 223-225 
MCL, see Maximum concentration limits 
McLeods Creek study site 

ASS near-surface stratigraphy, 84 
chloride concentration, 86 
discharge, 82-83 
drill site material, 83 
electrical conductivity, 86 
floodplain, 85 
leachable acidity, 89 
peeper devices, 87 
porewater analysis, 85-86 

MCO-5 
Mortandad Canyon PRB batch sorption 

studies, 235 
sequential column tests, 236-237, 244, 246 
sequential large-scale column tests, 237-238 
single column tests, 236 
two-dimensional aquifer box tests, 238, 248 

Metal immobilization, apatite studies, 
257-258 

Metals 
acidic mine drainage, removal, 20-21 
CERCLA treatability test, 187 
dissolved, limestone drain, attenuation, 

51-57 
Durango, Colorado 

baffled tank, 453 

contaminant removal efficiency, 455 
solids sampling, 444-445 
water and gas phase chemistry, 445-447 
water sampling, 444 

Elizabeth City, North Carolina, 483-485 
groundwater monitoring, 180 
inorganic contaminants, Oak Ridge site, 

hydrogeology, 309 
permeable reactive barrier history, 3-5 
Vancouver site, 518 

Microbiological assessment 
sulfate-reducing bacteria, 294 
ZVI PRBs, 289-290 

Mineralogical assessment 
Durango, Colorado PRBs, 449-453 
ZVI PRBs, 290, 295-297 

Mineral precipitation 
Durango, Colorado PRBs, 455-457 
Fry Canyon PRBs, 424-428 
ZVI PRBs, 334-337 

Mixed waste plumesPRBs, 223 
Modeling 

in situ redox manipulation, 166 
Monticello, Utah PRBs, 380-381 
Vancouver site PRB, 516-517 
ZVI PRBs, 291-292, 297-301 

MODFLOW 
DART, 136 
PRBs, 380 

MODPATH, PRBs, 380 
Monitoring network 

CERCLA treatability test, 185-186 
chromium, 175, 178-179 
dissolved oxygen monitoring, 179-180 
Fry Canyon PRBs, 409 
residual chemicals, 180 
trace metal mobilization, 180 

Monitoring wells, Elizabeth City, North 
Carolina, 474, 478-480 

Monticello, Utah site, PRBs 
chemical distribution, 390-393 
construction, 383-386 
downgradient contamination, 393 
flow-velocity measurements, 390 
geochemistry, 376-377 
geohydrology, 374-376 
geology, 374-376 
groundwater bypassing, 389-390 
groundwater mounding, 387-389 
hydraulics, 380-381 
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Monticello, Utah site, PRBs (continued) 
hydraulics performance, 386-387 
installation overview, 372-374 
laboratory and field tests, 377-380 
longevity, 393-396 
mechanisms, 396 
overview, 371-372 
site description, 374 
slurry walls, 386 
width, 381-383 

Morrison limestone drain 
alkalinity production rate, 41-42 
description, 23 
limestone dissolution rate, 44 
longevity and size, 47, 49 
sampling and analysis, 27, 30 

Mortandad Canyon site 
Apatite II 

feasibility studies, 229 
grain size, 229-230 
nominal composition, 230-232 
strontium leaching, 232-233 

batch sorption studies, 234-236 
batch tests, 239-241 
colloid tests, 239 
limestone gravel, 234 
maximum concentration limits, 223-225 
overview, 226-227 
pecan shells, 233 
porous gravel, 228 
sequential column tests, 236-237 
sequential large-scale tests, 237-238 
single column tests, 236 
two-dimensional aquifer box tests, 238-239 

Mudstone, Monticello, Utah PRBs, 375 

N 
Near-surface groundwater, McLeods Creek 

study site, 82-89 
NETPATH, ZVI PRBs, 291 
Neutralization, acid sulfate soils, 74-75 
New South Wales, acid sulfate soil, 72 
Nickel 

limestone drain attenuation, 54 
Vancouver site, results, 512-513 

Nickel Rim site 
geochemistry, 499-500 
hydrogeology, 499-500 
PRB assessment methods, 503 
PRB flow heterogeneities, 517-518 

PRB installation, 500-501 
PRB installation costs, 519 
PRB sulfate reduction rates, 518 
PRB treatment results, 504-507 

Nitrate 
biobarrier batch tests, 241-243 
pecan shells, 243-244 
sequential column tests, 244-247 
sequential large-scale column tests, 237-238 
single column tests, 236-237 
two-dimensional aquifer box tests, 238-239, 

248-249 
zero valent iron reactions, 317-322 

Nolichucky shale bedrock. Oak Ridge site, 
hydrogeology, 308-309 

Nonpumping well arrays 
DART technology, 136 
PRBs, 135-136 

NSW, see New South Wales 
Nutrients, PRB history, 3-5 

O 
Oak Ridge site 

groundwater samples, 311-312 
hydrogeology, 308-309 
iron-gravel trench barrier installation, 

309-311 
ZVI PRBs 

Bear Creek Valley, 347-348 
calcium interactions, 328-332 
carbonate interactions, 328-332 
chromate reduction, 328 
connectivity, 332-333 
ferrous ion, 314-317 
field sampling, 353 
groundwater redox potential, 314-317 
hydraulic properties, 332-333 
installation and operation overview, 346 
installation overview, 305-306 
long-term performance, 337-339 
mineral precipitation, 334-337 
nitrate-zero valent iron reactions, 

317-322 
overview, 313, 343-344 
pertechnetate reduction, 328 
pH, 314-317 
radioactivity distribution, 353-354 
sample collection, 348-350 
SEM-EDS data, 355-358 
sulfate reduction, 322-324 
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uranium removal, 324-328 
XPS data, 358-359 
X-ray diffraction data, 354-355 

OLCs, see Open limestone channels 
OLD, see Oxic limestone drain 
Open limestone channels, acid sulfate soils, 78 
ORC, see Oxygen reduction capacity 
Orchard limestone drain 

acidity and dissolved metal attenuation, 
53-56 

alkalinity production rate, 41 
description, 23 
design considerations, 58 
limestone dissolution rate, 45 
longevity and size, 51 
porosity and detention time, 38 
sampling and analysis, 27 

Oxic limestone drain 
acidity and dissolved metal attenuation, 

56-57 
acid sulfate soils, 79-80 
concept design, 96-98 
design, 22 
future possibilities, 98-99 
hydrology, 91-92 
performance and design overview, 32-37 
specific sites, 26 
water quality, 92-96 

Oxidation 
acid sulfate soils, 73-74 
chromium, 466 
chromium reoxidation, 470 

Oxygen 
anoxic limestone drains, 21 
dissolved, see Dissolved oxygen 
zero-valent iron longevity, 8-9 
ZVI PRBs, 344-345 

Oxygen reduction capacity, in situ redox 
manipulation, 173 

PASS, see Potential acid sulfate soil 
Pecan shells 

biobarrier batch tests, 242 
biobarrier studies, 235-236 
Mortandad Canyon PRB, 233 
'̂̂ Sr, NOg", polystyrene colloids, 243-244 

Peeper devices, McLeods Creek study site, 87 
Pellet batch tests, uranium adsorption batch 

experiments, 200 

Perchlorate 
sequential column tests, 246-247 
sequential large-scale column tests, 237-238 
two-dimensional aquifer box tests, 238-239, 

248-249 
Permeable reactive barriers 

abandoned mine lands, 402-403 
abiotic reduction, 5-6 
acid sulfate soils discharge management 

calcareous reactive barriers, 77-80 
materials, 81-82 
overview, 76-77 

adsorption, 7-8 
biotic reduction, 6 
chemical precipitation, 6-7 
chemistry design, 114-116 
chromium treatment costs, 488-489 
column studies, pecan shells, 243-244 
configurations, 106-107 
costs, 106 
DART contaminant removal, 148,151-152, 

154 
DART emplacement, 159 
DART overview, 133-134 
definition, 222 
designs, 11-12 
Durango, Colorado site 

baffled tank, 453 
collection drain design and construction, 

438-439 
contaminant overview, 436-437 
contaminant removal efficiency, 455 
contaminant uptake rates, 457-458 
design and construction, 439-441 
design comparisons, 459 
groundwater treated, 449 
leach-field system, 445 
leaching, 458-459 
lessons learned, 460-461 
mineralogy, 449-453 
mineral precipitation, 455-457 
overview, 435-436 
solid phase constituent concentration, 

447-449 
solids sampling, 444-445 
uranium mill tailing disposal cell, 437-438 
water and gas phase chemistry, 445-447 
water sampling and analysis, 443-444 

early history, 134 
Elizabeth City, North Carolina, 473-474 
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Permeable reactive barriers (continued) 
Fry Canyon site 

analysis, 276-278 
apatite material selection, 269-270 
bone char apatite analysis, 276-278 
bone char apatite lifetime estimate, 276 
chemical analysis, 409 
chemistry result applications, 431-433 
column tests of bone char pellet 

formation, 270-272 
contaminant removal efficiencies, 

415-420 
design and installation, 407-409 
geohydrology, 405-406 
hydraulics, 410-415 
hydraulics result applications, 431 
hydrologic impacts, 420-421 
laboratory testing, 406-407 
lifetime estimate, 276 
mineral precipitation, 424-428 
monitoring network, 409 
overview, 285-288, 401-402 
pore volumes, 421-424 
reactive material testing, 406-407 
uranium concentration, 405-406 
uranium upgrade site description, 

403-405 
water quality changes, 428-430 

function, 106 
groundwater remediation overview, 2-3 
hydraulic design, 111-114 
ion exchange, 7-8 
limitations, 134 
materials, 256-257 
McLeods Creek study site, 82-89 
metal, radionuclide, nutrient histories, 3-5 
metal immobilization by apatite, early 

studies, 257-258 
mixed waste plumes, 223 
Monticello, Utah site 

chemical distribution, 390-393 
chemical mechanisms, 396 
construction, 383-386 
downgradient contamination, 393 
flow-velocity measurements, 390 
geochemistry, 376-377 
geohydrology, 374-376 
geology, 374-376 
groundwater bypassing, 389-390 
groundwater mounding, 387-389 

hydraulics, 380-381 
hydraulics performance, 386-387 
installation overview, 372-374 
laboratory and field tests, 377-380 
longevity, 393-396 
mechanisms, 396 
overview, 371-372 
site description, 374 
slurry walls, 386 
width, 381-383 

Mortandad Canyon site 
batch sorption studies, 234-236 
batch tests, 239-241 
colloid tests, 239 
contaminants, 223-225 
limestone gravel, 234 
overview, 226-227 
pecan shells, 233 
porous gravel, 228 
sequential column tests, 236-237 
sequential large-scale tests, 237-238 
single column tests, 236 
two-dimensional aquifer box tests, 

238-239 
Mortandad Canyon site. Apatite II 

feasibility studies, 229 
grain size, 229-230 
limestone gravel, 234 
nominal composition, 230-232 
pecan shells, 233 
strontium leaching, 232-233 

Nickel Rim site 
assessment methods, 503 
flow heterogeneities, 517-518 
hydrogeology and geochemistry, 499-500 
installation, 500-501 
installation costs, 519 
sulfate reduction rates, 518 
treatment results, 504-507 

nitrate biobarrier batch tests, 241-243 
nonpumping well arrays, 135-136 
Oak Ridge site 

Bear Creek Valley, 347-348 
calcium interactions, 328-332 
carbonate interactions, 328-332 
chromate reduction, 328 
connectivity, 332-333 
ferrous ion, 314-317 
field sampling, 353 
groundwater redox potential, 314-317 
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hydraulic properties, 332-333 
installation and operation overview, 346 
installation overview, 305-306 
long-term performance, 337-339 
mineral precipitation, 334-337 
nitrate-zero valent iron reactions, 

317-322 
overview, 313, 343-344 
pertechnate reduction, 328 
pH, 314-317 
radioactivity distribution, 353-354 
sample collection, 348-350 
SEM-EDS data, 355-358 
sulfate reduction, 322-324 
uranium removal, 324-328 
XPS data, 358-359 
X-ray diffraction data, 354-355 

overview, 130-131, 496-497 
performance, 120-123 
performance improvement, 197 
physical emplacement, 222-223 
radionuclides, 223 
reactive material longevity, 9 
removal process, 256 
Savannah River Site description, 107-108 
secondary treatment performance, 123, 

126-129 
sequential column tests, 244-247 
siphon hydraulics, 119-120 
sulfate reduction, overview, 495-496, 499 
technologies, 3 
trench hydraulics, 116-119 
two-dimensional aquifer box tests, 248-249 
uranium material characterization, 199 
uranium material types, 198-199 
uranium sorption processes, 272-276 
Vancouver site 

assessment methods, 503 
cadmium results, 509 
copper results, 512 
fluctuating water table, 515 
installation, 502-503 
installation costs, 519 
iron oxides, 516-517 
nickel results, 512-513 
pH buffering reactions, 514 
results overview, 507-509 
sulfate reduction, 514 
sulfate reduction rates, 518 
zinc results, 513-514 

zero valent iron 
aerobic iron, 284 
contaminant removal, 282-283 
core sample data, 359-360 
field sampling, 359 
geochemical environment, 282 
geochemical modeling, 297-301 
geochemistry, 297-301 
groundwater samples, 311-312 
iron-gravel trench barrier installation, 

309-311 
mineralogic data, 295-297 
overview, 4, 281-282 
potential limitation, 307-308 
radiological survey, 351 
scanning electron microscopy, 351-352 
XPS data, 360-362 
X-ray diffraction, 352 
X-ray fluorescence, 352 
X-ray photoelectron spectroscopy, 

352-353 
zero valent iron, sulfate-reducing bacteria 

dissimilatory sulfate reduction, 292-294 
geochemical modeling, 291-292 
microbiological assessment, 289-290 
microbiological evidence, 294 
mineralogic investigation, 290 
stable sulfur isotopes, 288-289 

Permits, Elizabeth City, North Carolina, 
chromium, 477-478 

Pertechnate reduction, ZVI PRBs, 328 
pH 

Monticello, Utah site, 396 
PRBs, 6-7 
ZVI PRBs, 314-317 

pH buffering reactions, Vancouver site, 514 
Phosphate, uranium DART, 196-197, 208, 

210-211 
Phospholipid fatty acids, ZVI PRBs, 322-324 
Phosphorus, uranium adsorption batch 

experiments, 201 
PLFA, see Phospholipid fatty acids 
Plutonium 239 

Mortandad Canyon groundwater batch 
tests, 239-241 

Mortandad Canyon PRB, batch sorption 
studies, 235 

sequential column tests, 246-247 
sequential large-scale column tests, 237-238 

POC, see Point-of-compliance samplers 
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Point-of-compliance samplers 
Christensen in situ uranium mine, 211 
DART design, 202-203 
Fry Canyon site, 213 

Polystyrene colloids, pecan shells, 243-244 
Polyvinyl chloride 

deep aquifer remediation tools, 146-147 
Durango, Colorado collection drains, 

439 
Pore volumes, Fry Canyon PRBs, 421-424 
Porewater analysis, McLeods Creek study site, 

85-86 
Porosity, limestone drains, 37-41 
Porous gravel, Mortandad Canyon PRB, 

228 
Potential acid sulfate soil, overview, 68-69 
Potentiometric surface, Fry Canyon PRBs, 

410 
PRB, see Permeable reactive barriers 
Precipitation 

Durango, Colorado PRBs, 455-457 
Fry Canyon PRBs, 424-428 
PRBs, 6-7 
ZVI PRBs, 334-337 

PVC, see Polyvinyl chloride 
PVs, see Pore volumes 
Pyrite, formation equations, 68 

Radioactivity, Oak Ridge site, 353-354 
Radionuclides 

Mortandad Canyon PRB, batch sorption 
studies, 235 

permeable reactive barrier history, 3-5 
PRBs, 223 

Reactive materials 
Fry Canyon site, laboratory testing, 

406-407 
permeable reactive barrier longevity, 

9-10 
Red mud bauxite, acid sulfate soils discharge 

management, 81-82 
Redox potential, ZVI PRBs, 314-317 
Redox-sensitive contaminants, in situ redox 

manipulation, 164-165 
Reductive capacity, in situ redox 

manipulation, 172-173 
REM-L limestone drain, description, 23 
REM-R limestone drain, description, 23 
Reoxidation, chromium, 470 

Sampling and analysis methods, limestone 
drains, 26-32 

Sand, Monticello, Utah PRBs, 375 
Savannah River Site, description, 107-108 
Scanning electron microscopy 

barrier materials characterization, 199 
uranium solids characterization, 206-207 
ZVI PRBs, 351-352, 355-358 

Schnepp limestone drain, description, 23 
Sediment sampling 

CERCLA treatability test, 188-189 
Elizabeth City, North Carolina, chromium, 

474-476, 480, 485-487 
SEM, see Scanning electron microscopy 
Sequential column tests 

239pŷ  24i^j^^ 85SJ.̂  nitrate, perchlorate, 

246-247 
8^Sr and nitrate, 236-237, 244-246 

Sequential large-scale column tests, -̂ ^̂ Pu, 
2̂ * Am, ^^Sr, nitrate, perchlorate, 237-238 

Siderite, ZVI PRBs, 335 
Siltstone, Monticello, Utah PRBs, 375 
Single column tests, ^^Sr, nitrate, colloids, 236 
Siphon hydraulics, PRB, 119-120 
Slurry walls, Monticello, Utah site, 386 
Sodium carbonate, PRB, 127-128 
Soil sampling 

Elizabeth City, North Carolina, chromium, 
471-472, 474-476, 480, 485-487 

lime addition, 75 
Solid sampling 

Durango, Colorado PRBs, 444-445, 
447-449 

uranium characterization, 206-207 
SRB, see Sulfate-reducing bacteria 
SRS, see Savannah River Site 
Stable sulfur isotopes 

dissimilatory sulfate reduction, 292-294 
ZVI PRBs, 288-289 

Steel wool, Durango, Colorado PRBs, 445 
Strontium 

leaching by Apatite II, 232-233 
Mortandad Canyon PRB, batch sorption 

studies, 235 
Strontium 85 

sequential column tests, 246-247 
sequential large-scale column tests, 

237-238 
Strontium 87 
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pecan shells, 243-244 
sequential column tests, 236-237, 244-246 
single column tests, 236 
two-dimensional aquifer box tests, 238-239, 

248-249 
Strontium 90, Mortandad Canyon 

groundwater batch tests, 239-241 
Sugarcane landscapes, acid sulfate soils, 

89-91 
Sulfate 

Elizabeth City, North Carolina, 483 
Monticello, Utah PRBs, 376-377 

Sulfate-reducing bacteria 
basics, 283 
overview, 281 
ZVI PRBs 

biogeochemical mechanism, 284 
dissimilatory sulfate reduction, 292-294 
geochemical modeling, 291-292 
microbiological assessment, 289-290 
microbiological evidence, 294 
minerologic investigation, 290 
stable sulfur isotopes, 288-289 

Sulfate reduction 
Nickel Rim site rates, 518 
Nickel Rim site results, 504-507 
overview, 495-499 
Vancouver site rates, 518 
Vancouver site results, 514 
zero valent iron PRB, 322-324 

Sulfur isotopes 
dissimilatory sulfate reduction, 292-294 
ZVI PRBs, 288-289 

Surface waters, lime addition, 75 

TA-50 water treatment faciUty, contaminant 
source, 223-225 

Toxicity, chromium, 466 
Trace metals 

CERCLA treatability test, 187 
groundwater monitoring, 180 

Trench hydraulics, PRB, 116-119 
Two-dimensional aquifer box tests, ^^Sr, 

nitrate, perchlorate, 238-239, 248-249 

U 
Uranium 

abiotic reduction, 5 
adsorption, 7 

adsorption batch experiments, 199-201 
apatite 

Fry Canyon, 270-272 
immobilization studies, 257 
materials, 258-259 
material selection, 269-270 
mechanisms, 272-273 
physical characteristics, 259 
reversibility, 267-269 
water quality effects, 269 

apatite batch uptake experiments 
batch experiments, 262-263 
methodology, 259-262 

apatite column experiments 
methodology, 263-264 
results, 264-266 

barrier material characterization, 199 
barrier material types, 198-199 
bone char pellets, processes, 275 
chemical precipitation, 7 
column experiment, 201-202 
deep aquifer remediation tools 

batch experiments, 207-208 
Christensen in situ mine, 203, 211-213 
column experiments, 210-211 
design, 202-203 
Fry Canyon site, 204, 213, 217 
overview, 196-197 
solids characterization, 206-207 

Durango, Colorado 
baffled tank, 454 
collection drain design and construction, 

438-439 
contaminant overview, 436-437 
contaminant removal efficiency, 455 
contaminant uptake rates, 457-458 
core sample data, 359-360 
field sampling, 359 
groundwater treated, 449 
lessons learned, 460 
miU tailing disposal cell, 437-438 
solid phase constituent concentration, 

447 
XPS data, 360-362 
X-ray diffraction analysis, 451-453 

Fry Canyon site 
bone char apatite PRB analysis, 277-278 
bone char apatite PRB lifetime estimate, 

276 
chemical analysis, 409 
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Uranium (continued) 
chemistry result applications, 431-433 
contaminant removal efficiencies, 

415-420 
geohydrology, 405-406 
hydraulics, 410-415 
hydraulics result applications, 431 
hydrologic impacts, 420-421 
laboratory testing, 406-407 
mineral precipitation, 424-428 
monitoring network, 409 
pore volumes, 421-424 
PRB design and installation, 407-409 
upgrade site description, 403-405 
uranium concentration, 405-406 
water quaUty changes, 428-430 

hydroxyapatite, mechanisms, 273-274 
kinetic phosphorescent analysis, 198 
Monticello, Utah site, 396 
Oak Ridge site 

field sampling, 353 
overview, 312 
radioactivity distribution, 353-354 
SEM-EDS data, 355-358 
XPS data, 358-359 
X-ray diffraction data, 354-355 

permeable reactive barrier history, 4 
precipitation with zero valent iron, 

197-198 
ZVI PRB overview, 343-344 
ZVI PRBs, 324-328 
ZVI PRB solubility and precipitation, 

345-347 

Vanadium, Durango, Colorado site 
contaminant uptake rates, 458 
PRBs, solid phase constituent 

concentration, 447, 449 
Vancouver site 

geochemistry, 501 
hydrogeology, 501 
PRBs 

assessment methods, 503 
cadmium results, 509 
copper results, 512 
fluctuating water table, 515 
installation, 502-503 
installation costs, 519 
iron oxides, 516-517 

nickel results, 512-513 
pH buffering reactions, 514 
results overview, 507-509 
sulfate reduction, 514 
sulfate reduction rates, 518 
zinc results, 513-514 

W 

Water phase chemistry, Durango, Colorado 
PRBs, 445-447 

Water quality 
apatite effects, 269 
Fry Canyon PRBs, 428-430 
oxic limestone drains, 92-96 

Water sampling, Durango, Colorado PRBs, 
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