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This book presents a full state-of-the-art review and critical evaluation of the type 
and magnitude of the various sorption and incorporation processes in hydrated 
cement systems that are responsible for the retention properties of cementitious 
materials towards radionuclides and metals from a variety of radioactive and 
industrial wastes.

The book is triggered by and based on two reports commissioned by 
the Belgian Agency for Radioactive Waste and Enriched Fissile Materials 
ONDRAF/NIRAS, which are both authored or co-authored by the authors of this 
book. While these reports were ultimately aimed at providing key sorption values 
for the safety analysis of a planned repository for short-lived low- and medium-
level radioactive waste, it is emphasised throughout both the original reports 
and the present book that selected sorption values should be underpinned, to 
the greatest extent possible, by scientific arguments and process understanding. 
Accordingly, an international panel of experts, including the authors of this book, 
had been involved in a peer review process of data evaluation, selection of recom-
mended values, and development of the scientific state of the art.

There are a number of people to be greatly acknowledged for their important 
role in providing critical data, argumentation, and advice regarding completion 
of this book. Chiefly among them are Robert Gens and Wim Cool representing 
ONDRAF/NIRAS, for initiating the entire project and providing guidance as well 
as funding, the further members of the expert panel (John Berry, Virginie Blin, 
Pierre de Cannière, Christoph Gallé, Fred Glasser, Eric Giffaut, Alan Hooper, 
Diederik Jacques, David Lever, Evelien Martens, Bernhard Schwyn, Ludovic 
Vielle-Petit, Erich Wieland, Steve Williams) for their contributions in develop-
ing the presented material, and Cynthia Feenstra from Springer for her support in 
questions of publication.

Schlieren, Switzerland 
Adelaide, Australia 
Mol, Belgium
July 2015 
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1

Abstract Cementitious materials are being widely used as solidification/sta-
bilisation and barrier materials for a variety of chemical and radioactive wastes, 
due to their favourable retention properties for metals and other inorganic con-
taminants. These result from mineral phases in hydrated cement that (i) possess a 
high density of sites for the fixation of contaminants through a variety of sorption 
and incorporation reactions and that (ii) buffer pH in the range 10–13, depend-
ing on composition, which tends to limit the solubility of many metal ions. The 
present book represents a state-of-the-art review and evaluation of the type and 
magnitude of the various sorption and incorporation processes in hydrated cement 
systems for twenty-five elements. It is aimed at describing the interaction of dis-
solved constituents with hydrated cementitious materials (i.e. already set or hard-
ened). While the immobilisation of contaminants by mixing with dry cement 
clinker before hydration is not explicitly addressed, many underlying processes 
will be similar. On the basis of a consistent review and re-evaluation of the lit-
erature data, we established a quantitative database on the solid/liquid distribution 
behaviour (“sorption database”) for radionuclides and other elements in hydrated 
cement systems. This database is closely tied to the safety analysis of the near-
surface disposal of radioactive waste in Belgium, which is reflected in the focus on 
radioelements. However, the book addresses also a number of stable elements and 
heavy metals, which makes it relevant for the interaction of conventional contami-
nants with cement-based barriers.

Cementitious materials have been widely used as solidification/stabilisation (s/s) 
agents for industrial and civil wastes (Chen et al. 2008; Glasser 1993), as well as 
for radioactive waste (Glasser 1989, 2006; Atkins and Glasser 1992). It is gen-
erally accepted that the retention potential of cementitious materials for many 
contaminants is very high due to the high sorption or uptake capacity of these 
materials. This is linked to the presence of several minerals in hydrated cement 
possessing a high density of sorption sites for both cations and anions, especially 
in the pH range 10–13 (Glasser 1993). In addition to surface sorption, hydrated 
cement minerals can immobilise many contaminants through incorporation 
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reactions and the formation of solid solutions. In addition, under the alkaline con-
ditions characteristic for cement systems, many contaminants become much less 
soluble than under the less alkaline pH values of typical near-surface or geological 
environments.

The present book represents a state-of-the-art review and evaluation of the type 
and magnitude of the various sorption processes in hydrated cement systems for 
twenty-five elements. It is thus aimed at describing the interaction of dissolved 
constituents with cementitious materials that are already hydrated (set or hard-
ened). While many underlying processes may be similar, the immobilisation of 
contaminants by mixing with dry cement clinker before hydration is not the sub-
ject of this book.

On the basis of a consistent review and re-evaluation of the literature data, we 
established a sorption database for radionuclides and some environmentally rel-
evant elements. Such a database and the scientific underpinning of its derived 
sorption values will be of use to support the safe disposal of radioactive waste 
and other cemented industrial wastes. Specifically, this book is based on several 
reports developed by the Belgian agency for radioactive waste and enriched fissile 
materials ONDRAF/NIRAS and its partner technical support organisations, more 
in particular the Belgian Nuclear Research Centre SCK•CEN. The sorption data-
base forms an integral part of the documentation that supports the safety analy-
sis of the near-surface disposal of low- and intermediate-level radioactive waste at 
Dessel, Belgium.

This is reflected in the selection of elements treated in this book, with a focus 
on radioelements. However, the book addresses also a number of stable elements 
and heavy metals, which makes it also relevant for many types of conventional 
waste in landfills or for cement-based barriers used at contaminated sites.

While well-accepted compilations and databases of sorption values for cemen-
titious materials have been prepared in the context of radioactive waste disposal 
(such as Wieland and van Loon 2002; Andra 2005), it was felt that a new data 
compilation and derivation of recommended values is needed, for the following 
reasons:

•	 The majority of the existing databases deal with situations typical for deep geo-
logical disposal of radioactive waste where redox conditions are likely to be 
reducing, while conditions are expected to be oxidising in case of near-surface 
disposal. Similarly, slow groundwater flow in a deep-disposal situation normally 
leads to an extremely low rate of cement degradation. Because of this, most 
existing databases consider sorption for intact or slightly degraded cement. For 
near-surface disposal, cement degradation would proceed much faster; there-
fore, sorption in highly degraded cementitious materials would also be relevant 
in the long term.

•	 Significant progress in the understanding of sorption in cementitious systems 
has been made in recent years, and it is necessary to include these state-of-the-
art data and information in the current database.
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•	 Distinct from the majority of existing databases, an international panel of 
experts has been involved in the process of data review, selection of recom-
mended values, and development of scientific arguments supporting the 
selections.

The treatment of the various elements in this book is organised into separate, 
dedicated chapters. For each element, relevant background information is pro-
vided, followed by a discussion of the expected chemical form, speciation, and 
solubility. Each chapter then presents a detailed literature survey and review of 
experimental observations relevant for evaluating sorption processes, pertain-
ing to fresh and degraded cementitious material. Finally, the likely sorption pro-
cesses are identified, and key sorption values (distribution coefficients) for fresh 
and degraded cementitious material are recommended. Beforehand, an overview 
of hydrated cementitious materials and related degradation processes is presented.

For some elements, supplemental key sorption values are presented, which are 
based on chemical analogies with other elements or similar approximations. This 
was done mainly in cases where no or only very few recommended values could 
be given for an element, due to a limited experimental database. However, supple-
mental values were not systematically derived for all elements where, e.g., only an 
upper limit value is missing.
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Abstract The cementitious materials considered here include hydrated cement 
grout, concrete, and mortar. These materials may be used for waste condition-
ing, as waste container, and for backfilling. Dry cement (clinker) is a hydraulic 
binder; concrete is a mixture of hydrated cement, water, and coarse and fine aggre-
gates; mortar and grout are a mixture of water, hydrated cement, and fine aggre-
gates. Clinker is a mixture of several anhydrous minerals, mainly calcium silicates. 
Ordinary Portland cement (OPC) consists of finely ground clinker plus a small 
amount of gypsum. Hydration results in the formation of portlandite Ca(OH)2, 
largely amorphous calcium silicate hydrates (CSHs), and minor crystalline phases 
containing aluminium, iron, and sulphate (e.g. ettringite, monosulphate, hydroga-
rnet, and hydrotalcite). Solutions in equilibrium with fresh hydrated cement are 
hyperalkaline (pH ≥ 13.2) with correspondingly high Na- and K-concentrations. It 
follows that hydrated cement systems are not in equilibrium with infiltrating water, 
which leads to dissolution and re-precipitation reactions. It is well established that 
the degradation of hydrated cement follows a pattern of several different, more or 
less distinct states, characterised by progressively lower pore water pH and Ca/
Si ratio. Hydrated cement solid phases provide a variety of potential sites for dif-
ferent uptake reactions for dissolved elements, ranging from surface adsorption to 
incorporation and solid-solution formation (these processes are termed sorption 
henceforth). At low sorbate concentration (below the respective solubility limit), 
use of a single distribution coefficient for quantifying uptake under a defined set of 
conditions (e.g. a specific degradation state) is a defensible approach.

2.1  Cementitious Materials

The cementitious materials considered here include hydrated cement grout, con-
crete, and mortar. These materials may be used for conditioning the waste, as 
waste container and for backfilling containers in the repository. Cement is a 
hydraulic binder and can bind other materials together through hydration reaction 
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with water (see below). Concrete is a mixture of hydrated cement, water, and 
coarse and fine aggregates. Mortar is a mixture of water, hydrated cement, and fine 
aggregates. There are excellent textbooks on the chemistry of hydrated cement and 
concrete (e.g. Taylor 1997); the respective background information is therefore 
only briefly summarised below.

2.2  Cement

Cement itself is a mixture of several anhydrous minerals, mainly calcium silicates, 
which form in the reaction of calcium carbonate with silica-bearing minerals. 
Cement is normally produced by heating limestone with clay to about 1450 °C in 
a kiln. The resulting hard cement clinker is then ground with a small amount of 
gypsum into a powder to make ordinary Portland cement (OPC), the most com-
mon cement type. Portland cements normally comprise four main components: 
50–70 % alite, 20–30 % belite, 5–12 % aluminates, 5–12 % ferrite, and small 
amounts (~2 %) of the added gypsum (Chen et al. 2008; Taylor 1997).

•	 Alite is tricalcium silicate, C3S (where C = CaO and S = SiO2) or Ca3SiO5, 
which reacts with water to form calcium silicate hydrate (CSH) gel and portlan-
dite (Ca(OH)2). Alite is considered to be the most significant constituent phase 
with respect to strength development at the early stage of cement hydration up 
to 28 days.

•	 Belite is dicalcium silicate, C2S or β-Ca2SiO4. Belite reacts with water to pro-
duce also CSH and portlandite but at a slower rate. The strength development 
by belite hydration is only fully attained after about 1 year.

•	 Aluminate in unhydrated cement is present partly as ferrite and tricalcium alu-
minate C3A (where A = Al2O3) or Ca3Al2O6. C3A reacts with water in the pres-
ence of sufficient amount of gypsum to yield AFt (calcium aluminosulphate, 
F = Fe2O3), e.g., ettringite or AFm (calcium monosulphoaluminate) if the avail-
ability of gypsum is limited.

•	 Ferrite is a calcium aluminoferrite, C2(F,A)5 with high substitution of Fe for Al; 
it reacts with water in a similar way as aluminate C3A.

•	 Finally, gypsum is added to slow the setting time and permit a period of work-
ability. A too rapid setting is caused by an immediate hydration of aluminates 
and because of that, the subsequent strength development of cement becomes 
poor.

To produce concrete or mortar, the cement clinker is mixed with the appropri-
ate amount of water and aggregate material (Taylor 1997). Aggregate material 
typically consists of sand (quartz) and gravel form silicate or calcareous rocks. In 
the present case (near-surface disposal of low- and intermediate-level radioactive 
wastes at Dessel, Belgium), it is specified that all aggregate material consists of 
calcite grains.



7

2.3  Cement Hydration

Upon interacting with water, the anhydrous cement clinker undergoes hydration 
reactions and develops binding properties and strength. Hydration results in the 
formation of portlandite Ca(OH)2, CSHs, and other minor phases containing alu-
minium, iron, and sulphate:

•	 calcium hydroxide Ca(OH)2, or portlandite;
•	 amorphous (or microcrystalline) CSH phases with an initial Ca to Si molar ratio 

(C/S) at around 1.8 (this ratio will decrease as cement degrades);
•	 AFt phases (aluminoferrite trisulphate)—a group of calcium sulphoaluminate 

hydrates, such as ettringite with [Ca3(Al,Fe)(OH)6·12H2O]X3·H2O as  general 
formula, where X denotes a double-charged anion (typically sulphate) or two 
units of a single-charged anion; and AFm phases (aluminoferrite monosul-
phate)—with [Ca2(Al,Fe)(OH)6]X·H2O as general formula;

•	 Hydrogarnet (3CaO·Al2O3·6H2O); and
•	 Hydrotalcite, a layered double hydroxide of the general formula (Mg6Al2(CO3)

(OH)16·4(H2O).

2.4  Sorbing Minerals in Cementitious Materials

The concrete to be used for the ONDRAF/NIRAS disposal facility in the munici-
pality of Dessel is mainly a mixture of Portland cement (slag-free for CEM I 
and slag-containing for CEM III), and calcareous aggregates of different grain 
sizes (Tables 2.1 and 2.2). Solid phases in the concrete therefore comprise 
hydrated cement solids and calcite aggregates. The major cement solid phases 

Table 2.1  Concrete composition for the modules and the containers, Gens (2008). CEM  
I defined according to EN 197-1:2000 (2000)

aLA low alkali, HSR High sulphate resisting, LH low heat (hydration). Values in () are size range 
in mm. NS napthalene sulphonate

Component Content (kg/m3) Content (weight %)

CEM I 42.5 N LA HSR LHa 350 15

Calcitec™ 2001 MS (ground calcium carbonate) 50 2.1

Sand 0/4 (limestone) 708 30

Calcareous aggregates (2/6) 414 17.5

Calcareous aggregates (6/14) 191 8

Calcareous aggregates (6/20) 465 19.7

Water 175 7.4

Water/cement ratio 0.50

Superplasticiser (Rheobuild™ 1100 conc. 30 %,  
NS type)

6.46 0.3

2.3 Cement Hydration
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are crystalline portlandite (Ca(OH)2) and amorphous CSH. Minor phases include 
ettringite (aluminoferrite trisulphate, AFt), monosulphate (aluminoferrite mono-
sulphate, AFm), hydrogarnet, and hydrotalcite. All these solids provide potential 
sorbing surfaces for dissolved radionuclides. CSH phases display non-specific 
sorption; that is, both cations and anions can be sorbed although the mechanism 
may not always be known. Examples for anion immobilisation onto  hydrotalcite, 
AFm, and AFt phases may be obtained from Wieland and Van Loon (2002) 
Calcite, initially present as aggregates and/or generated as a newly formed phase 
owing to cement carbonation, may also sorb radionuclides (Zachara et al. 1991). 
Although co-precipitation of radionuclides with calcite has been considered in 
the literature as a particularly relevant sorption process (Curti 1997; Meece and 
Benninger 1993; Komarneni and Roy 1981), in this review clear distinction is 
to be made between true sorption and solubility control leading to precipitation. 
Therefore, data on precipitation and co-precipitation associated with calcite will 
not be considered as true sorption.

Different sorbing cement minerals have a characteristically high surface 
area (m2/g solid); for example, hardened cement paste (HCP) has a surface area 
>50 m2/g, portlandite had a surface area of ~6 m2/g, while CSH phases were 
reported to have a surface area of 148 m2/g (Tits et al. 2006a, b). Large surface 
area combined with high-sorption data (mol/g) results in high surface densities of 
sorption sites (mol/m2 or sites/nm2). Therefore, large masses of cement result in a 
large sorption capacity for radionuclides and other contaminants. Also, under such 
circumstances, use of a single Kd or Rd to represent sorption at low radionuclide 
concentration is a defensible approach. From a qualitative point of view, differ-
ences in sorption values for different cement or natural minerals such as calcite 
may be related to differences in surface area and nature (intrinsic charge) of the 
surface. From a more quantitative point of view, surface area information may also 
be used in calculating sorption values, for example by means of surface complexa-
tion models (Apello and Postma 2006) or ion exchange models (Tits et al. 2008).

Table 2.2  Proposed composition of backfilling mortar for use in containers, Gens (2008)

aCould be adjusted downwards, depending on seasonal conditions
bNaphtalene sulphonate

Component Content (kg/m3) Content (weight %)

CEM III/C 32.5 LA HSR LH 510 23.3

Silica fume 52 2.4

Calcareous aggregates (0/4) 1392 63.7

Water 223 10.2

Water/cement ratio 0.437

Superplasticiser (Rheobuild 1100 conc. 30 %, NSb 
type)

8.9 maximuma 0.406
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Portlandite (Ca(OH)2)
Portlandite is rarely studied as a sorbing solid. The hydroxyl functional groups on 
the surface of portlandite have potential to bind strongly sorbing metal ions, in 
addition to Ni, or sorb anions such as the halogens Cl− and I− through substitution 
with hydroxyl (Gougar et al. 1996). One of the few experimental studies identified 
in this review is that of Noshita et al. (2001) which demonstrated that portland-
ite does not sorb Cs and iodide to a significant extent, but it binds Ni as strongly 
as CSH phases. The observed Ni sorption was interpreted as being due to surface 
complexation and co-precipitation. Binding of anions and oxyanions is presuma-
bly weak, although it has been reported that some oxyanions may have some affin-
ity to portlandite (Cornelis et al. 2008).

CSH Phases
The CSH phase refers to a CSH, as defined previously. CSH is nearly amor-
phous to X-ray diffraction and, on that account, is often referred to as “cement 
gel”. Its low crystallinity suggests a structural resemblance to two crystalline 
CSH, tobermorite, and jennite. The structures of both are known—they occur in 
nature and can be made synthetically—and consist of corrugated sheets or lay-
ers of alternating (Ca–OH) and silicate units. In tobermorite, the silicate sheets 
are incomplete and much of the silica is dimeric, whereas in jennite, the dimeric 
units are bridged by additional silicate tetrahedra forming pentameric or higher 
molecular weight units. From NMR (nuclear magnetic resonance), it appears 
that these polymer units are organised into platelets, each with typical maximum 
dimensions of a few tens of nanometres. The individual platelets adhere strongly 
giving rise to nanoporous bulk gel. The high surface area measured by gas sorp-
tion (e.g. 148 m2/g reported by Tits et al. 2006b) arises from the poor packing 
of platelet substructures. This nanometre-scale substructure is responsible for the 
low crystallinity reported by XRD: sharp diffractions typical of a “crystal” are 
only obtained from crystals bigger than approximately 100 nm. Therefore, the 
low crystallinity and imperfect “structure” of CSH can be expected to give rise 
to a high density of sorption sites for both cations and anions (Glasser 1993). The 
“structure” of CSH also makes it impossible to distinguish in any fundamental 
way between “surface” and “bulk” processes. No doubt operational criteria could 
be developed to distinguish “surface” from “bulk” but at present, there are no 
agreed criteria.

There is also controversy about the limits of composition of CSH. For exam-
ple, Al can substitute in CSH. But the role of aluminium appears to be twofold: 
as a genuine substituent and in occluded phases. For example, tetrahedral Al 
occurs in CSH and there is general agreement from NMR that it preferentially 
substitutes in bridging positions between adjacent silicate dimmers. However, 
NMR also records penta- and octrahedrally coordinated Al, the structural role 
of which is less clear. It is probable that octahedral Al is, at least in part, pre-
sented as occluded AFm, i.e. a second phase is present (F. Glasser, personal 
communication).

2.4 Sorbing Minerals in Cementitious Materials
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These complex structural considerations and the possible presence of an 
occluded second phase or phases cannot, at present, be resolved. But the precur-
sors of CSH, alite and belite, incorporate 1–2 wt% alumina and, since their hydra-
tion gives rise to CSH, it is likely that all Portland cements give rise to similar 
CSH. It is an open question to what extent alumina-free synthetic preparations, as 
for example those frequently made in the laboratory, will reflect the sorption prop-
erties of “real” CSH, i.e. CSH from commercial cements containing Al. Also, the 
extent to which intercalated phases (if present) will affect the properties is vari-
able. Tentatively, differences between synthetic CSH and the product from com-
mercial cement may occur but are unlikely to be large. This is because in many 
cases, also some data on the sorption properties of phases are likely to be present 
as intercalates (AFm and AFt). The main feature, which seems to dominate CSH 
sorptive properties, is the presence of a relatively high volume fraction, several %, 
of nanopores.

In this context, CSH also exhibits a zeta potential which affects the balance 
between “surface” and “bulk” sorption. The zeta potential is dependent on the C/S 
ratio: CSH with high Ca/Si molar ratio has a positive charge and thus tends to sorb 
anions. Atkins and Glasser (1992) demonstrated that CSH of high C/S ratio is a 
better scavenger for I than CSH of lower C/S ratio. As the C/S ratio decreases as 
a result of cement degradation, the surface charge becomes less positive, passing 
through the point of zero charge at C/S of about 1.2 and turns to negative at lower 
C/S ratio. Thus, in terms of electrostatic sorption, CSH with a low C/S ratio is a 
better sorbent for cationic species.

AFt
AFt is calcium aluminosulphate hydrate with some iron substituted for aluminium, 
with ettringite being the most important AFt phase. It has a very open structure 
and presents several possibilities for crystal chemical incorporation. Many con-
taminant ions may substitute for the essential ionic components of ettringite—
calcium, aluminium, and sulphate. Gougar et al. (1996) summarised sorption 
mechanisms on ettringite: divalent cations such as Sr2+ and Ni2+ may substitute 
calcium; trivalent metal ions replace aluminium, and anions such as CO3

2−, Cl−, 
IO3

− exchange with sulphates. Ettringite surfaces exhibit a net negative charge, 
so incorporation of anions in the bulk is probably more important than surface 
adsorption (Cornelis et al. 2008). Although our definition of sorption was based on 
an exclusion rule, i.e. all processes other than precipitation, co-precipitation, and 
solid solutions are considered as sorption, ettringite is included as a relevant solid 
phase for selecting sorption values.

AFm
This phase forms in the presence of limited sulphate availability or an elevated 
temperature. Its structure is tolerant of substitution and can sorb many contami-
nants through ion substitution. AFm is known to sorb di- and trivalent heavy 
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metal ions and diverse anions. The formation of solid solution with AFm may 
cause a stronger sorption of oxyanions on AFm as compared to ettringite. AFm 
phases bind iodide, I−, better than AFt phase (Atkins and Glasser 1992). Based 
on anticipated chemically similar behaviour between Cl− and I−, AFm phase 
should have the potential to sorb Cl− as shown by formation of Friedel’s salt 
(3CaO·Al2O3·CaCl2·10H2O), a chloride-containing AFm phase.

Hydrogarnet
Sorption may happen on hydrogarnet through ion substitution, e.g., Cr(III) may 
replace Al in hydrogarnet (Glasser 2002).

Hydrotalcite
Hydrotalcite has a layer structure and can incorporate many di- and trivalent cati-
ons, e.g. Ni2+, and Co2+ in place of Mg2+, Cr3+ in place of Al, etc. Anions such 
as CO3

2−, Cl−, and NO3
− may also substitute for OH− and SO4

2−.

Calcite
Calcite will be present as aggregate and newly generated by cement carbona-
tion. Calcite is highly crystalline and has a much smaller reactive surface area  
[e.g. between 0.2 and 1 m2/g (Jacques 2003)] and much simpler structure than the 
sorbing cement materials. It therefore exhibits lower sorption potential than most 
other cement phases.

2.5  Degradation of Hydrated Cement

2.5.1  Degradation States

Solutions in equilibrium with hydrated cement are hyperalkaline, featuring pH val-
ues of about 13.2 or higher, and correspondingly high Na- and K-concentrations. 
It follows that hydrated cement minerals are not in equilibrium with infiltrating 
water and will dissolve partly upon contact. Moreover, in particular the amorphous 
CSH phases are not thermodynamic ally stable in contact with infiltrating water 
and tend to degrade over time. Depending on the conditions, cement degradation 
may arise from a number of processes, but the principal degradation mechanism 
expected for a near-surface waste disposal facility is leaching of HCP components 
by infiltrating water.

It is well established in the literature that degradation of hydrated cement fol-
lows a pattern of several different, more or less distinct states that are character-
ised by progressively lower pore water pH (Berner 1992; Neall 1994; Atkinson 
et al. 1989a). Figure 2.1 shows schematically the degradation of hydrated 
cement with the corresponding pH decrease as a function of time (or more 

2.4 Sorbing Minerals in Cementitious Materials
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specifically, with the number of pore water exchanges). A representative illus-
tration of a detailed modelling analysis of the degradation sequence of cement 
is given below for the Dessel disposal facility (Jacques 2008; Jacques et al. 
2008).

According to scheme shown in Fig. 2.1, four states of cement degradation are 
typically distinguished.

State I (13.5 > pH > 12.5)
Pore fluids in hydrated cement contain high concentrations of free alkali metal 
ions resulting from the initial dissolution of alkali metal sulphates (and the subse-
quent uptake of sulphate by AFt and AFm phases). In charge balancing the system, 
equivalent concentrations of hydroxyl ions are produced. Thus, HCP pore fluid in 
State I has a very high pH in a range of >12.5–13.5 at 25 °C. The pore fluid com-
position of this state is dominated by Na, K, and OH. As the solubility of portland-
ite is low at such pH values, only small amounts of Ca are released from the solids 
and the C/S ratio is high.

State II (pH = 12.5)
When all alkali ions are removed at the end of State I, the pH of the pore fluid will 
be controlled by the solubility of portlandite at 12.5 (25 °C). The composition of 
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Fig. 2.1  Schematic diagram illustrating the evolution of pH at 25 °C in hydrated cement pore 
fluid as a result of cement degradation. The scales of pH and pore water exchange cycles (time) 
are indicative and depend on many factors such as rate of pore fluid replacement, aggressiveness 
of the environment, and temperature. The solution composition in State I is controlled by soluble 
sodium (Na) and potassium (K) salts, in State II by portlandite (Ca(OH)2), in State III by calcium 
silica hydrate (CSH), and in State IV by residual minerals (in the present case, calcite). Modified 
from Berner (1992) and Andra (2005)
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the pore fluid at this state is essentially a 20 mM calcium hydroxide solution. The 
duration of this state is proportional to the amount of portlandite in the hydrated 
cement.

State III (12.5 > pH > 10)
This state follows the complete dissolution of portlandite at the end of State II. 
The pH in this state is regulated by the incongruent dissolution of CSH phases. 
CSH phases of high Ca/Si ratio (C/S > 1.5) coexist with portlandite at States I 
and II. The dissolution of CSH with high Ca/Si ratio begins at the end of State II, 
and the Ca/Si ratio as well as pH begins to decrease. Atkins and Glasser (1992) 
reported that the pH of the pore fluid controlled by the solubility of CSH phases 
with a C/S of 0.8–1.5 should be in a range of 11–12.4. Tits et al. (2008) found 
that the pH of the pore fluid in equilibrium with synthetic CSH phases (C/S of 
0.82–1.65) is in a range of 10–12.5. At the end of State III, CSH phases dissolve 
congruently, fixing the pH at a constant value of about 10 (Jacques et al. 2008). 
The lower-bound pH is thus set at 10.

State IV (pH < 10)
CSH phases and other hydrated cement components are completely dissolved and 
the pH drops below pH 10. The composition of the pore fluid is governed by the 
remaining aggregate minerals (only calcite in the present case) and the incoming 
water.

2.5.2  Illustrative Example

As an illustration, the changes in solid phase and pore water composition of the 
concrete envisaged for the surface disposal facility at Dessel, Belgium, are shown 
in Fig. 2.2 for the infiltration of typical soil water. The four states of cement/con-
crete degradation are clearly visible:

•	 State I: The pH is controlled by the dissolution of alkalies. This state ends after 
approximately 0.35 kg of cumulative leached water. This amount of water cor-
respond to approximately 5 pore volumes assuming a porosity of 7 % (or about 
3 years under the assumptions specific for the Dessel site, cf. Jacques et al. 
2008).

•	 State II: The pH is controlled mainly by the dissolution of portlandite. The con-
centrations of all other elements (except Na and K) are controlled by cement 
phases and remain constant due to the constant pH. This state ends after approx-
imately 3500 years for the same assumptions (Jacques et al. 2008).

2.5 Degradation of Hydrated Cement



14 2 Cementitious Materials and Their Sorption Properties

10-2 10-1 100 101 102 103 104

Cumulative leached water (kg)

500

600

700

800

900

1000

S
ol

id
 p

ha
se

 v
ol

um
e 

(c
m

3 /
10

00
 c

m
3 )

0.1

0.2

0.3

0.4

0.5

P
or

os
ity

10-2 10-1 100 101 102 103 104

8

10

12

14
pH

10-2 10-1 100 101 102 103 104
10-3

10-2

10-1

100

101

102

M
in

er
al

s 
(m

ol
/1

00
0 

cm
3 )

10-3

10-2

10-1

100

101

102

10-3

10-2

10-1

100

Io
ni

c 
st

re
ng

th

State I
Na- & K-oxide

State II
Portlandite

State III
C-S-H, AFm, AFt

State IV
Calcite

10-2 10-1 100 101 102 103 104
10-10

10-8

10-6

10-4

10-2

100

C
on

ce
nt

ra
tio

n 
(m

ol
/k

gw
)

10-10

10-8

10-6

10-4

10-2

100

Ca

S

C

Mg

Al

Na

K

Si

Port

Jen
Tob

StrMc

Ett
Tca

Cal

Ht

solid phase

porosity

pH
Ionic strength

Na2O K2O

Htc

Al(OH)3



15

•	 State III is the most complex. The pH and element concentrations (except Na 
and K) are controlled by a sequence of dissolution and precipitation reactions of 
the CSH, AFm, and AFt phases. This state ends when these phases are no longer 
present, i.e. after depletion of the last phase characteristic for hydrated cement, 
the tobermorite-like endmember of the CSH phases. This state ends after 
approximately 36,400 years for the same assumptions (Jacques et al. 2008).

•	 State IV: After depletion of the hydrotalcite phases, pH is partly buffered by cal-
cite dissolution.
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Abstract This chapter addresses the behaviour of halside anions in cementitious 
environments. In any typical aqueous environmental setting, chlorine exists exclu-
sively in the form of chloride (Cl−). Inorganic iodine may be present as iodate 
(IO3

−) and iodide (I−), with the latter being typical for cementitious environments. 
Radioactive isotopes of both elements (36Cl, 125I, 131I, 129I) are relevant constitu-
ents of different types of radioactive waste. The most influential factor on sorption 
values for radioactive chloride is aqueous total chloride concentration, including 
stable chloride present in cement solid phases and infiltrating water. All avail-
able studies indicate a decrease of chloride sorption with increasing total chloride 
(stable chloride and 36Cl) aqueous concentration. Close examination of avail-
able data indicates different chloride behaviour within two distinct concentration 
ranges, namely the predominance of surface versus incorporation processes. At 
aqueous chloride concentrations well below millimolal level, the magnitude of Cl 
sorption can be directly related to the surface charge of CSH phases. At higher 
total Cl concentrations, 36Cl behaviour is probably controlled by the formation of 
Friedel’s salt (a chloride-containing calcium aluminate hydrate) or solid solution 
formation with alumino-sulphate phases. Isotopic dilution may also play a role in 
these cases. Data obtained for dilute suspensions show that the behaviour of iodide 
is analogous to that of chloride in qualitative terms. A comparison with data for 
intact hydrated cement paste suggests that the solid/liquid ratio has a significant 
effect in case of iodide, but not in case of chloride. Until this issue is resolved, 
data from dilute systems should not be used for quantifying iodide sorption.

3.1  Chlorine

3.1.1  Chemical Form, Speciation, and Solubility

In any typical aqueous environmental setting (water, soils, aquifers, etc.), chlo-
rine exists exclusively in the form of chloride (Cl−). Chloride is ubiquitous in 
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the environment, mostly in low concentrations, but also at high concentrations in 
saline soils and groundwater as well as in the ocean. In that sense, stable (non-
radioactive) chloride is not a typical contaminant. It is included in this volume 
mainly because the radioactive isotope 36Cl is very relevant in many disposal sce-
narios of radioactive waste. In addition, the interaction of chloride with hydrated 
cement is of interest because many types of conventional wastes contain salts 
which contain chloride.

LILW typically contains 36Cl. However, the behaviour of 36Cl sorption in a 
cementitious material may be influenced by the presence of stable chloride. Several 
sources of stable chloride are distinguished that may influence 36Cl sorption: (i) 
chloride associated with the production of concrete (usually very low and regulated, 
see further), (ii) stable chloride originating from particular radioactive waste streams 
(e.g. evaporator concentrates generated from NPP operation), and (iii) chloride origi-
nating from external sources such as soil solutions or groundwater.

•	 Chloride associated with cement production: Background chloride concentration 
in cement pore water is generally low. Stable chloride is present in commercial 
cements up to 0.01 wt%. The chloride amount in commercial cement is kept at 
a low level to reduce the risk of rebar corrosion. Chloride concentrations up to 
0.4 % (by weight of cement) can be taken as a conservative value below which 
steel corrosion will not be significantly alterated (Alonso et al. 2002; Izquierdo 
et al. 2004). Only part of total chloride in cement remains in the pore water under 
soluble form because of sorption and/or formation of a solid solution (Nielsen 
et al. 2005). The pore water concentration of chlorine originated from cement 
itself is in the range of millimolal to a few tenth of millimolal. Calculated chlo-
ride concentration was shown to be 0.64 mmol for evolved concrete at pH 12.5 
(Savage 1999). Friedel’s salt (3CaO·Al2O3·CaCl2·10H2O) may be formed as 
a solid solution if the pore water chloride concentration increases to somewhat 
above a few millimolal (Bothe and Brown 2004). Friedel’s salt, a chloride-con-
taining calcium aluminate hydrate, is known to play an important role as a dif-
fusion barrier against chloride migration (Bothe and Brown 2004). Based on this 
information, chloride in LILW is likely to be present as dissolved Cl− anion in 
most of waste types except in the evaporator concentrates where Friedel’s salt 
may be present and associated with different cement phases (see further).

•	 Chloride associated with infiltrating soil water: chloride concentrations in the 
range of a fraction of a millimol/L are expected from soil water potentially getting 
into contact with the conditioned waste when engineered barriers preventing soil 
water infiltration have become ineffective (e.g. Jacques et al. 2008). The concen-
tration will depend in part on wet/dry deposition rates and in part on the rate of 
chloride dissolution from soil material overlying the repository. Depending on the 
geographical setting, saline groundwater may also be relevant.

•	 Chloride associated with particular wastes: The amount of stable chlorides in 
radioactive waste is the highest in the evaporator concentrates which can be 
up to 150 g/L for the concentrates of the Doel nuclear power plant and 4 g/L 
for the concentrates of the Tihange nuclear power plant (note that 1 L of con-
centrate is assumed to correspond to ~2 L of conditioned waste). Evaporator 
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concentrates that contain high chloride concentrations (and associated counter 
ions such as sodium) may negatively impact the long-term safety of a facility. 
Possible effects include (i) accelerated corrosion of reinforcement steel used in 
the monolith, (ii) reduction of the sorption of 36Cl (see Sect. 3.1.3.1), and (iii) 
reduction of the sorption of other radionuclides.

Chloride does not form low-soluble solid phases in a cementitious environment 
so that the dissolved Cl concentration is normally considered as being “not lim-
ited” (Berner 2002). It is however well known that chloride may form readily solu-
ble Friedel’s salts or calcium oxychlorides in cement and concrete when chloride 
concentration in the pore fluid exceeds millimol level (Nielsen et al. 2005; Glasser 
et al. 2008). Berner (1999) referred to the work of Gunkel (1992) in which up to 
2 × 10−3 mol/L of dissolved Cl was measured in commercial cements. This is an 
indication that a background chloride concentration in the pore fluid of a bench-
mark cement may reach millimolal levels. Chloride exists in cement normally 
through sorption or binding to aluminate phases as solid solutions.

Bradbury and Sarott (1995) observed from a diffusion experiment on hardened 
cement samples previously carried out by Sarott et al. (1992) that a steady-state 
diffusion condition was established at a total dissolved Cl concentration below 
3 × 10−5 mol/L. They therefore suggested to consider sorption as the dominant 
binding mechanism below this concentration. To the authors’ observation, the con-
centration of 3 × 10−5 mol/L Cl was added to the diffusion experiment without 
accounting for possible Cl leached from cement samples. The actual Cl concentra-
tion therefore might have been higher than the value of 3 × 10−5 mol/L.

Bothe and Brown (2004) determined the solubility of a laboratory prepared 
Friedel’s salt by mixing Cl with AFm and other cement components and derived 
the solubility product:

Using the above equilibrium and the solubility product, a scoping calculation 
using The Geochemist’s Workbench® (Bethke 2006) demonstrated that Friedel’s 
salt will not form with the concrete composition and total chloride concentration 
considered in this review. Furthermore, Glasser et al. (2008) pointed out that a 
chloride bearing AFm phase proved stable over a wide range of Cl concentrations: 
from a few millimolal to over 3 m.

Based on the above, it seems difficult to assign a single solubility limit for Cl in 
a cement system. Many studies observed a threshold concentration above which Cl 
bearing solid phases may form, but these phases are more likely of a solid solution 
nature, so the calculated solubility limit will vary as the composition varies. There 
seems a consistent trend, however, that Cl may start to form a solid phase on cement 
when the total dissolved concentration of Cl becomes higher than a few millimolal. 
In case of Friedel’s salts, ion exchange kinetics are important too. Typically, these are 
rapid (days, weeks), so chloride in Freidel’s salt is still “available”—it is not perma-
nently locked away. Thus for many purposes—mainly kinetics—there is a single Cl 
reservoir, and one need not to distinguish between mechanisms whereby Cl is bound.

(3.1)
Friedel’s - salt+ 12H+

= 4Ca2+ + 2Cl− + 16H2O+ 2Al3+, LogK = 73− 74.2
(

23 ◦C
)

3.1 Chlorine
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3.1.2  Sorption Values from the Literature  
for the Benchmark Cement

Figure 3.1 summarises the reviewed Rd values for chloride as a function of pH 
for different states of cement degradation. A summary of experimental conditions 
under which these sorption values are determined is given in Table A.1 (Annex).

Two groups (A and B) are identified in Fig. 3.1. The sorption mechanisms are 
probably controlled by different processes. Group A Rd values might be governed 
by sorption associated with surface processes, while group B data are probably 
controlled by the formation of Friedel’s salt or solid solutions with cement phases 
such as AFm. This distinction is made based on arguments provided by Glasser 
et al. (2008) (discussed further on).

Baker et al. (1994) and Bayliss et al. (1996) reported Rd values for chloride on 
NRVB determined from batch experiments. Sorption value Rd increased linearly 
with decreasing initial chloride concentration introduced in the system. Total chlo-
ride concentration thus seems to influence Rd.

Sorption of 36Cl on hardened cement pastes was determined by Pointeau et al. 
(2008) as a function of pH in pore waters derived from leaching of cement paste at 
States I, II, and a part of III of cement degradation (see reproduced plot in Fig. 3.2). 
These authors demonstrated that the sorption of chloride (similar to other anionic 
species included in the experiments) is strongest at pH around 12.6 where the solu-
bility of portlandite controls the pH and the Ca concentration is at its highest value. 
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Fig. 3.1  Distribution ratio (Rd) of chloride in cementitious systems as a function of pH. Groups 
A (<millimolal level) and B (>millimolal level) are based on total aqueous chloride concentra-
tion. NRVB Nirex reference vault backfill; HCP hardened cement paste; WPC white Portland 
cement; OPC ordinary Portland cement; SRPC sulphate-resisting Portland cement
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Rd seems positively correlated to the dissolved Ca concentration in pore water and 
negatively correlated to the dissolved SO4

2− concentration. The observed depend-
ency of Rd on Ca concentration was considered to be related to the variation of 
surface potential of cement materials as Ca concentration changes: when its concen-
tration is sufficiently high, a global positive charge near the surface exists. Pointeau 
et al. (2008) reported a difference between the Rd evolution of pure anionic radionu-
clides including Cl with that of U(VI), which suggests different uptake mechanisms. 
The authors further concluded that chloride sorption is more likely through an outer-
sphere surface complex on HCP surfaces, while U(VI) may chiefly bond to CSH 
by inner-sphere surface complexes. Finally, Pointeau et al. (2008) also observed a 
higher HCP affinity for I− than for Cl−. It was also noticed by the authors of the 
study that up to a tenth of a millimolal of stable chloride existed in the pore fluid 
and that might have had an impact on the overall removal of 36Cl added as the tracer. 
However, the content of stable Cl on the cement paste was not reported. The ratio 
of the dissolved Cl in the pore fluid and the Cl content in cement paste may have 
affected the observed Rd for 36Cl via isotopic dilution.

Nielsen et al. 2005 studied binding of chloride and alkali metal ions on white 
Portland cements and OPC with different content of C3A. Figure 3.3 shows the chlo-
ride sorption isotherms determined through batch experiments by adding CaCl2 to 
cement–water systems (8.3 g/12 ml). The results of the study suggest that alkali metal 
ions have a negative impact on the binding of chloride, so chloride sorption at State I 
should be weaker than at State II. This agrees with the findings from Pointeau et al. 
(2008), as shown in Fig. 3.2. Comparison between the sorption of chloride on white 
Portland cement (low iron content) and on OPC indicates that the absence of iron is 
beneficial to chloride binding (for white cements, more chloride is bound to CSH 
phases compared to conventional Portland cement). A model based on the phase rule 
and the formation of a solid solution including Friedel’s salt and monocarbonate was 
developed to explain the observed relationship between the quantity of binding and 
solution compositions (Nielsen et al. 2005).

Fig. 3.2  Sorption of anionic 
radionuclides (36Cl−, 125I−, 
14CO3

2−) as a function of 
cement degradation. Data 
from Pointeau et al. (2008)
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Aggarwal et al. (2000) determined Rd for 36Cl on cement blends, NRVB 
materials, CSH, and minor phases such as hydrotalcite, C3A, and chloroalumi-
nates. In general, sorption of 36Cl on cement materials is very weak, especially 
on CSH (almost no sorption was observed). Sorption of 36Cl is relatively high on 
minor phases such as chloroaluminate and hydrotalcite. X-ray analysis suggested 
that upon interaction between chloride and C3A phases, C3A·CaCl2·H2O sol-
ids formed. The authors presumed that isotopic exchange of 36Cl with the sorbed 
chloride in aluminate components in cement might be the main sorption mecha-
nism in the experiments.

Sorption values may also be derived from diffusion experiments, as was demon-
strated for HCP by Sarott et al. (1992) and Jakob et al. (1999). By fitting the diffu-
sion profiles from through-diffusion experiments and assuming a linear sorption and 
reversible sorption as the retardation mechanism, Kd values were obtained as 30 
(Sarott et al. 1992) and 50 L/kg (Jakob et al. 1999), respectively. The latter value was 
found about a factor of two too high as compared to the batch Kd of 24 L/kg meas-
ured in the same laboratory. The earlier Sarott et al. (1992) study concluded that the 
assumed linear sorption Kd explained adequately the observed diffusion profiles, 
while the more detailed modelling on the newer through-diffusion experiments dem-
onstrated that none of the models including linear sorption isotherm, nonlinear 
(Freundlich) isotherm, first-order sorption kinetics, and nonlinear sorption kinetics is 
able to describe all available data with consistent parameter values (Jakob et al. 
1999). These studies were based on very well-controlled experiments, both batch 
tests on crushed cement and diffusion experiments in cement discs, combined with 
consistent modelling accounting for several retardation mechanisms. Still, they illus-
trated that although diffusion-type experiments have a S/L ratio more representative 

Fig. 3.3  Sorption isotherms 
for white Portland cements 
(WPC) and grey Portland 
cement (OPC) in the presence 
of high alkali concentrations 
(source Nielsen et al. 2005). 
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contain, respectively, 4 and 
12 % of Bogue-C3A
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of the real repository1 conditions, and therefore may produce more appropriate sorp-
tion values, there are difficulties in determining reliable sorption values from inverse 
optimisation of experimental diffusion profiles. These lead to a conclusion that at the 
present stage, the uptake mechanism of Cl by cement in a core diffusion experiment 
is not identified and thus subject to uncertainties in the Kd or Rd definition. A linear 
and reversible Kd may be used to quantify the retardation of Cl in cement to an 
approximate extent but is too simple to account for real sorption mechanisms which 
might be at work, such as formation of solid solution and/or a kinetically controlled 
sorption and desorption processes. An important point to note is that none of the 
above discussed diffusion studies has accounted for cement-based Cl leached from 
cement samples that may have interacted with the Cl tracer. As the initial Cl tracer, 
concentration was lower than 10−5 mol/L in those diffusion experiments, one might 
suspect, based on the discussions till now, that the actual total Cl concentrations in 
the experiments were likely to have been higher and that this may have been an 
important influence on the derived Rd values.

3.1.3  Sorption Mechanisms and Selected Sorption Values

Based on the literature reviewed, the most influential factor on chloride sorption 
values is aqueous total chloride concentration, including stable chloride present in 
cement solid phases and leached into the pore fluid, while pH becomes important 
only after the effect of total chloride concentration has been accounted for.

3.1.3.1  Influence of Chloride Concentration  
on Chloride Sorption Values

A commercial cement normally has a chlorine content lower than 0.01–0.012 wt% 
(Glasser et al. 2008, personal communication). The aqueous Cl concentration seems 
low in the pore fluid of cementitious materials according to the studies of Pointeau 
et al. (2008) and Bayliss et al. (1996). These authors report in their batch sorption 
experiments a background Cl aqueous concentration around 0.1–0.2 mmol.

Relevant data from Fig. 3.1 are replotted in Fig. 3.4 to show the Rd evolu-
tion as a function of total chloride pore water concentration. All studies indicate 
a decrease of chloride sorption with increasing total chloride (stable chloride and 
36Cl) aqueous concentration.

The data from Pointeau et al. (2008) are plotted according to their sorption val-
ues measured by 36Cl removal from solutions which contain also 0.01–0.2 mmol 
of stable chloride leached from cement paste (see Wang et al. (2009) for details on 
data treatment).

1The solid/liquid ratio for a concrete block with density 2.3 kg/L, porosity = 0.1, and a fraction 
of hardened cement paste of 0.19 is 4.37.

3.1 Chlorine
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The original data of Bayliss et al. (1996) presented the influence of chloride 
concentration on Rd with the lowest chloride concentration of 2.9 × 10−8 mol/L 
(Table 5 from their original report), but were corrected here to account for the 
stable chloride background concentration in the NRVB-equilibrated water, i.e. 
5.4 × 10−5 mol/L. The proper total (36Cl and stable Cl) chloride concentration of 
5.4 × 10−5 mol/L has been used in Fig. 3.4. Note that except the study of Nielsen 
et al. (2005), all other data presented in Fig. 3.4 were measured with 36Cl tracer in 
the presence of stable chloride released from cementitious materials.

NRVB contains little cement and is mainly composed of inactive components 
(from the sorption point of view), making its place in Fig. 3.4 uncertain. The remain-
ing data cover several orders of magnitude so it is not surprising that no single mech-
anism controls the entire range of concentrations. But we can conclude that in the 
low concentration range, a single trend exists. But at 1–10 mM, approximately, a 
separate event—i.e. formation of Friedels salt—creates a break in the data. But once 
this capacity is saturated, the data resume a linear trend, not necessarily having the 
same slope. The magnitude of the break arising from Friedel’s salt will depend on 
the cement type/chemistry, mainly on the availability of alumina to form Friedels 
salt and competition from other anions, e.g. carbonate and sulphate.

3.1.3.2  Grouping of Rd Values as a Function of Total Aqueous  
Chloride Concentration

Based on the above discussions, the reviewed Rd values seem to be governed pre-
dominantly by total aqueous chloride concentration in cement pore fluid and to 
a lesser extent by pH. Replotting Fig. 3.4 using a linear y-axis reveals that the 
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Rd–[Cl] relationship has very different slopes at [Cl] concentrations below and 
above a few millimolal (Fig. 3.5). In general, Rd decreases with increasing [Cl] 
concentration, but the slope is flatter at higher [Cl]. The formation of Friedel’s 
salt occurs across a range of concentrations, and this may well be reflected in the 
blue data points which increasingly deviate form a straight line trend as the critical 
minimum concentration necessary to form Friedel’s salt is approached.

As pH also has an influence on Cl sorption, it cannot be demonstrated that the 
observed variation in Rd–[Cl] slope shown in Fig. 3.5 is due only to the effect of 
aqueous Cl concentration. To further evaluate the effect of [Cl], only Rd values 
measured at pH > 12.8, i.e., for State I, are plotted in Fig. 3.6. The presumed Rd–
[Cl] relationship is confirmed and independent of pH, with a change in slope at 
[Cl] approximately 1 mmol. In other words, the effect of pH becomes important 
only after the division of the data into low/high Cl groups.

Based on observations from Figs. 3.5 and 3.6, two groups of Rd values are dis-
tinguished, i.e. Rd at aqueous Cl concentration below and above millimolal, indi-
cated as group A and B in Fig. 3.1. Group A represents Rd values measured in low 
aqueous chloride concentration well below millimolal level (Pointeau et al. 2008; 
Baker et al. 1994; Bayliss et al. 1996; Jakob et al. 1999). The dissolved concentra-
tion of stable chloride in the Pointeau et al. (2008) sorption tests was below mil-
limolal level (0.01–0.2 mmol) in the pH range 12–13. The background chloride 
concentration in the NRVB pore fluid was reported as 5.4 × 10−5 mol/L (Bayliss 
et al. 1996). Group B Rd values are lower than the group A values and were meas-
ured in a Cl concentration around millimolal level (Aggarwal et al. 2000) or higher 
(Nielsen et al. 2005). Data for the latter study were derived from experiments 
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using stable chloride tracer. Chloride concentrations used by Nielsen et al. (2005) 
ranged between 1 and 1000 mmol.

A possible explanation for a variation of sorption slope as demonstrated in 
Figs. 3.5 and 3.6 is that sorption may have occurred on different sorbing sites on 
solid surfaces. For example, Baeyens and Bradbury (1997) used experimentally 
derived sorption isotherms to quantify sorption site densities of two different sorp-
tion sites on montmorillonite. At a low concentration of the sorbing element, sorp-
tion was found to be linear and controlled by sorption sites of strong affinity, i.e. 
the strong sites. When the concentration of sorbing element increased, the sorption 
isotherm changed its slope at a certain concentration indicating that strong sites were 
saturated. Further increase of the concentration of the sorbing element will lead to 
sorption on weak sorption sites, which results in a sorption isotherm of different 
slope as compared to the sorption isotherm on strong sites. For such interpretation 
to be true, one needs to demonstrate that sorption on both sites is dominated by sur-
face processes only. Furthermore, processes for clays may not directly translate to 
cements. Clays are well crystallised, and uptake is actually dominated by defined 
surface adsorption. Cement paste is an evolving matrix where surface sorption may 
be only one of several processes. In the case of Cl uptake by cement as shown in 
Fig. 3.4, sorption mechanisms are not known so the observed difference in sorption 
slopes cannot, at present, be attributed to sorption on different sorbing sites.

Glasser et al. (2008) summarised that common binding mechanisms for Cl in 
cementitious materials are the formation of Friedel’s salt, ion exchange of Cl ions 
in pore water to hydroxyl and/or sulphate species on solid phases, and physical 
sorption. The same review concludes that the formation of Friedel’s salt normally 
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occurs only at Cl concentrations above a few millimolal. Chemical binding such 
as ion exchange and physical sorption takes place at lower Cl concentrations, but 
the former normally dominates the latter in terms of sorbed Cl concentration. 
These arguments are the bases for defining the sorption mechanisms in group A 
(surface processes) and B (formation of Friedel’s salt or solid solutions) as stated 
previously. Pointeau et al. (2008) argue that their Rd values are regulated by elec-
trostatic sorption and can therefore be correlated to zeta potential of cement sus-
pensions studied. In the present document, data for group B are considered to be 
still the result of sorption processes, even though other processes may be at work. 
Further work is needed to determine whether a solubility limit is more appropriate 
under those conditions.

Another important uptake mechanism that might be at work for group A Rd val-
ues is isotope dilution since all data in this group were determined by the removal 
of 36Cl tracer. Adding low concentrations of Cl radiotracer to cement systems 
originally containing stable Cl will result in diluting the radiotracer into stable Cl 
present on solid (sorption) and in pore water (dilution). Isotope dilution of Cl as 
an uptake mechanism has rarely been discussed in the literature, but is a relevant 
process in the ONDRAF/NIRAS near-surface disposal project. As this study deals 
with radioactive waste, relevant Rd values should be in general isotope specific 
rather than element specific, except when chemical toxicity of non-radioactive 
substances is concerned. While stable chloride concentrations in OPC pore waters 
generally are low [~0.003–0.004 % (m/m)], some LILW waste streams such as 
evaporator concentrates contain elevated chloride levels and could thus have an 
impact on the 36Cl Rd values and/or have an impact on Rd of other elements (see 
Sect. 3.1.1).

3.1.3.3  Influence of pH on Chloride Sorption Values

Among the reviewed data presented in Fig. 3.1, Pointeau et al. (2008) studied par-
ticularly the pH influence on chloride sorption as a result of cement degradation. 
They found that Rd is the highest at pH around 12.5 (State II). Sorption of chloride 
increases from State I to II with decreasing pH from 13.2 to 12.5 and decreases 
from State II to part of State III with decreasing pH from about 12.5 to around 12. 
This typical evolution of Rd with pH is found to be related to the change of zeta 
potential of cement suspension and is also associated with dissolved calcium con-
centration (see further).

Nielsen et al. (2005) studied the effect of alkali metal (sodium) concentration 
on chloride binding using 250 and 550 mmol NaOH. These authors did not report 
the equilibrium pH in their experiments. Therefore, a supporting equilibrium cal-
culation was performed using The Geochemist’s Workbench® (Bethke 2006) for 
250 and 550 mmol/L NaOH solutions, and the resulting pH was found to be 13.2 
and 13.5, respectively. These pH values are used for plotting the data of Nielsen 
et al. (2005) in Fig. 3.1. This study found that the presence of alkali metal affects 
chloride binding negatively, i.e. higher NaOH concentration resulted in lower 
Rd values. As a higher NaOH concentration is related to a higher pH, this study 

3.1 Chlorine
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demonstrated that Rd decreases with increasing pH from 13.2 to 13.5. Although 
the authors explained the finding by a solid-solution model involving sodium, 
i.e. sorption is affected by sodium not directly by pH, the observed decrease in 
sorption of chloride with increasing pH is in line with the result of Pointeau et al. 
(2008).

Other studies mentioned in Fig. 3.1 did not investigate in particular the effect 
of pH on chloride sorption. It must be noted that the observed Rd variation with 
pH may relate to other system variables also. For example, pH decrease associ-
ated with cement degradation may cause a change of Cl concentration in pore fluid 
which in turn could have an impact on Rd as well. In other words, pH and other 
system variables are correlated and cannot be separated from the experiments dis-
cussed above.

3.1.3.4  Rd Values at a Low Aqueous Cl Concentration

Based on group A data, Rd for State I is about 10 L/kg (lower range of val-
ues), considering the recent data (Fig. 3.2) from Pointeau et al. (2008) on HCP 
as the most representative of group A. Experiments done at PSI indicate values 
of 30–50 L/kg obtained from diffusion experiments, while values obtained from 
batch experiments are a factor of 2 lower, i.e. 15–25 L/kg (Sarott et al. 1992; 
Jakob et al. 1999). The latter values are in good agreement with the data from 
Pointeau et al. (2008). Lower and upper limits are, respectively, 5 and 50 L/kg.

The available data indicate sorption of Cl increases when pH decreases, at least 
in the range above pH 13–12.5. State II Rd ranges from 10 to 30 L/kg (Bayliss 
et al. 1996) to about 200 L/kg (Pointeau et al. 2008). At pH 12.5, the Pointeau 
et al. data are well above 100 L/kg. The experts select thus conservatively the 
lower limit and upper limit for Rd as 10 and 200 L/kg, respectively, and the best 
estimate is 50 L/kg.

State III Rd for Cl decreases with decreasing pH as indicated by the data of 
Pointeau et al. and is interpreted as being due to the decrease in zeta potential on 
cement surfaces. If sorption of Cl is indeed controlled by electrostatic interactions 
as suggested by Pointeau et al., one should expect that the evolution of Rd for Cl 
resembles that of the evolution of zeta potential of cement systems. Figure 3.7 
reproduces the plot representing measured and calculated (expressed in terms 
of silanol (≡SiO−) groups) evolution of zeta potential as a function of pH from 
Pointeau et al. (2006). It is seen that the zeta potential of cement paste decreases 
from pH 12.5 to 11 and Rd for Cl should follow the same trend. As the zeta poten-
tial at pH 11 is a little higher than at pH > 13, one can reasonably assume that Rd 
for Cl at pH 11 should be at least as high as the Rd at pH > 13, i.e. about 10 L/kg 
as a minimum. Pointeau et al. (2008) also suggest using the Rd for State I as the 
conservative value for degraded cement systems in safety assessments. Therefore, 
in the absence of measured sorption data for State III, the experts agreed to use 
the same best estimate Rd value as for State I (20 L/kg) but to increase the range 
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of values. Upper and lower bounds of 200 and 2 L/kg were selected to reflect the 
uncertainty arising from the lack of data.

No Rd on calcite has been found from the literature; hence, a value of zero is 
assigned for State IV [the same as in Barbury and Bayens (2003)].

3.1.3.5  Rd Values at a High Aqueous Cl Concentration

At a Cl aqueous concentration higher than one millimolal, group B Rd is in the 
range of 0.2–10 L/kg (Fig. 3.1). The experts therefore select the best estimate Rd 
for States I to III as 1 L/kg with a lower and upper limit values of 0.2 and 10, 
respectively. For State IV, a zero value of Rd is chosen.

3.1.3.6  Sorption Mechanisms

Chloride sorption values can be separated into two groups, and these two groups 
represent different mechanisms. In the high Cl group, uptake is controlled by the 
formation of Friedel’s salt at a dissolved Cl concentration higher than a few mil-
limolal. At a lower dissolved Cl concentration (the low Cl group), uptake of Cl is 
controlled by sorption which is likely regulated by mechanisms such as electro-
static interaction and/or anion exchange. As sorption values and mechanisms are 
different at different dissolved Cl concentrations, Rd cannot be assigned as a con-
stant when Cl concentration varies in cement pore fluid. Further details on sorp-
tion/uptake mechanisms are discussed in the following sections.

Fig. 3.7  Zeta potential of 
CEM I cement paste as a 
function of pH (replotted 
from Pointeau et al. 2006)
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Evans (2008) reviewed literature and listed several possible mechanisms for 
chloride uptake in cement systems:

•	 Chloride can react with unhydrated aluminate phases to form Friedel’s salt;
•	 Chloride may be removed from the solution by sorption or secondary phase for-

mation depending on cation composition in the aqueous phase, i.e. binding is 
found stronger if chloride is added as CaCl2 rather than NaCl. A possible mech-
anism for this is the formation of the CaO–CaCl2–H2O salt when CaCl2 inter-
acts with Ca(OH)2 in cement;

•	 Chloride may sorb on CSH and the binding capacity may depend on the content 
of CSH gel;

•	 Chemisorption may occur also on the surface of hydrated C3S; and
•	 Chloride removal by the formation of surface complexes of ion pairs.

Ion exchange is another mechanism for chloride binding in cement (Glasser 
et al. 2008). Chloride may exchange with surface hydroxyl groups on hydrated 
cement. Ion exchange may also occur on the surfaces of AFm and Friedel’s salt. 
In this case, chloride in pore solution exchanges sulphate on the surface. Apart 
from chemisorption, physical binding of chloride to cement surfaces takes place 
through electrostatic interactions, e.g. on CSH surfaces. Chemical reactions con-
tribute, however, much more than physical interaction to the total amount of chlo-
ride bound by hydrated cement systems.

Zibara et al. (2008) found that chloride retention is high at a low C/A (calcium 
to aluminium) ratio when the formation of monocarboaluminate is favoured. Such 
condition promotes the formation of Friedel’s salt at relatively low chloride con-
centration (<0.1 mol/L). CSH phases bind chloride also but with a significantly 
lower capacity than aluminate phases. It was also found that a higher C/S ratio 
promotes greater chloride binding.

Kinetic sorption studies for chloride have not been carried out to date, although 
Bonhoure et al. (2002) mention kinetic uptake studies for iodide. After 180 days of 
equilibration time, Rd values for iodide were still increasing. This suggests that, in 
addition to sorption onto mineral surfaces, much slower diffusion into the cement 
mineral structure may also occur. A similar mechanism may occur for chloride, 
as both anions are expected to behave in a similar manner. However, the diffusion 
and sorption data for chloride were not in disagreement, whereas this was not the 
case for iodine (see Sect. 3.2.2). Because a normal contact time used in a sorp-
tion experiment is typically from a few days to a month or so, e.g. Pointeau et al. 
(2008) did their sorption test for 30 days, Rd values under repository conditions 
will probably be higher owing to the long time available for equilibration before 
any considerable concrete degradation occurs.

Based on the reviewed literature, sorption of chloride on cementitious materi-
als is likely controlled by several possible mechanisms including physical sorp-
tion via electrostatic interactions, anion exchange, and formation of solid solutions 
and in particular the formation of Freidel’s salt on alumina phases. Processes that 
lead to formation of Friedel’s salt obviously represent an uptake process, which is 
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expressed in this review as Rd. Although sorption mechanisms are not well under-
stood, it is demonstrated that the key factors affecting sorption of Cl on cement are 
the chloride concentration in cement pore fluid and pH. The influence of pH is via 
its control on the solution composition and the surface charge and surface poten-
tial of the cement particles. It is generally found that sorption of Cl by cement 
at low Cl concentration is relatively lower at State I than at State II where sorp-
tion of Cl is the strongest. Sorption of Cl at State III is also lower as compared to 
the sorption at State II. The observed trend is mainly based on data from Pointeau 
et al. (2008) (Fig. 3.2). The Pointeau et al. data agreed quite well with the PSI 
diffusion data at State I (the diffusion data are not contradicted by the data of 
Pointeau).

The cement to be used in the ONDRAF/NIRAS LILW repository has a back-
ground Cl concentration in the pore fluid of a few millimolal (except waste from 
evaporator concentrates). The authors therefore consider sorption values based on 
group A data to be relevant for the reference cement and for the Dessel facility. 
Note that such selection should only be applicable to the case where Cl concentra-
tion is low and sorption is the dominant process responsible for Cl removal from 
cement pore water. For evaporator concentrates, sorption values based on group B 
data are more appropriate, as the expected chloride background concentration in 
the pore water will be higher than one millimolal (refer to concentrates data).

Besides the Cl present in cement materials and conditioned waste, Cl concen-
tration in infiltrating waters from the overlying soils at the Dessel site has been 
demonstrated to be low (~0.1 mmol) and will therefore unlikely impose extra 
influences on Cl distribution in cement (Jacques et al. 2008).

Following the reasoning presented in this section, we propose to select two sets 
of Rd values: (i) group A data for cements with normal background Cl concen-
trations (less than one millimolal) that will not be negatively affected by high Cl 
waste streams such as evaporator concentrates; (ii) group B data for cements that 
will most likely experience high Cl concentrations, for example, as the result of 
Cl-rich waste streams such as evaporator concentrates. Both groups of data are 
indicated in Fig. 3.1. The proposed best estimates Rd (L/kg) for both group A and 
B are provided in Table 3.1.

Table 3.1  Selected best estimate, upper and lower limit chloride Rd values for total chloride 
concentrations ≤1 mmol

Values between parentheses are for total background concentrations >1 mmol

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 2 × 101 (1) 5 × 101 (10) 5 × 100 (0.2)

State II 5 × 101 (1) 2 × 102 (10) 1 × 101 (0.2)

State III 2 × 101 (1) 2 × 102 (10) 2 × 100 (0.2)

State IV 0 (0) 0 (0) 0 (0)

3.1 Chlorine
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3.1.3.7  Sorption at State I

New data from Pointeau et al. (2008) on HCP were regarded as high quality 
and were weighted accordingly; nevertheless, they were for dilute suspensions 
which are different from the real disposal system, which is a compacted mate-
rial. Therefore, best estimate values are selected that are lower to account for the 
uncertainty associated with the transferability to a real compacted system. The 
increasing Cl uptake with decreasing pH, at least in the range above 13–12.5, was 
interpreted in terms of surface charge. At a low aqueous Cl concentration, the 
experts agreed that a best estimate of 20 L/kg was acceptable, considering these 
recent data (Fig. 3.2) as the most representative of group A. Experiments done at 
PSI indicate values of 30–50 L/kg obtained from diffusion experiments, while val-
ues obtained from batch experiments are a factor of 2 lower. The new Pointeau 
et al. data agreed quite well with the PSI diffusion data (the diffusion data give 
credibility to the data of Pointeau et al.). Lower and upper limits were agreed as 
50 and 5 L/kg, respectively. The spread of limits was relatively small reflecting the 
fact that there were many data with modest scatter.

At a Cl aqueous concentration higher than 1 mmol (group B), Rd is in the range 
of 0.2–10 L/kg for sorption onto cement pastes. A best estimate Rd for States I 
to III as 1 L/kg was selected by the experts, with an upper and lower value of 10 
and 0.2 L/kg, respectively. Any experimental trend between states was lost in the 
experimental “noise”. It was recognised that the group B data do not represent a 
“true” sorption process.

3.1.3.8  Sorption at State II

At low Cl concentrations, the Pointeau et al. data show State II Rd values (which 
range from 10 to 30 L/kg to about 200 L/kg) to be slightly higher than those for 
State I. The experts selected the upper and lower limits for Rd as 200 and 10 L/kg, 
respectively, and the best estimate as 50 L/kg (for chloride background concentra-
tions ≤1 mmol).

As stated above in Sect. 3.1.3.7, with no detectable trend at higher Cl concen-
trations (i.e. group B data), a best estimate Rd for States I to III as 1 L/kg was 
selected by the experts, with an upper and lower value of 10 and 0.2 L/kg, respec-
tively. Note that the absence of a trend at higher Cl concentrations is not unex-
pected because higher chloride leads to the formation of Friedl’s salt, which is a 
different process than sorption according to the Kd concept.

3.1.3.9  Sorption at State III

State III Rd values for Cl at low overall Cl concentrations are limited. Pointeau 
et al. (2008) suggest using the Rd for State I as the conservative value for degraded 
cement systems in safety assessments. The experts agreed to keep the same best 
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estimate as for State I (20 L/kg), but to increase the range of upper and lower 
limits and to go one order of magnitude each way to broaden uncertainty in the 
absence of data (for chloride background concentrations ≤1 mmol).

As stated above in Sect. 3.1.3.7, at higher Cl concentrations (background chlo-
ride >1 mmol), a best estimate Rd for States I to III as 1 L/kg was selected by the 
experts, with an upper and lower value of 10 and 0.2 L/kg, respectively.

3.1.3.10  Sorption at State IV

No sorption data for calcite were found in the literature; hence, a value of zero is 
assigned for State IV.

3.2  Iodine

3.2.1  Chemical Form, Speciation, and Solubility

Similar to chlorine, mainly radioactive isotopes of iodine are important in the pre-
sent context. Stable iodine is also present in many environments, but only at com-
paratively low (trace) concentrations. As discussed in the following, the aqueous 
chemistry of iodine is also somewhat more complex than that of chlorine.

Radioactive isotopes of iodine typical of low and intermediate level waste 
include 125I, 131I, and 129I (ONDRAF/NIRAS 2011). The long-lived radionuclide 
129I (half-life 1.6 × 107 years) is produced by uranium fission primarily in nuclear 
power reactors. Significant amounts were released into the atmosphere as a result 
of nuclear weapons testing in the 1950s and 1960s. It is also naturally produced in 
very small quantities, (1) due to the spontaneous fission of natural uranium, (2) by 
cosmic ray spallation of trace levels of xenon in the atmosphere, and (3) by cosmic 
ray muons striking tellurium-130 (Edwards 1962; Fabryka-Martin et al. 1985). 
LILW may contain 129I from ion exchange resins (treatment of primary effluents), 
concentrated fluids obtained from evaporating boric acid containing effluents, fil-
ter sludge, and cartridge filters, and from operation of research facilities.

The Eh–pH diagram for iodine is shown in Fig. 3.8 and is based on the 
reaction:

Within the stability field of water, inorganic iodine is present as iodate (IO3
−) and 

iodide (I−) as the oxidised and the reduced form, respectively. Both species may 
persist in a cementitious environment depending on the speciation of iodine in the 

(3.2)I− + 1.5O2(aq) = IO3
−, Log K = −17.68

(

25 ◦C
)

3.1 Chlorine
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waste and the redox potential of the concrete. The boundary between IO3
− and I− 

in Fig. 3.8 has a slope of −0.059 and intersects the Eh axis at 1.09, i.e.:

In natural waters, iodine speciation is usually indicated as the reduced anion 
iodide (I−), although thermodynamic considerations predict that the more prob-
able stable species is the oxidised iodate anion IO3

− (see Hem 1985 and also 
below).

In the absence of active reductants, the redox potential in an aerated cemen-
titious system is controlled by the oxygen partial pressure through the following 
reaction:

Taking the partial pressure of O2 (g) in air as 0.2, the redox potential can be 
expressed as follows:

Comparing this with the redox expression for the IO3
−/I− boundary, the latter has 

a lower intersect value (1.09 compared to 1.22). This means that the redox poten-
tial controlled by oxygen is higher than that controlled by the IO3

−/I− couple so 
that IO3

− should be the dominant species existing in an oxidising cementitious 
system. However, I− may prevail if the O2 partial pressure decreases, e.g. due to 
the depletion of O2 downwards into soil or repository or the reduction of O2 by 
reductants present in cement. Bonhoure et al. (2002) illustrated spectroscopically 
that both I− and IO3

− may be sorbed on cement and CSH phases and the iodine 

(3.3)Eh = 1.09− 0.059 pH

(3.4)O2(g)+ 4e− + 4H+

= 2H2O, Log K(25 ◦C) = 83.1056

(3.5)Eh = 1.22− 0.059 pH

Fig. 3.8  Eh–pH diagram of 
iodine calculated with The 
Geochemist’s Workbench®. 
Iodine activity is 10−8
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speciation does not change during sorption processes. Atkins and Glasser (1992) 
suggest that the likely speciation of iodine in a cementitious system is I− because:

•	 oxidation of I− to IO3
− by molecular oxygen occurs through a slow reaction 

rate; even in an oxygenated aqueous waste stream, I− may persist owing to slow 
kinetics; and

•	 the presence of reductants such as BFS in cement (in slag-rich cement blends, 
the redox condition is dominated and buffered by reduced S species, mainly 
S2−, resulting in strongly reducing conditions). Reducing conditions will likely 
develop within a year in slag-rich cement owing to release of sulphides from 
the hydrating slag (Atkins and Glasser 1992). Even in Portland cement, reduc-
ing conditions will develop after approximately 100 years owing to corrosion of 
steel (Atkins and Glasser 1992).

Iodine salts are highly soluble except AgI (NEA 2007); therefore, precipita-
tion as a simple iodide solid phase (salt) in cement is unlikely (see also the recent 
review of Evans (2008) and earlier work of Glasser (1989). The incorporation of 
iodine into cement phases is however possible. Brown and Grutzeck (1985) stud-
ied the leaching of the iodine equivalent of Friedel’s salt (the AFm iodine analogue 
is 3CaO·Al2O3·Ca(IO3)2·12H2O) and found the equilibrium soluble concentration 
of iodine to be about 0.03 mmol. Note that this is about two orders of magnitude 
lower than the chloride concentration controlled by the solubility of Friedel’s salt 
reported by others (Bothe and Brown 2004). Leaching rates measured for the AFm 
iodine analogue compare well to the ones measured for Ba(IO3)2, Ca(IO3)2, and 
Hg(IO3)2 encapsulated in cement (Potgieter and Marjanoric 2007) suggesting sim-
ilar binding mechanism.

3.2.2  Sorption Values from the Literature for the Benchmark 
Cement

Reviewed Rd values for iodine in a cementitious system are presented in Fig. 3.9 
and Table A.2 (see Annex). The pH values for the data of Andra (2005) were rein-
terpreted according to the cement phases present in the system, i.e. the pH in a 
system containing pure Ca(OH)2 has a pH of 12.5, while the pH of a calcite sys-
tem is set at 8. The pH value in a system containing one of the CSH phases is in 
between pH 8 and 12.5 and decreases with decreasing C/S ratio.

From Fig. 3.9 and the literature reviewed, the following observations can be 
made:

•	 The major sink for iodine in a cementitious system seems to be cement 
phase(s), whereas geologic materials used as aggregate or filler materials do not 
seem to contribute to the sorption capacity of cementitious materials (Atkins 
and Glasser 1992);

3.2 Iodine
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•	 Several studies illustrate a strong sorption of iodine on CSH phases, and the 
sorption increases with increasing C/S ratio (Aggarwal et al. 2000). This sug-
gests that a higher Rd is expected at the States I and II compared to the States III 
and IV of cement degradation;

•	 One data set indicates a significant decrease in sorption as a function of time 
(Andra 2005). Rd for CSH phases dropped about 4 orders of magnitudes to an 
insignificant value after 2 years of contact time. Note that most of the other 
sorption experiments reviewed here were run for several days or months only;

•	 Sorption of iodine may decrease significantly as the initial iodine concentra-
tion increases (Anderson et al. 1983). This behaviour resembles that of chlorine 
(Baker et al. 2002);

•	 Although AFm and AFt phases have been shown to be probably the strongest 
iodine sorbent, Noshita et al. (2001) found lower Rd values on these phases than 
on CSH phases;

•	 There seems a tendency that Rd decreases as the cement system degrades and 
pH drops. This does not contradict experimental data where Rd decreases with 
decreasing C/S ratio in CSH (Aggarwal et al. 2000);

•	 Iodine sorption on calcite is weak, in agreement with findings from studies 
using geologic materials as sorbent (Badbury and Bayens 1997a);

•	 Studies suggest that the sorption of iodine depends on its speciation. Evans 
(2008) concludes (based on his literature survey) that CSH phases sorb 
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IO3
− stronger than I−, while Allard et al. (1984) suspected that the high sorp-

tion of iodine on cements is probably due to the sorption of IO3
− which is 

the oxidation product of I− initially introduced in the system. Bonhoure et al. 
(2002) however illustrated that neither I− nor IO3

− changes its initial speciation 
during sorption. In any case, as the majority of experiments use I− as the initial 
sorbing species, the reported Rd values are normally reported as Rd for I−. Note 
that in the majority of the studies, iodine speciation is assumed to be I− with no 
knowledge if I− is oxidised to IO3

− or not; and
•	 Rd derived from diffusion experiments performed on hardened cement paste 

(Sarott et al. 1992) is about an order of magnitude lower than that from a batch 
test (Wieland and Van Loon 2002). However, in view of the difficulties in deter-
mining reliable values from inverse optimisation of experimental breakthrough 
curves, a lower weight was assigned to the diffusion data (Sarott et al. 1992). 
The difficulty to obtain reliable and consistent Rd values from diffusion tests 
was further confirmed by Jakob et al. (1999). In the latter study, sorption values 
ranged from ~10 to 50 L/kg when a simple linear sorption model was invoked. 
Use of a first-order kinetic model combined with linear sorption resulted in a 
best-fit sorption value in the range ~15–110 L/kg. For the same reason as for 
the Sarott et al. diffusion data, values from the Jakob et al. study are also given 
a lower weight. Nevertheless, the use of diffusion-type experiments to infer 
uptake values merits further consideration because the experimental condi-
tions (e.g. S/L ratio) are much closer to the ones prevailing under repository 
conditions.

3.2.3  Sorption Mechanisms and Selected Sorption Values

Because of the similarity in chemical behaviour between halogens, the sorption 
mechanism of iodine on cement is expected to be alike to that of chlorine. This 
implies that chlorine may compete with iodine for sorption sites on cement and 
vice versa. Experimental evidence shows, however, that such competition is not 
very important for low-level waste disposal because of a generally relative low 
background Cl concentration (see Sect. 3.2.3.2). Based on the observation from 
chlorine data, the important factors influencing iodine sorption on cement are 
likely to be pH and the aqueous concentrations of iodine, other halogens and sul-
phate in pore water (competing for sorption sites).

3.2.3.1  Influence of pH on Iodine Sorption

As shown by the Pointeau et al. (2008) data in Fig. 3.2 (Sect. 3.1.2), the Rd evolu-
tion for iodine as a function of pH looks similar to that of chlorine although Rd for 
iodine is systematically higher. A possible explanation for the higher affinity for I− 
compared to Cl− could be the much lower initial total I− concentration compared 

3.2 Iodine
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to that of Cl−. While initial I− concentration was 1.4 × 10−8 m, the total Cl− con-
centration was between 2 × 10−4–10−5 m, mainly due to stable Cl−. Although 
the amount of stable I− in solution was not determined, it is expected to be much 
lower than the stable Cl−. Linking these observations with the notion that increas-
ing background concentration decreases Rd may explain the difference. To be con-
sistent with the behaviour of chlorine, one may expect the highest Rd for iodine at 
State II and a lower Rd at States I and III as demonstrated by the data of Pointeau 
et al. (2008). The Rd data reviewed (Fig. 3.9) agree with the expected pH influence 
on Rd for iodine.

3.2.3.2  Influence of Aqueous Concentration of Chlorine

The chlorine data (Sect. 3.1.3.1) demonstrated that a high concentration of dissolved 
Cl in pore water reduces Rd. One could expect the same to be true for iodine trac-
ers, because an elevated Cl concentration in pore water may result in high coverage 
of sorption sites on cement by Cl so that iodine sorption might be hindered. Atkins 
and Glasser (1992) demonstrated that the addition of a 0.1 mol/L chloride solution 
(1000 fold excess over iodide) causes iodide desorption (13–8 or 8–5 %) from CSH 
phases. However, for AFm and AFt, addition of Cl−concentrations similar to those 
of I− had a negligible effect on I− sorption. The effect of Cl on I sorption was thus 
considered to be minor. One must note that the I concentration in the experiments of 
Atkins and Glasser was about 10−4 mol/L which is much higher than most of the I 
concentrations used for sorption experiments listed in Table A.2. Sorption mecha-
nisms might be different at lower I concentrations, and so the effect of competing 
anions like Cl may be smaller too. On the other hand, these authors stated that salt-
rich waste streams that contain almost molar levels of NO3

−, NO2
−, or SO4

2−, etc., 
may provide considerable competition for sorption sites. The quantification of these 
potential effects can be done on the basis of data on the chemical inventory (salt-rich 
waste streams) of LILW streams.

Because of similar chemical behaviours between iodine and chlorine, the selec-
tion of Rd values for iodide should account for competing ions available in high 
concentrations, including Cl: at Cl concentration higher than 1 mmol, i.e. for 
waste streams containing evaporator concentrates, Rd values could be reduced 
by the same factor as was assigned for chlorine. Data for evaporator concentrates 
illustrated that 86.5 % of concentrates have an estimated mean chloride concen-
tration of 0.07–0.21 m, 9.7 % have a mean concentration of 0.38 m, and 3.2 % 
have a concentration of 0.45 mol/L (Wang et al. 2009). These concentration ranges 
are similar in magnitude to the 0.1 mol/L Cl− used by Atkins and Glasser (1992) 
in their analysis of competing effects between I− and Cl− on CSH. Although the 
effect was shown to be small, the best estimate values for I− sorption onto bench-
mark cement were cautiously reduced using a similar sorption reduction factor as 
for Cl−. In this way, potential competing effects from other anions are accounted 
for. A conservative approach would be to have the same best estimate for I− as for 
Cl−, i.e. 1 L/kg (sorption reduction factor for I− would range from 10 to 30).
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3.2.3.3  Sorption Mechanisms

Most of the literature reviewed in this work demonstrates that iodine species 
(I−/IO3

−) sorb stronger on cement materials than on most geologic materials in 
groundwater systems. Probable sorption mechanisms onto hardened cement and 
CSH mentioned in the literature include sorption and/or incorporation (Atkins 
and Glasser 1992), electrostatic interactions which implies opposite charge on 
the sorbate (Bonhoure et al. 2002), and surface complexation (Heath et al. 1996). 
Precipitation as an iodide salt on the other hand is a very unlikely uptake process 
(see above).

Evans (2008) recently summarised literature data and concluded that I− reten-
tion on cement can be defined as sorption through surface processes or incorpora-
tion of I− in cement structures. Possible sorption sinks in cement are as follows 
(ranked in decreasing order of sorption potential): AFm, high C/S ratio CSH 
phases, AFt, low C/S ratio CSH phases, and hydrotalcite (Atkins and Glasser 
1992). AFm seems the strongest scavenger for I− in cement (Brown and Grutzeck 
1985; Atkins and Glasser 1990). For sorption onto AFm and AFt, substitution of 
SO4

2− by I− is considered to be the predominant process (Atkins and Glasser 
1990, 1992). Batch sorption experiments using pure CSH phases illustrated that 
(1) sorption increases with increasing C/S ratio in spite of increased competition 
with OH−, and (2) CSH has a much stronger affinity (at least five times higher) 
for iodate than iodide (Atkins and Glasser 1992). The latter observation is impor-
tant for safety assessment because iodide is the most probable iodine species under 
near-surface repository conditions, although iodate could possibly form in the very 
long run when most reductants (e.g. BFS in CEM III) have been neutralised away. 
Therefore, using iodide sorption values for the entire lifetime of a near-surface dis-
posal facility is conservative in view of the higher values for iodate (Atkins and 
Glasser 1992).

X-ray absorption spectroscopic data indicated, however, that CSH is not the 
uptake-controlling phase for IO3

− in a hardened cement paste (Bonhoure et al. 
2002). This confirms earlier observations that AFm is a much more efficient scav-
enger for I− than CSH (Atkins and Glasser 1992). Sorption on CSH is not the 
major uptake phase. It seems that the uptake process for IO3

− is immobilisation 
into a solid similar to Ca(IO3)2 or KIO3. The same study also demonstrates that 
no changes in the formal oxidation state of iodine (I− or IO3

−) upon uptake by 
cement paste and CSH occurs. Bonhoure et al. (2002) found that although I− sorp-
tion was significant, the intensity of the I− EXAFS signals was very weak which 
hindered a more detailed interpretation of the chemical environment of I− in these 
systems.

Toyohara et al. (2000, 2002) proposed that the AFm phase 
(4CaO·Al2O3·13H2O) controls the uptake of iodine by forming a new hydrate 
(3CaO·Al2O3·CaI2·12H2O); also, I− sorption was shown to be reversible up to a 
concentration of 10−2 m.

Atkinson and Nickerson (1988) found that the uptake of iodine on cements is 
nonlinear. Rd values were found to decrease when the initial iodine concentration 
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increases (Bayliss et al. 1996), which was similar to chlorine uptake observed in 
the same work. Heath et al. (1996) interpreted the sorption of I− on CSH phases 
of different C/S ratio using the diffuse-double-layer surface complexation model 
developed by Dzombak and Morel (1990).

Proposed best estimate Rd (L/kg) values are provided in Table 3.2. These val-
ues are supported by the experimental data from Table A.2 and Fig. 3.9 and are 
broadly similar to those from chloride, since at low background concentrations 
similar sorption mechanisms would be expected to be at work for both chloride 
and iodide (electrostatic interactions, incorporation into AFm phases, etc.). There 
was, however, a significant spread of data, and this spread is reflected in the range 
of upper and lower limits. In order to be consistent with the treatment of chloride 
results (where reliable diffusion data gave a consistent picture with batch sorption 
data), earlier estimates of Rd were reduced to take account of diffusion experiment 
data from Sarott et al. (1992), even though these values were of low reliability. 
Nevertheless, the central anchor point for data selection was placed in the vicin-
ity of the diffusion data because it was obtained at a S/L ratio close to real com-
pacted materials [the issue of apparent dependency of Rd on S/L was raised by 
Wieland and Van Loon (2002)]. By analogy with chloride, values of Rd appropri-
ate to evaporator concentrates (chloride at millimolal levels) are also given; the 
same numerical values as for chloride were selected. The following Rd selections 
in Sects. 3.2.3.4–3.2.3.7 apply to low chloride concentrations.

3.2.3.4  Sorption at State I

Although there are many data points at the higher end of the range of values (10–
100 L/kg), 1 L/kg was selected as best estimate in order to be consistent with the 
approach adopted for chloride in terms of diffusion data: because there are uncer-
tainties about the effect of S/L ratio, Rd was placed in the range of diffusion data. 
Unlike chloride, the Rd values from diffusion tests were much lower than the batch 
sorption data of Pointeau et al. (2008). In other words, the comparison of batch 
and diffusion-derived data suggests that the S/L ratio has a significant effect in 
case of iodide, but not in case of chloride. Overall, sorption at State I appeared 
to be lower than State II, a trend consistent with chloride although the data were 
spread over a wider range. The experts agreed on a best estimate of 1 L/kg with 

Table 3.2  Selected best estimate, upper and lower limit Rd values for iodide

Values in parentheses are high chloride background concentrations

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 1 × 100 (1) 3 × 102 (10) 0 (0)

State II 1 × 101 (1) 1 × 103 (10) 0 (0)

State III 1 × 100 (1) 5 × 102 (10) 0 (0)

State IV 4 × 10−1 (0) 4 × 100 (0) 0 (0)
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upper and lower limits of 300 and 0 L/kg, respectively. Given the very low Rd val-
ues measured for State III after long experimental times (Andra 2005), the experts 
felt that they had to assign a 0 L/kg value for the lower bound for all states.

For the remaining states, the trends between states were again based on batch 
data, after the overall magnitude was anchored to low values based on that from 
State I.

3.2.3.5  Sorption at State II

As stated above in Sect. 3.2.3.4, sorption appeared to be stronger at State II than 
State I. The experts assigned values of 10 L/kg as the best estimate, 1000 L/kg as 
the upper limit and 0 L/kg for the lower limit, based on the observation that the 
Pointeau et al. (2008) data increase by an order of magnitude when moving from 
State I to II. The trend from the Pointeau et al. data were followed, but the abso-
lute values are based on State I, increased by a factor of 10.

3.2.3.6  Sorption at State III

Sorption was observed to be lower at State III than at State II, and with a wider 
spread. The experts agreed on a best estimate of 1 L/kg (the same as for State I) 
with upper and lower limits of 500 and 0 L/kg, respectively. The experts noted that 
they were deriving a single value for State III which covered a range of pH values 
and this would affect sorption. This was taken as a further reason to put forward a 
conservative value. Also during State III, there could be infiltration of anions from 
the overlying soil which would cause competition with I−.

3.2.3.7  Sorption at State IV

The experts noted that there is very little information directly relevant to State IV. 
However, data for sorption onto geological materials showed very weak sorption. 
To be conservative, the experts selected a best estimate of 0.4 L/kg, an upper limit 
of 4 L/kg and again a lower limit of 0 L/kg.
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Abstract This chapter discusses the sorption behaviour of several elements—caesium 
(Cs), strontium (Sr), radium (Ra), and silver (Ag)—that tend to form simple aqueous 
ions and typically interact with minerals mainly by ion exchange reactions. In con-
trast, these elements show only a very weak tendency towards the formation of coordi-
native bonds. Many types of radioactive waste contain a range of radioactive isotopes 
of these four elements. The main sorption process of Cs on hardened cement pastes 
(HCP) is an exchange-type process on the CSH phases. Therefore, Cs sorption is con-
trolled by the concentration of competing ions (Na, K, and Ca) and by the charge of 
the interlayer CSH surface, which in turn are a function of the C/S ratio. Cs sorption 
increases with increasing HCP degradation and decreasing C/S ratio. This is directly 
related to the decreasing concentration of competing cations. Dissolved Na and K 
reach high concentrations in fresh hydrated cement (State I) but are largely leached 
in the following HCP degradation states. In degraded HCP (State II and following), 
aqueous Ca concentrations decrease with decreasing C/S ratio of the CSH phases. In 
case of Cs, aggregate material containing phyllosilicates (such as micas and clay min-
erals) used in mortar or concrete may influence Cs behaviour, as Cs sorbs particularly 
strong to these minerals. For radium and strontium, essentially a similar behaviour as 
for Cs is observed, with the difference that competition by Ca is more important in 
comparison with competition by Na and K. In case of silver, no reliable sorption val-
ues on cementitious materials are available to date. However, there are several inde-
pendent indications that Ag sorption on cementitious materials is different from zero, 
and that Ag may show sorption behaviour analogous to alkali earth elements.

4.1  Caesium

4.1.1  Chemical Form, Speciation, and Solubility

The relevance of caesium in the context of waste disposal is entirely associated 
with radioactive isotopes of this element. Caesium exists in the environment in the 
+1 oxidation state. There is little, if any, tendency for caesium to form aqueous 
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complexes in soil/water environments. Baes and Mesmer (1986) report that cae-
sium may be associated with OH− ions in solution, but that the extent of this asso-
ciation cannot be estimated accurately. The uncomplexed Cs+ ion forms extremely 
weak aqueous complexes with sulphate, chloride, and nitrate.

137Cs (half-life 30.0 years) is produced by the fission of uranium in nuclear reac-
tors and is not a naturally occurring radionuclide. The largest source of 137Cs and 
potential waste material is from nuclear reactor operations. The quantity of 137Cs 
waste material generated in medical, academic, or commercial facilities is small 
compared to the quantity of 137Cs waste produced as a result in nuclear reactor oper-
ations. Ion exchange resins used to purify coolant water in a nuclear power plant fre-
quently contain large amounts of 137Cs (IAEA 2002) and are typically part of LILW. 
Approximately 62 % of the total 137Cs inventory for the Belgian LILW is generated 
by nuclear reactors: 55 % of total inventory occurs in resins. An additional 35 % exists 
in waste from decommissioning and remediation associated with former research 
activities (Wang et al. 2009). Resins are partly grouted in drums grouted in monoliths, 
and partly polymerised with subsequent grouting in monoliths. Waste from nuclear 
research facilities is either bituminized or grouted in drums grouted in monoliths.

4.1.2  Sorption Values from the Literature  
for the Benchmark Cement

Table A.3 summarises the main experimental conditions of the available Rd values, 
whereas the selected data (see below) are shown in Fig. 4.1 grouped according to 
various cementitious materials (concrete, cement pastes, and CSH phases). Values 
show a very large variability of several orders of magnitude. A similar variation 
was found in the literature review reported by Andra (2005). Overall, Cs sorption 
on all cement systems is relatively weak (e.g. Aggarwal et al. 2000; Andra 2005).

Some authors found higher sorption of caesium in concretes than in cement 
(e.g. Andersson et al. 1983) which was attributed to preferential adsorption of 
caesium by the aggregates in the crushed concrete (Hietanen et al. 1984, 1985). 
Because of the possible role of the aggregates in influencing sorption on con-
crete, only data measured on concrete with calcareous aggregates are shown (only 
such aggregates are to be used for concrete and backfill in the Dessel repository). 
Therefore, some data of Allard (1984), Andersson et al. (1983), and all data of 
Hietanen et al. (1984) and Idemitsu et al. (1991) are not further discussed here. No 
information was available on the aggregates used in the study by Hietanen et al. 
(1985). Figure 4.1a shows the retained data for concrete. Most data are within two 
orders of magnitude with exception of the data from Hietanen et al. (1985) and 
from Andersson et al. (1983). The data point of Hietanen et al. (1985) was meas-
ured on crushed concrete, whereas the experimental data of Jakubick et al. (1987), 
for example, used concrete coupons (4 × 4 × 0.2 cm3) which may explain the 
difference. The high value of Andersson et al. (1983) was obtained with a solution 
with a low ionic strength (~5 × 10−2 M, artificial ground water).
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Fig. 4.1  a Caesium sorption on concrete (vertical lines with bars indicate minimum and max-
imum). b Caesium sorption on cement pastes (vertical lines with bars indicate minimum and 
maximum). c Caesium sorption on CSH phases

4.1 Caesium
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The calcareous aggregates probably contribute only slightly to Cs sorption. Bradbury 
and Baeyens (1997) assumed on the basis of literature review that Cs was not sorbed 
onto calcite in the presence of two site-specific groundwater types. Bradbury and 
Baeyens (1997) considered Cs to be non-sorbing at high pH values on pure limestone 
(based on Tits et al. 1998). The sorption experiments of Noshita et al. (2001) on pure 
calcite also revealed no sorption on calcite (Fig. 4.2). Jakubick et al. (1987) also found 
very low sorption of Cs on carbonate aggregates (by α-autoradiographs). On the other 
hand, if the limestone contains some illite, as is the case for marl (an impure limestone) 
which in this case contained 22 % illite (known to be a strong sorber for Cs), Cs sorp-
tion has been shown to be considerable (~600 L/kg at S/L 0.5 kg/L, Cornell 1992).

4.1.2.1  Cement Pastes Rd Values

Figure 4.1b shows the results from the literature review on Rd values in pure 
cement systems, i.e. hardened cement paste without ballast or additional aggre-
gates. All experimental data mentioned in Table A.3 (see Annex) are shown with 
the exception of two data points from Ochs et al. (2006) because they were meas-
ured on a peculiar system (CEM I and V HCP reacted with 0.5 M NH4NO3 solu-
tion to produce a 0.7 C/S ratio system). There is a slight trend of increasing Rd 
with decreasing pH which can be related to a decreasing C/S ratio with decreasing 
pH (see further). The data points are quite consistent.

Fig. 4.2  Sorption of caesium on pure cement phases. Long dashed line differentiates between 
the CSH phases (left) and the other cement minerals. The range of Rd values as reported in Atkins 
et al. (1995) is indicated by the vertical solid line
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4.1.2.2  CSH Phases Rd Values

The main phase in cement pastes responsible for Cs sorption is CSH (e.g. 
Aggarwal et al. 2000; Ochs et al. 2006). The CSH of cement pastes is amor-
phous and contains some Al, presumably substituting for Si in tetrahedral sites. 
Therefore, data for calcium aluminium silicate hydrate (CASH), for example as 
reported by Noshita et al. (2001) and shown in Fig. 4.2, may be considered to 
be representative. But a number of crystalline CASH phases are also known 
and although unlikely to be encountered in the present scenario, are also shown. 
Data for the crystalline substances scatter widely because the sorption potential 
is related to structure type, with open framework and layer-lattice types hav-
ing the highest uptakes. Here, emphasis is placed on CSH, as reflected by data 
for the alumina-substituted CASH composition. Figure 4.1c shows the Rd values 
on CSH phases. Since sorption of Cs increases with decreasing C/S ratio of the 
CSH phases and because the C/S ratio decreases with chemical cement degrada-
tion (i.e. decreasing pH), it is important to interpret only the experimental data for 
which the CSH phase is in the appropriate pH range. CSH phases with C/S ratios 
of 1.5 and larger are representative for States I and II (coexisting with portlandite), 
whereas CSH phases with C/S ratios smaller than 1.5 are representative for State 
III. Figure 4.1c, showing the Rd values as a function of pH, retains only the data 
points measured on CSH phases representative for a given cement degradation 
stage. As such, some data points of Aggarwal et al. (2000), Noshita et al. (2001) 
and the data point of Iwaida et al. (2001) are not shown.

Figure 4.1c reveals an increase in Rd with decreasing pH, related to a decrease 
in the C/S ratio of the CSH phases. This is further illustrated in Fig. 4.3 displaying 
Rd as a function of the CSH phase C/S ratio, and it includes all data of Aggarwal 
et al. (2000), Noshita et al. (2001), and Iwaida et al. (2001). The variability 
in the data of Pointeau (2000) in Figs. 4.1c and 4.3 is due to different initial Cs 

Fig. 4.3  Cs sorption as a function of the CSH phase C/S ratio

4.1 Caesium
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concentrations ranging from 3.42 × 10−6 to 8.50 × 10−4 mol/L (see further). The 
data of Viallis-Terrisse (2000) in Fig. 4.3 show a large variability, especially at low 
C/S ratio. This variability is due to different initial Cs concentrations used, ranging 
from 1 to 1 × 10−6 to 10−2 mol/L with highest sorption for lowest initial Cs con-
centration (see further). The effect of decreasing C/S ratio is more important than 
the composition of the solution, at least for the data for Noshita et al. (2001), who 
measured Rd for different C/S ratios in the same solution.

4.1.3  Sorption Mechanisms and Selected Sorption Values

4.1.3.1  Sorption Mechanisms

The main sorption process of Cs on hardened cement pastes (HCP) is ion 
exchange on the CSH phases (Aggarwal et al. 2000; Allard 1984; Andersson et al. 
1983; Ochs et al. 2006). Therefore, ionic strength and competing ions (Na, K, and 
Ca, Hoglund et al. 1985) also influence Cs sorption. Cs sorption increases with 
decreasing C/S ratio due to the condition of the interlayer CSH surface which 
changes sign as a function of C/S ratio. At a high C/S ratio, the Ca concentra-
tion in the solution is high and the surface is positively charged by adsorption of 
Ca on the silanol groups resulting in limited Cs sorption. At a low C/S ratio, Ca 
concentrations in solutions are smaller and the surface is deprotonated at high pH 
(higher than 9) and therefore negatively charged resulting in an increase in surface 
sites with high affinity for Cs and thus in higher Cs sorption (Ochs et al. 2006). 
A similar behaviour was observed for radium (see Sect. 4.3.3) and strontium (see 
Sect. 4.2.3).

In contrast to CSH phases, other cement phases are less crucial in Cs sorption 
by ion exchange, although they can play a role in Cs incorporation. Since aggre-
gates are the most abundant component of concrete, impurities present in nomi-
nally pure limestones, e.g. montmorillonite or illite, could contribute significantly 
to the sorption potential. For concretes, ballast material such as sand will contrib-
ute only minimally to Cs sorption. In case of limestone or calcite aggregates, the 
role of the ballast in Cs sorption is not negligible. First of all, caesium sorption on 
marl (42 % calcite, 22 % illite) has been shown to be considerable (~600 L/kg at 
S/L 0.5 kg/L Cornell 1992). Secondly, the amount of calcite (in the form of calcar-
eous aggregates) for the ONDRAF/NIRAS LILW backfill grout is large, approxi-
mately 1390 kg (64 wt%) versus 510 kg CEM III (23 wt%).

Sorption is further governed by the exchange capacity of the cement. The cat-
ion exchange capacity (CEC) of CSH is ~1.2 eq/kg (Tits et al. 2006b). Cs sorp-
tion increases with decreasing C/S ratio (Pointeau 2000; Pointeau et al. 2001; 
Ashikawa et al. 2001; Faucon et al. 1998). This is especially pronounced at tracer 
concentrations (Heath et al. 1996; Viallis-Terrisse 2000). The increasing sorption 
is related to the decreasing concentration of competing cations, since the aque-
ous Ca concentration decreases with decreasing C/S ratio of the CSH phases. A 
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similar behaviour was observed for radium (see Sect. 4.3.3) and strontium (see 
Sect. 4.2.3). As pointed out by Ochs et al. (2006), the concentration of sorption 
sites associated with the CSH phases is also a critical factor.

Sorption in State IV on the remaining cement phases and the ballast material is 
expected to be rather low because sorption on calcite is negligible. However, the 
presence of small quantities of silica gel in the cement paste and/or e.g. clay min-
erals in limestone and calcareous aggregates may have a large effect on Cs sorp-
tion in State IV.

Taking account of the above information, relatively lower sorption is expected 
in States I and II due to competition with Na+ and K+ in State I and competition 
with Ca2+ for negatively charged CSH surfaces in State II. As degradation of the 
concrete proceeds during State III (decreasing pH, with lower Ca2+ concentration 
in the aqueous phase and a decreasing C/S ratio of the CSH phases), Cs sorption is 
expected to increase owing to the reduced aqueous calcium concentration. In State 
IV, sorption is determined by the remaining ballast material, which is calcite in 
case of the ONDRAF/NIRAS LILW concrete.

Since the main sorption process for Cs on cementitious materials is ion 
exchange (Allard 1984; Anderson et al. 1983), caesium sorption is expected 
to depend on the ionic strength. Several studies have shown that Cs sorption 
increases with decreasing ionic strength or salinity (Allard 1984; Andersson et al. 
1983; Hietanen et al. 1984; Ochs et al. 2006). Similar observations were made by 
Pointeau et al. (2001) for pure CSH phases.

Some other factors that could potentially influence Cs sorption have been 
investigated:

•	 Andersson et al. (1983) observed increased caesium sorption when sulphate and 
magnesium are added or in case of carbonation (the latter condition reflects a 
decreasing pH and decreasing ionic strength).

•	 The sorption of Cs on cement and concrete is not influenced by the presence of 
gluco-isosaccharinic acid (ISA) (Holgersson et al. 1998).

•	 Atkinson and Nickerson (1988) found an effect of the S/L ratio: increasing 
sorption with decreasing S/L ratio which might be due to dilution of the com-
peting ions (Na and K).

Some studies found sorption to be independent of time (Atkinson and Nickerson 
1988; Holland and Lee 1992), and others found a time-dependency (e.g. Hietanen 
et al. 1984). A difference in sorption was also found between crushed samples and 
concrete coupons (Hietanen et al. 1984). The crushed samples showed mainly 
sorption on sand ballast (grain size <2 or <4 mm) which was optimally exposed to 
the Cs-containing test solution.

Figure 4.4 shows the dependency of Rd on the initial concentration. For con-
crete, Rd shows an increasing trend with increasing initial concentration (at least 
until ~10−7 M). Rd values of about 1–3 L/kg pertaining to the Hietanen et al. 
(1984) data were obtained on concrete coupons and are less representative because 
of the relatively small surface area available for sorption. Jakubick et al. (1987) 
observed linear isotherms for Cs sorption on normal and high-density concretes 

4.1 Caesium
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Fig. 4.4  Caesium sorption as a function initial concentration on concrete (top), cement paste 
(middle), and CSH phases (bottom) (vertical lines with bars error; vertical line minimum and 
maximum as given in Allard (1984), Aggarwall et al. (2000), respectively)
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for initial Cs concentrations ranging between 6.4 × 10−7 and 1.0 × 10−3 M. The 
latter would suggest Rd to be independent of initial Cs concentration (i.e. reflecting 
real sorption). Note that the Cs concentration range of Jakubick et al. is consider-
ably higher than the range displayed for all other data sets.

For cement pastes, there does not seem to be any trend provided the Atkinson 
and Nickerson (1988) data are given less weight. This would be justified because 
the background Cs concentration was fairly large (10−4 mol/L stable Cs) and 
because the data are from several experimental approaches with considerable 
uncertainty in parameter estimation. Atkinson et al. (1984) described the experi-
mental sorption data on hardened OPC with the Langmuir isotherm. When the liq-
uid concentration of Cs is much smaller than ~10−4 M, the relation between liquid 
and sorbed Cs concentration is approximately linear. This is consistent with the 
observation in Fig. 4.4 that Rd shows no trend between 10−11 and 10−7 M.

The data of Pointeau (2001) for CSH phases show a decrease in Rd values with 
increasing (initial or equilibrium) Cs concentration for all C/S ratios. In contrast, 
Viallis-Terresse (2000) observed that the effect of decreasing Rd with increasing 
Cs concentration depends on the C/S concentration: the effect is almost negligible 
at high C/S ratios (1.5 and 1.2), but large at low C/S ratios (0.8 and 0.7). The other 
data points provided only information on a single initial concentration and are not 
very useful for detecting a trend with changing initial concentration.

Besides the role of Ca and other competing ions for Cs sorption on the CSH 
phases, some other factors contribute to the sorption of Cs to cementitious sys-
tems. Ochs et al. (2006) indicated that the concentration of sorption sites on the 
CSH phases plays a role.

Sorption or the leachability of Cs from cement-based waste forms is also depend-
ent on the bulk composition, particularly Al content and its distribution. Hoyle and 
Grutzeck (1989) reported that in States III and IV, co-crystallisation of Cs with other 
cement components could yield low soluble phases such as pollucite, caesium her-
schelite, or related zeolite phases and their precursors. However, while these phases 
are known from natural occurrences, they were not directly observed to form in the 
course of experiments and this outcome remains speculative. Bagosi and Csetenyi 
(1998) studied Cs sorption in Ca–Al–Si systems (concentrations of Cs between 1 
and 100 ppm). They found that sorption of Cs is promoted by the decrease of 
Al2O3/SiO2 ratios, and the increase of CaO/Al2O3 molar ratios. In contrast to earlier 
studies (mainly in the Ca–Si system), they found that Cs sorption decreases when 
the C/S ratio decreases. They also observed that for one particular case, sorption 
increased to an unexpectedly high level after one year which may be due to the for-
mation of gismondine that has an excellent Cs binding potential. However, they were 
not able to unequivocally identify the mineral by X-ray diffraction.

The experts agreed to use data for cement pastes and CSH phases only, due to 
the large amount of available data and uncertainty associated with the contribution 
to sorption of caesium from the aggregate in concrete. In other words, aggregates 
in concrete would have a beneficial effect on Cs sorption. A further reason would 
be that the aggregates may contribute to the dissolved Na/K/Ca in a way not to be 
expected from cement alone. Data for CSH phases not at their natural pH value 

4.1 Caesium
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were also excluded for directly selecting sorption values (but they were clearly 
included for showing the systematic relation between Rd and C/S).

By combining the sorption data for cement pastes and CSH phases, a trend 
becomes apparent from State II into State III (Fig. 4.5): Rd increases as pH decreases 
(or decreasing C/S ratio). In addition, Rd should also increase when moving from State 
I into State II owing to decreased competition with other alkali metal ions (K, Na) in 
State I (ions that have leached out by States II and III). This trend from States I to II 
is more or less confirmed by the data, although the number of data in State I is very 
limited; especially the data from Pointeau et al. (2008) (the only data that have data 
for State I through State III) show a more or less continuous trend. This trend should 
be reflected in the best estimate Rd values, i.e. lowest in State I and highest in State III.

In conclusion, sorption increases from Stage I to Stage III (effect of C/S and 
competing cations). Because of the amount of data available, values were first 
fixed for State II, then chosen for the other States to reflect (1) trends of sorption 
versus C/S and competing cation concentration from selected systematic experi-
ments and (2) the actual data situations for the other stages. This will be broadly 
reflected in lower/upper and best estimates.

4.1.3.2  Sorption at State I

For State I, only limited data are available, and the scatter is relatively small. Note 
that the scatter is small because the variability of conditions is small, i.e. there are 
very few data sets. Although this is reflected in a relatively small data range (upper 
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and lower limits span two orders of magnitude), this gives a false impression that 
uncertainty is small, while in principle it is the reverse owing to limited data. Rd 
values range from 2 to 10 L/kg. The best estimate should be smaller than that for 
State II owing to increased competition from other alkali metal ions (K, Na) in 
State I. This trend from States I to II is confirmed by the data, especially those 
from Pointeau et al. (2008), the only data that cover States I through III, and show 
a more or less continuous increasing trend. However, because of the limitations 
in the data, the experts agreed to give a range but not a best estimate (Table 4.1). 
Upper and lower limits of 10 and 0.1 L/kg were selected, being the extreme meas-
ured value for the upper limit and a conservative estimate for the lower limit.

4.1.3.3  Sorption at State II

For State II, the range is somewhat larger, from 0.1 to ~50 L/kg, with most of 
the data lying between 1 and 10 L/kg. In State II, the sodium and potassium ions 
will have been leached, so caesium Rd values would be expected to increase as 
the repository evolves from State I to State II. The experts agreed on a best esti-
mate of 2 L/kg, with an upper bound of 50 L/kg and a lower bound of 0.1 L/kg, 
which is consistent with the expected increase in sorption from State I to State II 
(Table 4.1). By comparison with the bounds for State I, the upper bound for State 
II was increased while the lower bound was left at the same value as State I in 
order to reflect the greater spread of data.

4.1.3.4  Sorption at State III

In State III, the Rd values seem to increase from those of State II. Two very high 
points at pH 9.8 were not included as they were considered to be exceptionally 
high as a result of solid phases being prepared in an unusual way. The highest 
measured points were thus about 300 L/kg for cement pastes and 200 L/kg for 
CSH. The experts acknowledged that the chemistry of State III changes signifi-
cantly with time and that there appears to be a relatively steep slope of Rd values 
across State III, with sorption increasing with decreasing pH. It was agreed to take 
20 L/kg as the best estimate as the increase from Stages II to III is by an order of 
magnitude, with 300 L/kg as the upper bound and a lower bound of 1 L/kg. It was 
felt that 20 L/kg was a realistic value, yet lying on the conservative side of the 

Table 4.1  Selected best estimate, upper and lower limit Rd values for Cs

i.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I i.d. 101 1 × 10−1

State II 2 × 100 5 × 101 1 × 10−1

State III 2 × 101 3 × 102 1 × 100

State IV i.d. i.d. i.d.

4.1 Caesium
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range of State III values—almost all measured values are higher below pH 12. The 
upper and lower bounds again reflected the range of measured values.

4.1.3.5  Sorption at State IV

For State IV, there is one calcite point which shows an Rd value of 0 L/kg. The experts 
were reluctant to rely on this one point, as silica gel may be present in State IV and this 
can increase Rd. It was noted that data on cement pastes contain residual CSH phases, 
so are not applicable to State IV conditions. State IV was defined by the presence of 
calcite controlling pH. Bradbury and Baeyens (1997) stated that “Cs is not considered 
to be sorbing at high pH measured on pure limestone”. However, as noted above there 
may be silica gel present in State IV, depending on the composition of the infiltrating 
water. It was agreed that Rd values could be variable in State IV depending on the sol-
ids present. Higher calcite composition will give lower Rd values, and higher silica will 
give higher Rd values for caesium. It was noted that even with silica present the values 
could be very low. When silica hydrates it is a very good absorber, but when it reacts 
with the rest of the cement the sorption decreases. Furthermore, it could be anticipated 
that generally speaking the short-lived caesium-137 will have decayed before State IV 
is reached. The experts therefore agreed to assign no Rd values to State IV.

4.2  Strontium

4.2.1  Chemical Form, Speciation, and Solubility

In the context of waste disposal, strontium is relevant due to the existence of different 
radioactive isotopes of this element. Stable strontium occurs in the environment at low 
concentration levels, but is typically not important in conventional waste types.

90Sr (half-life 28.8 years) is not a naturally occurring radionuclide. It is pro-
duced in nuclear reactions as a fission product, and the largest source of 90Sr and 
potential waste material is from nuclear reactor operations. Most of the LILW-SL 
generated at nuclear power plants (NPP) will contain some 90Sr; however, other 
radionuclides such 137Cs are usually more prevalent and generally determine the 
waste characterisation. Wastes that contain 90Sr include wet and dry wastes such 
as spent ion exchange resins, filter sludge, filter cartridges, evaporator bottoms, 
compactable and non-compactable trash, and irradiated components. A smaller 
fraction of wastes containing 90Sr are generated from industrial, institutional, and 
medical applications. Based on the Belgian LILW inventory (Wang et al. 2009), 
about 86 % of the total 90Sr inventory exists in waste from decommissioning and 
remediation associated with former research activities, and approximately 13 % is 
generated by the operation and decommissioning of NPP. 90Sr in NPP operational 
waste exists mainly in resins (12 %).

Thermodynamic data from Table 4.2 were used to construct the Eh–pH and sol-
ubility diagrams for strontium shown in Fig. 4.6. Strontium speciation is similar to 
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Table 4.2  Thermodynamic data of strontium

Source LLNL v8r6 (1996)

Reaction log K (25 °C)

SrOH+

+ H+

= Sr++

+ H2O

Celestite = Sr++

+ SO4
−

Strontianite = Sr++

+ CO3
−

13.2900
−6.6372
−9.2705

Fig. 4.6  Eh–pH (top) and solubility (bottom) diagrams of strontium calculated with The Geo-
chemist’s Workbench®. Strontium activity is 10−8, activity of HCO−

3 = 10−3.523, activity of 
SO4

2−
= 10−2.699 (T = 25 °C)
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that of Ra2+ where Sr2+ dominates almost the entire pH range, while SrOH+ spe-
cies dominate at very high pH (>13).

Possible pure phases controlling the solubility of Sr are celestite (SrSO4) and 
strontianite (SrCO3) with a solubility of around 10−4 and 10−6 mol/L, respec-
tively, under the considered conditions. Ochs et al. (1998) measured a total dis-
solved concentration of Sr of around 10−4 mol/L in a cement system at pH 13.2, 
which is a value close to the calculated solubility of celestite.

4.2.2  Sorption Values from the Literature  
for the Benchmark Cement

Figure 4.7 and Table A.4 (see Annex) present the reviewed Rd values and the 
experimental conditions based on Wieland et al. (2008), Tits et al. (2004), 
Zachara et al. (1991), Sugiyama and Fujita (1999), Ewart et al. (1985), Atkinson 
and Nickerson (1988), Hietanen et al. (1985), Iwaida et al. (2001), Johnston and 
Wilmot (1992). A warning is added here when interpreting the data of Sugiyama 
and Fujita (1999) and Johnston and Wilmot (1992), because geochemical calcula-
tions with The Geochemist’s Workbench® (Bethke 2006) carried out in the current 
study showed that the initial solutions are over saturated with respect to strontian-
ite (results not shown). However, this does not mean that this phase was effectively 
formed during the experiments, partly because of the complex geochemistry of 
cement and its buffering capacities and partly because it is related to the question 
of the fastest process (sorption or precipitation).

Iwaida et al. (2001) suggested that sorption of Sr on cement takes place on 
the deprotonated-specific siliceous surface sites or silanol groups (≡SiO−) and 
the concentration of such sites decreases with increasing C/S ratio. The observed 
Rd evolution was related to the zeta potential of the CSH phases at different C/S 
ratios. At low C/S ratios, the zeta potential was negative (CSH carries deproto-
nated silanol groups), and the potential increased with increasing C/S ratio (sur-
face of CSH carries ≡ SiOCa+ or ≡ SiOCaOH2

+ groups). The negative potential 
changed to positive at C/S ~1.3. A maximum Kd of ~680 L/kg was obtained at 
C/S = 0.8, and a minimum Kd of 25 L/kg at C/S = 1.6.

Wieland et al. (2008) demonstrated with X-ray absorption fine-structure spectros-
copy (XAFS) data that the uptake sink for strontium in cement is CSH and Sr bind-
ing is via cation exchange on the deprotonated edge and planar silanol groups of the 
CSH. The same study revealed that the presence of calcite (4–5 wt%) does not seem 
to influence the uptake of Sr on cement suggesting that calcite is not the major sink 
(pore water pH = 13.3). Also the ageing of cement does not seem to affect the extent 
of Sr uptake illustrated by a similar Rd on either 15-year-old cement samples or 
newly prepared cement pastes. Sorption tests done with either radiostrontium (85Sr, 
initial concentration 2 × 10−9 M) or stable strontium (so-called pristine strontium, 
equilibrium Sr concentrations from 10−4 to 3 × 10−3 M) revealed:
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•	 Sorption was linear and reversible for both 85Sr and pristine strontium, resulting 
in a Kd rather than an Rd. This was confirmed by varying the S/L ratio between 
10−6 and 0.13 kg/L: Kd remained nearly constant;

•	 Kd values obtained for 85Sr and pristine strontium were nearly identical, i.e. 
80–110 L/kg for 85Sr and 100–120 L/kg for pristine strontium;

•	 85Sr replaces pristine Sr in HCP by means of an isotopic exchange process. 
Based on the ratio of radiostrontium-Kd versus pristine Sr-Kd, it was shown that 
80 % of pristine Sr is subject to reversible sorption and isotopic exchange with 
85Sr. This is an important observation because commercial cements contain con-
siderable amounts of pristine Sr (~between 100 and a few 1000 ppm, also see 
Table 5.4). Pore water in equilibrium with HCP was shown to have pristine Sr 
concentrations of about 10−4 M. The 85Sr Kd was not influenced by the much 
higher pristine “background” Sr concentration compared to the initial 85Sr con-
centration (2 × 10−9 M).

Several studies further reveal that the uptake of Sr in cement is closely related 
to the calcium concentration on solid and in solution phases. Rd decreases as cal-
cium concentration in solution increases (Tits et al. 2006b). Batch sorption experi-
ments performed at PSI repeatedly illustrate that Sr and Ra sorption on cement 
and CSH phases can be explained by ion exchange theory (Wieland et al. 2008; 
Tits et al. 2004, 2006b). Other exchangeable cations may also compete with Sr2+ 
for sorbing sites on the surface of CSH and lower the sorption, e.g. Na+ in a 
saline water at pH 12.5 (Johnston and Wilmot 1992). In the latter study, the very 
high aqueous calcium concentrations (~3.6 M) used explain the low Rd (0.18 L/
kg). The normal equilibrium calcium concentration at pH 12.5 is ~0.02 M, about 
180 times lower. Based on the inverse proportionality between Sr Rd and calcium 
concentration, the Rd from Johnston and Wilmot (1992) may be corrected for cal-
cium concentration under non-saline conditions, which would then yield an Rd of 
180 × 0.18 = 32.4 L/kg, fully in agreement with other values shown in the review 
(Fig. 4.7).

In contradiction to most studies, Serne et al. (1996) found no removal of Sr 
by cement in a CO2-free system although the study was meant to measure the 
solubility of Sr in cement. These authors performed batch leaching experiments 
on SrCl2 doped “Portland Type I cement” in pH 7–12.5. After only two days of 
leaching (the longest duration of leaching was 17 days), soluble Sr concentrations 
approximate the total amount of Sr added to the cement during cement sample 
preparation. According to these results, it was concluded that Sr does not enter 
appreciably into the solid matrix of cement and does not form insoluble com-
pounds in carbonate-free environments.

Strontium sorption on calcite seems low (Zachara et al. 1991) at about 
Rd = 1 L/kg at pH around 8. In a cement system open to atmospheric CO2, Sr 
coprecipitation or a formation of solid solution may keep the total dissolved con-
centration of Sr at a level lower than the solubility of strontianite (10−6 M). These 
observations are in line with the conclusion from Wieland et al. (2008) that calcite 
in cements is not a major sink for uptake of strontium.

4.2 Strontium

http://dx.doi.org/10.1007/978-3-319-23651-3_5
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In some cases, high calcium concentrations can result in higher Sr immobilisa-
tion, as was demonstrated by Fuhrmann and Colombo (1989). These authors deter-
mined leaching rate of Sr from cemented waste in seawater and found a decreased 
leaching compared to distilled water. The positive effect of seawater on immobili-
sation was due to the coprecipitation of Sr with calcite.

A detailed study of Sr uptake by CSH revealed that Rd depends on the Ca 
concentration in the pore fluid, which in turn is controlled by the solubility of 
CSH phases at different states of cement degradation (Tits et al. 2004). A cation 
exchange model based on CSH data was proposed and demonstrated to be appli-
cable in explaining the Rd values measured on cement paste. Following these 
findings, Rd for Sr on cement is expected to be lowest in State II of cement deg-
radation because aqueous Ca concentration is the highest, where Ca is the most 
important competing ion with Sr for sorption sites.

4.2.3  Sorption Mechanisms and Selected Sorption Values

4.2.3.1  Sorption Mechanisms

A summary of cement solid phases responsible for Sr uptake was provided by 
Evans (2008). Solid phases responsible for Sr uptake include:

•	 OPC, considered a very efficient scavenger for Sr, especially the hydration products 
of C4AF and C3A (probably C3AH13) are known to accommodate low Sr levels;
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Fig. 4.7  Distribution ratio (Rd) of strontium in cementitious systems. SRPC sulphate resisting 
Portland cement; OPC/BFS ordinary Portland cement/blast furnace slag; CSH calcium silica 
hydrates. Arrows indicate effect of decreasing C/S ratio for Tits et al. (2004) data and Sugiyama 
and Fujita (1999) data
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•	 CSH gels of high C/S ratio (1.7) and Ca(OH)2 are less efficient sorbers than 
OPC and the hydration products of C4AF and C3A·(C4AH13);

•	 CSH gels of low C/S ratio are expected to be more efficient sorbers;
•	 AFt and C3AH6.

Substitution of Sr for Ca in the cement hydration products has been demon-
strated as a sorption mechanism; cements high in Al and Ca should have the best 
sorption capacity. Coprecipitation of SrCO3 during the carbonation of cement has 
also been identified as a solubility-limiting process for release, although coprecipi-
tation is not among one of the processes that were qualified here as true sorption.

In addition, retention studies at PSI suggest that Sr2+ is sorbed on the CSH 
fraction in HCP (Tits et al. 2006b). It appears that the process governing Sr2+ 
sorption by CSH is cation exchange via a stoichiometric replacement of Ca2+ by 
Sr2+ at the surface sites of the CSH (Tits et al. 2006b), involving Ca–Sr replace-
ments and Na/K–Sr replacements (Wieland et al. 2008).

For HCP, strontium is typically cation exchangeable and has similar cation 
exchange selectivity as calcium (the selectivity coefficient for the Sr2+–Ca2+ 
exchange reaction, SrCaKC is nearly one (Tits et al. 2006b)). A selectivity coef-
ficient of ~1 implies that the CSH phases exhibit equal affinities for Ca2+ and 
Sr2+ regardless of the CSH composition and the concentration of Sr2+. Sorption 
of strontium is therefore controlled by cation exchange and the extent of uptake 
by cement has been shown to be closely related to the calcium concentration in 
cement pore water (Tits et al. 2006b).

For calcite, several sorption mechanisms have been identified, mostly depend-
ing on the concentration of the divalent metallic cations. At low aqueous con-
centrations, divalent cations associate with the calcite surface via an adsorption 
process, possibly via exchange with Ca in exposed structural sites. In more con-
centrated metal solutions, metal carbonate precipitates may form on the calcite 
surface (Zachara et al. 1991).

The experts agreed that they would not use data obtained from crushed con-
crete or from experiments with saline solutions so that these values, while shown 
in Fig. 4.7, were not used in the data estimation procedure. Selection of sorption 
values for strontium for all degradation states should be consistent with those 
selected for radium (Sect. 4.3), given their chemical analogy. Analogous behaviour 
in the presence of HCP was confirmed by Wieland et al. (2008). Both strontium 
and radium exhibit a clear dependency on aqueous calcium concentration across 
State I through State III, while in State I an additional dependency on alkali metal 
ions (K+, Na+) is observed (Tits et al. 2004, 2006b). Also for sorption onto cal-
cite, similar mechanisms are assumed (Zachara et al. 1991).

Further evidence for similarity in Sr–Ra Rd is obtained from Fig. 4.8, where all 
Rd values for strontium and radium are combined. Both elements display the same 
trend in Rd: a decrease from States I to II, followed by an increase from States II to 
III. Within State III, the increase is present throughout the entire pH range (12.5–
9). The Rd values for radium are consistently higher than those for strontium. In 
State I, the difference is less than one order of magnitude, whereas in States II 

4.2 Strontium
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and III (where only aqueous calcium is the dominant factor influencing Rd), the 
difference is at least one order of magnitude. It was previously shown that Ra2+ 
sorbs more strongly onto CSH than Sr2+, because the selectivity coefficient for 
Ra2+–Ca2+ exchange reaction is about 5 times larger than that for the Sr2+–Ca2+ 
exchange (Tits et al. 2004). The data shown in Fig. 4.8 are consistent with the dif-
ference in selectivity coefficient. Best estimate values for strontium should reflect 
this difference.

The most important factor influencing strontium Rd on cement is dissolved cal-
cium concentration (in States II and III), while for State I alkalis are competing for 
sorption sites. The expected trend in Rd across States I, II, and III is as follows: Rd 
decreases from I to II, but increases from II to III.

The selected best estimate Rd values for States I, II, and III reflect the presumed 
theoretical behaviour, the observed data, and are consistent with the values derived 
for radium (Fig. 4.10). A decrease from 100 (State I) to 30 L/kg (State II) and then 
an increase from 30 to 100 L/kg (State III) were selected (Table 4.3).
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4.2.3.2  Sorption at State I

The range for State I was around 100–200 L/kg, on the basis of limited experimen-
tal data. Data for mineral phases not at their natural pH were not used. The experts 
agreed on a best estimate of 100 L/kg (based on the range of reliable experimental 
data), an upper bound of 300 L/kg and a lower bound of 30 L/kg. It was agreed, as 
discussed above, that values for State I would be higher than those for State II and 
similar to State III.

4.2.3.3  Sorption at State II

After omitting data for crushed concrete and saline solutions, the range for State 
II appeared to be generally 5–50 L/kg with one data point at 90 L/kg (Iwaida et al. 
2001). The experts agreed that a best estimate of 30 L/kg with bounds of 100 and 
5 L/kg captured the data and could be justified.

4.2.3.4  Sorption at State III

The range for State III was agreed to be 10–1000 L/kg. There was a concern that the 
data from Sugiyama and Fujita (1999) came from experiments that used a high initial 
strontium concentration (10−3 M) and that there might have been precipitation of stron-
tianite (oversaturation was demonstrated here based on geochemical calculations). The 
data were given a low weighting with this uncertainty. The experts agreed that the range 
spread suggested 100 L/kg as the best estimate. It was noted that there is a definite trend 
of Rd values increasing as the system evolves from State II to State III conditions at 
lower pH. It was agreed to include the isolated point at pH 9 (Sugiyama and Fujita 
1999) in State III as it was CSH-based, the definition of State III. It was also agreed to 
increase the upper bound to 3000 L/kg to include this point. However, there are few data 
in the pH range 9–10, and there is a lack of information on the amount of CSH in the 
same pH range. The best estimate and bounds were regarded as conservative values.

4.2.3.5  Sorption at State IV

There was only one data point for State IV [for Ba/Sr on calcite (Zachara et al. 
1991)]. It was suggested and agreed that the experts accept this value as a best 

Table 4.3  Selected best estimate, upper and lower limit Rd values for Sr

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 1 × 102 3 × 102 3 × 101

State II 3 × 101 1 × 102 5 × 100

State III 1 × 102 3 × 103 1 × 101

State IV 1 × 100 3 × 101 1 × 10−1

4.2 Strontium
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estimate, with a note highlighting that it was based on only one data source. The 
best estimate at 1 L/kg is the same value as for radium, and we suggest upper and 
lower bounds of 30 and 0.1 L/kg, respectively.

4.3  Radium

4.3.1  Chemical Form, Speciation, and Solubility

All isotopes of radium are radioactive. Radium is one of the radioactive elements 
found in nature; it is the daughter of other naturally occurring radioactive ele-
ments. For example, 224Ra results from 232Th decay and 226Ra from 238U decay. 
Other than 226Ra (half-life 1600 years), all are short-lived and uncommon. 226Ra 
is a typical radionuclide in LILW, though present only at low levels (Wang et al. 
2009). As a daughter of Th and U and because of its much higher mobility, Ra 
can also be a relevant contaminant where U- or Th-containing conventional waste 
(such as mineral waste with a natural U/Th background) is concerned.

The Eh–pH diagram for radium is shown in Fig. 4.9 and is based on the ther-
modynamic data given in Table 4.4. The expected aqueous species for radium 
under high pH is Ra2+ and RaOH+ (pH > 13.5). RaSO4(aq) may also prevail if 
SO4

2− concentration is higher than ~2 millimolal.
A shortcoming of the available data is the lack of information on the threshold for 

precipitation of radium sulphate and carbonate. Unlike for strontium, where the pos-
sible precipitation of the sulphate and carbonate is well examined and the data inte-
grated into the data assessment, such an analysis has not been made for radium so far.

The radium inventory is generally negligibly low in conditioned LILW meant 
for near-surface disposal; therefore, solubility-limiting solids will probably not be 

Fig. 4.9  Eh–pH diagram of 
radium calculated with The 
Geochemist’s Workbench®. 
Radium activity 10−8
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present under the considered disposal conditions. The same can be assumed for Ra 
resulting from the U- or Th-decay chains in natural materials.

4.3.2  Sorption Values from the Literature  
for the Benchmark Cement

Reviewed Rd values for radium in a cementitious system are presented in Fig. 4.10 
based on the literature data from Holland and Lee (1992), Bayliss et al. (2000), 
Tits et al. (2006a), Zachara et al. (1991). Experimental details are given in Table 
A.5 (see Annex).

Experimental Rd values for radium on cementitious materials are scarce. 
However, the few existing data seem to be of good quality. There is good evi-
dence that Ra sorption increases as the C/S ratio decreases on CSH (Fig. 4.10). 

Table 4.4  Thermodynamic data of radium

Source LLNL v8r6 (1996) and PSI/NAGRA 01/01 Hummel et al. (2002)

Reaction log K (25 °C)

RaOH+

+ H+

= Ra++

+ H2O

RaSO4(aq) = Ra++

+ SO4
−

13.4915
−2.7500
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Fig. 4.10  Distribution ratio (Rd) of radium in cementitious systems. SRPC/L sulphate resist-
ing Portland cement/fine limestone aggregate; BFS/OPC/L blast furnace slag/ordinary Portland 
cement/fine limestone aggregate; CSH calcium silica hydrates. Arrows indicate effect of decreas-
ing C/S ratio for Tits et al. (2006a) data. Variation in Rd for all Bayliss et al. (2000) data due to 
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4.3 Radium
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This is generally interpreted as being due to the decrease in pore water concentra-
tion of the competing Ca ions. Sorption of Ra is thought to be controlled by cat-
ion exchange on CSH. As Ca concentration in pore water decreases, more cation 
exchange sites are available for sorbing Ra (and other cations such as Sr). These 
sites are fully occupied by Ca when the Ca concentration is at its maximum, the 
latter being controlled by the solubility of portlandite at State II. Therefore, the Rd 
evolution as cement degrades (decreasing C/S ratio) is regulated by the competi-
tion between Ca and Ra for cation exchange sites on CSH.

An effect of the S/L ratio was found by Bayliss et al. (2000) but not by the 
more recent work of Tits et al. (2006a), where Rd was constant as a function of 
S/L ratio. Rd values reported by Bayliss et al. (2000) also vary with the cement 
type. Values for BFS/OPC/L are of the order of 1000 L/kg compared to 100 L/kg 
for SRPC/L and 50 L/kg for 9:1 BFS/OPC. The presence of chloride, on the other 
hand, appears to have no effect on radium sorption.

Tits et al. (2006a) also studied CSH phases of different C/S ratios at a single pH 
(about 13.3) and found a very high Rd value (20,000 L/kg) for a CSH phase with a 
low C/S ratio of 0.64. However, this high Rd value may not be relevant for the State I 
because at pH > 13 the CSH in cement should have a C/S ratio probably larger than 
1.5. A more representative Rd for the State I should be the one measured for cement 
paste systems (Rd of a few hundred). Results further showed that radium sorption 
onto CSH in absence of alkalis (pH = 11.5–12.5) was linear and reversible, at least 
in the Ra2+ equilibrium range of the experiments (1.5 × 10−10 to 1.4 × 10−8 M). 
For degraded cement, uptake was fast, i.e. equilibrium was obtained within one day 
(same as for CSH phases). For fresh HCP, a two-step uptake occurred. Tits et al. 
further demonstrated a trend similar to that previously observed for Sr2+ (Tits et al. 
2006b), i.e. Rd values are inversely proportional to the equilibrium Ca2+ concentra-
tion in solution. Based on the analogy with Sr2+, sorption on CSH is by means of 
cation exchange, with Ra2+ sorption causing an equal amount of Ca2+ release into 
solution (Tits et al. 2006b). Finally, a cation exchange model was presented that suc-
cessfully predicted Rd for Ra2+ in alkali-free systems. In the presence of alkali ions 
(State I), sorption displays a similar change in Rd with changing equilibrium concen-
tration of Ca2+, but there is competition with alkalis resulting in 3 times lower sorp-
tion values compared to the alkali-free system.

Radium sorption onto Carboniferous limestone (96 % calcite, 3 % dolomite) at pH 
7 using saline groundwater (~1 mol/L sodium, 5 × 10−2 mol/L calcium) resulted in Rd 
values less than 7 L/kg (Berry et al. 2001). Varying calcium concentrations from 10−2 
to 5 × 10−2 mol/L did not affect Rd (at an initial radium concentration of ~10−8 mol/L 
at a S/L ratio of 0.02 kg/L). The relatively low Rd value may be influenced by the high 
sodium concentration, as Na+ and K+ are the known competitors for sorption sites 
under the assumption that cation exchange is the relevant sorption mechanism. The lat-
ter cannot be confirmed at present, because other sorption mechanisms such as forma-
tion of surface complexes were identified for Ba and Sr sorption onto calcite (Zachara 
et al. 1991). More general, at low trace metal concentrations uptake onto calcium seems 
governed by sorption (adsorption via exchange with Ca), while at higher concentrations 
solid solution formation may become dominant (Apello and Postma 2006).
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4.3.3  Sorption Mechanisms and Selected Sorption Values

4.3.3.1  Sorption Mechanisms

In his review of binding mechanisms of radionuclides to cement, Evans (2008) 
provided information for strontium, which, given its chemical analogy to radium, 
may be useful to consider as a first approximation (also see Sect. 4.2.3). For exam-
ple, for both Sr and Ra, sorption behaviour is expected to mirror that of calcium. 
CSH gels of low C/S ratio are expected to be more efficient sorbers (an increase in 
sorption with decreasing C/S ratio has also been observed for Ra, see Fig. 4.10). 
Although there is a strong analogy in sorption mechanism between Sr2+ and Ra2+, 
Ra2+ sorbs more strongly onto CSH than Sr2+; the selectivity coefficient for the 
Ra2+–Ca2+ exchange reaction is about 5 times larger than that for the Sr2+–Ca2+ 
exchange (Tits et al. 2006a). It was shown that Rd values are inversely proportional 
to the equilibrium Ca2+ concentration in solution in alkali metal ion-free systems 
(States II and III), with Ra2+ sorption causing an equal amount of Ca2+ release 
into solution. In the presence of alkali metals (State I), sorption displays a similar 
dependency on equilibrium Ca2+, but there is also competition with alkali met-
als resulting in 3 times lower sorption values (based on a theoretical model cal-
culation of Tits et al. 2006a). Our calculations predicted a 2 × 10−3 mol/L Ca 
concentration in State I, which then increases to 2 × 10−2 mol/L in State II, fol-
lowed by a decrease to ~7–9 × 10−4 mol/L at the end of State III (for one particu-
lar calculation case). Because Ra sorption was shown to be inversely proportional 
to Ca concentration (plus alkali metals in State I), a ten times higher Rd value is 
expected in State I compared to State II, while in State III Rd might be up to 25 
times higher than in State II. However, in State I the competition with alkali met-
als will reduce the increase in sorption owing to lower Ca concentration compared 
to State II; therefore, the expected theoretical difference between State I and II 
would be reduced by ~1/3 of the value expected from the calcium concentration 
only (Tits et al. 2006a). Judging from the summary Rd graph (Fig. 4.10), the the-
oretical difference between States I and II seems to be confirmed. Note that the 
CSH data for State I with low C/S ratio should be less weighted than the high C/S 
ratio, as the latter are more appropriate than the former for State I. The data points 
for State I are then on average less than a factor of 10 larger than those for State 
II, which is consistent with the theory and observations of Tits et al. (2006a). From 
States II and III, Rd values increase at least an order of magnitude (although the 
data are scarce, the two data sets show a consistent trend), which is again in agree-
ment with the theory and observations of Tits et al. (2006a).

There are no data between pH 9–11.5. As the calcium concentration fur-
ther decreases (our calculations show that at the beginning of State III (high 
pH) [Ca] = 7×10−3 mol/L while at the final state (low pH) it dropped to 
8 × 10−4 M), sorption values are expected to further increase. Thus at most a fac-
tor of 10 increases in Rd is expected between the beginning and the end of State 
III. However, the theoretical model of Tits et al. (2006a) also includes the amount 
of CSH available for sorption (expressed as weight% CSH). The model further 

4.3 Radium
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assumed that the CEC of the CSH phase was independent from C/S ratio. As 
cement degrades, the amount of CSH decreases and thus the increase in Rd owing 
to a decrease in calcium concentration is counterbalanced by a decrease in CSH 
(total CEC remains unchanged). A low CSH phase was simulated to be present 
during State III (Fig. 4.10). Predictions for the pH range 9–11.5 can only be made 
if both the amount of CSH and the amount of calcium concentration are known.

Based on wet chemistry sorption data, radium uptake on cement and CSH 
phases was explained as being controlled by ion exchange (Tits et al. 2006a). 
This was supported by experimental evidence showing that Ra sorption on CSH 
strongly decreases at State II due to the competition with calcium for the cation 
exchange sites on cement materials. The uptake sink for Ra in cement is likely to 
be the CSH phases.

Also in terms of sorption mechanisms, Wieland et al. (2008) demonstrated 
with XAFS data that the uptake sink for strontium in cement is CSH and that Sr is 
sorbed as partly hydrated species via two bridging oxygen atoms. Considering the 
similarity in chemical behaviour of Ra2+ and Sr2+, the uptake mechanisms could 
be similar as well. However, the wet chemistry data were interpreted well with 
the classical ion exchange theory neglecting the specific uptake mechanisms in the 
CSH phase.

Based on the above arguments, Ra2+ is expected to sorb on cement through ion 
exchange with Ca2+; hence, Rd is expected to vary as a function of calcium con-
centration in different states of cement degradation. Calcium should compete with 
Ra for sorption sites on cement. Alkali metals may also have a negative impact 
on Ra sorption if present in high concentrations. Therefore, competition with cal-
cium will be lower in State I compared to States II and III, but in State I competi-
tion with alkalis will be higher. The sorption mechanism is very similar to that 
observed by Sr2+ (Tits et al. 2006b). Both Sr and Ra show an increase in Rd as C/S 
ratio decreases (and Ca in solution decreases). The decrease in Ca in solution from 
2 × 10−2 mol/L at State II to ~7–9 × 10−4 mol/L at the end of State III will give 
rise to an increase in Rd. In terms of speciation, the experts noted that the aque-
ous speciation of radium would be the same throughout all the states, as Ra2+, 
although some speciation change may occur in State I, with Ra being speciated 
as Ra(OH)+ at very high pH. Sorption behaviour across State I through State III 
could therefore depend solely on competition with Ca2+. Radium sorption on cal-
cite is most probably similar to barium and strontium and is regulated by a forma-
tion of surface complexes as shown by Zachara et al. (1991).

The summary graph with Ra Rd values (Fig. 4.10) displays a clear trend across 
degradation states: in State I Rd values are clearly higher than in State II, while 
Rd increases again when the pH further decreases from States II to III. This is 
in agreement with the presumed mechanism controlling Ra2+ sorption. Finally, 
in State IV, Rd values are considerably lower than in State III. It was noted that 
there was some uncertainty over solubility limits given high calcium and strontium 
levels. The experts agreed to reflect this by allowing a reasonably large spread 
between upper and lower bounds. Best estimates, upper and lower bounds, are 
available from Table 4.5.
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Radium sorption is primarily influenced by the dissolved calcium concentra-
tion, i.e. Rd values are inversely proportional to the equilibrium Ca2+ concen-
tration in solution. S/L ratio did not have any effect based on Tits et al. (2006a), 
although Bayliss et al. (2000) reported the opposite. The latter may be the result of 
increased Ca concentrations in solution as S/L ratio increased. At higher calcium 
concentrations, competition with Ra would be higher (see the cation exchange 
mechanism discussed above).

4.3.3.2  Sorption at State I

Most data came from Tits et al. (2006a), and these were considered reliable. The 
experts agreed on a best estimate Rd value for State I of 300 L/kg, with an upper 
bound of 1000 L/kg and a lower bound of 100 L/kg.

4.3.3.3  Sorption at State II

The experts had data for CSH and also evidence that real cement systems 
with additional components might potentially allow further sorption processes 
to operate. The experts agreed on a best estimate of 100 L/kg with upper and 
lower bounds of 1000 and 10 L/kg, respectively. The reduction from State I was 
attributed to higher calcium concentrations. Tits et al. (2006a) had evidence 
for reversibility of sorption giving confidence in the use of the data as genuine 
sorption.

4.3.3.4  Sorption at State III

There were few data available for this state, and they tended to be towards the high 
pH end of the range. Given the resulting uncertainty and the fact that CSH 1.1 
would be stable, agreement was reached on a best estimate of 800 L/kg with upper 
and lower bounds of 8000 and 80 L/kg, respectively.

Table 4.5  Selected best estimate, upper and lower limit Rd values for Ra

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 3 × 102 1 × 103 1 × 102

State II 1 × 102 1 × 103 1 × 100

State III 8 × 102 8 × 103 8 × 101

State IV 1 × 100 3 × 101 1 × 10−1

4.3 Radium
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4.3.3.5  Sorption at State IV

Sorption onto calcite is low, and with few data available for Ra (radium sorption 
onto limestone (96 % calcite) and of these data, some were for saline waters), ana-
logue data1 (Ba and Sr) have been added. The experts agreed on a best estimate of 
1 L/kg, with an upper bound of 30 L/kg and lower bound of 0.1 L/kg. The upper 
bound value reflected the fact that these saline sorption values could be higher in 
the absence of saline conditions.

4.4  Silver

4.4.1  Chemical Form, Speciation and Solubility

Silver is a noble metal. It can occur in certain waste types, but is not a common 
contaminant. Radioactive isotopes are part of the waste generated in NPP. In 
a natural environment, 107Ag and 109Ag are the most prevailing stable isotopes, 
with respective relative abundances of 51.35 and 48.65 %. Silver has 48 radioiso-
topes, from which only 110mAg, with a half-life of 250 days (NEA 2006), can be 
detected in the environment (Calmon et al. 2002). In a nuclear reactor, 108mAg and 
110mAg are both produced due to activation of, respectively, 107Ag and 109Ag pre-
sent in the silver in the control rods (these are made of elements with high neutron 
absorption cross sections, such as Ag, In, Cd, B, and others) used for controlling 
the nuclear reaction rate.

In LILW radioactive waste, typical silver isotopes are: 105Ag (half-life 1.31 ×  
10−1 year), 108Ag (half-life 4.56 × 10−6 year), 108mAg (half-life 4.18 × 102 year), 
110Ag (half-life 7.78 × 10−7 year), and 110mAg (half-life 6.84 × 10−1 year) 
(ONDRAF/NIRAS 2011).

Due to its reactivity, it can form complexes in solution. With the exception of 
nitrate (AgNO3), perchlorate (AgClO4), fluoride (AgF), acetate (AgCH3COO), 
and chlorate (AgClO3), the salts of silver are very insoluble. Following Charlot 
(1983), Ag2S is the least soluble solid. The stable oxidation state of silver in water 
is +I. Ag+ forms aqueous anion and cation complexes which are very stable as 
well as numerous minerals and organic compounds (Sposito 1989).

Figure 4.11 plots the Eh–pH diagram of a Ag–H2O system showing that silver 
metal is stable under most of Eh–pH conditions and that oxidising conditions are 
required to form soluble silver.

Aqueous silver species existing in a Ag–H2O system are Ag+ and the hydrolysis 
species AgOH and Ag(OH)2

− (see Fig. 4.12). When chloride is present, silver may 
form aqueous complexes with chloride or precipitate as AgCl (s) as shown in Fig. 4.15.

1Radium and barium are adjacent to each other in the alkaline earth group. Due to the similarity 
of their ionic radii (3.98 and 4.04 Ǻ for, respectively, hydrated Ra2+ and Ba2+), the chemical 
behaviour of radium is similar to that of barium.
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Based on thermodynamic calculations considering the estimated LILW inven-
tory Ag activity (Fig. 4.13), relevant solubility controlling phases of silver that 
are worthwhile considering include AgOH (s), AgCl (cr), and metallic Ag (s). 
Solubilities of these phases are given in Figs. 4.14, 4.15, and 4.16. Silver sulphide 
(Ag2S) and carbonate (Ag2CO3) are also sparingly soluble phases but not relevant 
in the current context. Silver sulphide is only stable at an Eh much lower than 
−230 mV (results not shown).

Yousuf et al. (1998) have identified by means of XRD and FT-IR analysis that 
in a high Ag loading (2.6 mol/L Ag) cement sample under oxidising conditions, 
relevant solid phases are AgCl, Ag2CO3, and Ag2O (which is similar to AgOH). 

Fig. 4.11  Eh–pH diagram of 
silver in a Ag–H2O system, 
assumed Ag activity is 
5.7 × 10−5 Thermodynamic 
database: ThermoChimie 7b
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Fig. 4.12  Speciation 
diagram of silver in a 
Ag–H2O system, Ag 
concentration 10−8 mol/L. 
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However, these authors underlined that Ag2CO3 is less relevant in a real system 
because of the limited amount of CO3

2− in cement. The presence of Ag2CO3 in 
their samples was probably due to the unusually high loading of Ag. Ag2S was 
considered not to be formed because of the lack of sulphide (S−) in the pore water.

Silver speciation is sensitive to the dissolved chloride concentration in pore 
water. Figure 4.11 indicates that precipitation of chlorargyrite (AgCl solid) starts 
at Cl activity of 3 × 10−6 when pH is below about 10. At higher pH, the Cl activ-
ity needed to precipitate AgCl (cr) is higher because of the competition of Ag 
hydrolysis. Since higher chloride concentrations may be obtained for specific 
waste streams including evaporator concentrates (Wang et al. 2009), some scoping 
calculations are done to show the effect of higher Cl on the speciation and solubil-
ity of Ag (Section “Impact assessment by thermodynamic modelling”).

Both Figs. 4.14 and 4.15 suggest that in State I, AgOH (s) is the solubility con-
trolling phase and the solubility can be estimated from the following equilibrium:

At pH 13.5 representing the start of State I, the solubility of AgOH (s) in a water 
system in the absence of chloride is about 6 × 10−5 mol/L (see Fig. 4.14). A mini-
mum solubility of 6.4 × 10−6 mol/L occurs at about pH 12. In States II to IV, the 
solubility of AgOH (s) increases with decreasing pH. In a cement system contain-
ing chloride as impurities, however, the pore water concentration of Ag may not be 
related to the solubility of AgOH (s), as suggested by Fig. 4.15, but be controlled 
by the solubility of AgCl (s) as suggested by Fig. 4.15.

In State II (i.e. at pH 12.5), the following solubility equilibrium will likely 
determine the total dissolved Ag concentration in cementitious pore water:

(4.1)Ag(OH)(s)+ H2O = Ag(OH)2
−

+ H+ log K = −17.7

Fig. 4.13  Solubility of silver 
as a function of chloride 
activity in a Ag–Cl–H2O 
system. Ag activity is 
5.7 × 10−5. Thermodynamic 
database: ThermoChimie 7b
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When chloride concentration is at 0.2 mmol/L [characteristic of a low chloride 
content in a benchmark cement (Jacques et al. 2008)] and 0.6 mmol/kg [character-
istic of normal chloride content in a benchmark cement (Jacques et al. 2008)], the 

(4.2)AgCl(cr)+ 2H2O = Ag(OH)2
−

+ Cl− + 2H+ log K = −33.7

Fig. 4.14  Solubility of 
AgOH (s) in a Ag–H2O 
system. Thermodynamic 
database: ThermoChimie 7b
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Fig. 4.15  Solubility of 
AgCl (cr) and AgOH (s) with 
dissolved chloride activity of 
6 × 10−4. Thermodynamic 
database: ThermoChimie 7b
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activities of Ag(OH)2
− are 9 × 10−6 and 3 × 10−6, respectively. This suggests a 

maximum solubility around 10−5 mol/kg in State II.
For the large part of State III and State IV, Fig. 4.15 indicates that the solu-

bility of Ag is independent of pH and is at about 10−6 mol/kg (for chloride 
~0.2 mmol/L).

Under reducing conditions, silver may also be reduced to metallic Ag0 (s) and 
so its solubility may control the dissolved Ag concentration. Figure 4.16 displays 
the solubility diagrams for Ag0 (s), from which it is seen that the solubility is 
extremely low (~10−17 mol/kg).

In conclusion, the most likely solubility of silver in benchmark cementitious 
pore water with expected levels of chloride might be in the range of 10−6 to 
10−4 mol/kg. The Ag solubility tends to increase with increasing pH and is highest 
at State I.

4.4.2  Sorption Values from the Literature  
for the Benchmark Cement

No reliable sorption values for silver on cementitious materials could be found. 
Ochs et al. (2001) observed significant removal of Ag in the presence of  various 
cement mineral phases (corresponding to apparent Rd values of at least 1500  
L/kg in case of CSH). However, it cannot be completely excluded that the appar-
ent sorption may be due to the precipitation of Ag phases (see also Andra 2005), 
although Ag appeared not to be in oversaturation in blank solutions.

Fig. 4.16  Solubility of 
Ag (s) at Eh −230 mV 
with dissolved Cl activity 
6 × 10−4 Thermodynamic 
database: ThermoChimie 7b
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In the absence of any sorption data on cementitious materials, possible analo-
gies could be used to derive sorption values; and it may also be helpful to consider 
the sorption behaviour of Ag on other minerals:

•	 In terms of basic chemical properties, the charge/M–O bond distance ratio and 
hydrolysis behaviour of Ag seem to be similar to that of alkaline elements (Baes 
and Mesmer 1986). As Ag+ is a very soft metal ion, it also forms very strong 
chloride complexes.

•	 Curti (1997) lists a partitioning coefficient (calculated from mean seawater/solid 
carbonate concentrations) for solid solution formation in calcite of Ag that is 
similar to that of Cs, Cd, and Sr.

•	 Sorption data on minerals for Ag are generally extremely scarce. To our knowl-
edge, only Legoux et al. (1992) measured Ag sorption on quartz-rich soil sam-
ples at slightly acidic to slightly alkaline pH. Some Rd values (at pH 6.6–8) are 
very high and may be due to precipitation. One value obtained at pH 6 appears 
to be reasonable and is of the same magnitude as observed for Cs and Ra under 
similar conditions.

4.4.3  Sorption Mechanisms and Selected Sorption Values

No reliable sorption data for Ag on cementitious materials or other minerals were 
found. However, there are several independent indications that Ag sorption is gen-
erally different from zero, and that Ag may show sorption values in the same order 
of magnitude as alkali and maybe alkaline earth elements. At least in terms of 
hydrolysis, Ag appears to be closer to alkali than to alkaline earth elements.

Together, the above evidence is taken to propose a nominal Rd value for Ag 
that is different from zero. Most evidence for the definition of a minimal value 
may be available for calcite; State IV is a calcite-dominated system and thus rela-
tively well controlled (i.e., geochemically stable). In Wang et al. (2009), a value 
of 1 L/kg is selected for the sorption of Ra and Sr in State IV on calcite, whereas 
a value of zero is chosen (conservatively) for Cs. Based on the data discussed in 
Bradbury and Baeyens (1997) (and in the references therein) for sorption on cal-
cite at elevated pH, the value of 1 L/kg is estimated to be representative for alkali 
and alkaline earth elements. This value is accepted for Ag sorption in State IV as a 
best estimate. Upper/lower limits cannot be selected on the basis of experimental 
data. However, it is proposed to use the value of 0 L/kg as a lower limit, because 
conditions leading to a null sorption cannot be excluded.

For States I–III, no values are proposed for best estimate and upper/lower limits 
because of insufficient data. Also, States I and III are less well defined in terms of 
cement chemistry and mineralogy (Table 4.6).

4.4 Silver
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4.4.4  Supplemental Values for Safety Assessment 
Calculations

For the provision of supplemental values, the best estimate of 1 L/kg given for 
State IV is accepted for all states. This is based on the reasoning that this value is 
derived from experimental data for calcite and the presence of calcareous aggre-
gates in all states. Similarly, the lower limit of 0 L/kg is accepted for all states, 
while supplemental values for the upper limit are not provided. Note that these 
data are of a lesser quality than the best estimates (Table 4.7).
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Abstract These elements are grouped together because, despite their differences 
in chemistry, their radioactive isotopes are taken up in cementitious materials 
by isotopic exchange, a physical process, rather than by some chemical sorption 
process. 41Ca, 14C, and 59Ni plus 63Ni are relevant constituents of radioactive 
wastes. For any radioactive isotope of a given element, isotopic exchange becomes 
important when the pore solution in the hydrated cement is already saturated with 
respect to some solubility-limiting phase of this element. In the case of Ca and C, 
this does not appear as a surprise, since both elements occur at high concentra-
tion levels in different HCP minerals as well as in the pore solution. In case of Ni, 
the formation of layered double hydroxides leads to a very low aqueous solubility 
in cementitious systems. Therefore, the comparatively low content of stable Ni in 
hydrated cement paste (stemming mainly from clinker production) is sufficient to 
reach the solubility limit for Ni in cementitious pore solutions.

5.1  Calcium

5.1.1  Chemical Form, Speciation, and Solubility

Calcium is not naturally found in its elemental state but occurs most commonly in 
sedimentary rocks in the minerals calcite (CaCO3), dolomite (CaMg(CO3)2), and 
gypsum (CaSO4·2H2O). It also occurs in igneous and metamorphic rocks chiefly 
in the silicate minerals: plagioclase, amphiboles, pyroxenes, and garnets (Deer 
et al. 2004; Hurlbut and Klein 1985). Its oxidation state is +II (Hein and Arena 
2006).

Calcium has four stable isotopes (40Ca, 42Ca, 43Ca, and 44Ca), plus two more 
isotopes that, due to their long half-lives, can be considered stable (e.g. 46Ca and 
48Ca). 97 % of naturally occurring calcium is 40Ca, one of the daughter products 
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of 40K decay, along with 40Ar. Calcium also has a cosmogony isotope,1 the radio-
active 41Ca, which has a half-life of 1.03 × 105 years (NEA 2006; Audi et al. 
2003). This 41Ca is predominantly produced by cosmic ray secondary thermal 
neutrons, captured by the stable isotope 40Ca (Wieser 2006; Henning et al. 1987; 
Fink et al. 1990).

41Ca is also produced anthropogenically by neutron capture in nuclear reactors 
and during nuclear tests. In nuclear reactors, 41Ca is produced within the biologi-
cal shield that surrounds the reactor core, which largely consists of calcium-rich 
concrete (Muller et al. 2000; Itoh et al. 2002). Furthermore, the extremely low 
natural abundance and the low specific activity of 41Ca make it an ideal isotopic 
tracer for biomedical research (Freeman et al. 1997). In LILW, the following radi-
onuclides may be present: 41Ca (half-life 1.03 × 105 years) and 45Ca (half-life 
0.446 years) (ONDRAF/NIRAS 2011).

Calcium is not redox sensitive, and Ca2+ is the dominating dissolved spe-
cies over a large pH range. The hydrolysis species CaOH+ is significant only at 
pH > 12 (Fig. 5.1). CaOH+ becomes more abundant than Ca2+ above pH ~ 13. In 
States I and II, calcium concentration is controlled by the solubility of portlandite 
as shown in Fig. 1.2 (Fig. 5.2 shows the solubility of portlandite in pure water). In 
State III, at a pH significantly lower than 12, Ca concentration in a cement system 
should be determined by the solubility calculated from log K of a given stoichio-
metric phase, or from solid solutions within a continuous evolution of CSH ver-
sus Ca content. The dissolved Ca concentration controlled by the dissolution of 
CSH phases is lower than the solubility of portlandite at around 20 mmol/kg and 
decreases with pH as shown in Fig. 1.2.

1Rare isotope created when a high-energy cosmic ray interacts with the nucleus of an in situ 
atom.

Fig. 5.1  Dissolved 
calcium speciation as mol 
fraction versus pH. Ca 
concentration is 10−8 mol/L. 
Thermodynamic database: 
ThermoChimie 7b
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5.1.2  Literature Information, Mechanisms,  
and Selected Sorption Values

Ca is one of the main elements of various mineral phases in HCP, and the respec-
tive equilibrium solutions are saturated with respect to dissolved Ca. Under such 
conditions, it can be expected that any removal of radioactive Ca from solution 
will take place by isotopic exchange with stable Ca in the HCP matrix.

Nominal Rd values for radioactive Ca can then be calculated from the (acces-
sible) amount of stable Ca in HCP and the solubility of Ca in the corresponding 
equilibrium solutions. This approach was used by Wang et al. (2009) for calculat-
ing Rd, M∗ values for radioactive Ni (see Sect. 5.2) and C (see Sect. 5.3), where 
Rd, M∗ is the distribution ratio of the radioactive isotope of a given element and is 
calculated as follows (Wieland and Van Loon 2002):

where Mc and Mc* are the number of moles of the stable and radioactive iso-
topes of a given element in the HCP matrix (mol); Maq and Maq* are the number 
of moles of the stable and radioactive isotopes of a given element in the corre-
sponding volume of pore solution (mol); m is the mass of HCP (kg), and v is the 
volume of the corresponding pore solution (L); and α is the accessibility factor, 
i.e. the fraction of the amount of stable isotope accessible to isotopic exchange 
(dimensionless).

(5.1)Rd,M∗ =

(

M∗

c /M
∗

aq

)

× (v/m) = (Mc × a/Maq)× (v/m)

Fig. 5.2  Solubility and 
speciation of portlandite 
in a Ca–H2O system. 
Thermodynamic database: 
ThermoChimie 7b
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The concentration of Ca in the HCP matrix and the solubility limit of Ca in the 
corresponding pore solutions are shown in Fig. 1.2, respectively. The accessibility 
factor α needs to be estimated for the three different mineral phases controlling 
dissolved Ca in States I–IV. According to Fig. 1.2, these are portlandite for States I 
and II, CSH for State III, and calcite (as calcareous aggregates) for State IV. Note 
that the largest uncertainty about estimating α for these minerals is for State III, 
because of the broad Ca domain in equilibrium (various Ca/Si ratios).

In case of calcite, it may be assumed that the accessibility (fraction of stable 
isotope accessible to isotopic exchange) of Ca and that of carbonate in CaCO3 are 
numerically equal. For the accessibility of carbonate in finely distributed calcite, 
Bradbury and Sarott (1995) proposed a value of 10 %, based on an examination of 
data by Bayliss et al. (1992). Total calcite content was considered in their assess-
ment. Pointeau et al. (2002) determined a value of ≈0.5 % on the basis of uptake 
experiments with radioactive carbonate. For accessibility determinations on cal-
cite, time is a less important parameter, with Ca exchange being mainly a function 
of the available surface. Short-term laboratory determinations will provide most of 
the Ca uptake, while diffusive uptake by the matrix is a long-term process and 
accounts only for a small fraction of total uptake. Pointeau et al. used calcite solid 
for accessibility determination neglecting2 any carbonate in cement minerals with 
different grain sizes and developed a simple relation between solid carbonate grain 
size and accessibility. Note that surface reactivity, and hence accessibility, is likely 
to depend on the type of calcite solids. Based on this relation and the expected 
grain size distribution of the ONDRAF/NIRAS backfill mortar, Wang et al. (2009) 
calculated a mean accessibility factor α of 0.23 %. It appeared that this value 
allowed the calculation of distribution values for radioactive carbonate that are in 
reasonable agreement with literature data (see Sect. 5.3). Based on this evidence, 
the value of 0.23 % is proposed as best estimate for the accessibility of stable iso-
topes in calcite contained in HPC or mortar.

Mandaliev et al. (2010) measured the accessibility of Ca in tobermorite and 
xonotlite by following the removal of 45Ca from solution. After one year, about 
35 % of the 45Ca was removed, which corresponds to a replacement of about 
50–60 % of the Ca in the CSH phases. This indicates that the values considered 
for the present data selection, which are based on short-term experiments (up to 
140 days for the Pointeau et al.’s data), may be very conservative for situations 
where long time frames are relevant. Note, however, that accessibility is (1) 
a function of the type of solid system, and (2) also structurally sensitive; i.e., the 
exchange characteristics of crystalline tobermorite are not necessarily applicable 
to gel-like CSH.

In the absence of systematic data regarding the accessibility of stable Ca in 
calcite, portlandite, and CSH phases embedded in a HCP matrix at relevant solid/

2Neglecting carbonate in cement is conservative in view of determining sorption values. Also, the 
related model is independent of cement composition and avoids the need to account for difficult 
to estimate atmospheric/aqueous carbonation processes.

http://dx.doi.org/10.1007/978-3-319-23651-3_1
http://dx.doi.org/10.1007/978-3-319-23651-3_1
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solution ratios, it is proposed to consider in a first and cautious approximation only 
calcite and neglect the contribution of CSH and portlandite. One particular source 
of uncertainty is the impact of cement degradation on accessibility, especially for 
portlandite and CSH. In the current approach, α was considered constant for all 
degradation States and based on calcareous granulates only. Any exchange with 
other calcium-bearing minerals, also those newly formed from infiltrating soil 
water, is conservatively ignored. Another source of uncertainty relates to the kinet-
ics of dissolution/precipitation of CSH versus portlandite and calcite. At present, 
uncertainties regarding the accessibility factor cannot be evaluated on the basis 
of reliable quantitative information. An arbitrary lower limit of 0.1 % and upper 
limit of 10 % were considered by Bradbury and Sarott (1995). A ten times smaller 
uncertainty range is considered in this review (see further), because the calcareous 
aggregates are likely to behave in a similar manner as the calcite used by Pointeau 
et al. (2002) in their derivation of the accessibility factor.

As the amount of Ca-bearing solid and the aqueous concentrations of stable 
Ca are variable within each degradation State, the following approach was used 
(Fig. 5.3):

•	 For the calculation of best estimates, the values representing the mid-point of 
each State were used (note that in State II a fixed value exists);

•	 For upper/lower limit, an uncertainty range for the accessibility factor was used, 
in line with the concept of uncertainty used for upper/lower limit estimation for 
Rd values, i.e. half an order of magnitude up and down. An uncertainty range of 
one order of magnitude was used for each State, which is equal to an uncer-
tainty factor (UF3) of 3.3, where lower limit = best estimate/UF and upper 
limit = best estimate × UF. This uncertainty includes, among others, the poten-
tial impact of coating of grains with a wide range of reaction products and par-
ticulate material on accessibility, which is currently difficult to quantify.

In view of this situation, it is proposed not to assign uncertainties to the concen-
tration of stable Ca in the respective solids and to the solubility limit and to base 
these on the values given in Fig. 1.2. Formal Rd values for radioactive Ca can then 
be calculated for each state on the basis of the following considerations (also see 
Fig. 5.3):

•	 the concentration of stable Ca in the HCP matrix and the solubility limit of Ca 
in the corresponding pore solutions as shown in Fig. 1.2 (see also Fig. 5.3); the 
evolution in Rd values is inversely related to the evolution in the Ca pore water 
concentration;

•	 the accessibility factor discussed above: best estimate = 0.0023 (or 0.23 %); 
lower limit = 0.0008 (or 0.08 %); and upper limit = 0.008 (or 0.8 %). Although 
the same uncertainty is assumed throughout all States of cement degradation, 
Rd values in State III are given for several discrete pH values to account for the 

3An uncertainty factor (UF) is defined for x such that the range of possible x values is defined by 
the limits best estimate/UF ≤ x ≤ BE × UF.

5.1 Calcium

http://dx.doi.org/10.1007/978-3-319-23651-3_1
http://dx.doi.org/10.1007/978-3-319-23651-3_1
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variation in accessible CSH. Indeed, owing to sequential dissolution of several 
CSH phases in State III, variation in accessible amount of (solid) calcium, and 
hence calculated Rd values, is larger than that in other States. Therefore, Rd val-
ues for discrete pH values are obtained (best estimate α = 0.23 %): Rd = 0.97, 
30.7, 8.02, 9.15, and 17.30 L/kg at pH of 13, 12.5, 12, 11.5, and 11 (at 10 °C). 
Best estimate Rd values and upper and lower limits are summarised in Table 5.1.
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Fig. 5.3  Top Calcium concentration in pore water as function of pH. Bottom Calculated distribu-
tion ratio (Rd) values for calcium (Eq. 5.2) as function of pH for the degradation of category A 
cement in contact with soil water at 10 °C (based on calculation case 7, Jacques et al. 2008). The 
accessibility factor has a best estimate of 0.0023 (0.23 %), with 0.0008 (0.08 %) as lower limit 
and 0.008 (0.8 %) as upper limit based on uncertainty factor of 3.3 (uncertainty range of one 
order of magnitude)
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5.2  Nickel

5.2.1  Chemical Form, Speciation, and Solubility

LILW contains both 59Ni (half-life 76,000 years) and 63Ni (half-life 101 years). 
Neither 59Ni nor 63Ni is a naturally occurring radionuclide. They are produced by 
neutron activation of, respectively, 58Ni and 62Ni, both naturally occurring and sta-
ble isotopes of nickel in the structural steels and internal components of nuclear 
reactor vessels. Nickel is resistant to attack by water or air and, therefore, is often 
used as a protective coating for other metals or as an alloy to create a corrosion-
resistant metal such as stainless steel and Inconel. Limited amounts of these nickel 
isotopes can enter the operational waste from a nuclear reactor by corrosion of 
stainless steel surfaces and accompanying release of nickel into the primary cool-
ing circuit. Both radionuclides also enter the dismantling waste from nuclear 
reactors.

The Eh–pH and solubility diagrams for nickel are produced with the thermo-
dynamic data given in Table 5.2 and are shown in Fig. 5.4. How different aqueous 
nickel species vary with pH is summarised in Fig. 5.5 [based on calculations with 
The Geochemist’s Workbench® (Bethke 2006)].

Most abundant aqueous nickel species at high pH relevant to cement systems is 
Ni(OH)3

− as predicted by the speciation diagram produced with the recent NEA 
thermodynamic data (Gamsjager et al. 2005) (Fig. 5.5). A significant point is that 
the NEA (2005) review did not select the neutral species Ni(OH)2(aq) which is 
normally considered to be present in an aqueous cement environment (e.g., see 
Berner 2002; Pilkington and Stone 1990; Cross et al. 1995). The NEA review 
argues that there is no evidence for the existence of Ni(OH)2(aq) species from the 
reviewed experiments. In all cases, the presence of Ni(OH)3

− explains experimen-
tal data equally as well as the alternative, assuming the presence of two hydrolysis 
species Ni(OH)2(aq) and Ni(OH)−3 . Hummel and Curti (2003) argue that despite 

Table 5.1  Selected best estimate, upper and lower limit Rd values for calcium

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 7 23 2

State II 1 3 0.3

State III 10 30 3

State IV 40 130 13

Table 5.2  Thermodynamic 
data for nickel

Source NEA database (Gamsjager et al. 2005)

Reaction log K (25 °C)

NiOH+ = Ni2+ + OH−

Ni(OH)3
− = Ni2+ + 3 OH−

Ni(OH)2(beta) + OH− = Ni(OH)3
−

−4.4614
−12.8043
−4.1699

5.2 Nickel
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the uncertainty associated with the stability constants of high hydrolysis Ni spe-
cies, chemistry of carbonate complexes of Ni is even less known.

In terms of Ni solubility in a cement system, most studies consider nickel 
hydroxide Ni(OH)2(s) as a relevant solubility-controlling phase (see Fig. 5.4 
for the solubility diagram of Ni(OH)2). A detailed experiment on determination 
of Ni(OH)2(s) solubility in a wide range of pH was presented by Mattigod et al. 
(1997), and a typical result from the study is shown in Fig. 5.6. Mattigod et al. 
(1997), however, emphasised that determination of stability constants of different 
hydrolysis species present at pH higher than 11.3 was not possible because the 
solubility measurements were at or below the instrumental detection limit.

Fig. 5.4  Eh–pH (top) and 
solubility (bottom) diagrams 
of nickel calculated with The 
Geochemist’s Workbench®. 
Nickel activity is 10−8, and 
HCO

−

3  is 10−3.523
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We notice that for cement environments, the solubility curve shown in Fig. 5.4 
is probably too simplified, as it does not account for other elements such as alumin-
ium, magnesium, andfor calculating an apparent iron. Also, nickel hydroxide is not 
stable and reacts with other cement components to form layered double hydrox-
ides, with lower solubilities than nickel hydroxide (Wieland and Van Loon 2002).

With the NEA data as shown in Fig. 5.4, the solubility of Ni(OH)2 (beta) is 
related to pH by the following relationship:

where {} denotes activity (dimensionless). If the solubility of Ni(OH)2 (beta) (i.e. 
pure Ni(OH)2) is determined by the aqueous activity of Ni(OH)3

− as predicted, 
the solubility of Ni(OH)2 (beta) at pH 12.5 and 13.5 should be about 2 × 10−6 and 
2 × 10−5 M, respectively. These values are somewhat higher than the experimen-
tal data shown in Fig. 5.6 (~6 × 10−8–2 × 10−6 M), the latter being representative 
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Fig. 5.5  Dissolved nickel speciation (total dissolved Ni = 1 × 10−8 molal, no precipitation of 
solids)

Fig. 5.6  Solubility 
of Ni(OH)2 (s) as a 
function of pH. With kind 
permission from Springer 
Science + Business Media: 
Mattigod et al. (1997), Fig. 2)

5.2 Nickel
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of mixed nickel phases. Note that in the Mattigod et al.’s (1997) data (Fig. 5.6), 
the solubility is shown versus detection limit, and the rising detection limit as pH 
increases reflects difficulties with the experimental matrix. Therefore, solubility 
values at pH 12.5 and higher are at the detection limit.

Note that the PSI-NAGRA database assigns a solubility constant for the 
reaction Ni(OH)2 + OH− = Ni(OH)3

− as log K = −6.48 which is more than 
two orders of magnitudes lower than the log K from the NEA (2005) review 
(Table 5.2). That explains the observation that the PSI-NAGRA database pre-
dicts Ni solubility two orders of magnitudes lower than that predicted by the NEA 
(2005) database.

Although the Ni(OH)2(s) phase has been studied as a relevant solubility-
controlling phase in cement waters, Hummel and Curti (2003) consider that the 
phase is not relevant for most of geological environments because it is too solu-
ble. Other more stable phases such as magnesium clay minerals and layered dou-
ble hydroxides are more likely to precipitate with Ni and regulate the solubility. 
Based on wet chemistry data and spectroscopic evidences, Wieland and Van Loon 
(2002) concluded that the Ni solubility in a fresh cement system at pH 13.3 is 
2 × 10−7 mol/L and is probably controlled by the solubility of mixed Ni–Al lay-
ered double hydroxides (LDHs) which is formed in cement.

There is consistency in the observations that all solubility experiments per-
formed under cementitious conditions resulted in a solubility or total dissolved 
Ni concentration significantly lower (range 10−8–10−7 M) than the solubility pre-
dicted (range 2 × 10−6–2 × 10−5) with a pure phase of nickel hydroxide as the 
controlling phase. The solubility of the pure phase Ni(OH)2 (s) can thus only be 
taken as the conservative upper limit to indicate the soluble Ni concentration in a 
cement system.

Furthermore, based on geochemical calculations (see Fig. 1.2), aluminium 
and magnesium concentrations are fairly constant across States I and II. This is 
not true for State III as both [Al] and [Mg] go up, and hence, the speciation and 
related solubility may be different from those at higher pH.

Finally, an interesting source of data relevant for long-term stable alkaline 
geochemical conditions is provided by natural analogues. From natural analogue 
sites such as Maqarin (Jordan) with its hyperalkaline groundwater (pH 12.7–12.9), 
total dissolved nickel concentrations were found to be in the range 10−8–10−7 M 
(Andra 2005). These values have the same order of magnitude as the experimental 
values discussed above.

5.2.2  Sorption Values from the Literature  
for the Benchmark Cement

Figure 5.7 shows the summarising plot of reviewed Rd values from the literature 
as a function of pH. Experimental conditions under which these Rd values were 

http://dx.doi.org/10.1007/978-3-319-23651-3_1
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measured are given in Table A.6 (see Annex). These values range over 6 orders of 
magnitudes, i.e. Rd is in the range of 0.01 to 10,000 L/kg.

Holgersson et al. (1998) performed batch sorption experiments on crushed 
cement at pH > 13 (data for pH were not available from the original publica-
tion, and we therefore assessed pH from the cement pore water composition) and 
found that the distribution ratio, defined as Kd, increases from 10 to 40 L/kg with 
increasing contact time from one day to 2 months. It was claimed that the initial 
Ni concentration was low enough not to cause precipitation.

Pilkington and Stone (1990) studied sorption of Ni on OPC cements and lime-
stone at pH of about 12.5. Initial Ni concentrations were <10−8 mol/L which are 
well below the experimental solubility of Ni hydroxides. A best estimate Rd of 
100 L/kg was reported. A point of concern was the sorption of Ni on the container 
wall. About 80 and 30 % of the initially introduced Ni was found sorbed on the 
container wall in the absence and in the presence of cement, respectively. It is sur-
prising that the sorption on the wall can be as high as 30 % even when cement 
sorbent was in the system. Wall sorption is generally considered as negligible in 
a batch sorption experiment as long as a finely suspended sorbent is present. This 
is because the specific surface area of the sorbent is normally much larger than the 
specific surface area of the container wall.

Nevertheless, Bradbury and Sarrot (1995) expressed their concern about wall 
sorption in the work of Pilkington and Stone (1990) and considered it as a major 
uncertainty. It is not clear whether the wall sorption is the reason for the observed 
large range in Rd, i.e. from 1 to 1600 L/kg. Although the sorption of Ni in terms 
of Rd was found larger than zero, the final concentrations of Ni in the control 
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Fig. 5.7  Distribution ratio (Rd) of nickel in cementitious systems. HCP hardened cement paste; 
OPC ordinary Portland cement; SRC sulphate-resisting cement; CSH calcium silicate hydrate
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experiment (without cement) were often found to be similar to those observed in a 
sorption experiment, making the calculation of an Rd value difficult. There seemed 
no influence of cement types on sorption of Ni. There was an indication that Rd 
increased slightly with increasing liquid to solid ratio. Within an order of magni-
tude variation in initial Ni concentration (7 × 10−9–4 × 10−10 M), Rd decreased 
slightly but consistently. Filtration did not show any impact on the final Rd values, 
suggesting a solution free of Ni colloids or particulates.

Rd values on a large number of pure cement phases, including portlandite, CSH 
gels, crystalline phases, and calcium aluminates, were determined by Noshita et al. 
(2001). Experiments were performed with Ni concentrations of 10−8 M, hence 
well below the solubility of Ni(OH)2 (s). Rd values ranged from around 100 to 
20,000 L/kg (for real Rd values, see Table 5.3 reproduced from the original paper). 
The fact that only the initial pH was given (pH 12.6) and the experiment was per-
formed in air makes it difficult to judge the quality of the data because the final 
pH might vary when no pH buffer was present in the system. The Rd for portlan-
dite was 5500 and 3600 L/kg in NaOH and Ca(OH)2 solutions, respectively, and 
is considered as good-quality data because the pH of 12.6 must have been well 
buffered. The authors argued that Rd is independent of the C/S ratio on CSH gels, 
which indicates sorption of neutral Ni(OH)2 (aq) species through non-electrostatic 
sorption. From Table 5.3, it is clear that Rd varies when C/S ratio changes, but 
without a consistent trend. However, assuming Ni(OH)2(aq) as the dominant Ni 

Table 5.3  Rd values (L/kg) for Ni on different cement components

Source Noshita et al. (2001)
aThe authors of the title study estimated a NaOH concentration of about 0.04 molal (without 
activity corrections) for the pH given in Noshita et al. (2001) assuming that NaOH regulates the 
pH

Cement components C/S ratio Ni [Ni(OH)2(aq)]

In NaOH 
solutiona

In Ca(OH)2 
solution

Calcium silicate 
compounds

CSH 1.5 900 1200

1.2 440 1000

1.0 2300 3600

0.83 230 320

Afwillite 1.5 2300 7200

Tobermorite 0.8 17,000 7900

Gyrolite 0.67 170 21,000

Hydroxides Portlandite 5500 3600

Brucite 8000 3300

Gibbsite 9800 260

Calcium AFm 1100 290

Aluminate AFt 260 73

Compounds Hydrogarnet 750 290

Others Quartz 6 290

Calcite 140 32
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species, as Noshita et al. (2001) did, is inconsistent with the “best available” ther-
modynamic data from NEA (see discussion in Sect. 5.2.1). There is indication that 
well-crystalline CSH phases have larger Rd for Ni than CSH gels. Removal of Ni 
by hydroxides such as portlandite was thought to be related to co-precipitation of 
Ni in a Ca(OH)2 structure when Ni replaces Ca. Finally, calcium aluminates had 
the lowest Rd compared to CSH and hydroxides. The sorption of Ni on calcium 
aluminates was thought to occur on surface hydroxyl groups. Rd for calcite is low 
compared to other minerals, suggesting that calcite is not an effective sorption 
sink. Since the experiments were performed at the assumed pH 12.6 for all the 
minerals including calcite, the Rd for calcite was not added in Fig. 5.7 since pH 
12.6 is not relevant for State IV in the present evaluation.

Aggarwal et al. (2000) measured Rd of Ni on cements, CSH gels, minor miner-
als, and NRVB materials. Experiments were performed in the pH range of 11–13. 
In cement systems, pore waters were in contact with cements, while in the experi-
ments using CSH as sorbents, saturated portlandite water was used. Initial Ni con-
centration was less than 10−8 M. Rd values are in the range of 200–8000 L/kg. In 
terms of Ni uptake, CSH was thought to be the dominant sorption phase because 
the extent of sorption depends predominantly on the quantity of CSH gel present 
in cement. Particularly, Rd increased as the C/S ratio decreased. The authors sug-
gested that increasing sorption with decreasing C/S on CSH is probably due to the 
replacement of Ca by Ni. Nickel sorption is relatively high on all cements, with 
the highest sorption occurring on cements containing low-lime CSH with a high 
alumina content.

Hietanen et al. (1984) reported Rd values determined on crushed concrete (<4 
and 2 mm particle size at pH 12.5 and 9.5). The Rd was found to be in the range 
of 560–5000 L/kg. Although the data are for concrete, they are included because 
the Rd values are not significantly higher than data from cement phases suggesting 
little or no influence of fresh aggregates on sorption. The data are also included 
because they provide the only data point at pH range 9–10. Equilibration times 
of 3–30 days were employed and had no impact on Rd values; hence, fast uptake 
kinetics should have been the case. Filtration increased Rd values up to two orders 
of magnitudes, suggesting that Ni particulates or colloids were removed from 
the system while measuring Rd. This is in contrast to the findings of Pilkington 
and Stone (1990). These different observations concerning the filtration effect 
on Rd occur probably because Hietanen et al. (1984) applied 10−6 mol/L initial 
Ni concentration, which is two orders of magnitudes higher than the one used 
by Pilkington and Stone (1990). The authors suspected that Ni may have been 
removed from the cement water by precipitation of Ni hydroxide. The initial con-
centration of 10−6 mol/L is close to the theoretical solubility of Ni(OH)2(beta) at 
pH 12.6 (it was 2 × 10−6 at pH 12.5). It is not excluded that the observed effect of 
filtration on Rd was caused by precipitation of Ni-containing minerals [not neces-
sarily pure Ni(OH)2]. Also interesting is that the study revealed from radiographs 
that Ni was distributed equally between cement phases and sandy ballast. This 
suggests that cement phases are not the only sorption sinks for Ni.

5.2 Nickel
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In a subsequent study, Hietanen et al. (1985) measured Rd of Ni on mixtures of 
crushed concrete and rock and found much lower Rd, in the range of 2–15 L/kg. 
The decrease in Rd compared to values for individual components was explained 
by accounting for the relative mass of each component and their associated Rd, 
and by correcting for differences in experimental conditions (i.e. composition of 
concrete pore water, S/L ratios). Strong dependence of Rd on S/L ratio was also 
observed, suggesting that the measured Rd values are not equilibrium distribution 
ratios (Hietanen et al. 1985). A two orders of magnitude drop in Rd was noticed 
when S/L increased from 0.1 to 3.6 kg/L. A similar dependency on S/L ratio was 
reported by Wieland and Van Loon (2002) and was attributed to “non-sorption” 
behaviour.

Rd values for Ni on several cement components were extracted from Andra 
(2005) (see Fig. 5.8). Data that were practically indistinguishable from zero 
have not been retained in the summary graph: CSH_1.65, CSH_0.83, and hydro-
garnet (all data). All other data points for CSH, ettringite, and hydrotalcite were 
retained and represented in the summary (Fig. 5.7). One data point for CSH_0.83 
from Andra (2005) was retained because it is judged as reflecting a real sorption 
value, despite being determined from an oversaturation condition with respect to 
Ni(OH)2 solubility. Ettringite is relevant because it was shown to accommodate 
Ni2+ at the divalent metal site in the crystal structure (Evans 2008). Hydrotalcite 
is also relevant as it is a magnesium- and aluminium-containing mineral, with 
aluminium being an important element in governing nickel solubility. To present 
these Rd values in Fig. 5.7, we assigned the following pH values to the follow-
ing CSH phases: pH 11 and 12.5 for CSH_0.83 and CSH_1.65, respectively. From 
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Fig. 5.8, one can see that Rd varies over 3 orders of magnitudes depending on 
sorbent phases and the Ni saturation state.

Very detailed and relevant studies on uptake of Ni onto cement were carried out 
by Jakob et al. (1999), Wieland et al. (2006), Wieland et al. (2000), Vespa et al. 
(2006a, b), and Scheidegger et al. (2000). These authors performed wet chem-
istry solubility and sorption studies, diffusion experiments, and spectroscopic 
investigations on the surface speciation of Ni on cement. The uptake of Ni was 
demonstrated to depend on the S/L ratio; hence, the uptake is presumably not an 
adsorption process [see Fig. 5.9 for the data compilation from Wieland and Van 
Loon (2002)].

Different from other studies applying wet chemistry methods for sorption 
measurements, Wieland et al. (2006) determined stable Ni concentration in equi-
librium with HCP to be in the range 10−8–10−7 mol/L, regardless of the S/L ratios 
from 10−6 to 0.13 kg/L. This concentration range agrees fairly well with Ni solu-
bility experimentally determined in cementitious systems (the solubility at pH 
13.3 determined by Wieland and Van Loon (2002) was 2 × 10−7 M). The authors 
further demonstrated that calculated Ni concentrations based on the relationship 
between the Ni taken up by the solid and the concentration of dissolved Ni at equi-
librium, using observed distribution ratios (Rd = 150 L/kg as lower bound4 and 
Rd = 1600 L/kg as upper bound) at S/L ratios >10−4 kg L−1, are significantly 
higher than the experimental data. They therefore concluded that the partitioning 

4Lower bound because Rd value obtained without adding stable Ni (inventory of dissolved stable 
Ni for HTS (Haute Teneur en Silice) Portland cement was 6.5 × 10−8 M).
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of Ni between HCP and pore water cannot be interpreted in terms of a linear 
reversible sorption process but is more likely controlled by solubility of a Ni solid 
phase formed upon Ni cement interaction.

The uptake studies further revealed that an equilibrium was obtained less 
than 7 days after 63Ni addition, suggesting fast kinetics of 63Ni uptake (Wieland 
et al. 2006). The latter observation is in agreement with the fast kinetics uptake 
reported by Hietanen et al. (1984). When no stable Ni was added to the HCP, an 
Rd value of 150 L/kg was determined at pH 13.3. The latter Rd value is consist-
ent with the best estimate reported by Pilkington and Stone (1990). When stable 
Ni-loaded HCP samples were used at a S/L ratio of 2.5 × 10−2 kg/L, the distribu-
tion ratio of 63Ni increased from 200 (added stable [Ni] of 10−6 M) to 1200 L/kg 
(added stable [Ni] of 10−4 M). Isotopic exchange of 63Ni with a small fraction of 
non-radioactive Ni in the cement matrix was considered to be responsible for the 
uptake of 63Ni by HCP. Isotopic exchange was described by means of a partition 
coefficient αp = Rd, M*/Rd, M, where Rd, M* and Rd, M are the distribution ratios 
of, respectively, 63Ni and stable Ni. The partition coefficient αp ranged between 
2.8 × 10−2 and 4.5 × 10−2 as a result of different experimental conditions (7 or 
30 days of equilibration; [Ni]stable added, between zero and 10−4 M). The find-
ings from this study indicate that isotopic exchange accounts for 63Ni uptake by 
HCP. Isotopic exchange of 63Ni, however, is determined by the total Ni concentra-
tion in pore water and the inventory of exchangeable Ni in HCP. Determination of 
uptake of nickel radioisotopes in cementitious materials therefore requires knowl-
edge of the non-radioactive nickel inventory. Such analyses were carried out for 
selected cements to be used in the future ondraf/niras repository in Dessel (see 
Sect. 5.2.3.2).

With the support of spectroscopic data, the same authors concluded that the dis-
tribution of Ni in a cement system can be best explained by a solubility-limited 
mechanism (Scheidegger et al. 2000). Mixed Ni–Al layered double hydroxides 
(LDHs) are probably present in cement and play the role of solubility-controlling 
phases. The solubility of such a phase in terms of Ni concentration is about 10−8–
10−7 mol/L at a pH around 13. Upon adding 63Ni tracer into the cement water 
system, 63Ni is exchanged with stable Ni present in Ni–Al LDHs through iso-
topic exchange. Because the latter process was defined in this review as a sorption 
mechanism, we propose to quantify the uptake of 63Ni by means of an apparent 
distribution ratio, Rd, based on the following arguments:

•	 Although Ni distribution in general is controlled by a solubility mechanism 
(Wieland et al. 2006), the uptake of 63Ni in particular is not and is regulated by 
isotopic exchange;

•	 63Ni uptake by cement is fast and reaches an equilibrium within 7 days 
(Wieland et al. 2006)

•	 The only unsatisfied condition for treating 63Ni uptake by cement as a sorption 
process is that uptake linearity has not been demonstrated. However, since the 
uptake of 63Ni is proportional to the Ni content on cement (isotopic exchange/
dilution), an apparent Rd for 63Ni can be estimated based on the total Ni content 
of the specific cement/concrete used.
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A detailed procedure for calculating an apparent Rd for 63Ni uptake is given in 
Sect. 5.2.3.2 based on an isotopic exchange mechanism, provided that the content 
of stable Ni in cement is known. Data on total nickel in cements are rarely deter-
mined; hence, relevant Rd values for 63Ni uptake by cement are scarce in the lit-
erature. Wieland et al. (2006) determined Rd for 63Ni as 150 L/kg on a commercial 
cement without adding extra stable Ni. The Rd was interpreted as being controlled 
by isotopic exchange between 63Ni and stable Ni impurities present in cement.

Apparent Rd values are also affected by the S/L ratio, as is illustrated in Fig. 5.9. 
Higher S/L ratios more appropriate for disposal conditions result in lower Rd values. 
While the trend is clear between S/L 10−3 and 10−1 kg/L, it is less clear at higher 
S/L values. The Rd value obtained from diffusion tests (S/L ~ 1.5) is about five times 
smaller than the value at 10−1 kg/L, but based on the difficulties to model reliably 
the diffusion test data (Jakob et al. 1999), the importance of the diffusion test was 
downweighed. Re-evaluating the data from Fig. 5.9 then suggests that the downward 
trend flattens off between S/L 10−1 and 1 kg/L, with an Rd between 100 and 200 L/
kg. Therefore, also for higher S/L ratios, an Rd of 150 L/kg still seems justified.

The apparent Rd determined by Wieland and Van Loon (2002) was obtained at 
pH 13.3; hence, it is valid for degradation State I. No information was provided 
as concerns extrapolation to other states. Previous investigations (Pilkington and 
Stone 1990; Ochs et al. 1998) and speciation modelling (Fig. 5.4) have demon-
strated that β-Ni(OH)2 may be the solubility-controlling phase. Recent spec-
troscopic data, however, revealed that mixed Ni–Al layered double hydroxides 
control immobilisation of Ni in HCP across States I to III. The β-Ni(OH)2 sol-
ubility was shown to decrease from pH 13 to 10, with a minimum solubility at 
approximately pH 10 (Fig. 5.4) and then increases again with decreasing pH. The 
solubility of Ni controlled by the mixed Ni–Al layered double hydroxides likely 
decreases with pH in a similar way as does the beta-Ni(OH)2 because (1) both Ni 
and Al hydroxides become less soluble as pH decreases towards a neutral value. 
When the stoichiometry and the solubility constant of the Ni–Al double hydrox-
ides are not available for estimating accurately its solubility, the mixture of pure 
Ni and Al phases may be used as a proxy for a rough approximation; (2) the 
dominant aqueous species of Ni in the concerned pH range is Ni(OH)3

− which 
has a decreased concentration from State I to State III. Based on these analyses, 
a general decrease of Ni solubility with pH is expected and it is likely to be con-
trolled by the slope of the solubility curve shown in Fig. 5.4 (the Ni(OH)3

− line 
in the bottom figure). In terms of sorption, an opposite trend is anticipated, i.e. 
Ni sorption will increase with decreasing pH because of an increasing stability of 
the dominant aqueous species Ni(OH)3

− when pH decreases from State I to States 
II and III. The summary Rd data seem to be in agreement with this hypothesis. 
Therefore, in principle, a higher Rd may be assigned to States II and III.

Based on the data from the NEA database (Gamsjager et al. 2005), the solubility 
decreasing factor from pH 13.3 to 12.5 is 1.3 × 10−5 M/2.1 × 10−6 M = 6.2, while 
from pH 13.3 to 10, it is 1.3 × 10−5 M/6.7 × 10−9 mol/L = 1940. Note that these 
solubility decreasing factors are based on calculated solubilities and thus depend 
on the database used. A solubility decrease by a factor of 10 seems acceptable from 

5.2 Nickel
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pH 13.3 to 12.5 (the difference in speciation between States I and II is only one 
hydroxyl group), but a factor of ~2000 seems very large for a pH drop from 13.3 to 
10 (there is considerable uncertainty about the change in aqueous speciation when 
going from State I to State III, and therefore, a more careful approach would be to 
limit the solubility reduction factor to 10 for States I to III). Also, solubility calcula-
tions using the NEA database did not consider other elements such as aluminium 
and magnesium, which are likely to influence Ni solubility.

At State IV, another solubility-controlling mineral phase was identified through 
geochemical modelling, i.e. NiCO3 becomes apparent (Fig. 5.4). Because its sol-
ubility is considerably larger than that of β-Ni(OH)2 in States I to III (Fig. 5.7), 
the Ni uptake will be much reduced when uptake is controlled by a solid-solu-
tion aqueous-solution equilibrium system similar to that for States I–III. Lower 
uptake values are indeed shown in Fig. 5.7 for State IV, i.e. from 5 to 10 L/kg. 
The two data points show Rd on calcite determined by Zachara et al. (1991) and 
Lakshtanov and Stipp (2007). The latter work attributed the uptake of Ni by calcite 
to co-precipitation rather than real adsorption (i.e. incorporation of Ni into freshly 
formed calcium carbonate); nevertheless, the uptake data were represented as Kd. 
The work of Zachara et al. (1991), however, suggested that the uptake was really 
adsorption through surface complexation.

The above review of literature data revealed a large variation in Rd values as 
is shown in Fig. 5.7. One hypothesis that could possibly explain this variation is 
based on the recent knowledge—mainly through the PSI investigations—that sta-
ble Ni concentration in cement waters plays an important role in Ni uptake. In 
other words, because stable Ni concentrations as high as 10−8–10−7 mol/L have 
often been overlooked, uptake of radioactive Ni may have been misinterpreted. To 
the authors’ understanding, the interpretation may still be correct, based on the fol-
lowing reasoning. Once 63Ni is added as tracer to a cement system in which the Ni 
concentration is solubility-limited, the removal of 63Ni will still occur through iso-
topic exchange. Hence, the measured apparent Rd in terms of 63Ni should reflect 
a genuine adsorption process. The conclusion therefore is that although most of 
published experiments did not take into account the stable Ni in solution, the Rd 
measured with radiotracer should still be valid for evaluating uptake of Ni in the 
context of safety assessment. A possible explanation of the large scatter in Ni 
Rd values (Fig. 5.7) could be the natural variation of stable nickel in the various 
cements used in Ni uptake experiments.

5.2.3  Sorption Mechanisms and Selected Sorption Values

5.2.3.1  Sorption Mechanisms

Compared to most of the elements involved in this review, Ni uptake on cement 
has been studied more intensively by batch sorption/solubility experiments, col-
umn experiments, and spectroscopic investigations. Evans (2008) summarised 
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that possible uptake mechanisms on cement phases for Ni include the following: 
ettringite accommodating Ni2+ at the divalent metal site in the crystal structure; 
non-electrostatic sorption on CSH independently to C/S ratio; and co-precipitation 
or surface complexation via the hydroxyl group on cement phases or onto hydrox-
ides. Furthermore, Ni may also be removed from cement waters by solubility-
limiting processes. Mixed Ni–Al layered double hydroxides have been regarded 
as solid phases that potentially control nickel uptake in cementitious systems. 
Although uptake of Ni on cement seems to be controlled by a variety of complex 
processes, simplified approaches based on improved understandings (e.g. isotopic 
exchange process) are available to allow an appropriate use of the Rd concept 
under the relevant range of Ni concentrations.

The aqueous concentration of Ni in cement is likely controlled by the solubility 
of a Ni solid phase formed in cement or by the equilibrium with Ni solid solutions. 
The uptake of Ni by cement is therefore not controlled by adsorption. Because of 
the presence of stable Ni in commercial cement, the uptake of nickel radioisotopes 
may be controlled by isotopic exchange.

Factors that were shown to impact nickel sorption in HCP include pH, S/L 
ratio, and total (stable) nickel content. The batch tests performed by Hietanen et al. 
(1984) using saline and non-saline groundwater resulted in similar sorption values.

It was further noted that the difference between nickel and most other ele-
ments is that the nickel solubility limit is potentially reached by the stable nickel 
background concentration in typical cement. Any nickel tracer that is added 
may not “sorb” if the system is already at the solubility limit. This is potentially 
very different from most other elements where a solubility limit can be reached 
but not just by the background content of the cement. Isotope dilution, coupled 
with an “accessibility factor”, thus becomes an important retardation process for 
nickel. Because of the complicated situation, (i) the procedure for deriving best 
estimates will be discussed first, and (ii) an application of the procedure will be 
presented using site-specific data from the ONDRAF/NIRAS cement characterisa-
tion programme. The best estimate sorption values thus obtained are not generic 
“scientific” best estimates, but site-specific values (i.e. specific to the assumed 
Ni background). These values may need to be recalculated for different cement 
compositions.

5.2.3.2  Approach to Derive Sorption Values Taking Account  
of Stable Nickel

Uptake of 63Ni by HCP can be modelled as an isotopic exchange process where 
63Ni exchanges with a small fraction of non-radioactive nickel in cement. In such 
a case, partitioning of 63Ni between HCP and the cementitious pore water can be 
described in terms of the partition coefficient αp (Wieland et al. 2006):

(5.3)αp =
Rd,M∗

Rd,M

5.2 Nickel
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where Rd, M∗ and Rd, M are, respectively, the distribution ratio for radioactive and 
non-radioactive nickel. Wieland et al. (2006) determined αp for HCP suspensions 
and found values between 2.8 × 10−2 and 4.5 × 10−2, i.e. 2.8–4.5 % of the total 
stable Ni is accessible for isotopic exchange with 63Ni. At stable nickel concen-
trations of 19.9 ppm (3.39 × 10−4 mol/kg) in HCP, the distribution ratio Rd, M∗ 
was 150 L/kg. The distribution ratio of 63Ni was found to increase with increas-
ing concentration of stable nickel sorbed, i.e. from 200 ± 2 L/kg at 22.1 ppm to 
1200 ± 100 L/kg at 255.3 ppm stable nickel sorbed.

Knowledge of the amount of stable nickel may thus be used to estimate the dis-
tribution coefficient for radioactive nickel Rd, M∗, based on Eq. (5.4) and consid-
ering known values for αp and Rd, M. The assumption taken forward here is that 
the αp-values determined by Wieland et al. (2006) on CEM I 52.2 N HTS (Haute 
Teneur en Silice) are applicable also to the cement-based materials that will be 
developed for the Dessel repository. In other words, the fraction of stable nickel 
available for isotopic exchange with radioactive nickel ranges between 2.8 and 
4.5 %.

Values for Rd, M were determined in this review on the basis of the assump-
tion that the effective sorption of stable nickel, Rd, M, is equal to the ratio of stable 
nickel in cement, Cs

0, (mol/kg) to the solubility of nickel in the cementitious pore 
water, S (M), which is analogous to the general definition of Rd:

The same approach was used by Bradbury and Sarott (1995) in determining the 
effective distribution ratio for 14CO3

2− from the amount of stable carbonate in 
cement and the solubility of CaCO3 in the pore water solution. Analogy between 
the isotopic exchange mechanism for 14CO3

2− and 63Ni is thus invoked here to 
determine Rd, M∗. Note that determination of the 14CO3

2− effective distribution 
coefficient is independent of the 14CO3

2− inventory; it is determined by the system 
itself when oversaturated in calcite, i.e. by the amount of stable carbonate and the 
solubility of CaCO3. The same reasoning is true for 63Ni, because the stable nickel 
inventory (expressed in moles/kg HCP) is much larger than the radioactive nickel 
inventory (expressed in moles/kg HCP). Combination of Eq. (5.3) and (5.4) results 
in the following expression for Rd, M∗ 

Values for Cs
0 were determined by measuring the stable nickel content in three 

cement types proposed for use in the Dessel repository, CEM I, CEM III-B, and 
CEM III-C. Total nickel was measured using a high-performance energy-disper-
sive X-ray fluorescence apparatus (X-LAB2000, Spectro Analytical Systems, 
Kleve, Germany). For laboratory analysis, all samples were analysed as pow-
ders (dried and finely ground) and placed in XRF sampling cups (Bruker AXS, 
Karslruhe, Germany) provided with a 2.5-µm Mylar foil (Chemplex, Tuckahoe, 
NY, USA). Values for total nickel ranged between 11 and 47.6 ppm (Table 5.4). 

(5.4)Rd,M =

C0
s

S

(5.5)Rd,M∗ = αp × Rd,M = αp ×
C0
s

S
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The consideration of Ni(OH)2 as solubility-limiting phase is conservative, as other 
nickel phases will result in lower solubilities. The derived sorption values are 
therefore also conservative as concerns the uncertainty about Ni chemistry (i.e. the 
lower the solubility, the higher the sorption value (see Eq. 5.5)).

A third parameter required for the calculation of Rd, M∗ is the nickel solubil-
ity. Wieland and Van Loon (2002) demonstrated, based on wet chemistry data and 
spectroscopic evidence, that mixed Ni–Al layered double hydroxides (LDHs) was 
the nickel-controlling solid phase in fresh cement. The range of Ni concentration, 
considered as a solubility limit, was from 5 × 10−8 to 2 × 10−7 M at pH 13.3. 
In another experiment, Wieland et al. (2006) confirmed the upper-bound value by 
some oversaturation experiments (adding extra Ni to cement). Therefore, the mini-
mum and maximum values from Wieland and Van Loon (2002) are taken for fur-
ther calculations.

Values for Rd, M∗ were calculated by means of Eq. (5.5) accounting for uncer-
tainties about all three parameters:

•	 αp-values used were 2.8 × 10−2 and 4.5 × 10−2 (Wieland et al. 2006);
•	 S-values used were 5 × 10−8 and 2 × 10−7 M (Wieland and Van Loon 2002);

Table 5.4  Elemental 
composition of cement 
powder determined by high-
performance ED-XRF

 Element Cement type Unit

CEM I CEM III-B CEM III-C

Al 0.57 2.03 2.50 wt%

Si 6.86 9.79 10.8 wt%

P 0.028 0.028 0.015 wt%

S 8190 23230 24990 µg/g

Cl <55 300 261 µg/g

K 0.43 0.33 0.32 wt%

Ca 39.8 29.4 28.1 wt%

Ti 0.15 0.22 0.23 wt%

V 101 <20 <20 µg/g

Cr 46.4 42.3 32.8 µg/g

Mn 0.08 0.12 0.18 wt%

Fe 3.6 0.94 0.53 wt%

Ni 47.6 17.0 11.0 µg/g

Cu 61.0 21.9 14.9 µg/g

Zn 439 142 92.1 µg/g

Rb 21.9 14.7 11.9 µg/g

Sr 785 659 564 µg/g

Y 15.7 55.1 48.1 µg/g

Zr 81.7 167 156 µg/g

Nb 7.60 5.10 5.30 µg/g

Mo 3.40 3.60 3.20 µg/g

Ba 295 697 736 µg/g

Pb 15.4 32.0 7.90 µg/g

5.2 Nickel
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•	 Cs
0 values are taken from Table 5.4: 11, 17, and 47.6 ppm (1.87 × 10−4, 

2.90 × 10−4, and 8.11 × 10−4 mol/kg).

Uncertainties in αp- and S-values will be considered for determination of upper 
and lower bounds. Table 5.5 shows sorption ratios for all parameter combinations. 
The lowest values 26.2 and 42.2 L/kg are for CEM III-C using the highest nickel 
solubility, whereas the highest values are for CEM I using the lowest nickel solu-
bility, i.e. 454 and 730 L/kg.

5.2.3.3  Sorption at State I

Values for Rd, M∗ discussed in Table 5.5 are representative of degradation State I, 
because αp-values determined by Wieland et al. were obtained at pH 13.3. The 
solubility range 2 × 10−8–5 × 10−7 mol/L was considered representative of State 
I (Sect. 5.2.1); hence, the selected S-values fall into this range. For cementitious 
barriers made from either CEM III-B or CEM III-C, an Rd, M∗ in the range 26.2–
40.5 L/kg presents a lower limit (conservative in terms of solubility and αp) for 
State I. For CEM I-based materials, a defensible and conservative Rd, M∗ value 
would be 1.14 × 102 L/kg for State I.

As lower and upper limits for State I, the maximum and minimum calculated 
value will be used, i.e. 26.2 (rounded to 30) and 730 L/kg. As best estimate 65.2 L/
kg was selected, rounded to 65 L/kg. The Rd, M* values calculated on the basis 
of Eq. (5.5) are consistent with the experimental values of Wieland et al. (2006) 
for HCP suspensions with 19.9 ppm (Rd, M* = 150 L/kg) and 22.1 ppm (Rd, 

M* = 200 ± 2 L/kg) stable nickel.

5.2.3.4  Sorption at State II

For States II and III, the same value will be proposed based on a solubility reduc-
tion factor that is applied here as a sorption increasing factor. The solubility reduc-
tion factor is principally based on the slope of the aqueous Ni speciation across 
States I, II, and III, which is governed by hydrolysis. In this study, the slope was 
based on thermodynamic calculations considering β-Ni(OH)2 as solubility-con-
trolling phase (Sect. 5.2.2). The same slope is assumed when mixed Ni–Al lay-
ered double hydroxides seem to be more relevant solubility-limiting solid phase 
for fresh cement (Sect. 10.1.2). If the same uptake principles applied at State I can 
be applied at other states, then for States II and III, the apparent Rd would increase 

Table 5.5  Effective distribution ratio Rd,M* (L/kg) for 63Ni for State I

Alpha Ni solubility 2 × 10−7 M Ni solubility 5 × 10−8 M

CEM I CEM III-B CEM III-C CEM I CEM III-B CEM III-C

2.8 × 10−2 1.14 × 102 4.05 × 101 2.62 × 101 4.54 × 102 1.62 × 102 1.05 × 102

4.5 × 10−2 1.82 × 102 6.52 × 101 4.22 × 101 7.30 × 102 2.61 × 102 1.69 × 102

http://dx.doi.org/10.1007/978-3-319-23651-3_10
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in proportion to the decrease in solubility. The solubility decreases by a factor of 
6.2 from pH 13.3 to 12.5, i.e. from 1.3 × 10−5 mol/L to 2.1 × 10−6 mol/L (based 
on NEA thermodynamic data; another approach would be to use actual measure-
ments from State I and State II, but few reliable data are available). Combining 
data from Cowper et al. (2005) for State II and Wieland and data from Van Loon 
(2002) for State I suggests a solubility decrease by a factor of 20. We therefore 
estimated Rd for States II and III from the calculated best estimate for State I, i.e. 
65 × 6.2 ≈ 400 L/kg. Upper and lower limits were obtained in the same way, i.e. 
by multiplying (and rounding off) the upper and lower limits from State I by 6.2 
(upper limit = 4500 L/kg, lower limit = 160 L/kg).

5.2.3.5  Sorption at State III

As stated above in Sect. 5.2.3.4, the same value of 400 L/kg is proposed for both 
States II and III. The same is true for upper and lower limits.

5.2.3.6  Sorption at State IV

For State IV, a different mechanism is assumed, which is most probably no 
longer isotopic exchange as the stable nickel has been removed from the cement 
phases due to cement degradation. Therefore, data from Zachara et al. (1991) and 
Lakshtanov and Stipp (2007) are taken as the basis (between 5 and 10 L/kg), with 
the minimum value conservatively taken as best estimate. No upper or lower limits 
were derived because of lack of data (Table 5.6).

5.3  Carbon

5.3.1  Chemical Form, Speciation, and Solubility

Eight isotopes of carbon exist with only two stable isotopes: 12C and 13C. 
Carbon-12 accounts for almost 98.9 % of the carbon on Earth. Carbon-13 accounts 
for most of the remaining 1.1 %, while other isotopes collectively make up less 

Table 5.6  Calculated best estimate, upper and lower limit Rd values for Ni for States I, II, and III 
using site-specific data on stable nickel (values in bold face). Selected best estimate for Ni for State IV

i.d.: insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 6.5 × 101 7.3 × 102 3.0 × 101

State II 4.0 × 102 4.5 × 103 1.6 × 102

State III 4.0 × 102 4.5 × 103 1.6 × 102

State IV 5 × 100 i.d. i.d.

5.2 Nickel



104 5 Sorption Values for Calcium, Nickel, and Carbon

than 0.1 % of the total amount of carbon on Earth. In nature, the radioactive 14C 
(half-life 5700 years) is principally produced by cosmic rays.

In nuclear power plants, 14C is produced in the fuel, from core structural mate-
rials, and in reactor coolant, due to the presence of the stable parent isotopes 14N, 
17O, and 13C. Production rates of 14C in typical PWRs are about a factor of 4 
higher for the nitrogen (14N) impurities in the fuel (UO2), compared to the oxy-
gen (17O) in the UO2 matrix. Production rates of 14C in core structural materials 
(from 14N impurities in zircaloy cladding and fuel assemblies) are in between 
those of 14N and 17O from the fuel. Production rates of 14C in reactor coolant 
as a result of reactions with 14N (nitrogen dissolved in the water), 17O (oxygen 
atoms in the water molecules), and 13C (carbon dioxide and organic compounds 
dissolved in the water) are about the same as those from core structural materi-
als (Yim and Caron 2006). Activated metal waste contains a substantial amount 
of 14C. Additional 14C produced in the coolant may add to the contamination of 
the other waste types. These waste types include ion exchange resins, concen-
trated liquids, filter sludge, cartridge filters, and trash. The predominant forms of 
14C available for transport at an LILW near-surface repository are carbon dioxide 
(14CO2), methane (14CH4), carbonate ion (14CO3

2−), bicarbonate ion (H14CO3
−), 

and elemental carbon in activated metals (USDOE 1996a, b).
Based on the ONDRAF/NIRAS 2003/2004 category A inventory, approxi-

mately one-third (34.56 %) of the 14C inventory occurs in steel components from 
decommissioning of nuclear power plants. Some of this 14C will be released in the 
organic form, the rest as inorganic carbon. The organic form will be partitioned 
between the gaseous (volatile hydrocarbons including CH4 and CH3–CH3) and 
aqueous (low molecular weight carboxylic acids such as formic and acetic acids) 
phase. At present, the exact amount of both forms is not known, but it is certain 
that their release will be governed by the steel corrosion rate (e.g. Small 2004), 
which is a very slow process under alkaline conditions (fractions of µm per year). 
Two-thirds of the 14C inventory is not associated with irradiated steel but with 
wastes from the operation of NPPs and other facilities. It is therefore probable 
that inorganic carbon will be the dominant chemical form (mainly as carbonate). 
Finally, microbial degradation of cellulose will produce carbon dioxide, including 
14CO2, but the amount will be relatively small given the very small amount of cel-
lulose. The large amount of stable carbonate compared to 14-C carbonate will pro-
mote immobilisation processes such as isotopic exchange.

Speciation of inorganic carbon in natural water is well known, and the 
only species that exists at high pH relevant for a cement system is CO3

2− (see 
Fig. 5.10). The expected aqueous species for inorganic carbon under near-surface 
repository conditions at pH > 10 is thus CO3

2−. For pH < 10, the HCO3
− species 

becomes predominant (degraded concrete).
Solubility of inorganic carbon in a cement system is generally considered as 

being controlled by calcite (Lothenbach and Winnefeld 2006). When portlandite 
is present, it controls the concentration of dissolved calcium, i.e. at pH above 12.5 
at 25 °C, the concentration of dissolved carbon is controlled by the solubility of 
calcite which can be easily calculated by an activity–activity diagram as shown 
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in Fig. 5.11. The total dissolved carbon concentration is about 8 micromolal and 
0.3 millimolal at pH 12.5 and 13.5, respectively. When portlandite dissolves away 
and the pH drops below 12.5, calcium concentration will be regulated by the sol-
ubility of CSH phases of decreasing C/S ratio. As the C/S ratio drops, calcium 
concentration in solution also drops and the dissolved carbon concentration will 
increase. Figure 5.12 shows the carbon solubility evolution simulated by a reac-
tion modelling for a system containing free alkali metal ions, portlandite, and CSH 
phases. The system is “washed” by water until all cement phases are depleted and 
only calcite remains. Calculations were done with The Geochemist’s Workbench® 
(Bethke 2006).

Fig. 5.10  Eh–pH diagram of 
inorganic carbon calculated 
with The Geochemist’s 
Workbench®. Carbon activity 
10−8
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5.3.2  Sorption Values from the Literature  
for the Benchmark Cement

5.3.2.1  Introduction

Most cementitious systems contain certain amounts of calcite (CaCO3), present 
as calcareous aggregates or generated during cement hardening and evolution. 
Hardened cement paste and concrete will have pore water that will be saturated 
with respect to CaCO3. The CO3

2− concentrations will depend on pH and the 
Ca2+ concentrations arising from other saturated phases, such as Ca(OH)2. In the 
same pore water, 14CO3

2− originating from ion exchange resins will be present 
and will interact with solid phases. According to Bradbury and Sarott (1995), the 
main removal mechanism for 14CO3

2− is by isotopic exchange with the finely 
divided CaCO3 phase. Under those conditions, an effective sorption parameter can 
be determined [for details, see Bradbury and Sarott (1995)]. From their analysis, 
Bradbury and Sarott (1995) concluded that the effective sorption parameter (or Rd) 
for 14C as 14CO3

2− in any system after a long time is equal to the ratio of the 
quantity of stable CO3

2− in the cement to the solubility limit of CaCO3 in the pore 
solution:

In other words, the effective sorption parameter Rd for 14C as 14CO3
2 is independ-

ent of the 14CO3
2 inventory. For application of the effective sorption parameter in 

safety assessment, Bradbury and Sarott (1995) suggest reducing the amount of sta-
ble CO3

2− available for isotopic exchange by a factor α of ~0.1. This suggests that 

(5.6)Rd =
amount of CO2−

3 in cement, inmol/kg

dissolvedCO2−
3 concentration, inmol/l

Fig. 5.12  Solubility of 
inorganic carbon in a cement 
system containing calcite, 
portlandite, dissolved alkali 
metal ions (K, Na), and CSH 
phases. The initial system 
(pH 13.5) is continuously 
“washed” by water until all 
cement phases dissolve away 
and only calcite remains 
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only 10 % of the total calcite surfaces are accessible for exchange. This assump-
tion then results in an effective sorption parameter which is 10 times smaller:

An example is given in Table 5.7, where the effective sorption parameter Rd is cal-
culated as function of pH.

Based on the above methodology for estimation of Rd, geochemical calcula-
tions were carried out to determine the carbonate concentration in solution and 
in the solid phase using the initial mineralogical composition of Table 5.8. These 
data represent the concrete composition to be used for the production of the con-
crete monoliths for the Dessel repository. Dissolution of the minerals occurs under 
steady infiltration of soil water as described by Jacques et al. (2008). The resulting 
evolution of carbonate concentration in solution and in the solid phase versus pH 
is shown in Fig. 5.13, together with the calculated Rd. Based on size fractions of 
calcareous aggregates (see further), the accessibility was calculated to be 0.23 % 
(i.e. 0.23 % of the carbonate in the solid phase is accessible). Under these condi-
tions, Rd is in the range 400–1.9 × 104 L/kg.

In Andra’s Dossier (2005), reference is made to additional experimental work 
to further elucidate on the fraction of carbonate available for isotopic exchange. 
Pointeau et al. (2002) re-evaluated the α factor for calcareous aggregates and 
experimentally obtained the following relationship:

(5.7)Rd = α ×

amount of CO3
2− in cement, inmol/kg

dissolvedCO3
2− concentration, inmol/l

(5.8)%accessibility, α = (1− logΦ)

Table 5.7  Distribution ratios Rd for 14CO3
2− as a function of pH (HTS cement in NaHCO3 

groundwater) [based on Table F-1 from Bradbury and Sarott (1995)]

In column 5, the total amount of calcite present is accessible, and in column 6, only 10 % of cal-
cite is accessible

pH Cycle 
number

Carbonate 
concentration in 
solution

Carbonate 
concentration in 
solid phase

Distribution 
ratio for 
14CO3

2−

α = 1

Distribution 
ratio for 
14CO3

2−

α = 0.1

(mol/L) (mol/kg) (m3/kg) (m3/kg)

13.5 1 6.1 × 10−4 4.2 × 10−2 6.9 × 10−2 6.9 × 10−3

13.3 3 1.8 × 10−4 4.6 × 10−2 2.6 × 10−1 2.6 × 10−2

13.1 5 6.0 × 10−5 5.1 × 10−2 8.5 × 10−1 8.5 × 10−2

12.9 7 2.5 × 10−5 5.4 × 10−2 2.2 2.2 × 10−1

12.8 9 1.4 × 10−5 5.9 × 10−2 4.2 4.2 × 10−1

12.5 25 8.0 × 10−6 9.2 × 10−2 11 1.1

12.4 314 8.0 × 10−6 0.75 93 9.3

11.7 1046 3.3 × 10−6 2.6 79 7.9

5.3 Carbon
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where Ф is the grain diameter for aggregates (mm) such as calcite. The predic-
tive capacity of the α factor was positively verified by Pointeau et al. (2002) for 
several cement systems. The accessibility factor for fines and calcite was found to 
be 0.5 % (average particle size ~0.01 mm). For coarser aggregates such as gravel 
(assumed average particle size of ~2.5 mm), the accessibility factor was 0.05 %. 
The accessibility relationship was obtained for sorption tests with a sufficiently 
long reaction time (~140 days) to reach equilibrium.

For the ONDRAF/NIRAS LILW backfill mortar (for the full composition, see 
“Table 1.2: proposed composition of backfilling mortar”), calcareous aggregates 
are used with size fractions ranging from 4 to 0.08 mm. For each size class, the 
accessibility coefficient α was calculated based on Eq. (5.8). The weighted mean 
value for α was 0.23 %.

5.3.2.2  Sorption Values

Individual data points from the reviewed Rd values are presented in Fig. 5.14, 
while Table A.7 (see Annex) summarises the experimental conditions adopted. 
Carbon is a difficult element, as cement itself contains much carbon which can 
complicate experiments. Therefore, relevance of literature data was mainly based 
on information about carbonate levels which should be well below the threshold 
point at which precipitation starts. This threshold is about 1–2 × 10−5 mol/L car-
bonate (Fig. 5.12).

At the occasion of their 2003 sorption database review, Wieland and Van Loon 
(2002) concluded for carbon sorption that there were “no compelling reasons to 

Table 5.8  Amount of minerals used in the leaching model for concrete degradation at Dessel 
(Jacques and Mallants 2011)

Calculated concrete porosity using PHREEQC and molar volumes of the relevant minerals is 
12 %

Element Concentration
(molal)

Components Amount
(mol/dm3 concrete)

Al
C
Ca
K
Mg
Na
S
Si
pH
Ionic strength

1.36 × 10−5

8.09 × 10−5

1.63 × 10−3

1.61 × 10−1

1.97 × 10−9

6.83 × 10−2

2.91 × 10−4

5.33 × 10−5

13.8
0.22

Jennite
Tobermorite
Ettringite
Tricarboaluminate
Monocarboaluminate
Hydrotalcite OH
Portlandite
Na2O
K2O
Calcite (cement)
Calcite (aggregate)

9.76 × 10−1

1.26 × 10−1

4.37 × 10−2

1.33 × 10−2

6.38 × 10−2

3.04 × 10−2

1.50
3.66 × 10−3

3.08 × 10−2

7.00 × 10−2

18.26

http://dx.doi.org/10.1007/978-3-319-23651-3_1
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revise the sorption values recommended in CEM-97 for C, …” For carbon, CEM-
97 (Bradbury and Van Loon 1998) refers to the original work of Bradbury and 
Sarott (1995) for a discussion on carbon sorption. A summary of findings and rec-
ommendations based on the latter work is given below:
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Fig. 5.13  Calculated distribution ratio as function of pH for the degradation of category A 
cement in contact with soil water at 10 °C (based on calculation case 7, Jacques et al. 2008). 
Approximately 0.23 % of the carbonate in the solid phase is accessible

5.3 Carbon
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•	 The earlier sorption studies report the following processes as likely mechanisms 
for carbon “sorption”: (i) isotopic exchange with inactive CO3

2− on CaCO3 
(Bayliss et al. 1988), (ii) mixture of precipitation and isotopic exchange (Allard 
et al. 1981), and (iii) precipitation (McKinley and Scholtis 1991).

•	 Most studies observed very high “sorption”, with a distribution ratio Rd up to 
10,000 L/kg and kinetic effects, i.e. time-dependent “sorption” processes.

Highlights from a number of other relevant sorption studies will also be dis-
cussed. Data from these studies served to produce the summary Rd graph shown in 
Fig. 5.14.

Concrete Rd Values

The batch sorption data from Allard et al. (1981) on 1–2-year-aged5 concrete 
(based on slag cement) show a very strong dependency on equilibration time: Rd 
values of 1600 L/kg are obtained for 1-week equilibration, while for five weeks of 
equilibration, sorption values are nearly 10,000 L/kg (Fig. 5.14). Allard et al. 

5Ageing of concretes and pastes occurred in the absence of air to avoid carbonatization.

Fig. 5.14  Distribution ratio (Rd) of inorganic carbon in cementitious systems. SRPC sulphate-
resistant Portland cement; OPC/BFS ordinary Portland cement/blast furnace slag; CSH calcium 
silicate hydrate. Calculated values from Bradbury and Sarott, who apply an accessibility factor 
(=0.23) to scale the data (see text)
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(1981) proposed two sorption mechanisms: (i) precipitation of 14CO3
2− together 

with inactive carbonate (trace concentrations of 14CO3
2− were used, but the artifi-

cial groundwater was almost saturated with respect to CaCO3) and (ii) an 
exchange mechanism with stable carbonate characterised by slow reaction kinetics 
(isotopic exchange). According to Allard et al., intra-particle diffusion does not 
seem to be the major process determining the reaction kinetics based on the slope 
of the Rd increase versus time. Because there was evidence that precipitation had 
occurred in the batch test, those Rd values will not be used in the summary Rd 
graph.

The uptake mechanism identified was precipitation; therefore, the sorption 
value reported was Rd because of the removal mechanism which involves pre-
cipitation of 14CO3

2− and formation of calcite, owing to the high dissolved Ca in 
the pore water and the high pH (12.5). Precipitation occurred on the aggregates. 
Because no other mechanism than precipitation has occurred, the Rd data will not 
be included in the summary graph.

Cement Paste Rd Values

The batch sorption data from Allard et al. (1981) on 1–2-year-aged cement pastes 
at an initial pH 8.1 (based on pure cement) also show a very strong dependency 
on equilibration time: Kd-values (Rd is more likely) of 1600 and 10,000 L/kg are 
obtained for, respectively, 1 and 5 weeks of equilibration. Sorption is considered 
to be due to two processes: 14CO3

2− precipitates together with stable carbonate 
and slow exchange between carbonates in solution and in the solid phase (14CO3

2− 
↔ CO3

2−
solid). Again, the data are not retained for the summary graph because 

precipitation cannot be ruled out. The data are also not retained because the final 
equilibrium pH is not known; the initial pH of 8.1 would make the data representa-
tive of State 4, but State 4 concerns calcite and not cement.

Figure 5.15 gives a summary of Rd values obtained by Bayliss et al. (1988) on 
SRPC and BFS/OPC. The initial aqueous phase concentration should have been 
below the threshold for precipitation. Batch tests were carried out using S/L ratios 
of 0.01 and 0.1 kg/L. The experts considered the former to be not representative. 
For BFS/OPC, the maximum Rd was 3000 L/kg, and for SRPC, it was 10,000 L/
kg. The lower values for BFS/OPC suggest that the reaction had not gone very 
far even after 210 days, possibly due to the high slag content. The Rd (14CO3

2−) 
of ~10,000 L/kg measured on SRPC after 100 days by Bayliss et al. (1988) could 
be reasonably well predicted by the Bradbury and Sarott approach (see Eq. (5.6) 
for effective sorption parameter estimation. This suggests that isotopic exchange 
with stable CO3

2− might have been the dominant sorption mechanism. This mech-
anism for carbon sorption was already identified by Bayliss et al. (1988), based 
on the observation that (i) increasing the 14C inventory increases Rd and (ii) the 
ratios of 14C/12C in solution are 30 times higher than those in the solid for SRPC 
(300 times for OPC/BFS). The former observation, however, does not agree with 
the theory of Bradbury and Sarott (1995) that the effective sorption coefficient for 

5.3 Carbon



112 5 Sorption Values for Calcium, Nickel, and Carbon

14C as 14CO3
2− is independent of the 14CO3

2− inventory (see Eq. 5.6). The lat-
ter observation leads Bayliss et al. (1988) to conclude that not all the carbon in 
cement is available for exchange with carbon (including 14C) in the pore water. 
A diffusion-limited uptake mechanism is further proposed to explain the differ-
ence in carbon availability between OPC/BFS and SRPC: the higher the diffusion 
coefficient, the higher the carbon availability. Note that similar reaction kinetics 
were observed by Allard et al. (1981), but diffusion was not considered as a rel-
evant mechanism. Finally, Rd values increase with increasing S/L ratio, a result 
of increasing the chance of contact between 14C in solution and in the solids. The 
increasing S/L ratio may also have increased “sorption site” concentration, as the 
concentration of stable C on the solid will also have increased.

Batch sorption experiments on CEM I OPC were carried out by Pointeau et al. 
(2002) considering twelve degradation states between pH 11.5 and 13.3. The ini-
tial 14CO3

2− concentration (10−7 M) was lower than the calculated solubility of 
carbonate in saturated portlandite water. Rd values increased between pH 13.2 
and 12.5 from 670 to 7400 L/kg. For degradation states under pH 12.6, Rd values 
decreased slightly. Sorption mechanisms were not identified.

CSH-Phase Kd-Values

Noshita et al. (2001) determined sorption behaviour on CSH with C/S = 0.83, 
1, 1.2, and 1.5 (initial C = 10−6 mol/L). 14C sorption in Ca(OH)2 solution 
(pH = 12.6) decreases with decreasing C/S ratio: 3900 L/kg for C/S = 1.5, 
3500 L/kg for C/S = 1.2, 2300 L/kg for C/S = 1.0, and 1800 L//kg for 
C/S = 0.83. In Ca(OH)2 solution, the formation of CaCO3 may have affected 
the Rd values, although the initial concentration of CO3

2− was adjusted below its 
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Fig. 5.15  Distribution ratio (Rd) for 14C onto SRPC (left) and OPC/BFS (right) [data from Bay-
liss et al. (1988)]. Rd values increase with time, with S/L ratio, and with initial aqueous concen-
tration of 14C
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maximum solubility to avoid precipitation. The adsorption mechanism for the oxy-
anionic carbon (CO3

2−) was suggested to be electrostatic adsorption onto cationic 
surfaces of CSH phases at high C/S ratio (-SiOCa+).

Calcite-Phase Kd-Values

Allard et al. (1981) determined distribution coefficients by means of batch tests 
imposing different equilibration times from 0.5 h to 6 months (at a pH of 8.2) 
using trace concentrations of 14CO3

2−. The time dependency of the sorption pro-
cess is clearly visible in Fig. 5.16: the range in Rd is 1–100 L/kg, and Rd increases 
with time. Allard et al. attributed the slow increase with time to slow exchange 
between carbonate in solution and carbonate in the solid (calcite). Intra-particle 
diffusion of carbonate probably is not the main uptake mechanism, because the Kd 
increase follows a (time−0.7) behaviour, while for diffusion, a (time−0.5) would be 
more appropriate.

Allard et al. (1981) also determined distribution coefficients by means of col-
umn tests. The applied water flow velocities were high (between 1.3 × 10−5 and 
10−4 m/s) relative to the time required to obtain an equilibrium condition between 
carbonate in solution and carbonate in the solid phase. Rd values decreased with 
increasing flow rate: for the lowest flow rate (0.01 ml/min), Rd was 0.3 L/kg, while 
for the highest (0.08 ml/min), it was 0.1 L/kg. These flow conditions resulted in aver-
age residence times in the columns of a few hours (between 0.35 and 2.8 h). The 
shortest equilibration time for batch tests was similar (0.5 and 2 h), and the batch Rd 
values were small too (Rd = 1 L/kg, see Fig. 5.16). These similarities suggest con-
sistency between batch Rd and flow column Kd, in that similar equilibration times 
provided similar sorption values. The low Rd value in the flow column is also consist-
ent with the assumption that carbonate uptake is controlled by slow reaction kinetics 
(i.e. isotopic exchange between carbonate in solution and in solid). Nevertheless, the 
experts had little confidence in that range representing the real system.

5.3.2.3  14C Partitioning Between Organic and Inorganic Carbons

Main sources of 14C in a LILW repository arise from activation products in steels 
(mainly reactor internal waste and decommissioning waste) and concrete, from 
14CO3

2− on ion exchange resins and from organic waste streams. When 14C is pre-
sent in organic waste streams, it will be incorporated into organic compounds that 
can potentially dissolve into the cement pore water, immediately after condition-
ing or after degradation. The pathway for aqueous CO2 is essentially independent 
of how it is generated, but an entirely separate pathway exists for carbon-con-
taining gases such as methane or hydrocarbons, perhaps dissolved in pore fluid. 
The latter may not undergo sorption in the sense used in this report. For a detailed 
discussion on 14C partitioning between organic and inorganic forms, the reader is 
referred to Ochs et al. (2011).

5.3 Carbon
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5.3.3  Sorption Mechanisms and Selected Sorption Values

5.3.3.1  Factors Influencing Rd on the Benchmark Cement

The chemical form of 14C is the most important factor influencing sorption. The 
organic form has been shown to be very weakly sorbed, whereas inorganic 14C 
sorbs strongly (Rd between 2000 and 20,000 L/kg for State II). It is thus of utmost 
importance to have good estimates of the partitioning of 14C between the organic 
and inorganic forms.

In the calculation of the effective sorption parameter Rd in case of isotopic 
exchange, both the concentration of carbonate in solution and that of carbonate 
in the solid phase are important parameters: increasing aqueous phase carbon-
ate concentrations will decrease Rd, while the opposite is true for carbonate in 
the solid phase. For inorganic carbon, the S/L ratio was shown to be an important 
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parameter: Rd values increase with increasing S/L ratio, owing to increasing the 
chance of contact between 14C in solution and in the solids. Reaction time is 
another parameter influencing Rd: as isotopic exchange is characterised by slow 
reaction kinetics, higher Rd values are obtained for longer reaction times.

5.3.3.2  Sorption Mechanisms

Evans (2008) considers two major uptake mechanisms for inorganic carbon: 
adsorption onto a positive site and precipitation. The adsorption mechanism for the 
oxyanionic carbon (CO3

2−) was suggested to be electrostatic adsorption onto cati-
onic surfaces of CSH phases at high C/S ratio (-SiOCa+). Precipitation is not rel-
evant in the context of this review. Real sorption mechanisms for inorganic carbon 
(14CO3

2−) occur only when carbonate levels are well below the threshold point at 
which precipitation starts. This threshold is about 1–2 × 10−5 mol/L carbonate. At 
higher carbonate concentrations, removal of 14CO3

2− is by precipitation and not 
by sorption.

Among the sorption mechanisms that have been further discussed in the litera-
ture, the following are the most probable:

•	 adsorption of the oxyanionic carbon (14CO3
2−) due to electrostatic adsorption 

onto cationic surfaces of CSH phases at high C/S ratio (SiOCa+) (Noshita et al. 
2001);

•	 isotopic exchange of 14CO3
2− with the finely divided CaCO3 phase (Bayliss 

et al. 1988), characterised by slow reaction kinetics (Allard et al. 1981). Under 
those conditions, an effective sorption parameter can be determined (Bradbury 
and Sarott 1995; Pointeau et al. 2002);

•	 mixture of precipitation and isotopic exchange (Allard et al. 1981), although 
precipitation is ruled out here as true sorption mechanisms.

Carbon is a difficult element, as cement itself contains much carbon which can 
complicate experiments. We therefore only evaluated data obtained at carbon con-
centrations below the threshold of calcite precipitation (this would then refer to 
sorption rather than precipitation). The precipitation threshold can be taken to be 
about 1–2 × 10−5 mol/L for States II and III for example. From these data, values 
were assigned to most sorption parameters for the four states.

Organic carbon shows a much lower sorption, but is not entirely zero. 
Dissolved organic carbon has been shown to display much lower sorption values. 
For instance, Sasoh (2004) observed an Rd up to 6 L/kg for HPC. The Rd values 
determined by Kaneko et al. (2003) at pH 12.5 onto HPC ranged from 4 to 12  
L/kg for carboxylic acids, methanol, ethanol, and formaldehyde. Reaction mecha-
nisms were not discussed in these studies. Owing to the limited data on sorption 
of organic carbon in cementitious environment, and owing to the limited process 
information available, a conservative approach will be taken in this review by con-
sidering negligible sorption (i.e. Rd = 0). For volatile 14C, also zero sorption is 
considered.

5.3 Carbon
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5.3.3.3  Sorption at State I

There are few experimental data about inorganic carbon, but the spread is lim-
ited. From these few data, the upper bound was agreed to be 3000 L/kg and the 
lower bound 700 L/kg. The best estimate for State I was agreed to be 2000 L/kg 
(Table 5.9).

5.3.3.4  Sorption at State II

Most available data for carbon are for the State II—pH 12.5—region (portlandite-
controlled stage). The spread is again quite limited. Crushed concrete gave Rd val-
ues of about 2000 L/kg, concrete coupons gave values of approximately 150 L/kg, 
and cement pastes gave values up to 104 L/kg. Low weighting was given where the 
nature of aggregates or other experimental parameters were not stated. Overall, for 
State II, it was agreed that appropriate data were in the range 2000 to 2 × 104 L/
kg. Upper and lower bounds of 2 × 104 L/kg and 2000 L/kg (the spread of the 
data) were agreed, with a best estimate of 5000 L/kg (Table 5.9).

5.3.3.5  Sorption at State III

The only data for State III appeared to be for OPC (Bayliss et al. 1988). This study 
was considered acceptable however. The range shown was 600–3000 L/kg. It was 
noted that values of 1.9 × 103 and 1.6 × 103 L/kg were obtained for 10−6 and 
10−7 mol/L carbonate concentrations, respectively. A value below 103 L/kg had 
come from an experiment with a 1/100 S/L ratio which was considered not repre-
sentative of the system. It was agreed that the experts should base the best estimate 
on 2 × 103 L/kg (Table 5.9). On account of there being very few data, no upper or 
lower bounds were assigned.

5.3.3.6  Sorption at State IV

There was a range of data applicable for State IV with much variability. Despite 
the pH being appropriate, data on cement paste and concrete were ruled out as 

Table 5.9  Selected best estimate, upper and lower limit Rd values for (inorganic) C

i.d.: insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 2 × 103 3 × 103 7 × 102

State II 5 × 103 2 × 104 2 × 103

State III 2 × 103 i.d. i.d.

State IV i.d. 1 × 102 1 × 10−1
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they are not applicable to State IV (which is calcite). There appeared to be a trend 
of increasing Rd with increasing equilibration time. The experts found it difficult 
to select a best estimate and did not assign a value. However, they assigned 0.1  
L/kg as the lower bound and an upper bound of 100 L/kg with the implication 
that the values may continue to increase. Data points on cement paste and concrete 
gave values higher than 100 L/kg (Table 5.9).

Calculated values using Eqs. (5.6) and (5.7) for the Dessel facility are available 
from Fig. 5.14. The resulting Rd values are as follows: 2800 L/kg at pH 13.5 (State 
I), 18,100 L/kg at pH 13 (State II because calculations at 10 °C, therefore pH 13 
is State II), 10,200 L/kg at pH 12.5 (State III), 5460 L/kg at pH 12 (State III), 
and 1900 L/kg at pH 9 (State IV). Thus, the calculated values are always higher 
than the best estimates from Table 5.9. There is consistency in the Rd trends: 
both calculated and selected values show an increase in State I with decreasing 
pH, towards a maximum in State II, followed by a decrease in State III. The rate 
of decreasing Rd is somewhat larger in the data compared to the calculated one. 
Possibly, the higher initial amount of calcite in the ONDRAF/NIRAS LILW con-
crete is responsible for the higher Rd in States II and III.
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Abstract The actinide elements—thorium, uranium, plutonium, neptunium, and 
protactinium—are important constituents of radioactive waste from nuclear fuel. 
Uranium also occurs in a variety of wastes, e.g. from mining. These elements 
all hydrolyse extensively in aqueous solutions and correspondingly strong sorp-
tion onto concrete, hydrated cement paste and individual CSH phases is observed. 
Sorption is also more or less constant over all states of cement evolution. The 
sorption mechanisms are, however, not well understood to date. In case of Th, rel-
atively fast kinetics of uptake and reversibility are observed, indicating that uptake 
occurs through surface processes and probably does not involve incorporation into 
the structures of hydrated cement phases. In contrast to Th, which exists only in 
the tetravalent oxidation state in aqueous environments, uranium, plutonium, nep-
tunium, and protactinium can exist also in lower and/or higher oxidation states. In 
analogy to their aqueous chemistry, very similar sorption behaviour is expected 
for all tetravalent forms. Sorption of U(VI) on cementitious materials is similar to 
Th(IV)/U(IV) in magnitude, but appears to involve different mechanisms (proba-
bly solid-solution formation). In lack of specific information, the same is assumed 
for Pu(VI). Relatively little is known for the pentavalent forms. Strong sorption is 
observed for Pa(V), but the underlying mechanism is not known. For Np(V), rela-
tively weak sorption is assumed in lack of specific data.

6.1  Thorium

6.1.1  Chemical Form, Speciation, and Solubility

Twenty-five (radioactive) thorium isotopes are known, of which six exist in nature, 
and are part of the following decay series:

•	 238U decay series: 234Th (half-life = 24.1 days) and 230Th (half-life = 8.0 ×  
104 years)

•	 232Th decay series: 232Th (half-life = 1.41 × 1010 years) and 228Th (half-life =  
1.91 years)

Chapter 6
Sorption Values for Thorium, Uranium, 
Plutonium, Neptunium, and Protactinium

© Springer International Publishing Switzerland 2016 
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•	 235U decay series: 231Th (half-life = 25.5 h) and 227Th (half-life = 18.5 days).

Natural thorium consists of essentially one isotope, 232Th, with trace quantities 
of the other isotopes. Thorium occurs only in the +4 oxidation state in nature. The 
Th+4 ion is the largest tetravalent cation known with a radius of approximately 
1 Å.

Thorium is not redox sensitive and the only aqueous species relevant in a 
cement environment is the hydrolysed species Th(OH)4(aq) as predicted by 
speciation calculation (Figs. 6.1 and 6.2). Equilibrium calculations using The 
Geochemist’s Workbench® (Bethke 2006) predict that the solubility of amorphous 
Th(OH)4 at pH > 7 is around 10−9 mol/L and independent of pH (Fig. 6.3). The 
predicted Th(OH)4 solubility has been found to be in good agreement with lit-
erature data concerning solubility experiments in cement systems using thorium 
hydroxide precipitate as solubility controlling phase (Tits et al. 2008; Wierczinski 
et al. 1998; Serne et al. 1996; Pilkington et al. 1988; Ewart et al. 1992).
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Fig. 6.1  Eh–pH diagram of thorium calculated with The Geochemist’s Workbench®. Thorium 
activity equals 10−8. Calculations based on solubility and speciation thermochemical data of 
Neck and Kim (2001)
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6.1.2  Sorption Values from the Literature  
for the Benchmark Cement

Figure 6.4 shows the compilation of reviewed Rd data as a function of pH. The 
summary of the reviewed Rd values and the experimental conditions under which 
they were determined are given in Table A.8 (see Annex).

Allard et al. (1984) measured Rd of Th on 7 different concretes and found that 
the concrete type had only a minor impact on the Rd value. The initial 234Th (232Th 
as carrier) concentration used was 2 × 10−10 mol/L, while the final Th concentra-
tion was much lower (i.e. ~10−12 mol/L based on a S/L ratio of 0.02 kg/L and an 
assumed Rd of 6300 L/kg, also see Table 6.1); hence, both concentrations were 
below the solubility of Th(OH)4(am). Since the detection limit of the experimen-
tal approach was not given, a definite appraisal of the equilibrium concentration 
remains difficult. Reportedly, Rd values were generally larger than 1000 L/kg and 
increased with contact time (until 100 days) to a few thousands L/kg. In a similar 
study, Heath et al. (1996) found similar Rd values on standard Portland cement.

Rd for Th on CEM I and V determined in a French R&D programme (Andra 
2005) is in the range of 104 to 105 L/kg. Because the Andra (2005) data contain 
both literature values and new measurements not reported previously in the open 
literature, only the new experimental data were retained (literature values were 
also retained if they were not yet included in the compilation). The data compiled 
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by Andra (2005) indicate that thorium uptake is the strongest at a pH of around 
11.6; from this value onwards either decreasing or increasing the pH leads to a 
decrease in Rd values. No apparent impact of cement type on Rd is shown as CEM 
I and CEM V both exhibit similar Rd values.

Part of the sorption data reported by Wierczinski et al. (1998) was also 
included in the Andra (2005) data (CEM I 42.5 sulphate resistant with S/L = 0.5). 
As is observed in Fig. 6.4, Rd determined by Wierczinski et al. indicated that Rd 
increases by an order of magnitude with decreasing pH from 13.2 to 12.5. Results 
further indicated that there was a tendency for Rd to decrease with increas-
ing S/L ratio (within the reported range from 5 × 10−4 to 5 × 10−2 kg/L, see 
Sect. 6.1.3.1). However, there seemed a difficulty in measuring Rd accurately 
when the S/L ratio is higher than 5 × 10−4 kg/L.

Further studies on Th uptake by cement materials have been carried out at PSI 
(Tits et al. 2000, 2002, 2005; Wieland and Van Loon 2002; Wieland et al. 1998, 
2002). A summary of their main results will be discussed here, while all relevant 
data are included in Fig. 6.4. Rd for Th on cement materials at State I (pH 13.3) 
is generally very large with values >105 L/kg. At the lowest S/L ratio employed 
(10−5 kg/L), Rd is larger than 106 L/kg. Note that the PSI investigations emphasise 
on the importance of using very low solid content in order to measure Rd accu-
rately. This is because sorption of Th on cement materials is very strong so that the 
solid content should be small to allow an accurate determination of the dissolved 
Th concentration in solution (see further). It was found that Rd decreased an order 
of magnitude if the S/L ratio increased from 10−5 to 10−4 kg/L. Further increase 
in S/L ratio did not change Rd. Based on these findings, Wieland and Van Loon 
(2002) suggested that lower Rd values in literature (e.g. those of Allard et al. 1984; 
Hoglund et al. 1985) are probably due to the higher S/L ratio used (2 × 10−2 kg/L) 
than that applied in the PSI experiments.

Tits et al. (2008) recently performed detailed batch experiments to determine 
the uptake of Th on synthesised CSH phases with C/S ratio between 0.65 and 1.82. 
Major observations from this study are as follows:

•	 Uptake values are large (Rd 105 to 107 L/kg);
•	 The uptake of Th is fast and reversible demonstrated by a quick equilibrium 

reached within one day and the sorption and desorption Rd values were found to 
be similar within the expected uncertainty range. The authors then suggested to 
consider that the binding of Th to CSH phases is a reversible process;

•	 There is indication that Rd values determined in co-precipitation experiments 
are slightly higher than the ones determined in sorption experiments suggesting 
that Th might be incorporated into the CSH structure;

•	 Rd is not influenced by pH (10.1–13.3) or chemical composition of the pore 
waters used in experiments. In particular, Rd does not seem to vary as C/S ratio 
of CSH phases changes suggesting that degradation of cement materials has no 
observable effect on Th uptake at the States I–III.

Sorption of thorium on OPC and degraded OPC (DOPC) was investigated by 
Cowper et al. (2006). These authors found a significant increase of Rd with cement 



127

degradation suggesting that degraded cement (essentially pure CSH, at pH 11.5) 
sorbs thorium stronger than freshly cured cement containing portlandite and alka-
lis (at pH 12.8). One possible explanation proposed by the authors is the formation 
of a Th co-precipitate with CSH or Th-bearing silicate. The observed increase in 
sorption may also be attributed, at least partly, to the increase in specific surface 
area when CSH content increased as OPC degraded. The specific surface was not 
measured however in the experiment. In the same study, Rd for americium showed 
the same behaviour, i.e., increasing with decreasing pH as cement degraded. The 
observed increase of Rd with cement degradation seems to contradict the findings 
of Tits et al. who measured relatively unvaried Rd on synthetic CSH phases at pH 
of 10–13.3. More discussion concerning the influence of cement degradation on Rd 
of Th is given in Sect. 6.1.3.2.

Tits et al. (2005) also determined Rd of thorium on calcite but in pH of 13.3 
(State I). Considering that speciation of Th at State IV might be the mixed com-
plex Th(CO3)(OH)3

− (although this species is not shown in Fig. 6.2), which might 
reduce sorption, Rd for Th at State IV is expected to be lower than the one deter-
mined by Tits et al. at State I pH.

6.1.3  Sorption Mechanisms and Selected Sorption Values

From the reviewed Rd values presented in the previous section, the most impor-
tant factors influencing Rd of thorium on cement materials appear to be S/L ratio 
and cement degradation state. For the latter, some studies showed a tendency of 
decreasing Rd from States I to III, while other studies illustrate relative constant Rd 
at States I–III.

6.1.3.1  Influence of S/L Ratio

Prior to the discussion of the potential influence of S/L ratio on thorium sorption, 
a discussion on the measurement window of thorium sorption under different S/L 
ratios is needed. Thorium is known to sorb very strongly on hydrated cements. 
Therefore, use of a high S/L ratio may easily result in thorium equilibrium con-
centrations that fall below the current analytical detection limits. In other words, 
the detection limit will imply an upper limit to the S/L ratio which will still result 
in reliable Rd values (i.e. allow reliable measurements of dissolved thorium 
concentrations).

A very useful discussion on the maximum and minimum measurable sorp-
tion value for thorium can be found in Tits et al. (2002). Although the measure-
ments and subsequent uncertainty analysis were done for sorption onto calcite, 
much of the concept and results can be extrapolated to the sorption measurements 
performed onto HCP by the same laboratory (Wieland et al. 1998, 2002), as the 
same equipment and approach were used. According to Tits et al., the minimum 

6.1 Thorium
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measurable activity Al,min for 228Th is about 34.5–50 counts per min/mL (values 
vary for different experiments), or 2.2–2.45 × 10−14 mol/L 228Th. The authors 
define the maximum distribution ratio, Rd,max, which is measurable with a suffi-
cient precision (i.e. relative uncertainty of 10 %) as

where Asusp is total initial activity in the suspension, S is mass of solid (kg), and L 
is volume of the aqueous phase (L). For a constant Asusp and Al,min, Rd,max depends 
only on the S/L ratio. For a S/L ratio of 2 × 10−2 and 10−4 kg/L, Tits et al. deter-
mined Rd,max (L/kg) as, respectively, 2.4 × 105 and 2.6 × 107.

Because Al,min depends on the background activity of the experiment, in prin-
ciple each experimental condition will have its specific Al,min value (depending 
on matrix, equipment, among others). Thus, Rd,max values are also specific to a 
specific experiment (J. Tits, personal communication), and extrapolation to other 
experimental conditions is not recommended. For measurements done within PSI, 
extrapolation of Rd,max values obtained from calcite to HCP can be done as a first 
approximation (similar set-up, same analytical technique and instruments used).

In addition to Rd,max, Tits et al. (2002) also defined Rd,min, the corresponding 
minimum measurable distribution ratio, as Rd,min = 0.15 × L/S for a 10 % relative 
uncertainty. Rd,min for sorption onto calcite was 7.5 and 1500 L/kg for a S/L ratio 
of 2 × 10−2 and 10−4 kg/L, respectively. By means of Rd,min and Rd,max, a meas-
urement window was thus defined by Tits et al. for thorium sorption measurements 
onto calcite as function of S/L ratio. We here assume that the magnitude of Al,min 
is also appropriate for the sorption measurements on HCP carried out by Wieland 
et al. (1998, 2002). Under those assumptions, the Rd,max values as function of S/L 
ratio may be used as first indication of the upper branch of the measurement win-
dow. This has been implemented in Fig. 6.5, where literature data about thorium 
Rd versus S/L ratio have been combined (data for State I only). Prior to including 
the literature data in the graph, a screening was performed to evaluate the quality 
of the data in view of experimental difficulties, especially at high S/L ratios. As a 
result of the screening, not all data were included in the graph (see Fig. 6.5).

An attempt was made to define the measurement window for each data set 
listed in Table 6.1 using Eq. (6.1) for Rd,max and Rd,min = 0.15 × L/S. In using 
Eq. (6.1), Al,min = 2.45 × 10−14 mol/L for the Wieland et al. data, or Al,min =  
detection limit for all other data. Rd,min and Rd,max values given in Table 6.1 should 
be seen as tools to assess the experimental window, i.e., whether the reported Rd 
values were measured within or outside the experimental window. Note, that for 
assessing data quality the experimental window is only one criterion.

Initially, seven sources of data were considered for the evaluation of the poten-
tial effect of S/L ratio on thorium Rd (Table 6.1). For each reported Rd value, the 
equilibrium concentration in solution (Cl) was calculated, and this value was eval-
uated versus detection limit (if the latter was available). The calculated experi-
mental window is also included. Data were qualified as low, medium, or high 

(6.1)Rd,max =

(

Asusp − Al,min

)

Al,min
×

L

S
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quality depending on the availability of information about experimental condi-
tions, including detection limit, the magnitude of the equilibrium concentration 
vis-à-vis the detection limit, and experimental window. Data were assigned a high-
quality weighting if the detection limit was given, the equilibrium concentration 
was well above detection limit, and the Rd values were within the experimental 
window. Data were of low quality if insufficient data were available to determine 
the equilibrium concentration, or when the latter could not be evaluated because of 
missing detection limit, or when Rd was outside the experimental window.

Three data sets were found to be of low quality (Allard et al. 1984; Hoglund 
et al. 1985; Holgersson et al. 1998), of which one (Holgersson et al. 1998) was 
excluded from further analysis because of insufficient experimental informa-
tion. The equilibrium concentrations for the two data sets screened in are about 
1.6 × 10−12 M, but the detection limit is not given; hence, the quality of such 
low values cannot be reliably assessed. The upper limit to the measurement win-
dow could not be determined. The data are nevertheless included in Fig. 6.5, but a  
low weight is given to their values.
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Fig. 6.5  Effect of S/L ratio on sorption of thorium on cementitious materials. Only data for 
pH > 13 (State I) are plotted. Vertical bars indicate measurement window, based on Rd,max and 
Rd,min taken from Table 6.1
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The Wierczinski et al. (1998) data are of a medium quality because the calcu-
lated equilibrium concentration is at or below the detection limit. The Rd value is 
outside the experimental window (based on a detection limit of 4.3 × 10−11 M). 
High-quality data sets are those from Cowper et al. (2006), and Wieland et al. 
(1998, 2002). Their calculated equilibrium concentrations are above the detection 
limit (note the very low detection limit given by Cowper et al.), or at least higher 
than the presumed detection limit (data of Wieland et al. (2002) did not provide 
detection limits, but the overall experimental conditions were well designed with 
proper knowledge of experimental windows).

Wieland and Van Loon (2002) found that Rd of thorium decreases by an order of 
magnitude if the S/L ratio used in batch sorption experiments increases from 10−5 
to 10−4 kg/L. Further increase in S/L ratio to 5 × 10−4 did not seem to affect Rd. 
Wierczinski et al. (1998) also observed an effect of S/L ratio on Rd measurement (the 
S/L ratio ranged from 5 × 10−4 to 5 × 10−2 kg/L). Note that at the high S/L values 
Th concentration in the liquid phase (232Th was used) was too low to determine the 
Rd accurately (at S/L of 5 × 10−3 and 5 × 10−2, Rd was determined by the detec-
tion limit). Even at S/L = 5 × 10−4 the accuracy of Rd is questionable: assuming 
an initial concentration of 1.1 × 10−11 M, the equilibrium concentration was calcu-
lated to be 1.1 × 10−12 mol/L (see Table 6.1), while the reported detection limit was 
<4.3 × 10−11 M. The effect of S/L ratio is probably caused by the problem of detection 
in measuring Th concentration in solution and is not related to sorption mechanism.

The maximum acceptable S/L ratio for reliable Rd measurements can some-
times be very low, as was reported by Geibert and Usbeck (2004) for calcite; they 
illustrated that the S/L must be below 5 × 10−7 kg/L in order to measure any sorp-
tion of 234Th on calcite.

Figure 6.5 plots Rd of thorium on cementitious materials as a function of S/L. In 
order to make a relevant comparison, only data at pH > 13 are plotted. The quality 
of the data points has been discussed on the basis of Table 6.1. We note that com-
parison for an effect of S/L ratio between different laboratories may not be relevant 
because of different experimental routines applied and different degrees of uncer-
tainties involved. Nevertheless, Fig. 6.5 suggests that the effect of S/L ratio on Rd 
is pertinent, but only in the S/L range 10−5 to 10−3 (based on high-quality data): 
there is about one order of magnitude decrease in Rd for a one order of magnitude 
increase in S/L. Again based on the high-quality data, the trend in Rd seems to flat-
ten off between 10−3 and 10−2 M. The low-quality data are included in the graph, 
but it is considered at present that they do not add much value to the discussion on 
the influence of S/L on Rd.

Based on the Rd,max and Rd,min values from Table 6.1, all experiments except 
one were carried out within their respective experimental window, using the 
approach of PSI. This is merely a confirmation for the appropriateness of the high-
quality data; it does not add any value to the medium- or low-quality data. In con-
clusion, a real S/L effect was observed at least for part of the range of S/L values 
(10−3 to 10−5) reported by the various experiments. How Rd behaves for S/L val-
ues higher than 10−3 needs further corroboration, especially in view of the much 
higher S/L ratios valid under repository conditions.
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6.1.3.2  Influence of Cement Degradation

Studies from Cowper et al. (2006), Andra (2005) and Wierczinski et al. (1998) 
investigated in particular the influence of cement degradation on Th sorption and 
seem to suggest that Rd increases with degradation of cement from State I to States 
II and III. The observed Rd increase with cement degradation may be linked to 
mineralogy change in cement because thorium aqueous speciation does not change 
at pH above 7.

Similarly, Allard et al. (1984) found that Rd of Th on concrete was about 
6000 L/kg at pH 11.6 and was slightly higher than Rd values measured at pH 13.5, 
which was about 3000–5000 L/kg. Hoglund et al. (1985) in a similar study con-
cluded that the sorption of actinides was highest in the lower end of the observed 
pore water pH range (12–13.5).

On the other hand, Tits et al. (2008) found that Rd for Th is relatively invariant 
on synthetic CSH phases of different C/S ratios and pH. If Th is sorbed mainly 
by CSH phases in cementitious materials and if sorption of Th should increase 
as cement degrades (as suggested by other studies discussed in this section), one 
should expect an increase of Rd with decreasing C/S ratio and pH. Since this is not 
the case, the data of Tits et al. seem to suggest that uptake of Th by cement should 
be unaffected by cement degradation.

After reviewing all the data, it is concluded that there is no clear evidence to 
support a trend of increasing Th sorption with cement degradation at States I to III.

At State IV, Th speciation may change to Th(CO3)(OH)3
− which might influ-

ence sorption. Also, calcite as the dominating sorbing mineral at State IV is 
expected to have much less sorbing potential than cement materials so Rd for Th at 
State IV is likely to be lower than the ones at States I to III.

6.1.3.3  Impacts of High Chlorine Concentration on Sorption

Bayliss et al. (1996) revealed that a hypersaline water (essentially a NaCl solution) 
has no effect on the sorption of tetravalent uranium and plutonium. Considering 
that a chemical analogy exists between Th(IV) and U(IV)–Pu(IV), one may also 
expect minor influence of NaCl on sorption of thorium. It is thus unlikely that an 
increase in NaCl concentration in cement pore water will affect adversely the sorp-
tion of thorium in the near field.

6.1.3.4  Sorption Mechanisms

Thorium hydrolyses strongly and is therefore expected to be adsorbed strongly by 
geologic materials with sorbing surfaces containing hydroxyl groups (Bradbury 
and Baeyens 2005). Not surprisingly, strong sorption (Rd > 1000 L/kg) is generally 
observed for thorium onto crushed cement, concrete, and synthetic CSH phases 
(see references cited in the next section). The sorption mechanisms are, however, 

6.1 Thorium
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not well understood. Application of advanced spectroscopic techniques, such as 
EXAFS, is limited for the study of uptake mechanism of Th because of the very 
low concentration of Th that has to be used in sorption experiments to avoid pro-
cesses other than adsorption such as precipitation and/or formation of Th colloids 
(Tits et al. 2010). Possible uptake mechanisms for Th on cementitious materials 
include surface adsorption, co-precipitation of Th with CSH phases, and formation 
of solid solution, e.g., to form a zircon-like Th(IV)SiO4 phase.

Work by Tits et al. (2000) and Wieland et al. (1998) support the hypothesis that 
uptake of Th on sulphate-resisting Portland cement (SRPC) and CSH phases at 
State I (pH 13.3) is kinetically fast (completed within 2 days) so that the uptake 
mechanism is likely controlled by adsorption processes. This implies that uptake 
of thorium on cementitious materials occurs through surface processes and proba-
bly does not involve incorporation of thorium into structures of cementitious mate-
rials. A recent study on sorption of Th on synthetic CSH phases also supports this 
type of adsorption mechanism (Tits et al. 2010).

Studies of the interactions of CSH phases with cerium (IV), as a chemical ana-
logue to tetravalent actinides, have found the zircon-like mineral Ce(IV)SiO4 to be 
stable at high pH (11–12.5) (Adenot et al. 2001). This suggests that also thorium 
may form silicate phases with CSH in a cementitious environment.

To interpret their batch Rd data, Sugiyama et al. (2003) and Sugiyama and 
Fujita (1999) applied a sorption model and alternatively a co-precipitation model 
and found that the latter explains better the thorium sorption data on OPC than the 
former. From these observations, they suggest that uptake of actinides in the form 
of neutral species such as Th(OH)4 can be better modelled by co-precipitation. 
The suggested uptake mechanism of thorium on cement is by formation of a co-
precipitate between thorium and Ca(OH)2 in CSH.

Having considered the data described above, the expert group agreed the fol-
lowing on the selected sorption values for different degradation states. It was 
agreed that sorption at States I, II, and III would be similar. Sorption in State IV 
would be weaker than for the other states, but relevant data were lacking for this 
state (there was also agreement on the model-predicted thorium speciation, which 
was the same for all four states of cement evolution, i.e. Th(OH)4). Most published 
Rd values were greater than 1000 L/kg showing high sorption. There were few 
data at pH values below 12 (relevant to States III and IV). Data from Allard et al. 
(1984), however, indicated that Rd values were moderately independent of pH.

The expert group noted the wide range of solid–liquid ratios used in the tho-
rium experiments and also the sensitivity of Rd values to solid–liquid ratios, which 
resulted from several reported values to be likely limiting values (i.e. correspond-
ing to detection limit) (see Sect. 6.1.3.1). Some concern was expressed about the 
use of very low solid–liquid ratios in some experiments. There was wariness of 
sorption data on a phase that is not dominant at the quoted pH, e.g. sorption data 
for calcite at pH 13. It was felt that such data should not be disregarded, but that 
there should be an awareness of the weighting given to it.
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6.1.3.5  Sorption at State I

On the basis of the Th speciation as well as Allard et al. (1984) and other data, it 
was felt that it was not possible to differentiate between States I to III, so the same 
values should be used in each state. Having noted that the two families of data 
had a spread on them that was then reflected in the lower bound and upper bound 
adopted in States I–III. The best estimate was placed in the centre.

The upper limit was assessed as 1 × 106 L/kg or possibly higher, but it was 
noted that values higher than ~106 L/kg are difficult to measure experimentally. 
The best estimate for States I, II, and III was put at 3 × 104 L/kg, following exam-
ination of oxides and sorption data for clays, and taking account of the decision 
that Th should not have a higher Rd than U(IV) (see Sect. 6.2.3).

6.1.3.6  Sorption at State II

The experts agreed that it was not possible to differentiate between States I to III, 
which is in line with the thermodynamic prediction that thorium speciation is the 
same in all states (Sect. 6.1.3.4). Therefore, the same values are used in each state 
(Table 6.2).

6.1.3.7  Sorption at State III

It was not possible to differentiate between States I and III, so the same values 
should be used in each state (see Sects. 6.1.3.5 and 6.1.3.6). However, it was rec-
ognised that State III is more complicated than the others and that there are few 
data for thorium sorption under State III conditions. CSH offers good sites for 
sorption, but the amount and nature of CSH is variable across State III and is dif-
ficult to predict, and the predominance of CSH will cease towards the end of State 
III. Overall, however, the experts decided that the Rd values for State III should be 
the same as those for States I and II, because (1) a constant Rd for Th across all 
degradation states is proposed based on constant speciation and (2) data for State 
III are for the centre of this state (~pH 11), and not for the low C/S extreme.

Table 6.2  Selected best estimate, upper and lower limit Rd values for Th(IV)

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 3 × 104 1 × 106 1 × 103

State II 3 × 104 1 × 106 1 × 103

State III 3 × 104 1 × 106 1 × 103

State IV 3 × 104 1 × 106 3 × 103

6.1 Thorium
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6.1.3.8  Sorption at State IV

It was noted that there are few data for State IV. Calcite data from Tits et al. (2000, 
2005) for State I show CSH to sorb more strongly than calcite at State I. The data 
for calcite from Tits et al. (2000) are at the top end of the range, but they build 
confidence that thorium sorption in State IV is similar to sorption in States I–III.

It was decided to keep the same best estimate (3.0 × 104 L/kg) as for States 
I–III to reflect the fact that the speciation is identical and that therefore the data 
from Tits et al. (2000, 2005) are applicable to State IV. A broader range of values 
is proposed for State IV, reflecting a wider band of uncertainty in the absence of 
good data.

It was noted that there are data for plutonium sorption onto calcite (Sect. 6.3): 
the Berry et al. (2000) data give Rd values for sorption of plutonium onto cal-
cite (~300 L/kg). Equivalent data are not available for thorium. The analogy for 
the plutonium lower limit was applied to thorium, thus giving an upper bound 
of 1.0 × 106 L/kg, and a lower bound of 3.0 × 101 L/kg. Table 6.2 shows the 
selected best estimate as well as upper and lower bound Rd values for thorium.

6.2  Uranium

6.2.1  Chemical Form, Speciation, and Solubility

Uranium (U) has sixteen isotopes; all are radioactive. Several isotopes of uranium 
are naturally occurring radionuclides, including 238U (half-life 4.47 × 109 years), 
235U (half-life 7.04 × 108 years), and 234U (half-life 2.46 × 105 years). Naturally 
occurring uranium typically contains 99.274 % 238U, 0.720 % 235U, and 0.0057 % 
234U by weight (IAEA 2001). Uranium can exist in the +3, +4, +5, and +6 oxi-
dation states, of which the +4 and +6 states are the most common states found in 
the environment.

Much of the uranium that is used in commercial applications is used to produce 
nuclear fuel. A typical 235U enrichment for commercial reactors is approximately 
3 % (i.e. 3 % of the uranium in a nuclear fuel rod is 235U, the rest is 238U). Since it 
is the fissile 235U that is used up in the fission reaction, most of the 238U remains 
in the fuel and is mixed with highly radioactive fission and activation products that 
result from the fission process. Corrosion of fuel elements will result in leakage of 
uranium isotopes (mainly 238U and 235U) into the primary cooling circuit. LILW 
waste streams that originate from treatment of the primary cooling circuit will 
contain low levels of those isotopes. Uranium may also end up in waste streams 
that originate from nuclear fuel production facilities, from operation and decom-
missioning of nuclear research facilities, etc. A large number of uranium iso-
topes may be present in LILW, including 233U, 234U, 235U, 236U, 237U, and 238U  
(NDA 2011; NIRAS 2008).
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The speciation and solubility diagrams are presented in Figs. 6.6 and 6.7. 
Uranium (VI) speciation in an oxidising cementitious environment is dominated 
by the hydrolysis species UO2(OH)3

− and UO2(OH)4
2− (Fig. 6.8). Solubility cal-

culations using the NEA database (Guillaumont et al. 2003) indicate that calcium 
urinate CaUO4(c) is the only stable U(VI) phase controlling the U solubility in 
a cement pore water containing calcium and sodium. The predicted solubility 

Fig. 6.6  Eh–pH diagram 
of uranium in the absence 
of cement components, 
calculated with The 
Geochemist’s Workbench®
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of U(VI) controlled by this well crystalline phase is extremely low at around 
10−14 mol/L at pH > 12 (Fig. 6.6). Note that the [Ca] used in our calculation is 
0.7 mM, which is relevant for State I. At a higher [Ca], e.g., 15 mM for the State 
II, the solubility of CaUO4(c) is even lower. The predicted low U(VI) solubil-
ity is a consequence of the NEA uranium database in which the high stability of 
CaUO4(c) dominates over other phases. Hummel et al. (2002) (PSI database) sug-
gest that the data selected by the NEA are based on calorimetric experiments at 
high temperature and may not be relevant for a low-temperature aqueous system. 
Moroni and Glasser (1995) found that the U(VI) phase designated as CaUO4 has 
a lower stability than the data selected by Guillaumont et al. (2003) and measured 
a U(VI) solubility of 10−8 to 10−7 mol/L at pH 9–13.5. However, their study was 
carried out at 85 °C and the derived thermochemical data were not selected for 
inclusion in Guillaumont et al. (2003). CaUO4(c) is therefore accepted as the solu-
bility-limiting solid. Another candidate solid, likely to be encountered in State I, is 
Na2U2O7 (hydrate). At a sodium concentration of about 14 mM relevant for State 
I, U(VI) solubility is around 10−7 mol/L.

For the solubility of U at State II, a recent study (Altmaier et al. 2005) illus-
trated the stability of CaU2O7·3H2O (cr) at pH 9–12 and the solubility constant 
of the solid was determined to be logK = 11.7 at 25 °C for the following reaction:

Using the above reaction and the associated solubility constant in combination 
with the uranium data reviewed by the NEA (Guillaumont et al. 2003), the sol-
ubility of U(VI) controlled by CaU2O7·3H2O(cr) at State II is calculated to be 
10−5 mol/L.

Under a sufficiently reducing condition for U(IV) to prevail, the uranium spe-
ciation will be dominated by the aqueous species U(OH)4(aq) and the solubility 
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will be controlled by the UO2 solid as suggested by Berner (2002). It is generally 
believed that U(IV) solubility is lower than U(VI) and a concentration limit con-
trolled by UO2 solid is expected to be below 10−8 M at the cementitious pH range.

The majority of the U(VI) solubility measurements reviewed show a pH 
dependency and are fairly consistent in terms of solubility values which are in the 
range of 10−7 to 10−5 M. As concerns the sorption data to be reviewed in the next 
section, data qualifies as “sorption” if initial U concentrations are below the indi-
cated solubility range.

6.2.2  Sorption Values from the Literature  
for the Benchmark Cement

Reviewed Rd values for uranium sorption on cementitious materials are presented 
in Fig. 6.10. These Rd values were measured under experimental conditions sum-
marised in Table A.9 (see Annex). All data sets are for U(VI) except the work of 
Bayliss et al. (1996), in which one data set was intended for measuring U(IV) 
sorption. These Rd values were all measured in batch experiments that were car-
ried out in the UK (Bayliss et al. 1996; Baker et al. 2002; Berry et al. 2000), 
France (Andra 2005; Harfouche et al. 2006), and Switzerland (Tits et al. 2008), 
with all the three groups of data being self-consistent (Fig. 6.10).

Sorption values reported by Baker et al. (2002) onto leached NRVB, hydrother-
mally treated leached NRVB and a 1:1 C/S CSH gel were in the range of 2000–
10,000 L/kg. The main observation was that Rd values are similar between the 
degraded and freshly prepared NRVB samples suggesting that sorption of U(VI) is 
relatively unaffected by degradation of NRVB (loss of portlandite).

Bayliss et al. (1996) measured Rd for U(VI) at State II pH around 12.5 on 
NRVB samples under non-saline and hypersaline conditions at two different tem-
peratures (room temperature and 77 °C). Rd values about 6000 L/kg were obtained 
and these were not affected to a large extent by either the change of salinity or 
temperature. The same study also tried to measure sorption of U(IV) on NRVB 
and a similar Rd value to the one for U(VI) was observed. The initial uranium 
solution was prepared by adding sodium dithionite as the reducer to the acidic 
uranium solution in a N2 glove box. No reducing agent was used in the sorption 
experiment however. The authors therefore concluded that the oxidation state 
of U(IV) may not have been maintained and U(IV) might have been oxidised to 
U(VI) during the sorption experiments.

Sorption of U(VI) on OPC/PFA grout (pulverised fuel ash) was studied in grout 
leaching solutions (Sutton et al. 2003). Kinetic experiments showed that sorption 
occurred in two steps, fast and slow, and it was thought to be related to the increas-
ing accessibility of sorbing sites on grout surfaces as function of time. At a pH of 
about 12, a Rd value was determined to be in a narrow range of 1500 and 3600 L/kg. 
A zeta potential measurement indicated that grout surfaces are negatively charged at 

6.2 Uranium
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pH above 2. Sorption of negatively charged uranyl hydrolysing species UO2(OH)3
− 

and UO2(OH)4
2− on negatively charged grout surfaces was explained as due to 

inner-sphere surface complexation.
U(VI) sorption on calcite was measured by Berry et al. (2000) and a Rd value 

about 50 L/kg was obtained. Sorption of U(VI) on calcite was found to be insensi-
tive to pH in the range of 8–12, and this seems reasonable considering that U(VI) 
speciation is not varying in that pH range and the only important species present is 
UO2(OH)3

− (see Fig. 6.8).
According to the data of Pointeau et al. (2004a), uranium (VI) uptake for 

degraded (portlandite free) CEM I and CEM V cements [C/S at 1.3 (pH 12.2), 1.0 
(pH 11.5), and 0.7 (pH 9.9)] and CSH [C/S at 1.3 (pH 12.1) and 0.7 (pH 10)] is 
controlled by adsorption supported by the observed linear and reversible uptake 
isotherms. Uptake values are indicated as Rd not Kd because of the short contact 
time (3–21 days) between solids and cement pore fluids; that is, the equilibrating 
time is too short to assume a thermodynamic equilibrium (Fig. 6.9). The sorption 
linearity was present for U(VI) concentrations from 10−13 to 10−7 M. Because of 
the similarity of the sorption behaviour between the degraded cement and CSH 
phases, the latter is considered as being the sorption sink for uranium in cement. 
Also, uranium sorption slightly increases from 3 × 104 to 1.5 × 105 L/kg when 
cement degrades from pH 12.2 to pH 10. Surface complexation on silanol sites 
(>SiOH) with variable charge, depending on C/S ratio, were indicated as possi-
ble mechanisms for uptake. The observed increase in Rd with decreasing pH was 
explained due to the competition effect of calcium for the sorbing sites. Calcium 

Fig. 6.9  Sorption isotherms on degraded (i.e. portlandite free) CEM I and CEM V cement pastes 
(replotted from Pointeau et al. 2004a)
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concentration is at the highest at pH 12.5 (State II), so the sorbing sites are occu-
pied largely by calcium following the surface reaction:

Therefore, based on this concept, the sorption of U is at the lowest at State II. 
When pH decreases as cement degrades, calcium concentration in solution 
decreases leading to higher density of sorbing sites for U and thus higher Rd val-
ues. U(VI) uptake did not seem to be affected by cement types, which is supported 
by the fact that Rd values are similar on CEM I and V. The latter is a slag type of 
cement (slag content from 18 to 50 wt%) with reducing capacity. These results 
may suggest that U(VI) may not have been reduced to a significant extent.

In a more recent study, Pointeau et al. (2008) measured Rd for U(VI) on CEM I 
paste in the pH range of 11.5–13.3 and observed similar Rd values as in the earlier 
work (Pointeau et al. 2004a). At pH 13.3, Rd for U(VI) was about a few thousands 
L/kg and increased to 200,000 L/kg after portlandite was depleted and the solution 
composition was controlled by CSH phases. During the first stage of degradation 
(States I and II), the Rd values are nearly constant (1000–4000 L/kg), and it is only 
when the CSH phases control the solubility of Ca in the second part of the degrada-
tion (State III) that the Rd values increase significantly. The trend suggests at least a 
one order of magnitude increase in Rd when degradation progresses from State I/II 
to State III. The observed increase in Rd with degradation of cement towards lower 

(6.3)SiOH+ Ca2+ ⇔ SiOCa+ + H+
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Fig. 6.10  Reviewed Rd values for uranium (VI) as a function of pH. Two data points for U(IV) 
are also included. OPC/PFA ordinary Portland cement/pulverised fuel ash; NRVB Nirex reference 
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(CSH/ACW; CSH/alkali free) shows range of values as function of initial U(VI) concentration. 
ACW artificial cement water
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pH and lower Ca concentration range seems to be consistent with the theory that Ca 
is competing with sorbing sites on cement for uranium. The authors explained that 
a formation of inner-sphere surface complexes is likely to be the dominating sorp-
tion mechanism. A formation of uranium solid solutions with Ca and Si is also pos-
sible following an initial step of sorption by surface complexation.

The Rd data by Tits et al. (2008) for U(VI) on synthetic CSH phases are in a 
range of 103 to 106 L/kg. U(VI) sorption has a general tendency to increase with 
decreasing pH (roughly one order of magnitude from States I to III) and this is 
in agreement with the studies of Pointeau et al. (2004a, 2008), although differ-
ent solid materials were used (CSH by Tits et al. 2008 vs. HCP by Pointeau et al. 
2004a, 2008). Also, sorption of U(VI) is enhanced if aqueous Ca concentration 
increases and that was explained as being due to a formation of solid solution 
involving U and Ca. These authors further found that uptake of uranium onto CSH 
is nonlinear suggesting solid-solution formation. Higher uranium concentrations 
resulted in a solubility controlled behaviour, i.e., uranium was removed from the 
aqueous phase by forming either precipitates or solid solutions involving U and 
Ca. In a separate study with a similar CSH system, wet chemistry data pointed 
to formation of a calcium urinate solid (Harfouche et al. 2006). Tits et al. (2008) 
interpreted the latter data assuming that a CaUO4 phase is regulating the dissolved 
uranium concentration. The solubility of CaUO4 was found to be in agreement 
with the results reported by Moroni and Glasser (1995). As discussed above, the 
solubility of CaUO4 determined by Moroni and Glasser (1995) is several orders of 
magnitudes higher than the solubility value selected by the NEA data review. This 
may suggest that a metastable CaUO4 phase might be present in the systems inves-
tigated by Moroni and Glasser (1995) and Tits et al. (2008).

6.2.3  Sorption Mechanisms and Selected Sorption Values

6.2.3.1  Sorption Mechanisms

One of the most important parameters influencing U(VI) sorption was shown to be 
calcium concentration. Some studies found that Ca was in competition with U for 
sorption sites on cement so Rd in general decreases with increasing Ca concentra-
tion in the pore fluid. Other studies observed that uptake increases with increasing 
Ca concentration because of formation of solid solutions of U–Ca endmembers. 
The measured Rd data are, however, too scattered to confirm or reject the trends 
that have been proposed. Also, in the above mentioned studies, the variation of Ca 
concentration in solution is related to pH change. So it is difficult to assess inde-
pendently the influence of the two system variables Ca and pH on Rd. The effect 
of oxidation state on uranium sorption could not be investigated because nearly 
all available experimental data refer to U(VI). The only exception is the study of 
Bayliss et al. (1996), in which both U(IV) and U(VI) sorptions were measured in 
otherwise identical conditions. No major difference in Rd was reported.
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Since it cannot be ruled out that U(IV) may exist at least in the initial period 
in the lifetime of a near-surface repository when anoxic conditions may exist (see 
the discussion related to plutonium, Sect. 6.3.2), sorption values for reduced spe-
cies also need to be assessed. Because most measurements have been made under 
oxidising (aerobic) conditions, one has to rely on measured sorption data avail-
able from other elements (chemical analogy). The best analogue for U(IV) would 
be Th(IV). Comparison between Th(IV) best estimates (Sect. 6.1.3) and those for 
U(VI) (see Sect. 6.2.3) reveals that thorium exhibits the same sorption as U(VI) 
for States II and III, except for State I [30,000 L/kg for Th vs. 1000 L/kg for 
U(VI)] and State IV [30,000 L/kg for Th vs. 5 L/kg for U(VI)]. This is consistent 
with the observation of Bayliss et al. (1996).

To date, the following uptake mechanisms are reported: (1) linear sorption up 
to ~10−7 mol/L onto HCP and CSH (Evans 2008; Pointeau et al. 2004a, b, c), 
possibly followed by the formation of a calcium uranate precipitate at higher con-
centrations (Evans 2008), (2) linear sorption onto CSH in the concentration range 
10−6 to 10−4 mol/L without formation of pure U(VI) precipitates (Harfouche et al. 
2006), and (3) nonlinear sorption onto CSH phases with increasing calcium con-
centrations resulting in increasing U(VI) uptake (Tits et al. 2008).

Further information on uranium sorption mechanisms was obtained from spec-
troscopic studies. Harfouche et al. (2006) performed an EXAFS study in order to 
reveal uptake mechanisms of U(VI) by synthetic CSH phases (C/S ratios 0.65–
1.1). CSH samples for EXAFS were prepared in solutions containing initial U(VI) 
concentration of 0.25 and 2.5 mM. These U(VI) concentrations are higher than the 
anticipated solubility of uranium in a cement pore water (see Sect. 6.2.1). Linear 
sorption was observed for all CSH phases, with a sorption-type process in which 
uranyl polyhedra are considered to act as bridging units between neighbouring 
Si chains of the CSH structure. EXAFS data further suggest that U(VI) uptake in 
co-precipitation samples occurs in a chemical environment similar to uranophane 
(Ca(UO2)2(SiO3OH)2·5H2O), i.e., U(VI) may possibly form solid solutions with 
calcium and silica.

Recent uptake tests by Tits et al. (2008) onto CSH reveal sorption isotherms to 
be nonlinear, which was explained as a solid-solution formation mechanism (“pre-
cipitation-type”) where Ca and U(VI) are simultaneously bound to the sorbent. It 
was further shown that higher Rd values were obtained with increasing Ca concen-
tration in solution (Rd increased with increasing C/S ratio of CSH phases).

Uranium (VI) removal from cementitious pore waters is probably solubility con-
trolled if total dissolved uranium is higher than 10−6 to 10−5 M. Under these condi-
tions, uranium tends to form solid phases: CaUO4 has been proposed as a potential 
solubility controlling phase (Tits et al. 2008). Others have proposed CaU2O7

1 to be 
the solid phase (Valsami-Jones and Vala Ragnarsdottir 1997). The evolution of the 
solubility is expected to be influenced by the change in Ca concentration, but  
the exact mechanism is not clear. Since the solid contains calcium, it is likely that  
the solubility of uranium is at the lowest level when Ca concentration is highest.

1Very poorly crystallised hydrous calcium uranate.

6.2 Uranium
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At a lower U(VI) concentration, i.e. below 10−6 to 10−5 M, different sorption 
behaviour has been reported. Pointeau et al. (2004a, 2008) illustrated a linear and 
reversible sorption of U(VI) on cement pastes and proposed that sorption is likely 
controlled by inner-sphere surface complexation. Tits et al. (2008), however, found 
that U(VI) sorption on some synthetic CSH phases is highly nonlinear suggesting 
a mechanism of solid-solution formation of U(VI) with Ca.

As a near-surface disposal system is expected to evolve from a mixed oxic/
anoxic condition to a mainly oxic condition, the emphasis is on deriving sorp-
tion values for uranium (VI). It was firstly observed from Fig. 6.8 that the specia-
tion of uranium (VI) changes somewhat over the pH range considered. As can be 
seen from Fig. 6.10, there appears to be a general trend of an increase in Rd from 
State I to States II and III and then a decrease in State IV. The experts agreed that 
mechanistic interpretations differ for apparently the same experimental conditions 
(increase in uptake due to co-precipitation with Ca or increase due to decreased 
competition with Ca at lower pH), but the available data do not allow to clearly 
distinguish which explanation is correct. Due to the number and quality of avail-
able experimental data, this uncertainty regarding mechanism does not impact sig-
nificantly on data selection.

For U(IV) sorption values, analogy with Th(IV) was invoked for all states; 
their speciation is simple and similar, with only one relevant dissolved species for 
the whole pH range of interest (U(OH)4 and Th(OH)4, respectively). Application 
of such values for U(IV) should be done with great care until more reliable data 
becomes available.

6.2.3.2  Sorption at State I

The data indicate that sorption would be weaker in State I than in States II and 
III. For both States II and III, a value of 3.0 × 104 L/kg is proposed as the best 
estimate and anchor point (see below). Roughly a decrease of one order of magni-
tude into State I results in a best estimate for U(VI) of 2.0 × 103 L/kg for State I, 
based on the summary graph. The upper bound is proposed as 1.0 × 104 L/kg and 
the lower bound as 4.0 × 102 L/kg. On the basis of the chemical analogy between 
Th(IV) and U(IV), the best estimate (30,000 L/kg) from Th(IV) is also assigned to 
U(IV). No upper and lower limits are presently defined for U(IV).

6.2.3.3  Sorption at State II

The largest amount of relevant U(VI) data exists for State II, and they indicate that 
sorption in State II may be slightly lower than in State III. In State II, the Rd values 
seem to lie between a few thousand up to a few hundred thousand L/kg, reflecting 
different experimental conditions. After reviewing the data the experts agreed on a 
best estimate for U(VI) of 3.0 × 104 L/kg, with an upper limit of 3.0 × 105 L/kg,  
and a lower limit of 3.0 × 103 L/kg, although no good explanation in terms of 
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sorption mechanisms is available. On the basis of the chemical analogy between 
Th(IV) and U(IV), the best estimate (30,000 L/kg) from Th(IV) is used also for 
U(IV). No upper and lower limits are presently defined for U(IV).

6.2.3.4  Sorption at State III

It can be noted from the data that sorption appears to be quite constant across State 
III at varying pH values. While this somewhat contradicts the trend in Rd observed in 
individual studies (Pointeau et al. and Tits et al.), this observation is based on several 
data sources and is considered robust. Calcite data and brucite data are not consid-
ered for this state as they are not believed to be relevant. Because there is no good 
explanation of the behaviour in State III compared to State II, it was agreed based 
on Fig. 6.10 that values would be very similar to State II with the best estimate for 
U(VI) for State III being 3.0 × 104 L/kg, with an upper limit again of 3.0 × 105 L/kg  
but with an increased lower limit of 1.0 × 104 L/kg. On the basis of the chemical 
analogy between Th(IV) and U(IV), the best estimate (30,000 L/kg) from Th(IV) is 
used also for U(IV). No upper and lower limits are presently defined for U(IV).

6.2.3.5  Sorption at State IV

There are a number of calcite measurements from Berry et al. (2000) with an Rd 
of approximately 50–80 L/kg spreading over a substantial pH range. The experts 
had expected weaker sorption than for CSH and the experimental data were con-
sistent with this. It was agreed that the best estimate for U(VI) for State IV would 
be 50 L/kg. This represents a substantial decrease in Rd in comparison with States 
I–III, but is in line with the expected complexation of uranium under the relevant 
conditions and the loss of CSH as the dominant sorbing phase. The upper bound 
was agreed to be 500 L/kg and the lower bound 5 L/kg. It is noted that there is 
a large degree of uncertainty regarding the effect of calcium and carbonate in 
solution on uranium (VI) chemistry in State IV and that the surface properties of 
calcite are also uncertain. On the basis of the chemical analogy between Th(IV) 
and U(IV), the best estimate (30,000 L/kg) from Th(IV) is assigned to U(IV). No 
upper and lower limits are presently defined for U(IV) (Table 6.3).

Table 6.3  Selected best estimate, upper and lower limit Rd values for U(IV) and U(VI)

i.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

U(VI) U(IV) U(VI) U(IV) U(VI) U(IV)

State I 2 × 103 3 × 104 1 × 104 i.d. 4 × 102 i.d.

State II 3 × 104 3 × 104 3 × 105 i.d. 3 × 103 i.d.

State III 3 × 104 3 × 104 3 × 105 i.d. 1 × 104 i.d.

State IV 5 × 101 3 × 104 5 × 102 i.d. 5 × 100 i.d.

6.2 Uranium
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6.3  Plutonium

6.3.1  Chemical Form, Speciation, and Solubility

LILW typically contains 238Pu (half-life 87.7 year), 239Pu (half-life 24,100 year), 
240Pu (half-life 6560 year), and 241Pu (half-life 14.3 year) (NDA 2011; NIRAS 
2008). Except for trace quantities of plutonium in pitchblende, and small amounts 
produced in natural reactors (e.g. the Oklo natural rector in Gabon), none of 
these plutonium isotopes is a naturally occurring radionuclide. 241Pu is pro-
duced within nuclear reactors via the neutron absorption in 240Pu (240Pu + neu-
tron → 241Pu + gamma rays) or through multiple absorptions and decays of other 
isotopes (239Pu or 238U). The majority of the plutonium that is produced in nuclear 
reactors is contained within the spent fuel elements. Generally, plutonium waste 
(241Pu together with other isotopes of plutonium) ends up as transuranic or high-
level waste; however, small amounts of plutonium can exist in LILW, mostly in 
reactor operational waste such as decontamination resins and cartridge filters. At 
fuel fabrication facilities, liquid LILW is generated from washing, etching, and 
solvent extraction operations. Some plutonium waste sources also appear from 
decommissioning activities (USDOE 1996a, b).

The Eh–pH (Fig. 6.11) and solubility diagrams (Fig. 6.12) for plutonium are 
produced with the thermodynamic data given in Table 6.4. It is important to keep 
in mind that this is a simplified representation for the likely plutonium geochemis-
try. How different aqueous plutonium species vary with pH is shown in Fig. 6.13.

Plutonium is a redox-sensitive element and its speciation in alkaline envi-
ronments is dominated by oxidation states +IV and +VI as shown in Fig. 6.11. 
Pu(IV) dominates in a large Eh range and the dominant speciation under a cemen-
titious condition is Pu(OH)4(aq). Berner (2002) concluded that Pu(IV) will be 
dominant at Eh below 350 mV based on the PSI-NAGRA thermodynamic data-
base (Hummel et al. 2002). With the data given in Table 6.4, one may calculate the 
Eh at which the line separating Pu(OH)4(aq) and PuO2(OH)2(aq) occurs, using the 
following relationship:

If the activity ratio of the two Pu species becomes unity, the above relationship 
reduces to the following:

At pH 12.5, this condition occurs at Eh +380 mV. This means that Pu(VI) will 
start to dominate aqueous speciation of Pu at redox potentials higher than 
+380 mV. Theoretically, redox potential in an air-saturated (f O2 = 0.2) cement 
water at pH 12.5 may reach +480 mV as calculated by the following:

(6.4)37.98 = − log {PuO2(OH)2(aq)} + log{Pu(OH)4(aq)} + 2 pH+ 33.8 Eh

(6.5)37.98 = 2 pH+ 33.8 Eh

(6.6)83.1 = −log f
[

O2(g)
]

+ 67.61 Eh+ 4 pH
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Therefore, Pu may theoretically appear as Pu(VI), i.e. PuO2(OH)2(aq) in an oxi-
dising cement system. Formation of Pu carbonate complexes is not relevant 
because of the low dissolved carbonate concentration present in cement pore 
water.

According to solubility calculations (Fig. 6.12) using The Geochemist’s 
Workbench® (Bethke 2006), the solubility of Pu(IV) controlled by amorphous 
PuO2(am) is very low: 1.5 × 10−10 M. Pu(VI) solubility is regulated by dissolu-
tion of crystalline PuO2(OH)2:H2O(c) at 2 × 10−8 M. At pH around 11 to 12, sol-
ubility of Pu may be controlled by oxidising dissolution of an amorphous Pu(IV) 
phase [i.e. PuO2(am)] to the Pu(VI) hydrolysis species PuO2(OH)2(aq). Hence, the 
solubility is redox dependent:

Part of the bottom diagram in Fig. 6.12 is calculated by means of the above rela-
tionship at Eh = 500 mV. In conclusion, using the recent NEA thermodynamic 
database (Guillaumont et al. 2003), the calculated solubility of Pu in a cement sys-
tem is in the range of 10−10 to 10−8 M.

Most abundant aqueous plutonium (VI) species at high pH and oxidising condi-
tions relevant to cement systems is PuO2(OH)2(aq) as predicted by the speciation 
diagram produced with the recent NEA thermodynamic data (Guillaumont et al. 

(6.7)log{PuO2(OH)2(aq)} = 2 pH+ 33.8 Eh− 48.8
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Table 6.4  Thermodynamic data of plutonium

Source NEA Database (Guillaumont et al. 2003)

Reaction logK (25 °C)

Pu(OH)4(aq) + 0.5O2(aq) = PuO2(OH)2(aq) + H2O 5.0241

Pu(OH)4(aq) + H+ = Pu(OH)3
+ + H2O 6.2001

PuO2(am) + 2H2O = Pu(OH)4(aq) −10.8237

PuO2(am) + H2O + 0.5O2(aq) = PuO2(OH)2(aq) −5.7996

PuO2(OH)2:H2O(c) = PuO2(OH)2(aq) + H2O −7.6998

PuO2(am) + H+ + 0.25O2(aq) + CO3
2− = PuO2CO3

− + 0.5H2O 6.8410
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2003) (Fig. 6.12, bottom). For reducing conditions, the dominant Pu(IV) species 
is Pu(OH)4(aq) (Fig. 6.12, top). Carbonate species were found unimportant under 
both oxidising and reducing conditions and of the carbonate activities obtained in 
intimate contact with fresh cement, as dominate Stages I and II and extend into 
Stage III.

6.3.2  Sorption Values from the Literature  
for the Benchmark Cement

Figure 6.14 and Table A.10 (see Annex) show the reviewed Rd values for Pu and 
the experimental conditions. The main sorption sink for Pu in concrete seems to be 
cement phases rather than aggregates illustrated by α-radiographs of four types of 
concrete after sorption experiments (Jakubick et al. 1987).

Aggarwal et al. (2000) studied sorption of 238Pu on different OPC blends, CSH, 
C3S, and minor phases (hydrotalcite, C3A). Domination of tetravalent plutonium 
species was considered to be likely in the pH range 9–13. Sorption was high in 
all cases (Rd > 104 L/kg). Pu starting concentration was 2 × 10−10 M, which is 
slightly above the solubility of Pu(IV). This was reportedly done for analytical 
reasons, given the very high sorption. Blank experiments revealed that precipita-
tion was negligible despite the high initial concentrations. There was a tendency 
towards higher sorption in the blends containing the larger amount of OPC, 
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suggesting that sorption took place mainly on hydration products. There was no 
clear dependency of Rd on C/S ratio although there were some indications of a 
downward trend in Rd with decreasing C/S ratio for the C3S hydrates. Apart from 
C/S ratio, crystallinity of the CSH phases was also different among the CSH 
phases used in the experiments, however. That might be the reason why the effect 
of C/S ratio could not be seen. Comparison of the sorption on cements and on the 
CSH suggests that the sorption properties of cement for Pu are mainly due to sorp-
tion on CSH.

Hoglund et al. (1985) and Allard et al. (1984) reported Rd for Pu on concretes 
and standard Portland cements. Sorption tests were carried out in a glove box 
under a CO2-free N2 atmosphere. The redox potential in the concrete pore waters 
was measured to be in the range of −380 to +140 mV (five out of seven waters 
had positive redox values). According to Fig. 6.11, Pu is expected to exist mainly 
as tetravalent Pu(IV) under these redox conditions. Initial 239Pu concentration was 
1.2 × 10−9 M, which is relatively high compared to the previously determined sol-
ubility. These authors found that cement/concrete composition had little influence 
on Rd values. Equilibration time did not affect the Rd values within several months.

There was no Pu oxidation state determination performed in the sorption exper-
iments. Bayliss et al. (1996, 2000) studied sorption of Pu on cement of different 
compositions and NRVB materials. No reductants were added to keep reducing 
conditions. There was no mention of the oxidation state for Pu. In analogy with all 
the other studies reviewed here, it was assumed that it was Pu(IV). No significant 
difference in Rd was observed on 3:1 PFA/OPC and 3:1 BFS/OPC. Rd on crushed 
cement samples were an order of magnitude higher than on cement coupons. This 
was seen as due to the slow penetration of Pu into coupons. According to the 
authors, when the volume of cement available for sorption over the experimental 
timescale (a few months) was taken into account, the Rd on the coupons did not 
differ significantly from those on the crushed cement systems. Rd increased with 
increasing amount of Pu in the system. Rd increased also with the intensity of the 
phase separation techniques applied, i.e., from allowing the solids to settle down 
under gravity, centrifugation, to filtration. The difference in Rd after centrifugation 
and filtration was minor. There was no significant effect of S/L ratio on Rd evi-
denced by experiments using only two S/L ratios (1/40 and 1/400). A typical Rd 
value for Pu on OPC cements was 104 L/kg. The effect of filtration on Rd for Pu 
was also investigated by sorption experiments on NRVB. The Rd value increased 
from 1000 to 7 × 104 L/kg as the pore size of the filter was decreased from 5 µm 
to 30,000 MWCO.

Data concerning Rd for State IV (i.e. on calcite) are limited. Berry et al. (2000) 
determined Rd for Pu on calcite in 0.1 N NaNO3 solutions in pH 8–12.4 (only Rd 
at pH ~ 8 is shown in Fig. 6.14). Experimental conditions were fairly oxic (Eh 
+150 mV), and plutonium was believed to be present as Pu(IV). An Rd value 
around 300 L/kg was obtained and appeared to be independent of pH and the 
phase separation techniques used. This Rd value is about three orders of magnitude 
lower than the Rd (>105 L/kg) determined by Tits et al. (2002) for Th on calcite in 
an artificial cement water at pH 13.3. Although water compositions and pH values 

6.3 Plutonium
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are different between the two studies, a relevant question to be asked is: what are 
the uptake mechanisms giving rise to the range of Rd values for Pu, compared with 
those for Th? Precipitation can be ruled out since both studies used very low ini-
tial Pu/Th concentrations (7 × 10−11 mol/L for Berry et al. and 10−11 mol/L for 
Tits et al. 2002). Furthermore, Tits et al. (2002) observed linear sorption of Th on 
calcite. Difference in specific surface areas of calcite materials used in these two 
studies seemed not to be the cause of the difference in Rd because the higher Rd of 
Tits et al. (2002) was measured on calcite of lower surface area (0.3 m2/g) as com-
pared to 1.5 m2/g which was associated with a much lower Rd (Berry et al. 2000).

Additional data sets are available from the literature review by Stout and 
Carroll (1993) and results from a coordinated research programme organ-
ised by the IAEA (1986). From these reviews, one particularly well conducted 
and characteristic study on actinide sorption on marine sediments is presented, 
including carbonates (Higgo and Rees 1986; Higgo et al. 1986). Higgo and 
Rees studied plutonium sorption from sea water at pH 8.2 by natural carbonate 
sediments (calcite ranged from 45 to 80 %). Initial plutonium concentration of 
2.3 × 10−10 mol/L was reacted with a wide range of S/L ratios (0.002–0.2 kg/L). 
At S/L ratios larger than 0.04 kg/L, Rd values ranged from 100 to 400 L/kg  
(Pu in oxidised state). Lower S/L ratios (0.003 kg/L) yielded Rd values larger than 
10,000 L/kg (Pu in reduced state). The lower Rd values obtained at high S/L ratios 
were explained by the formation of Pu–carbonate complexes that sorb less effec-
tively. The latter were termed “low-Rd” species which could be in the form of 
complexes with organic matter or anions such as carbonates or it could be micro-
particulates which remained with the liquid phase during phase separation.

Differences in Rd between Pu and Th may be explained by the aqueous specia-
tion of the two actinides. Wieland and Van Loon (2002) suggested to assign the Rd 
value of Th (~105 L/kg) to tetravalent actinides including Pu(IV) for the States 
I and II of cement degradation based on chemical analogy. Considering that the 
speciation of Pu(IV) does not change with pH across States I to III (Fig. 6.13), 
a similar Rd should also be applicable for State III if sorption mechanisms 
remain the same within States I to III. There is little information about sorption 
processes in general for plutonium, and there is even less information about the 
sorption mechanisms relevant for degradation states. One of the few relevant stud-
ies is that of Baston et al. (1995), in which sorption on cement was successfully 
described by means of surface complexation modelling. The final pH measured 
was 12.4 and 12.2 for concrete and mortar, respectively. The higher pH of 12.4 
is characteristic for State II (confirmed by the solution composition), while the 
lower pH of 12.2 is more typical for State III (mortar-equilibrated solution com-
position showed markedly higher Al, Si, and S (SO4

2−) concentrations and lower 
Ca concentrations compared to the concrete-equilibrated water). Because the sur-
face complexation modelling was found appropriate for both geochemical condi-
tions, this tends to support the hypothesis that sorption mechanisms are similar for 
States II and III. Because for State I the major ions except Na and K (Al, Si, Ca, 
S) are within the range of values observed for States II and III (see Fig. 2.2), the 

http://dx.doi.org/10.1007/978-3-319-23651-3_2
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surface complexation model should also be valid also for State I. Therefore, sorp-
tion mechanisms are likely similar for State I through State III.

In most aqueous systems, plutonium may exist in oxidation states IV, V, and VI 
while Th only in the oxidation state IV. It cannot be completely excluded that the 
aqueous speciation of Pu in the experiments reported by Berry et al. (2000) might 
have been Pu(V) or Pu(VI) rather than the presumed Pu(IV). If this is the case, 
one may ask if the majority of Rd values measured for Pu(IV) are still relevant if 
applied to an oxic near-surface disposal facility. In terms of Pu speciation, relevant 
issues include the following:

•	 What is the initial speciation of Pu in the waste?
•	 If Pu is present initially in oxidation state (IV), what are the kinetics to oxidise 

Pu(IV) to (VI) under the disposal conditions?
•	 If Pu is present initially in oxidation state (VI), do we have appropriate Rd data 

to perform a safety assessment?

Sorption of Pu(V) and Pu(VI) may also be of concern since oxidising redox 
conditions are likely to exist in a near-surface disposal facility in the long term, 
even if it is only locally, for example, in areas with higher permeability allowing 
oxygen-rich water to access the engineered barriers. To account for oxidising con-
ditions in disposal environments, Wieland and Van Loon (2002) proposed to use 
the Rd (100 L/kg) of Sr(II) and Pb(II) for Pu(V) because PuO2

+ and Sr2+/Pb2+ 
have a similar effective charge thus show alike complexation behaviour. There is 
no information known to us on Rd data for cementitious materials in which Pu(V) 
or Pu(VI) was unequivocally identified. Wieland and Van Loon (2002) assume 
Pu(V) and the aqueous species PuO2

+ to be present under oxidising conditions. 
Note, however, that the recent NEA thermodynamic database (Guillaumont et al. 
2003) does no longer consider Pu(V) as a relevant oxidation state (only States IV 
and VI exist) thus Rd for Pu(V) is not considered as relevant presently.

A final issue is the oxidation state at which plutonium will be initially present 
in the conditioned waste. Pu(IV) is considered to be the predominant oxidation 
state for all degradation states (I through IV). The lines of evidence in support of 
this assertion are as follows:

•	 In high-pH environments, Pu(IV) will be the predominant species, while Pu(VI) 
will not normally exist under these circumstances (Nelson et al. 1989);

•	 Pu(VI) is not stable except in extremely oxidised and acidic environments, typi-
cally not found in natural environments (Kim 1986);

•	 The change in plutonium chemistry identified by Haschke et al. (2000), i.e. oxi-
dation of PuO2 to form plutonium in the hexavalent form (PuO2+x, where x can 
range up to 0.27, i.e. 27 % of the Pu can be oxidised to the +6 oxidation state), 
seems to have a very slow reaction rate (determined using plutonium oxide with 
a higher surface area than normally encountered in LIWL waste) and will there-
fore not produce large quantities of Pu(VI), which would not be stable anyhow 
(see higher);

6.3 Plutonium
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•	 The presence of reductants such as BFS in certain cements (in slag-rich cement 
blends the redox condition is dominated and buffered by reduced S species, 
mainly S2−) provides a reducing environment. This results in strongly reduc-
ing conditions. Reducing conditions will probably develop within a year in 
slag-rich cement owing to release of sulphides from the hydrating slag (Atkins 
and Glasser 1992). Even in slag-free Portland cement, reducing conditions may 
develop at and near corroding surfaces after approximately 100 years owing to 
corrosion of steel (Sharland et al. 1986; Atkins and Glasser 1992).

•	 Any Pu(VI) generated in the disposal facility, e.g. according to the principles of 
Haschke et al., will most likely be reduced again to the more stable Pu(IV) pro-
vided reducing components are present in the cement.

6.3.3  Sorption Mechanisms and Selected Sorption Values

6.3.3.1  Sorption Mechanisms

Plutonium sorption will be influenced by the degradation state as well as by the 
oxidation state of Pu. Pu can take on the oxidation States III–VI. For the present 
cement systems, oxidation states IV and VI are seen as most relevant.

Based on the constant speciation of Pu(IV) (Fig. 6.13), similar sorption can be 
expected across States I–III, in analogy to the behaviour to Th. This is illustrated 
in Fig. 6.15. Th(IV) has indeed been proposed as chemical analogue to Pu(IV) 
(Bradbury and Sarott 1995). However, this is not entirely supported by the sum-
mary data (Fig. 6.14), which indicate lower Rd for State I compared to States II 
and III.

In terms of sorption mechanisms for cements and concretes, literature specific 
to plutonium is scarce. Baston et al. (1995) successfully modelled plutonium sorp-
tion for concentrations below 10−10 to 10−8 mol/L Pu on a wide range of mate-
rials by means of surface complexation. In addition, the actinides Pu, Np, Am, 
Th, and U are chemically analogous, and all are known to sorb strongly onto 
cementitious materials. Sorption mechanisms in a broad sense may be similar too. 
Therefore, sorption mechanisms potentially relevant for plutonium may include 
surface complexation (americium, see also above), sorption of oxidised forms 
onto OPC followed by reduction and formation of actinide (IV) precipitates (nep-
tunium), linear reversible sorption onto degraded cement pastes (uranium), linear 
sorption followed by a concentration-dependent precipitation of calcium urinate 
(uranium), and incorporation into CSH structures following sorption (curium).

For selecting Rd values for Pu, it was agreed that more weight should be 
given to experimental data for Pu than to the analogy with Th. The experimen-
tal data indicate a lower Rd at State I than States II and III. Note, however, that 
the lower Rd observed for State I was obtained from two data sets (Allard et al. 
1984; Hoglund et al. 1985) produced with similar experimental procedures and 
on similar cementitious materials. These studies applied centrifugation as phase 
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separation technique, but it is not excluded that some colloids were present and 
were not removed by centrifugation, so Rd might have been underestimated. 
Considering these factors, lower Rd values for State I are therefore conservative.

Analysis of the summary Rd graph (Fig. 6.14) shows a distinction between 
State I values (range 103 to 104 L/kg) and States II and III values (range 104 to 
105 L/kg and more). There are more data for State III than for State II. It was 
decided that it would be appropriate to use the same values for States II and III 
because Rd values in Fig. 6.14 are believed to be valid for the anticipated Pu(IV).

The selection of sorption values for Pu(IV) is based on the following argu-
ments: most of the reliable data are for State III and State II, which would be the 
starting point for data selection. Because the speciation of Pu(IV) does not change 
from States II to III, it was decided that it would be appropriate to use the same 
values for both States (i.e. a difference in pH would make no difference regarding 
speciation and sorption). The absence of any trend between States II and III is con-
sistent with the assumptions for other tetravalent actinides, especially Th(IV). The 
consistency in sorption values for States II and III between Pu(IV) and Th(IV) was 
also shown in Fig. 6.15. Selection of values is continued from here for States I and 
IV (Sects. 6.3.3.2 and 6.3.3.5).

In the absence of reliable data for Pu(VI), it was recommended to use values 
from U(VI) in the meantime (for all states), even though from an hydrolysis point 
of view, one would expect Pu(VI) to sorb more strongly than U(VI). For State II 
and State III, best estimate sorption values from U(VI) were found to be identi-
cal to those from Pu(IV). Until reliable measurements of Pu(VI) sorption become 
available, the invoked similarity between U(VI) and Pu(VI) will be implemented, 
as this was agreed to be the best option possible at the moment. No upper or lower 
limits for Pu(VI) have been defined.

Fig. 6.15  Distribution ratio 
(Rd) of plutonium (IV) and 
of thorium in cementitious 
systems. Data for CEM I and 
CEM V are from Pointeau 
et al. (2004a) data for CEM I 
42.5 HS are form Wierczinski 
et al. (1998), replotted from 
Andra (2005)
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6.3.3.2  Sorption in State I

It was found that there were very few Pu(IV) data for State I. The Andra (2005) 
point was discounted due to State I conditions in their analysis being differ-
ent from the State I conditions considered for the current study. The brucite and 
ettringite data were discounted for not being directly relevant. Despite (1) the 
similarity in anticipated sorption mechanism between States I, II, and III (possibly 
surface complexation) and (2) an invariant speciation across the different degrada-
tion states, a different best estimate sorption value was assigned to State I. This 
selection was based on giving more weight to the (few) available data, rather than 
assuming similarity between degradation states. For the same reason, no analogy 
with Th(IV) was invoked. Therefore, for State I a best estimate of 5 × 103 L/kg 
was selected based on Fig. 6.14, with upper and lower limits of 103 and 106 L/kg, 
respectively (Table 6.5).

6.3.3.3  Sorption in State II

The experts believed it was appropriate, given the paucity of data for State II and 
the apparent independence of Rd on pH, to assign the same Pu(IV) Rd values for 
States II and III. The best estimate was 3 × 104 L/kg, which is consistent with 
(tetravalent) thorium, uranium, and neptunium best estimates. The lower bound 
was chosen to be 103 L/kg. The upper bound was agreed to be 1 × 106 L/kg and 
the best estimate to be 3 × 104 L/kg. Both bounds are 1.5 orders of magnitude 
from the best estimate to reflect the uncertainty.

6.3.3.4  Sorption in State III

Based on the above arguments (i.e. same speciation for States II and III suggesting 
similar sorption behaviour which is shown not to be in contradiction with the sum-
mary graph, and consistency between Pu(IV) and Th(IV) further supported by data 
from Fig. 6.15), the same best estimate as for State II was selected, i.e. 3 × 104 L/kg.  

Table 6.5  Selected best estimate, upper and lower limit Rd values for Pu(IV) and Pu(VI)

i.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

Pu(IV) Pu(VI) Pu(IV) Pu(VI) Pu(IV) Pu(VI)

State I 5 × 103 2 × 103 1 × 106 i.d. 1 × 103 i.d.

State II 3 × 104 3 × 104 1 × 106 i.d. 1 × 103 i.d.

State III 3 × 104 3 × 104 1 × 106 i.d. 1 × 103 i.d.

State IV 3 × 102 5 × 101 1 × 104 i.d. 3 × 101 i.d.
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As stated above for State II, the lower bound for States II and III was chosen to be 
103 L/kg. The upper bound was agreed to be 1 × 106 L/kg. Again, both bounds are 
1.5 orders of magnitude from the best estimate to reflect the uncertainty.

6.3.3.5  Sorption in State IV

Based on the same Pu(IV) speciation, similar sorption behaviour could be 
expected for State IV and State III/II. Using the same values for States II, III, and 
IV would also not have been inconsistent with Th(IV). However, as was decided 
for State I, more weight was given to the available data [two independent data sets 
(see Fig. 6.14)]. Therefore, for State IV, the best estimate for Pu(IV) was 300 L/kg.  
The upper limit of 104 L/kg accounts for the minimum data observed by Higgo 
and Rees (1986); the lower bound is 30 L/kg (Table 6.5).

6.4  Neptunium

6.4.1  Chemical Form, Speciation, and Solubility

Fifteen isotopes of neptunium are known; all are radioactive, with half-lives rang-
ing from ~1 min (227Np) to millions of years (237Np, half-life 2.14 × 106 years). 
237Np is principally produced in nuclear reactor fuel rods from 238U neutron acti-
vation. Some naturally occurring 237Np (trace amounts) is produced when natural 
uranium ore is activated with neutrons generated as a result of spontaneous fission. 
A more obvious source of this radionuclide is in the spent fuel of nuclear power 
plants, as some contamination of the reactor coolant system is possible. After irra-
diation, neptunium isotopes can be transported with the coolant to other parts of 
the reactor, filters, concentrates, resins, etc. Typical neptunium isotopes of LILW 
are 237Np, 238Np, 239Np, 240Np, and 240mNp (NDA 2011; NIRAS 2008).

The Eh–pH diagram for neptunium is shown in Fig. 6.16 which is produced 
with the thermodynamic data given in Table 6.6. Neptunium can exist in several 
oxidation states, +III, +IV, +V, and +VI. Its most stable form is +V. Speciation 
of Np is thus redox dependent. Under oxidising conditions, Np(V) species 
NpO2(OH)2

− and NpO2OH(aq) are important; carbonate complexes are not signif-
icant because of the low concentration of carbonate in cement pore water. Under 
reducing conditions, the Np(IV) hydrolysis species Np(OH)4 (aq) is the only sta-
ble species.

Based on state-of-the-art thermodynamic data (Gamsjäger et al. 2005; Neck 
and Kim 2001), the dissolved neptunium concentration is limited under reduc-
ing conditions by the solubility of amorphous Np(OH)4(am) phase. Figure 6.17 
shows that the solubility of Np(OH)4(am) at pH above neutral is 10−9 M. Under 

6.3 Plutonium
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oxidising conditions, Np solubility is predicted to be controlled by Np(V) solid-
phase NpO2OH(am). Two phases with different stabilities limit the Np concentra-
tion at about 10−7 to 10−5 M at pH 12.5–13.5 (Fig. 6.18).

The solubility of Np(IV) in cement waters has been experimentally determined 
in a pH range of 10–13 (Ewart et al. 1992). Using sodium hydrosulphite as reduc-
ing agent, neptunium (IV) solubility was found to be independent of pH at about 
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Fig. 6.16  Eh–pH diagram of neptunium calculated with The Geochemist’s Workbench®. Neptu-
nium activity 10−8

Table 6.6  Thermodynamic data of neptunium

Database Gamsjager et al. (2005), Neck and Kim (2001)

Reaction logK (25 °C)

NpO2(OH)2
− + H+ + 0.5H2O = Np(OH)4(aq) + 0.25O2(aq) 4.0087

NpO2CO3
− + 2.5H2O = Np(OH)4(aq) + 0.25O2(aq) + HCO3

− −14.2265

Np(OH)4(am) = Np(OH)4(aq) −9.0000

NpO2OH(am, aged) + H2O = H+ + NpO2(OH)2
− −18.8997

NpO2OH(am, fresh) + H2O = H+ + NpO2(OH)2
− −18.2997
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10−8 mol/L which is about an order of magnitude higher than the theoretical solu-
bility of Np(OH)4(am) at alkaline pH (Fig. 6.17).

Most abundant aqueous Np(V) species at high pH relevant to cement systems 
are NpO2(OH)2

− (pH > 13), NpO2(OH)(aq) (11.5 < pH < 12), and NpO2
+ as pre-

dicted by the speciation diagram (Fig. 6.19) produced with the NEA thermody-
namic data (Gamsjager et al. 2005).

It is shown that speciation and solubility of Np depend highly on oxidation 
state of the element. Neptunium (IV) is prone to be oxidised to Np(V) if traces of 
oxygen are present. In a sorption or solubility experiment, uncertainties are often 
related to the fact that the oxidation state of Np is not known. Reducing agents are 
often used to keep Np in the reduced oxidation state of IV but cannot guarantee a 
complete removal of Np(V). Since Np(V) is more soluble and less sorbed, pres-
ence of Np(V), even at low concentration, will result in an increase in solubility 
and a decrease in sorption.
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6.4.2  Sorption Values from the Literature  
for the Benchmark Cement

There are not many experimentally determined Rd values for neptunium on cement 
systems in the literature. Figure 6.20 and Table A.11 (see Annex) present the 
reviewed data obtained from two independent laboratories. All data seem to indi-
cate that uptake of neptunium on cement materials increases with contact time and 
is relatively independent of the redox conditions of the experiments.

Hoglund et al. (1985) and Allard et al. (1984) performed Rd measurement on 
7 different concretes and cements. In these experiments, Np was reported to be 
introduced as Np(V) although no direct speciation determination was carried 
out (for fresh concrete samples, only one cement type exhibited reducing condi-
tions). Uptake of Np by some cement materials was decreasing with increasing 
time (especially when t > 100 days). As possible explanation was given a change 
in speciation or cement phase. For the concrete with blast furnace slag (MB), no 
decrease was observed after a few tens of days. Bayliss et al. (2000) also measured 
a fast increase in uptake during the first days of equilibration time and then reach-
ing a more or less constant value at longer contact times (Fig. 6.20).

Bayliss et al. (1996, 2000) studied the effect of phase separation techniques, 
the system redox condition, and salinity on Rd of Np on cement materials of dif-
ferent composition. In the former study, Np(IV) was added, but no holding reduct-
ant was used. Oxidation to Np(V) could not be excluded, due to uncertainty about 
oxidation state, but the opinion was that Np(V) would not sorb more strongly 
than Np(IV). Results further demonstrated that for non-saline conditions filter 
size had no significant effect on Rd. In other words, colloids and particulate spe-
cies were not important. When a saline solution was used (NaCl concentration 
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was 1.5 mol/L), Rd values were 3.3 times higher. Results for the latter study were 
somewhat different from the former; Np(V) was introduced, and tests were done 
under both reducing and oxidising conditions. Neptunium-containing colloids 
were present, resulting in an order of magnitude higher Rd values with 30,000 
MWCO filtration compared to 0.45-µm filtration. Np(IV) and Np(V) uptake was 
similar for similar equilibration times. It was not excluded that Np(V) was reduced 
to Np(IV) even in the so-called oxidising condition. The latter hypothesis is in 
line with the XAFS study of Sylwester et al. (2000), suggesting that Np(V) is first 
sorbed on cement followed by reduction to Np(IV).

It is generally accepted that tetravalent actinides sorb very strongly on cement 
materials (Wieland and Van Loon 2002). The high Rd for Np determined from 
sorption experiments might be attributed to the fact that Np is taken up by cement 
as Np(IV), rather than Np(V). However, thermodynamic data (Fig. 6.16) suggest 
that Np in an oxidising condition exists as Np(V).

Wieland and Van Loon (2002) suggested if no experimental measurements are 
available, sorption values for bivalent cations, e.g., Sr(II) and Pb(II) can be used 
for NpO2

+ because of the similar effective charge of these ions (Berner 2002). In 
our opinion, such approximation should be used with caution since Np(V) has a 
very different speciation to that of Sr(II) or Pb(II) at pH > 12. At pH less than or 
equal to 11, however, NpO2

+ becomes the dominant Np(V) species (Fig. 6.19). 
Thus, at least for degradation States III and IV, the similarity with Sr(II) and Pb(II) 
could be invoked.
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6.4.3  Sorption Mechanisms and Selected Sorption Values

Neptunium sorption was found sensitive to salinity (higher Rd under saline con-
ditions compared to non-saline). Although the sensitivity with respect to redox 
potential was evaluated experimentally, in the pH range considered (> ~12) no 
significant differences were observed between Np(IV) and Np(V). At lower pH, 
redox state may have a more significant impact, but such was not demonstrated 
experimentally.

6.4.3.1  Sorption Mechanisms

Neptunium, as all other actinides, shows strong sorption onto cementitious mate-
rials, including HCP and concrete. Experimental studies have been focussing on 
effects of cement type, oxidation state, and filtration, while uptake mechanisms 
have been studied to a much lesser extent (Evans 2008).

The only study available on sorption mechanisms is that of Sylwester et al. 
(2000). In this study, spectroscopic analysis provided evidence that Np(V) is first 
sorbed on cement (crushed concrete made from Portland cement) followed by 
reduction to Np(IV). The mechanism responsible for reduction of neptunium was 
unclear (no reducing agents were added in the experiments and the reducing capac-
ity of the cement is not known). Given this uncertainty, it is not recommended, 
based on this single study, to assign the same Rd for both Np(IV) and Np(V).

In the absence of further data for Np, chemical analogy is used to infer gen-
eral sorption mechanisms. Under oxidising conditions, and at pH > 11, aqueous 
Np(V) is present as hydrolysed species and is expected to behave similarly to 
Pa(V). Under oxidising conditions but at pH < 11, Np(V) is present as NpO2

+, 
with a sorption behaviour possibly similar to bivalent metal cations (Wieland and 
Van Loon 2002). Although different tetravalent actinides have identical speciation 
at high pH (Np(OH)4, Pu(OH)4, and Th(OH)4), Pu(IV) is more similar to Np(IV) 
in terms of hydrolysis constant, etc. (Guillaumont et al. 2003). Sorption by sur-
face complexation proposed for Pu(IV) might be a relevant uptake mechanism 
for Np(IV) as well. However, it is well known that Pu(IV) is easily oxidisable to 
Pu(VI) in sorption experiments. It is often difficult to validate an experimental 
data set in which Pu(IV) is the only oxidation state. In such case, Th(IV) could be 
used as chemical analogue to Np(IV) (same speciation across a wide pH range) 
although in terms of chemistry Np(IV) resembles Pu(IV) more closely.

In summary, under reducing conditions Np(IV) is expected to be present, while 
under oxic conditions Np(V) would be anticipated. The experts agreed that all 
published data were of some use, but they were concerned that they could not be 
certain of the oxidation state of neptunium in any of the experiments. They would 
expect mostly Np(IV) to be present, but it was possible that Np(V) was also pre-
sent in some cases. It was decided that Np(IV) should have similar sorption Rd 
values as Th(IV) and the experts chose to compare these with the agreed thorium 

6.4 Neptunium
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values [analogy with Th was also invoked by Bradbury and Sarott (1995)], as tho-
rium (IV) data are not in disagreement with data that appears to be for Np(IV). 
Also note that Th(IV) data are not in disagreement with Pu(IV) data for States II 
and III, suggesting that all three IV-valent actinides behave similarly. There was 
uncertainty regarding the applicability of the measured data to Np(V) which may, 
for example, be sensitive to the presence of carbonate.

One data set (Bayliss et al. 2000) attempts to generate reducing conditions. 
However, within the range of Rd values it was difficult to tell if the results for oxi-
dised and reduced conditions were different, as values were in a similar range. 
Earlier data from the same workers (Bayliss et al. 1996) began with Np(IV) in 
the experiments, but there was the potential for Np(V) to be present. Both sets of 
values (saline and hypersaline) could represent Np(IV) or Np(V), and both give 
similar high Rd values. Overall, Rd values are high but with variation which may 
be due to uncertainty regarding Np speciation.

The following sections assume that in the experiments discussed here, Np was 
present as Np(IV) and the experts agreed that these Rd values would probably 
require downward adjustment to take account of Np(V) if that were necessary. The 
selection of sorption values is done first for Np(IV) for which data are available. 
Then, analogy will be invoked to estimate sorption values for Np(V).

6.4.3.2  Sorption at State I

After comparing the available neptunium (IV) data with the thorium (IV) data, 
the experts assigned the same values as for thorium; a best estimate value of 
3 × 104 L/kg, with upper and lower bounds of 1 × 106 L/kg and 1 × 103 L/kg, 
respectively. This selection is based primarily on the Np(IV) data and supported 
by Th(IV) data, given the agreed assumption that Np(IV) and Th(IV) should 
behave similarly by considering that their speciation is identical.

6.4.3.3  Sorption at State II

The experts decided to use Th(IV) data for State II, noting that the existing nep-
tunium data are not inconsistent with these values (whichever oxidation state they 
may be). As for State I, speciation for Np(IV) and Th(IV) is identical. The experts 
noted they were uncertain about the applicability of the measured data to Np(V) 
(see above). Values selected were the same as for State I.

6.4.3.4  Sorption at State III

The experts again decided to use thorium data, neptunium data being not incon-
sistent with Th, and values selected were the same as for State I. Again, as for 
States I and II, speciation for Np(IV) and Th(IV) is predicted to be identical.
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6.4.3.5  Sorption at State IV

There were no data for State IV. It was noted that for thorium, the experts reduced 
sorption by two orders of magnitude for State IV. In the absence of data for State 
IV, the experts again agreed to use the values for Th(IV), except that the lower 
bound was reduced to 10 L/kg to take account of additional uncertainty. Thorium 
was selected as an analogue also for State IV to be consistent with the assumptions 
on analogy in previous States.

6.4.3.6  Sorption Values for Np(V)

For Np(V), a conservative approach is used as below:

•	 For States I and II: it was previously discussed that Wieland and Van Loon 
(2002) conservatively used values from Sr(II)/Pb(II) for NpO2

+ (100 L/kg)  
for States I and II. Although the speciation diagram (Fig. 6.19) predicted 
NpO2(OH)2

− and NpO2OH(aq) to be the dominant species at, respectively, pH 
~13 and pH ~12, small quantities of NpO2

+ are likely to be present for which 
the sorption analogy with divalent cations still applies. A conservative approach 
is to use 100 L/kg as lower limit (Table 6.7) for States I and II.

•	 No best estimates are defined for States III and IV because of lack of data. 
Values from Sr(II)/Pb(II) for NpO2

+ in States III and IV may be used as lower 
limit, which means a value of 100 L/kg based on Wieland and Van Loon (2002) 
(Table 6.7). Based on the speciation diagram (Fig. 6.19), NpO2

+ is the domi-
nant species which supports the proposed analogy with divalent cations.

6.5  Protactinium

6.5.1  Chemical Form, Speciation, and Solubility

Currently, 20 protactinium isotopes are known; the naturally occurring 234Pa is a 
short-lived (6.7 h) member of the naturally occurring 238U decay series. The most 
common naturally occurring protactinium isotope is 231Pa (half-life 32,800 years). 

Table 6.7  Selected best estimate, upper and lower limit Rd values for Np(IV) and Np(V)

i.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

Np(IV) Np(V) Np(IV) Np(V) Np(IV) Np(V)

State I 3 × 104 i.d. 1 × 106 i.d. 1 × 103 1 × 102

State II 3 × 104 i.d. 1 × 106 i.d. 1 × 103 1 × 102

State III 3 × 104 i.d. 1 × 106 i.d. 1 × 103 1 × 102

State IV 3 × 102 i.d. 1 × 104 i.d. 1 × 101 1 × 102

6.4 Neptunium
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Protactinium in radioactive waste mainly originates from decay of 238U. Following 
protactinium isotopes in LILW have been reported: 231Pa, 233Pa, 234Pa, and 234mPa 
(NDA 2011; NIRAS 2008).

No thermodynamic data are available to our knowledge for plotting specia-
tion and solubility diagrams for Pa under the considered near-field conditions. 
However, a recent JAEA report (Berry et al. 2007; Baston et al. 1999) has specia-
tion modelling for Pa in pure water, i.e. at the lower boundary of the water stability 
domain in the Eh–pH diagram and in granodiorite-equilibrated water, and solubil-
ity predictions for Pa2O5 in pure water and in granodiorite-equilibrated water. The 
most stable oxidation states are considered to be Pa(IV) and Pa(V) (Berner 1999). 
In general, very few thermodynamic data exist for protactinium. Baes and Mesmer 
(1986) discussed the hydrolysis behaviour of protactinium, and it is evident that 
Pa(IV) exhibits hydrolysis properties similar to other actinides. Berner (1999) also 
assumed that Pa(IV) should behave like Th(IV) and U(IV), with similar hydroly-
sis properties, based on the position of Pa in the periodic table of the elements (in 
between Th and U). However, it is well known that Pa(IV) is only stable in very 
acidic solutions or very low Eh and is easily oxidised to Pa(V) (Berner 2002). It is 
much more likely that Pa(V) is the stable oxidation state in a cement system. It is 
not clear what the aqueous speciation is of Pa because of the lack of reliable ther-
modynamic data. Chemical analogy between other pentavalent actinides does not 
help much here as pointed out by Berner (2002), in that Pa(V) is considerably dif-
ferent from Np(V) with much stronger hydrolysis tendency for Pa(V).

There exist series of experimental and modelling analyses concerning deter-
mination of Pa(V) speciation and solubility. The results of these analyses became 
recently available and have not yet been included in the current review. Based on 
these studies (E. Giffaut, personal communication), Pa(V) seems to be the rele-
vant oxidation state under the considered cementitious near-field conditions, with 
PaO2(OH)2

− being the main species present, while Pa(IV) is not relevant.
Also because of lack of thermodynamic data, the solubility of Pa is not accu-

rately known. It is, however, believed that the solubility of Pa should be extremely 
low since the element hydrolyses strongly in an aqueous solution. Berner (2002) 
cited the thermodynamic data used in Japanese programs and determined a solu-
bility of 10−8 mol/L for Pa assuming Pa2O5(s) is the solid phase in equilibrium 
with PaO(OH)3(aq) in solution. The latter value, 10−8 mol/L, was used by the 
Swiss program as the solubility of Pa under a cementitious near-field condition for 
geological disposal.

6.5.2  Sorption Values from the Literature  
for the Benchmark Cement

Wieland and Van Loon (2002) discussed the selection of Rd for Pa in a cement 
near field and suggested to take the Rd of tetravalent actinides for Pa(IV). For oxi-
dising conditions, sorption values for Pa(V) were based on those for Sr(II) and 
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Pb(II) because of similarities in complexation property between PaO2
+ and Sr2+ 

and Pb2+. If Pa(V) speciation is considered similar to that of pentavalent nep-
tunium (see Wieland and Van Loon 2002), Pa(V) would exist as PaO2

+ species 
which would have similar complexation properties as divalent cations so that 
Rd should be similar in value as well. Wieland and Van Loon (2002) therefore 
assigned a Rd value as being 100 L/kg for Pa(V) for their States I and II based 
on data for Sr and Pb. The 100 L/kg value is exactly the same as the lower end of 
the experimental Rd range determined by Berry et al. (1988), but is much lower 
than the Rd values obtained after 30,000 MWCO ultrafiltration (lowest value being 
>3 × 103 L/kg) and, on that account, may be pessimistic.

Because of the lack of literature data concerning sorption of Pa on cementi-
tious materials (only two studies were retained in the analysis, see Table A.12 in 
Annex), and since Pa does not have a true analogue, one may look at the sorp-
tion behaviour of Pa on geological materials in order to have some information 
about the general sorption behaviour and its analogy to other actinides. Bradbury 
and Baeyens (2006) measured Rd for Pa(V) on montmorillonite clay and observed 
strong sorption (Rd around 105 L/kg). The pH dependency for Pa(V) sorption was 
different from that of Np(V) suggesting further that there is no analogy in terms of 
sorption behaviour between the two actinides for the pentavalent oxidation state.

In their study, Berry et al. (1988) measured Rd values for Pa on geological 
materials including granite and clays, as well as on cements. Values were typically 
high, in the range of 1 × 104 to >106 L/kg (after 0.45-µm filtration). Similar to the 
case of cement systems, Rd on geological materials was also found to be sensi-
tive to the phase separation techniques. Although these experiments were carried 
out under a nitrogen atmosphere, no holding reductant was present and conditions 
were most probably mildly oxidising.

In a separate study, Berry et al. (2007) also looked at sorption of Pa onto ben-
tonite, tuff, and granodiorite under strongly reducing conditions (Baston et al. 
1999; Berry et al. 2007). Eh values for these experiments were −330, −180, and 
−480 mV, respectively, versus the standard hydrogen electrode (SHE), and pH 
values were between 9.4 and 10.4 (thus comparable to State III). Rd values were 
very high, being >105 L/kg after either 0.45-µm filtration or 10,000 MWCO ultra-
filtration in all cases. Parallel modelling studies predicted that the speciation was 
exclusively PaO2OH, except with granodiorite (−480 mV) where the prediction 
was 98 % PaO2OH and 2 % Pa(OH)4.

The distribution coefficient Kd for Pa on calcite was found to be larger than 
105 L/kg in sea waters (Geibert and Usbeck 2004). The same study indicated that 
Pa sorption on calcite in sea waters is slightly less strong (0.03–0.34 × 106 L/kg) 
than for Th (range 0.5–7.9 × 106 L/kg). This was true for other geological miner-
als studied as sorbent; that is, smectite, MnO2, and opal, although again Rd values 
were very high in all cases. However, this study was undertaken using very finely 
divided solids (thus very high surface areas) and an exceptionally high liquid-to-
solid ratio of 2000:1. These facts would both tend to lead to higher Rd values than 
from more conventional experiments.

6.5 Protactinium
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With only one well-documented data set on Pa sorption onto cementitious 
materials (States I, II, and III) (Berry et al. 1988), the experts would not normally 
assign too much weight on one study. However, these data are backed-up by three 
separate studies on geological materials (Baston et al. 1999; Berry et al. 1988, 
2007). The experts therefore propose to assign Rd values for Pa based on these 
data rather than use chemical analogy. For sorption onto calcite (State IV), results 
from Geibert and Usbeck (2004) were obtained using very high surface area solids 
and extremely low S/L ratios which led to correspondingly high Rd values.

6.5.3  Sorption Mechanisms and Selected Sorption Values

In the only experimental study available, Berry et al. (1988) investigated effects 
of initial protactinium concentration and filter size. Rd increased with increasing 
initial concentration and also increased with decreasing filter size. Cement with or 
without BFS did not significantly influence Rd. Sorption onto geological materials 
also appeared to be independent of redox conditions (Baston et al. 1999; Berry 
et al. 2007).

6.5.3.1  Sorption Mechanisms

The working hypothesis was adopted that under reducing conditions, Pa will be 
present as Pa (IV). From the chemical analogy between Pa(IV) and Th(IV), simi-
lar speciation as Pa(OH)4 and high sorption values could be assumed in States I, 
II, and possibly III. The behaviour under oxidising conditions is more uncertain, as 
speciation of pentavalent Pa is more uncertain.

6.5.3.2  Sorption at States I, II, III, and IV

Very few sorption data are available for Pa(V) (Berry et al. 1988), and there are 
insufficient thermodynamic data available for producing reliable speciation and 
solubility diagrams. Strong sorption was found and calculated Rd values are very 

Table 6.8  Selected best estimate, upper and lower limit Rd values for Pa(V) and Pa(IV)

i.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

Pa(V) Pa(IV) Pa(V) Pa(IV) Pa(V) Pa(IV)

State I 1 × 104 3 × 104 1 × 107 i.d. 5 × 102 i.d.

State II 1 × 104 3 × 104 1 × 107 i.d. 5 × 102 i.d.

State III 1 × 104 3 × 104 1 × 107 i.d. 5 × 102 i.d.

State IV 3 × 102 3 × 104 1 × 104 i.d. 1 × 101 i.d.
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dependent upon phase separation method. The experts agreed to assign the same 
values to States I–III (Table 6.8). Selection of the values was based on one study 
(Berry et al. 1988) backed-up by several studies on geological materials showing 
similarly high sorption. Rd values used are those obtained after ultrafiltration since 
Rd values are extremely sensitive to phase separation method. For sorption onto 
calcite (State IV), results from Geibert and Usbeck (2004) were obtained using 
very high surface area solids and extremely low S/L ratio which led to correspond-
ingly high Rd values. It is suggested that these Rd values are scaled down by two 
to three orders of magnitude to make them more comparable with measurements 
made under more conventional experimental conditions. For Pa(IV) chemical 
analogy with Th(IV) is assumed (similar speciation and similar hydrolysis behav-
iour), with the same values for all states (Table 6.8).
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Abstract Like other actinides, americium (Am) is an important constituent of 
radioactive waste from nuclear power production. In any typical aqueous envi-
ronmental setting, americium exists exclusively in the trivalent oxidation state. 
Similar to tetravalent actinides, americium hydrolyses extensively in aqueous 
solutions and sorbs strongly onto concrete, hydrated cement paste and individual 
CSH phases. Due to the chemical similarity of trivalent actinides and lanthanides, 
information for americium can be supplemented with additional data for other 
well-researched elements, such as curium and europium. The combined evidence 
clearly demonstrates strong sorption under all conditions, with no clear trend 
across the different states of cement degradation. Spectroscopic information sug-
gests that sorption occurs through surface adsorption as well as through incorpora-
tion into the CSH structure, replacing Ca. Similarly, incorporation into the calcite 
lattice is supported by spectroscopic evidence.

7.1  Chemical Form, Speciation, and Solubility

Americium is a radioactive element which can only be synthesised by neutron acti-
vation of plutonium. For example, 241Pu, produced by neutron absorption of 238U 
and 239Pu, decays to 241Am. 241Am generation is related to nuclear reactor opera-
tions and decommissioning. Commonly observed americium isotopes in LILW 
include 241Am (half-life = 4.33 × 102 years), 242Am, 242mAm, and 234Am (NDA 
2011; NIRAS 2008).

Americium may exist in more than one oxidation state but only Am(III) is sta-
ble in natural aquatic systems (Berner 2002; Kim 1986). Similar to other tran-
suranic elements, americium is known to have a strong tendency of hydrolysis and 
thus at a pH above neutral, americium is expected to be very insoluble (Kim 1986) 
and to sorb strongly on geological materials (Bradbury and Bayens 2005).

Figures 7.1 and 7.2 present the aquatic speciation and solubility of americium 
predicted by equilibrium calculations using the recent OECD–NEA thermodynamic 
data (Guillaumont et al. 2003). The influence of complexation with Am carbonate 
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is not important because the concentration of dissolved carbonate is very low in 
cement systems. It is seen that americium speciation is dominated by the neutrally 
charged hydrolysis species Am(OH)3 (aq) at pH above 11 and the solubility is about 
5 × 10−10 mol/L limited by the equilibrium of amorphous Am(OH)3 (am).

7.2  Sorption Values from the Literature  
for the Benchmark Cement

In the following chapter, Eu is in some cases used as an analogue for Am. 
Information pertinent to that analogy is discussed in Sect. 7.2.2.
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7.2.1  Reviewed Sorption Values for Am and Eu

Reviewed sorption values for Am and Eu (as the chemical analogue) are presented 
in Fig. 7.3 as a function of pH. The summary of experimental conditions under 
which these sorption values were determined is given in Table A.13 (see Annex).

Pointeau et al. (2004) studied sorption of Am on degraded CEM I, CEM V, and 
synthetic CSH phases in a pH range 9–12. In these measurements, cement pastes 
were leached to the point that all portlandite had dissolved, and therefore, the 
sorption values are representative for State III of cement degradation. The sorb-
ing solids including cement and CSH phases with C/S ratios 1.3, 1.0, and 0.7 were 
prepared. This allows studying particularly the effect of the C/S ratio, i.e., the 
cement degradation, on the evolution of the sorption values. The main observa-
tions from this study are summarised below:

•	 The initial Am concentration used in experiments was below the predetermined 
“operational” solubility of Am in the cement pore fluids. Therefore, the Rd val-
ues measured should represent genuine sorption values and are not caused by 
precipitation;

•	 Sorption is generally high and is not considerably influenced by the C/S ratio in 
CSH phases and by pH;

•	 Sorption seemed not reversible as Rd values were in general higher in desorp-
tion experiment than in sorption experiments (see Fig. 7.4). In other words, 

Fig. 7.3  Distribution ratio (Rd) of americium in cementititous systems. SRPC sulphate resist-
ing Portland cement; CSH calcium silicate hydrate; NRVB nirex reference vault backfill; DOPC 
degraded ordinary Portland cement. Rd values for europium are included for State I

7.2 Sorption Values from the Literature for the Benchmark Cement
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sorbed americium species are partly fixed on cement materials and are not in 
equilibrium with the solution concentration. In the selection of best estimates, 
Rd from sorption experiments should be considered as having more weight than 
those from desorption experiments; the latter provide upper-bound values;

•	 Am is sorbed more strongly by pure CSH than by cement pastes. The EXAFS 
study on CSH samples prepared in the same way but using europium as the 
chemical analogue suggested that Eu uptake was likely to be due to co-precip-
itation with Ca and Si in CSH (Schlegel et al. 2004). These authors concluded 
that uptake of Am occurred mainly on CSH and that uptake is due to both sorp-
tion and co-precipitation. The higher Rd values for CSH compared to cement 
pastes are thought to be due to a combination of sorption and co-precipitation 
mechanisms for the former and sorption only for the latter;

•	 CEM I seemed a better sorbing material for Am than CEM V, but the underlying 
mechanism is not clear; and

•	 Based on the above information, and if only sorption data for cement pastes 
(exclude desorption data) are considered, then Rd values for Am are in the range 
of 3000–65,000 L/kg.

Wieland et al. (1998) determined Rd of europium on sulphate-resistant Portland 
cement in a State I cement pore fluid at pH 13.3. The Rd value was ≥106 and 
≥105 L/kg at S/L ratios of, respectively, 10−5 and 10−4 kg/L. Note that because 
of the very strong sorption, special attention was given to use very low solid (i.e. 
cement) concentration in the experiments in order to accurately measure the Eu 
solution concentration remaining in the liquid phase after sorption. The need to 
use small amounts of sorbing material in sorption experiments for strongly sorbing 
elements was also demonstrated for thorium (see Sect. 6.1.3).

Tits et al. (2000) found similarly high Rds (105 to 106 L/kg) for Eu on a CSH 
phase with a C/S ratio of 1.09 at pH 13.3. This supports other observations that 
CSHs are important sorption sinks in cement paste. Wieland et al. (1998) con-
cluded that the sorption values for Eu are expected to be similar in value on hard-
ened cement paste and CSH phases.

Fig. 7.4  Sorption and 
desorption of Am on cement 
paste (data from Pointeau 
et al. 2004). Note that the 
data points for CEM I are 
not different from the 1:1 
line when considering the 
reported error margins
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A combined batch and spectroscopic study was performed by Tits et al. (2003) 
for sorption of Eu and Cm on CSH phases. In this case, both Eu and Cm were 
used as chemical analogues for Am; the advantage of Cm over Am was its higher 
sensitivity for spectroscopic measurements. The Rd for Eu on CSH phases with 
two different C/S ratios, 1.0 and 1.09, prepared by different procedures, was as 
high as 6 × 105 L/kg. The uptake is fast (within 1 day) and linear in a solution 
concentration range of 10−12 to 10−8 mol/L of Eu.

Batch sorption experiments for Am on fresh OPC and degraded OPC were 
reported by Cowper et al. (2006). The degraded OPC was prepared by leach-
ing the intact OPC with distilled water until portlandite was dissolved away. The 
pore fluid was made by equilibrating distilled water with fresh and degraded 
OPC. Sorption values for OPC at pH around 13 were significantly lower than 
other Rd values discussed so far and were in the range of 3000–6000 L/kg. The 
Rd for degraded OPC was, however, larger than the fresh OPC and the value is 
generally larger than 105 L/kg at pH 11.6 if the pore fluid was filtered with fil-
ters of 10 kD (kilodalton) MWCO. The increase in Rd for the degraded OPC was 
explained by the relative higher content of CSH as compared to the fresh OPC 
after leaching. The mineralogical analysis did indicate that the degraded OPC is 
about 100 % CSH, while the intact OPC has about 70 % CSH and 30 % portlan-
dite. It is remarkable that the relative content of CSH has such a profound impact 
on Am sorption. If this is the real mechanism governing the observed difference 
in Rd, then sorption in State III should in principle be much higher than in States I 
and II. Another factor that may have influenced the Rd is the aqueous speciation of 
americium. Based on Fig. 7.2, Am speciation is quite different at pH 13 compared 
to 11.6, which is the pH of intact and degraded OPC, respectively.

Sorption values of Am on different concretes were measured by Allard et al. 
(1984). Rd was in a range of 100 to 105 L/kg. Among many radionuclides stud-
ied by these authors, americium and thorium had similar sorption behaviour and 
were sorbed most strongly for all concrete materials tested. Although preference 
is given to sorption values from cement pastes and CSH phases for determining 
best estimates, the values for concrete were included in the summary graph for 
reasons of comparison. However, lower weight will be given to the concrete values 
in determining the best estimates.

Sorption of Eu on calcite at State I cement pore water was studied by Tits et al. 
(2002). In general, sorption values were as high as 104 to 105 L/kg suggesting that 
calcite is also an important sorption sink for a trivalent actinide such as Am. The 
data, however, showed a strong dependency on S/L ratio and on the crystallinity 
of the calcite, suggesting uptake processes other than surface sorption are at work. 
Formation of a solid solution with neo-formed calcite was proposed as the uptake 
mechanism. It is also noted that although the Rd was for calcite, values cannot be 
used for the State IV of cement degradation because measurements were carried 
out at high pH (13.3).

Baston et al. (1995) investigated sorption of Am on sandstone containing feld-
spars and calcite as major components. This work is relevant to be included for 
evaluating State IV Rd. The sorption experiments were performed at pH around 

7.2 Sorption Values from the Literature for the Benchmark Cement
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8 and the Rd values found were between 30,000 and 66,000 L/kg. Care must be 
taken when using these numbers since the sandstone used as sorbing material has 
some clays and iron oxides in it.

Another study relevant for State IV Rd assessment is that of Allard et al. 
(1984). Americium sorption on calcite was investigated by batch experiments in 
an artificial NaHCO3-type groundwater. The Rd was found to increase with pH, 
and the value was in the range of 10,000–25,000 L/kg in the range pH 7–9. In 
the same study, sorption of Am on many other geologic materials including sili-
cates, oxides/hydroxides, and sulphides was reported. It was found that the sorp-
tion behaviour was similar for all minerals. From such an observation, it was 
concluded that the increase in Rd with pH was probably governed by the change of 
solution speciation, and not by the type of sorbing minerals.

Based on the two data sources mentioned above, Am sorption on calcite seems 
strong. The reported Rd values are in agreement with other general reviews given 
by Bradbury and Baeyens (1997), Stout and Carroll (1993). The sorption mecha-
nism is, however, not well understood. Probable processes include surface adsorp-
tion, co-precipitation, formation of solid solution, and precipitation of americium 
carbonate. A recent time-resolved laser fluorescence investigation revealed that 
adsorption is only one of several mechanisms responsible for Eu uptake on cal-
cite. The high affinity is due to incorporation of Eu into the calcite lattice on Ca2+ 
sites (Fernandes et al. 2008). These authors also discovered that Eu incorporation 
is stronger in the presence of sodium than potassium, although no explanation was 
given.

7.2.2  Europium as a Chemical Analogue for Americium 
in Sorption Experiments

It is well known that chemical compounds and aqueous species of the triva-
lent actinides and lanthanides have similar chemical properties (Choppin and 
Rizkalla 1994). Europium is thus often used as a chemical analogue for americium 
in studies of solution chemistry and sorption. Inspecting Rd values presented in 
Fig. 7.3 shows, however, that Rd for Eu is much larger than Rd for Am. All Rd 
for Eu were determined in the PSI laboratories (Wieland et al. 1998; Tits et al. 
2000) and the values scatter around 106 L/kg (3 × 105 to 4 × 106). The remain-
ing Rd values in Fig. 7.3 are all measured using Am as the sorbing element, and 
these are generally below 105 L/kg. This observation seems to suggest that there is 
difference in the sorption of Am and Eu onto cement materials where Eu appears 
to sorb much more strongly than Am. It must be noted that although the chemi-
cal analogy between Eu and Am has been built on a solid basis, differences are 
observed between these elements in solution chemistry and the related thermody-
namic properties (Guillaumont et al. 2003; Hummel et al. 2002; Silva et al. 1995). 
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Hummel et al. (2002) show that Eu hydrolyses stronger than Am with the follow-
ing stability constants for the tri-hydroxo complex:

It is seen that the stability of Eu(OH)3 (aq) is two orders of magnitudes higher as 
compared to that of Am(OH)3 (aq). Considering the more recent americium review 
by Guillaumont et al. (2003), the log K for Am(OH)3 (am) is 26.2 suggesting that 
Eu hydrolyses is even larger.

Tits et al. (2003) have also noticed the discrepancy between the conceptual 
view, i.e., the anticipated chemically analogous behaviour of Eu(III) and Am(III), 
and the hydrolysis constants presently available from the open literature. In addi-
tion, two other points from the work of Tits et al. (2005) are particularly relevant 
and provide interesting and important information about using Eu and Am in sorp-
tion experiments:

•	 Rd for Eu and Am on calcite is similar in value if corrected for the observed 
effect of solid-to-liquid ratio. This suggests that Am and Eu are very similar in 
terms of sorption on calcite;

•	 Use of cement water containing high concentrations of potassium may introduce 
natural radioactive 40K which may interfere with the counting of 241Am in sorp-
tion experiments. To avoid interference with potassium, Tits et al. (2005) used 
only sodium to prepare the State I cement water. We checked the experimental 
procedures applied for obtaining Rd values in Fig. 7.3 and it turns out that the 
only study in which an elevated concentration of potassium was added is that 
of Allard et al. (1984). Other studies may have some potassium leached from 
cement, but the concentrations are supposed to be low and therefore will not 
affect the Rd determination to a large extent merely due to the interference of 40K.

7.3  Sorption Mechanisms and Selected Sorption Values

7.3.1  Sorption Mechanisms

There is a general consensus that trivalent actinides (Am, Cm) and lanthanides 
(Eu) sorb strongly on cementitious materials (Wieland and Van Loon 2002). 
Analogy with Cm and Eu is often invoked to infer sorption values and mecha-
nisms. Sorption Rd values determined by batch-type experiment are commonly in 
the range of 1000 to 106 L/kg. Evans (2008) proposed that sorption of americium 
on cement may be due mainly to surface complexation or surface adsorption and 
co-precipitation with Ca and Si.

(7.1)Am(OH)3(aq)+ 3H+

= 3H2O+ Am3+ log K
(

25 ◦C
)

= 25.7

(7.2)Eu(OH)3(aq)+ 3H+

= 3H2O+ Eu3+ log K
(

25 ◦C
)

= 23.7

7.2 Sorption Values from the Literature for the Benchmark Cement
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Stumpf et al. (2004) suggested several uptake mechanisms of Cm(III) on 
cement paste based on their time-resolved laser fluorescence spectroscopy stud-
ies: trivalent actinides may be sorbed on cement through surface sorption on port-
landite, formation of colloidal hydroxides, and incorporation into CSH structures. 
Sorption of Cm(III) on CSH involved determination of species responsible for 
uptake on CSH surfaces (Tits et al. 2003). The analysis demonstrated that Cm is 
incorporated into CSH structures by replacing Ca.

Spectroscopic studies carried out by Schlegel et al. (2004), Pointeau et al. 
(2001) revealed that the uptake of Eu on CSH is through incorporation into the 
structure of CSH and possibly surface precipitation or co-precipitation of Eu with 
Ca and Si. The relative strong uptake of Am and Eu on calcite is supported by 
spectroscopic evidences showing strong incorporation (Eu) into the calcite lattice 
(Tits et al. 2002).

Having considered Rd data in Fig. 7.3, there is no doubt that Am sorbs strongly 
on cementitious materials. For State I, data produced in PSI for Eu sorption are of 
high quality, but there were concerns1 over its use and that best estimates should 
be based mainly on Am data (e.g. Allard et al. 1984). There does not appear to be 
a significant trend across the states, although there is more scatter for State I data 
at the lower range of values. This was most probably due to the use of centrifuga-
tion rather than filtration.

7.3.1.1  Solid-to-Liquid Ratio

Only in the work of PSI (Wieland et al. 1998; Tits et al. 2003) was the influence 
of S/L ratio on Rd values for Eu investigated. For all other Rd data presented in 
Fig. 7.3, usually only one S/L ratio was used.

Wieland and Van Loon (2002) demonstrated that Rd for Eu decreased for about 
an order of magnitude if S/L increased from 10−5 to 10−4 kg/L. Other literature 
Rd values (e.g. those from Allard et al. 1984) had lower Rds than those from PSI. 
This was considered to be due to the higher S/L ratio used by Allard et al. (1984). 
Tits et al. (2005) found a similar influence of S/L ratio on calcite, i.e. Rd generally 
decreases if a higher amount of calcite was used as sorbing material.

To summarise, the effect of S/L ratio on Rd of Am seems genuine and was dem-
onstrated for both cement and calcite systems and for both elements Eu and Am. 
Although the real mechanism behind the effect of S/L ratio on Rd is not under-
stood, a conservative approach should be to use Rd determined with a higher S/L 
ratio if these data are determined with a sufficient accuracy within the appropriate 
experimental window.

1The experts had a divided opinion on this; therefore, for conservative reasons, the Eu data were 
not used for selecting best estimates.
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7.3.1.2  Cement Degradation

If considering all Rd values presented in Fig. 7.3, i.e. making no difference 
between Rd for Eu and Am, Rd values in State I cover almost 5 orders of magni-
tudes from 100 to 107 L/kg. This would also imply that Fig. 7.3 shows a decreas-
ing tendency in Rd with decreasing pH. It is questionable to draw such conclusion 
though because (1) there is no argument supporting a stronger sorption of Am or 
Eu in State I than in States II and III; (2) the question remains if Rd for Eu is fully 
representative for Am in this case; and (3) it is not clear if other factors lead to the 
observed difference between the Rd values from PSI’s work and others.

Pointeau et al. (2001) demonstrated that Rd for Am does not vary in State III 
when cement and CSH phases had different C/S ratios. Cowper et al. (2006), how-
ever, found that Rd for Am increased significantly in State III as compared to State 
II. It was suggested that this might be due to the increase of the relative content of 
CSH after the leaching of portlandite. The change of americium speciation from 
State II to III may also contribute to a possible Rd variation although the issue has 
not been particularly discussed in the studies reviewed so far. An exception is from 
the study of Allard et al. (1984) where decrease of Rd on calcite with decreasing 
pH was observed.

7.3.1.3  Sorption Reversibility

Evidence exists that uptake of trivalent actinides (Am, Cm) and lanthanides (Eu) 
on cement is likely irreversible (see Fig. 7.4). Sorption of Eu(III) and Cm(III) 
on cementitious materials were demonstrated to be kinetically fast and linear. 
Desorption was, however, slow and that was attributed to surface precipitation 
and incorporation into CSH structures by substituting Ca (Wieland et al. 1998; 
Tits et al. 2003). Other studies showed a similar behaviour for Am. Sorption of 
Am was followed by fixation into CSH structures and thus becomes irreversible 
(Pointeau et al. 2004; Schlegel et al. 2004). Note that irreversible sorption is in 
principle not accounted for by the Kd concept used in safety assessment.

7.3.2  Sorption at State I

High-quality data have been produced by PSI for Eu as an analogue of ameri-
cium and these results show higher Rd values than Am itself. It was felt best to use 
mainly Am data for selecting the best estimate but to note that proposed Rd values 
would be higher if Eu data were included. The best estimate Rd for State I was 
selected as 104 L/kg, being a mean value in the Am data. To reflect the large scat-
tering in Rd values observed by different laboratories, the upper and the lower lim-
its were chosen as 5 × 106 and 100 L/kg, respectively. The upper limit is extended 
to 5 × 106 L/kg to account for the Eu data. Many of the data came from a study 

7.3 Sorption Mechanisms and Selected Sorption Values
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that used centrifugation rather than filtration and this could have resulted in greater 
experimental scatter (Allard et al. 1984).

The lower limit for State I is lower in comparison with the lower limit for other 
States, although the sample size for the other states is smaller than that for State 
I. Therefore, the opposite would have been more logic from a statistical point of 
view. The error ranges indicated (i.e. upper and lower bound) should therefore be 
cautiously used, as their derivation is more driven by visual analysis of summary 
data plots rather than a statistical one. This is especially true in view of the new 
evidence that the Allard et al. (1984) study was problematic due to (1) use of cen-
trifugation rather than filtration and (2) potential analytical problems encountered 
when using elevated levels of 40K.

7.3.3  Sorption at State II

Based on the speciation, the experts would expect similar Rd values for States I, 
II, and much of III. Overall, the experts were comfortable with the same Rd values 
for best estimates and upper limits for States I–III. The lower limits were varied to 
reflect the experimental scatter. The best estimate Rd for State II is again 104 L/kg 
and the upper and the lower limits are 5 × 106 and 103 L/kg, respectively. There 
were no known Eu data for State II.

7.3.4  Sorption at State III

The experts expected the speciation of Am to change across State III, but the Rd 
values did not show any effect, there being comparatively little scatter. It was, 
however, decided to keep the same values for best estimate (104 L/kg) and upper 
bound (5 × 106 L/kg) but to raise the lower bound slightly to 3 × 103 L/kg. This 
slight rise could be justified by considering that Am should be a cationic species 
for much of State III. The Eu sorption data were taken into account by keeping the 
upper bound at 5 × 106 L/kg for all four states.

7.3.5  Sorption at State IV

It was felt that, based on the data available, there was a logic in maintaining the 
same values for State IV as State III, there being no obvious reason why this was 
not appropriate. The best estimate is therefore 104 L/kg, upper bound 5 × 106 L/kg 
and lower bound 3 × 103 L/kg (Table 7.1).
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Abstract Selenium, molybdenum, and technetium belong to groups VIB, VIA, 
and VIIA, of the periodic table, respectively, and form highly soluble and mobile 
oxo-anions in aqueous solutions under oxidising and moderately reducing con-
ditions (molybdenum only exists as the hexavalent MoO4

2− oxo-anion under all 
conditions). As uranium fission products, isotopes of these elements are com-
mon in radioactive wastes. Based on good evidence for selenate, Se(VI), and on 
supplemental information and chemical analogies for molybdate, Mo(VI), and 
pertechnetate, Tc(VII), these elements are preferentially taken up by the sulphate–
aluminate minerals (ettringite, monosulphate) in their highest oxidation states, 
where the oxo-anions can substitute for sulphate ions. Thus, sorption of these ions 
would be favoured by a high content of sulphate–aluminate minerals and a low 
aqueous concentration of competing sulphate ions. This is also relevant for sele-
nite oxo-anions, Se(IV), but selenite sorbs additionally on all other mineral phases 
of importance in HCP. Under strongly reducing conditions, Se(−II) and Tc(IV) 
become relevant. No reliable information is available for Se(−II), and zero sorp-
tion must be assumed. On the other hand, technetium (IV) sorbs strongly onto 
hydrated cement paste and CSH phases, which is consistent with its hydrolysis 
behaviour.

8.1  Selenium

8.1.1  Chemical Form, Speciation, and Solubility

Selenium is a non-metal, chemically related to sulphur and tellurium. Elemental 
selenium is occasionally found. There are around 40 known selenium-containing 
minerals, some of which can have as much as 30 % selenium. All of them are rare 
and occur generally together with sulphides of metals such as copper, zinc, and 
lead. The average concentration of stable selenium in the earth’s crust is approxi-
mately 0.05 ppm. The concentration of stable selenium in surface water varies 
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from 0.1 to 100 ppb, with an average concentration of 0.2 ppb. 79Se is generally 
not detected in the environment (IRSN 2005).

Six stable isotopes occur in the natural environment, from which most abun-
dant isotopes are 80Se(50 %) and 78Se(24 %) (Lide 1998). Five oxidation states 
occur: selenide Se2−, an anion with oxidation number of −2(−II), elemental 
selenium Se0(0), thioselenate Se2O3

2−(+II), selenite SeO3
2−(+IV), and SeO4

2− 
selenate(+VI) (Sors et al. 2005; Simonoff and Simonoff 1991).

Some selenium isotopes are radioactive. 79Se is a fission product of 235U. It is 
present in spent nuclear fuel, in the radioactive waste coming from the reprocess-
ing plants and in the discharges from nuclear plants and fuel reprocessing plants. 
Its half-life has been variously reported as 6.5 × 105 years, 6.5 × 104 years, 
1.13 × 106 years, 4.8 × 105 years (IRSN 2005), 2.95 × 105 years (Song-Sheng 
et al. 2001), and 2.8 × 105 years (He et al. 2002). In our calculations, we use the 
value proposed in the JEFF database, which is 3.56 × 105 years (NEA 2006). 79Se 
decays by emitting a beta particle with no attendant gamma radiation. Another 
important radioactive isotope of selenium is 75Se. This artificial isotope is com-
monly used as a tracer (Haygarth 1994) and has a half-life of 120 days (NEA 
2006). 79Se is typically present in LILW.

Data on the probable speciation of selenium in cement are scarce. To facilitate 
understanding, calculations have been undertaken of the speciation state in respect 
of water and on the impact of changing redox conditions.

Selenium is redox sensitive, with oxidation states −2, 0, +2, +4, and +6. 
Eh–pH diagrams in a pure water system are presented in Fig. 8.1. It is seen that 
the most important aqueous species of Se in a pure water system are SeO4

2− 
(selenate) and SeO3

2− (selenite) under oxidising and relatively reducing condi-
tions. Note that in producing the aqueous speciation diagram (top graph) the solid 
phases were ignored. When solid phases are included, selenium can be readily 
reduced to relatively insoluble Se0 (bottom graph). The aqueous Se(−II) species 
are only stable under strongly reducing conditions.

In a cement system, Se speciation may also be influenced by forming com-
plexes with Ca (see Fig. 8.2). It seems, however, that the Ca–Se complexes are 
only relevant at State II because both CaSeO4 and CaSeO3 species are stable only 
when the Ca concentration is relatively high (i.e. higher than mmol level).

In a reducing environment, Se0 can be insoluble and its potential as a solubility 
controlling phase is discussed in the following paragraphs. Other precipitated 
Se(−II) phases associated with Fe (present in cement as corrosion product) and Ni 
(present as impurity in cement) also have low solubilities. Scoping calculations1 
(results not shown) indicated that these phases are not formed under the expected 
conditions in the proposed Dessel facility. Therefore, Se0 and Se–Ca phases are 
believed to be the only relevant phases for this discussion.

1The following conditions were used: redox −230 mV, Se inventory concentration ~10−6 mol/L, 
and Ni and Fe concentration of 10−7 mol/L.
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Under reducing conditions, the solubility of Se0 in the presence of Ca can be 
expressed by the following:

At 25 °C, the solubility equation can be written as follows:

(8.1)Se(s)+ 3 H2O+ Ca2+ = 4e− + 6H+

+ CaSeO3

(8.2)−58.16 = −67.61× Eh− 6pH+ log a[CaSeO3]− log a
[

Ca2+
]

Fig. 8.1  Eh–pH diagram for 
a Se–H2O system without 
(top) and with (bottom) 
precipitation of oversaturated 
solids. Se activity is 10–8. 
Thermodynamic database: 
ThermoChimie 7b with 
addition of gaseous species of 
Se based on the NEA review
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At Eh of −230 mV, pH 12.5, and Ca activity about 0.02, the solubility of Se0 with 
dominant aqueous species as CaSeO3 is about 0.4 mol/kg. With such a high solu-
bility, we may expect that at the State II of cement degradation, Se concentration 
is unlikely to be solubility limited by Se0.

In States I, III, and IV where Ca concentration is relatively low, the solubility 
of Se0 is probably controlled by the following reaction with SeO3

2− as the main 
aqueous species:

Fig. 8.2  Selenium speciation 
as a function of pH and 
calcium activity under 
oxidising (oxygen fugacity 
f(O2) = 0.2 (dimensionless), 
top) and reducing 
(Eh = −230 mV, bottom) 
conditions. Se activity 10–8, 
no precipitation of solids 
over the range of activities 
depicted. Thermodynamic 
database: ThermoChimie 7b
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Under reducing conditions, e.g. at Eh −230 mV (see discussion in Sect. 2.4), 
the above reaction can be expressed as solubility of Se0 as shown in Fig. 8.3. It 
can be seen that the solubility of Se0 is very high at States I and II pH values but 
decreases sharply with pH, e.g. if pH decreases one unit from 12 to 11 (State III), 
Se0 solubility drops from 10−5 to 10−11 mol/kg.

Relevant Se solid phases for controlling solubility might be Se0, and calcium–
selenium phases CaSeO4·2H2O and CaSeO3·H2O.

Solubility diagrams representative for States I and II for CaSeO4·2H2O(s) and 
CaSeO3·H2O(s) are given in Figs. 8.4 and 8.5, assuming that the system is in equi-
librium with portlandite.

Figure 8.4 shows that under oxidising conditions, CaSeO4·2H2O(s) is very 
soluble so it is not likely to form. Under relatively reducing conditions (Eh 
−230 mV), the solubility of CaSeO3·H2O(s) is around 10−5 mol/kg in States 
I and II as shown in Fig. 8.5 following the dissolution reaction used in the 
“ThermoChimie v7b” database:

As a conclusion, the dissolved selenium concentration in a cement system is likely 
to be unlimited by solubility. Only under reducing conditions at a pH above 12 
where Ca concentrations are high, Se concentration could be controlled by the 
solubility of CaSeO3·H2O at around 10−5 mol/kg. However, in the near-surface 
disposal facility of Dessel, reducing conditions may only develop very locally. It 
is therefore relevant to consider that aqueous Se is likely to exist only in the +VI 

(8.3)Se(s)+ 3H2O = 4e− + 6H+

+ SeO3
2− logK = −61.32

(

25 ◦C
)

(8.4)CaSeO3 : H2O(s) ↔ Ca2+ + SeO3
2−

+ H2O logKSO = −6.4

Fig. 8.3  Solubility of Se0 at 
Eh −230 mV in a Se–H2O 
system. Thermodynamic 
database: ThermoChimie 7b
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oxidation state whose concentration will not be limited by solubility. This view 
is consistent with solubility assessments done by Berner (2002) and Pickett et al. 
(2009).

Note that the applicability of the speciation diagram (Fig. 4.10) is limited, as sev-
eral phenomena are not anticipated. Indeed, if data in Fig. 4.10 are extrapolated to 

Fig. 8.4  Solubility of 
CaSeO4·2H2O under 
oxidising conditions 
(O2 fugacity 0.2) in the 
presence of portlandite. 
Thermodynamic database: 
ThermoChimie 7b
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Fig. 8.5  Solubility of 
CaSeO3·H2O at Eh −230 mV 
in the presence of portlandite. 
Thermodynamic database: 
ThermoChimie 7b
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lower pH, they do not agree well with the data by Baur (Table 4.5), and the experi-
mental solubility seems to be about an order of magnitude higher. The position is 
undoubtedly complicated by solid-solution formation (Lothenbach et al. 1999).

8.1.2  Sorption Values from the Literature for the Benchmark 
Cement

Based on the previous section, sorption of selenate and selenite, and possibly also 
of selenide, needs to be considered. No data were found for selenide. Reviewed Rd 
values for selenium(IV) and selenium(VI) in a cementitious system are presented 
in Figs. 8.6 and 8.7, respectively. A summary of experimental conditions of the 
above studies is given in Table A.14; further relevant information is summarised 
below. These data are from Ochs and Talerico (2006), Sugiyama and Fujita (1999), 
Baur and Johnson (2003), Kato et al. (2002), Lothenbach et al. (1999), Ochs et al. 
(2002), Johnson et al. (2000), Pointeau et al. (2006, 2008), Mace et al. (2007), 
Cowan et al. (1990), Ticknor et al. (1988), and Staudt et al. (1994).

Ochs and co-workers: Se(IV) and Se(VI)

•	 Se(VI) sorption was studied in detail on ettringite as a function of selenate as 
well as sulphate concentrations for a range of equilibration times (up to about 
700 days). Additional experiments were carried out with fresh (~State I) and 

7 8 9 10 11 12 13 14
pH

HCP-CEM V/A (Ochs & Talerico 2006)
HCP-CON V/A (Ochs & Talerico 2006)
PC (Johnson et al. 2000)
OPC, groundwater (Sugiyama & Fujita 1999)
OPC/BFS, groundwater (Sugiyama & Fujita 1999)
OPC, distilled water (Sugiyama & Fujita 1999)
PC-S10 (Johnson et al. 2000)
PC-S20 (Johnson et al. 2000)
HCP CEM I (Pointeau et al. 2008; Johnson et al. 2000)
HCP deg (Pointeau et al. 2006)
HCP CEM I, 3 days to 6 months (Pointeau et al. 2008)
HCP CEM I, 1 day to 5 months (Pointeau et al. 2008, Macé 2006)
HCP/20-20_alt20 (Mace et al. 2007)
HCP/70-20_alt20 (Mace et al. 2007)
HCP fresh (Pointeau et al. 2006)
OPC (Kato et al. 2002)
HCP-CEM V/C (Ochs & Talerico 2006)
CSH 0.83, 2 weeks (Ochs & Talerico 2006)
CSH 0.83, 3 months (Ochs & Talerico 2006)
CSH 1.0, 2 weeks (Ochs & Talerico 2006)
CSH 1.0, 3 months (Ochs & Talerico 2006)
CSH 1.2, 2 weeks (Ochs & Talerico 2006)
CSH 1.2, 3 months (Ochs & Talerico 2006)
CSH 1.2, 5 months (Ochs & Talerico 2006)
CSH 1.65, 2 weeks (Ochs & Talerico 2006)
CSH 1.65, 3 months (Ochs & Talerico 2006)
CSH 1.65, 5 months (Ochs & Talerico 2006)
Altered CSH 0.9 (Sugiyama & Fujita 1999)
Altered CSH 1.2 (Sugiyama & Fujita 1999)
CSH 1.0, 7 days (Baur et al. 2003)
Calcite, 3 months (Ochs & Talerico 2006)
Calcite, 9 months (Ochs & Talerico 2006)
Calcite, 2 weeks (Ochs & Talerico 2006)
calcite (Ticknor et al. 1988)
CaCO3 solution (Cowan et al. 1990)
CaCO3/CaSO4 solution (Cowan et al. 1990)
Portlandite, 2 weeks (Ochs & Talerico 2006)
Portlandite, 3 months (Ochs & Talerico 2006)
Portlandite, 9 months (Ochs & Talerico 2006)
Hydrotalcite, 2 weeks (Ochs & Talerico 2006)
Hydrogarnet, 2 weeks (Ochs & Talerico 2006)
Hydrogarnet, 3 months (Ochs & Talerico 2006)
Hydrogarnet, 5 months (Ochs & Talerico 2006)
Monosulfate, 7 days (Baur et al. 2003)
Ettringite, 7 days (Baur et al. 2003)
ettringite (Lothenbach et al. 1999)
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leached (~State II) HCP made from SRPC (as well as samples of Ca-aluminate 
cements). The experiments were also performed with Cr(VI). An empirical 
solid-solution model was developed that allowed reproduction of sorption of 
several oxo-anions (Se(VI), Cr(VI), Re(VII)) on cementitious materials for a 
wide range of solid and solution composition (Ochs et al. 2002).

•	 For selenate, relatively weak sorption was observed on HCP, but strong sorp-
tion was observed on ettringite. A series of experiments with different selenate/
sulphate ratios suggests strongly that selenate replaces sulphate in the ettringite 
structure and allowed development of an empirical solid-solution model relating 
the sorption of selenate to the sulphate concentration in the solid and solution. 
This is consistent with the findings of Baur and Johnson (2003).

•	 For selenite, sorption on ettringite was weaker than in case of Se(VI). On the 
other hand, selenite sorbed appreciably on nearly all HCP minerals investigated 
as well as on HCP. This suggests a more generic sorption mechanism (such as 
surface sorption/ligand exchange, incorporation in CSH) in addition to possible 
replacement of sulphate in Al-sulphates.

Pointeau and co-workers Se(IV)

•	 Mace et al. (2007) investigated the influence of temperature by performing 
curing/alteration and sorption experiments at 20 and 70 °C. At the higher tem-
perature, sorption of Se(IV) was reduced to about 30 % of the value observed 
at 20 °C, which was presumably due to the destabilisation of ettringite and an 
increase of the crystallinity of CSH (concomitant with a decrease in specific sur-
face area). For the present version of the report, only those data corresponding 
to 20 °C are considered.

7 8 9 10 11 12 13 14
pH

ettringite (Lothenbach et al. 1999)

fresh CEM HS (Lothenbach et al. 1999)

aged CEM HS (Lothenbach et al. 1999)

fresh S71 (Lothenbach et al. 1999)

aged S71 (Lothenbach et al. 1999)
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Fig. 8.7  Distribution ratio (Rd) of selenium(VI) and molybdenum(VI) in cementitious systems 
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Baur and Johnson: Se(IV) and Se(VI)

•	 Baur and Johnson (2003) measured the sorption of selenite and selenate to 
ettringite, monosulphate, and CSH phases. They observed fast sorption kinetics, 
and equilibrium was reached within 1 day.

•	 For selenate, they observed only weak sorption on ettringite, but strong sorp-
tion on monosulphate. XRD analyses indicating changes of monosulphate layer 
spacing as a function of selenate concentration are consistent with selenate 
replacing sulphate. Only insignificant sorption of selenate was observed on CSH 
minerals.

•	 For selenite, they propose sorption via some type of surface reactions, based on 
roughly equally strong sorption on ettringite, monosulphate, and CSH.

Cowan et al.: Se(IV) and Se(VI)

•	 Selenite sorption was observed to decrease in the presence of phosphate and 
sulphate. Sorption was interpreted and modelled in terms of a carbonate/selenite 
ligand exchange reaction, with < 5 % of the surface sites being available for this 
process (Cowan et al. 1990).

8.1.3  Sorption Mechanisms and Selected Sorption Values

8.1.3.1  Sorption Mechanisms

Based on the literature reviewed, it appears relatively well established that Se(VI) 
is preferentially taken up by the sulphate–aluminate minerals (ettringite, monosul-
phate) and that the oxyanions—selenite and selenate—can substitute for sulphate 
ions. Potentially, this could result in either or both Se species appearing in the AFt 
and AFm phases of cement by lattice substitution as well as their sorption on CSH. 
Thus, sorption of selenate would be favoured by a high content of sulphate–alumi-
nate minerals and a low aqueous concentration of competing sulphate ions.

Selenite appears to sorb on all mineral phases of importance in HCP, with no 
pronounced influence of relevant conditions (pH, degradation state). The sorption 
mechanism is not known.

To account for uncertainties in the oxidation state of selenium, sorption values 
are proposed separately for selenide(−II) (Table 8.1), selenite(IV) (Table 8.2) and 
selenate(VI) (Table 8.3). An overview for each oxidation state is given below, and 
further details regarding data for the individual degradation states are given in the 
following sections.

•	 Se(−II): no relevant sorption data could be found for selenide; “insufficient 
data” was assigned to all States. A supplemental value of zero sorption is pro-
posed throughout, although it is expected that Se(−II) may be immobilised by 
HCP. This is consistent with the absence of sorption onto clay. Selenide forma-
tion is a slow process as reduction is kinetically very slow.

8.1 Selenium
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•	 Se(IV): in case of selenite, sorption mechanisms are not known, but sorption 
appears to be fairly uniform throughout States I–III of cement degradation. 
Most data for Se(IV) are available for State II. Sorption in State IV on calcite is 
lower than on the various HCP minerals. Based on these observations, it is pro-
posed that recommended values for selenite are the same for States I–III. Data 
for State II will be the basis for deriving sorption values, as most available data 
are for State II and these are further supported by very similar data correspond-
ing to the beginning of State III. Sorption on calcite is evaluated separately.

•	 In case of Se(VI), many fewer data are available. Sorption appears to take place 
mainly on sulpho-aluminates. Measurements on HCP are preferred for evaluat-
ing sorption, to avoid scaling from a Rd for a single mineral to whole HCP. Such 
values are available for conditions corresponding closely to State II.

Table 8.1  Selected best estimate, upper and lower limit Rd values for selenide, Se(−II)

ai.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I i.d.a i.d. i.d.

State II i.d. i.d. i.d.

State III i.d. i.d. i.d.

State IV i.d. i.d. i.d.

Table 8.2  Selected best estimate, upper and lower limit Rd values for selenite, Se(IV)

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 2 × 102 6 × 103 10

State II 2 × 102 6 × 103 10

State III 2 × 102 6 × 103 10

State IV 3 10 1

Table 8.3  Selected best estimate, upper and lower limit Rd values for selenate, Se(VI)

aRd may also be obtained by considering a functional relationship with the amount of ettringite 
and its evolution (Rd would not be a fixed number but variable). A value corresponding to pure 
ettringite present would be 50 L/kg
bAssumed no ettringite present. Values taken to be those for State IV

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 3 20 1

State II 3 10 1

State IIIa—ettringite present
State IIIb—ettringite absent

3
0.1

10
0.3

1
0.01

State IV 0.1 0.3 0.01
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8.1.3.2  Sorption at State I

The values proposed for Se(IV) for State II are also proposed for State I, i.e. 
2 × 102 L/kg. This is not inconsistent with the values of Pointeau et al. (2006), i.e. 
nearly 120 L/kg for their maximum equilibration time of 170 days. Because only 
the data set of Pointeau et al. (2006) is available for State I, and because these data 
are within the range observed for State II (see below), no basis is seen for propos-
ing a different value for State I than for State II.

In case of Se(VI), the best estimate and lower limit for State II are accepted for 
State I, which may be somewhat conservative. The upper limit is directly taken 
from the data for fresh HCP as 20 L/kg.

8.1.3.3  Sorption at State II

Based on the available experimental data for various HCP samples shown in 
Fig. 8.8, a best estimate Rd of 2 × 102 L/kg is proposed for selenite(Se(IV)). As 
lower limit, a value of 10 L/kg is proposed, taking into account the lowest values 
for CSH 1.2 and CSH 1.65. A value of 6 × 103 L/kg is proposed as upper limit.

For selenate, a best estimate Rd of 3 L/kg is proposed based on the data by 
Lothenbach et al. (1999), with upper and lower limits of 10 and 1 L/kg, respectively.
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Bonhoure et al., 2006)

range of Kd values 
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(Cowan et al., 
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Fig. 8.8  Overview of measured Rd values for Se(IV) on various HCP and single mineral sam-
ples: CEM V samples (CEM samples: /A leached, /C carbonated, CON mortar) represent mean 
values ± their standard error; the values for the single mineral phases are single measurements 
recorded as a function of time. Modified from Andra (2005)
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8.1.3.4  Sorption at State III

In case of Se(IV), the values proposed for State II are also accepted for State III. 
The data for leached calcareous CEM V mortar with calcareous aggregate (HCP-
CON V/A) could be taken to indicate a slightly higher upper limit, but preference 
is given to data on HCP for the present purpose.

For the sorption of selenate, two options may be followed, based on the affin-
ity of Se(VI) to ettringite and monosulphate, and the predicted disappearance of 
ettringite during State III (Fig. 2.2):

•	 In the absence of reliable data on the evolution of the concentration of ettringite, 
a more conventional approach can be followed: for the part of State III where 
the presence of ettringite can be assumed with certainty, the values proposed for 
State II are accepted (best estimate, upper and lower limit). For the remainder of 
State III, a cautious choice is made by proposing the values selected for State IV 
(see below). This approach is used to generate values in Table 8.3.

•	 If reliable data on the evolution of the concentration of ettringite in HCP are avail-
able, the following approach may be adopted. Rather than assigning discrete 
values for State III (note that State III is a heterogeneous system with different 
minerals disappearing one after the other potentially resulting in heterogeneous 
uptake mechanisms and sorption values), Rd is evaluated as a function of the 
amount of ettringite present. As ettringite disappears, Rd is believed to decrease 
proportionally. Estimates of ettringite evolution are available from calculations 
such as that shown in Figs. 2.2 and 8.12. The only parameter that is required then 
is an appropriate estimate for Rd on pure ettringite. Based on the data shown in 
Fig. 8.7, a best estimate Rd for pure ettringite (at pH values relevant for State III) 
of 50 L/kg is proposed, with 30 and 70 L/kg as lower and upper limit, respectively. 
Note that the higher value observed for monosulphate is conservatively neglected.

8.1.3.5  Sorption at State IV

All values measured for Se(IV) on calcite are in the range of 1–10 L/kg, except 
for the values by Cowan et al. (1990) and one value by Ochs and Talerico (2006) 
obtained after 9 months equilibration time. Contrary to the other data, the val-
ues by Cowan et al. (1990) indicate a decrease of sorption with increasing pH. 
However, their data were measured after only 24-h equilibration time and may 
reflect short-term surface sorption processes which may not be the relevant sorp-
tion mechanism for calcite over longer time frames. If long-term measurements in 
cement are considered, many elements will probably experience some kind of 3D 
uptake processes, which usually results in higher sorption values. Note that the lat-
ter consideration is true for sorption in all degradation states.

On the basis of these considerations, a best estimate Rd of 3 L/kg is proposed, 
with an upper limit of 10 L/kg [ignoring the higher value at high pH by Ochs and 
Talerico (2006)] and a lower limit of 1 L/kg.

http://dx.doi.org/10.1007/978-3-319-23651-3_2
http://dx.doi.org/10.1007/978-3-319-23651-3_2
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In case of Se(VI), only the estimates by Ochs et al. (2001) are available. To 
account for uncertainties that may not have been considered and because the 
sorption of Se(VI) had been observed during coprecipitation, a best estimate of 
0.1 L/kg is proposed [corresponding to the lowest value estimated by Ochs et al. 
(2001)]. The upper limit of 0.3 L/kg is accepted on the basis of their estimates. 
As lower limit, a value of 0.01 L/kg is proposed, which is an order of magnitude 
lower than the lowest value estimated by Ochs et al. (2001). A value of zero is 
judged as overly conservative, because

•	 Staudt et al. (1994) observed small but nonzero uptake of both selenate and 
sulphate;

•	 Curti (1997) also calculated a small but nonzero partitioning coefficient for 
selenate on the basis of the data by Staudt et al. (1994); and

•	 on the basis of a weak analogy with Se(IV).

8.1.4  Supplemental Values for Assessment Calculations

In the cases where there are insufficient data are available to derive best estimate 
values and their upper and lower limits, so-called supplemental values are derived 
for the purpose of assessment calculations. Supplemental values are usually not 
supported by a vast amount of solid literature data, but may be based on chemi-
cal analogy and expert opinion. As the data are of a lesser quality, this approach 
necessarily leads to selection of conservative values. All supplemental values for 
assessment purposes for Se(−II) are zero (Table 8.4) (see Sect. 8.1.3.1).

8.2  Molybdenum

8.2.1  Chemical Form, Speciation, and Solubility

Molybdenum is a metallic element which belongs to the same group as tung-
sten and chromium. In natural waters, stable Mo concentrations vary between 
0.01 (salt water) and 0.001 mg/L (fresh water) (Calmon et al. 2003). The most 

Table 8.4  Supplemental Rd values for selenide, Se(−II)

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 0 0 0

State II 0 0 0

State III 0 0 0

State IV 0 0 0

8.1 Selenium
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stable oxidation state in water is +VI. The latter oxidation state is common in 
molybdenum(VI) oxide MoO3, while the normal sulphur compound is molybde-
num disulphide MoS2.

Natural molybdenum is a mixture of several stable isotopes and consists 
of 14.84 % 92Mo, 9.25 % 94Mo, 15.92 % 95Mo, 16.68 % 96Mo, 9.55 % 97Mo, 
24.13 % 98Mo, and 9.63 % 100Mo (Tuli 1995). The isotopes 90Mo, 91mMo, 91Mo, 
93mMo, 93Mo, 99Mo, 101Mo, 102Mo, and 105Mo are radioactive. 99Mo is a beta 
transmitter with a half-life of 65.9 h (NEA 2006) and is frequently used as a radi-
oactive tracer (Yu et al. 2003). Typical molybdenum radionuclides in LILW are 
93Mo (half-life 4.00 × 103 year) and 99Mo (half-life 4.52 × 10−3 year).

Data on the probable speciation of molybdenum in cement are scarce. To facil-
itate understanding, calculations have been undertaken of the speciation state in 
respect of water and on the impact of changing redox conditions.

Figure 8.9 gives a Eh–pH diagram for Mo, and it is obvious that the only aque-
ous species relevant to a cement system is the MoO4

2− anion. In slag cements, 
however, sufficient sulphide could be present to form MoS2.

With regard to solubility, calculations with the v7b Andra (2005) database dem-
onstrated that the only solid phase relevant to control the dissolved Mo concentra-
tion should be CaMoO4(s). Figure 8.10 shows the solubility diagram of the latter 
mineral phase assuming the system is in equilibrium with portlandite (constant 
dissolved calcium concentration). It shows that the activity of MoO4

2, i.e. the solu-
bility, decreases with decreasing pH and is controlled by the reaction:

(5)CaMoO4(s)+ 2H2O = Ca(OH)2(s)+MoO4
2−

+ 2H+ logK = −30.7

Fig. 8.9  Eh–pH diagram for 
molybdenum in a Mo-H2O 
system. Mo activity 10–8, 
no precipitation of solids. 
Thermodynamic database: 
ThermoChimie 7b

0 2 4 6 8 10 12 14

–.5

0

.5

1

pH

E
h 

(v
ol

ts
)

Mo3+

H2MoO4(aq)

HMoO4
-

MoO4
2-

25°C



197

At pH 13.5 and 12.5, the dissolved Mo concentration is 2 × 10−4 and 
2 × 10−6 mol/kg, respectively. In States III and IV, the aqueous Ca concentration 
varies as function of pH, as the Ca concentration is regulated by the solubility of 
CSH phases, so that the solubility of CaMoO4(s) will be affected.

Reaction path modelling was performed to simulate the solubility of 
CaMoO4(s) with changing Ca concentration (Fig. 8.11). Dissolved calcium con-
centration is also shown.

Fig. 8.10  Solubility of 
CaMoO4(s) in the presence 
of portlandite (pH range 
is characteristic for 
degradation State I and II 
where portlandite is stable). 
Thermodynamic database: 
ThermoChimie 7b
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Fig. 8.11  Solubility of 
CaMoO4(s) in a system 
where the concentration of 
calcium is controlled by the 
solubility of portlandite at 
State I–II (pH 13.5–12.5), 
at State III CSH_1.6 to 
pH ~ 12.1, CSH_1.2 to 
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pH 10.8. Thermodynamic 
database: ThermoChimie 7b
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In summary, the solubility of CaMoO4(s) is at its lowest value around 10−6 mol/kg  
in State II (pH 12.5 and the dissolved Ca is 20 mmol/kg). In States I and IV, the 
CaMoO4(s) solubility is at its highest value at about 10−4 mol/kg. In State III, the 
CaMoO4(s) solubility increases from 10−6 to 10−4 with decreasing pH.

8.2.2  Sorption Values from the Literature for the Benchmark 
Cement

Only one study was found regarding sorption data of Mo on HCP. Kato et al. 
(2002) measured the sorption of molybdate on hydrated OPC paste that had been 
pre-equilibrated with water to reach about pH 12.1–12.5. They varied Mo(VI) con-
centration and solid/liquid ratio, but no other conditions (Table A.15). The data are 
plotted together with the data for selenate in Fig. 8.7. The values obtained at low 
initial Mo concentrations, where formation of CaMoO4(s) is very unlikely, are in 
good agreement with values for selenate (see further in Sect. 8.2.3).

8.2.3  Sorption Mechanisms and Selected Sorption Values

With the exception of the data by Kato et al. (2002), no independent information 
is available for Mo(VI). However, selenate is a very good analogue for molyb-
date because these anions are isostructural and the anions (double negative) as 
well as the central atoms (+VI) have the same charge. In terms of sorption to 
HCP, it is of particular relevance that both molybdate and selenate have simi-
lar behaviour in terms of being able to replace sulphate in the key solid phases. 
In other words, in terms of critical sorption processes, both are almost identi-
cal. The few data available are in close agreement with those for Se(VI) (see this 
chapter).

In the absence of good data for Mo, and noting that fragmentary data for 
Mo show apparent agreement with those for Se, we use selenate as a chemical 
analogue. However, we note that Kindness et al. (1994) found much stronger 
bonding of Mo onto AFm relative to AFt, whereas the bonding of Se into AFt 
appears to be stronger. Clearly, more work is needed, but in the absence of 
conclusive data, the Se/AFt data probably represent a conservative data set as 
applied to Mo. Table 8.5 provides best estimates and associated upper and lower 
limits.

As for selenium(VI), no best estimate was derived for State III. The approach 
proposed for selenium(VI) will also be adopted for molybdenum, with Rd being 
related to the presence (and the amount) of ettringite in the system (Fig. 8.12). 
At 10 °C, ettringite is exhausted at about pH 11.3. Further details are proved in 
Sect. 8.1.3.4.
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8.3  Technetium

8.3.1  Chemical Form, Speciation, and Solubility

Twenty-two isotopes of technetium exist, all radioactive. 99Tc (half-life 2.14 × 105 
years) is produced by the fission of uranium and plutonium in nuclear reactors (the 
majority of 99Tc produced in a reactor is a result of 99Zr decay, a primary fission 
product) and is not a naturally occurring radionuclide. It is typically present in 
reactor waste such as ion-exchange resins, evaporator bottoms or concentrated liq-
uids, filters and sludges, and decommissioning waste (contaminated concrete and 

Table 8.5  Selected best estimate, upper and lower limit Rd values for molybdenum

The condition “ettringite present” is valid up to ~pH 11.3; below this value, ettringite is 
exhausted (“ettringite absent”)
aRd may also be obtained by considering a functional relationship with the amount of ettringite 
and its evolution (Rd would not be a fixed number but variable). A value corresponding to pure 
ettringite present would be 50 L/kg

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 3 33 0.3

State II 3 33 0.3

State IIIa—ettringite present
State III—ettringite absent

3
0.1

33
0.3

0.3
0.01

State IV 0.1 0.3 0.01

Fig. 8.12  Evolution of 
ettringite as function of pH
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metal vessels and piping). Small amounts of 99Tc can also be present in LILW-SL 
generated at medical laboratories and research centres. Although 99Tc is a fission 
product, it is also an activation product of stainless steel and Inconel (especially in 
300-series stainless steel, as an activation product of stable 98Mo). The predomi-
nant form of 99Tc at a LILW-SL disposal facility is most probably the pertechne-
tate ion (TcO4

−), because pertechnetate is the predominant chemical form of 99Tc 
found in reactor wastes (USDOE 1996a, b).

99Tc is redox sensitive: its electron structure makes it possible for technetium 
to exist in eight oxidation states ranging in charges from +7 to −1. The two most 
common oxidation states are +7 (pertechnetate) and +4 (technetium dioxide, 
TcO2). The reduction of pertechnetate to the insoluble technetium dioxide species 
is not easily achieved and often requires strong reducing conditions before it can 
proceed. It is therefore assumed that Tc(VII) is always present to a certain extent.

The Eh–pH diagram for technetium is shown in Fig. 8.13, where speciation is 
produced with the thermodynamic data given in Table 8.6.

Technetium is redox sensitive, and the commonly occurring oxidation states in 
natural waters are Tc(+IV) and Tc(+VII). As predicted by the Eh–pH diagram in 
Fig. 8.13, under oxidising conditions technetium (+VII) exists as TcO4

− (pertech-
netate) across the whole pH range. In a reducing environment, technetium (+IV) 
may be present as TcO(OH)3

− at pH above 11 and the neutral species TcO(OH)2 
(aq) at other pHs of interest.
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Technetium is not solubility limited under oxidising conditions since Tc(+VII) 
is very soluble. Under reducing conditions, Tc(+IV) may precipitate and form 
hydroxides. Because of its high hydrolysis tendency, technetium may form 
hydrated technetium dioxides in a cementitious environment as suggested by stud-
ies of Berner (2002) and Pilkington and Wilkins (1988). Figure 8.14 presents the 
calculated solubility of tetravalent TcO2·1.6H2O(s), the hydroxide likely to precip-
itate in a cementitious environment, at redox potential of −0.2 and −0.4 V.

The solubility of TcO2·1.6H2O(s) is constant at neutral and slightly alka-
line pH but varies with Eh and pH in the alkaline pH range. At pH < 11 where 
TcO(OH)2(aq) species dominates the aqueous speciation of Tc, the solubility is 
about 4 × 10−9 mol/L as can be estimated by the reaction given:

At a higher pH where the aqueous speciation is TcO(OH)3
−, the solubility can be 

calculated by:

which is derived from the second last reaction given in Table 8.6. For example, at 
pH 12.5, the solubility of TcO2·1.6H2O(s) is around 1.6 × 10−7 M.

When the solution speciation of Tc(+VII) is controlled by TcO4
−, the solubil-

ity of TcO2·1.6H2O(s) is a function of both pH and Eh following:

which is obtained from the third reaction listed in Table 8.6 after replacing O2(aq) 
by Eh and proton activity by pH.

The solubility of freshly prepared technetium dioxide has been measured 
in cement waters of different compositions at pH 8–13 (Pilkington and Wilkins 
1988). In the presence of sodium dithionite as reducing agent, the solubility of 
Tc(+IV) was determined as being around 10−7 mol/L which is in good  agreement 
with the prediction made in Fig. 8.14, assuming TcO(OH)3

− as the dominant 
aqueous species. The same study revealed that in the absence of sodium dithion-
ite, the solubility of Tc increased significantly, suggesting oxidation of Tc(IV) to 
Tc(VII) might have occurred. The latter finding is in line with the prediction of 
Fig. 8.14 where TcO4

− dominates the Tc(VII) aqueous speciation. Also, the study 
showed that Tc solubility is independent of the type of cement leachate used, and 
the aqueous phase is free of Tc-containing colloids.

(6)TcO2·1.6H2O(s) = TcO(OH)2(aq)+ 0.6H2O logK = −8.4
(

25 ◦C
)

(7)log
{

TcO(OH)3
−

}

= pH− 19.3

(8)log
{

TcO4
−

}

= 4pH+ 50.7Eh+ 37.84

Table 8.6  Thermodynamic data of technetium species

Database NEA 03 update (Guillaumont et al. 2003)

Reaction log K (25 °C)

TcO(OH)2(aq) + 0.75O2(aq) = TcO4
− + H + + 0.5H2O 35.0644

TcO(OH)3
− + 0.75O2(aq) = TcO4

− + 1.5H2O 45.9646

TcO2:1.6H2O(s) + 0.75O2(aq) = TcO4
− + H + + 1.1H2O 26.6642

TcO2:1.6H2O(s) + 0.4H2O = TcO(OH)3
− + H+ −19.3004

TcO2:1.6H2O(s) = TcO(OH)2(aq) + 0.6H2O −8.4002

8.3 Technetium
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Fig. 8.14  Solubility of technetium as a function of pH at Eh = −0.2 V (above) and −0.4 V 
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The most abundant aqueous Tc(IV) species at high pH relevant to cement sys-
tems are TcO(OH)3

− (pH > 11) and TcO(OH)2(aq) (pH < 11), as predicted by the 
speciation diagram (Fig. 8.15) produced with the thermodynamic data from NEA 
(Guillaumont et al. 2003). For oxidising conditions, there is only one dominant 
species (TcO4

−) across the entire pH range.

8.3.2  Sorption Values from the Literature for the Benchmark 
Cement

Reviewed literature Rd values and the experimental conditions under which these 
values are determined are summarised in Fig. 8.16 and Table A.16. It seems clear 
from the limited sets of data that Rd values are consistent in terms of the extent 
of uptake of Tc as a function of oxidation state: Tc(IV) sorbs strongly on cement 
materials, while Tc(VII) sorbs very weakly. Note that there should always be a 
reservation with Tc(IV) experiments as some data points may be influenced by 
trace oxidation to Tc(VII) which would decrease Rd. Because this cannot be quan-
tified, one should be cautious with Tc(IV) data.

Besides the fact that precipitation of Tc(IV) could be an important reten-
tion mechanism in a high pH cement environment, mechanisms responsible 
for uptake of Tc(IV) by cements below the solubility limit are not known. For 
Tc(VII), Berner (1999) discussed the analogy of TcO4

− to other oxo-anions, nota-
bly SO4

2−, MoO4
2−, and SeO3

2− and presumed that a binding to/incorporation of 
TcO4

− to AFm/AFt phases of the cements would be expected. There are no suit-
able analogies with any other element for Tc(IV).

Tc(VII) removal by NRVB, pulverised fuel ash/OPC, and blast furnace slag 
(BFS)/OPC was investigated by Baker et al. (2004). Starting with Tc(VII) in 
the system, Rd of Tc on NRVB was found to be small (Rd < 1) suggesting insig-
nificant removal of Tc. In PFA and BFS containing OPC systems, Tc(VII) was 
found to be quantitatively removed. This latter finding was explained as being 
due to the reduction of Tc(VII) to Tc(IV) by sulphide present in the BFS system 

Fig. 8.15  Dissolved 
technetium (IV) speciation 
under reducing condition 
Eh = −500 mV (total 
Tc 1 × 10−8 molal, no 
precipitation of solids)
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and subsequent precipitation of Tc(IV) sulphide (TcS2 has been identified from 
EXAFS studies), but the mechanism in the PFA system was not clear (although 
reduction on the PFA/OPC surface was also assumed).

In a related study, Cowper et al. (2004) concluded that the removal of Tc from 
a PFA/OPC system was probably caused by the reaction between PFA and OPC 
(e.g. by sorption onto the product of the reaction between these materials). In a 
BFS/OPC equilibrated water, Tc was removed by the formation of Tc-sulphide 
solids, i.e. a solubility controlling process.

Uptake of Tc(IV) on cement CEM I and CSH phases was studied, and Rd val-
ues are reported by Andra (2005). The Rd values for cement materials and CSH 
phases were found to be quite similar so it was considered that the main uptake 
sinks for Tc(IV) in cements are CSH phases. Tc(IV) was prepared by electro-
chemical reduction. Hydrazine was employed as a holding reductant, solid/liquid 
separation was by 0.22 micron filtration, and equilibration times were 4–7 days. 
Measured redox potentials reported for CEM I and CSH were generally in the 
range of −220 to −360 mV. The results for Tc sorption onto CSH are very con-
sistent and suggest that oxidation was not significant during the experiments. 
Therefore, the experiments provide good data for the sorption of Tc(IV).

A data point from the Andra (2005) data set with a value of just below 
20,000 L/kg for CEM V was not included on the plot as the composition was con-
sidered irrelevant to the scenario under consideration. However, the experts felt 
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Fig. 8.16  Distribution ratio (Rd) of Tc(IV) in cementitious systems. Values are presented as 
a function of pH in terms of different states of cement evolution. CSH calcium silica hydrate; 
NRVB Nirex reference vault backfill
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that the justification for excluding it was quite weak (CEM V is a little lower in 
aluminium content and a little higher in iron content, but this is a small differ-
ence). It was decided to take this value as the upper bound instead of 7000 L/kg.

8.3.3  Sorption Mechanisms and Selected Sorption Values

Technetium sorption onto cement is most of all influenced by the prevailing redox 
conditions in the cementitious environment. Data reveal that under oxidising con-
ditions, Tc(VII) is considerably less strongly sorbed than Tc(IV) under reducing 
conditions: on average, a three orders of magnitude difference in Rd is observed 
(Fig. 8.16). In this respect, cements containing reducing components such as BFS 
(sulphides) will probably bring Tc into the tetravalent state which then results in 
high uptake values by formation of Tc-sulphide solids.

On the other hand, the experts noted that there is always a reservation with Tc(IV) 
Rd values as some data points may be influenced by trace oxidation to Tc(VII) which 
would decrease the value. This cannot be quantified but should be kept in mind.

The lower sorption of pertechnetate (TcO4
−) may be explained on the basis of 

sorption studies using perrhenate (ReO4
−) as an analogue (Ochs et al. 2002). The 

weak sorption of perrhenate in the system studied was due to competition with sul-
phate; perrhenate uptake was through solid-solution formation with ettringite. High 
pore water concentrations of sulphate give low Rd values, a result of ions such as per-
rhenate, selenate (SeO4

2−), and chlorate (ClO3
−) being replaced by sulphate in ettrin-

gite-like phases. Sulphate ions have a −2 charge, whereas pertechnetate is only −1: 
the former is therefore favoured for sorption onto positive sites compared to the latter.

Based on the speciation, there could be a trend depending on the pH: Tc(IV) 
could change from a −1 hydrolysis species at high pH to a neutral species as the 
pH decreases, but it is not possible to judge the effect of this from the available 
data. In other words, the observations of a constant Rd are in contradiction with 
the theories saying that speciation (and solubility) changes with pH (Fig. 8.14 
and 8.15). The solubility increases with pH between pH 11 and 13, which would 
mean that the sorption would decrease. However, there is still some uncertainty 
on the formation constant of the species TcO(OH)3

−. The current number is from 
the NEA database (Guillaumont et al. 2003), but there has been work since then 
(Warwick et al. 2007) which gives a lower estimate of the formation constant 
which would move the Tc(IV) neutral/anionic species boundary to higher pH (to 
the right). The latter would bring the theory into line with the current observations. 
In particular at low Eh, e.g. −550 mV, there may not be much speciation change.

8.3.3.1  Sorption Mechanisms

Technetium (IV) is known to sorb strongly onto HCP and CSH phases (Fig. 8.16), 
whereas sorption of technetium (VII) is considerably less strong.

8.3 Technetium
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There is little information available, however, about technetium sorption mech-
anisms onto such cementitious phases. Based on chemical analogy with other oxo-
anions such as MoO4

2− and SnO(OH)3
−, sorption onto cement may be governed 

by binding to/incorporation of the AFm/AFt phases (Berner 1999). Quantitative 
information confirming such hypothesis is lacking at present.

Ochs et al. (2002) showed that solid-solution formation with ettringite 
explained in part the uptake of oxo-anions such as SeO4

2− and ReO4
− (an ana-

logue2 for TcO4
−), with sulphate (in the hydrated cement and in the corresponding 

solution) being an important chemical parameter controlling the magnitude of 
sorption values. Here, the role of sulphate is to compete with oxo-anions so high 
sulphate concentration tends to hinder the uptake of oxo-anion radionuclides.

In one study, quantitative removal of Tc onto BFS/OPC was suggested as being 
due to the reduction of Tc(VII) to Tc(IV) by sulphides present in the BFS system 
and subsequent precipitation of Tc(IV) sulphide (TcS2 has been identified from 
EXAFS studies elsewhere) (Baker et al. 2004).

Tc(VII)

Values for Tc(VII) are relevant for a near-surface repository that will experience 
both oxic and anoxic conditions throughout its lifetime. The experts agreed that 
they could attribute very low sorption to Tc(VII). Very few data are available, but 
all show very weak sorption. There was no evidence for differentiation between 
the states—there are no data for States II and III. On the basis of the very limited 
data, a best estimate of 1 L/kg was assigned for the four states. All known data fall 
within an order of magnitude of this value. No upper or lower limits were assigned.

Tc(IV)

For Tc(IV), the range of measured data was taken to provide the upper and lower 
bounds of Rd for States I–III (see Sect. 8.3.3.2).

It was noted that the Rd values from experiments with Tc(VII) are little affected 
by the presence of a small amount of Tc(IV), but the converse is not true. Rd values 
from experiments with Tc(IV) may be sharply influenced if some Tc(VII) is present.

8.3.3.2  Sorption at State I

Using the range of values in the data from Andra (2005) (which encompass and 
are in accord with other data), the experts agreed that there was no discernible 

2Rhenium is often used as chemical analogue for technetium because the elements have similar 
radii and major oxidation states (+4 and +7).



207

difference in Rd values between States I and III. It was noted that speciation is 
predicted to move from a (−1) species to a neutral species for Tc(IV) as the pH 
decreases, but this could not be seen to be having any effect from the current data. 
The experts agreed on a best estimate of 3000 L/kg with upper and lower bounds 
of 2 × 104 L/kg and 700 L/kg, respectively, the bounds being the limits of experi-
mental data.

8.3.3.3  Sorption at State II

The experts agreed that there was no discernible difference in Rd values between 
States I and III (see above).

8.3.3.4  Sorption at State III

The experts agreed that there was no discernible difference in Rd values between 
States I and III (see above).

8.3.3.5  Sorption at State IV

No Rd values were proposed for State IV as no data were available that were rele-
vant to this state. Additionally, there were felt to be no suitable analogous elements 
for Tc(IV) (Table 8.7).
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Abstract The most prevailing oxidation state of palladium (Pd) in water is +II. 
It hydrolyses strongly, but forms also important complexes with soft ligands, such 
as chloride. Palladium is one of the most important transition metals among the 
fission products in waste from nuclear fuel. No data on the sorption of Pd (or 
other platinum groups elements) on cementitious materials are available to date. 
A reasonable estimate of Pd behaviour can be obtained by considering appropri-
ate chemical analogies. Based on valency, hydrolysis behaviour, and availability 
of sorption data, lead (Pb) is selected as best choice. The main factors influencing 
Pb sorption on cementitious materials are the initial Pb concentration (an increase 
leads to a decrease of sorption) and especially pH or C/S ratio, where a decrease 
leads to an increase of lead sorption. Kinetic data for Pb sorption indicate a fast 
initial (chemical) sorption step, followed by a much slower process, possibly 
involving diffusion into the solid matrix.

9.1  Palladium

9.1.1  Chemical Form, Speciation, and Solubility

Palladium belongs in the periodic table of the chemical elements to the group 
of platinoids, which also include platinum, ruthenium, rhodium, iridium, and 
osmium. The most prevailing oxidation state of palladium in water is the +II state 
(Cotton and Wilkinson 1988). It is a very rare metal which is only present in trace 
amounts in the earth’s crust (Wedepohl 1995). In sea water, the palladium concen-
tration is about 0.02 ng/L (Schafer and Puchelt 1998).

Palladium has 42 isotopes of which 6 are stable (102Pd, 104Pd, 105Pd, 106Pd, 
108Pd, and 110Pd). Among the remaining radioactive isotopes, only 107Pd is likely 
to be detected in the environment because of its important physical period (e.g. 
6.50 × 106 years (NEA 2006).

Chapter 9
Sorption Values for Palladium and Lead
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The isotope 107Pd does not exist in a natural state and is generated within the 
nuclear reactors. It is produced during the fission reaction with an efficiency of 
0.14 %. It is one of the most important transition metals among the fission prod-
ucts in nuclear fuel (Gariel et al. 2002). In LILW, the radionuclide 107Pd (half-life 
6.50 × 106 year) is most often found.

Data on the probable speciation of palladium in cement are scarce. To facilitate 
understanding, calculations have been undertaken of the speciation state in respect 
of water. The only oxidation state of aqueous palladium is Pd(II) as shown in 
Fig. 9.1. The solubility of palladium hydroxide Pd(OH)2(s) is plotted in Fig. 9.2. 

Fig. 9.1  Dissolved 
palladium speciation as 
mol fraction versus pH. Pd 
concentration is 10−8 mol/L. 
Thermodynamic database: 
ThermoChimie 7b
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Fig. 9.2  Solubility of 
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Another solid phase, PdO(s), gives much lower solubility (about 4 orders of mag-
nitudes) than that of Pd(OH)2(s).

Solubility equilibria controlled by Pd(OH)2(s) at different states of cement deg-
radation are as follows:

At pH 13.5, the solubility of Pd is around 10−4 mol/kg.

At pH 12.5, the solubility of Pd is about 10−5 mol/kg.

At pH < 10, the solubility of Pd is 4 × 10−6 mol/kg independent of pH.

9.1.2  Literature Information, Mechanisms, and Selected 
Sorption Values

No sorption data for Pd on cementitious materials have been found. Similarly, no 
data have been found for any of the obvious chemical analogues (platinum group 
metals). Of the elements where relevant experimental sorption data are avail-
able, possible analogue candidates include Ni and Pb. This is mainly based on the 
hydrolysis behaviour of Pd(II), which appears to be intermediate between Ni(II) 
and Pb(II), based on the assumption that the first sorption step is some surface 
complexation-type reaction. While Pd(II) has also a pronounced soft character 
and forms strong complexes with chloride, this is not very relevant as the strong 
hydrolysis dominates Pd behaviour except at fairly low pH. In that sense, Pd2+ is 
very different from other soft ions such as Ag+ (Baes and Mesmer 1986).

•	 Under consideration of the actual uptake mechanisms on HCP, however, Ni cannot 
be viewed as a relevant analogue for other elements, due to the high background 
of (stable) Ni in cement leading to isotopic exchange and the low solubility of Ni-
substituted layered double hydroxide (LDH) phases (see Wang et al. 2009). It is 
highly unlikely that Pd would interact with cement by an isotope exchange mecha-
nism. Instead of Ni, Co may also be an option, but in contrast to Ni, Co appears to 
be bound in both the +II- and +III oxidation state in HCP (Vespa et al. 2006).

•	 Pd shows similarities to Pb in terms of hydrolysis as well as soft/hard character 
(Pd(II) is soft, Pb(II) is of intermediate character but bordering the soft region, 
see, e.g. Stumm and Morgan (1996). Pd has a higher affinity to dissolved chlo-
ride, but this is not very relevant at elevated pH and typical chloride concentra-
tions. Pd(II) is also less soluble under alkaline conditions. The sorption of Pb on 
HCP, concrete, and cement mineral phases has been studied by Pointeau (2000), 
Ochs et al. (2003), and Ochs and Talerico (2006). The available information 
(see the following sections) indicates that Pb is taken up by sorption, rather than 
solubility limitation or isotope exchange.

State I: Pd(OH)2(s)+ 2H2O = 2H+

+ Pd(OH)4
2 logK = −30.97

State II: Pd(OH)2(s)+ H2O = H+

+ Pd(OH)3
− logK = −17.54

States III and IV: Pd(OH)2(s) = Pd(OH)2(aq) logK = −5.4

9.1 Palladium
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Based on the above arguments, it is proposed that the analogy with Pb is used for 
assessing sorption of Pd. At the same time, it is pointed out above that Pb is a pos-
sible but not an ideal analogue, and it is obvious that additional uncertainties are 
being introduced by the use of this analogy. Therefore, the data for Pb are used 
to propose supplemental values for Pd in the context of PA applications, but no 
recommended distribution ratios are derived for Pd. As pointed out above, there 
are no relevant experimental data for Pd. Because Pb is viewed as a possible but 
not ideal analogue element, no recommended distribution ratios are selected for Pd 
(Table 9.1).

9.1.3  Supplemental Values for Assessment Calculations

Supplemental values for assessment purposes are proposed as follows (these data 
are of a lesser quality because not supported by a vast amount of solid data):

•	 The best estimate and upper limit selected for Pb are directly accepted. This 
is viewed as sufficiently conservative, considering that data selection for Pb 
focuses on data for HCP and does not take into account the higher sorption val-
ues observed on CSH phases.

•	 For supplemental lower limits, the values selected for Pb are reduced by an order 
of magnitude. For State II, this is also consistent with the lower end of the data by 
Bayliss et al. (1988) obtained for Pb sorption on calcareous mortar (Table 9.2).

Table 9.1  Selected best estimate, upper and lower limit Rd values for palladium

ai.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I i.d.a i.d. i.d.

State II i.d. i.d. i.d.

State III i.d. i.d. i.d.

State IV i.d. i.d. i.d.

Table 9.2  Supplemental Rd values for palladium

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 3 × 102 1 × 103 1 × 101

State II 3 × 103 1 × 104 1 × 102

State III 3 × 104 1 × 105 1 × 102

State IV 8 × 102 2 × 103 2 × 101
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9.2  Lead

9.2.1  Chemical Form, Speciation, and Solubility

Lead may exist in oxidation states Pb(II) and Pb(IV), but Pb(IV), as in the  mineral 
plattnerite (PbO2), seems only stable under very oxidising condition near the 
upper limit of the water stability region of a pH–Eh diagram (Fig. 9.3).

Aqueous speciation of Pb at trace concentration in high pH range relevant to 
cement and concrete is dominated by hydrolysis species HPbO2

− (equivalent to 
Pb(OH)3

−) and Pb(OH)4
2− (Fig. 9.4).

In terms of solubility, lead oxides and hydroxides are all relatively soluble 
in a high pH range. The most stable oxide litharge (PbO2) has solubility about 
0.05 molal at pH 12.5 and even higher at state I pH following the equilibrium.

9.2.2  Sorption Values from the Literature for the Benchmark 
Cement

An overview of Pb sorption on various cement mineral phases is given in Ochs 
et al. (2003). Following a detailed analysis of the various data sets (HCP, CSH, 

(9.1)Litharge+ 3H2O = 2H+

+ Pb(OH)4
2− logK = −26.2720

(

25 ◦C
)

Fig. 9.3  Eh–pH diagram 
for a Pb–H2O system 
with a lead activity 10−8. 
Thermodynamic database: 
ThermoChimie 7b
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Ca-aluminate cements), Ochs et al. (2003) found that for HCP, the main factors 
influencing Pb sorption are pH and initial Pb concentration:

•	 increasing initial Pb concentrations lead to a decrease of sorption;
•	 decreasing equilibrium pH (corresponding to a decreasing C/S ratio) leads to an 

increase in Pb sorption.

Figure 9.5 gives an overview of Rd values for Pb on different HCP samples and 
individual mineral phases. The figure is modified from Andra (2005); for some of 
the data, the entire range of measured values is indicated. The data by Ochs et al. 
(2003) were determined in the form of isotherms using different CSH phases; in 
each case, pH corresponded to the respective C/S ratio. The single mineral data 
were determined at pH values near 12.4, except for the data on calcite. The various 
HCP samples also correspond approximately to this pH.

An additional data point obtained for the Nirex vault reference backfill (NRVB) 
with a mean Rd of 110 ± 40 L/kg at pH 12.7/12.8 (Brownsword et al. 2002) was 
consistent with the other data.

9.2.3  Sorption Mechanisms and Selected Sorption Values

While a comparatively rich database exists for the sorption of Pb on cementitious 
materials, which allows the identification of relevant factors influencing sorption 
and determination of trends, no detailed information on the actual sorption mech-
anisms is available. The kinetic data by (Ochs et al. 2003) indicate a fast initial 
(chemical) sorption step, followed by a much slower process, possibly involving 
diffusion into the solid matrix.

Fig. 9.4  Dissolved lead 
speciation as mol fraction 
versus pH in a Pb–H2O 
system. Pb concentration is 
10−8 mol/L. Thermodynamic 
database: ThermoChimie 7b
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9.2.3.1  Lead Sorption at State I

No data for Pb sorption on HCP are available that are directly applicable to State 
I. Based on the trend of Pb sorption on CSH phases, the hydrolysis of Pb, and the 
observations of Ochs et al. (2003) regarding Pb sorption as a function of pH, it is 
estimated that Rd for State I should be roughly an order of magnitude lower than 
for State II. Accordingly, a best estimate of 300 L/kg is proposed together with 
upper and lower limits of 103 and 100 L/kg, respectively.

HCP Ca(OH)2 CSH
 1.65

CSH 
1.2

CSH 
1.0

CSH 
0.83

ettrin-
gite

hydro-
garnet

hydro-
talcite

CaCO3

measured on leached 
SRPC and OPC
(Bayliss et al., 1988)

CSH (0.83-1.65)
(Pointeau, 2000)

tobermorite

single mineral data: CEM V (mean values) further literature data
after 2 weeks

after 3 months

CEM V/A        CON V/A         CEM V/C ranges for HCP, CSH 

calcite: pH 8.2         pH 7.3         pH 9.4 

Rouff et al. 2002, 
2005, 2006

107
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Fig. 9.5  Overview of Rd values for Pb on different HCPs and minerals. The single mineral data 
(Ochs et al. 2003) represent single values measured after equilibration times of 2 weeks and 
3 months, the data represented by diamonds correspond to Pb concentrations in the range of 
1 × 10−4 to 1 × 10−6 mol/L, and the data represented by circles correspond to Pb concentrations 
in the range of 1 × 10−7 to 1 × 10−8 mol/L. Data for the CEM V samples (Ochs and Talerico 
2006), /A leached, /C carbonated, CON mortar) are mean values determined after equilibration 
times of 11 days and 9 months ± their standard error. For the Bayliss et al. (1988) data, solutions 
were pre-equilibrated, pH = 12.5 (except for one OPC sample that contained fuel ash, pH ca. 
11.8–12, Kd within the range given by other samples), equilibration time (after pre-equil.) was 
12–60 days, and sorption was higher after 60 days. Ranges of further data taken from the indi-
cated literature are given in the figure; the data ranges of Pointeau (2000) correspond to sorption 
isotherms. Modified from Andra (2005)
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9.2.3.2  Lead Sorption at State II

All available data for HCP correspond to State II. Not considering the values for 
the mortar samples (data by Bayliss et al. 1988), CON V/A) and the largely car-
bonated sample (CEM V/C), the data from the various experiments span a range 
from about 103 L/kg to about 104 L/kg. This range is accepted for representing 
upper and lower limits. As best estimate, a value of 3 × 103 L/kg is selected.

9.2.3.3  Lead Sorption at State III

As for State I, no directly applicable data are available. Based on the same circum-
stantial evidence already considered for State I, it is estimated that Rd for State 
III should be roughly an order of magnitude higher than for State II. This leads to 
a best estimate of 3 × 104 L/kg, an upper limit of 105 L/kg, and a lower limit of 
103 L/kg.

9.2.3.4  Lead Sorption at State IV

Sorption data for Pb on calcite are available from Rouff et al. (2002, 2005a, b, 
2006). These studies cover a range of pH values (7.3–9.4) and were performed in 
different background solutions (0.15–0.5 mol/L NaCl and NaNO3 solutions). The 
effect of pH can be seen in Fig. 9.5, whereas the changes of the ionic strength of 
the solution influenced Rd by less than a factor of two.

Notable sorption of Pb on calcite is further indicated by the data for mortar: 
Ochs et al. (2006) measured higher sorption of Pb for the mortar sample than for 
the HCP sample (data points for CON V/A and CEM V/A in Fig. 9.5). This is fur-
ther consistent with the finding of Curti (1997), who indicates high partitioning of 
Pb into calcite under environmental conditions.

Based on the data between pH 7–9 by Rouff and co-workers (Rouff et al. 
2002), which are directly applicable to State IV, a best estimate of 8 × 102 L/kg  
and an upper limit of 2 × 103 L/kg were selected. As lower limit, a value of 
2 × 102 L/kg is proposed, which also takes into account the values measured at 
pH 9.4 (i.e. just outside the range ascribed to State IV) (Table 9.3).

Table 9.3  Selected best estimate, upper and lower limit Rd values for lead

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 3 × 102 1 × 103 1 × 102

State II 3 × 103 1 × 104 1 × 103

State III 3 × 104 1 × 105 1 × 103

State IV 8 × 102 2 × 103 2 × 102
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Abstract Niobium and tin exist in the penta- and tetravalent state, respectively, 
over the entire redox span of aqueous solutions (>pH 3). Both Sn(IV) and Nb(V) 
hydrolyse extensively and exist under cementitious conditions as negatively 
charged hydroxo-complexes. Tin and niobium are contained in various wastes 
from nuclear power production. Both elements sorb strongly on cementitious 
materials under all conditions, in accordance with their hydrolysis behaviour and 
with the affinity of the hydrolytic species to calcium ions. While the significant 
extent of sorption is well established, the mechanisms of sorption on cement 
phases are not well understood. Spectroscopic information indicates that the struc-
tural environment of Sn sorbed to CSH and hydrated cement paste differs between 
the two solids, but corresponds to the formation of inner-sphere complexes in both 
cases. However, it has to be admitted that the available information is not con-
clusive with regard to (i) identifying the sorption-dominating mineral phase and  
(ii) the distinction between surface sorption or/and incorporation.

10.1  Niobium

10.1.1  Chemical Form, Speciation and Solubility

94Nb (half-life 20,000 years) is not a naturally occurring radionuclide. It is 
 produced from the neutron activation of 93Nb, the only stable isotope of niobium, 
that is present in the structural components of nuclear reactor vessels, especially 
those constructed from important alloys such as Inconel (and, to a lesser extent, 
in those reactor vessels with stainless steels containing niobium). Hence, 94Nb is 
found in metallic reactor components. This radionuclide will be present in dis-
mantling material from nuclear power plants, but it will also be present in waste 
streams that originate from treatment of the primary cooling circuit. The latter 
will become contaminated with 94Nb owing to corrosion of stainless steel and 
Inconel surfaces in the nuclear power plants. The 94Nb inventory increases linearly 
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with reactor operation and does not significantly decrease with time (or burnup) 
(USDOE 1995). LILW also contains 94Nb.

At the present time, reliable thermochemical data for niobium are not available 
to the authors of this report for predicting speciation and solubility of the element. 
A recent update (Version 7.a) of the Andra (2005) database ThermoChimie (devel-
oped since 2000, E. Giffaut, personal communication) suggests that Nb(OH)7

2−, 
i.e. a species with Nb(V), is the dominating aqueous species at cementitious 
pH, which is consistent with solubility measurements under high pH conditions  
(E. Giffaut, personal communication). In terms of solubility controlling phases, 
Na-niobates and Ca-niobates are considered to be relevant; the latter phase is 
much less soluble and likely to be the phase controlling the solubility of Nb in 
cement systems. Solubility values of these phases based on thermochemical cal-
culations under cementitious conditions of interest to ONDRAF/NIRAS are not 
available at the present time.

Solubility of a freshly precipitated Nb phase (reported as Nb2O5 but prob-
ably a hydrous oxide) was measured in cement leachates of different composi-
tions (Pilkington et al. 1988). In BFS/OPC leachates, the solubility of the solid 
was below the detection limit of 2 × 10−7 M. In PFA (Pulverised Fuel Ash)/OPC 
leachates, however, the solubility after four months equilibration was considera-
bly higher, i.e. 6 × 10−3 M. No explanation was found for the observed increase 
in the Nb solubility; it was considered unlikely to be due to differences in the 
composition of the leachates, since these were nearly identical. A subsequent 
sampling (after 18 months) of the same experiments did not reveal new infor-
mation. Therefore, the solubility of Nb was considered to be around 10−3 mol/L 
(Pilkington and Stone 1990). In view of much lower solubilities determined by 
others in normal cements with calcium present, this value is considerably higher 
than the solubility limit. Unless the process responsible for the higher solubil-
ity can be identified, this value will not be considered appropriate in the current 
analysis.

Talerico et al. (2004) performed Nb solubility tests in solutions of different Ca 
concentrations (~0.1 – 20 millimolal) and pH (~9.5 − 13.2). NbCl5 was added to 
the solutions leading to a dissolved Nb concentration of 3 × 10−9–2 × 10−5 M. 
These are oversaturation experiments, i.e. without adding Nb solubility controlling 
phases in solution. X-ray diffraction measurements confirmed, however, the pres-
ence of a poorly crystalline Ca–Nb–oxide phase with CaNb4O11:8H2O (calcium 
niobate or hochelagaite) being the most likely composition. In all experiments, Nb 
solubility varies between 10−9 and 10−5 mol/L depending on both Ca concentra-
tion and pH. In general, Nb concentration decreased with increasing Ca concentra-
tion in solution. For a fixed calcium concentration (1 millimolal), Nb solubility 
increased with decreasing pH. At Ca concentrations >1 millimolal, the solubility 
also decreases with increasing pH. Based on these observations, an empirical rela-
tion was put forward for [Ca] >1 millimolal (Talerico et al. 2004):

(10.1)[Nb]dissolved = 1.4643 e
−1.3402

×

(

[Ca]
−0.8922/102.6766

)
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where [] denotes concentration (M). At a [Ca] of about 20 millimolal and a pH of 
12.5, typical for State II of cement degradation, the above relation results in a Nb 
solubility of 5 × 10−9 M.

When pH and calcium concentration values appropriate for different states of 
cement degradation are used (see Fig. 2.2), a U-shaped solubility profile occurs 
(Fig. 10.1). The lower predicted solubility at pH 13.5 using Eq. (10.1) is related 
to the presence of the Ca–Nb oxide phase. In comparison with the solubility data 
from Baker et al. (1994), model predictions in the pH range 10–11.5 are higher. 
This is probably related to the saline groundwater used by Baker et al., with 
high sodium concentrations but also with elevated Ca (6.7 × 10−2 M) and Mg 
(1.5 × 10−2 M) concentrations. When the sum of Ca and Mg concentration is 
used in Eq. (10.1), predicted niobium solubility is in better agreement with exper-
imental values (Fig. 10.1). This illustrates the potential usefulness of Eq. (10.1) 
to predict niobium solubility, also under rather extreme pore water compositions. 
Therefore, the reliability of this relationship to predict Nb solubility for conditions 
relevant to near-surface disposal merits further corroboration.

The potential relevance of calcium-oxo anion salts in determining niobium 
solubility at high pH was also advocated by Berner (2002), based on chemical 
analogy with Se and Sn (Sn (IV) easily hydrolyses at high pH to the negatively 
charged oxocomplex stannate—Sn (OH)6

2−—as does niobium). Identified solubil-
ity controlling phases for Se and Sn include CaSeO3.H2O(s) and Ca(Sn(OH)6) (s) 
(calcium stannate).

The above literature indicates that at high pH, niobium solubility is likely to be 
determined by a set of calcium-oxo anion salts such as calcium niobate, and not 
just by the single species Nb2O5. This would be in agreement with other elements 
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Fig. 10.1  Solubility of Nb as a function of pH determined under saline conditions. Model pre-
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that have a similar speciation with calcium-oxo anions controlling the solubility. 
Measurements showed that the solubility of these niobium salts is probably lower 
than that of Nb2O5, i.e. in the range of 5 × 10−9–5 × 10−8 M, and depending 
both on pH and Ca concentration. This solubility range will be considered when 
 evaluating appropriateness of niobium uptake data for Rd determination.

10.1.2  Sorption Values from the Literature for the 
Benchmark Cement

Sorption data for Nb are rare in the literature. Three data sets of Rd on cementi-
tious materials are presented in Fig. 10.2 and Table A.17.

10.1.3  Sorption Mechanisms and Selected Sorption Values

Within the pH range 11–12.5, Rd values remain relatively constant. Only at pH 
values lower than 10 one does notice a significant decrease. In addition to pH, 
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V Portland cement type V; CSH Calcium Silica Hydrate. For the Pilkington and Stone data, 1000 
is the best estimate proposed by the authors based on a range of 500–80,000 obtained from dif-
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calcium was shown to have a clear influence on Nb solubility. Therefore, the cal-
cium concentration will determine whether the uptake is really reversible sorption 
or whether precipitation is taking place. The latter process is much less reversible 
(for tin, the dissolution kinetics were shown to depend on OH− concentrations, 
Lothenbach et al. 2000) and thus provides a better containment of radioactive nio-
bium species.

Sorption of Nb under saline conditions was shown to be also high (Rd 
40,000 L/kg, Baker et al. 1994). This is about a factor 5–10 lower than the other 
data shown in Fig. 10.2 at approximately the same pH. Although the high cal-
cium and magnesium concentrations likely decreased niobium solubility (see 
Sect. 10.1.1), the lower sorption compared to non-saline conditions cannot be 
explained at present. One possible explanation may be competition with other ions 
such as sulphate (again based on chemical analogy with tin, Sn(IV) immobiliza-
tion in ettringite was found and a possible mechanism was via binding of Sn(IV) 
in ettringite structures (Bonhoure et al. 2003)).

10.1.3.1  Sorption Mechanisms

Sorption mechanisms for niobium were not reported in the literature. Also Evans 
(2008) in his recent review did not discuss the uptake mechanisms for niobium. As 
was done for solubility, chemical analogy with tin (Sn) will be invoked to propose 
the uptake mechanisms for niobium. According to the earlier literature, Nb in solu-
tion exists primarily as Nb(OH)6

− across the whole pH/Eh range of interest (Baes 
and Mesmer 1986). More recent data suggest that Nb(OH)7

2− is the dominating spe-
cies at cementitious pH (Sect. 10.1.1). Because the latter data became available only 
very recently to the authors of this report, they were not yet integrated in the analysis.

Several solid phases controlling Sn uptake were identified, including ettring-
ite, HCP in combination with CSH (Bonhoure et al. 2003), and pure HCP (Séby 
et al. 2001). For uptake onto ettringite, the proposed (but still preliminary) pro-
cess was sorption by means of corner sharing between Sn(IV) octahedral and Ca 
polyhedra (Bonhoure et al. 2003). When Sn(IV) concentrations were well below 
the solubility limit of calcium stannate (CaSnO3), strong uptake onto HCP was 
characterised as linear sorption Bonhoure et al. 2003). Above the solubility limit 
(~1.1 × 10−6 mol/L at pH 13.3) precipitation of CaSn(OH)6 occurred. In terms 
of uptake values, Wieland and Van Loon (2002) proposed a best estimate Rd of 
10,000 L/kg for States I and II of cement degradation.

Proposed best estimate Rd (L/kg) values are provided in Table 10.1. These val-
ues are supported by the experimental data from Table 3.4 and Fig. 10.2 and are 
in line with those from the chemically similar tin (see discussion in Sect. 10.1.2). 
The experts disliked the idea of using thorium as an analogue as it does not 
hydrolyse at high pH in the manner that niobium does. Some data for niobium 
(Pilkington and Stone 1990) were discussed but then given low weighting as the 
starting concentration appeared well above the solubility limit, thus potentially 
leading to precipitation.

10.1 Niobium

http://dx.doi.org/10.1007/978-3-319-23651-3_3
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10.1.3.2  Sorption at State I

For State I, the review did not reveal any data. However, for tin, Wieland and 
Van Loon (2002) defined a best estimate Rd of 10,000 L/kg for States I and II of 
cement degradation. On the basis of chemical analogy between tin and niobium, 
it was decided also to use the same Rd for States I and II, hence extend the meas-
ured niobium Rd for State II to that of State I. A best estimate of 5 × 104 L/kg was 
selected with upper and lower limits of 1 × 106 and 1 × 103 L/kg, respectively. 
These best estimates for States I and II are considerably higher than the 1000 L/kg 
proposed by Bradbury and Van Loon (1998). However, in view of the experimen-
tal data, and the assurance that real sorption was measured and not precipitation, it 
is believed that the higher values in Table 10.1 are justified.

10.1.3.3  Sorption at State II

As stated in Sect. 10.1.3.2, it was decided to use the same Rd for States I and II. A 
best estimate of 5 × 104 L/kg was selected with upper and lower limits of 1 × 106 
and 1 × 103 L/kg, respectively.

Sorption at State III

It was further agreed to use the same Rd values for State III as for State II; hence, a 
best estimate of 5 × 104 L/kg was selected with upper and lower limits of 1 × 106 
and 1 × 103 L/kg, respectively.

10.1.3.4  Sorption at State IV

There were no data for State IV, but lower sorption onto calcite would be 
expected. Rd values generally two orders of magnitude lower were chosen: a 
best estimate of 500 L/kg, with upper and lower bounds of 5 × 103 L/kg and 
50 L/kg.

Table 10.1  Selected best estimate, upper and lower limit Rd values for niobium (Nb(V))

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 5 × 104 1 × 106 1 × 103

State II 5 × 104 1 × 106 1 × 103

State III 5 × 104 1 × 106 1 × 103

State IV 5 × 102 5 × 103 5 × 101
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10.2  Tin

10.2.1  Chemical Form, Speciation, and Solubility

Tin is a highly crystalline metal. Tin combines directly with chlorine forming 
tin(IV) chloride, while reacting tin with hydrochloric acid in water gives tin(II) 
chloride and hydrogen. Several other compounds of tin exist in the +2 and +4 
oxidation states, such as tin(II) sulphide and tin(IV) sulphide (Mosaic gold). There 
is only one stable hydride, stannane (SnH4), where tin is in the +4 oxidation state.

Tin is the element with the greatest number of stable isotopes, ten. Of these, the 
most abundant ones are 120Sn (at almost a third of all tin), 118Sn, and 116Sn. There are 
28 additional unstable isotopes that are known. Aside from 126Sn which has a half-life 
of 2.3 × 105 years, all the radioactive isotopes have a half-life of less than a year. The 
following radionuclides are typical of LILW: 119mSn (half-life 0.802 year), 121mSn 
(half-life 55 year), 125Sn (half-life 0.0264 year), and 126Sn (half-life 1.1 × 106 year).

Data on the probable speciation of tin in cement are scarce. To facilitate under-
standing, calculations have been undertaken of the speciation state in respect of 
water and on the impact of changing redox conditions.

Tin is redox sensitive and may exist in two oxidation states: Sn(II) and 
Sn(IV). When pH > 2 and for almost the entire redox domain of water stability, 
only Sn(IV) is important (Fig. 10.3). At pH > 8, which encompasses the relevant 
pH domain for an aqueous cement system, the speciation of Sn is dominated by 
hydrolysis species Sn(OH)5

− and Sn(OH)6
2− (see Figs. 10.3 and 10.4).

As concerns solubility, relevant solid phases that might control the solubil-
ity of Sn in aqueous and cement systems include SnO2 (am) and Ca-stannate, 
CaSn(OH)6 (s). In States I, II, and III of cement degradation where the aqueous 

Fig. 10.3  Eh–pH diagram 
of tin for a Sn–H2O system. 
Sn activity is 10–8, no 
precipitation of solids. 
Thermodynamic database: 
ThermoChimie 7b
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Ca concentration is above millimol/L level, CaSn(OH)6 (s) is the likely solubility 
controlling phase for Sn. In State IV, depleted in cement components and low in 
Ca concentration, SnO2 (am) may replace CaSn(OH)6 (s) as the solid controlling 
the dissolved Sn concentration.

Figure 10.5 shows the solubility of CaSn(OH)6 (s) in the presence of portlan-
dite and the solubility of SnO2 (am). Note that CaSn(OH)6 (s) is relevant only for 
States I, II, and part of State III when calcium concentration is still high. SnO2 
(am) becomes important only for State IV where calcium concentration and pH 
are low. For State III, where the dissolved Ca concentration varies, the solubility 
of Sn will be governed by both pH and Ca concentration.

Figure 10.6 shows the results of reaction path modelling simulating the leach-
ing of a cement system by soil water which has a composition similar to that used 
by Jacques et al. (2008). The soil water contains 2.7 × 10−4 M dissolved carbon, 
5.7 × 10−5 M calcium, 1.2 × 10−4 M sulphur, and a pH around 4. This soil water 
composition has been used to simulate cement degradation as shown in Fig. 2.2. 
The model cement system contains1 Na/K hydroxides, portlandite, CSH phases 
(CSH_0.8, CSH_1.2, and CSH_1.6), and 0.1 millimol/L of Sn. The calculated Ca 
concentration varies from about 1 mmol/kg (State I) to about 20 mmol/kg (State 
II) and drops to millimol/L level after the depletion of CSH phases (from end of 
State III onwards). These Ca concentrations are comparable to the results obtained 
using the detailed solid-solution models for describing CSH phases (Jacques et al. 
(2008). At pH > 10, where cement phases are still present and the Ca concentra-
tion is still higher than the one in the soil water, the solubility of Sn is controlled 
by the solubility of CaSn(OH)6 (s) and varies with pH and Ca concentration. At 
pH < 10, when the Ca concentration diminishes due to the depletion of cement 
phases, Sn solubility is governed by the solubility of SnO2 (am) and decreases 
from 10−5 to 10−7 mol/kg.

1The mass of cement phases is chosen as arbitrary to facilitate the calculation.

Fig. 10.4  Dissolved 
tin speciation as mol 
fraction versus pH. Sn 
concentration is 10–8 mol/L. 
Thermodynamic database: 
ThermoChimie 7b

http://dx.doi.org/10.1007/978-3-319-23651-3_2
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A relevant experiment concerning Sn solubility in cement is one reported by 
Lothenbach et al. (2000). These authors determined Sn solubility from over- and 
undersaturation of Sn phases as a function of pH and dissolved Ca concentra-
tion. They concluded that in a cement system where Ca is present, the solubility 
controlling phase for Sn is CaSn(OH)6 (s)—identified by XRD analysis—and the 
tin(IV) solubility is therefore strongly correlated with the calcium content dis-
solved in the cementitious solutions. The measured solubility of Sn has a maxi-
mum value of 10−6 mol/kg in State I and decreases to 10−8 mol/kg in State II. 

Fig. 10.5  Solubility of 
CaSn(OH)6 (s) in the 
presence of portlandite (top) 
and SnO2 (am) (bottom). 
Thermodynamic database: 
ThermoChimie 7b
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This range seems in good agreement with other experiments performed under sim-
ilar conditions (Ochs et al. 1998; Bayliss et al. 1992; Bayliss et al. 1988).

Figure 10.6 indicates that the maximum solubility of Sn in State I is about 
2 × 10−6 mol/kg. The dissolved Sn concentration decreases from its maximum to 
about 10−8 mol/kg, which is the solubility of Sn in State II when the pH reaches a 
value of 12.5 controlled by the dissolution of portlandite. In State III, the dissolved 
Sn concentration increases from 10−8 to about 2 × 10−6 (at pH 9.5) in accord-
ance with the decrease of Ca concentration. After the CSH phases have dissolved 
completely, the solubility of Sn is controlled by SnO2 (am) and decreases from 
2 × 10−6 to about 5 × 10−8 mol/kg (at pH 6–7).

Fig. 10.6  Dissolution of 
some cement phases (top), 
aqueous concentration 
of calcium (middle), and 
solubility of CaSn(OH)6 (s) 
and SnO2 (am) (bottom). 
Thermodynamic database: 
ThermoChimie 7b. The 
calcite in the top graph is 
from precipitation, not from 
calcite aggregates 1.0E-07

1.0E-05

1.0E-03

1.0E-01

1.0E+01

6 8 10 12 14
M

in
er

al
s 

(m
o

l/k
g

)
pH

Ca(OH)2 (s)
CSH_1.6
Calcite
Ca(Sn(OH)6) (s)
CSH_1.2
CSH_0.8
SnO2 (am)

6 8 10 12 14
0

5

10

15

20

pH

C
al

ci
um

 in
 fl

ui
d 

(m
m

ol
/k

g)

6 8 10 12 14
1e–8

1e–7

1e–6

1e–5

pH

T
in

 in
 fl

ui
d 

(m
ol

/k
g)



231

The solubility calculation presented in Fig. 10.6 is generally comparable to the 
estimates made by Berner (2002). Despite both estimations being based on com-
puter modelling, they are not in disagreement and provide useful order of magni-
tude values. Berner (2002) concluded that the solubility of Sn in States I and II of 
cement degradation might be in the range of 10−7–10−5 mol/kg.

In summary, our solubility calculation and some experimental literature data 
suggest that Sn solubility in a cement system is in the range of 10−8–10−6 mol/
kg. In States I and III, where the Ca concentration is relatively low compared to 
the State II, the Sn solubility is approximately 2 × 10−6 mol/kg. Sn solubility is 
the lowest in State II where it reaches about 10−8 mol/kg. In State IV, Sn solubility 
decreases from 10−6 to about 5 × 10−7 mol/kg with decreasing pH (boundary of 
State IV in our assessment is pH 9).

10.2.2  Sorption Values from the Literature for the 
Benchmark Cement

Reviewed Rd values for tin in a cementitious system are presented in Fig. 10.7 
and Table A.18 based on the literature from Bonhoure et al. (2003), Baker et al. 
(1994), Heath et al. (1996), Ochs and Talerico (2006), Bayliss et al. (1989), and 
Ochs et al. (1997). Table A.18 gives also a summary of the pertaining experimen-
tal conditions. A summary of the above studies is given.

7 8 9 10 11 12 13 14

pH

HCP, 4.5.10-6M (Bonhoure et al. 2003)
HCP 1.1x10-5M (Bonhoure et al. 2003)
HCP 5.0.10-5M (Bonhoure et al. 2003)
HCP 2.2.10-4M (Bonhoure et al. 2003)
HCP 5.0.10-4M (Bonhoure et al. 2003)
NRVB 15-25°C (Baker et al. 1994)
NRVB 72-82°C (Baker et al. 1994)
NRVB (Health et al. 1996)
CSH 1.65, 2 weeks (Ochs & Talerico 2004)
CSH 1.65, 3 months (Ochs & Talerico 2004)
CSH 1.2, 2 weeks (Ochs & Talerico 2004)
CSH 1.2, 3 months (Ochs & Talerico 2004)
CSH 1.0, 2 weeks (Ochs & Talerico 2004
CSH 1.0, 3 months (Ochs & Talerico 2004)
CSH 0.83, 2 weeks (Ochs & Talerico 2004)
CSH 0.83, 3 months (Ochs & Talerico 2004)
Ettringite, 2 weeks (Ochs & Talerico 2004)
Ettringite, 3 months (Ochs & Talerico 2004)
Calcite, 2 weeks (Ochs & Talerico 2004)
Calcite, 3 months (Ochs & Talerico 2004)
Hydrotalcite, 2 weeks (Ochs & Talerico 2004)
Hydrotalcite, 3 months (Ochs & Talerico 2004)
Hydrogarnet, 2 weeks (Ochs & Talerico 2004)
Hydrogarnet, 3 months (Ochs & Talerico 2004)
SRPC, 56 days (Bayliss et al. 1989)
SRPC, 56 days (Bayliss et al. 1989)
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Fig. 10.7  Distribution ratio (Rd) of tin in cementitious systems as a function of pH. NRVB Nirex 
reference vault backfill; HCP hardened cement paste; SRPC sulphate resisting Portland cement
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10.2.3  Sorption Mechanisms and Selected Sorption Values

Based on the literature reviewed, the sorption of Sn(IV) on HCP is strong under all 
conditions. This is consistent with the pronounced hydrolysis of Sn(IV) at inter-
mediate to high pH on one hand and the affinity of the hydrolytic Sn species to Ca 
(and presumably other divalent cations) on the other hand. In their sorption study 
of Sn on individual HCP phases, Ochs and Talerico (2006) observed lower sorp-
tion only for calcite, hydrogarnet, and hydrotalcite. Wieland and van Loon (2002) 
also show that the sorption of Sn(IV) and Th is similar under identical conditions. 
This suggests that the influence of very high pH (i.e. the formation of negatively 
charged Sn species) on the sorption of Sn(IV) on HCP is only weak.

Based on available information, solid/liquid ratio has no influence on Sn sorp-
tion. Due to the low solubility of Sn(IV) in cement-equilibrated solutions, reliable 
sorption data are available for relatively low concentrations only. The isotherm 
data by Bonhoure et al. (2003) on HCP and by Ochs and Talerico (2006) on CSH 
minerals show that Sn sorption on cementitious materials is linear and sorption on 
both HCP and CSH can be interpreted by a single Rd (Fig. 10.9).

As long as CSH phases are present, the state of cement degradation (C/S ratio) 
appears to have no significant influence on Sn sorption.

10.2.3.1  Sorption Mechanisms

The mechanisms of Sn(IV) sorption on HCP are not well understood. To date, 
only the study of Bonhoure et al. (2003) provides information on the structural 
environment of Sn, using EXAFS spectroscopy. They observed the formation of 
inner-sphere complexes in case of Sn interaction with CSH phases, but a different 
type of inner-sphere complex in case of Sn interaction with HCP. In HCP, an alter-
native to CSH as sorption-dominating phase may be ettringite. Ultimately, it has to 
be admitted that the available information is not conclusive with regard to:

•	 the sorption-dominating mineral phase; and
•	 the question whether surface sorption of Sn or/and incorporation is taking place.

10.2.3.2  Sorption at State I

Based on the similarity of the Sn(IV) aqueous speciation between pH 12.5 and 
13.3 (see Fig. 10.4), the values selected for State II are accepted (Table 10.2). This 
is also consistent with the data shown in Fig. 10.7.
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10.2.3.3  Sorption at State II

In the absence of more recent information, the argumentation in Andra (2005) and 
Ochs and Talerico (2006) is followed, and the best estimate Rd is selected on the 
basis of the isotherm shown in Fig. 10.9 as 20,000 L/kg (Table 10.2). Based on 
the upper limit isotherm in Fig. 10.9, on the data for CSH phases in Figs. 10.8 
and 10.7, and on the data for NRVB in Fig. 10.7, an upper limit of 200,000 L/kg 
is selected. This reflects the top end of the experimental data for HCP (Fig. 10.7). 
Based on the lower limit isotherm in Fig. 10.9 and on the minimum values for 
CSH in Fig. 10.8, a lower limit of 10,000 L/kg is selected. Note that the data selec-
tion for State II is based on a slightly enlarged pH-range-centred around pH 12.5 
(rather than strictly on data for 12.5 only). This is based on the nearly constant 
speciation of Sn(IV) above pH 12, and on the similarity of corresponding data in 
the pH range of about 12.3–12.8.

Table 10.2  Selected best estimate, upper and lower limit Rd values for tin

ai.d. = insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 2 × 104 2 × 105 1 × 104

State II 2 × 104 2 × 105 1 × 104

State III i.d.a i.d. i.d.

State IV i.d. i.d. i.d.

HCP Ca(OH)2 CSH
 1.65

CSH
1.2

CSH
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CSH
0.83

ettrin-
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CaCO3

Baker et al. (1994) 
Heath et al. (1996)
Bayliss et al. (1989)

Bonhoure et al. (2003) 
(undersaturated)
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Ochs & Talerico (2006)
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Fig. 10.8  Overview of Rd values for Sn(IV) on HCP and several cement minerals. In all cases, 
the entire range of observed Rd values is indicated. HAC is hydrated high-alumina cement paste. 
Literature data sources are indicated in the graph. Data for CSH phases represent minimum and 
maximum values of isotherms. Modified from Andra (2005)
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10.2.3.4  Sorption at State III

None of the available experimental data are directly applicable to State III. While 
some data obtained by Ochs and Talerico (2006) on CSH phases correspond to the 
relevant C/S ratio, they were obtained at pH values near 12.5. Therefore, no sorp-
tion values are selected.

10.2.3.5  Sorption at State IV

For the sorption of Sn(IV) at State IV, only the values by Ochs and Talerico (2006) 
on calcite at pH 12.6 were found. Because these data do not correspond directly to 
the conditions relevant for State IV, no recommended values are selected.

10.2.4  Supplemental Values for Assessment Calculations

For States III and IV, the following supplemental values can be provided

10.2.4.1  Supplemental Values for State III

•	 Best estimate as well as lower limit is taken from State IV. A very conserva-
tive best estimate of three is proposed based on the selected best estimate for 
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Fig. 10.9  Isotherm plot for the sorption of Sn by fresh HCP and CSH with C/S >1.2. The calcu-
lated solid line corresponds to a Rd of 40 m3/kg, the upper and lower dashed lines correspond to 
Rd values of 100, 10, and 20 m3/kg, respectively. The open circles represent experiments where 
the precipitation of SnCa(OH)6

2− occurred, for experiments represented by closed circles, the 
absence of a solid Sn phase had been confirmed by EXAFS (Bonhoure et al. 2003). All symbols 
correspond to individual measurements. Modified from Andra (2005)
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State IV, while the lower bound of 0.3 corresponds to the lower limit supple-
mental value for State IV. This is a conservative approach for State III, since 
only sorption by calcite is considered, whereas any contribution to sorption by 
HCP phases is not taken into account. Indeed, under the assumption that hydrol-
ysis of Sn from Sn(OH)5

− to Sn(OH)6
2− has no influence on sorption values 

for State II (e.g. those for C/S of 1.2 and 1.65, see Fig. 10.7) would be close to 
those for State III.

•	 The upper bound is based on the assumption that HCP phases such as CSH and/
or ettringite are still present (in addition to calcite). For this case, a value of 
200,000 L/kg is selected for State II in Table 10.2. The hydrolysis behaviour of 
Sn(IV) suggests that sorption should increase when pH is lowered from pH 12.5 
towards pH 9, as the negatively charged and highly hydrolysed species become 
less important. Therefore, the value of 200,000 L/kg selected for State II is 
 proposed as upper limit supplemental value for State III.

10.2.4.2  Supplemental Values for State IV

The best estimate supplemental value of 3 L/kg is recommended, based on the 
 values by Ochs and Talerico (2006) on calcite. The hydrolysis behaviour of Sn(IV) 
is again interpreted to imply that Sn sorption would not decrease between pH 12.5 
and pH 9.

Supplemental values for upper and lower limits are set arbitrarily to 30 and 
0.3 L/kg, respectively. This is a pure operational procedure, i.e. the best estimate 
an order of magnitude up and down (Table 10.3).
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Abstract Tritium (3H or T) is a radioactive isotope of hydrogen occurring in  
radioactive waste in the form of gas or tritiated water (HTO). Tritium also has 
been and is being released into the environment as a result of military weapons 
testing and nuclear power generation. Radioactive waste may contain different 
beryllium isotopes. For both hydrogen and beryllium isotopes, there is some indi-
cation as well as chemical reasoning that sorption or isotope exchange may occur 
and retard transport. However, the lack of clear experimental data does not allow 
to assign any non-zero sorption value to either tritium or beryllium with sufficient 
confidence.

11.1  Hydrogen (Tritium)

11.1.1  Chemical Form, Speciation, and Solubility

Three possible hydrogen isotopes exist: 1H, 2H, and 3H. The most abundant and 
lightest isotope of hydrogen has a mass number of one and is represented as 1H or 
simply H. Approximately 99.85 % of all naturally occurring isotopes of hydrogen 
(present on Earth) consist of the light hydrogen (1H) isotope. The next heaviest 
isotope of hydrogen has a mass number of two and is represented by the chemi-
cal symbols 2H or D (deuterium). Both 1H and 2H are non-radioactive. The heavi-
est isotope, 3H or tritium, has a mass number of three and is radioactive (half-life 
12.3 years). Tritium is naturally produced in very small quantities by the interac-
tion of cosmic rays with atoms and molecules of the upper atmosphere. Since the 
beginning of the atomic age, large quantities of tritium have entered the environ-
ment from man-made sources, mainly atmospheric testing of thermonuclear weap-
ons (e.g. hydrogen bombs). Furthermore, increasing amounts of tritium are being 
released as the result of the normal operation of nuclear power reactors and fuel 
reprocessing operations. Small quantities of tritium are produced in the fuel and 
coolant of a nuclear reactor. For example, tritium is produced as a result of the 
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fission process itself and as activation of boron contained in the coolant of pres-
surised water reactors. Significant quantities of tritium can also be generated from 
activation of boron used in control rods. However, most of this material is trapped 
inside the rods. Tritium in LILW will be present as dissolved gas or as molecular 
water (i.e. tritiated water) or as hydrated proton H+.

11.1.2  Sorption Values from the Literature  
for the Benchmark Cement

Tritium may prevail as dissolved gas or tritiated water in the pore solution of 
cement (Bradbury and Sarott 1995). Tritium in the dissolved gaseous form, if pre-
sent, is unlikely to be retarded by cement to a large extent and is out of the scope 
of this review. Tritiated water (HTO) may be retained by cement through isotope 
exchange with water bound to cement. Although cement “hydration” may bind 
considerable amounts of water, e.g. by forming CSH phases, the question remains 
as to what proportion of this bound water is accessible for exchange with tritium. 
For this reason, Bradbury and Sarott conservatively assigned a zero Rd for tritium 
(Bradbury and Sarott 1995).

Tits et al. (2003) determined Rd for HTO by batch experiments on HCP and 
compared it with diffusion tests carried out by Jakob et al. (1999). Excellent 
agreement was found between the two experiments resulting in a non-zero Rd of  
0.8 L/kg. In addition, the authors demonstrated that isotope exchange alone, even 
taking 100 % of bound water as accessible, cannot account for the observed sorp-
tion of HTO. Other mechanisms such as diffusion into dead-end pores in cement 
might be involved. Wieland and Van Loon (2002) reviewed literature and found 
lower Rd values (<0.1 L/kg), e.g. in the work of Holgersson et al. (1998). These 
differences in Rd for HTO might be due to different water to cement ratios used 
in HCP preparation. There was an indication that higher Rd values were generally 
found in cements prepared with higher water to cement ratios.

No summary graphs and tables were produced given the limited amount of data.

11.1.3  Sorption Mechanisms and Selected Sorption Values

Although tritium (HTO) is characterised by very low to modest sorption, compari-
son of different diffusion tests reveals sensitivity to water/cement ratio, i.e. higher 
water/cement ratios result in higher Rd values (Wieland and Van Loon 2002). It 
is suggested (E. Giffaut, personal communication) that the fresh cement state, 
where some partially hydrated phases may exist, might influence the retardation 
of tritium. For both cases, Rd may depend on cement formula because different 
cement may develop quite different pore structures in terms of dead-end pores and 
the degree of hydration.
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11.1.3.1  Sorption Mechanisms

Tritiated water can undergo isotopic exchange reactions with hydrogen (bound 
protons, OH– ions, and water) on cement. Other mechanisms such as diffusion into 
dead-end pores in cement have also been reported as possible uptake mechanism 
(Tits et al. 2003).

11.1.3.2  Sorption at States I, II, III, and IV

Due to an extreme lack of sorption data (two sets only and no potential analogues), 
the experts felt unable to assign any Rd values formally. The experts agreed that 
they could say that there is some evidence of weak retardation, but could not 
come up with any best estimates or upper/lower bounds. As a default, a value of 
0 has been proposed. In older studies of cement, it was found that cements are not 
good for immobilising tritium, as it exchanges with the surroundings too readily 
(Table 11.1).

11.2  Beryllium

11.2.1  Chemical Form, Speciation, and Solubility

Beryllium is a relatively rare element in the Earth’s crust. It is found naturally 
with other elements combined in minerals; it is found in coal, soil, and volcanic 
dust (ATSDR 2002). The beryllium concentration of the Earth’s surface rocks is ca. 
4–6 ppm. The free element is a steel-grey, strong, lightweight brittle alkaline earth 
metal which is primarily used as a hardening agent in alloys (e.g. beryllium copper) 
(Behrens et al. 2003). In its chemistry, beryllium exhibits the +II oxidation state.

Although beryllium (Be) has multiple isotopes, only 9Be is stable. The other 
isotopes are short-lived apart from 10Be. Cosmogenic 10Be is produced in the 
atmosphere through spallation of oxygen and nitrogen. This 10Be production 
depends on the intensity of high energy cosmic rays and is influenced by the solar 
wind. 10Be accumulates at the soil surface and is present in common rocks and 
minerals, where its relatively long half-life [1.6 × 106 years (NEA 2006)] per-
mits a long residence time before decaying to 10B (Audi et al. 2003; Wieser 2006). 

Table 11.1  Selected best estimate, upper and lower limit Rd values for H

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I 0 0 0

State II 0 0 0

State III 0 0 0

State IV 0 0 0

11.1 Hydrogen (Tritium)
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It can also be formed by nuclear explosions, through the reaction of fast neutrons 
with 13CO2 in the air. In this way, it is one of the historical indicators of past activ-
ity of nuclear bomb testing. 10Be and its daughter product are extremely useful to 
examine different soil formation processes, soil erosion, and the age of ice cores 
(Whitehead et al. 2008). Yet another naturally occurring beryllium isotope is 7Be 
(half-life = 53.3 days); as with 10Be, it is a natural cosmogenic radionuclide pro-
duced in the upper atmosphere by cosmic ray spallation of nitrogen and oxygen. 
It is used for investigating soil erosion processes occurring over short timescales, 
particularly individual storm events or short periods of heavy rainfall (Mabit et al. 
2008). LILW may contain the beryllium radionuclides 7Be and 10Be.

In the absence of data specific for Be, a chemical analogue was considered, for 
instance with aluminium. However, since aluminium is present in large quantities 
in cement, it would complicate the analysis as some isotopic exchange mechanism 
would need to be assumed. Since considerable uncertainties exist about poten-
tial Al isotope distribution mechanisms (for example, will the presence of small 
amounts of Al results in formation of new phases?), the analogy with Al is cur-
rently not pursued although it has considerable potential.

No speciation plot is produced for Be since the Thermochimie 7b database does 
not contain data for Be. Other databases with Be data could be used, but for rea-
sons of consistency this was not implemented.

11.2.2  Sorption Values from the Literature  
for the Benchmark Cement

No reliable sorption values for Be on cementitious materials could be found. 
Based on the hydrolysis characteristics of Be2+ (e.g. Baes and Mesmer 1986), a 
general tendency towards strong sorption can be expected. Wieland and Van Loon 
(2002) show an interesting plot relating the charge/size ratio (z/d) of various ions 
to sorption on HCP. In this plot, Be would be positioned very roughly in a region 
of Rd ≈ 1000 L/kg. However, even though strong sorption would be expected fol-
lowing expert opinion, the absence of experimental data prevents the assignment 
of nominal values for Be.

11.2.3  Sorption Mechanisms, Selected Sorption Values,  
and Supplemental Values

There is insufficient evidence to derive sorption values for beryllium. Similarly, 
no supplemental values for assessment calculations can be provided, but only 
qualitative arguments for general guidance can be given. It is recognised that 
zero sorption would be overly conservative, not warranted and unlikely. Strong 
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sorption could be expected in the form of substitution for Al in cement phases. 
On this basis and considering the charge/size ratio of the Be2+ ion as well as the 
relation of this value to sorption (Wieland and Van Loon 2002), strong sorption in 
the order of 1000 L/kg may be expected (with an upper limit certainly smaller than 
10,000 L/kg). However, to date this cannot be supported by any measurements. 
Therefore, only a nominal supplemental value different from zero could be pro-
posed for the lower limit (Table 11.2).
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State I i.d.a i.d. i.d.

State II i.d. i.d. i.d.

State III i.d. i.d. i.d.

State IV i.d. i.d. i.d.
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Abstract Zirconium (Zr) is used in nuclear reactors (in the form of zircaloys) 
because of its low thermal neutron capture cross section and high resistance to 
corrosion. In aqueous solutions, zirconium exists exclusively in the tetravalent 
 oxidation state. Zr(IV) hydrolyses strongly with Zr(OH)4(aq), and Zr(OH)6

2− 
being the only relevant species in cementitious environments (and low zirconium 
concentration). Very high sorption of zirconium has been observed in all cemen-
titious materials investigated to date (hydrated cement pastes, CSH phases). 
Sorption appears to increase with the degree of cement degradation, in particular 
from a C/S ratio of 1.3 to 1.0. While the actual sorption mechanisms for  zirconium 
are not known, the available evidence suggests that mainly CSH phases are 
responsible for zirconium sorption on cementitious materials.

12.1  Chemical Form, Speciation, and Solubility

Zirconium is a strong transition metal that resembles titanium. Zirconium is in oxida-
tion number +IV in nearly all of its compounds. However, also the valences +I, +II, 
and +III exist (Wailes and Weigold 1971), although they are not stable in aqueous 
solution. Zirconium is generally used as an alloying agent due to its high resistance to 
corrosion (Lide 2007). It forms both inorganic and organometallic compounds such 
as zirconium dioxide and zirconocene dichloride, respectively. Ninety per cent of all 
zirconium produced is used in nuclear reactors (in the form of zircaloys) because of 
its low capture cross section for thermal neutrons and resistance to corrosion (Lide 
2007). It is frequently used as cladding of fuel rods in nuclear reactors.

Naturally occurring zirconium is composed of five isotopes. 90Zr (most com-
mon; i.e. 51.45 %), 91Zr and 92Zr are stable, whereas 94Zr [half-life of 6 × 1015 
years (NEA 2006)] and 96Zr [half-life 3.9 × 1019 years (NEA 2006) are radioac-
tive (Audi 2003)].

Furthermore, 28 artificial isotopes of zirconium have been synthesised. 93Zr 
is the longest lived artificial isotope, with a half-life of 1.53 × 106 years (NEA 
2006). It is formed by neutron activation of components in nuclear reactors or by 

Chapter 12
Sorption Values for Zirconium

© Springer International Publishing Switzerland 2016 
M. Ochs et al., Radionuclide and Metal Sorption on Cement and Concrete,  
Topics in Safety, Risk, Reliability and Quality 29,  
DOI 10.1007/978-3-319-23651-3_12



244 12 Sorption Values for Zirconium

nuclear fission (Peterson et al. 2007). The heaviest isotope of zirconium 110Zr has 
an estimated half-life of only 30 ms (NEA 2006). Radioactive isotopes at or above 
mass number 93 display beta-decay, whereas those at or below 89 decay by beta+. 
The only exception is 88Zr, which decays by electron capture (Audi 2003). LILW 
may contain the following radionuclides: 93Zr (half-life 1.53 × 106 years) and 
95Zr (half-life 0.175 years).

Data on the probable speciation of zirconium in cement are scarce. To facilitate 
understanding, calculations have been undertaken of the speciation state in respect 
of water.

Zirconium is not redox sensitive; therefore, Zr(IV) is the only oxidation state 
and the most important species at pH above 8 are shown in Fig. 12.1. In a cement 
system, only two hydrolysis species are important at a low activity level (10−8): 
Zr(OH)4(aq) and Zr(OH)6

2−.
In a cement system where pH is high, relevant solubility-controlling phases for 

Zr are hydroxides differing in crystallinity. The current database ThermoChimie 7b 
includes three Zr oxi- and hydroxides, namely ZnO2(mono), Zr(OH)4(am, aged), and 
Zr(OH)4(am, fresh). Note that the data for the Zr(OH)4(am, aged) were recalculated 
from some experimental data discussed in the NEA Zr review (Brown 2005). The 
review, however, did not select the phase Zr(OH)4(am, aged) because of uncertainty.

Amorphous Zr(OH)4(am) is the most soluble among the three phases with solubility 
around 10−4 mol/kg in equilibrium with the polynuclear species Zr4(OH)16 (Fig. 12.2). 
Based on the inventory concentration (Sect. 3.8.1) of Zr (around 10−5 mol/kg), Zr solu-
bility controlled by amorphous Zr(OH)4 cannot be reached; therefore, the phase is not 
relevant in the context of Zr solubility assessment. The more aged amorphous Zr(OH)4 
and the crystalline ZrO2 have lower solubilities at about 10−8 and 10−9 mol/kg, respec-
tively (Figs. 12.3 and 12.4).

Fig. 12.1  Dissolved 
zirconium speciation as 
mol fraction versus pH (Zr 
concentration is 10−8 mol/L). 
Thermodynamic database: 
ThermoChimie 7b
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In summary, the calculated Zr solubility in a cement system is likely to be in a 
range of 10−9 to 10−8 mol/kg controlled by the solubility of either amorphous Zr 
hydroxide or crystalline Zr oxide.

Fig. 12.2  Solubility of 
Zr(OH)4 (am, fresh) in a Zr–
H2O system. Thermodynamic 
database: ThermoChimie 7b
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Fig. 12.3  Solubility of 
Zr(OH)4 (am, aged) in a Zr–
H2O system. Thermodynamic 
database: ThermoChimie 7b
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12.2  Sorption Values from the Literature for the 
Benchmark Cement

Only one reliable and relevant study was found (Pointeau et al. 2004). To our 
knowledge, no other reliable sorption data are available in the literature. Kulmala 
and Hakanen (1993) studied the sorption of Zr on HCP for reaction times up to 
7 months. However, the initial Zr concentrations in their experiments were above 
or at the same level as the solubility limit of Zr measured under the same condi-
tions (the solubility limit lies close to the detection limit, see above).

With respect to potential effects of colloid formation on the chemistry of Zr in 
solution, it is believed that at trace concentrations, the colloid problem should not 
be dominating. Most studies are done carefully in this respect, because researchers 
are generally aware of possible colloid problems in experiments with HCP. The 
sorption data were screened to ensure that investigators were aware of this pos-
sibility and took adequate precautions and sufficient characterisation to ensure that 
colloids were not present or, if present, were excluded from analysis.

Reviewed Rd values for zirconium in a cementitious system are presented in 
Fig. 12.5 and Table A.19 based largely on Pointeau et al. (2004). For their sorption 
experiments, they used the following cementitious materials:

•	 Hydrated cement pastes of CEM I and CEM V were prepared to correspond to 
different C/S ratios, as follows: CEM I 1.3; CEM I 1.0; CEM I 0.7; CEM V 1.3; 
CEM V 1.0; and CEM V 0.7.

•	 CSH phases were synthesised to correspond to C/S ratios of 0.7, 0.9, 1.0, and 1.3.

Fig. 12.4  Solubility of ZrO2 
(monoclinic) in a Zr–H2O 
system. Thermodynamic 
database: ThermoChimie 7b
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•	 CEM I and CEM V had been hydrated for 4 years and then used as basis 
materials (hydration carried out in a saturated portlandite solution in order 
to avoid carbonation). The first two altered states were obtained using degra-
dation by pure water. For the highest degraded state, an accelerated degrada-
tion was carried out using 0.5 mol/L ammonium nitrate solution, followed by 
filtration, washing, and subjection to final degradation with water. Finally, the 
solid phases were characterised by X-ray spectroscopy and analysis of the cor-
responding equilibrium solutions.

•	 Sorption experiments were performed using solid/liquid ratios from 2.5 to 
4 kg/L. As tracer for the sorption experiments, 95Zr with varying initial concen-
trations <1 × 10−10 mol/L was used. Equilibration time was 9 days.

•	 An additional value by Brownsword et al. (2002) is available for Zr sorption 
on HCP (NRVB, pH 12.4), which agrees well with the data by Pointeau et al. 
(2004).

12.3  Sorption Mechanisms and Selected Sorption Values

According to the data shown in Fig. 12.5, very high sorption of Zr (Rd ≫ 1000  
L/kg) can be observed on all cementitious materials investigated. No systematic 
difference between CEM I, CEM V, and CSH phases can be observed within each 
degradation state.
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Fig. 12.5  Distribution ratio (Rd) of zirconium in cementitious systems as a function of pH. The 
data point for NRVB is from Brownsword et al. (2002), and all other data are from Pointeau et al. 
(2004)
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248 12 Sorption Values for Zirconium

On the other hand, sorption increases with the degree of degradation, in par-
ticular from C/S 1.3 to C/S 1.0. This tendency appears to be more pronounced for 
CEM I and CSH phases than for CEM V. The value for NRVB at 12.4 corresponds 
very closely to the upper end of the data range for CEM V and CEM I at C/S 1.3.

The agreement between sorption on HCP samples and that on CSH is suggest-
ing that CSH phases may be largely responsible for Zr sorption. At the same time, 
it can be seen that sorption increases with decreasing C/S ratio, as changing pH 
causes changes in Zr hydrolysis.

Pointeau et al. (2004) further observed that Rd decreases with increasing (equi-
librium) concentration of Zr and offered progressive site saturation as a possible 
explanation.

12.3.1  Sorption Mechanisms

The data by Pointeau et al. (2004) suggest that mainly CSH phases may be respon-
sible for Zr sorption on cementitious materials, but the actual sorption mechanisms 
for Zr are not known. According to Sect. 6.1.1, the speciation of Zr at trace lev-
els is similar to Th at pH ≤ 12.5, i.e. for States II–III (and IV). Analogy with Th 
would also support the importance of CSH phases for Zr sorption (cf. Sect. 4.8 in 
Wang et al. 2009).

Whether the observed increase in Zr sorption from pH ≈ 12.1 (C/S 1.3) to 
pH ≈ 11.5 (C/S 0.7) is mainly due to a change in the structure of CSH phases or 
due to changes in the Zr speciation cannot be concluded on the basis of the avail-
able data. However, the very small changes in terms of predominance of Zr(OH)4 
over Zr(OH)6

2− between pH 12.1 and 11.5 and a comparison with similar data for 
Th (see Fig. 44 in Wang et al. 2009) would suggest that changes in the properties 
of the solid phase are at least partly responsible.

The proposed site saturation effect would be in line with work by Wieland 
et al. (1998) and Tits et al. (2000) who observed kinetically fast (completed within 
2 days) sorption of Th which is indicative of adsorption rather than incorpora-
tion. This appears to be in contrast to Sn(IV), where slower sorption kinetics are 
observed (see Sect. 10.2.2).

12.3.2  Sorption at State I

The data shown in Fig. 12.5 are directly relevant for State III (as defined in 
Fig. 2.2) only. No direct measurements are available for State I (nor for State II in 
the strict sense, see below). Taking pH ≈ 13.2 as being representative for State I, 
the Zr species Zr(OH)4 and Zr(OH)6

2− are about equally important. Thus, direct 
analogy with Th does not seem to be warranted. Analogy with Sn(IV) also needs 

http://dx.doi.org/10.1007/978-3-319-23651-3_6
http://dx.doi.org/10.1007/978-3-319-23651-3_10
http://dx.doi.org/10.1007/978-3-319-23651-3_2
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to be taken with care, based on the charge-to-size ratio of the +4 ions (Baes and 
Mesmer 1986; Wieland and van Loon 2002) and on hydrolysis behaviour. Based 
on the above arguments, neither best estimate nor upper/lower limits were derived 
for State I (Table 12.1).

12.3.3  Sorption at State II

No direct measurements are available for State II, and the analogy with Th 
becomes more difficult as the formation of higher (negatively charged) hydrolytic 
Zr species becomes more important.

Data for State II are selected on the basis of the State III data for CEM V and 
CEM I at C/S 1.3 and for NRVB. Due to the lack of data corresponding to State II 
in the strict sense, the trend of the State III data for C/S 1.0 to C/S 1.3 (Fig. 12.5) 
is extended into State II. As best estimate, a value of 1 × 104 L/kg is then pro-
posed for State II, with 1 × 105 L/kg as upper limit. As lower limit, 1 × 102 L/kg 
is proposed. This is a factor of 10 lower than the lower limit proposed for State III 
with respect to the indicated trend from State III to State II.

12.3.4  Sorption at State III

The data of Pointeau et al. (2004) (see Fig. 12.5) are directly applicable to State 
III. According to Fig. 2.2, it is considered that all data in Fig. 12.5 fall within State 
III. On this basis, a best estimate Rd value of 1 × 105 L/kg is selected for State III. 
Lower and upper limits are selected as 1 × 103 and 5 × 106 L/kg, respectively 
(Table 12.1).

These values are slightly higher than the corresponding values for Th, which 
are not unreasonable in view of the apparently stronger hydrolysis of Zr (onset 
of hydrolysis at lower pH, which would also indicate a higher tendency towards 
the formation of surface complexes; compare Fig. 12.1 with Fig. 39 in Wang et al. 
(2009).

Table 12.1  Selected best estimate, upper and lower limit Rd values for zirconium

ai.d. insufficient data

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I i.d.a i.d. i.d.

State II 1 × 104 1 × 105 1 × 102

State III 1 × 105 5 × 106 1 × 103

State IV i.d. i.d. i.d.

12.3 Sorption Mechanisms and Selected Sorption Values

http://dx.doi.org/10.1007/978-3-319-23651-3_2
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12.3.5  Sorption at State IV

In the absence of data for Zr at State IV, no recommended value could be 
proposed.

12.4  Supplemental Values for Safety Assessment 
Calculations

12.4.1  Supplemental Values for State I

Supplemental values for State I are selected on the basis of the available data 
shown in Fig. 12.5. Further extrapolating the trend of the data for C/S 1.3 and C/S 
1.0 considered for State II (see selected values) into State I does not seem reason-
able in view of the mineralogical evolution of HCP depicted in Fig. 2.2. Following 
the hypothesis that Zr sorption is largely related to mineralogical properties, the 
relations shown in this figure would be consistent with a change in sorption when 
HCP evolves from State II to State III. On the other hand, no major mineralogical 
changes are depicted between State II and State I.

Therefore, upper (1 × 105 L/kg) and lower limits (1 × 102 L/kg) from State II 
were accepted as supplemental values. In comparison with the recommended val-
ues selected for Sn and Th, these values are conservative. No best estimate can be 
suggested based on the available data or analogies. We note again that these sup-
plemental data are of lesser quality than the best estimates.

12.4.2  Supplemental Values for State IV

Based on the identical speciation at pH < 10, and the similar size/charge char-
acteristics (Baes and Mesmer 1986), the values selected for Th sorption on cal-
cite in Wang et al. (2009) are accepted as supplemental values for the upper limit 
(Table 12.1). The lower limit supplemental values are based on analogy with Sn. 
This would produce a maximum range reflecting the large uncertainty due to lack 
of data. No best estimate can be suggested based on the available data or analogies 
(Table 12.2).

Table 12.2  Selected supplemental Rd values for zirconium

ano value provided

pH state Best estimate (L/kg) Upper limit (L/kg) Lower limit (L/kg)

State I n.v.p.a 1 × 105 1 × 102

State IV n.v.p. 1 × 106 0.3

http://dx.doi.org/10.1007/978-3-319-23651-3_2
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Chlorine

See Table A.1.
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