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Foreword

International concern in scientific, industrial, and governmental communities over
traces of xenobiotics in foods and in both abiotic and biotic environments has
justified the present triumvirate of specialized publications in this field: comprehen-
sive reviews, rapidly published research papers and progress reports, and archival
documentations. These three international publications are integrated and sched-
uled to provide the coherency essential for nonduplicative and current progress in
a field as dynamic and complex as environmental contamination and toxicology.
This series is reserved exclusively for the diversified literature on “toxic” chemicals
in our food, our feeds, our homes, recreational and working surroundings, our
domestic animals, our wildlife, and ourselves. Tremendous efforts worldwide have
been mobilized to evaluate the nature, presence, magnitude, fate, and toxicology of
the chemicals loosed upon the Earth. Among the sequelae of this broad new empha-
sis is an undeniable need for an articulated set of authoritative publications, where
one can find the latest important world literature produced by these emerging areas
of science together with documentation of pertinent ancillary legislation.

Research directors and legislative or administrative advisers do not have the time
to scan the escalating number of technical publications that may contain articles
important to current responsibility. Rather, these individuals need the background
provided by detailed reviews and the assurance that the latest information is made
available to them, all with minimal literature searching. Similarly, the scientist
assigned or attracted to a new problem is required to glean all literature pertinent to
the task, to publish new developments or important new experimental details
quickly, to inform others of findings that might alter their own efforts, and eventu-
ally to publish all his/her supporting data and conclusions for archival purposes.

In the fields of environmental contamination and toxicology, the sum of these
concerns and responsibilities is decisively addressed by the uniform, encompassing,
and timely publication format of the Springer triumvirate:

Reviews of Environmental Contamination and Toxicology [Vol. 1 through 97
(1962-1986) as Residue Reviews] for detailed review articles concerned with
any aspects of chemical contaminants, including pesticides, in the total environ-
ment with toxicological considerations and consequences.



vi Foreword

Bulletin of Environmental Contamination and Toxicology (Vol. 1 in 1966) for
rapid publication of short reports of significant advances and discoveries in the
fields of air, soil, water, and food contamination and pollution as well as method-
ology and other disciplines concerned with the introduction, presence, and effects
of toxicants in the total environment.

Archives of Environmental Contamination and Toxicology (Vol. 1 in 1973) for
important complete articles emphasizing and describing original experimental or
theoretical research work pertaining to the scientific aspects of chemical con-
taminants in the environment.

Manuscripts for Reviews and the Archives are in identical formats and are peer
reviewed by scientists in the field for adequacy and value; manuscripts for the
Bulletin are also reviewed, but are published by photo-offset from camera-ready
copy to provide the latest results with minimum delay. The individual editors of
these three publications comprise the joint Coordinating Board of Editors with
referral within the board of manuscripts submitted to one publication but deemed by
major emphasis or length more suitable for one of the others.

Coordinating Board of Editors



Preface

The role of Reviews is to publish detailed scientific review articles on all aspects
ofenvironmental contamination and associated toxicological consequences. Such
articlesfacilitate the often complex task of accessing and interpreting cogent
scientificdata within the confines of one or more closely related research fields.

In the nearly 50 years since Reviews of Environmental Contamination andToxi-
cology (formerly Residue Reviews) was first published, the number, scope, andcom-
plexity of environmental pollution incidents have grown unabated. During thisentire
period, the emphasis has been on publishing articles that address the presenceand
toxicity of environmental contaminants. New research is published each yearon a
myriad of environmental pollution issues facing people worldwide. This fact,and
theroutine discovery and reporting of new environmental contamination cases,creates
an increasingly important function for Reviews.

The staggering volume of scientific literature demands remedy by which data
canbe synthesized and made available to readers in an abridged form. Reviews
addressesthis need and provides detailed reviews worldwide to key scientists and
science orpolicy administrators, whether employed by government, universities, or
the privatesector.

There is a panoply of environmental issues and concerns on which many scientist-
shave focused their research in past years. The scope of this list is quitebroad, encom-
passing environmental events globally that affect marine and terrestrialecosystems;
biotic and abiotic environments; impacts on plants, humans, andwildlife; and pollut-
ants, both chemical and radioactive; as well as the ravages ofenvironmental disease in
virtually all environmental media (soil, water, air). Newor enhanced safety and envi-
ronmental concerns have emerged in the last decade tobe added to incidents covered
by the media, studied by scientists, and addressedby governmental and private institu-
tions. Among these are events so striking thatthey are creating a paradigm shift. Two
in particular are at the center of everincreasingmedia as well as scientific attention:
bioterrorism and global warming.Unfortunately, these very worrisome issues are now
superimposed on the alreadyextensive list of ongoing environmental challenges.

The ultimate role of publishing scientific research is to enhance understandingof
the environment in ways that allow the public to be better informed. Theterm

vii



viii Preface

“informed public” as used by Thomas Jefferson in the age of enlightenmentcon-
veyed the thought of soundness and good judgment. In the modern sense, being*“well
informed” has the narrower meaning of having access to sufficient information.
Because the public still gets most of its information on science and technologyfrom
TV news and reports, the role for scientists as interpreters and brokers of
scientificinformationtothe public will grow ratherthan diminish. Environmentalismis
the newest global political force, resulting in the emergence of multinational con-
sortiato control pollution and the evolution of the environmental ethic. Will the new-
politics of the twenty-first century involve a consortium of technologists and
environmentalists,or a progressive confrontation? These matters are of genuine con-
cernto governmental agencies and legislative bodies around the world.

For those who make the decisions about how our planet is managed, there is
anongoing need for continual surveillance and intelligent controls to avoid endan-
geringthe environment, public health, and wildlife. Ensuring safety-in-use of the
manychemicals involved in our highly industrialized culture is a dynamic challenge,
forthe old, established materials are continually being displaced by newly develope-
dmolecules more acceptable to federal and state regulatory agencies, public
healthofficials, and environmentalists.

Reviews publishes synoptic articles designed to treat the presence, fate, and,
ifpossible, the safety of xenobiotics in any segment of the environment. These
reviewscan be either general or specific, but properly lie in the domains of analyti-
cal chemistryand its methodology, biochemistry, human and animal medicine,
legislation,pharmacology, physiology, toxicology, and regulation. Certain affairs in
food technologyconcerned specifically with pesticide and other food-additive prob-
lems mayalso be appropriate.

Because manuscripts are published in the order in which they are received infinal
form, it may seem that some important aspects have been neglected at times.However,
these apparent omissions are recognized, and pertinent manuscripts arelikely in prep-
aration or planned. The field is so very large and the interests in itare so varied that the
editor and the editorial board earnestly solicit authors andsuggestions of underrepre-
sented topics to make this international book series yetmore useful and worthwhile.

Justification for the preparation of any review for this book series is that it
dealswith some aspect of the many real problems arising from the presence of for-
eignchemicals in our surroundings. Thus, manuscripts may encompass case studies
fromany country. Food additives, including pesticides, or their metabolites that may
persistinto human food and animal feeds are within this scope. Additionally, chemi-
calcontamination in any manner of air, water, soil, or plant or animal life is within
theseobjectives and their purview.

Manuscripts are often contributed by invitation. However, nominations for new-
topics or topics in areas that are rapidly advancing are welcome. Preliminary com-
municationwith the editor is recommended before volunteered review manuscriptsare
submitted.

Summerfield, NC, USA David M. Whitacre



Contents

Microbial Interactions in the Arsenic Cycle: Adoptive Strategies

and Applications in Environmental Management ................ccccoccoeeenennenen. 1
Umesh Praveen Dhuldhaj, Ishwar Chandra Yadav, Surendra Singh,

and Naveen Kumar Sharma

Chemical Behavior of Phthalates Under Abiotic
Conditionsin Landfills ...................c....ocoooiiiiiiiiee e 39
Jingyu Huang, Philip N. Nkrumah, Yi Li, and Gloria Appiah-Sefah

The Environmental and Human Effects of Ptaquiloside-Induced
Enzootic Bovine Hematuria: A Tumorous Disease of Cattle....................... 53
Rinku Sharma, Tej K. Bhat, and Om P. Sharma

Methods for Deriving Pesticide Aquatic Life

Criteria for Sediments ....................ccoooeviieiiiiiiccc e 97
Tessa L. Fojut, Martice E. Vasquez, Anita H. Poulsen,

and Ronald S. Tjeerdema

ix






Microbial Interactions in the Arsenic Cycle:
Adoptive Strategies and Applications
in Environmental Management

Umesh Praveen Dhuldhaj, Ishwar Chandra Yadav, Surendra Singh,
and Naveen Kumar Sharma

Contents

1 INEEOAUCHION. ¢...ttieeiiie ettt ettt e et e et e e bt e eeaaeeeeaaeeeatseeeaseeeeaseeeeanseesnnseeeesseeennseas
Environmental Fate of Arsenic
3 Microbial Resistance to Arsenic and Microbial Transformations
N the ATSENIC CYCIE ...ttt ettt
3.1 Arsenic Reduction
3.2 Arsenite Oxidation -
3.3 Methylation and Demethylation............cocoiriiiieniniriiinineeteceee e
3.4 Mobilization and ImmObIliZation...........ccceeiiiiiiiiiiiniiniineeec e
3.5 Microbial Arsenic Uptake and Extrusion
4 The Ars Operon and Proteins...
4.1 Microbial Arsenic Sensing .........ccccceeeeeveeennee.
4.2 Ars Operon and Transcriptional Regulation............cccccceveeviineninieninincnccnceeee,
4.3 Arsenate Reductases (ATSCS) ...c.uuiiiuieiiieieeeiiieeeeeeeeeteeeereeeereeeeaeeeeaeeeeeaseeeeaseeeesseeens
4.4 Arsenic Permeases (ArsBS).......ccccevviveeviieennnnn.
4.5 Posttransductional Regulation: ArsA and ArsD.
4.6 ArsMand ArsH........cooeviiiiiiniiiceeeeeeee
Bioremediation of Arsenic-Contaminated Environments............cccoceeeevieneninienieneneneenns
Arsenic Biosensors and Measurement of Arsenic Bioavailability...........cccccoceveriiiicnennnnn.
CONCIUSIONS .ttt ettt e ae e e eeeens
Summary. ......
RELETENCES ...ttt h bbbttt ettt ebe bt ne s

[ceBRN e JV))

U.P. Dhuldhaj * I.C. Yadav * S. Singh
CAS in Botany, Banaras Hindu University, Varanasi, UP 221005, India

N.K. Sharma (P<)
Department of Botany, Post Graduate College, Ghazipur, UP 233001, India
e-mail: naveengzp@gmail.com

D.M. Whitacre (ed.), Reviews of Environmental Contamination and Toxicology,
Reviews of Environmental Contamination and Toxicology 224,
DOI 10.1007/978-1-4614-5882-1_1, © Springer Science+Business Media New York 2013



2 U.P. Dhuldhaj et al.
1 Introduction

The term “arsenic” is derived from the Persian word “zarnikh” meaning “yellow
orpiment” (As,S.) (Rensing and Rosen 2009). Arsenic (As) is a metalloid (Table 1)
and has a single naturally occurring isotope As™ (Rensing and Rosen 2009). It
occurs in four primary oxidation states, viz., arsenate [As(V)], arsenite [As(III)],
elemental arsenic [As(0)], and arsenide [As(—III)]. Arsenic compounds have no
known biological roles. Formerly, As found applications in medicine in ancient
civilizations (Datta et al. 1979). It has also been used in the cosmetic and agriculture
industries (insecticide, desiccant, rodenticide, and herbicide). However, in recent
times, the element has acquired notoriety for its toxicity to humans. The Agency for
Toxic Substances and Disease Registry (ATSDR) has included arsenic in the list of
“20 most hazardous substances” (Rensing and Rosen 2009).

Soluble inorganic arsenic is acutely toxic to organisms (Kaise and Fukui 1992).
Arsenite [As(III)] is primarily responsible for the biological effects caused by arsenic.
Its affinity for protein thiols (i.e., cysteine thiolates) or vicinal sulfhydryl groups
makes it highly toxic. In molecules such as lipoic acid and enzyme pyruvate dehy-
drogenase, it binds strongly to vicinal cysteine pairs and acts as a potent inhibitor of
oxidative metabolism (Lin et al. 2006). The binding of arsenite to protein sulthydryl
group could result in membrane degradation and cell death by producing reactive
oxygen species (ROS) (Gebel 2000). Arsenite-stimulated ROSs bind to the reduced
glutathione (GSH), cause depletion of the GSH pool (Bhattacharjee et al. 2008) and
damage proteins, lipids, and DNA molecules (Liu et al. 2001). Arsenite also acts as
an endocrine disrupter by binding to hormone receptors and interfering with normal
cell signaling (Kaltreider et al. 2001).

Arsenate [As(V)], another commonly reported form of inorganic arsenic, is a
toxic analog of inorganic phosphate (Cervantes et al. 1994; Turpeinen 2002). It com-
petes with inorganic phosphate and acts as uncoupler of oxidative phosphorylation.
Owing to its similarity to phosphate, it could produce formation of sugar and nucle-
otide arsenate, which is less stable than phosphate sugar and nucleotide (Rensing
and Rosen 2009). Inorganic arsenic is enzymatically methylated in species such
as monomethyl arsenic acid (MMAA) and dimethyl arsenic acid (DMAA), which
are less toxic than are the inorganic As(IIT) and As(V) species (Leonard 1991).

Table 1 The general characteristics of arsenic

Symbol As

Periodic position Group V; Period—4; Block—P
Atomic number 33

Atomic weight 74.92 g/mol

Element category Metalloid

Color Colorless

Occurrence It ranks 20th in abundance
Oxidation states +5,-3,+3, 1

Minerals Arsenopyrite, realgar, iron pyrite
Crystal structure Trigonal

Commonly found as Arsenides of gallium, indium, and aluminum
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Table 2 Natural levels of arsenic in different environments (WHO 2001)

Environment Natural level
Open-ocean water 1.2 ng/L
Fresh surface waters (river, lakes, etc.) <10 pg/L
Ground water (exp. areas with volcanic rocks 1-2 pg/L
and sulfide deposits)
Sediment 5-3,000 mg/kg
Soil Background concentration 1-40 mg/kg

(mean value 5 mg/kg)

In human and other species, because of their low solubility and reduced affinity
to tissues, methylated species are likely to have relatively less adverse effect to that
of inorganic arsenic species. Mammals (including humans) exposed to arsenic have
been reported to contain methylated arsenic species such as dimethyl arsenate
DMA(V) and monomethyl arsenate MMA(V) in their urine. The gaseous form
arsines are very toxic (Buchet and Lauwerys 1981; Leonard 1991). They combine
with hemoglobin of the red blood cells, producing severe swelling of the cells and
rendering them nonfunctional (Blair et al. 1990).

Atmospheric concentrations of arsenic are different for rural and urban areas,
with an average arsenic concentration range in rural air of 0.02—4 pg/m* and in
urban air, 3-200 pg/m®. A much higher concentration (>1,000 pg/m?®) has been
reported in the vicinity of industrialized areas. In Table 2, we present the natural
levels of arsenic known to exist in different environments, as reported by World
Health Organization (WHO 2001). Actual environmental levels change as environ-
mental factors change, viz., geographical area, geology of an area, and proximity to
human settlements. Amini et al. (2008) have presented the likely scenario of global
distribution of arsenic under reducing and oxidizing conditions. The high arsenic
levels in groundwater usually occur in arid or semiarid regions that have high
groundwater salinity (Welch and Lico 1998).

In most parts of the world, exposure to arsenic results from consuming arse-
nic-contaminated water. Exposure also results from inhaling arsine gas, arsenic-
contaminated dust, or particulates and consuming arsenic-contaminated foods
(Wuilloud et al. 2006). The sensitivity that organisms show to arsenic exposure
varies, viz., to concentration, type of arsenic species, and exposure duration. In gen-
eral, inorganic forms are more toxic than are organoarsenicals, and arsenite is
more toxic (by 100-fold) than is arsenate. Cumulative exposure increases risk of
health impairment manifold. At arsenic-contaminated industrial sites, arsenate,
arsenite, arsenic sulfide, elemental arsenic, and arsine gas are the commonly
encountered inorganic arsenic species (Luong et al. 2007).

Acute and long-term exposure to arsenic increases the risk of different types
of cancer. Inhaled or ingested inorganic arsenic can injure pregnant women and
their fetuses, indicating that arsenic can cross the placenta. Arsenic species have also
been reported to occur in breast milk, albeit at low levels (i.e., <2 pg/L) (Aschengrau
et al. 1989). In animals, exposure to organic arsenic has resulted in low birth weight, fetal
malformations, and fetal deaths (www.epa.gov/ttn/atw/hlthef/arsenic.html). The
incidence of arsenicosis is much higher in children (Guo et al. 2001; Rahmann et al. 2001;
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Guha Muzumdar 2006). Exposure to arsenic in early life (including gestation and early
childhood) increases the rate of mortality (Marshall et al. 2007).

The human sensitivity to arsenic varies with the individual, perhaps because
of differential expression of genes involved in the synthesis of enzymes AQP9 (the
liver isoform) (Acharyya et al. 1999). There also appears to be a relationship
between arsenic sensitivity and nutrition status. Expression of AQP9 can be
elevated by nutritional restriction (Carbrey et al. 2003). For example, villagers in
West Bengal and Bangladesh, the areas most severely affected by As contamination,
who received poor diets had enhanced level of AQP9 in the liver and thereby showed
higher rates of arsenite uptake. City inhabitants are more tolerant to enhanced AQP9
levels than are rural inhabitants, because they receive better nutrition (Mazumdar
2008). The deficiency of calcium, foliate, animal proteins, and other dietary vita-
mins also enhances arsenic susceptibility (Mitra et al. 2004). In addition to inducing
cancer and reproductive effects, arsenic may also cause arsenicosis, dermatological
disorders, neuropathy, cardiovascular and peripheral vascular disease, diabetes mel-
litus, obstetrics outcomes, and metabolic pathway disorders (Abernathy et al. 2003;
Beane Freeman et al. 2004; Ahamed et al. 2006).

In the following sections, we analyze the role of microbes in the arsenic cycle, and
their possible use in bioremediation of arsenic-contaminated environments. This is an
attractive and eco-friendly approach because many of these microbes are found in
heavy-metal-contaminated water and soil, where they variously transform and accu-
mulate the contaminants, thereby reducing their availability. Further, understanding
the mechanism(s), genes and proteins employed by microbes to encounter arsenic
toxicity will help in developing arsenic-resistant agriculturally important plants.

2 Environmental Fate of Arsenic

Arsenic is widely distributed in the earth’s crust, with an average concentration of
2 mg/kg (i.e., 1 ppm). The free metal is uncommon. Arsenic commonly occurs in
trace quantities in rocks, soils, water, and air. In soil, arsenic exists primarily as
inorganic arsenite and arsenate forms (Cullen and Reimer 1989; Masscheleyn et al.
1991; Pantsar-Kallio and Korpela 2000; Balasoiu et al. 2001). More than 300 arse-
nic minerals occur in nature, and of these ~60% occur as arsenates, 20% as sulfides
and sulfosalts, and 10% as oxides (Drahota and Filippi 2009). The rest exist as
arsenites, arsenides, native elements, and metal alloy (Bowell and Parshley 2001).
In primary arsenic-bearing minerals, As is present as anions (arsenide) or dianion
(diarsenide) or as sulfarsenide anions bound to metals such as iron, cobalt, and
nickel. Arsenopyrite (FeAsS) is the most abundant form of arsenic (Drahota and
Filippi 2009). The secondary arsenite minerals are rare in natural environments
(Drahota and Filippi 2009). Upon exposure to the atmosphere and water, primary
minerals are converted to secondary minerals, such as arsenic oxides, arsenite, and
arsenate minerals complexed with mono-, di-, and tri-valent cations. Surface struc-
ture and surface complexing of secondary As minerals have important roles in regu-
lating their mobility in natural systems. Drahota and Filippi (2009) have summarized
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Fig. 1 The global arsenic cycle is depicted. Methylated species such as monomethyl arsenic acid
(MMAA), dimethyl arsenic acid (DMAA), and trimethyl arsine oxide (TMAO) dominate arsenic
residues in biomass and are also present in soils (after Bhattacharjee and Rosen 2007)

the structure, complexing behavior, and mobility of secondary arsenic minerals in
the environment.

Atmospheric flux is a major contributor (=1/3) to the arsenic cycle. Volcanic
activities and hydrothermal sources (e.g., geysers, fumaroles) are major sources of
arsenic pollution, followed by natural low-temperature volatilization of organoarsenic
compounds from soils. Anthropogenic activities, such as mining, copper smelting,
coal burning, and other combustion processes, contribute arsenic residues to the
environment. Arsenic is also produced by the reduction of arsenic trioxide (As,0O,),
which is a byproduct of the copper smelting operations with charcoal. Furthermore,
arsenic (arsenopyrite) that remains chemically associated with copper and gold is
freed during roasting of the ores (Ng et al. 2003).

Humans contaminate the soil with arsenic from their metalliferous mining and
smelting activities, industrial activities, and use of pesticides in agricultural and
wood preservatives in the building industry, animal feeds, paints, and dyes.
Semiconductors often contain environmentally elusive As residues (Ross 1994;
Rensing and Rosen 2009). In the USA, the sodium and calcium salts of monom-
ethylarsenate (MMA) and dimethylarsinate (DMA) are widely used as herbicides
and pesticides (Bhattacharjee and Rosen 2007; Rensing and Rosen 2009). Globally,
nearly 70% of global arsenic production is used to treat construction timber (as cop-
per chromate arsenate, CCA); 22% is used in agricultural chemicals, and the rest in
glass, pharmaceuticals, and nonferrous alloy industries (WHO 2001). However, the
United States Environmental Protection Agency (EPA) banned the use of CCA in
the USA in the mid-2000s.

Natural forms of arsenic are also important sources of direct contamination of
water. Inorganic arsenic of geological origin reaches ground water, which serves
as the main source of drinking water in many parts of the world. The solubility of
arsenic in water can be substantial and depends on the pH and ionic composition of the
water. In Fig. 1, we depict the arsenic cycle that operates in global ecosystems.
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3 Microbial Resistance to Arsenic and Microbial
Transformations in the Arsenic Cycle

Like other organisms, arsenic at sufficient exposure levels is lethal to microbes.
Yet, many bacteria and phytoplankton grow and survive arsenic toxicity through
transforming arsenic species (Silver and Keach 1982; Oremland and Stolz 2005).
There are several microbe species that tolerate very high level of arsenic toxicity
(Table 3). Wolfe-Simon et al. (2011) isolated a bacterial strain GFAJ-1
(Halomonadaceae) from Mono Lake, CA, which uses arsenic in place of phospho-
rous for its growth. They reported that the bacterium incorporated arsenate, as a
substitute for phosphate in macromolecules such as nucleic acids and proteins.
However, this study was heavily criticized, and it was argued that the conclusions
drawn were not supported by the data presented. For example, any such organism
will have functional arsenic-containing enzymes, which were not confirmed to exist in
the study (Pennisi 2010).

Microbes transform arsenic metals via redox conversion (a detoxification pro-
cess involving reductases and oxidases) of inorganic forms [e.g., As(II) <> As(V)]

Table 3 Examples of arsenic-resistant microbes

Reported maximum arsenic

Organism tolerance level References
Escherichia coli 250 mM Xu et al. 1996; Anderson
and Cook 2004

Stenotrophomonas maltophilia 10 mM As(IIT), 20 mM As(V) Botes et al. 2007
SA Ant 15

Serratia marcescens 15 mM As(III), 500 mM As(V) Botes et al. 2007
Pseudomonas putida strains RS-5  66.7 mM arsenate Chang et al. 2008
Pseudomonas putida strains RS-4  66.7 mM arsenate Chang et al. 2008
Pseudomonas spp., 1,000 mM Nagvenkar and Ramaiah
Acinetobacter sp. 2010
Betaproteobacteria or 100 mM Jackson et al. 2005

Flavobacteria
Exiguobacterium, Aeromonas spp. 100 mM As(V), 20 mM As(II) Anderson and Cook 2004

Bacillus sp., Bacillus licheniformis 10 mM Anderson and Cook 2004,
Clausen 2004; Bhat 2007
Leptospirillum ferriphilum 3 mM Tuffin et al. 2006
Acidithiobacillus caldus 20 mM As(V), 30 mM As(III) Kotze et al. 2006
Streptomyces sp. strain FR-008 100 mM As(V), 5 mM As(III) Wang et al. 2006
Agrobacterium sp. 25 mM Cai et al. 2009
Arthrobacter 20 mM Cai et al. 2009
Rhodococcus 20 mM Cai et al. 2009
Stenotrophomonas spp. 20 mM Cai et al. 2009
Acidithiobacillus ferrooxidans 20 mM As(I1I) Dave et al. 2008
Corynebacterium glutamicum 300 mM As(V), Ordonez et al. 2005
ATCC 13032 10 mM As(I1I)

Bacterium GFAJ-1 5 mM Wolfe-Simon et al. 2011
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and mutual conversion of inorganic forms to organic forms (e.g., methylation and
demethylation), and vice versa. Microbial redox processes transform highly toxic
arsenite [As(IIT)] to less harmful arsenate form [As(V)]. It was Green (1918) who
firstidentified the microbe-mediated arsenic metabolism (arsenate reducer Bacterium
arsenoreducens and an arsenite oxidizer Bacillus arsenoxydans). Interestingly, a
strain of Thermus exhibited both As(IIT) oxidation and As(V) reduction mechanisms
(Gihring and Banfield 2001).

3.1 Arsenic Reduction

There are number of bacterial species (e.g., Sulfurospirillum barnesii,
Desulfotomaculum auripigmentum, Bacillus arsenicoselenatis, Chrysiogenes
arsenatis, Sphingomonas, Pseudomonas, and Wolinella spp.) that are capable of
reducing As(V) to As(III). Though taxonomically diverse, many microbes utilize
(metabolically versatile) arsenic to fulfill their energy demand (Oremland and Stolz
2003). Bacteria categorized as DARPs (dissimilatory arsenate-respiring prokary-
otes) use As(V) as an electron acceptor during anaerobic respiration. They oxidize
a range of organic (e.g., lactate, acetate, formate, and aromatics) or inorganic sub-
strates (hydrogen and sulfide) as electron donors, resulting in the formation of
As(IIT). The reaction is catalyzed by the enzyme arsenate reductase (Arr) (Fig. 2).
Many microbes reduce As(V) to As(III) to survive high environmental arsenic con-
centrations (i.e., arsenate resistance microbes, ARMs), without obtaining energy
from the process (Oremland and Stolz 2005).

From a thermodynamic view point, reduction of arsenate is energetically favor-
able and provides enough energy for microbial growth (Laverman et al. 1995).
However, the overall toxicity of arsenic is likely to restrict the distribution of this
process among bacteria (Jackson et al. 2003). In Table 4, we show two pathways by
which arsenic can be reduced.

3.2 Arsenite Oxidation

Bacteria such as Pseudomonas arsenitoxidans, Thermus aquaticus, and Thermus
thermophilus oxidize As(II) to As(V) (Ilyaletdinov and Abdrashitova 1981; Gihring
et al. 2001). CAO (chemoautotrophic arsenite oxidizer, use CO,/HCO," as carbon
source) bacteria oxidize arsenite to arsenate using oxygen, nitrate, or Fe** as termi-
nal electron acceptor. In contrast, HAOs (heterotrophic arsenite oxidizers) require
organic carbon as energy and carbon source (Oremland and Stolz 2005). Arsenite
oxidation is an exergonic process (i.e., release of energy) catalyzed by periplasmic
arsenite oxidase (aox) (Oremland and Stolz 2003) (Fig. 2). This enzyme has been
reported to occur both in heterotrophic and chemotrophic bacteria (Jackson et al.
2003). In Agrobacterium tumefaciens, the arsenite oxidase gene contains sensor
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Reduction pathways

A five-step mechanism

A multistep mechanism

(ArsC-catalyzed arsenate reduction, based on
biochemical studies and X-ray crystallographic
structures of free and ligand bound forms of ArsC)
(Martin et al. 2001; DeMel et al. 2004)

Step 1

Step 2

Step 3

Step 4

Final Step

Nucleophilic attack by Cys12 on
non-covalently bound arsenate
at the active site, resulting in the
formation of a thioarsenate
binary product and release of OH~
Nucleophilic attack on the arsenate
by GSH results in the formation
of {ArsC-Cys12} S-As(IV)-S
{glutathione} tertiary complex, H,0
is release (Liu and Rosen 1997)
Binding of Grx, reduction of arsenate
to the dihydroxy monothiol As(III)
intermediate, release of OH-, and a
mixed disulfide complex of
glutathione and glutaredoxin
Formation of a monohydroxy positively
charged As(III), with release of OH~
Addition of OH™ releases free arsenite
[As(OH),] and regenerates
free enzyme

pI258 ArsC-catalyzed arsenate
reduction: based on the structure
of the reduced and oxidized forms
of pI258 ArsC (NMR and kinetics
data) (Zegers et al. 2001; Roos
et al. 2006)

Nucleophilic displacement reaction by
Cys-10 arsens adduct (Zegers et al.
2001), which is equivalent of the
Cys-12 arsens adduct of R773
ArsC (Martin et al. 2001)

Arsenite is released after a nucleophilic
attack by Cys82 on the covalent
Cysl10-arsens adduct. An oxidized
Cys10-Cys82 intermediate is
formed (Messens et al. 2002)

Cys89 attacks the Cys10-Cys82
disulfide, resulting in the formation
of oxidized Cys82—Cys89 disulfide
and reduction of the Cys10 (Zegers
et al. 2001; Messens et al. 2002)

ArsC is regenerated by thioredoxin that
reduces the Cys82—Cys89 disulfide

kinase system aoxS (sensor) and aoxR (response regulator). It has two subunits
encoded by the genes aoxA/aroBlasoB and aoxBlaroAlasoA, respectively (Silver
and Phung 2005). The aoxB genes are specific for the arsenite-oxidizing bacteria.
Strains containing both arsenite oxidase gene (aoxB) and arsenite transporter gene
(ACR3 or arsB) showed enhanced arsenite resistance than those possessing arsen-
ite transporter genes only (Cai et al. 2009). The enzyme ArsAB, a dimmer of ArsA
and ArsB, is located in the periplasm. Under anaerobic condition, the arsAB genes
are expressed at nanomolar arsenate or arsenite concentrations (Rensing and
Rosen 2009).

3.3 Methylation and Demethylation

The methylation of As takes place via reduction of As(V) to As (IIT) and subsequent
reduction and addition of a methyl groups (Challenger 1945). McBride and Wolfe
(1971) were the first to describe the conversion of As(V) to small amounts of volatile
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Fig. 2 Microbial processes that are involved in arsenic’s detoxification and transport (redrawn
from Paez-Espino et al. 2009). In E. coli, a gram-negative bacterium As(V) enters the periplasmic
space via outer membrane porin (PhoE protein) and is transported into the cytoplasm by the Pit or
Pst systems. Inside the cell, As(V) is reduced to As(IIl) by the enzyme arsenate reductase (ArsC).
As(V) cannot pass through ArsAB pump; rather, As(IlI) is pumped out of the cell by the ArsAB
efflux ATPase. The arsRDABC operon is regulated by the ArsR repressor protein (a transcriptional
regulator) and ArsD co-regulator protein. In gram-positive bacteria, ArsA and ArsD are lacking

methylarsines (MMA) in a pure culture of a methanogen, Methanobacterium
bryantii. The process was later on reported in Methanobacterium formicicum
(a methanogen), Clostridium collagenovorans (a fermentative bacterium),
Desulfovibrio vulgaris, and Desulfovibrio gigas (sulfate-reducing bacteria)
(Michalke et al. 2000). MMA is further converted to MMAA (monomethyl arse-
nic acid), DMAA (dimethyl arsinic acid), and TMAO (trimethylarsine oxide)
(Woolson 1977; Cullen and Reimer 1989; Gadd 1993; Turpeinen 2002). The dem-
ethylating microbes reconvert methylated species back to inorganic forms (Sohrin
et al. 1997).

Methylation and demethylation play a significant role in the toxicity and mobility
of As in soils and groundwater (Wang and Mulligan 2006). As(IIl) and As(V) meth-
ylation may lead to the formation of volatile species, which escape from water and
soil surfaces into the atmosphere. Accordingly, As(IIl) is volatilized to arsine
(AsH,), MMAA to monomethylarsine [MMA, AsH,(CH,)], DMAA to dimethylars-
ine [DMA, AsH(CH,),], and TMAO to trlmethylarsme [TMA, As(CH,),] (Cullen
and Reimer 1989). Mlcroblal activities also result in volatilization of water-soluble
arsenic species in the form of gaseous arsines (AsH,) (Bachofen et al. 1995; Gao
and Burau 1997) (Fig. 1). Methylated species are major source of atmospheric
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arsines (Gao and Burau 1997). However, the “lifetime” of arsines in air is short, and
they were rapidly converted back to water-soluble species, As(V), and trimethyl
arsine oxide (TMAO) (Turpeinen 2002).

The reduction of As(V) to As(Ill) and subsequent methylation of As(IIl), with
trimethylarsine (TMA) as a final product lead to the loss of arsenic from soil
(Woolson 1977). In the atmosphere, due to oxidation, volatilized species are recon-
verted into inorganic species, which are redeposited to soil by rain or by dry depo-
sition (Pongratz et al. 1995).

However, contrary to reports that methylated As species are less toxic than
inorganic forms, methylated As(III) species were found to be more damaging to
DNA, in the order DMAA(I)>MMAA(I)>[As(IIT), As(V)]>MMAA(V)>
DMAA(V)>trimethylarsine oxide [TMAO(V)] (Ahmad et al. 2002).

3.4 Mobilization and Immobilization

Arsenic present within the subsurface aquifers is mainly natural in origin (not as
anthropogenic pollutants). Microbes facilitate the mobilization of arsenic into the
aqueous phase (Oremland and Stolz 2005). The physicochemical conditions that
favor arsenic mobilization in aquifers are variable, complex, and poorly understood.
Siderophores produced by microbes help to mobilize arsenic through the formation
of As-siderophore complex (Zawadzka et al. 2007). Mobilization occurs under
strongly reducing conditions, in which arsenic is present mainly as As(II), and is
released by desorption from or dissolution of iron oxides. Under oxidizing condi-
tions, high concentrations of arsenic have been reported from areas having high
groundwater pH (>8) (Smedley and Kinniburgh 2002). In such environments that
are dominated by As(V) species, arsenic concentration is positively correlated with
anion-forming species (e.g., HCO,~, F~, H,BO,, and H,VO,"). Immobilization of
arsenicals is also possible under reducing conditions. For example, sulfate-reducing
microbes that can respire As(V) lead to the formation of As,S, precipitate.
Immobilization of arsenic also occurs during the formation of iron sulfides
(Plant et al. 2004).

3.5 Microbial Arsenic Uptake and Extrusion

The oxyanions of arsenic enter bacterial cells via transporters involved in the trans-
port of other molecules (Stolz et al. 2006). In general, microbes possess two types
of metal uptake systems. The first one is a fast unspecific transport system driven by
the chemo-osmotic gradient across the membrane. The mechanism is operative for
a variety of metals and is constitutively expressed (Nies 1999). The second system
is slow and highly substrate specific. It uses ATP and operates only when needed
(Nies and Silver 1995). Owing to the activity of the first system (i.e., unspecified
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Fig. 3 The mechanism by which arsenic is detoxified in eukaryotic (a) and prokaryotic microor-
ganisms (b) (Redrawn from Rosen 2002)

transport), microbes often accumulate toxic concentrations of metal ions within
their cells. Structural analogs of a particular metal may fool the organism’s uptake
system (e.g., arsenate and phosphate).

In both prokaryotes and eukaryotes, arsenate enters into cells via phosphate
transporters, while arsenite enters cells via aquaglyceroporins and hexose permeases
(e.g., yeast and mammals). In a solution with plenty of arsenate (H,AsQO,), an analog
of phosphate, arsenate is taken up via phosphate transporters (Rensing et al. 1999).
For example, in Escherichia coli, As(V) enters into cells via ATP-coupled Pst
pumps. Once inside the cell, As(V) is reduced to As(II) by the enzyme arsenate
reductase. The resulting As(III) is exported through an exclusive system composed
of single efflux protein which cannot export As(V) (Fig. 3a, b).
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Arsenic toxicity can also be avoided by minimizing the uptake of arsenic into
cells. E. coli possess two different phosphate transport systems—the Pit and the Pst
systems (Fig. 2). The Pit system has low phosphate specificity, and it also transports
arsenate. In contrast, the Pst system exhibits high phosphate specificity (Rosenberg
et al. 1977). Organisms lacking the Pit system exhibited increased resistance to
arsenate (Cervantes et al. 1994; Jackson et al. 2003; Bhat 2007) compared to those
utilizing the Pst system. Furthermore, arsenate uptake and resulting toxicity could
be reduced by increasing the amount of phosphate in the environment (Abedin et al.
2002; Jackson et al. 2003; Bhat 2007).

At neutral pH, As(IIT) is dissolved to form As(OH), acid. However, at alkaline
pH, it is present as anion arsenite. There are three types of transporters reported in
microbes for the uptake As(IIl) (Fig. 3a, b). In E. coli, a gram-negative prokaryote,
the transporter is GIpF (glycerol facilitator), which is a member of aquaporin (AQP)
superfamily. However, in eukaryotes, the transporters are Fps1p (the yeast homo-
logue of GIpF) and LmAOP1 (from the parasitic Leishmania major). The E. coli
GIpF was the first transporter identified for As(III) and Sb(III) uptake. It was also
the first member of the aquaporin (AQP) superfamily to be identified, even before
the human water channel Aqpl transporter was identified (Liu et al. 2004). This
superfamily has two branches: the classical aquaporin, which are water channels
with small openings, and aquaglyceroporins that have sufficient channel width for
molecules as large as glycerol (Liu et al. 2002). AqpS is a membrane protein belong-
ing to major intrinsic protein or aquaporin superfamily (King et al. 2004). It shows
sequence homology with the bacterial glycerol facilitator (GlpF), yeast aquaglycer-
oporin Fps1, and mammalian aquaglyceroporin AQP9.

Fpslp, a homologue of GIpF, helps Saccharomyces cerevisiae in arsenite
uptake. Another group that facilitate arsenite uptake is the Hxt glucose transporter
(a permease), with uptake rate comparatively slow to that of Fps1p. The presence of
glucose competitively inhibits arsenite uptake by Hxts; in such situations, the bulk
of arsenite is taken up by the Fps1p (Rensing and Rosen 2009). But, in the absence
of glucose in media, nearly 75% of the arsenite enters into yeast through Hxt, only
25% via Fpslp. Other sugar transporters may also be involved in arsenite uptake.
In a GlpF- mutant of E. coli, arsenite uptake was reported to be about 20% of the
uptake of wild type, suggesting involvement of one or more unidentified arsenite
uptake systems (Liu et al. 2002; Kamiya et al. 2009; Wu et al. 2010).

To reduce arsenite, the reducing potential is provided by glutathione and glutare-
doxin, which is finally extruded from the cells by ArsB alone in prokaryotes and
Acr3p in eukaryotes (Bhattacharjee and Rosen 2007). To confirm the involvement
of AgpS in arsenic toxicity resistance, the agpS and arsC genes of Sinorhizobium
meliloti were intentionally disrupted individually. Disruption of agpS resulted in
increased tolerance to arsenite, but not arsenate. However, cells with disrupted arsC
showed sensitivity to arsenate. In S. meliloti, arsenate enters into cells via phosphate
transporters and is reduced to arsenite by ArsC and is then extruded out of the cells
by downhill movement through AqpS. AqpS and ArsC together form a novel path-
way of As(IIl) detoxification in S. meliloti (Yang et al. 2005; Bhattacharjee and
Rosen 2007).
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4 The Ars Operon and Proteins

4.1 Microbial Arsenic Sensing

Detecting environmental fluxes of metals is crucial for the survival of any organ-
isms. Metal-responsive transcriptional factors help in maintaining homeostasis
between cellular metabolism and environmental availability of metals. To date,
seven (ArsR-SmtB, MerR, CsoR-RcnR, CopY, DtxR, Fur, NikR) families of sol-
uble cytoplasmic DNA-binding, metal-sensing transcriptional regulators have
been reported to exist in bacteria. Responses to different metals are regulated by
different members of each family, which discriminate between metals and trigger
expression of appropriate genes. Representative of the different families may also
be involved in sensing the same metal (Waldron and Robinson 2009; Osman and
Cavet 2010). Metal sensors either act upon a single gene target or as global
regulators to alter the expression of multiple genes in response to a particular
metal. In addition to soluble metal-sensing transcriptional regulators, individual
metal-sensors of structurally distinct families of regulators (e.g., TetR family zinc
sensor, ModE molybdate-sensor) and multiple two-component histidine kinase-
response regulator systems are also involved in sensing of metal fluxes (Osman
and Cavet 2010).

Members of the ArsR-SmtB (ArsR, arsenic regulator; SmtB, Synechococcus
metallothionein regulator) family sense metals other than the arsenicals, to wit, anti-
mony (Sb) and bismuth (Bi) (Xu et al. 1996). The ArsR protein acts as derepressor,
wherein arsenic-binding (+3 oxidation state oxyanions of As, Sb and Bi) impairs
DNA binding to alleviate repression (Osman and Cavet 2010). Genes encoding
ArsR-SmtB sensors are widespread and have been reported in many bacteria
(Campbell et al. 2007).

The ArsR-SmtB family contains nine distinct metal-sensing motifs (a3, a3N,
a5, a3Na5, a5C, a5-3, 04C, a3N-2, a5-4) and one nonmetal-sensing motif
(a2a5) for the detection of different metals (e.g., As, Sb, Bi, Zn, Cd, Pb, Co, Ni,
Cu, and Ag) (Campbell et al. 2007; Osman and Cavet 2010). Apo-SmtB is a homo-
dimer with winged helix structure. Helices a3 and a4 form helix-turn-helix DNA-
binding regions. Binding of As to this region impairs DNA binding, resulting in
reduced stability of ArsR—-DNA complex (Arunkumar et al. 2009). Further, two
pairs of metal-binding sites (a3N/a3N-2 and a5/a5-4) are located in each dimer,
at dimer interfaces. The a3N sites are not obligatory for metal sensing. The a3
helix contains three cysteine legends forming a trigonal metal-binding site.
Although, binding to only two is essential for conformational changes, all three
cysteines contributing to form a single subunit of homo-dimer (Shi et al. 1996).
The a3 cysteines are essential for Ars-induced responsiveness (Shi et al. 1994,
1996; Qin et al. 2007). In E. coli ArsR, ligands corresponding to the a5 metal-
sensing site are lacking. The ArsR (also AseR)-mediated arsenic sensing triggers
expression of the ars arsenical resistance operon (encoding arsenical-translocating
ATPase) (Xu et al. 1996).
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4.2 Ars Operon and Transcriptional Regulation

Arsenic toxicity resistance genes are organized in operons present on the nuclear
and plasmid DNA of bacteria (Chen et al. 1986; Carlin et al. 1995; Rosen 1996;
Bruins et al. 2000). The operon consists of either three (arsRBC) or five (arsRD-
ABC) genes that are organized in a single transcriptional unit (Silver and Phung
1996). The arsA and arsB genes encode the pump protein that exports As(II) (i.e.,
help in lowering the intracellular concentration of arsenic), arsC to the enzyme
arsenate reductase, and arsR to the regulatory protein controlling the expression of
the ars operon. In three-gene operon system, arsR encodes the arsenic transcrip-
tional repressor, arsB to arsenite permease, and arsC to the arsenate reductase (G6tz
et al. 1983; Cai et al. 1998; Diorio et al. 1995). The ars operons participate in the
biogeochemical cycle of arsenic in the sense that they regulate its speciation and
mobility (Paez-Espino et al. 2009).

In contrast to the plasmid-borne ars operon, the chromosomal ars operon con-
tains neither the arsD nor the arsA cistron (Diorio et al. 1995). The ArsR regula-
tory proteins are the members of ArsR family of arsenic responsive repressors.
The first identified member of this family was 117-residue As(II)-responsive
ArsR repressor of the arsRDABC operon of plasmid R773. Its more than 200
homologues have been identified in bacteria and archaea (Rensing and Rosen
2009). The detailed structure of ArsR repressors has been provided elsewhere
(Rensing and Rosen 2009). Disruption of the chromosomal ars operon by Mudl
insertion increased the sensitivity of E. coli to sodium arsenite and sodium arsen-
ate toxicity by approximately 10- to 100-fold (Silver et al. 1981). Kostal et al.
(2004) reported that overexpression of ArsR that shows high affinity and selectiv-
ity to arsenite increased the accumulation of arsenic. The bacterial ArsR
(Acidithiobacillus ferrooxidans) has two vicinal cysteine located near the
C-terminus of the protein. However, the involvement of cysteine pairs in metal-
loid binding remains to be determined.

In the E. coli plasmid R773, a 117-residue As(III)/Sb(III)-responsive ArsR
repressor is encoded by the ars RDABC. Each subunit of the R773 ArsR repressor
has a three metal-binding domains—Cys-32 for As(IIl), Cys-34 for Sb(II), and
Cys37 (not required for induction and is not present in all homologues) (Shi et al.
1994). ArsR shows S3 binding contributed by these three cysteine residue of a single
subunit (Shi et al. 1996). The inducer binding site is located either near the DNA-
binding domain or at the dimmer interface. It is formed by placement of pairs or
triads of cysteine residue within a single subunit or between subunits. It appears that
the As(III)-binding sites of R773 ArsR, At ArsR, and Cg ArsR resulted from three
independent and relatively recent evolutionary events that build on the same back-
bone repressor-binding protein. The vicinal cysteine pair is sufficient for strong
binding of As(III). The best inducer of the ars operon is phenyl arsine oxide, which
accommodates only two protein ligands due to phenyl ring. Ligands such as car-
boxylates, serine hydroxyls, or histidine imidazole nitrogen form weak As(III)
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binding and could participate. In As(III)-responsive repressor, a pair of cysteine
residue is expected to form a metalloid-binding site. ArsR, CadC, and SmtB are
heterodimers that repress transcription by binding to DNA in the absence of inducing
metal ion. They dissociate from the DNA when metals bind to them, leading to the
expression of metal ion-resistance genes.

4.3 Arsenate Reductases (ArsCs)

The arsenate reductases (ArsC) facilitate arsenate reduction, which is a detoxi-
fication process. Both membrane bound and cytoplasm soluble ArsCs have been
reported in microbes. The respiratory ArsC is membrane bound and is coupled to
the respiratory electron transfer chain (Mukhopadhyay et al. 2002; Rosen 2002).
The arsenate reductase ArsC (13—16 kDa) is a soluble cytoplasmic enzyme, requir-
ing either reduced glutathione or thioredoxin for its activity (Gladysheva et al.
1994; Ji et al. 1994).

There are three independent and unrelated families of cytosolic arsenate reductase
(encoded by ars operon) involved in arsenate’s resistance to toxicity. They differ in
structure and may have derived from convergent evolution. The first family of
arsenate reductases includes the nuclear and plasmid-borne R773 ArsCs of E. coli.
They use glutaredoxin (Grx) and GSH as reductants (Mukhopadhyay and Rosen
2002). R773 ArsC is related to Spx of Bacillus subtilis, a transcriptional repressor
that interacts with the C-terminal domain of a-subunit of RNA polymerase (RNAP),
and is essential for growth under disulfide stress (Zuber 2004). The second family
of ArsCs includes Staphylococcus aureus plasmid p1258 ArsC (Ji and Silver 1992)
and B. subtilis chromosomal ArsC. They use thioredoxin (Trx) as a reductant and
are distantly related to mammalian low molecular weight (LMW) protein tyrosine
phosphatases (PT-Pases) (Messens et al. 1999; Bannette et al. 2001). ArsCs of the
third family (e.g., AcrP2 of yeast and LmAcr2P from the parasitic L. major) are
mainly present in eukaryotic microbes (Bobrowicz et al. 1997; Mukhopadhyay and
Rosen 1998; Zhou et al. 2004; Rensing and Rosen 2009). They show similarity to
the catalytic domain of the Cdc25 cell cycle protein tyrosine phosphatase.

The cyanobacterium Synechocystis sp. strain PCC 6803 contains another variant
of arsenate reductase (Li et al. 2003), which is homologue to pI258 ArsC and shows
both phosphate and arsenate reductase activities. Its catalytic activity is acombination
of both R773 and pI258 ArsC. Like R773 ArsC, Synechocystis ArsC requires both
GSH and Grx as reducing equivalents, but not thioredoxin (i.e., required for the
activity of pI258 enzymes). The R773 enzyme requires only one cysteine for cataly-
sis, but the Synechocystis ArsC has three essential cysteines similar to the pI258
enzyme. Synechocystis and S. aureus enzymes appear to be the products of two
independent evolutionary pathways (Li et al. 2003). In C. arsenatis, acetate is used
as electron donor during arsenate respiration catalyzed by the enzyme arsenate
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reductase, ArsB. It is a dimmer of 87-kDa ArsA and 29-kDa ArsB subunits and is
located in the periplasm. ArsAB is coupled to the respiratory chain and provides
energy for oxidative phosphorylation.

4.4 Arsenic Permeases (ArsBs)

In highly reducing inner environment of cells, arsenite rather than arsenate is the
dominant form. In E. coli, the ars operon of R773 encodes an arsenite extrusion
pump, which confers resistance to As(IIl) and Sb(III). This efflux pump (i.e., ArsAB)
has two subunits; the ArsA-ATPase is catalytic subunit of the pump, it hydrolyzes
ATP, and it drives active transport of As(IIT)/Sb(III) against their chemical gradients
(Kuroda et al. 1997). Although ArsB functions as a membrane anchor for ArsA, it
also contains the translocation pathway. It alone can facilitate the extrusion of oxya-
nion across the membrane by acting as a secondary transporter (Dey and Rosen
1995).

In bacteria, two different families of arsenite permeases have been discovered
viz., ArsB and Acr3. ArsB is widespread in bacteria and archaea, consisting of 12
membrane spanning segments (Wu et al. 1992). It is encoded by the R773 arsRD-
ABC operons (Bhattacharjee and Rosen 2007) and mediates transport of As(III)
as an anti-porter that facilitates the exchange of trivalent metalloid for protons.
ArsB couples arsenite efflux to the electrochemical proton gradient (Meng et al.
2004). The true substrate of ArsB is a polymer of As(III) or Sb(III) or a copoly-
mer of As(IIT) and Sb(III). The transporter exhibits lower affinity for As(III) poly-
mers than that of Sb(III) polymers. Moreover, As(IIl) is inhibitory to the Sb(III)
transport, while Sb(III) stimulates As(III) transport. The exact nature of the poly-
mer is not known; however, it could be six membered oxo-bridged rings (Meng
et al. 2004).

ArsA is an ATPase that helps in As(III) efflux; necessary energy for the process
is provided by the ATP hydrolysis (Tisa and Rosen 1990). ArsB becomes associated
with the ArsA-ATPase to form a pump that confers a higher level of arsenite resis-
tance than ArsB alone (Rensing and Rosen 2009). Before efflux, the relatively less
toxic As(V) is converted to the more toxic As(II). Therefore, it is possible that the
As(IIT) efflux system was first evolved under reducing environments and subse-
quently coupled with As(V) reduction to accommodate As(V) toxicity, as the earth
atmosphere became oxidative (Rosen 2002). Coexpression of arsA and arsB genes
resulted in more efficient As(IIl) extrusion than expression of arsB alone (Dey and
Rosen 1995). Cells expressing only arsB genes were able to reduce the intracellular
level of As(IIT) compared to the strains without Ars proteins, reflecting the ability of
ArsB to catalyze As(OH),/H* exchange (Meng et al. 2004). Homologues of the
bacterial ArsA-ATPase are widespread and have been reported from the members of
all three domains—bacteria, archaea, and eukaryotes (Bhattacharjee et al. 2001).
MRP1 and Ycflp are other ATPases that pump glutathione-S-conjugates out of the
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cytosol. MRP1 transports arsenic as a triglutathione conjugate (Leslie et al. 2004),
while Ycfl catalyzes the ATP-driven uptake of As(III)-glutathione conjugate into
yeast vacuoles (Ghosh et al. 1999).

Acr3p is another family of arsenite transport protein showing functional similar-
ity to the ArsB but differs in sequences. It is more specific and transports arsenite
only (Cai et al. 2009). However, in Synechocystis, Acr3p was able to transport both
arsenite and antimonite (Lopez-Maury et al. 2003).

4.5 Posttransductional Regulation: ArsA and ArsD

The ArsA, which remains normally bound to ArsB, is a soluble protein in the cytosol
(Rosen et al. 1988). The soluble ArsA exhibits ATPase activity stimulated by As(III)
and Sb(IIT). The 583-amino-acid ArsA has two homologues halves, A1 and A2, con-
nected by a short linker. Each half has a consensus nucleotide-binding domain
(NBD) at the A1-A2 interface (Zhou et al. 2000). A metalloid-binding domain
(MBD) that binds three As(III) or Sb(III) is located about 20A° from the NBDs
(Zhou et al. 2000). Each metalloid is bound by two ArsA residues. The binding site
is composed of Cys-113 and Cys-422 (Ruan et al. 2006), and a third cysteine
(Cys-172) participates in high-affinity binding. Binding of As(III) or Sb(III) brings
two halves of ArsA together and activates ATP hydrolysis. ArsA has two signa-
ture sequences serving as signal transduction domains (STDs), viz., D'¥
TAPTGH'STIRLL in Al (STD1) and D""TAPTGH**TLLL in A2 (STD2). They
correspond to switch II region of many other nucleotide-binding proteins and are
supposed to be involved in transmission of energy generated by the hydrolysis of
ATP to metalloid transport (Zhou and Rosen 1997). Asp142 and Asp447 are two
Mg?* ligands in NBD1 and NBD2, respectively. Whereas, His148 and His453 are
Sb(III) ligands in the MBD (Zhou et al. 2000). The As(II)-binding site is located in
the first (a3) helix of the helix-loop-helix DNA-binding domain. The sulfur atoms
of three cysteines are linearly arranged along the a3 helix, more than 10 A° from
Cys32 to Cys37. To bring the cysteine thiolates close to each other, binding of
As(IIT) induces a conformational change of high magnitude that could break the
helix, resulting in dissociation of ArsR from the operator/promoter site and tran-
scription of the resistance genes (Zhou et al. 2000).

The product of the arsD gene is a 120-residue (a functional homo-dimer) chap-
erone, which transfers the trivalent metalloids As(III) and Sb(IIl) directly to the
ArsA subunit of the ArsAB pump (i.e., ArsAB As(Ill)-translocating ATPase)
(Rosenzweig 2002; Rensing and Rosen 2009). It is a type of metallochaperone
(i.e., arsenic chaperone). Metallochaperones are proteins reported from all three
kingdoms and buffer cytosolic metals and deliver them to protein targets such as
metalloenzymes and extrusion pumps. In each ars operon, the arsD gene precedes
arsA gene, indicating their coevolution for common and related function.
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Coexpression of arsD gene with arsAB resulted in reducing As(III) accumulation
in the cell (Lin et al. 2006). The competitive advantage provided by the interaction
of ArsD with ArsA was a driving force for the coevolution of these two genes. ArsD
has higher affinity for the metalloid than arsA. It protects cells from free metalloid,
helps to deliver metalloid to ArsA, and enhances the ATPase activity of ArsA at low
metalloid concentrations. There are more than 50 bacterial and archaeal arsenic
resistance operons and gene clusters with arsA and arsD genes, which are always
found together in ars operons. The order of the genes may differ, but arsD gene
always precedes arsA gene. This linkage suggests that arsD and arsA genes
coevolved before their association with arsB genes. And the arsDA gene moved
laterally into ars operon as a unit. The arsD gene has a biochemical function related
to ArsA in arsenic detoxification.

In a mixture of ArsD and ArsA treated with dibromobimane (dBBr, a fluorogenic
homo-bifunctional thiol-specific cross-linking reagent), a cross-linked species
(~90 kDa) was detected. The predicted mass of an ArsD-ArsA cross-linked product
was increased by addition of MgATP. These results suggest that arsD and arsA
interact at their cysteine-rich metalloid-binding sites, and arsD interacts with nucle-
otide bound form of ArsA (Kosower et al. 1980).

In a mixed culture of cells expressing either arsDAB or arsAB grown in the pres-
ence of sub-toxic concentration of As(IIl), the cells expressing all three genes
removed As(IIl) from the culture within a week. This showed that cells with ars-
DAB have increased fitness in low As(IIl) compared to the cells only with arsAB.
Thus, expression of ArsD increases the ability of the arsAB pump to extrude As(III).
ArsD and ArsA are chemically cross-linked in a 1:1 complex through the cysteine
residue of their metalloid-binding sites. The rate of dissociation of metalloid from
ArsD is enhanced four times by its interaction with ArsA, transferring As(IIl) from
the chaperone to the ATPase. ArsD increases the affinity of ArsA for As(III) without
altering the Vmax value. This makes ArsAB pump more effective at low but envi-
ronmentally relevant concentrations of metalloid (10 uM Arsenite) (Lin et al. 2006).
Though the molecular mechanism of chaperone activity is not known, it is proposed
that ArsD and ArsB bind to the same site on ArsA, and metal is transferred sequen-
tially from ArsD to ArsA to ArsB, with concomitant ATP binding and hydrolysis
(Ajees et al. 2011).

ArsR and ArsD are regulatory components acting as a transcription repressor
and regulator of the upper limit for operon activity, respectively (Rosen 2002).
The regulatory proteins have extremely high affinity for As(III), which bind to their
cysteine residues, resulting in an altered DNA binding for transcriptional activation
(Rosen 1999).

The ArsD (e.g., R773) has three vicinal cysteine pairs —Cys12—-Cys13, Cys112—
Cys113, and Cys119—Cys120. Each cysteine pair forms an independent metalloid-
binding site (Sun et al. 2001). Cys12—Cys13 and Cys18 form a three-coordinate
thiolate metalloid-binding site termed as “MBS1,” Cys112-Cys113 (MBS2), and
Cys119—Cys120 (MBS3), respectively (Lin et al. 2007; Yang et al. 2010). Only
MBST1 participates in metalloid transfer to ArsA and in the activation of ArsA-ATPase
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activity. The fact the MBSs in ArsA and MBS1 in ArsD are involved in interaction
suggests that metalloid-binding sites in both proteins have to be in close proximity,
allowing transfer of metalloid directly from the binding site on ArsD to the binding
site an arsA. The detail of the metalloid transfer mechanism is not yet known.

4.6 ArsM and ArsH

In both archaea and bacteria, there are gene homologues to the human arsenic meth-
ylase. A 283-residue ArsM (Arsenite S-adenosyl methyltransferase, 29.6 kDa) gene,
which helps in methylation, was isolated from the soil bacterium Rhodopseudomonas
palustris and was cloned in an arsenic-hypersensitive strain of E. coli, resulting in
conversion of As(IIl) in DMA(V), TMAO(V), and TMA(III) (Qin et al. 2006).
Results showed that the transformation conferred As(IIl) resistance to the trans-
formed E. coli, which had no other ars genes, indicating that methylation is sufficient
to detoxify arsenic (Qin et al. 2006). TMA(III) is more toxic than arsenite; however,
due to its gaseous nature, it volatizes after formation. Hence, there is no accumula-
tion in either cells or media (Qin et al. 2006).

ArsH is another class of arsenate reductase. It has conserved domains related to
the NADPH-dependent flavin mononucleotide reductase class of proteins. Though
disputed, it confers resistance to arsenicals, but the mechanism is not clear (Rensing
and Rosen 2009).

5 Bioremediation of Arsenic-Contaminated Environments

Arsenic toxicity of soil is mainly a function of the arsenic species present and their
bioavailability. As(V) is the main species often detected in soils (Cullen and Reimer
1989). Hydrated ions are more toxic than are As complexes/species that are associ-
ated with colloidal particles (Russeva 1995; La Force et al. 2000). Soil properties
(e.g., pH, texture, temperature, organic matter content) and conditions (e.g., water
logging, redox status, soil and site hydrology, and biotic influences) affect the sorp-
tion capacity and arsenic toxicity of soils (Turpeinen 2002). In general, iron oxides/
hydroxides are mainly involved in the adsorption of arsenic in both acidic and alka-
line soils (Polemio et al. 1982). In oxygenated acidic soils, Fe-arsenate [Fe,(AsO,),]
controls arsenic solubility, whereas in anoxic soils, it is sulfide of As(IIl) that con-
trols the concentration of the dissolved arsenic in soil solution. In addition, direct
precipitation of arsenic as discrete arsenic solid phases such as reduced arsenopyrite
or oxidized hematite also occurs in contaminated soils (Turpeinen 2002). These
processes indicate that arsenic becomes progressively less soluble and unavailable
with time (Alexander 2000).
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It is very important to have efficient and environment-friendly technologies to
remove arsenic from contaminated resources. Current techniques used to remove
arsenic from contaminated waters (e.g., reverse osmosis, filtration, adsorption,
ion exchange, chemical precipitation, distillation) are effective but are costly and
time-consuming. Often are unaffordable in parts of the world where As contami-
nation is most rampant (Mohapatra et al. 2007, 2008). In addition, such processes
are often hazardous to workers and capable of producing secondary wastes (Lombi
et al. 2000).

Bioremediation is method for removing metal residues, including As, relying on
the use of plants, microorganisms, and their enzymes to reclaim contaminated natural
environments. The approach holds great potential, as it is more efficient than chemi-
cal and physical methods (Lloyd et al. 2003).

Arsenic-resistant and/or arsenic-accumulating microbes are widespread among
different environments (Merrifield et al. 2004; Takeuchi et al. 2007). Corsini et al.
(2010) reported 19 arsenic-resistant bacteria, mostly belonging to the facultative
aerobic genera Bacillus, Paenibacillus, Staphylococcus, and to Rhodococcus and
Micromonospora. Biotransformation is an integral part of the biogeochemical cycles
of metals and is employed by microbes to get rid of toxic heavy metals. Besides,
microbial transformations reduce the toxicity and bioavailability of arsenic not only
to themselves but also to other organisms. Therefore, bioremediation could be used
as a biological tool to remediate arsenic-contaminated environments. Both prokary-
otes and eukaryotic microbes use similar strategies to deal with arsenic poisoning.
These include redox conversion, compartmentalization, active efflux pumps, extru-
sion and immobilization (i.e., intracellular chelation by various metal-binding
peptides including glutathione (GSH) phytochelatin and metallothioneins), and
reducing the sensitivity of cellular targets (Ji and Silver 1995; Nies and Silver 1995;
Nies 1999; Bruins et al. 2000; Turpeinen 2002). The strategies are used either indi-
vidually or in combination. Microbially transformed, less mobile As species could
be sorbed on a mixed solid phase. However, such immobilization is reversible and
sorbed metal could be freed by physicochemical factors over time.

In nature, microbes such as methanogens, fermentative bacteria, and sulfate- and
iron-reducing bacteria facilitate the anaerobic reduction of arsenate (Christensen
et al. 2001). Residual organic matter present in sediments, organic contaminants
(e.g., benzene, toluene, ethylbenzene, xylene), and organic acids serves as electron
donors (Wang and Mulligan 2006). Species of Geobacter, a dominate microbial
form involved in Fe(IIl) reduction in freshwater aquifers, have been identified in
West Bengal (Islam et al. 2004), Cambodian (Rowland et al. 2007), and American
river floodplain sediments (Saunders et al. 2005), exhibit high rates of As(IIl) release
and Fe(III) reduction. As(V) reduction could be facilitated by incubating As(V)
coprecipitated with Al hydroxide with S. barnesii, under anaerobic condition
(Zobrist et al. 2000).

In addition to previously described redox conversion and biomethylation
approaches, others could be used to remediate arsenic-contaminated soils, such as
biofilm, biosorption, and siderophore-based remediation rhizoremediation (micro-
bially enhances phytoremediation) etc., Iron oxide adsorption is a commonly used
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process to remove arsenic from drinking water. In the process, arsenic species are
adsorbed onto iron oxides resulting in large particles that are filtered out of the water
stream. In its biological analog, the treatment process involves attaching microbes to a
filter, the microbial deposition of iron oxides resulting in accumulation of arsenic on
the filter. Katsoyiannis et al. (2002) and Katsoyiannis and Zouboulis (2004) used
fixed-bed up-flow bioreactors to remove arsenic from groundwater by using iron-
oxidizing bacteria. Moreover, during the process, As(II) was partially oxidized to
As(V) enabling high arsenic removal efficiency (Katsoyiannis and Zouboulis
2004). However, this conversion mediated by ferric ions takes place only in the
presence of iron-oxidizing bacteria. According to Harvey and Crundwell (1996),
many full-scale projects have been commissioned based on the bacterial leaching
of refractory gold ores to remove As. Refractory gold ores contain arsenic mainly
in the form of arsenopyrite (FeAsS), and bacterial leaching of ores produces arsen-
ite [As(IIT)] and arsenate [As(V)] in solution. During bacterial leaching a substantial
amount of the arsenic in solution is precipitated as ferric arsenate (FeAsO,) (Harvey
and Crundwell 1996).

Adding nitrate (serve as oxidants) to reducing sediment resulted in the formation
of Fe** particles [Fe(IlI)-(oxy)hydroxide-containing solids], which helps in the
sequestration of mobile As(V) and As(IIl) in sediments (Senn and Hemond 2004).
Further, it was reported that the oxidation of iron (not arsenic) supported the seques-
tration (Gibney and Niisslein 2007). Iron hydroxides exhibit strong binding affinity
for arsenate (Meng et al. 2002). Sulfate-reducing bacteria help in the formation of
iron hydroxide plaque (Murase and Kimura 1997). Therefore, addition of sulfur in
the rhizospheric region of plants could decrease the availability of As to plants via
iron plaque formation (Hu et al. 2007; Purkayastha 2011).

Microbes such as Herminiimonas arsenicoxydans produce extracellular poly-
meric substances, which help in immobilization of metals (Muller et al. 2007). This
could be used to develop biofilm based bioremediation reactors (Chang et al. 2006)
useful in removing arsenic from contaminated waters (Lieveremont et al. 2009).
Arsenic-contaminated soils could be remediated by adding arsenic immobilizing or
arsenate-reducing bacterial population into it (i.e., bioaugmentation). For example,
addition of methylating fungi (e.g., Penicillium sp. and Ulocladium sp.) caused
volatilization of arsines from the soil (Edvantoro et al. 2004). In addition, if already
present in the medium, growth stimulants (nutrients, growth hormones, electron
donor, or acceptors) may be added to accelerate the growth of such microbes (i.e.,
biostimulation). Biosurfactant (e.g., surfactin, sophorolipid with low toxicity and
biodegradable) foam technology can be used to deliver nutrients or microbial popu-
lation into the subsurface (de Koning and Thiesen 2005).

Phytoremediation is a plant-based green technology successfully used to remove
a number of metals from contaminated soils (Lombi et al. 2002). There are different
processes employed by plants to remediate contaminated environments, notable
among these are phytofiltration, hyperaccumulation, phytoextraction, phytoimmo-
bilization, phytostabilization, and phytotransformation.

Phytostabilization is the use of metal-tolerant plants to mechanically stabilize
metal-contaminated land to prevent bulk erosion, reduce airborne transport, and
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leach pollutants (Kramer 2005). In phytoimmobilization, plants decrease the mobility
and bioavailability of metals through altering soil factors that lower metal mobility
due to the formation of precipitates (i.e., insoluble compounds) and by sorption on
roots (Cotter-Howells et al. 1999). Phytovolatilization is the use of plants to volatil-
ize pollutants. Volatilization of arsenic from soil is a natural process (Frankenberger
and Arshad 2002). Turpeinen et al. (1999) reported that in the absence of plant roots
volatile arsenic account only for small proportions of total arsenic.

Phytoextraction is the use of metal-accumulating plants capable to extract and
translocate metals to the harvestable parts (Kramer 2005). Continuous phytoextrac-
tion depends on the natural ability of a plant to accumulate, translocate, and tolerate
high concentrations of arsenic over the whole growth cycle (Garbisu and Alkorta
2001). Phytoextraction can be accomplished by using either tolerant, high-biomass
plant species or hyperaccumulator plant species. Growth and remediation potential
has been assessed for cottonwood (Populus deltoides Bartr.), cypress (Taxodium
distichum L.), eucalyptus (Eucalyptus amplifolia Naudin, Eucalyptus camaldulen-
sis Dehnh., and Eucalyptus grandis Hill), and leucaena (Leucaena leucocephala
L.). All these plants are potential high-biomass species, showing both constitutive
and adaptive mechanisms for accumulating or tolerating high arsenic concentration
(Gonzaga et al. 2006).

Many plants hyperaccumulate toxic metals within their different parts and could
be used for remediation of metal-contaminated sites. Hyperaccumulating plants are
those that can take up and concentrate in excess of 0.1% of a given element in their
tissue (Brooks 1998). The use of hyperaccumulator plants is advantageous as it
result in production of concentrated toxicants, facilitating the final disposal of the
contaminant-rich biomass. However, most of the metal-hyperaccumulator plants
grow quite slowly and produce low biomass. Whereas, fast growing plants produce
high biomass but are usually sensitive to high metal concentrations, except arsenic
hyperaccumulator ferns. Thus, the capacity to accumulate and tolerate high metal
concentrations in vegetative parts and to produce high amounts of dry matter is not
always mutually exclusive (Robinson et al. 1997; Ma et al. 2001).

Among plant group, ferns have been most widely studies for their potential to
remove arsenic from contaminated environments (Singh and Ma 2006). Chinese
Brake Fern (Pteris vittata L.), Pteris cretica, Pteris longifolia, Pteris umbrosa, and
Pityrogramma calomelanos are some of the examples of As-hyperaccumulating
ferns (Han et al. 2001). Though mainly accumulated in fronds, plant species vary in
the parts they use to store As (Purkayastha 2011). In phytoremediation, 90% of the
arsenic absorbed was in the aboveground biomass, which could be easily removed
by frond harvest (i.e., phytoextraction) (Tu et al. 2002). In P. vittata, arsenic leaches
from fronds as they senesce, returning it to the soil (Tu et al. 2003). This limited the
use of P. vittata in phytoremediation of arsenic-contaminated soils. Young fern
plants were more efficient in removing arsenic than were older fern plants of similar
size (Tu et al. 2004). A detailed account of phytoremediation is beyond the scope
of this review, which focuses exclusively on the role of microbes in bioremediation
of As-contaminated sites.
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Fig. 4 The different processes that are involved in microbially mediated rhizoremediation of
arsenic-contaminated soil

A key to effective phytoremediation, especially phytoextraction, depends on
enhanced pollutant availability in the soil solution for plant uptake (Lombi et al.
2002). Rhizospheric factors (e.g., P-fertilizer, rhizospheric microbial population,
root exudation, chelating agents) play an important role in improving phytoreme-
diation efficiency (Cao et al. 2003; Khan 2005; Gohre and Paszkowski 2006;
Purkayastha 2011). Studies indicate that microbially enhanced phytoextractions
could be a promising technology to remediate arsenic-contaminated environments.
In rhizosphere, plant-derived exudates may help to stimulate the growth of microbes
that subsequently lead to increased degradation of pollutants (Kuiper et al. 2004).

For fern Pityrogramma calomelanos, application of P-fertilizer [an analog of
As(V)] and rhizosphere bacteria increased biomass as well as As accumulation.
However, use of rhizofungi increased biomass but reduced As accumulation
(Jankong et al. 2007). Rhizofungi help in phytostabilization of arsenic limiting the
As uptake and mobilization (Purkayastha 2011). The rhizofungi-induced protec-
tion to As accumulation could occur due to increased availability of phosphate to
plants causing increased plant growth and dilution of arsenic or by binding arsenic
to fungal mycelia (i.e., rhizospheric immobilization of As) (Sharples et al. 2000;
Meharg and Hartley-Whitaker 2002). However, regarding the effect of rhizofungi
on As uptake, results are inconsistent even for same plant species (Leung et al.
2006; Trotta et al. 2006).

In Fig. 4, we show the effect of rhizospheric microbial interactions on phytore-
mediation efficiency of As-contaminated soils and waters. Majority of arsenic-
resistant rhizobacteria belongs to group Alphaproteobacteria, Betaproteobacteria, and
Gammaproteobacteria and genera such as Bacillus, Achromobacter, Brevundimonas,
Microbacterium, and Ochrobactrum (Cavalca et al. 2010; Purkayastha 2011).
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Among rhizospheric microbes, the role of arbuscular mycorrhizal fungi (AMF) in
phytoremediation of the As-contaminated sites is well studied (Leyval and Joner
2001). They act as a barrier to the uptake of As by plants (Sharples et al. 2000).
However, mycorrhiza-induced phosphate transporters have been reported in differ-
ent plants, which enhance the As accumulation by infected plants (Liu et al. 2005).

In phytoextraction, aboveground vegetative parts contain a very high amount of
toxic metals, which increases the risk of arsenic contamination through food chain.
However, in phytostabilization, uptake and mobilization of contaminant is limited and
thus is promising and could be applied for long-term remediation of As (Madejon
et al. 2002). In these regard, use of rhizospheric AM fungi appears promising.
However, the use of rhizospheric AM fungi requires an understanding of plant—soil—
microbial interaction, before developing future strategies for phytoremediating As.

In addition to the foraging, use of genetically engineered microbes as selective
biosorbents offers an attractive green cure technology for the low cost and efficient
removal of arsenic from soil (Singh et al. 2008a, b; Purkayastha 2011). This could
be achieved either by expressing metal-binding peptides (Li et al. 2000) or synthetic
peptides (Bae et al. 2001). However, their low specificity and affinity for As has
restrict their applicability for As remediation (Purkayastha 2011). Most of the effort
in this area used microbial gene expressed in plants to enhance arsenic resistance
(Dhankher et al. 2002; Song et al. 2003). Dhankher et al. (2002) expressed bacterial
ArsC (arsenate reductase) and GSH synthetase (g-ECS) in Arabidopsis thaliana
resulted in accumulation of As(V) as GSH-As complex. E. coli containing phyto-
chelatin synthase (AtPCS) gene from A. thaliana and Schizosaccharomyces pombe
produced PC and accumulated moderate to high levels of arsenic, respectively
(Sauge-Merle et al. 2003; Singh et al. 2008b). In yeast, Ycflp (yeast cadmium factor)
plays crucial role in arsenite detoxification. It helps in vacuolar sequestration of
arsenite as glutathione conjugates (Rensing and Rosen 2009). Coexpression of PC
with glutamylcysteine synthetase (Gshl) and arsenic transporter (GlpF) resulted in
high PC level and As accumulation (Singh et al. 2008a).

Tsai et al. (2009) coexpressed AtPCS and cysteine desulthydrase (an aminotrans-
ferase-converting cysteine into H,S) genes in yeast, under anaerobic condition,
which led to increased As accumulation due to PC-metal sulfide complex forma-
tion. However, requirement of zinc is a major constraint that adversely affects the
use of PC for producing cells as a biosorbent (Purkayastha 2011). Overexpression
of ArsR in E. coli showed specific and fast removal of arsenic (i.e., 50 ppb As(III)
within 1 h) (Kostal et al. 2004). Similarly, overexpression of anovel As(V)-resistance
gene (arsN) isolated from industrial treatment plant sludge, showed high arsenic
resistance in E. coli (Chauhan et al. 2009). Use of resting cells as biosorbent is
another low-cost and effective mean for As removal (Singh et al. 2008b).

Microbe-mediated remediation of As-contaminated sites is more or less conceptual.
Most of the above studies are performed in laboratory and are yet to be applied in
field conditions. Furthermore, we do not know the effectiveness of microbial biore-
mediation for As or the degree to which the different forms of As are accumulated
by microbes. Many arsenic species present a serious challenge to transformation by
microbes. For example, insoluble sulfides and uncharged arsenite [As(OH),] that
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are predominate under reducing environmental conditions are difficult to remove
(Smedley and Kinniburgh 2002). Moreover, we need to better understand the effect
of other elements on arsenic’s microbial transformation, since the transformation of
As is inhibited by the presence of phosphate (Huysmans and Frankenberger 1991)
and antimony (Andrewes et al. 2000) and is enhanced by the presence of molybdate
(Oremland et al. 2000). Nonetheless, an understanding of biochemical, molecular
and genetic mechanisms of resistant microbes could guide us to develop eco-friendly
and cost-effective remediation techniques.

6 Arsenic Biosensors and Measurement
of Arsenic Bioavailability

Owing to their toxicity and prevalence in drinking water, measurement of inorganic
arsenic species in soil and water has received considerable attention over the past
decade. Information on the bioavailable fraction is important while assessing the
true risk imposed by arsenic. Mays and Hussam (2009) have reviewed the various
volumetric methods used to measure inorganic arsenic in water samples.

Biosensors are biological-based devices (whole organism, enzyme-substrate,
transcription factor-promoter, etc.) that can be used to quantitatively detect (dose-
dependent detectable response) chemicals in the environment. They provide a real-
time and specific measurement of the biologically available (hence, ecologically
relevant) concentrations of the contaminants, rather than total concentration mea-
sured by physicochemical methods, without the need of sophisticated instruments.
Microbes are capable of sensing different species of arsenic and their concentrations
and have been widely employed to measure environmental concentrations of arse-
nic species (Sticher et al. 1997; Taurianen et al. 1999; Leveau and Lindow 2002;
Belkin 2003; Harms et al. 2006).

Presently, there are two possible designs of biosensors. In the first design known
as “light on,” the substance to be detected inhibits some aspect of cell metabolism,
resulting in a quantifiable response that can be easily detected (Belkin 2003).
Another design known as “light off” is based on the use of reporter gene (e.g., luc gene
or GFP) that is under the control of a constitutive promoter (e.g., tac promoter).
Such sensors produce a constitutive signal which decreases with the presence of
target substance (e.g., arsenic) (Belkin 2003).

A successful biosensor shows strong affinity to its metal effector and weak
affinity for other metals. Regulated resistance mechanisms exhibited by microbes
against various heavy metals and metalloids have been used to construct whole-
cell living biosensors or bioreporters. Biomarkers such as fluorescent and lumi-
nescent marker and reporter genes have been used to construct biosensors.
A reporter gene encodes for a protein that produces a detectable cellular
response. Hence, determines the sensitivity and detection limits of the
biosensor (Daunert et al. 2000). The /uc operon from the firefly Photinus pyralis
is the most commonly used reporter gene. The degree of expression of reporter gene
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(sensing element) determines the detectable concentrations (sensitivity) and
specificity (detected metals) of the biosensor.

Microbial ability to sense toxic substances (i.e., contaminant-sensing compo-
nents) is combined with reporter genes to construct biosensors. Although the binding
capacity (metal species and sensed concentrations) of the transcription factor used
to sense an element influences both sensitivity and specificity, these factors also
depend greatly on the status of microbial homeostasis/resistance systems.
Understanding the arsenic-resistant mechanism is essential for developing an appro-
priate biosensor and its response (Strosnider 2003).

All arsenic biosensors are triggered by arsenic (the analyte), which upon entry
activates the transcription of the resistance gene, and are followed by the transcrip-
tion of a reporter gene (Strosnider 2003). The entire resistant gene is not required.
Therefore, many biosensors use only the beginning components such as the pro-
moter. The promoters and regulatory genes of the ars operons have been used to
construct the arsenic specific biosensors. Tauriainen et al. (1999) constructed an
arsenic detecting biosensor by expressing firefly luciferase (lucFF) reporter gene to
the regulatory unit (ars promoter +ArsR gene from E. coli R773 plasmid) in recom-
binant plasmid pTOO31 with E. coli MC1061 as the host strain. In earlier experi-
ment, they used ars operon from S. aureus p1258 plasmid to construct the biosensor
(Tauriainen et al. 1997). However, recombinant plasmid p1258 was able to detect
both As(III) and As(V) with equal strength (Tauriainen et al. 1997). In the absence of
arsenic, expression of lucFF was repressed, while transcription of the promoter was
induced by its presence. Further, the luciferase activity was directly related to the
concentration of arsenic in the environment. The E. coli MC1061 with pTOO31 was
able to detect 0.1 um concentration of As(II) and 0.5 um of As(V) (Turpeinen et al.
2003). Bacterial luciferase (luxAB) reporter gene was used by Corbisier et al. (1993)
and Cai and DuBow (1997). Petidnen et al. (2001) found Pseudomonas fluorescens as
a better host compared to that of E. coli for determining the bioavailability of arsenic
in contaminated soils. Roberto et al. (2002) developed an E. coli-based biosensor by
coupling arsR, arsD, and their promoter with reporter gene encoding green fluorescent
protein (GFP) from the marine jellyfish, Aequorea victoria. The biosensor was able
to detect both As(IIl) and As(V) in a range of 1-10,000 ppb.

Microbial biosensors have been used to measure the bioavailability of essential
elements such as nitrate (Mbeunkui et al. 2002), phosphate (Gillor et al. 2002), and
iron (Porta et al. 2003). Cai and Dubow (1997) applied a bacterial sensor to estimate
the toxicity of an arsenic-containing wood preservative (i.e., chromate copper arsen-
ate). However, use of microbial biosensors to assess the bioavailability of arsenic in
soil samples is complicated, since the response of biosensors may be biased by the
presence of soil particles. Though these particles can be filtered out from samples,
this may produce an underestimation of arsenic bioavailability because certain
arsenic fractions (e.g., arsenic complexes with colloidal and fine particles) are elim-
inated during filtration.

Although biosensors have many advantages, they also suffer from many disad-
vantages (short lifetime, lack of genetic stability, etc.) (Strosnider 2003). Additional
research is required to improve the design and sensitivity of biosensors that may be
useful in detecting and measuring arsenic.
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7 Conclusions

After performing this comprehensive literature review, we have drawn certain con-
clusions, as follows:

1. Microbes are important constituents of the global arsenic cycle and play a key
role in regulating the speciation and cycling of different forms of arsenic in the
environment.

2. They transform highly toxic arsenic species into less toxic forms, which reduces
arsenic toxicity not only to the microbes themselves but to other species as well.

3. Microbe-based biosensors offer improvements for detecting the presence of
arsenicals in contaminated soil and water, as well as their bioavailability.

4. Anunderstanding of the mechanism(s), proteins and genes employed by microbes
to address arsenic toxicity will help in developing arsenic-resistant agriculturally
important plants and microbes.

5. Nonetheless, despite many trials, microbes have not been used to bioremediate
arsenic under actual natural field conditions.

8 Summary

Arsenic (As) is a nonessential element that is often present in plants and in other
organisms. However, it is one of the most hazardous of toxic elements globally. In
many parts of the world, arsenic contamination in groundwater is a serious and
continuing threat to human health. Microbes play an important role in regulating the
environmental fate of arsenic. Different microbial processes influence the biogeo-
chemical cycling of arsenic in ways that affect the accumulation of different arsenic
species in various ecosystem compartments. For example, in soil, there are bacteria
that methylate arsenite to trimethylarsine gas, thereby releasing arsenic to the atmo-
sphere. In marine ecosystems, microbes exist that can convert inorganic arsenicals
to organic arsenicals (e.g., di- and tri-methylated arsenic derivatives, arsenocholine,
arsenobetaine, arsenosugars, arsenolipids). The organoarsenicals are further metab-
olized to complete the arsenic cycle.

Microbes have developed various strategies that enable them to tolerate arsenic
and to survive in arsenic-rich environments. Such strategies include As exclusion
from cells by establishing permeability barrier, intra- and extracellular sequestra-
tion, active efflux pumps, enzymatic reduction, and reduction in the sensitivity of
cellular targets. These strategies are used either singly or in combination. In bacte-
ria, the genes for arsenic resistance/detoxification are encoded by the arsenic resis-
tance operons (ars operon).

In this review, we have addressed and emphasized the impact of different micro-
bial processes (e.g., arsenite oxidation, cytoplasmic arsenate reduction, respiratory
arsenate reduction, arsenite methylation) on the arsenic cycle. Microbes are the only
life forms reported to exist in heavy arsenic-contaminated environments. Therefore,
an understanding of the strategies adopted by microbes to cope with arsenic stress
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is important in managing such arsenic-contaminated sites. Further future insights
into the different microbial genes/proteins that are involved in arsenic resistance
may also be useful for developing arsenic resistant crop plants.
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1 Introduction

Phthalates or phthalic acid esters (PAEs) are diesters of phthalic anhydride. They
are synthesized from an esterification reaction between phthalic anhydride and oxo
alcohols (ECOBILAN 2001). Phthalates are usually used as plasticizers to enhance
the flexibility of materials and their technical properties. Mersiowsky et al. (2001)
reported that the phthalates serve as plasticizers for approximately 93% of the poly-
vinyl chloride (PVC) polymer that is produced. In addition, they are also used
in cosmetics, in fragrances, as pesticide carriers, in insect repellants, and are found
in vinyl floorings, wall coverings, cables, tubing, hoses, upholstery, films, paints,
adhesives, and inks, among other products (ECPI 1994; Schierow and Lee 2008).
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The annual worldwide production of PAEs exceeds five million tons (Mackintosh
et al. 2000).

Because the phthalate esters are not covalently bound to the polymer of which
they are a component, they are able to migrate to the surface of the polymer matrix
where they may be lost by a variety of physical processes (Stanley et al. 2003).
Fromme et al. (2002), Fernandez et al. (2007), and Zeng et al. (2009) have noted
that phthalates, because of their fugitive nature and widespread use, are commonly
detected in air, water, sediment/soil, and biota including human tissue. Bauer et al.
(1998) observed that large amounts of phthalic acid esters are often leached from
the plastics that are dumped at municipal landfills and enumerated that these pollut-
ants are harmful to microorganisms and accumulate in natural bodies of water.
Residues of these contaminants ultimately become widely distributed within aque-
ous systems such as rivers, lakes, and groundwater and thereby exert a noticeable
influence on the environment.

Evidence procured from epidemiological studies with humans shows that phtha-
lates induce adverse health effects that include disorders of the male reproductive
tract, breast and testicular cancers, and neuroendocrine system disruption (Sharpe
and Shakkebaek 1993; Matsumoto et al. 2008; IHCP 2008; Huang et al. 2009).

When the phthalates are released into the environment, they interact with environ-
mental media in ways that change their chemical behavior. Staples et al. (2000) out-
lined the various processes to which the phthalates are subjected when released into
the environment. These processes include hydrolysis, photolysis, and biodegrada-
tion. The relevance of these processes is observed to be dependent upon the proper-
ties of the phthalate ester and the ambient physical and chemical conditions that exist
in any particular landfill zone (Géchter and Miiller 1990; Domininghaus 1998).

In this review, we focus on the chemical transformation that the phthalate esters
undergo when they are released into the lower landfill layers. Specifically, we aim
to present the possible ways in which this chemical is transformed under the prevail-
ing conditions that exist in lower landfill layers, which include high temperature,
presence of chemical catalysts, and fluctuating pH levels.

2 General Description of the Phthalates

2.1 Synthesis (Esterification Reaction)

PAEs are diesters of phthalic anhydride and have the common chemical structure
shown in Fig. 1. Their synthesis involves reacting phthalic anhydride with oxo alco-
hols to form esters. According to ECOBILAN (2001), PAEs differ from the nature
and length of the oxo alcohols (C, to C,,) from which they are made.

The PAEs are produced by a final esterification reaction consisting of two steps
(ECOBILAN 2001). The first step involves the alcoholysis of phthalic anhydride to
form the monoester and secondly, the conversion of the monoester to a diester which
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Fig. 1 Phthalate structure O
(R and R’ represent alkyl side
chains which may be branched OR
and contain oxygen)
OR'
O

is a reversible reaction. According to Skrzypek et al. (2008), this first step is fast and
irreversible, whilst the second step is slow and usually requires a catalyst.

For example, the synthesis of di(2-ethylhexyl) phthalate (DEHP), as performed
by Skrzypek et al. (2008), results in the monoester being formed on the dissolution
of phthalic anhydride in 2-ethylhexyl alcohol at temperatures of 320 K-360 K, and
this occurs without a catalyst. These authors proposed that less aggressive catalysts,
such as p-toluenesulfonic acid or methane sulfonic acid, could be employed to speed
the reaction rate occurring in the second step, rather than by using sulfuric acid.
This strong acid has been employed, both in laboratory and industrial practice,
despite its having the disadvantage of generating undesirable amounts of by-prod-
ucts that result in color change or blushing of the product.

The rate of the above reaction is dependent on the catalyst chosen and the reac-
tion temperature (Skrzypek et al. 2008).

2.2 Physical/Chemical Properties

Liang et al. (2008) disclosed the basic chemical structure of phthalates to be ben-
zene dicarboxylic acid, with two side chains that may be comprised of chemical
groups that include alkyl, benzyl, phenyl, cycloalkyl, or alkoxy.

Phthalate esters are liquids at typical environmental temperatures. Melting points
for these esters are between 5.5°C and —58°C, and boiling points are between 230
and 486°C (Staples et al. 1997; Cousins et al. 2003). Stanley et al. (2003) estab-
lished that the water solubility of the alkyl phthalate ester generally varies inversely
with the length of the alkyl side chain. Dimethyl phthalate (DMP) is the most hydro-
philic and water soluble of the esters. The C,, C,, and C,, esters are the most
hydrophobic and least water soluble (<0.001 mg/L).

The sorption of phthalate esters to soil, sediment, or suspended solids is partially
governed by their relative hydrophobicity (Staples et al. 1997). Cousins et al. (2003)
asserted that phthalates have high octanol-air partition coefficient (K, ) values, sug-
gesting that they will be appreciably sorbed to aerosols, soils, and vegetation.

According to Woodward (1988), most dialkyl phthalates are soluble in common
organic solvents such as benzene, toluene, xylene, diethyl ether, chloroform, and
petroleum ether.
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It is noteworthy that the degradation rate of the phthalates is dependent on their
molecular weight; those with longer alkyl side chains tend to have longer half-lives
in a given environmental media (Harris and Sumpter 2001).

2.3 Adverse Effects

Their extensive use has made the PAEs ubiquitous environmental pollutants, and
they are released to the environment from both diffuse and point sources (Furtmann
1996; Chatterjee and Karlovsky 2010). These pollutants may harm microorganisms
and may reach and accumulate in natural bodies of water to ultimately become
widely distributed in rivers, lakes, and groundwater, where they may exert adverse
environmental effects (Bauer et al. 1998).

Moreover, the phthalates and their metabolites may pose potentially harmful
effects on humans and the environment because of their hepatotoxic, teratogenic,
and carcinogenic characteristics (Matsumoto et al. 2008).

The US EPA (2001) reported that plasticizers are one of the most prominent
classes of endocrine-disrupting chemicals (EDCs). As EDCs, their adverse effects
on reproduction and development have been demonstrated in animal models. Foster
(2006), Ghisari and Bonefeld-Jorgensen (2009), Gray et al. (2009), and Strac (2009)
have indicated that these compounds decrease birth weight and survival of offspring,
induce testicular atrophy and malformation, impair spermatogenesis and reduce
sperm counts, and shorten the anogenital distance in rodents and other animals.
Most of these effects are thought to be caused by mimicking or antagonizing the
actions of endogenous steroid hormones (Foster 2006; Ghisari and Bonefeld-
Jorgensen 2009; Gray et al. 2009; Nagao et al. 2000; Shen et al. 2009). Zhang et al.
(2011b) evaluated the estrogen agonist/antagonist properties of phthalates such as
of dibenzyl phthalate (DBzP). In their study, these properties were predicted by
molecular docking and confirmed by yeast estrogen screen (YES) and immature
mouse uterotrophic assays. These authors confirmed the effects of phthalates on
estrogens. According to Giiltekin and Ince (2007), despite their low concentration
in the aquatic environment, such labeled hormone-like chemicals may be “hazard-
ous,” because even trace amounts may produce estrogenic-like activity.

3 Occurrence of Phthalate Esters in Landfills

Phthalates have been detected in various environmental media including air
(Wensing et al. 2005), soils, sediments, landfill leachates (Schwarzbauer et al. 2002;
Zheng et al. 2007), and in natural waters as a result of their production, usage, and
disposal in plastics (Chao and Cheng 2007). PAEs are produced in large quantities
and are used in a wide variety of products that are ultimately disposed of in landfills.
The most common use of phthalic acid diesters is as plasticizers in PVC plastic
(Gomez-Hens and Aguilar-Caballos 2003).
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Stanley et al. (2003) and Liang et al. (2008) have both indicated that phthalate
esters are not covalently bound to the polymer of which they are a component and
therefore migrate to the surface of the polymer matrix where they may be lost to the
environment. Large amounts of phthalic acid esters are often leached from the plas-
tics that are dumped at municipal landfills. Bauer et al. (1998) and Jonsson et al.
(2003) specifically observed that PAEs, not being chemically bound to the plastic
structure, may be leached into soils by water percolating through landfills.

Christensen et al. (2001) described the composition of landfill leachate as includ-
ing dissolved organic matter, inorganic macro components, heavy metals, and
Xenobiotic Organic Compounds (XOCs). The presence of water, acid, base, and
heavy metals, among other substances in the landfill, facilitates the abiotic transfor-
mation of phthalates at lower layers of a municipal landfill. For example, heavy
metals such as nickel serve as catalysts in the hydrogenation of dialkyl ester of
phthalic acid to the corresponding dialkyl hexahydrophthalates (Amend 1935).

The temperatures usually encountered in a typical landfill body are in the range
of 18-55°C with the average at 35°C (Dohmann 1997). However, Schwarzbauer
et al. (2006) observed temperature values as high as 70°C within the lower layers of
a landfill.

4 Decomposition of the Phthalates

Generally, the major processes that aid in the environmental transformation of
phthalates are biodegradation, photolysis, and hydrolysis. Cousins et al. (2003)
reported that biodegradation is the dominant loss process for the phthalate esters in
all media, except the atmosphere, wherein they are likely to be susceptible to rapid
photooxidation by hydroxyl radicals. Chung and Chen (2009) suggested that micro-
bial degradation and abiotic degradation occur by different mechanisms.

Below, we describe the chemical behavior that phthalate esters generally display
when they are released into landfill compartments. We assert that hydrolysis is the
dominant abiotic process that affects the transformation of the phthalates within the
lower landfill layers. Schwarzbauer et al. (2006) observed that as landfill depth
increases the propensity for ongoing hydrolysis increases.

4.1 Abiotic Degradation

Few studies have been performed to ascertain the chemical transformation that
occurs for phthalates under the prevailing conditions present in lower landfill layers;
studies that have been performed show that abiotic processes, such as hydrolysis,
generally proceed at a slow rate (Schwartzenbach et al. 1992; Yan et al. 1995;
Staples et al. 1997; Schwarzbauer et al. 2006). Lertsirisopon et al. (2009) also
bemoaned that limited information was available on abiotic processes in landfills.
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However, although some microbial action may occur, it may be negligible in
lower layers of a landfill because of the high temperatures and pressures within this
zone. According to Miller (1992), temperatures in excess of 60°C within a medium
reduce microbial activity in that medium, and above this temperature, microbial
activity declines. The temperatures that exist at lower waste layers of a landfill can
be as high as 70°C (Schwarzbauer et al. 2006).

Local physical and chemical conditions greatly affect the rate of abiotic transfor-
mation of the phthalates (Gachter and Miiller 1990; Domininghaus 1998). Sayyed
et al. (2010) reported that the rate of degradation was influenced by the following
factors: temperature, pressure, substrate concentration, oxidant concentration, com-
position of reaction mixture, and presence of chemical catalysts.

Hydrolysis and photolysis are the major abiotic transformation processes to
which the phthalate esters are subjected when they are released into the environ-
ment (Staples et al. 1997). Hydrogenation of the phthalates is another transforma-
tion process that also occurs under certain environmental conditions (Schwarzbauer
et al. 2000).

Below, we address, in greater detail, the key abiotic processes that are responsi-
ble for transforming phthalates in landfills.

4.1.1 Hydrolysis

Hydrolysis is a chemical transformation process in which an organic compound,
RX, reacts with water, forming a new carbon—oxygen bond, and the cleaving of the
carbon-X bond in the original molecule (Hilal 2006). Hydrolysis is one of the most
common reactions controlling abiotic degradation and is therefore one of the main
degradation paths for xenobiotic substances (OECD 1981). Generally, the hydroly-
sis of an ester forms a carboxylic acid and an alcohol.

Staples et al. (1997) reported that the phthalate esters are susceptible to hydroly-
sis, but at rather slow rates. These authors noted that phthalate esters can undergo
two hydrolytic steps, producing first the monoester and one free alcohol moiety and
a second hydrolytic step creating phthalic acid and a second alcohol. Schwarzbauer
et al. (2006) described the typical abiotic transformation process that occurs for the
phthalate esters at lower layers of a municipal landfill as follows:

* Initially, the phthalate diesters were converted to the corresponding monoesters
via hydrolysis. These monoesters were then converted to phthalic acid (Fig. 2).

* The generated phthalic acid was subjected to extended hydrogenation, which led
to the formation of hydrogenation product (1,2-cyclohexane dicarboxylic acid).
These authors observed that the concentration of the hydrogenation product in
the layers below 50 m remained at a high level; as a result, ongoing generation of
phthalic acid was no longer interfered with by consecutive hydrogenation
processes.

 Finally, phthalic acid was observed to accumulate in the lower waste layers.
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Fig.2 Transformation of phthalates via hydrolysis (Adapted from Staples et al. 1997; Mersiowsky
et al. 1999; Schwarzbauer et al. 2006; Shibata et al. 2007)
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Fig. 3 Acid and base hydrolysis (Adapted from Sykes 1975; Wolfe et al. 1980; Harris 1982; Hilal
2006)

Schwarzbauer et al. (2006) further pointed out that the above-described processes
were affected by the temperature gradient. It is also noteworthy that the hydrogena-
tion process that occurs in deep waste layers may result from either higher tempera-
ture or the restriction of reactions involving the free aromatic acid.

Hence, the prevailing conditions existing at lower landfill layers are favorable to
hydrolysis and represent the main route by which the phthalates are transformed
within this landfill zone.

The effect of pH on the hydrolysis of the phthalates: Mabey and Mill (1978)
indicated that hydrolysis is basically a function of pH and temperature. Notably, pH
affects reaction rates through catalysis. After shifts in pH, reaction rates of esters
may change some orders of magnitude from catalysis (Kirby 1972). Esters are much
less electrophilic and do not react with water at pH 7 to any appreciable extent. The
author noted, however, that the rate of ester hydrolysis is substantially increased
under acidic or basic conditions. Ester hydrolysis may be either acid- or base-cata-
lyzed, with metal ions, anions, or organic materials serving as catalysts (Sykes
1975; Harris 1982; US EPA 1996). Figure 3 illustrates both acid- and base-catalyzed
hydrolysis reactions.
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Hilal (2006) asserted that carboxylic acid esters undergo hydrolysis through
three different mechanisms: base-, acid-, and general base-catalyzed (neutral)
hydrolysis. For instance, Patnaik et al. (2001) conducted a study to investigate base-
catalyzed hydrolysis of the phthalates and ammonium hydroxide present in landfill.
In this study, DMP and diethyl phthalate (DEP) reactions with ammonium hydrox-
ide were carried out under alkaline conditions in the pH range 8.5-9.5 at ambient
temperature and at a concentration range of 5-20 mg/L. Wolfe et al. (1980) also
observed that PAEs were hydrolyzed to the corresponding monoesters under acidic
conditions.

It is noteworthy that the phthalate esters are hydrolyzed at negligible rates at a
neutral pH (Staples et al. 1997). Xu et al. (2008) also confirmed this assertion. It is
important to note that acid hydrolysis of phthalate esters occurs, but is estimated to
be four orders of magnitude slower than alkaline hydrolysis rate constants (Mabey
et al. 1982).

Temperature effects on the hydrolysis of the phthalates: As already mentioned,
hydrolysis is a function of temperature (Mabey and Mill 1978; Hilal et al. 2003;
Hilal 2006). Moreover, it is a known fact that landfill temperature increases with
depth. Therefore, increasing temperature with depth in a landfill may well enhance
the rate of processes responsible for transformation. Schwarzbauer et al. (2006)
observed that the transformation of phthalate-based plasticizers involves a consecu-
tive order of hydrolysis and hydrogenation steps that is strongly influenced by
transfer processes along the depth profile of a given landfill.

As the temperature increases, the steric effect decreases. The reason for this is
attributed to the fact that as the temperature increases, the reactants tend to mimic
gas-phase structure, producing minimal or null steric effect for ester hydrolysis.

4.1.2 Photocatalytic Oxidation

Phthalates are photocatalytically transformed through two different reaction mecha-
nisms. The first one is via direct ozonation by ozone molecules, primarily of specific
functional groups (double bonds, nucleophilic positions). The second is a radical
oxidation by highly oxidative free radicals such as hydroxyl free radicals (OH"),
which are generated from the decomposition of ozone in an aqueous solution (Gurol
and Singer 1982; Hoffmann et al. 1995). This radical oxidation is nonselective and
vigorous. According to Oh et al. (2006) and Zhang et al. (2011a), the reason ultra-
violet (UV) radiation is introduced into the ozonation process is to enhance ozone
decomposition, yielding more free radicals to achieve greater oxidation.

Chen et al. (2011) proposed a mechanism for the degradation of DMP during
catalytic ozonation with a TiO,/Al O, catalyst. These authors observed that the
hydroxylation of DMP to 3-hydroxy dimethyl phthalate was the first ozonated
step. The hydroxylation of DMP was followed by oxidative cleavage of the ben-
zene ring; this carboxylation forms 3,4-dimethyloxycarbonyl 2,4-hexadienedioic
acid. Further oxidation resulted in the intermediates 3-hydroxy3-formyl propanoic
acid, 2-hydroxypentanedioic acid, and 2,3-dihydroxypentanedioic acid. Catalytic
ozonation then preferably cleaves the benzene ring at the ortho position of the
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methyloxycarbonyl group to generate 5,6-dimethyloxycarbonyl 2,4-hexadieneoic
acid on the surface of the TiO,/Al O, catalyst. The intermediates that resulted
included 2-hydroxy dimethyl succinate, 2,4-hexadienedioic acid, and 4-hydroxy
2-pentenoic acid.

4.1.3 Photolysis

The most important photodegradation reactions that occur in the atmosphere for
organic chemical pollutants generally involve hydroxyl radicals (Atkinson 1988;
Kelly et al. 1994). Staples et al. (1997) asserted that aqueous photolysis results from
absorption of the UV spectrum (viz., in the region of 290-400 nm) of sunlight.
According to these authors, photolysis occurs through mechanisms that either
involve direct absorption of UV radiation by the chemical, or indirectly, when UV
radiation is absorbed by natural substances (e.g., water), after which activated species
are formed (e.g., singlet oxygen or hydroxyl radicals) that then react with phthalate
esters.

4.2 Biodegradation

Within the upper landfill layers, the presence of microorganisms greatly advances
the degradation of the phthalates, which prevails as the dominant transformation
route within this zone (Ejlertsson et al. 1996; Staples et al. 1997; Peterson and
Staples 2003; Di Gennaro et al. 2005). The biodegradation of the phthalates has
been extensively studied and well documented (Elder and Kelly 1994; Ejlertsson
et al. 1996; Staples et al. 1997; Kleerebezem et al. 1999; Jianlong et al. 2000;
Juneson et al. 2001; Cousins et al. 2003; Liu and Chi 2003; Peterson and Staples
2003; Chang et al. 2004; Di Gennaro et al. 2005).

Generally, the biodegradation pathway for the phthalates consists of primary bio-
degradation from phthalate diesters (PDEs) to phthalate monoesters (PMEs) and
then to phthalic acid (PA) and ultimate biodegradation of PA to CO, and/or CH,
(Staples et al. 1997; Jianlong et al. 2000). This degradation process occurs under
both aerobic and anaerobic conditions (Cousins et al. 2003).

Peterson and Staples (2003) reported that PA is degraded aerobically via hydrox-
ylation and decarboxylation to give protocatechuic acid, which is further degraded
to carbon dioxide via either ortho or meta cleavage of the aromatic ring. In contrast,
PA is degraded anaerobically via decarboxylation to benzoic acid, which is further
degraded through ring saturation to hydrogen, carbon dioxide, and acetate (Elder
and Kelly 1994; Kleerebezem et al. 1999; Liu and Chi 2003).

Jianlong et al. (2000) and Chang et al. (2004) pointed out that phthalates with
shorter ester chains, like DMP, DEP, dibutyl phthalate (DBP), diphenyl phthalate
(DPP), and butyl benzyl phthalate (BBP), can be readily biodegraded and mineral-
ized, whereas phthalates with longer ester chains, such as dihexyl phthalate (DHP)
and DEHP, are less susceptible to biodegradation.
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5 Summary

The phthalates comprise a family of phthalic acid esters that are used primarily as
plasticizers in polymeric materials to impart flexibility during the manufacturing
process and to the end product. It is estimated that the annual worldwide production
of phthalate esters exceeds five million tons. Plasticizers are one of the most promi-
nent classes of chemicals, but unfortunately, they possess endocrine-disrupting
chemical properties. As endocrine-disrupting chemicals, plasticizers have produced
adverse developmental and reproductive effects in mammalian animal models.
Phthalates are easily transported into the environment during manufacture, disposal,
and leaching from plastic materials, because they are not covalently bound to the
plastics of which they are a component. Because of their fugitive nature and wide-
spread use, the phthalates are commonly detected in air, water, sediment/soil, and
biota, including human tissue. Large amounts of phthalic acid esters are often
leached from the plastics that are dumped at municipal landfills.

Phthalate esters undergo chemical changes when released into the environment.
The primary processes by which they are transformed include hydrolysis, photoly-
sis, and biodegradation. It is noteworthy that all of these degradation processes are
greatly influenced by the local physical and chemical conditions. Hence, in the pres-
ent review, we have sought to ascertain from the literature how the phthalate esters
undergo transformation when they are released into lower landfill layers.

Within the upper landfill layers, biodegradation prevails as the major degradation
mechanism by which the phthalates are dissipated. Generally, biodegradation path-
ways for the phthalates consist of primary biodegradation from phthalate diesters to
phthalate monoesters, then to phthalic acid, and ultimately biodegradation of
phthalic acid to form CO, and/or CH,.

We have noted that the phthalate esters are also degraded through abiotic means,
which proceeds via both hydrolysis and photolysis. Photodegradation generally
involves reactions of the phthalates in the atmosphere with hydroxyl radicals. The
hydrolysis of phthalate diesters produces the corresponding monoesters, which are
subsequently converted to phthalic acid. Phthalic acid has been observed to accu-
mulate within landfill zones where phthalate contamination exists.

Hydrolysis is usually not an important fate process for phthalate esters in the
environment, including in upper landfill layers. However, the conditions prevalent
at lower landfill layers are generally suitable for phthalate transformation via hydro-
lysis. The conditions in this zone include high temperatures and pressures, presence
of chemical catalysts, as well as wide pH fluctuations. Such conditions foster hydro-
lysis that may be either acid- or base-catalyzed by metal ions, anions, or organic
materials catalysts. In addition, research indicates that the propensity for ongoing
hydrolysis increases as landfill depth increases.

We can be emphatic in asserting that hydrolysis of phthalate esters in lower
landfill layers is the dominant process for transforming these esters; in contrast,
biodegradation is the predominant process in the upper landfill layers.

We recommend that future research be performed to expand the understanding of
what influence each reaction condition (high temperature, presence of chemical



Chemical Behavior of Phthalates Under Abiotic Conditions in Landfills 49

catalysts, etc.) has on the rate of chemical transformation of the phthalates in lower
landfill zones. We also recommend that the combined effects of all conditions on the
rate of chemical transformation at lower landfill layers be assessed for the phtha-
lates. Such research could be achieved under simulated conditions.
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1 Introduction

Enzootic bovine hematuria (EBH) is a disease of cattle that is characterized by the
intermittent presence of blood in urine caused by malignant lesions in the urinary
bladder. The disease causes anemia, progressive emaciation, and death (Jones and
Hunt 1983; Hopkins 1986). This neoplastic disease is primarily caused by chronic
ingestion of ferns, and affliction with the papillomavirus is often associated with it
(Campo et al. 1992; Campo 1997; Santos et al. 1998). A decade ago, a comprehensive
review of this disease was published by Dawra and Sharma (2001). In this review,
we provide an update on the various aspects of EBH and include an assessment of
the effect of consuming these disease-inducing ferns on both animal and human
health, and the associated environmental implications.

2 Enzootic Localities and Incidence

Cattle may resort to eating the bracken fern during dry seasons when other vegetation
is sparse. Information on the incidence of the disease is usually based upon the
abattoir surveys or on cases reported for treatment in hospitals. The number of cases
reported for treatment represents only a small fraction of the total caused by the
disease. This is known to be the case because there is no permanent cure for it, and
in enzootic areas, farmers do not often report the disease. Hence, the exact incidence
of the disease in a population of cattle is quite difficult to assess, except on a very
local basis (Dawra and Sharma 2001).

Generally, a high incidence of EBH occurs in areas where the concentration of
PT in the bracken is high (Smith et al. 1994a; Pinto et al. 2004; Marrero et al. 2004).
Smith et al. (1994a) described one area where EBH occurred, by explaining that
bracken fern commonly contained a large amount of PT (300-7,000 ng/g of dried
bracken), whereas, in another area where there was no disease, the concentration
was low—Iless than 100 pg/g dried bracken.

In an epidemiological investigation performed in seven localities of an enzootic
area in Maramures, Baia Mare (Romania), it was found that bracken fern was con-
sumed by cows, especially in the dry season when alternative vegetation was sparse
(Giurgiu et al. 2008). There was no predisposition for one sex to consume more of
the fern than the other one, although the disease appeared more frequently in females
during pregnancy and after birth when clinical manifestations were more severe.
EBH appeared mainly in winter months (January and February), and its develop-
ment was associated with other competing diseases (placental reservation, prior and
after birth paraplegia, renal ache, and lessening). The prevalence of cattle with clini-
cal EBH caused by Pteridium aquilinum was evaluated between 2007 and 2008 in
Brazil (Aparecida da Silva et al. 2009). One hundred and eighty-one bovines were
examined, and 39 of the animals were sick. Among the affected cattle, 22 (56.4%)
were affected with EBH.

In a retrospective study of 586 tumors encountered in Brazilian cattle over a
45-year period, tumors of the alimentary tract were those that were the most
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frequently encountered (139 cases). The incidence of this tumor type was attributed
to a high incidence of squamous cell carcinoma of the upper alimentary tract that
was associated with chronic ingestion of bracken fern, P. aquilinum. Consuming
this carcinogenic plant was also associated with a relatively high incidence (35
cases) of urinary bladder tumors (Lucena et al. 2011).

In India, despite the widespread distribution of the fern in the Himalayas and
hills of the southern country, the disease is restricted to well-defined pockets. The
possible reason for its absence in other similar areas, even in presence of P. aquilinum,
could be a lack of carcinogenic potential in the plant growing in such areas. The car-
cinogenic potential of P. aquilinum collected from an EBH-free hilly area in India has
been studied (Dawra et al. 2002). In this study, the fern was fed to guinea pigs for 30
months at a rate of 30% w/w. The fern caused toxic and neoplastic changes in urinary
bladders of the exposed animals. The incidence of tumors was 18.6%. The fern tested
positive for the carcinogenic ptaquiloside (PT) (3.74+0.6 mg/kg). The low level of
PT, as compared to values reported elsewhere (0-9,776 mg/kg; mean 1,257 mg/kg),
and grazing during periods when grasses are abundant are perhaps the reasons for the
absence of the disease in such areas.

3 Clinical Symptoms

Hopkins (1987) investigated EBH for the first time in East Nepal, where P. aquilinum
was abundant. This author found that the affected animals exhibited a chronic, inter-
mittent hematuria and an associated polyuria and dysuria. The average age of onset
of clinical signs was 7.3 years, and the duration was 1.5 years. Dawra et al. (1991)
studied the enzymatic profile of urine and plasma in field cases of bovine bladder
cancer. Urinary lactate dehydrogenase activity was significantly altered, as was the
isoenzyme pattern. The activity of alkaline phosphatase and beta-glucuronidase was
decreased in the affected animals. No significant changes were observed in acid
phosphatase or arylsulphatase A and B activity. In plasma, lactate dehydrogenase
activity was elevated, without any change in the isoenzyme pattern. No significant
changes were observed in the other plasma enzymes studied or in the sialic acid
concentration (Table 1).

A chronic toxicity study of P. aquilinum in cattle in the humid Chaco of Tarija,
Bolivia, revealed both EBH and esophageal carcinoma in the affected herds. Sick
animals showed cachexia, anemia, leucopenia, and urine that turned from pink to
intense red color, with the presence of blood clots. Urinary bladder carcinomas and
esophageal carcinomas were present in 100 and 50% of the examined cattle, respec-
tively (Marrero et al. 2001). Two livestock farms in Spain, where EBH was known
to occur, were studied for the clinicopathological findings (Perez-Alenza et al.
2006). Anemia, leucopenia, monocytosis, thrombocytopenia, hypergammaglobu-
linemia, microhematuria, and proteinuria were detected in the affected cattle.
Three phases of the disease showed increasing severity and were established from
multivariate statistical analyses. An initial phase, characterized by an extremely
high monocytosis and otherwise normal parameters, was observed; an intermediate
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Table 1 Clinical symptoms, enzymatic profile, and blood biochemical analysis of Enzootic bovine
hematuria (EBH)-affected cattle

Clinical symptoms/enzymatic profile/

Particulars biochemical profile References
EBH-affected cattle in East Chronic, intermittent hematuria and an Hopkins (1987)
Nepal, where P. aquilinum associated polyuria and dysuria

is abundant, age of onset
of disease—7.3 year and
duration—1.5 year
EBH-affected cattle in the Decrease in urinary alkaline phosphatase ~ Dawra et al. (1991)

enzootic areas of and beta-glucuronidase activity.
Himachal Pradesh, India Increase in plasma levels of lactate
dehydrogenase
EBH-affected cattle in the Cachexia, anemia, leucopenia, and urine Marrero et al. (2001)
humid Chaco of Tarija, that turned from pink to intense red
Bolivia, chronic toxicity color, with the presence of blood clots
of P. aquilinum
EBH-affected cattle of Anemia, leucopenia, monocytosis, Perez-Alenza
livestock farm in Spain thrombocytopenia, hypergammaglobu- et al. (2006)
linemia, microhematuria, and
proteinuria
EBH-affected cattle in Anemic mucous membranes, dysuria, and  Giurgiu et al. (2008)
Romania hematuria. Urinary sediment comprised

of vesicle cells, red blood cells, and
calcium carbonate and sulfate crystals.
Serum hypoglycemia, hypoproteinemia
with hypogammaglobulinemia

EBH-affected cattle in Brazil Macrohematuria and low hematocrit Aparecida da Silva
values, ranging between 8 and 31% et al. (2009)
(normal range 31-47%) and leukocyto-
sis (132 x 103/mm?)

phase, characterized by monocytosis and moderate changes in other analytes, was
seen; and a final phase was seen, characterized by normal levels of monocytes and
many changes in other analytes. Monocytosis, detected in 31% of the younger ani-
mals, could represent an initial response to consumption of bracken fern and may be
useful as an early hematological marker of EBH (Table 1).

Clinical examination of EBH-affected cows in Romania revealed apparently ane-
mic mucous membranes, dysuria, and hematuria (Giurgiu et al. 2008). Hematuria
appeared in the months of January, February, and March and occurred frequently in
pregnant animals and in animals of approximately 2-3 years of age. Urine color
varied between yellow and straw yellow, orange and pale red, had a pH range of
2.0-8.0, and showed urinary sediment comprised of vesicle cells, red blood cells,
and calcium carbonate and sulfate crystals. The blood biochemical analysis showed
hypoglycemia, hypoproteinemia with hypogammaglobulinemia, without significant
changes of blood urea nitrogen (BUN) and serum creatinine (Table 1).

In Brazil, EBH-affected cows revealed macrohematuria, and the values
of the hematocrit were low, ranging between 8 and 31% (normal range 31-47%).
The mean total leucocyte count was 132 x 103/mm?, and leukocytosis was present.
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The temperature and capillary refill time were normal. Four animals (18.2%)
out of the 22 affected ones had pale mucosal surfaces (Aparecida da Silva et al.
2009) (Table 1).

4 Etiology

4.1 Bracken and Other Ferns

Bracken is an invasive fern that comprises several subspecies and varieties that is
prevalent throughout the world. It is ubiquitous in most tropical, subtropical, and
some temperate countries (Santos et al. 1998). This fern has been described as one
of the most common plants on the planet. The most common variety of bracken
fern, P. aquilinum var. aquilinum (Fig. 1a, b), typically grows on sandy acid soils.
Several plants contain mutagenic substances (Basaran et al. 1996), but it is reported
that only bracken fern (P. aquilinum) causes cancer naturally in animals (Prakash
et al. 1996). This disease causes high economic losses in cattle around the world
(Wosiacki et al. 2005).

PT is a major genotoxic carcinogen (Mori et al. 1985), which has been isolated
and characterized from P. aquilinum, and is considered to be the cause of most fern-
associated animal health problems. PT content has been found to vary from O to
9,776 mg/kg in the P. aquilinum samples collected from different regions of the
world (Smith et al. 1994b). PT, a sesquiterpenoid glycoside (Fig. 2), induces clasto-
genesis in cell cultures and has mutagenic and carcinogenic activity. Under acidic
conditions, PT, which is a procarcinogen, undergoes aromatization by elimination
of the glucose to give pterosin B, whereas under alkaline conditions, it is activated
to give a conjugated dienone (activated ptaquiloside-APT, which is the ultimate
carcinogen) after liberation of the sugar group (Ojika et al. 1987). APT alkylates
DNA via a reactive cyclopropyl ring to form several DNA adducts (Ojika et al.
1987, 1989). The main labile adducts occur at the N-3 of adenine, and to a minor
extent at the N-7 of guanine (Smith et al. 1994c; Kushida et al. 1994) within 24 h of
exposure (Prakash et al. 1996). At the cellular level, affected cells have the capacity
to repair such lesions in a short period of time, but a few of these lesions lead to
mutations in key genes, and cancer may thereby be initiated. Besides PT, other
bracken constituents like quercetin, isoquercetin, ptesculentoside, caudatoside,
astragalin, and tannins may be carcinogenic as well (Dawra and Sharma 2001).

The PT concentrations in different varieties of bracken fern vary. Following are
amounts found in different fern varieties: P. aquilinum var. aquilinum, P. aquilinum
var. esculentum (280—-13,300 pg/g) (Rasmussen et al. 2008), P. aquilinum var. cau-
datum (1,980-3,900 ug/g), and P. aquilinum var. arachnoideum (32-660 ng/g)
(Alonso-Amelot et al. 1995). There is a positive correlation between elevation and
the PT content of bracken. The concentration of PT is reported to be 2-3 times
higher at high elevations (viz., 1,800 m) vs. low ones (viz., 1,000 m) (Villalobos-
Salazar et al. 1999). PT is detected in all tissues of the bracken fern, and high levels
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Fig. 1 (a) Bracken fern with young frond. (b) Young Bracken fern plant
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Fig. 2 Ptaquiloside
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Fig. 3 Ptaquiloside Z (a), Caudatoside (b), Iso-ptaquiloside (¢), Ptesculentoside (d) Reference:
Rasmussen (2003); Fletcher et al. (2011)

are found in the crosiers (Rasmussen and Hansen 2003). PT is found in ferns other
than bracken, namely, Cheilanthes farinosa (Forsk.) Kaulf., Cheilanthes sieberi
Kunze, Dryopteris juxtaposita Christ., Histiopteris incisa (Thunb.) J. Sm., Pteris
cretica L., and Onychium contiguum Hope (Smith et al. 1989; Saito et al. 1989,
1990; Agnew and Lauren 1991; Gounalan et al. 1999; Kumar et al. 2001). It is also
reported that PT-like substances, such as ptaquiloside Z, caudatoside, and isopta-
quiloside (Fig. 3a, b, ¢), may also cause EBH (Castillo et al. 2000). Fletcher et al. (2011)
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determined the concentration of three unstable norsesquiterpene glycosides:
ptaquiloside, ptesculentoside (Fig. 3d), and caudatoside and their respective degra-
dation products, pterosin B, pterosin G and pterosin A, by HPLC (high pressure
liquid chromatography) analysis in Pteridium esculentum and P. aquilinum. Samples
of P. esculentum collected from six sites in eastern Australia contained up to 17 mg
of total glycoside/gram dry wt. Both PT and ptesculentoside were present as major
components and were accompanied by smaller amounts of caudatoside. Ratios of
PT to ptesculentoside varied from 1:3 to 4:3, but in all Australian samples ptescu-
lentoside was a significant component. This profile differed substantially from that
of P. esculentum from New Zealand, which contained only small amounts of both
ptesculentoside and caudatoside, with PT as the dominant component. A similar
profile of PT as the dominant glycoside was obtained for P. aquilinum subsp. wight-
ianum (previously Pteridium revolutum) from northern Queensland and also
P. aquilinum from European sources. Ptesculentoside has chemical reactivity simi-
lar to that of PT, and presumably biological activity is also similar to PT (Fletcher
etal. 2011). The presence of this additional reactive glycoside in Australian P. escu-
lentum implies greater toxicity for consuming animals than previously estimated
from PT content alone.

PT concentration has also been determined in 40 non-bracken fern samples
collected, primarily from the northern mountainous state of Uttarakhand, India
(Somvanshi et al. 2006). Of these, only O. contiguum contained high levels
(viz., 499 and 595 mg/kg) of PT on a dry matter basis in the two samples collected.
A few samples of Diplazium esculentum, Polystichum squarrosum, and D. juxta-
posita showed moderate levels (19 to 31 mg/kg), one sample of Christella dentata
had a very low level (0.4 mg/kg), but most samples lacked detectable PT. Samples
of O. contiguum were collected from high-altitude areas of the Himalayas (Chamoli
and Uttarkashi districts of Uttarakhand), where EBH is common. This fern was
reported to induce ileal, urinary bladder, and mammary tumors on experimental
feeding to guinea pigs (Dawra et al. 2001). In contrast, experimental feeding of
O. contiguum to rats did not induce mortality or malignancy (Rajasekaran and
Somvanshi 2001; Rajasekaran et al. 2004). The results of this study indicated that
non-bracken fern species may also contain high levels of PT, and thereby may
induce hazardous effects in animals, either alone or in combination with bracken
fern (Somvanshi et al. 2006).

Saito et al. (1989) reported the distribution of PT and PT-like compounds in
Pteridaceae as measured by chemical assay (thin layer chromatography; TLC)
and the modified Ames test. They observed the widespread occurrence of such
compounds in a variety of ferns, including Cheilanthes myriophylla, Cibotium
barometz, Dennstaedtia scabra, H. incisa, Pityrogramma calomelanos, P. cretica,
Pteris nipponica, Pteris oshimensis, Pteris tremula, and Pteris wallichiana.
Smith et al. (1989) analyzed PT in C. sieberi samples collected from New Zealand
and Australia using reversed-phase HPLC and indicated that this fern contained
PT and other potentially carcinogenic pterosin B precursors. Agnew and Lauren
(1991) also reported the presence of PT and related substances in the rock fern,
C. sieberi.
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Kumar et al. (2001) characterized the toxin from the fern C. farinosa and its
effect on lymphocyte proliferation and DNA fragmentation. The aqueous extract
of whole C. farinosa indicated the presence of PT or PT-like compound, with R,
values comparable to that of Pterosin B. HPLC analysis revealed the presence of
26.3 mg/kg PT. In vitro studies of the aqueous extract on lymphocyte culture
revealed a correlation between stimulative indices and concentration of aqueous
extract. Stimulation in lymphocyte proliferation was in the order of
bracken >cheilanthes >ConA>PT.

Rasmussen et al. (2008) sampled P. aquilinum from 275 sites in New Zealand for
estimation of PT levels. The fern was collected from both EBH-enzootic as well as
non-enzootic areas. Three surveys were carried out for the study. In a regional sur-
vey, a total of 62 bracken stands were sampled from King Country, Waikato, and
Coromandel regions of the North Island. In a farm survey, a sheep and cattle farm
was sampled from the King Country region that had a history of EBH, and where
high levels of PT had been encountered in earlier studies (Smith et al. 1988, 1992).
A total of 26 stands were sampled in the farm survey. A national survey was also
performed and included sampling nine areas from the North and South Islands,
where EBH had previously been reported. These areas were identified from previ-
ous studies (Kerrigan 1926; Smith and Beatson 1970), from animal health labora-
tory records, and/or from communications from veterinary practitioners or meat
veterinarians, and could only be defined broadly rather than confirmed to specific
problem farms. A total of 186 stands of bracken were sampled from different eco-
systems, including roadsides, fence lines, forests, bush, and grazed paddocks. The
samples contained widely varying concentrations of PT (63% were positive), rang-
ing from 280 to 13,300 (mean 3,800) pg/g (on a dry-wt basis). A high proportion of
samples from the regional and national surveys, covering large areas of the country,
contained no detectable levels of PT. The majority (61%) of samples from these two
surveys that contained PT were collected from areas where EBH was present. Of the
total samples, 42% contained PT from EBH endemic areas, compared with 6% from
non-enzootic areas.

Recently, Nagarajan et al. (2011) detected PT levels in certain ferns of Nainital
district, Uttarakhand state, and Nilgiris district, Tamil Nadu state in India. PT was
detected in samples of five species: P. cretica (1,382.9 ng/g), Asplenium dalhousiae
(807.9 ngl/g), Adiantum venustum (756.1 ng/g), Woodwardia unigemmata
(586.5 pgl/g), and Deparia japonica (281.8 ng/g) collected from Uttarakhand.
Similarly, the fern species P. revolutum (range 270.2-2,340.3, mean 1,189.0 ug/g),
Adiantum poiretii (2,320.1 pug/g), Doryopteris concolor (388.1 ug/g), and Pteris
confuse (362.3 ng/g), collected from Tamil Nadu, were also found to contain high
to moderate levels of PT. The mean value for PT content in different fern samples
collected was higher (661.83 pg/g) in the district of Nilgiris than in Nainital
(240.86 ng/g). For the first time, PT was detected at very high to moderate levels in
ten fern species A. dalhousiae (807.9 ug/g), A. venustum (756.1 ng/g), W. unigem-
mata (586.5 ug/g), Athyrium mackinoniorum (161.0 pg/g), Onchyium lucidum
(51.8 ngl/g), Cheilanthes dalhousiae (17.3 pg/g) from Nainital, Uttarakhand, and
A. poiretii (2,320.1 pg/g), D. concolor (388.1 pg/g), P. confuse (362.3 ng/g), and
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Pseudocyclosorus octhodes (63.3 ng/g) from Nilgiris, Tamil Nadu. The non-bracken
ferns from Tamil Nadu state contained higher PT content than did samples collected
in Uttarakhand state.

Bracken fern is a genotoxic carcinogen that exhibits organ specificity. It induces
esophageal, intestinal, and bladder tumors in cattle and rats. APT is considered to
be the ultimate carcinogen of bracken, with PT being its procarcinogen (Shahin
et al. 1999). It has been proposed that the activation of PT into a mutagen under
alkaline conditions may explain its organ specificity, since the pH in these organs is
relatively high compared to others (van der Hoeven et al. 1983). Tumors of the
esophagus, associated with a pH >8, specifically occur in cattle. In the rat, bracken
fern predominantly induces tumors of the terminal section of the ileum, which has
the highest pH in the intestine. PT may induce bladder cancer in cattle from the
alkalinity that prevails in herbivorous animals. Since human urine is generally below
pH 7, it has been proposed that bladder cancer from consuming bracken may be
unlikely (van der Hoeven et al. 1983). Under alkaline conditions, PT undergoes a
transformation involving the splitting off of the glucose moiety from the molecule
to form ptaquilosin, and then a further splitting off of a hydroxyl group to form an
illudane-dienone compound (APT) (Niwa et al. 1983; van der Hoeven et al. 1983;
Shahin et al. 1999). APT has a greater capacity to alkylate DNA than PT because of its
electrophilicity. PT has the ability to cross both lipid and hydrophilic barriers, because
its aglycone conjugate is soluble in chloroform, methylene chloride, acetonitrile, and
methanol, whereas the glucose fragment is water-soluble. It is thus conceivable that
PT may penetrate deep into tissues and cells and reach endoplasmic and nuclear
DNA, and thereby promote alkylation there (Alonso-Amelot and Avendano 2002).
Although APT is stable in mildly alkaline conditions, it is immediately converted to
pterosin B under weakly acidic conditions (Matsuoka et al. 1989).

It is known that alkylation of DNA bases at specific codons by certain chemicals
may initiate carcinogenesis (Barbacid 1986). Much attention has been devoted to
the chemical modification of proto-oncogenes. It is known that specific carcinogens
such as nitrosomethylurea and dimethylbenzanthracene activate H-ras oncogenes
by alkylating codons 12 or 61 (Jones et al. 1991). In the case of cattle under papil-
lomavirus stress and eating bracken fern over a long period of time, activation of
H-ras gene occurs in the upper alimentary canal. This activation ultimately pro-
duces esophageal carcinomas (Campo 1997; Campo et al. 1990) in the cattle and
urinary bladder malignancies in rats (Masui et al. 1991). H-ras gene encodes for a
GTP-binding protein, p21 and mutations interfere with its ability to regulate cell
proliferation. Reddy and Randerath (1987) fed bracken fern to calves and then ana-
lyzed tissues and blood to detect if DNA-PT alkylation adducts were present. After
being fed the bracken fern, platelets and neutrophils were depressed, which was
regarded to indicate that the calves had been acutely poisoned by the bracken fern
they consumed. The Pl-nuclease-enhanced *'P-postlabelling assay revealed that
PT-DNA alkylation occurred only at specific organs, i.e., the ileum and urinary
bladder, precisely those organs that are more prone to bracken-induced carcinogen-
esis in bovines (Reddy and Randerath 1987). Curiously, the hematopoietic system,
so deeply affected otherwise, did not show the presence of PT-DNA adducts.
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Fig. 4 The mechanism by which ptaquiloside induces carcinogenesis (Alonso-Amelot
and Avendano 2002)

The ileum and bladder are known to be alkaline and hence provide ideal conditions
for the transformation of PT to a strongly alkylating dienone (Fenwick 1988).

In addition, the H-ras gene showed an adenine to pyrimidine mutation on codon
61 that occurred quite rapidly, since adenine-PT alkylation at N3 occurred in 1 h
only as observed in in vitro experiments, although guanines were also alkylated at
N7 but at a much reduced pace (Reddy and Randerath 1987). Depurination and
DNA fragmentation, a consequence of PT action that DNA synthases find difficult
to repair, reached completion after only 22 h of incubation. It was inferred that PT
induction of carcinogenesis in the ruminant occurs by organ-specific conditions
(alkaline) for dienone formation, followed by early H-ras mutations (Shahin et al.
1998a), and that the true carcinogen is pteridine rather than PT (Shahin et al. 1998b).
Shahin et al. (1999) hypothesized that mutations may take place at other key proto-
oncogenes. Searches for PT-DNA adducts in the esophagus and stomach of humans
who consumed bracken ferns have been made, but such adducts have not yet been
found (Alonso-Amelot and Avendano 2002). In Fig. 4, we depict, in summary form,
the mechanism by which ptaquiloside induces carcinogenesis.

Relevant studies have been performed in laboratory animals too. Freitas et al.
(2001) reported that bracken-induced DNA adducts in mouse tissues are different
from the adducts induced by the APT dienone. When DNA from esophagus, stom-
ach, and ileum tissues was treated in vitro with dienone and analyzed by butanol
extraction or nuclease P1 treatment, only one adduct was detected by *?P-postlabeling.
This adduct was not present in the DNA from mice treated with bracken fern or



64 R. Sharma et al.

spores, suggesting that either bracken contains genotoxins other than PT or that the
metabolism of PT produces genotoxins that are not reflected by APT. However,
because the ATP-derived adduct has been detected previously in ileal DNA of
bracken-fed calves, species-specific differences in the metabolism of bracken
genotoxins may exist, thereby leading to differences in their biological outcomes.
The signs of bracken poisoning in other animal species such as horses, mules, pigs,
and rats have already been described by Dawra and Sharma (2001).

4.2 Bovine Papillomavirus

The bovine papillomaviruses (BPVs) are species-specific, double-stranded DNA
viruses and produce cutaneous and mucosal neoplastic lesions. They are small non-
enveloped viruses that possess an icosahedral capsid. Their open reading frames
(ORFs) are divided into early (E) and late (L) regions. The early region encodes the
nonstructural proteins E1 to E7, of which, ES, E6, and E7 are known to be oncopro-
teins. The late region encodes structural proteins L1 and L2, forming the capsid
(Brandt et al. 2008; Chambers et al. 2003; de Villiers et al. 2004). BPV-2 may
persist and may be maintained in a replicative status in the bloodstream, particularly
in the lymphocytes. There, it may act as a reservoir of viral infection that in the pres-
ence of biological and/or chemical cocarcinogens could induce or influence bladder
tumor development (Roperto et al. 2008). Evidence indicates that the malignant
progression of urinary bladder lesions is dependent on an interrelationship between
the BPV-2 infection and carcinogenic, mutagenic, and immunosuppressive com-
pounds that exist in the bracken fern (Wosiacki et al. 2006).

Immunosuppression by BPV was sufficient to produce premalignant lesions, but
it was the mutagens present in bracken that were responsible for their progression to
neoplasia (Borzacchiello et al. 2003b). Upon cancer development, BPV-2 appeared
to undergo significant changes, expressing the viral oncoprotein E5 and modifying
telomerase activity (Borzacchiello et al. 2003b). A similar synergism between pap-
illomavirus and bracken fern was also postulated to occur in bovine and human
gastrointestinal tumors, associating BPV-4 and quercetin, a mutagenic flavonoid
present in bracken fern (Carvalho et al. 2006).

In an attempt to better understand the biological role of circulating BPV-2 in
EBH, an investigation was performed in which the simultaneous presence of BPV-2
in whole blood and urinary bladder tumors of adult cattle was evaluated (Roperto
et al. 2008). Peripheral blood samples from 78 cattle, clinically suffering from EBH,
revealed circulating BPV-2 DNA in 61 of them and also in two blood samples from
healthy cows. Fifty of the affected animals were slaughtered at public slaughter-
houses, and neoplastic proliferations in the urinary bladder were detected in all of
them. BPV-2 DNA was amplified and sequenced in 78% of urinary bladder tumor
samples and in 38.9% of normal samples as a control. Circulating episomal BPV-2
DNA was detected in 78.2% of the blood samples. The simultaneous presence of
BPV-2 DNA in neoplastic bladder and blood samples was detected in 37 animals.
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Specific viral ES mRNA and ES oncoprotein were also detected in blood by RT-PCR
and western blot/immunocytochemistry, respectively. It is probable that BPV-2
persists and is maintained in an active status in the bloodstream, particularly in the
lymphocytes, as a reservoir of viral infection; then, in the presence of cocarcino-
gens, this entity causes urinary bladder tumors to develop (Roperto et al. 2008).

BPV-2 DNA and the expression of E5 and E7 oncoproteins in vascular tumors of
the urinary bladder in cattle were studied by Borzacchiello et al. (2007). EBH-
affected cattle developed urinary bladder tumors of both epithelial and mesenchymal
origin, mainly, hemangioma and hemangiosarcoma. The role of BPV-2, and of its
major transforming oncoprotein in naturally occurring urothelial carcinogenesis,
was clarified by Borzacchiello et al. (2003a). ES interacted in vivo as in in vitro with
the B receptor for the platelet-derived growth factor (PDGF). They showed that
BPV-2 is present in 100% of the vascular tumors of the urinary bladder examined.
Twenty-six out of 27 tumor samples (96%) expressed ES, whereas 20 out of 27
(74%) tumor samples expressed E7. The two viral oncoproteins were not expressed
in normal endothelial cells. Additionally, they co-localized in neoplastic endothelial
cells as demonstrated by confocal immunofluorescence. The PDGFp receptor was
also shown to be expressed and was co-localized with E5 in neoplastic blood vessels.
These results demonstrated that the BPV-2 is present in high percentage in tumors
of mesenchymal origin.

4.3 Interaction of Bracken Fern and Bovine Papillomavirus

Bracken fern has been reported to be carcinogenic when ingested by cattle or rats
(Campo et al. 1992; Santos et al. 1987, 1992). However, researcher opinions on this
are not unanimous, and reports of negative findings may be found. It has been docu-
mented that BPV-4 is one of the etiologic agents in alimentary tract carcinoma
(Pennie and Campo 1992), and BPV-2 DNA is found in 46% of natural bladder
cancers and in 69% of experimental bladder lesions (Campo et al. 1992) of animals
raised on bracken fern.

A strong relationship between BPV-2 and bracken fern in both experimental and
naturally occurring bovine bladder cancer was demonstrated by Campo and cowork-
ers in 1992 (Campo et al. 1992). Although the synergism between the virus and
bracken is still poorly understood, it is likely that BPV-2 infects the bladder mucosa
to produce an abortive latent infection, as no structural proteins or virions are found
in the urinary bladder mucosa (Borzacchiello et al. 2003b; Campo 2006). Chemical
carcinogens from bracken may cooperate with BPV-2 to induce neoplastic disease,
and it has been suggested that latent BPV is activated by bracken-induced immuno-
suppression, thus initiating progression to malignancy (Campo 1997).

Borzacchiello et al. (2003b) reported the association of BPV-4 and esophageal
papillomas of cattle feeding on bracken fern in southern Italy. Esophageal lesions,
i.e., single or multiple pedunculated proliferations or mucosal thickening were
observed in 147 (13%) of the 1,133 slaughter house cattle examined, aged 4—12
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years. BPV-4 was detected by PCR in more than 60% of the samples in which
esophageal papilloma was diagnosed histopathologically.

Few studies have been carried out on the interaction of BPV and bracken fern in
laboratory animals. Leishangthem et al. (2008) studied the pathological effects of
BPV-2 and fern (P. aquilinum (L) Kuhn and O. contiguum) interaction in hamsters
to evaluate early pathological changes. For tumor transmission studies in hamsters,
10% crude extract of cutaneous warts and urinary bladder tumor, were applied by
scarification on abdominal skin of hamsters after 15 days of fern feeding. Cutaneous
warts were successfully transmitted in hamsters approximately 3 months after
inoculation, whereas urinary bladder tumors of EBH cases were not transmitted,
even after 4 months (experimental trial duration). O. contiguum produced more
pronounced effects than did bracken fern, which effects were characterized by a
significant reduction in body weight and testicular atrophy. The authors suggested
that long-term studies were required to induce urinary bladder tumors in hamsters,
by feeding ferns followed by scarification of a rude extract of bladder tumors onto
abdominal skin of hamsters.

Balcos et al. (2008) collected 90 urinary bladders from slaughtered cows from
the hill-mountain area of Neamt County, Romania, wherein EBH was endemic.
BPV-2 DNA was detected by PCR analysis in 68% of the analyzed tumor samples.
BPV-2 positive urinary bladder tumors immunohistochemically expressed the major
viral oncoprotein E5 intracytoplasmically and possessed a typical juxtanuclear
pattern. E5 expression was not observed in normal mucosa, suggesting a causal role
for this protein in the neoplastic process.

Resendes et al. (2011) assessed the presence of BPV-2 by PCR and immunohis-
tochemistry for BPV E5 oncoprotein in urinary bladder lesions in cattle with EBH
from the Azores archipelago, Portugal. An incidence rate of 28% of BPV-2 DNA in
different types of tumors and cystitis cases (13 out of 46 samples) was recorded.
The viral antigen immunolabeling was mainly detected within the cytoplasm of
urothelial cells, displaying a juxtanuclear distribution.

5 Pathology

In a review of the bovine urothelial tumors and tumor-like lesions of the urinary
bladder, Roperto et al. (2010) suggested the creation of a bovine bladder tumor
classification system based on the 2004 WHO scheme (Epstein et al. 2004; Lopez-
Beltran and Montironi 2004). Bovine urothelial tumors usually occur in multiples.
Four distinct growth patterns of bovine urothelial tumors and tumor-like lesions are
recognized: flat, exophytic or papillary, endophytic, and invasive. Carcinoma in situ
(CIS) is the most common flat urothelial lesion, accounting for approximately 4%
of urothelial tumors. CIS is detected adjacent to papillary and invasive tumors in
80-90% of bovine urothelial tumor cases. Approximately 3% of papillary lesions
are papillomas, and approximately 5% are “papillary urothelial neoplasms of low
malignant potential.” Low-grade carcinoma is the most common urothelial tumor of
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cattle. High-grade carcinomas, and low- and high-grade invasive tumors, are less
commonly seen.

Cattle naturally affected with EBH in Uttarakhand, India, revealed reduced hemo-
gram, with low values of total erythrocyte count, hemoglobin, packed cell volume,
and total leucocyte count (Singh 2007). On necropsy, three small papillae in rumen
and multiple ecchymotic hemorrhages and papillaec were seen in mucosa of urinary
bladder in an EBH-affected cow. Histopathological evaluation revealed focal hyper-
plasia of rumen mucosa, and the urinary bladder tumor was diagnosed as transitional
cell adenocarcinoma. Cytogenetic analysis revealed no significant changes in chro-
mosome pattern of EBH-affected animal as compared to control (Singh 2007).

Carvalho et al. (2006) collected 433 urinary bladders with macroscopical lesions
from the slaughterhouse of Sao Miguel Island (Azores, Portugal), an endemic area,
wherein P. aquilinum infestation in pastures is high. Bladder lesions were divided
into three main categories (viz., inflammatory, nonneoplastic epithelial abnormali-
ties, and tumors). In some cases, neoplastic growth was localized to a single site, but
usually multiple tumors developed within the same bladder. Epithelial tumors alone
were present in 51.2% of the affected bladders, mesenchymal tumors alone in
17.4%, and both epithelial and mesenchymal tumors in the remaining 31.4%. The
large number of tumors examined (870) revealed new categories not yet included in
other veterinary classification systems, namely, inverted papilloma, papillary neo-
plasm of apparent low malignant potential, and hemangioendothelioma (Carvalho
et al. 2000).

Brun et al. (2008) reported lymphoepithelioma-like carcinoma of the urinary
bladder in a 7-year-old cow that had grazed pasture rich in bracken fern and had
suffered from severe intermittent hematuria from 3 to 4 years of age. On necropsy
examination there were multiple hemorrhagic foci scattered over the mucosal sur-
face of the urinary bladder. Microscopically there were nests, cords, and sheets of
neoplastic cells infiltrating the lamina propria and muscularis propria. These had a
syncytial appearance with ill-defined cytoplasmic borders, large nuclei, and promi-
nent nucleoli. There was a prominent associated inflammatory infiltrate comprising
lymphocytes and plasma cells with sparse histiocytes and granulocytes. BPV-2
DNA was successfully amplified from the frozen neoplastic tissue and from selected
areas of formalin-fixed, paraffin wax-embedded tissue obtained by laser capture
microdissection.

6 Experimental Animal Models

Among the experimental animals studied, guinea pig has been the most used model
for investigating fern-induced hematuria, urinary bladder cancer, and fern-induced
poisoning, similar to that observed in cattle (Ushijima et al. 1983; Yoshida and Saito
1994; Dawra and Sharma 2001). In Table 2, we summarize the work performed in
experimental animals by several workers who have conducted fern-feeding
studies.
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Santos et al. (1987) studied the effect of feeding P. aquilinum from Ouro Preto
(Minas Gerais, Brazil) in rats. Fifteen (6 female and 9 male) 45-day-old Wistar rats
were fed a diet containing dried bracken fern (5%, w/w) for 70 weeks. All experi-
mental animals showed gastrointestinal tract tumors, which were located mainly in
the ileum. Most tumors were malignant (adenocarcinomas and sarcomas), although
benign adenomas were also present. One animal developed a lymphoma and none
showed vesicle tumors (Table 2).

Smith et al. (1988) studied the carcinogenicity of P. esculentum in laboratory rats
in New Zealand. P. esculentum was collected from two sites. At site 1, EBH was
non-endemic, and at site 2 it was known to occur. The fern was dried, ground, and
incorporated (25% w/w) into a pelleted diet and was then fed to female rats for a
period of 162 days. Fifteen weeks later, when the rats were autopsied, numerous
tumors were found, mainly of the ileum and urinary bladder, and were present in the
animals fed the bracken fern collected from site 2. Neoplasms were found in 85%
of rats from the site 2 group and 11% from the site 1 group, whereas only a single
tumor (a hemangioma of the uterus) was observed in the controls. Analysis of the
fern and feed pellets (incorporated with fern) for PT showed much higher levels in
the plant material from site 2. PT levels from site 1 were 26 pg PT/g of dried fern
and 6.5 pg PT/g of feed pellets. Site 2 showed presence of 2,270 pg PT/g of dried
fern and 355 ng PT/g of feed pellets (Table 2).

Gerenutti et al. (1992) studied the effect of feeding bracken fern (P. aquilinum L.
Kuhn) on the development of female rats and on their offspring. When fed as 30% of
the normal diet ad libitum, no effect was noted on the weight gain of the female rats
during development. In addition, no effects at this dietary level were noted on the
estrus cycle or on milk production. However, intake of the fern at the dose of 30%
w/w, reduced female fertility and weight gain during pregnancy. It also adversely
affected physical and neurobehavioral development of the offspring (Table 2).

Bringuier et al. (1995) studied bracken fern-induced bladder tumors in guinea
pigs as a model for human neoplasia. The guinea pigs were fed a diet containing 25
or 30% dried bracken fern for 100 or 150 days. A high incidence of bladder tumors
occurred. All but one animal had preneoplastic or neoplastic lesions after 4 months
of exposure to the fern diet; after 1 year, 24 of 25 exposed animals had carcinomas.
The bladder tumors that developed were essentially pure transitional cell carcino-
mas, although areas of focal squamous metaplasia were observed in four cases.
Immunohistological detection of cytokeratins 10, 13, and 18 confirmed the transi-
tional nature of these tumors. Dysplasia and preneoplastic hyperplasia were seen
after 4 months of dietary exposure, and papillary carcinomas appeared after 6
months, whereas muscle-invasive carcinomas required 1 year of exposure. Thus, the
full spectrum of preneoplastic and neoplastic bladder lesions observed in humans
was reproduced in this model. Interestingly, when tumors were induced in older
guinea pigs, none progressed to a muscle-invasive stage. This phenomenon should
provide the opportunity to study the molecular mechanisms associated with these
two different growth patterns, a major issue in understanding human as well as
bovine bladder tumor progression (Table 2).
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Gounalan et al. (1999) studied the effect of P. aquilinum and D. juxtaposita ferns
in laboratory rabbits. The fern was included at a dose of 25% in concentrate ration
mixture. The exposed rabbits were affected and displayed progressive anemia, leu-
copenia, lymphopenia, and relative heterophilia. Significant elevations in serum
enzymes, like serum glutamate oxaloacetate transaminase, serum glutamate pyru-
vate transaminase, alkaline phosphatase, urea, and creatinine levels, were seen.
Histopathologically, rabbits revealed mild to moderate vascular changes in most vis-
ceral organs, vacuolar degenerative changes in hepatocytes, hypersecretory activity in
intestine, the presence of casts in renal tubules, and degenerative changes in renal tubu-
lar-lining epithelial cells. The authors observed that D. juxtaposita-fed rabbits showed
more severe degenerative and vascular changes than those to P. aquilinum.

In a long-term O. contiguum fern-feeding trial of 30 months on guinea pigs in
India, intestinal tumors were found in the ileal region of four animals, and preneo-
plastic lesions were observed in another four animals (Dawra et al. 2001). There
was thickening of the urinary bladder wall, edema, and ulceration, desquamation of
the epithelium, hemorrhages, nodular and papillary hypoplasia, and proliferation of
the venules in the exposed animals. In one animal, the changes advanced to the
metaplastic stage, and in another, they progressed to the neoplastic stage.
Microhematuria appeared in five animals, but did not develop to macrohematuria by
the end of the experiment. In one animal, mammary gland tumors developed (Dawra
et al. 2001).

Sivasankar and Somvanshi (2001) observed moderate mortality, decreased body
weight, less body fat, and splenomegaly in rats fed P. squarrosum (D. Don) at a dose
of 30% w/w for 6 months. On postmortem examination, other than splenomegaly no
significant gross lesions were seen in sacrificed animals. Histopathologically, P.
squarrosum-fed rats showed dilated Virchow-Robin’s space in brain, mild to mod-
erate vascular changes like edema, engorgement of blood vessels and hemorrhages
in most of the visceral organs, interstitial pneumonia in lungs, focal necrosis and
generalized vacuolative degenerative changes in liver, more hemosiderin deposi-
tion, and presence of a higher number of megakaryocytes in spleen. The kidneys
revealed shrunken glomeruli, increased periglomerular space, and more glomeruli
per microscopic field. Focal hyperplasia of urinary bladder was noticed. Testes
showed moderate to marked depletion of germinal epithelium and spermatids in semi-
niferous tubules. Pathologically, progressive changes were observed only in liver,
urinary bladder, and testes on 180 days post feeding (DPF). One fern-fed rat sacrificed
on 135 DPF showed a hepatic tumor that was diagnosed as hepatocellular carcinoma.
The results showed that P. squarrosum produced early preneoplastic lesions as has
been reported in bracken fern-fed animals (Sivasankar and Somvanshi 2001).

In an experimental study, bracken fern, P. aquilinum (collected from non-enzootic
area of Himachal Pradesh, India) was fed to guinea pigs for 30 months at the rate of
30% (w/w). Results were that the fern diet caused toxic and neoplastic changes in
urinary bladders of the exposed animals (Dawra et al. 2002). Grossly, urinary
bladder congestion, edema, and hemorrhages to a varying extent were observed in
exposed animals. Histopathologically, the animals (n=3) that died between 0 and
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16 months of exposure did not show any change in the intestinal mucosa. But in
these animals, mild to severe congestion, along with edema and hemorrhages, were
observed in the lamina propria of urinary bladder. The urothelium revealed areas of
desquamation and mild proliferation. With one exception, the animals (n=>5) that
died between 17 and 30 months did not show any changes in the intestines; one
animal displayed proliferative changes in the caecum. Changes in urinary bladder
were similar to those described for the animals that died between 0 and 16 months.
The urinary bladder of one animal revealed an irreversible type of hyperplastic
urothelium. Animals (n=8) that died, or were sacrificed between 31 and 54 months,
showed changes to both intestine and urinary bladder (Dawra et al. 2002). In three
animals, proliferative changes were observed in the epithelial mucosal lining of the
intestine. One animal revealed proliferative changes in the ileal-, and cecal-mucosal
epithelial lining. Squamous metaplasia of the ileal lining cells was observed in a
third animal. Proliferation of goblet cells and congestion in lamina propria, along
with inflammatory cell infiltration, were observed in most animals. Three animals
revealed malignant transformation in the epithelial lining of the bladder mucosa;
this was in the form of adenocarcinoma in two animals and transitional cell carci-
noma in one animal. The animal with transitional cell carcinoma revealed severe
proliferation of transitional epithelium in the form of sheets, and the growth was
infiltrated in the lamina propria. The urothelium of control animals did not reveal
any histological changes. During the exposure period, screening of urine samples
showed microhematuria in one animal. Three more animals developed hematuria
between 31 and 54 months (Dawra et al. 2002) (Table 2).

Gangwar (2004) did not observe any pathological effects of D. esculentum, Retz.
in laboratory rats and guinea pigs, after being fed the fern in feed for 30 days at a
dose of 30% w/w. The animals were observed for another 30 days after the fern was
discontinued from the diet, and no effects were seen. Ravisankar (2004) studied the
long-term pathological effects of bracken fern (P. aquilinum) in laboratory rats and
in hill cattle. This author reported that feeding bracken fern to rats for 18 months
caused clinicopathological changes similar to those observed in cows fed these
ferns for 60 months. Prolonged feeding of bracken fern, in which low levels of PT
existed, failed to induce neoplasia in either species. However, such feeding pro-
duced molecular, subcellular and cellular alternations, and preneoplastic lesions.
Behavioral and pathological effects (Ravisankar et al. 2005) were observed in rats
fed a crude extract of bracken fern for 6 months. After these animals were observed
for an additional period of 2 months, they displayed lowered neural activities
exhibited by dullness, lack of feeding, opisthotonus, tremors in hindlimbs, reduced
number of ambulations, and occasional spastic paralysis of hindlimbs at various
periods during the experiment. A significant decrease in body weight and an increase
in brain weight were observed. Histopathological lesions involving engorged blood
vessels were seen, along with thickened vessel walls, hemorrhages in meninges and
stroma, and occasional glial cell proliferation in the brain; these and other clinical
observations were suggestive of neurotoxic effects induced from dietary exposure to
bracken fern. It was concluded that the neurotoxic effects of the crude-extract
drenched groups of rats may have been caused by the presence of thiaminase enzyme
in bracken fern (Table 2).
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PT-induced, B-cell lymphoproliferative, and early-stage urothelial lesions in
mice were recently studied by Costa et al. (2011). A total of 12 male CD-1 mice
were intraperitoneally administered PT at a dose of 0.5 mg weekly for 15 weeks,
and the animals were then observed for another 15 weeks after treatment ceased.
The 12 animals used as controls were administered only the vehicle solution (phos-
phate buffered saline). All ten surviving mice developed a lymphoproliferative
malignancy. Two mice died during the course of the experiment. The observed lym-
phoproliferative disease that was induced was characterized by multifocal B-(CD45p/
CD3)-lymphocytic renal (10/10 animals) and hepatic (2/10 animals) invasion,
splenic white pulp hyperplasia (10/10), together with a significant increase in circu-
lating B-(CD19p)-lymphocytes and the appearance of circulating dysplastic lym-
phoid cells. Eight of ten PT-exposed animals developed urothelial dysplasia (six
low-grade dysplasia and two high-grade dysplasia). No lesions were detected in
control mice. These results showed that PT was capable of inducing malignant
transformations in mice, and the study provided an in-depth characterization of the
nature of the lymphoproliferative lesions that formed. The occurrence of urinary
bladder preneoplastic lesions (low- and high-grade zonal urothelial dysplasia) in
eight out of ten mice is a new finding in this species.

Farajzadeh et al. (2011) evaluated the chronic toxicity in rats of the fern Pteris
aquilina that was harvested in northern Iran. Thirty native Wistar female rats, 60
days old, were segmented into groups that received either one of four treatments,
and one was reserved as a control group. Groups 1-3 were, respectively, treated
with fern at a dose of 5, 10, and 15%. The fourth animal group was fed 15% of their
diet as P. aquilina, but the diet was admixed with vitamin B12 at a 2 mg/kg dietary
dose rate. The control group of six animals served as a negative control and was fed
normal rat chow. The experimental animals were sacrificed after 1 month when they
demonstrated signs of poor health. After sacrifice, the animals were examined for
gross lesions, particularly in the brain. The appearance of histologic changes in the
brain was regarded to suggest that the experiment had produced lesions comparable
to those that occurred naturally in bovine encephalomalacia. Such lesions included
severe hemorrhages and vacuoles of various sizes in cerebrum, cerebellum, and
brain stem. Necrosis (malacia) with gitter cell reaction was evident. The incidence
of brain lesions was significantly greater in groups that received the 15% diet of
P. aquilina without thiamine supplement. These results provided further evidence
for the presence of an antithiamine substance in P. aquilina and led to the conclu-
sion that P. aquilina itself is responsible for the induced rat-brain lesions (Table 2).

7 Effects on Human Health

7.1 Ptaquiloside in the Human Food Chain

An association between bracken consumption and cancer in humans has been previ-
ously demonstrated (Alonso-Amelot et al. 1998). The main routes of exposure
include ingesting bracken crosiers, drinking PT-contaminated milk or water, and
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Fig. 5 Ptaquiloside: points
of entry into the human food
chain
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inhaling air that contains bracken spores (Fig. 5). Such exposures may lead to an
increased incidence of gastric and esophageal cancer in humans. It has been found
that approximately 9% of PT in bracken fern consumed by cows is transferred to the
cow’s milk (Hirono et al. 1972; Alonso-Amelot 1997; Marliere et al. 2000; Alonso-
Amelot and Avendano 2002). Moreover, PT is transferred from bracken vegetation
to the underlying soil, where it may leach to adjoining soil and ground water and
thereby contaminate drinking water (Rasmussen et al. 2003a, b). The leaching of
PT to the aqueous environment occurs most extensively in sandy soils that have a
pH >4 and those that are low in organic matter content (Rasmussen et al. 2005).

Rasmussen et al. (2005) analyzed for PT concentrations in two wells that were
located near infestations of bracken and respectively found levels of 30 and 45 mg/L
in the water. This author also found PT levels up to 7 mg/L in the soil solution in
samples taken 90 cm beneath a bracken stand. In a study by Siman et al. (2000),
extracts from spores of different ferns, including P. aquilinum, were assessed for
producing DNA damage. They found that P. aquilinum produced the maximum
damage to the DNA. However, it is not yet known whether such damage will lead to
tumor development. The concentration in air of spores over a sporulating population
of bracken ferns may reach 800 spores/L. At this air concentration, the average
human would inhale 50,000 spores during an exposure period of 10 min. In some
countries, bracken is used as food and is sometimes ingested on a daily basis.
Usually, bracken is boiled in water that contains wood ash or sodium bicarbonate
before being consumed. Marliere et al. (2002) and Hirayama (1979) demonstrated
that, for people in Brazil and Japan who consume bracken daily, the frequency of
esophageal and gastric cancer is 5.5 and 8.1 times higher than nearby populations who
do not eat bracken. In other studies, it has been revealed that people who live for more
than 20 years (and are exposed during childhood) in areas that have the mere presence
of bracken fern face a greater risk (3.6-fold increase) of death from gastric adenocar-
cinoma (Alonso-Amelot and Avendano 2002; Schmidt et al. 2005).

Fletcher et al. (2011) detected the residues of norsesquiterpene glycosides in the
tissues of cattle fed Austral bracken (P. esculentum). Calves were fed a diet contain-
ing 19% P. esculentum that delivered 1.8 mg of PT and 4.0 mg of ptesculentoside/kg
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body wt/day to explore the carcass residue potential of these compounds.
Concentrations of PT and ptesculentoside in the liver, kidney, skeletal muscle, heart,
and blood of these calves were determined by HPLC-UV analysis of their respec-
tive elimination products, pterosin B and pterosin G. Plasma concentrations of up to
0.97 pg/mL PT and 1.30 pg/mL ptesculentoside were found but were shown to
deplete to <10% of these values within 24 h of bracken consumption. Both glyco-
sides were also detected in all tissues assayed, with ptesculentoside appearing to be
more residual than PT. Up to 0.42 and 0.32 pg/g of ptesculentoside was present in
skeletal muscle and liver, respectively, 15 days after bracken consumption ended.
This level of residual glycosides in tissues of cattle feeding on Austral bracken
raises health concerns for consumers and warrants further investigation. The path-
way flow by which fern PT may enter the human food chain is depicted in Fig. 6.

7.2  Effect of Ptaquiloside on Soil, and Surface,
and Ground Water

Rasmussen (2003) explored the possibility of PT being an environmental hazard by
monitoring the occurrence of PT in terrestrial ecosystems and investigating PT sta-
bility and mobility in soils of Denmark. PT is leached from bracken field stands to
the soil environment (Rasmussen et al. 2003b), where the compound is highly
water-soluble and shows little sorption to soil particles (Rasmussen et al. 2005).
Rasmussen et al. (2005) originally reported that mildly acidic to neutral sandy
soils would be the most prone to PT leaching. However, Ovesen et al. (2008) now
report that clayey soils cannot be exempt from posing a risk because there is an
apparent stabilizing effect of clay that retards PT degradation. Moreover, the
presence of macropores in clay could substantially reduce residence times, and PT
is also subject to leaching in clayey soils. Degradation is retarded by low tempera-
tures and low organic matter content (Rasmussen et al. 2005), and it is more rapid
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for acid (pH <4) sandy soils, although this decreases with reduced organic matter
content (Rasmussen et al. 2005). Organic matter plays an important role in binding
of PT to the soil. Although PT has a relatively low sorption coefficient, the presence
of organic matter reduces PT mobility and enhances degradation, which limits
amounts that may reach water sources.

Rasmussen et al. (2003b) carried out a study to identify environmental parameters
that correlate with the PT content in fronds, and to quantify the amount of PT in the
soil environment. The content of PT in bracken fronds and topsoil materials was
quantified in Danish Bracken stands to evaluate the possibility for predicting poten-
tial hot spots of potential PT leaching and to gain insight on factors causing produc-
tion and leaching of PT. The content of PT in the fronds ranged from 110 to
3,800 ng/g of bracken, with a median content of 555 pg/g. The potential PT load
related to the amount of PT found in the standing biomass at the end of the growing
season. This is the amount of PT that will be transferred to the litter layer and sub-
sequently become a part of the soil O-horizons, when the fronds die and degrade
after the first October frost. The potential PT load was measured at different sites,
and the levels found ranged between 10 and 260 mg/m? (frond density —number of
fronds per m?), with nine of the sites having potential loads exceeding 100 mg/m?.

Jensen et al. (2008) developed a sensitive detection method to analyze for PT
and its transformation product pterosin B in soil and ground water, by using liquid
chromatography—tandem mass spectrometry (LC-MS/MS). Detection limits for the
analyses were 0.19 pg/L (ptaquiloside) and 0.15 pg/L (pterosin B), which are 300—
650 times more sensitive than for previously published LC-UV methods.

Rasmussen et al. (2003a) studied the distribution of PT in four Danish bracken
populations to evaluate the degree to which PT is transferred from ferns to soil.
Results were that populations showed statistically significant differences in PT con-
tent of their fronds and rhizomes. The highest concentrations were encountered in
fronds, in which concentrations ranged from 213 to 2,145 pg/g; rhizomes had con-
centrations ranging between 11 and 902 pg/g. PT levels in soil were 0.22-8.49 ug/g
but apparently bore no correlation with the PT concentration of fronds or rhizomes.
Although the PT content in the Oi horizons (litter layer) could have been derived
from the soil material itself, since most of the soil was composed of partly mineral-
ized bracken fronds from previous years, this was unlikely, because PT is unstable
and hydrolyzes at the low pH of the Oi horizons (Saito et al. 1989). Analysis showed
that water could leach PT from bracken fronds, which result supports the high PT
content in soil at sites exposed to heavy showers just before sampling. The observed
soil content corresponded to estimated soil solution concentrations of 200-
8,500 pg/L, demonstrating a substantial risk of PT contamination of surface and
ground water. The high potential PT concentrations in pinnae drips and in soil water
emphasize that soil and water contamination by PT is likely to occur and should be
considered when investigating the potential link between human gastric cancer and
bracken exposure.

Leaching of PT from soils is expected to increase in slightly acidic and neutral
soils, where the degradation of PT occurs only slowly (Rasmussen et al. 2003a, b,
2005). In addition, low humic matter and clay content favor the mobility of PT
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(Rasmussen et al. 2005). Schmidt et al. (2005) found that PT is toxic to soil
microorganisms, which may lead to a slower biodegradation of the compound by
these microbes. In this same study, a reduction of the actively respiring microbial
population occurred as PT exposure increased in a Danish agricultural soil (calcare-
ous loamy Mollisol). Subsequently, Engel et al. (2007) studied both the degradation
and toxicity of PT in weakly acidic Danish and New Zealand soils that underlaid
natural bracken stands. Non-sterile and sterile Danish soils from the A, E, B, and C
horizons were spiked with pure PTA at a level of 25 nug/g. The specific aims were to
evaluate the importance of microbial activity for degrading PT and to investigate the
toxicity of PT to microbial communities in bracken-impacted soils. PT contents of
2.1+0.5 mg/g and 37.0+8.7 mg/g tissue were measured in bracken fronds from
Denmark and New Zealand, respectively. PT levels in the two soils were similar
(0-5 pg/g soil); a decrease with depth was discerned in the deeper B and C horizons
of the Danish soil (weak acid sandy Spodosol), but not in the New Zealand soil
(weak acid loamy Entisol). In the Danish soil, PT turnover was predominantly due to
microbial degradation (biodegradation); chemical hydrolysis was occurring mainly
in the uppermost A horizon, wherein the pH was very low (3.4). Microbial activity
(basal respiration) and growth ([*H] leucine incorporation assay) increased after PT
exposure, indicating that the bracken toxin served as a carbon substrate for the organ-
otrophic microorganisms. In contrast, PT apparently had no affect on microbe
community size, when the measures used were substrate-induced respiration or com-
position. This demonstrated that PT stimulated microbial activity and that microor-
ganisms play a predominant role in rapidly degrading PT in bracken-impacted soils
(Engel et al. 2007).

PT leaches from plants, then to and through the soil into water channels (Rasmussen
etal. 2003b). Therefore, it is necessary to assess PT toxicity in soil and water. Schmidt
et al. (2005) performed a study in which they measured the inhibition of soil respira-
tion and genotoxic activity of PT. To perform their work, the authors used a soil
microbial carbon transformation test and an umu test. In the carbon transformation
test, sandy loam soil was incubated at five different initial PT concentrations for a
period of 28 days, after which glucose was added and respiration measured for 12
consecutive hours. The tests were performed at 20°C and at a soil moisture content
of approximately 15%. For soil material sampled in the autumn, initial PT concentra-
tions were tested that ranged from 0.008 to 40.6 mg PT/g dry soil. From fitting the
resulting data to a sigmoidal function, a 10% effect dose (ED, ) was estimated to be
13 mg PT/g soil dwt, with an upper 95% confidence limit of 43 mg PT/g soil dwt,
and a 95% lower confidence limit of 2 mg PT/g soil dwt. For soil material sampled
in late winter, the initial PT concentrations tested ranged from 1.56 to 212 mg PT/g
soil dwt; test results produced an ED  value of 55 mg PT/g soil dwt, with an upper
95% confidence limit of 70 mg PT/g soil dwt, and a 95% lower confidence limit of
40 mg PT/g soil dwt.

The genotoxic activity of PT was determined by using the umu test, both without
and with metabolic activation (addition of S9 rat liver homogenate, Commercial
liver S9 fraction from Aroclor 1254) (Schmidt et al. 2005). In tests with the addition
of S9, the induction ratio exceeded the critical ratio of 1.5 at a PT concentration of
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46+ 16 mg/mL, and, in tests without S9, the critical ratio was exceeded at a PT
concentration of 279+22 mg/mL. The genotoxicity of PT is comparable to that of
quercetin, another bracken constituent. The toxicity of PT toward microorganisms
prolongs the persistence of PT in terrestrial environments, increasing the risk of PT
leaching to drainage and ground water. Both genotoxicity and inhibition of soil
respiration by PT was observed. PT was genotoxic in concentrations of about 46 mg/
mL at pH 7.4, without prior alkaline preactivation. Addition of S9 decreased the
genotoxic activity of PT by at least a factor of 4, which indicates that PT can be
detoxicated partly by the proteins and enzymes present in S9. Effects on microbial
processes were evident in the two carbon transformation tests. Two independent
estimates of ED,, of 13 and 55 mg PT/g soil dwt were made for the same soil, but
sampled at two different times; results of the two estimates were not significantly
different. These effects may lead to slow degradation of PT in soil environments.
Poor degradation, together with high hydrophilicity and poor sorption of PT to soil,
leaves a risk of PT leaching to the aqueous environment, thus causing contamina-
tion of surface and ground water.

The kinetics of PT degradation was subsequently studied in the aqueous environ-
ment by Ayala-Luis et al. (2006). The kinetics of PT hydrolysis was examined at
22°C in aqueous buffered solutions (pH 2.88-8.93). The resulting reaction followed
first-order kinetics, with respect to PT under all pH and temperature conditions.
At pHs lower than 4.43 (+0.32), the reaction was acid-mediated, whereas the reac-
tion was base-mediated at pHs higher than 6.39 (+0.28). The rate constants for the
acid-catalyzed, base-catalyzed, and neutral hydrolysis were 25.70 (+£0.96), 4.83
(20.03) x 10%, and 9.49 (£6.02) x 10%/h, respectively. The PT hydrolysis at pH 4.46 is
strongly dependent on temperature and has an activation energy of 74.4 (+2.6) kJ/mol.
Stoichiometric calculations, reaction kinetics, and ultraviolet—visible spectropho-
tometry strongly indicated the formation of an intermediary compound at pH 5.07
and 6.07, via a mechanism comprising two first-order consecutive reactions. PT has
the lowest rate of hydrolysis at slightly acidic pH and low temperatures. Therefore,
because PT is not materially sorbed onto soil, slightly acidic sandy soils in cold
climates are most prone to the leaching of PT to deeper soil layers and aquifers.

Ovesen et al. (2008) quantified the degradation rates of PT in a laboratory at
10°C, in soil and soil solutions in sandy and clayey soils that were subjected to high
natural PT loads from adjacent bracken stands. Degradation kinetics in moist soil
could be fitted to indices of both the sum of a fast and a slow first-order reaction; the
fast reaction contributed 20 to 50% to the total degradation of PT. The fast reaction
was similar in all horizons, and the rate constant k (1F) ranged between 0.23 and
1.5/h. The slow degradation had the rate constant k (1S) and ranged between 0.00067
and 0.029/h. The latter was more than twice as fast in topsoils compared to subsoils,
which is attributable to higher microbial activity in topsoils. Experiments with ster-
ile controls confirmed that nonmicrobial degradation processes constituted more
than 90% of the fast degradation and 50% of the slow degradation. The lower non-
microbial degradation rate observed in the clayey compared with the sandy soil is
attributed to a stabilizing effect of PT by clay silicates. PT appeared to be stable in
all soil solutions, in which no degradation was observed within a period of 28 days.
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This was in strong contrast to previous studies of hydrolysis rates performed in
artificial aqueous electrolytes. In the present study, Ovesen et al. (2008) predicted
that the risk of PT leaching is controlled mainly by the residence time of pore water
in soil, soil microbial activity, and content of organic matter and clay silicates.

8 Diagnosis

Dawra and Sharma (2001) described the conventional diagnostic methods that have
been used. The newer diagnostic tests include gene mutation detection, immunohis-
tochemical detection of tumor biomarkers, chromosomal aberrations, oxidative
stress for EBH, and, PCR, real-time PCR and DNase-SISPA (sequence-independent
single primer amplification) for BPVs.

8.1 Gene Mutations

One or more molecular biomarkers are needed to detect the carcinogenicity of
bracken fern in animals. The most frequently detected alterations to oncogenes, in
both animal and tumor model systems of human cancers, are mutations in the ras
family of oncogenes (H-ras, K-ras, and N-ras) (Brown et al. 1990; Hoffmann et al.
1993; Krontridis et al. 1993). The ras gene family codes for proteins of 21 kDa
(p21), which are found in the cytoplasm and are associated with the inner surface of
the plasma membrane. The normal function of the p21 proteins is to interact with
tyrosine kinase receptors to activate a signal transduction pathway. Therefore, all of
the ras gene products have GTPase activity, and regulate cell growth and differen-
tiation. The mutated ras p21 has a structure that hinders its ability to bind to the
GTPase activating protein (GAP), thus keeping p21 in the GTP-bound activated
state. Most of these mutations are point mutations in codon 12, 13, or 61, which
convert the ras gene to a transforming oncogene (Bos 1989). Mutation screening in
the ras genes may be a useful marker for the early detection of bladder cancer.
However, the incidence of ras gene activation in cancers varies greatly. Tissue and
organ specificities of ras gene activation in humans have been reported, both with
respect to mutated codon and type of ras gene (Balmain and Brown 1988). In several
tumor types, a mutant gene is only occasionally found, and in a number of tumor
types, no mutated gene has thus far been identified (Przybojewska et al. 2000).
Several studies have been carried out on the genetic mutations associated with
human bladder cancer.

Mutations of the p53 gene are the most frequent somatic genetic abnormalities
detected in human malignant disease, and tend to be more common in urinary blad-
der cancer (Hainaut and Hollstein 2000; Dalbagni et al. 2001). The p53 gene encodes
a 53 kDa transcription factor with a critical role in DNA repair and apoptosis. Most of
the p53 mutations are clustered in the evolutionarily highly conserved and functionally
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important exons 5-8 of the gene (Olivier et al. 2002). The mutated p53 protein has
a much longer half-life than the wild-type p53, thus allowing its detection by immu-
nohistochemistry. It has been shown in humans that p53 mutations are found mainly
in high-grade and invasive bladder tumors, constituting about 35-72% of muscle-
invasive bladder tumors (Prescott et al. 2001; Hartmann et al. 2002; Lu et al. 2002).
Moreover, most p53 alterations are missense point mutations, which are clustered
(80%) in the important exons 5—8 of the gene (Olivier et al. 2002). Recent studies
indicated that the detection of a p53 mutation, loss of heterozygosity (LOH) analy-
sis, and overexpression of the p53 protein provide valuable information regarding
the prognosis and responsiveness to therapy of human urinary bladder carcinoma
(Shigyo et al. 2001; Smith et al. 2003). Thus, detection of any mutations in the ras
and p53 genes in bracken fern-induced carcinogenesis will help to better understand
the mechanism involved in carcinogenesis.

However, limited studies have been done on bracken fern-induced tumor in animals.
Prakash et al. (1996) reported evidence of PT-DNA adducts and mutations at codon
61 of the H-ras gene in ileal epithelial cells of bracken fern-fed calves up to 28 days
after bracken feeding had started. A transition in codon 12 and a transversion in
codon 61 of this gene (Krengel et al. 1990) induced loss of GTPase activity of the
proto-oncogene product, p21 protein, which led to an uncontrolled cell cycle and
to tumorigenesis. There was early activation of the H-ras oncogene in rats from PT
carcinogenesis (Shahin et al. 1998b). Subsequently, Sardon et al. (2005) conducted
H-ras molecular analysis to detect mutations in the urinary bladders of naturally
EBH-affected cattle in Spain. A silent mutation in exon 2 (D38D) of H-ras was
detected in one animal afflicted with a mixed bladder tumor. A further polymor-
phism was also present in intron I (nt 1127), although there was no congruence
between urinary bladder phenotypes. No mutations were found in codons 12, 59, or
61, but this does not exclude the presence of polymorphisms in other regions of the
gene (promoter or regulation sequences) or in other genes (belonging or not to the
ras family) that significantly affect the H-ras protein. However, Freitas et al. (2002),
in a study on bracken fern-induced malignant tumors in the rat model, could not
detect any mutations in p53, H-ras, and K-ras genes in an experimental trial con-
ducted over for periods up to 24 months.

8.2 Immunohistochemical Expression of Tumor Biomarkers

Ki-67, a nuclear antigen, is chiefly associated with cell cycle events and is consid-
ered to be a specific and important marker for cell proliferation. Ki-67 normally
increases in stages and grades of various tumors as infiltration depth increases (Liu
et al. 2005). Cytokeratin 7 (CK 7) and cytokeratin 20 (CK 20) expressions are gen-
erally restricted to epithelia and bladder neoplasms. Ki-67, CK 7, and CK 20 have
been used to diagnose an infiltrating type of transitional cell carcinoma of urinary
bladder in buffalo (Deshmukh et al. 2010). The expression of these marker proteins
in tissue samples increases sensitivity and discriminatory power of differential
diagnosis and helps to correlate with pathologic features.
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Sardon et al. (2005) examined the urinary bladders of natural EBH-affected cattle
in Spain by employing H-ras immunohistochemistry. In a macroscopical and histo-
logical study of urinary bladder lesions found at a slaughterhouse, an incidence of
chronic cystitis (34.1%) and tumors (2.4%) was revealed. In this study, the immuno-
histochemical expression was significantly increased of H-ras (P<0.05) in chronic
cystitis (H-ras=53.24%) and bladder tumors (H-ras=63.60%), compared with nor-
mal urinary bladders (H-ras=4.32%). A silent mutation in exon 2 was detected in one
animal with a mixed bladder tumor. No mutations were found in codons 12, 59, or 61.
The immunohistochemical expression of H-ras indicated aberrant accumulation of
the protein that was caused by mechanisms other than mutations in codons 12, 59, and
61 of the H-ras gene. It seemed that elevated H-ras immunoexpression in the
inflammatory lesions and tumors indicated protein accumulation related to preneo-
plastic or neoplastic metabolic changes. The absence of mutations in the H-ras codons
studied does not exclude the presence of polymorphisms in other regions of the gene
(promoter or regulation sequences), or in other genes (belonging or not to the ras fam-
ily) that significantly affect the H-ras protein. Therefore, it is necessary to analyze
those sequences precisely. H-ras immunohistochemistry may, therefore, be valuable
in identifying both early and later stages of the disease, and if employed may help
avoid human exposure to bracken fern carcinogens.

Expression of factor VIII-related antigen (FVIIIra), CD31, muscle-specific actin,
uroplakin IIT (UPIII), and the cell cycle-related proteins cyclin D1 and p53 has been
evaluated in hemangiomas, hemangioendotheliomas, and hemangiosarcomas in 26
natural EBH-affected cows in Portugal. Fifty-six endothelial-derived urinary bladder
tumor samples were collected from 26 animals afflicted with EBH. Although CD31
expression was seen in all endothelial tumors tested, FVIIIra was not expressed in
poorly differentiated endothelial tumor cells taken from solid areas or in seven
muscle-invasive hemangiosarcomas. Cyclin D1 overexpression was seen in 53% of
hemangiomas, 82% of hemangioendotheliomas, and 95% of hemangiosarcomas. P53
immunoreactivity was only seen in muscle-invasive hemangiosarcomas. The UPIII
staining pattern, normally very intense on the apical aspect and cytoplasm of superficial
urothelial cells, was altered in the urothelium in an estimated 25% of hemangiomas
and in most hemangioendotheliomas and hemangiosarcomas. It was concluded that
CD31 is a better marker than FVIIIra for characterizing bovine endothelial tumors.
The cell cycle regulatory pathways involving cyclin D1 and p53 seem to be impaired
in endothelial urinary bladder tumors, when p53 immunoreactivity positively
correlates with enhanced invasion (Carvalho et al. 2009).

8.3 Chromosomal Aberrations

Chromosomal aberrations, especially chromatid breaks, are also known to occur in
human urinary bladder cancer (Bryant et al. 2004). There is little information on
chromosomal instability in cattle that have access to bracken fern and suffer from
EBH. Lioi et al. (2004) observed an increase in the number of structural chromo-
somal aberrations in 56 cattle with EBH that were raised on pastures in which they
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had bracken fern access. In this study, the highest clastogenic effect was observed in
cattle that had urinary bladder cancer (27 animals). Subsequently, Peretti et al.
(2007) investigated chromosomal aberrations (aneuploidy, gaps, chromatid breaks,
chromosome breaks, and fragments) and sister chromatid exchanges (SCEs) in 45
cattle, aged 7—12 years, that were pastured in the south of Italy. Of these animals, 30
had access to bracken fern and showed signs of EBH, whereas 15 (control) did not.
The percentage of abnormal cells (aneuploidy, chromatid breaks, chromosome
breaks, and fragments) was higher in animals affected by EBH (34.7%) than in the
control group (24.3%). The same results were achieved when gaps were included.
Cytogenetic analysis revealed pronounced chromosome fragility in cells of animals
affected by EBH, since a significantly higher (P<0.001) frequency of abnormal
cells without gaps was detected in animals affected by EBH than in controls. After
gaps, aneuploidy was the most common abnormality found in the animals, followed
by chromatid breaks, chromosome breaks, and fragments (Peretti et al. 2007).
In contrast to the earlier studies, cytogenetic analysis of natural EBH-affected ani-
mals in Uttar Pradesh, India, did not reveal any significant changes in chromosome
pattern, as compared to controls (Singh 2007).

8.4 Oxidative Stress

Limited studies on oxidative stress from consuming bracken fern have been carried
out in animals. The status of lipid peroxidation, glutathione, glutathione peroxidase,
glutathione reductase, glutathione-S-transferase, superoxide dismutase, catalase,
ascorbic acid, and a-tocopherol were studied in the urinary bladder of guinea pigs
exposed to carcinogenic fern O. contiguum (Sood et al. 2003). There was a significant
increase in the preformed lipid peroxides in the urinary bladders from fern-exposed
animals. The concentrations of glutathione and a-tocopherol and the activities of
glutathione reductase and catalase were elevated in the urinary bladders of the ani-
mals exposed to the fern. No effect was observed on the concentration of ascorbic
acid and the activities of glutathione peroxidase, glutathione-S-transferase, and
superoxide dismutase. It was concluded that the fern toxins increased oxidative
stress in the urinary bladder, and antioxidant status was altered. However, the altered
antioxidant status did not provide protection from the toxin-induced injury.
Leishangthem (2006) performed a study on P. aquilinum (L) Kuhn and on the
O. contiguum ferns-bovine papillomavirus and their interaction in Golden ham-
sters. Results were, after 4 months of exposure, increased glutathione-S-transferase
activity in brain, liver, kidneys, ileum, and skin.

8.5 Ultrasonography

Ultrasonography (USG) has been used as a complementary diagnostic aid to evaluate
bladder wall thickness and the presence of space-occupying lesions, in cases of
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natural and experimental EBH-associated urinary bladder tumors. In addition, USG
can be utilized to detect preclinical cases of EBH and to diagnose early experimen-
tal fern-induced urinary bladder tumors, where hematuria has not developed
(Hoque et al. 2002).

8.6 Polymerase Chain Reaction for Bovine Papillomavirus

It is not easy to demonstrate BPV-2 in the etiology of bovine urinary bladder carci-
noma by conventional virological methods, such as virus isolation in cell culture.
Therefore, the integrity of epidemiological studies relies on methods that are sensi-
tive and specific for BPV-2 detection and typing. Moreover, PCR and multiplex
PCR, seminested PCR have also been used to increase the results specificity. Nested
PCR refers to a pair of PCRs run in series, each with a pair of primers flanking the
same sequence. The first PCR amplifies a sequence as seen in any PCR experiment.
The second pair of primers (nested primers) for the second PCR bind within the first
PCR product and produce a second PCR product that is shorter than the first one.
Because it uses four specific primers, rather than two, this technique has greater
specificity than does regular PCR. It also yields detectable product where simple PCR
fails to do so. Seminested PCR is similar to a nested PCR except that in the second
PCR one of the primers is a primer that was used in the first PCR. In addition, a mul-
tiplex PCR has been evaluated to detect for the BPV-2 L1 gene and bovine mitochon-
drial genome NDS5 gene (internal control), followed by a second round of BPV-2
amplification via a seminested PCR (SN-PCR) (Wosiacki et al. 2005).

Wosiacki et al. (2005) used six skin papilloma samples for PCR technique devel-
opment. Twenty-two urinary bladder samples from symptomatic (n=12) and
asymptomatic (n=10, control group) cows and 25 blood samples from cows grazed
on EBH-endemic (n=14) and EBH-free (n=11, control group) pastures in geo-
graphical regions of Parana State, Brazil, were analyzed. The SN-PCR detected
BPV-2 in seven urinary bladder and ten whole blood samples collected from cows
with enzootic hematuria, and in one urinary bladder and one whole blood sample of
asymptomatic cows. The specificity of the amplicon was performed by restriction
fragment length polymorphism and sequence analysis. The SN-PCR technique
developed in this study made it possible to diagnose and compare epidemiological
studies in which BPV-2 infection rates were evaluated in cattle. This allowed the
authors (Wosiacki et al. 2005) to establish the association of this infection with
bracken fern chronic intoxication in the etiology of EBH and opened the possibility
of antemortem studies by lymphocyte analysis. The development of a new diagnos-
tic method (e.g., SN-PCR), as described in this study, would allow the evaluation of
BPV-2 infection rates in cattle and the association of this infection with bracken fern
chronic intoxication in EBH etiology. In addition, this technique is highly suited for
detecting BPV-2 in bovine lymphocytes, thereby allowing antemortem studies to be
carried out (Wosiacki et al. 2005). The SN-PCR assay has also been used to assess the
presence of the BPV-2 in the urinary bladder samples that displayed hyperplastic
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and hemorrhagic macroscopic lesions; these samples were collected from adult
cattle in geographical regions where the EBH was endemic (Wosiacki et al. 2006).

Roperto et al. (2008) investigated the simultaneous presence of BPV-2 in whole
blood and urinary bladder tumors of adult cattle in an attempt to better understand
the biological role of circulating BPV-2. Peripheral blood samples were collected
from 78 cattle clinically suffering from a severe chronic EBH. Circulating BPV-2
DNA was detected in 61 of them and in two blood samples from healthy cows. Fifty
of the affected animals were slaughtered at public slaughterhouses, and neoplastic
proliferations in the urinary bladder were detected in all of them. BPV-2 DNA was
amplified and sequenced in 78% of urinary bladder tumor samples, and in 38.9% of
normal samples from the control group. Circulating episomal BPV-2 DNA was
detected in 78.2% of the blood samples. The simultaneous presence of BPV-2 DNA
in neoplastic bladder and blood samples was detected in 37 animals. Specific viral
E5 mRNA and ES5 oncoprotein were also detected in blood by RT-PCR and western
blot/immunocytochemistry, respectively. It is likely that BPV-2 can persist and be
actively maintained in the bloodstream, particularly in the lymphocytes, as a reservoir
of viral infection that, in the presence of cocarcinogens, may cause the development
of urinary bladder tumors.

8.7 Real-Time PCR for BPV

A rapid, sensitive, and reliable real-time SYBR Green PCR test to detect BPV-1,
BPV-2 and to quantify BPV-1 has been developed by Pangty et al. (2010a). Results
of amplification and dissociation plot of real-time PCR revealed that six samples
were BPV-1 positive, eight were BPV-2 positive, and six were positive for both
BPV-1 and -2. Cutaneous wart (CWs) samples from different dairy farms testing
positive for BPV-1 by PCR assay, and were also positive using the quantitative real-
time SYBR Green PCR assay. For the first time, mixed infection of BPV-1 and -2
was detected in India, and BPV-1 load was quantified by real-time SYBR Green
PCR assay.

Ferritin heavy chain (FHC) is upregulated in papillomavirus-associated urothe-
lial tumors of the urinary bladder in cattle (Roperto et al. 2010). The upregulation of
FHC was reported in six papillary and in four invasive urothelial tumors of the uri-
nary bladder of cattle grazing on Italian mountain pastures that were rich in bracken
fern. All tumors contained a sequence of BPV-2 as determined by PCR analyses,
and were validated by direct sequencing of the amplified products. The oncoprotein
ES5 was also detected in these tumors by immunoprecipitation, immunofluorescence,
and laser scanning confocal microscopy. Expression of FHC was evaluated by
western blot analysis, RT-PCR, real-time RT-PCR, and immunohistochemistry.
The oligonucleotide sequence of the bovine ferritin amplicons was identical to that
of human ferritin.

Recently, Pathania et al. (2012) evaluated the applicability of PCR and real-time
PCR to detect BPV-2 in urine samples and urinary bladder lesions in bovines and
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quantified BPV-2 in urinary bladder lesions in EBH-affected animals. These authors
tested 24 urine samples collected from cows with a clinical history of cutaneous
warts (3), teat warts (3), hematuria (9), and cows that were apparently normal (9).
Of these, 12 (50%) were positive for BPV-2 by PCR. These included three animals
that exhibited CWs, four animals showing hematuria, and five indicating an origin
from an enzootic locality. In addition, five animals with hematuria and five with a
history of originating from enzootic locality were found to be negative. Among the
35 urinary bladder samples analyzed with PCR, 24 (68.6%) were positive. Of 28
urinary bladder samples, 24 (85.7%) were found to be positive by using real-time
PCR, as follows: EBH-affected animals (9), acute cystitis (10), chronic cystitis (4),
and bladders without microscopic lesions (1). Use of the quantitative real-time PCR
(SYBR Green assay) showed that the BPV-2 load was low and was comparable,
irrespective of the presence of inflammatory or neoplastic bladder lesions.

These results indicated that urine samples from endemic areas of EBH were
positive for BPV-2 DNA, regardless of specific clinical history. Results revealed
that 15 cases of nonneoplastic lesions and 9 cases of EBH-affected animals showed
the presence of BPV-2 DNA, which confirmed widespread prevalence of BPV-2 in
the urinary bladder, irrespective of lesion type. It was concluded that BPV-2 DNA
is widely present in both urine and different types of urinary bladder lesions in cows
from an EBH endemic region.

8.8 DNase-SISPA for BPV

Papillomaviruses are usually detected and identified by PCR, and display consensus
primers designed from human papillomavirus sequences. Despite repeated attempts,
these and other primers could not detect papillomavirus in bovine teat wart samples.
DNase-SISPA (sequence-independent single primer amplification), a metagenomic
method for identifying viruses, was used to identify bovine papillomavirus type 10
in bovine teat warts. The sequence comparison between consensus primers and
bovine papillomavirus type 10 sequences revealed many differences between
consensus primers and BPV-10 sequences. Rai et al. (2011) suggested that DNase-
SISPA may be used as an alternate method for diagnosing papillomavirus, where
PCR fails to identify papillomaviruses.

9 Prevention and Control

Campos-da-Paz et al. (2008) studied the in vitro effect of vitamin C on the revers-
ibility of DNA damage caused by bracken fern on human submandibular gland
(HSG) cells and on oral epithelium cells (OSCC-3) that had previously been exposed
to bracken fern extract. They found that vitamin C (10 pg/mL) alone did not reduce
DNA damage caused by bracken fern in HSG and OSSC-3 cells. However, at a
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higher concentration (100 pg/mL), vitamin C did induce DNA damage in both cell
lines. Moreover, vitamin C (10 and 100 png/mL), together with bracken fern extract,
showed a synergistic effect on the frequency of DNA damage in HSG cells. DNA
damage (i.e., nuclei with increased levels of DNA migration) was determined by
comet assay, cell morphology was evaluated by light microscopy, and cellular
degeneration was assessed by the acridine orange/ethidium bromide fluorescent-
dyeing test.

Latorre et al. (2011) showed that selenium supplementation could prevent and
reverse the immunotoxic effect of PT. It has already been shown that bracken fern
(P. aquilinum) has immunomodulatory effects on mouse natural killer (NK) cells,
and acts by reducing cytotoxicity. Alternatively, it has been demonstrated that sele-
nium enhances NK cell activity. In this study, male C57BL/6 mice were adminis-
tered the P. aquilinum extract by daily gavage for 30 days, and histological analyses
revealed a significant reduction in the splenic white pulp area that was fully reversed
by selenium treatment. In addition, mice administered PT by daily gavage for 14
days demonstrated the same reduction of NK cell activity as the P. aquilinum extract,
and this reduction was prevented by selenium coadministration. Lastly, nonadherent
splenic cells treated in vitro with an RPMI (Roswell Park Memorial Institute cell
culture medium) extract of P. aquilinum also showed diminished NK cell activity
that was not only prevented by selenium co-treatment, but was also fully reversed
by selenium posttreatment.

In India, a preliminary prophylactic and therapeutic vaccine trial was successfully
conducted in bull calves. The treatment administered was a binary ethylenimine
(BED-inactivated saponized crude cutaneous warts bovine papillomavirus 1 and 2
(CW BPV-1 and -2) vaccine. In a prophylactic group of vaccinated animals, no
temperature effect, untoward reaction, or nodule formation was seen at the vaccine
inoculation site. After challenge with BPV inoculum, cutaneous warts (CWs) failed
to develop in this group, indicating that the vaccine was effective. In the therapeutic
group, CWs were experimentally induced in two vaccinated animals. In one animal,
luxuriant cauliflower-like and in other linear slow growth was observed. After vac-
cination, CWs in both animals became dried and growth was arrested. It appeared
that tumors were regressing, which was confirmed by further clinical observations
as very little tumor-scaring was left at the termination of the experiment.
Histopathologically, the lesions in both animals were diagnosed as regressing occult/
early fibroblastic type papillomas. Mononuclear cellular infiltration/aggregates
around hair follicles and in tumor stroma were noted. The mononuclear cellular
inflammatory reaction was more pronounced in the first tumors (those that were
cauliflower-like and fast growing), than those appearing in the second case (linear
growth/fast regressing). The clinical regression results were in accord with histo-
pathological findings, relevant to the degree of infiltration of lymphocytes; this trial
showed that in both types, use of BEI-inactivated saponized crude CW BPV-1 and
BPV-2 vaccine gave encouraging results, in that CWs either quickly regressed or
were prevented (Pangty et al. 2010b).

Recently, Pathania et al. (2011) conducted a preliminary therapeutic vaccine
trial in hill cows to evaluate the therapeutic potential of binary ethylenimine
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(BEI)-inactivated and saponized bovine papillomavirus-2 (BPV-2) for EBH.
Although the vaccine failed to show favorable clinical vaccine results for EBH-
affected cows at 120 days postvaccination, the immunopathological responses were
encouraging. A significant difference was observed in humoral and cell-mediated
immune responses following vaccination. The vaccinated animals grossly failed to
show regression of bladder tumors, but microscopically showed engorgement and
marked perivascular infiltration of mononuclear cells, which denote the initial stages
of tumor regression. Overall, results indicated that the therapeutic vaccine devel-
oped has potential for treating EBH in cows, although further modifications in vac-
cine dose and field trials of the vaccine are needed.

10 Future Areas for Research

The areas ripe for future research include fern-induced carcinogenesis, nature of
carcinogens involved, disease etiology, and interaction of fern carcinogens with
papillomavirus. We suggest the following areas be emphasized:

1. Additional research is needed to identify PT and other putative carcinogens in
other fern species and to assess the carcinogenic potential in a more complete
cross section of fern flora.

2. Work is needed on the many other fern species that grow in pastures in enzootic
areas, in addition to bracken (Dawra et al. 1989; Somvanshi et al. 2006;
Nagarajan et al. 2011). Most research on bracken fern to date has addressed
urinary bladder carcinogenesis or closely related topics. Only limited research
has been performed to either analyze for PT in other ferns (Nagarajan et al.
2011) or to assess potential to induce carcinogenicity as bracken does (Dawra
et al. 2001).

3. Long-term experimental studies are needed to address the interaction between
BPV?2 and fern carcinogens. The existing literature has produced no clear con-
clusions on this topic. Moreover, an assessment is needed on the status of papil-
lomavirus in enzootic areas.

4. Analytical and epidemiological data on human health is needed on a priority
basis in enzootic areas, because the effect of fern carcinogens on human health
has received limited attention. The possibility that PT or other putative fern
carcinogens enters the human food chain exists in enzootic areas around the
world.

5. Although studies on the entry of PT into soil and water channels have added
another dimension to effect of bracken and other ferns to the overall environmen-
tal effects, future work is needed to identify and evaluate contaminated soil and
water sources. Cocktail effects and covariation should be included in any future
environmental studies with PT.

6. Although limited information is available on the mechanism of PT-induced car-
cinogenesis, work is needed to define the detailed molecular mechanism by
which PT and other potential carcinogens induce carcinogenesis. Knowledge of
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the exact PT-induced molecular gene mutations will help develop early diagnostic
methods for EBH.

7. Finally, a specific treatment for the condition is still lacking; future research
should be focused on early diagnosis and development of methods for interrupting
the carcinogenesis process.

11 Summary

In this review, we address the major aspects of enzootic bovine hematuria and have
placed special emphasis on describing the etiology, human health implications, and
advanced molecular diagnosis of the disease.

Enzootic bovine hematuria (EBH) is a bovine disease characterized by the inter-
mittent presence of blood in the urine and is caused by malignant lesions in the
urinary bladder. This incurable disease is a serious malady in several countries
across many continents. Accurate early-stage diagnosis of the disease is possible
by applying advanced molecular techniques, e.g., detection of genetic mutations in
the urine of cows from endemic areas. Use of such diagnostic approaches may help
create an effective therapy against the disease.

There is a consensus that EBH is caused primarily by animals consuming bracken
fern (P. aquilinum) as they graze. The putative carcinogen in bracken is ptaquiloside
(PT), a glycoside. However, other bracken constituents like quercetin, isoquercetin,
ptesculentoside, caudatoside, astragalin, and tannins may also be carcinogenic.
Studies are needed to identify the role of other metabolites in inducing urinary bladder
carcinogenesis.

The bovine papillomavirus is also thought to be an associated etiology in causing
EBH in cattle. There is growing alarm that these fern toxins and their metabolites
reach and contaminate the soil and water environment and that the carcinogen (PT)
is transmitted via cow’s milk to the human food chain, where it may now pose a
threat to human health. An increased incidence of gastric and esophageal cancer has
been recorded in humans consuming bracken ferns, and among those living for long
periods in areas infested with bracken ferns.

Although preliminary therapeutic vaccine trials with inactivated BPV-2 against
EBH have been performed, further work is needed to standardize and validate
vaccine doses for animals.
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1 Introduction

Sediments represent an integral component of aquatic ecosystems that provide habitat
and food sources for aquatic life. Although many international and local govern-
ments have regulations in place to protect aquatic life, the majority of these are
focused on or are based upon criteria for conserving water quality, and these have
been in place for many years. After release to the aqueous environment, however,
various organic chemicals tend to accumulate in sediments, where they may cause
toxicity to aquatic life, even when water quality criteria (WQC) are met. Sediments
comprise a complex medium and pose unique challenges for those who would like
to develop single numeric concentrations below which aquatic life is protected.
Currently, no official US Environmental Protection Agency (USEPA) methods or
other agreed upon approaches are available in the United States for generating such
sediment quality criteria (SQC).

The potential for a compound to accumulate in sediments or tissues or biomagnify
up the food chain is determined by environmental factors and by the physicochemical
properties of the compound. Chemical partitioning from water to sediment is
usually driven by the chemical’s insolubility in water; however, the mechanism by
which chemicals sorb to sediments can also be influenced by pH, temperature, and
sorbate properties—grain size, organic carbon (OC) content and makeup (e.g., black
carbon), clay and mineral content, redox potential, and moisture content
(Schwarzenbach et al. 2003). The availability of sediment-bound chemicals for
uptake in organisms (i.e., bioavailability) and the related toxic effects are limited by
the particular sorbent properties, chemical properties, and organism behavior at the
site of interest (Day et al. 1995). Sediment composition varies greatly, both spatially
and temporally, and some of this variability can be accounted for by normalizing
contaminant concentrations for different sediment characteristics such as OC and
fine matter fractions. Indeed, many studies have demonstrated that total measured
contaminant concentrations in sediments are poorly correlated to observed effects,
and this is most likely due to limited contaminant bioavailability (Conrad et al. 1999;
Di Toro et al. 2002; Xu et al. 2007). Benthic organisms further introduce multiple
exposure routes (i.e., diffusion from both water and sediment, ingestion of sediment),
which must be characterized to comprehensively assess exposure. The importance of
characterizing the factors that determine chemical partitioning and bioavailability
within the sediment compartment is a crucial point of difference between developing
criteria for sediment versus water quality criteria.

The state of California has nine Regional Water Quality Control Boards
(RWQCBs) whose mission is “to develop and enforce water quality objectives and
implementation plans, which will best protect the beneficial uses of the State’s
waters, recognizing local differences in climate, topography, geology and hydrology”
(California SWRCB 2011). Toward that mission, each RWQCB must develop a
“basin plan” for its specific hydrologic area. The “Water Quality Control Plan (Basin
Plan) for the Sacramento River and San Joaquin River Basins™ aspires to maintain
specific goals for toxic substances in general, and pesticides in particular, and states



Methods for Deriving Pesticide Aquatic Life Criteria for Sediments 99

that “...waters shall be maintained free of toxic substances in concentrations that
produce detrimental physiological responses in human, plant, animal, or aquatic
life,” “no individual pesticide or combinations of pesticides shall be present in
concentrations that adversely affect beneficial uses,” “discharges shall not result in
pesticide concentrations in bottom sediments or aquatic life that adversely affect
beneficial uses,” and “pesticide concentrations shall not exceed the lowest levels
technically and economically achievable” (CRWQCB-CVR 2009). A recent paper
reviewed methodologies for deriving WQC for pesticides with particular reference
to agents relevant for the Sacramento and San Joaquin River basins (TenBrook et al.
2009). In the current paper, we review existing and proposed SQC derivation meth-
odologies from around the world as part of a larger project that aims to develop a
methodology for deriving pesticide SQC for the protection of aquatic life in these
Californian river basins.

The surface waters of the Sacramento and San Joaquin River basins receive
pesticide inputs in runoff and drainage from agriculture, silviculture, and residential
and industrial storm water (CRWQCB-CVR 2009). Pesticides most likely to cause
sediment toxicity are nonpolar nonionic organic compounds, which tend to sorb to
solids and colloids in aqueous environments. Nonpolar pesticides have been detected
in California freshwater bedded and/or suspended sediments in recent years. Those
detected include herbicides (dimethyl tetrachloroterephthalate [chlorthal-dimethyl
or DCPA], ethalfluralin, metolachlor, oxyfluorfen, pendimethalin, prometryn,
simazine, trifluralin), organochlorine insecticides (DDT and metabolites, dieldrin,
endosulfan, endrin, lindane, methoxychlor), organophosphate insecticides (chlo-
rpyrifos, diazinon, methylparathion), and pyrethroid insecticides (bifenthrin,
cyfluthrin, cypermethrin, deltamethrin, esfenvalerate, fenpropathrin, A-cyhalothrin,
permethrin; Domalgalski et al. 2010; Hladik and Kuivila 2009; Holmes 2004;
Weston et al. 2004, 2005). Most of the organochlorines that have been recently
detected are no longer used; in contrast, use of pyrethroid insecticides has increased
over the last decade, as they are seen as replacements for the organophosphates.
Pyrethroids are used in both agricultural and urban/residential settings and are char-
acterized by extreme insolubility in water with high degrees of sorption to solids,
including soils, sediment, and dissolved organic matter (Laskowski 2002). Although
pyrethroids have low mammalian toxicity, they are highly toxic to aquatic inverte-
brates and fish, and their use has not been without adverse effects. Pyrethroids have
been detected in sediments of both urban and agricultural waterways at levels that
are toxic to the freshwater invertebrate Hyalella azteca in the laboratory (e.g.,
10-day median lethal concentrations (LC, ) ranging from 0.38 to 10.83 pg/g OC for
cypermethrin and permethrin, respectively; Amweg et al. 2006; Weston et al. 2004).
In this review, we focus on methodologies that are suitable for setting pesticide crite-
ria, with particular emphasis on the pyrethroids.

Several scientific documents are available in which current methodologies are
evaluated for SQC derivation. These documents include two publications relating to
a Society of Environmental Toxicology and Chemistry (SETAC) Pellston workshop
entitled “Use of Sediment Quality Guidelines and Related Tools for the Assessment
of Contaminated Sediments” (Wenning and Ingersoll 2002; Wenning et al. 2005),
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a report entitled “Review and Recommendations of Methodologies for the Derivation
of Sediment Quality Guidelines” (Rowlatt et al. 2002), a review paper by Chapman
(1989) entitled “Current Approaches to Developing Sediment Quality Criteria,” and
a report prepared on behalf of the European Commission (EC) entitled “Towards
the Derivation of Quality Standards for Priority Substances in the Context of the
Water Framework Directive” (Lepper 2002). These previous review documents
drew attention to a range of aspects important for evaluation and development of a
SQC derivation methodology. The relevant components identified in these reports
are outlined in Table 1 and form the backbone of the current review. For each com-
ponent, a brief introduction is presented to describe its relevance for SQC deriva-
tion, and thereafter, international methodologies are reviewed for their incorporation
or disregard of the component. The reviewed methodologies include those of
Australia/New Zealand, Canada, the European Union/European Commission
(EU/EC), France, the Netherlands, the Organisation for Economic Co-operation
and Development (OECD), the United Kingdom (UK), and the United States (USA)
including those of the USEPA and the National Oceanic and Atmospheric
Administration (NOAA), as well as a few state regulations. Where original docu-
ments were not available in English, other resources containing summaries of those
documents were used, if available.

In the present review, we focus on methodologies suitable for developing numeric
SQC for which compliance can be based solely on chemistry measurements. Most
current methodologies refer to sediment quality guidelines (SQGs), which are rec-
ommended for use as part of a risk assessment framework or as triggers for further
research rather than enforceable criteria (i.e., SQC). Most risk assessment literature
focuses on metals and industrial and legacy chemicals, whereas pesticides are the
specific objective of this review. Methodologies that primarily focus on metals,
dredged materials, and marine environments have been excluded from or are not the
focus of this review, because freshwater environments with pesticide contamination
pose significantly different issues than metal-contaminated harbors. Available data
for current-use hydrophobic pesticides, such as the pyrethroids, are relatively sparse.
Supplementary information is therefore included for some industrial chemicals and
legacy pesticides (i.e., PCBs, PAHs, DDT and metabolites, and organochlorines) that
exhibit similar physicochemical properties as current-use hydrophobic pesticides.

In Table 2, we define the many acronyms used throughout this review.

2  Summary of Major Sediment Quality Criteria
Derivation Approaches

Current methodologies employ many different types of numeric sediment quality
criteria depending on their intended use and the quantity and quality of available
data. Table 3 outlines the principles and criteria types of the most commonly
employed methodologies for deriving SQC. Our goal in this review is to evaluate
the suitability of any existing methodology or combination of methodologies for
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Table 1 Relevant components for deriving sediment quality criteria

Category Component References

Criteria types (Sect. 3) ~ Numeric criteria vs. advisory concentrations a,b
Multiple levels of criteria c,d

Protection level (Sect. 4) Protect all species to protect ecosystem b,c,e
Protect aquatic environment d,f, g hijk
Benthic communities 1
Probability of over or under protection c

Physicochemical and Data sources c,m, n

ecotoxicological data Literature search protocol b,c, f, k

(Sect. 5)

Physicochemical data requirements and quality c,e f,h,j
Acute vs. chronic sediment toxicity testing b,c, 0
Laboratory vs. field data c k
Traditional vs. nontraditional endpoints b,c, k
Ecotoxicity data quality b,c,0
Ecotoxicity data quantity b, p
Quantitative structure activity relationships (QSARs) ¢

Criteria calculation Magnitude, duration, and frequency b, e

(Sect. 6) of exposure

Multiple exposure routes k
Bioavailability c,ef,jk
Equilibrium partitioning c,d,e, f,hj, k
Suspended sediments vs. bedded sediments d, k
Spiked-sediment toxicity testing approach b, c, k
Standardized sediment c, f
Assessment factors b,c,d, k
Species sensitivity distribution c, k
Mixtures k
Bioaccumulation and secondary poisoning c,p
Encouragement of data generation b,c,d, k
Utilization of available data c, k
Harmonization (equilibrium partitioning, EqP) c,d,e, f,hj, k

AUSEPA 2003a, b, ¢
°CCME 1995

‘RIVM 2001

Lepper 2002

°Di Toro et al. 2002
Persaud et al. 1993
¢MacDonald 1994
"Rowlatt et al. 2002
IANZECC and ARMCANZ 2000
JOECD 1995

YECB 2003

'Diaz and Rosenberg 1996
"TenBrook et al. 2009
"USEPA 1985

°Cubbage et al. 1997
PSWRCB 2011
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Table 2 List of acronyms and abbreviations used in this review

AET

AF
ANZECC
ARMCANZ
ASTM
BAF
BCF
BMF
BEDS
BSAF
CAS
CCME
CDFG
CDPR

CRWQCB-CVR
Cfgb
DCPA

DDT
DOC
DOM
DT,

EC

EC,
ECB
EPA
ERL
ERL(sed,)
ERL(water)
ERM
EINECS
EqP
ESG

EU
FCV

Joe

H

HC,
HOC
HPLC
HSDB
IUPAC
1SQG
WQ

Apparent effects threshold

Assessment factor

Australia and New Zealand Environment and Conservation Council

Agriculture and Resource Management Council of Australia and New Zealand

American Society for Testing and Materials

Bioaccumulation factor

Bioconcentration factor

Biomagnification factor

Biological effects database for sediments

Biota-sediment accumulation factor

Chemical abstracts service

Canadian Council of Ministers of the Environment

California Department of Fish and Game

California Department of Pesticide Regulation

Chemical concentration in interstitial water

California Regional Water Quality Control Board, Central Valley Region

Chemical concentration in whole sediment or organic carbon

Dutch Board for the Authorization of Plant Protection Products and Biocides

Dimethyl 2,3,5,6-tetrachlorobenzene-1,4 dicarboxylate (or dimethyl
tetrachloroterephthalate)

Dichlorodiphenyltrichloroethane

Dissolved organic carbon

Dissolved organic matter

Time for x % of a chemical to degrade

European Commission

Concentration that affects x% of exposed organisms

European Chemicals Bureau

Environmental Protection Agency

Effects range low

Environmental risk limit for the sediment compartment using EqP theory

Environmental risk limit for aquatic species

Effects range median

European Inventory of Existing Commercial Substances

Equilibrium partitioning

Equilibrium partitioning sediment guideline

European Union

Final chronic value

Fraction of organic carbon

% organic matter content

Hazardous concentration potentially harmful to p % of species

Hydrophobic organic compound

High performance liquid chromatography

Hazardous Substance Data Bank

International Union of Pure and Applied Chemistry

Interim sediment quality guideline

Interstitial water quality

(continued)
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Table 2 (continued)

z

SRR

o

s/1

susp-water

> NN

e
LEL
LOEC
LOEL
MATC
MPC
MTC
NC
NEL
NOAA
NOEC
NOEL
NSTP
NTIS
oC
OCSPP
OECD
oM
OMEE
OPP
OPPTS
OPPT
PAET
PAH
PCB
PEC
PEC

oral, predator

PEC

sed

PEC_
PEL
pK,
PNEC
PNEC_,
PNEC,
PWQO/G
QSAR
RHO

susp

RIVM

Solid-water partition coefficient

Organic carbon-normalized solid-water partition coefficient

Octanol-water partition coefficient

Solid-water partition coefficient (equivalent to K )

Sediment-liquid partition coefficient

Suspended matter-water partition coefficient

Interaction coefficient for a synergist/antagonist at concentration x

Concentration lethal to x % of exposed organisms

Lowest effect level

Lowest observed effect concentration

Lowest observed effect level

Maximum acceptable toxicant concentration

Maximum permissible concentration

Maximum tolerable concentration

Negligible concentration

No effect level

National Oceanic and Atmospheric Administration

No observed effect concentration

No observed effect level

National Status and Trends Program

National Technical Information Service

Organic carbon

Office of Chemical Safety and Pollution Prevention

Organisation for Economic Co-operation and Development

Organic matter

Ontario Ministry of Environment and Energy

Office of Pesticide Programs

Office of Prevention, Pesticides and Toxic Substances

Office of Pollution Prevention and Toxics

Probable apparent effects threshold

Polycyclic aromatic hydrocarbons

Polychlorinated biphenyls

Probable effect concentration

Predicted chemical concentration a predator will receive in prey (food)

Measured or predicted chemical concentration in sediment

Measured or predicted chemical concentration in water

Probable effect level

Acid dissociation constant

Predicted no effect concentration

Predicted no effect concentration in sediment

Predicted no effect concentration in water

Provincial Water Quality Objectives/Guidelines

Quantitative structure activity relationship

Bulk density of wet suspended matter

National Institute for Public Health and the Environment, Bilthoven, The
Netherlands

(continued)
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Table 2 (continued)

RL Risk limit

RWQCB Regional Water Quality Control Board
SEL Severe effect level

SETAC Society of Environmental Toxicology and Chemistry
SLC Screening level concentration

SPME Solid-phase microextraction

SRC,, Ecosystem serious risk concentration
SSD Species sensitivity distribution

SSLC Species screening level concentration
SSTT Spiked-sediment toxicity testing

SQC Sediment quality criteria

SQG Sediment quality guideline

SQG,, OC-normalized sediment quality guideline
SWRCB State Water Resources Control Board
TEC Threshold effect concentration

TEL Threshold effect level

TES Threatened and endangered species
TU Toxic unit

UK United Kingdom

[N United States

USEPA US Environmental Protection Agency
wQC Water quality criterion/criteria

calculating pesticide SQC. Three main approaches are currently available to develop
sediment quality guidelines: empirical, mechanistic, and spiked-sediment toxicity
testing (SSTT). In general, the empirical approaches generate concentration ranges
that are very likely, likely, or not likely to cause adverse effects, while the mecha-
nistic approaches generate single recommended maximum concentrations that are
based on existing water quality criteria for the compound of interest. The third
approach applies spiked-sediment toxicity data to derive SQC. Depending on data
availability, the SSTT approach allows quantification of statistical uncertainty in the
derived criteria. Several current methodologies incorporate multiple approaches and
recommend the SSTT approach when sufficient data are available. The three major
approaches for SQG derivation are introduced briefly in Sects. 2.1 through 2.3.

2.1 Mechanistic Approach (Equilibrium Partitioning)

The partitioning of a chemical between a solid and water can be described via the
solid-water partition coefficient (K ), which is determined as the chemical concen-
tration in the solid divided by the chemical concentration in water after chemical
equilibrium has been reached between the two phases (Schwarzenbach et al. 2003).
Because sediment composition varies greatly over space and time, sediment-
contaminant concentrations may be normalized to different sediment properties for



105

Methods for Deriving Pesticide Aquatic Life Criteria for Sediments

(penunuod)
001/ SATIORIIP YIOMIWIBL)
()T 10 DFON 1somo] :yoeoidde Jv I0JeM 9Y} JO JXQJUOD Y} UT
000°1/"D T [9A9] PIOYSAIY L, soouejsqns Auiord 103 sprepue)s
()71 10 01/DAON Isamo] :yoeoxdde Jv 1 [9A9] ploysaiy], QoueL{ (z00z 12ddo) na Kjirenb Jo uoneALIOp AU} SpIEMO],
dbd asn ‘eyep ou Jy *(oruoIyd
J0 9Inoe) (V) I03oe] Juowssasse Ajdde
‘erep LLSS panui] Jog ‘yoeoidde UONBIUAIUO0D JUSWISSISSE
(SS 2sn ‘eiep 11.SS 2Jenbope 104 100330 ou pajorpaid :DANJ na (€007 D) N SSH UO JUSWNOOP 2ouepIng [eo1uyd],

Y PuE DO WOIJ PAALIAP ST OO

20,

Y Pue DOM WOIJ PIALIOP ST TV'S
"y 10) "y
puE DOM WOy PoALIaP St D LN
eyep
LLSS yim paredwoo pue (“y 10) "y
PuE DOA WOLJ PIALIAP ST DA IUSWIPIS
uonorpaxd gbg uugyuoo
O3 9[qe[rfeAgun/pajiwl] are elep LSS J1
Aypiqereae ejep uo spuadop yoreoirdde
pa1on ‘erep 1SS Yum aredwo)
“(™y 10) "y yua10y 1200 UonNIRd
I91eM-pI[0S pue (DO A ) UOLIdILID
Kyrenb 1o1em 3ursn poALIdp st HDSH

sa13ojopoyiaw ([ ISS) Suiisay £1101x01 juaunpas-payids

ourejuQ ur Ayenb

quropIng juawIpas drenbe jo juowedeurwr

Anrenb juowirpes :00S oruQ (€661 T 10 pnesiod) HINO pue uonosajoid oy J0J sauI[pIND
sauropIng
Kyrenb juawrpas jo juswdoreasp

[OAQ] UOTIOB JUSWIPAS I TV'S 3N (200T 'Te @ ne[moy) N 9} UO SUOT)EPUIWUOINY
JUSWIPIS JOJ UOBNUIIUOD JUQUUSSISSE S)OYJd

S[qeero) wnwirxew 7Y LA andao (S661) ADIO onenbe 10J JuowNoop 20UEPIND)
UONBIUIIUOD SYWI] YSLI [BJUSWUOIIAUD

qrqissrurad wnwirxew :DJIN pue[joq (1002) INATY SUJALIOP UO JUAWINOOP ouLpIND

DS ¢ _LL

so1ue3I0 d1uoIUoU
:swistueSIo d1yueq Jo uonavjord

qurpopng oy 10§ saurpepms Ajjenb
juowIpas Juruonnred juowIpas Suruonnred-wniqinba
-wnuqImba :HgH 1 1L, SN (ZOOT Te 19 0I0L 1) VdASN  JO UONEALISP dY) 10J SIsq [eO1uyda],

12pout (gb7) Suruonynavd-wumriqimba—sayovosddp dustuvyoa

UOTJEALIOP UOLIAJLID)

UOLIQJLI)  UONOIPSLINS 201n0S [N} POYIOIA

so13ojopoyjowt Jofew jo Arewiwing € IqeL,



T.L. Fojut et al.

uonnqmsIp ANANISUSS sa10ads =SS ‘SPUBTIDYION oY) ‘JUSWUOIAUF Y pue [eoH d1[qngd JoJ Amnsu] [euoneN = INATY ‘Yuewdofoad pue uonerado-o0)
JIWOU0dF 10§ uonesiuesIo=qDHO ‘neaing speorway) ueadomyg=g)HH JUIWUOIAUY Y} JO SIASIUIA JO [IOUNO)) UBIPRUR)=HNDD ‘PUL[EIZ MAN pue
BI[ESNY JO [IOUNOD) JUSWSEUBIAl 90IN0SAY puk 2Imnousy =ZNVIINYY [IoUn0)) UONEAISUO)) PUE JUSWUOIAUF PUR[EdZ MON put BI[ENSNY =)DHZNV

asuodsal pue UOTJEIUIIU0D
[edTWIAYD UdoMIaq sdIySUOTIE[aI J0JJ0 aurjopmsg

/asned ys1[qeIsa o3 yoeoxdde 1,1SS 25N Ayenb juawpas :00)S
9J17 ojenbe

sourpopms Ajienb juowrpas Jo uonojoid ay) 10 SAUIAPING

WLIAJUT JO UOTIBALIOP JOJ 9Seqeiep aurpepms Ajrenb Ayenb juowipas ueipeue)
dLSN uo paseq yoeoidde Teornduryg juauIIpas WUl :H)ST epeue)) (S661) AINDD JO UOTJBALIOP 3Y) I0J [090)01]
(LLSS pup poridua) sa15ojopoyiaut fo uopuIqUIo)
J[qe[reAe puereaz Ayenb 1o7em
J1 BJEp JUSWIPIS [BIO] YIIM PAuyax MON (0002) QuULIBW pUB Ysalj I0J saul[oping
oseqejep uedLIaWY [JION UO peseq WHH/TId /erensny  ZNVOIWYYV Pue DDHZNYV pue[eeZ MIN pue uelensny
A1oanoadsarx

‘aseqerep JILSN Jo o[nuedrad
qI0S PuE YiQ] JB UONBINUIDIUO0D
Se pauyep A PUt TYH ‘oseqeiep (dLSN) weiSo1d spuaiy, pue
$300JJ9 [e2130[01q pue AISTWAYD uBIpOW/MO][ (0661 ueSIoN snje)g [euoneN oy 1oy padoeasp
JUSWIPAS FUIYdIewW 93 Ie] SAZI[TIN) Q3uelI $)09J9 INYH/TIH SN pue 3uoT) JLSN ‘VVON sauraping Ajpenb juowpag
sayovoaddp poridusy

UOTJEALIOP UOLIAJLID) UOLIQJLID)  UOIIIPSLINg 010§ [N} POYIOIA
(ponunuod) ¢ d[qe],

106



Methods for Deriving Pesticide Aquatic Life Criteria for Sediments 107

the purpose of reducing variability. For example, organic compounds are primarily
thought to sorb to organic carbon in sediments and are thus normalized to OC con-
tent to reduce variability in sorption and toxicity measures, although some variation
often remains (Amweg et al. 2005; Xu et al. 2007). Dry weight normalization has
been used to achieve similar or better success for hydrophobic organic compounds
(HOC:s), such as PCBs and PAHs (Ingersoll et al. 2000). Fine particles have rela-
tively high surface areas, and they tend to be enriched in organic contaminants com-
pared to coarser sediments; thus, normalization for fine matter content has also been
proposed (Mudroch and Azcue 1995). Concentrations are commonly normalized to
OC, and K is often expressed as K, which is defined as K divided by the sediment
OC fraction (Schwarzenbach et al. 2003).

In the 1990s, the USEPA developed a mechanistic approach for generating sedi-
ment quality guidelines, based on total chemical concentrations using the equilib-
rium-partitioning (EqP) model (Di Toro et al. 2002; USEPA 1993). In this approach,
it is assumed that (1) toxicity is only caused by the freely dissolved fraction of a
contaminant, (2) this fraction is in equilibrium—between sediment and porewater
(interstitial water between sediment particles)—and (3) chemical exposure is equiv-
alent in each of these environmental compartments. The EqP approach applies the
final chronic value (FCV) from a chemical’s water quality criterion (WQC) and K
(or K ) to derive an equilibrium-partitioning sediment guideline (ESG; Di Toro
et al. 2002; USEPA 1993):

ESG = FCV x K, (or K,.) (1

The FCV is equivalent to the chronic criterion, or criterion continuous concentra-
tion (CCC), as derived by the USEPA water quality criteria derivation methodology
(USEPA 1985). The FCV is the concentration of a chemical intended to be protec-
tive of aquatic life over chronic exposure. To justify using the water-based FCV for
deriving an ESG, the EqP method assumes that epibenthic and benthic organisms
have the same species sensitivity distribution as water column organisms (Di Toro
et al. 2002).

Organic carbon is assumed to be the primary factor governing the partitioning of
nonionic organic chemicals between sediment and porewater. EqP applications for
such compounds, including PAHs, PAH mixtures, and several organochlorine pesti-
cides, have therefore typically used K__as the partition coefficient. The EqP approach
is employed by many of the methodologies reviewed, including those of the
Netherlands (Kalf et al. 1999; RIVM 2001), the EU (ECB 2003), Ontario (Persaud
et al. 1993), France (Lepper 2002), and the OECD (1995). This mechanistic
approach can also be used to establish SQGs with other lines of evidence, such as
comparison to field concentrations or spiked-sediment toxicity data.

2.2 Empirical Approaches

Empirical approaches utilize databases for field-collected sediments comprising
both sediment chemistry and observed biological effects data, which are correlated
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to determine numerical chemical ranges for various effects levels. The NOAA
empirical method for deriving SQGs was initially developed to interpret chemical
data from a comprehensive monitoring program named the National Status and
Trends Program (NSTP; Long and Morgan 1990). The NSTP SQGs were not
intended for regulatory purposes, but for informal use such as ranking areas for
further study. Empirical approaches demonstrate correlations between observed
effects and chemical concentrations, but do not elucidate causative relationships for
the observed toxicity. The observed effects may be caused by the chemicals mea-
sured but could also be caused by other nontarget chemicals or by environmental
conditions. Sediment toxicity is often a result of mixture effects. Chemical analysis
and toxicity testing of field sediments do not provide the information necessary to
attribute toxicity to any individual chemical, and as such, empirical approaches are
inappropriate for deriving criteria for individual chemicals. The limitations of
empirical approaches are well known, and recent recommendations have disclosed
that this type of data must be considered with other biological effects information in
a multiple lines of evidence approach (Wenning et al. 2005). The NOAA NSTP
(Long and Morgan 1990) empirical methodology is widely accepted and has been
adapted by many other jurisdictions including Australia/New Zealand (ANZECC
and ARMCANZ 2000), Canada (CCME 1995), Ontario (Persaud et al. 1993), UK
(Rowlatt et al. 2002), Washington State (Cubbage et al. 1997), California (California
SWRCB 2011), and Florida (MacDonald 1994).

2.3 Spiked-Sediment Toxicity Test Approach

The spiked-sediment toxicity test (SSTT) approach is similar to methods used for
WQC derivation. Acute and chronic toxicity data from controlled, spiked-sediment
laboratory experiments are used to set SQGs. If data are abundant, a species sensi-
tivity distribution (SSD) can be used to derive an appropriate effect level that
accounts for statistical uncertainty. If data are sparse, assessment (or safety) factors
may be applied to the lowest concentration lethal to 50% of exposed organisms
(LC,)) or the lowest NOEC. Assessment factors can also be applied to account for
uncertainty from various other factors or from data scarcity. Methodologies that
include a SSTT approach are those from Canada (CCME 1995), the Netherlands
(RIVM 2001), the EU (ECB 2003), and France (Lepper 2002).

3 Definitions and Uses of Sediment Quality Criteria

The USEPA is authorized to develop and implement sediment quality criteria under
Section 304(a) of the Clean Water Act (2002). The USEPA has recommended that
states use numeric criteria with sediment bioassays to interpret the narrative criteria,
which are typically stated as “no toxics in toxic amounts,” (USEPA 1998).
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The Central Valley Regional Water Quality Control Board can use numeric SQC to
set sediment quality objectives or total maximum daily loads. A numeric criterion is
a chemical threshold concentration that has been scientifically derived to protect
aquatic life from harmful effects of exposure to that chemical, without consider-
ation of defined water body uses, societal values, or economics (TenBrook et al.
2009). This overall definition of numeric criteria applies for all methodologies,
although criteria and guidelines are referred to by different terms by different juris-
dictions. The terminology applied for numeric criteria includes the following: equi-
librium-partitioning sediment guidelines (ESGs; Di Toro et al. 2002); effects range
low and effects range median (ERL or ERM; Long and Morgan 1990); threshold effects
concentrations and probable effects concentrations (TECs and PECs; MacDonald et al.
2000); no-effect level, lowest effects level, or severe effects level (NEL, LEL, or SEL;
Persaud et al. 1993); maximum permissible concentrations (MPC; Kalf et al. 1999); and
predicted no-effect concentrations (PNECs; ECB 2003).

Chapman (1989) stated that SQC development is important “because (a) various
toxic contaminants found in only trace amounts in the water column accumulate in
sediments to elevated levels, (b) sediments serve as both a reservoir and a source of
contaminants to the water column, (c) sediments integrate contaminant concentra-
tions over time, whereas water column contaminant concentrations are much more
variable, (d) both sediment contaminants and water column contaminants affect
benthic and other sediment-associated organisms, and (e) sediments are an integral
part of the aquatic environment, providing habitat, feeding and rearing areas for
many aquatic biota.”

SQC can refer to chemical-specific concentrations in sediment above which
adverse biological effects are expected or to levels of biological effects that are
considered unacceptable. In this review, we focus on SQC methods that yield
chemical-specific numerical concentrations derived to be protective of aquatic life.
The advantages to such criteria are their wide applicability and simplicity and that
they do not require specialized biological, chemical, or other expertise (Chapman
1989). The disadvantages of individual numerical criteria are the risk of overlooking
mixture toxicity and the inability to account for site-specific variations, particularly
the bioavailability and subsequent toxicity of sediment-bound chemicals.

Numeric SQC can be used in a similar manner as numeric WQC are used (USEPA
1993). One difference between WQC and SQC is that the regulatory basis and
implementation of SQC are yet to be established, whereas WQC have been imple-
mented to regulate water contaminants, since many were derived using the 1980
USEPA guidelines (USEPA 1980). The application of SQC may further differ from
WQC in that water column contaminants can often be controlled by limiting the
sources, whereas toxicity caused by previously accumulated sediment contaminants
may continue despite source limitation (USEPA 1993). However, source control
could be effective for current-use pesticides, particularly those with short to moder-
ate half-lives that will likely dissipate over a short timescale compared to legacy
contaminants.

Many researchers have cautioned against the use of numeric SQC for regulatory
purposes or as pass/fail criteria. As noted, many methodologies thus refer to the
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derived values as guidelines rather than criteria; they also recommend using these
SQGs as part of a risk assessment framework or as triggers for further research,
rather than as enforceable criteria. Burton (2002) concluded, for example, that due
to the complexity of sediments and mixture interactions, SQGs will probably always
be used as screening tools rather than as enforceable regulatory values. Burton fur-
ther explains that SQGs do not characterize microscale variation, inorganic specia-
tion differences, stressor interactions, dynamics of biota, or critical physicochemical
parameters (Burton 2002). Chapman is also wary of the emphasis placed on numeric
chemical values and points out that while sediment chemistry can help identify
areas, sources, and contaminants of concern, such data do not provide any informa-
tion on bioavailability or toxicity (Chapman 2000, 2007). Chapman and Mann
(1999) identified the key limitations of numeric SQGs as being the following:
(1) degree of conservatism, inaccurate and uncertain numeric results tend toward
under- or overprotection; (2) bioaccumulation/biomagnification, SQGs are usually
derived from direct toxicity data that do not address effects of long-term bioaccu-
mulation and biomagnification; (3) bioavailability, SQGs cannot be applied to all
sediment conditions because bioavailability varies greatly depending on conditions
(although mechanistic approaches attempt to normalize for this variation); (4) con-
taminant mixtures, SQGs are often based on data from field samples that likely
contain chemical mixtures, which can confound SQG databases; and (5) predict-
ability, the accuracy of SQG predictions of adverse ecological effects is debatable
as high percentages of false-positives and/or false-negatives have been observed.

3.1 Numeric Criteria Versus Advisory Concentrations

The USEPA has derived numeric SQC for dieldrin, endrin, and 34 PAHs (USEPA
2003a, b, c), but these have not been adopted as enforceable sediment quality stan-
dards. Instead, numeric criteria may be used as guidelines for interpreting site-
specific sediment chemistry data as part of an environmental risk assessment
framework (i.e., predicting the degree and extent of contamination) or possibly to
implement narrative criteria. The guidelines are considered to be advisory concen-
trations because current evidence does not support numeric SQC as conclusive pre-
dictors of effects. The USEPA divides the advisory concentrations into Tier 1 and
Tier 2 categories, in which Tier 1 guidelines are calculated with more data and are
thus associated with higher certainty than Tier 2 guidelines (Di Toro et al. 2002).
The Canadian method allows development of interim sediment quality guidelines
when data are limited, yet both interim and full guidelines may be used as a basis to
set enforceable, site-specific sediment quality objectives (CCME 1995).

Numeric SQGs are used in many risk assessment frameworks in the early assess-
ment tiers to identify potentially toxic contaminant levels (NOAA, Washington
State, Great Lakes; USEPA 1994a). When a contaminant exceeds a SQG in risk
assessment, this is typically a trigger for further investigation, but not a basis for
regulatory action. Further investigation in the higher tiers of risk assessment usually
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include field sediment bioassays to assess if adverse effects are likely caused by
sediment toxicity, and these results can lead to various management decisions (Apitz
and Power 2002).

3.2 Definitions and Uses of Numeric Criteria

Many water quality criteria derivation methodologies include procedures for deriv-
ing more than one level or type of criterion for each toxicant (ANZECC and
ARMCANZ 2000; La Point et al. 2003; Lepper 2002; OECD 1995; RIVM 2001;
USEPA 2003d). For deriving sediment quality criteria, the available sediment toxic-
ity data or knowledge are typically insufficient to enable derivation of different
criteria levels to meet different regulatory goals (i.e., enforcement vs. risk assess-
ment). The methodologies of the Netherlands and France, however, do offer estima-
tion of more than one type of sediment criteria.

In the Netherlands, compartment-specific environmental risk limits (RLs) for
water and sediment are derived by the same general protocol, which includes three
levels, the ecosystem serious risk concentration (SRC_ ), the maximum permissi-
ble concentration (MPC), and the negligible concentration (NC) (RIVM 2001). The
MPC is intended to protect all species in an ecosystem from adverse effects. The
NC is derived by dividing the MPC by a safety factor of 100 and is used as a regula-
tory target value at which ecosystems are expected to experience negligible effects.
If sediment-contaminant concentrations exceed the MPC, discharges can be further
regulated. The SRC_ represents concentrations that will cause ecosystem func-
tions to be seriously affected or threatened to be negatively affected (i.e., when 50%
of species and/or 50% of microbial and enzymatic processes are possibly affected;
RIVM 2001). Sediments contaminated in excess of the SRC,, require cleanup
intervention efforts.

The French protocol characterizes four threshold levels (TLs) for sediment and sus-
pended matter contaminants that exhibit log-normalized octanol-water partition
coefficients (log K ) >3 (Lepper 2002). Each TL corresponds to a different biological
quality suitability class for water bodies. TL1 represents negligible risk for all species
and is derived from chronic or acute toxicity data with assessment (or safety) factors
applied. TL2 represents concentrations causing possible risk of adverse chronic sub-
lethal effects for the most sensitive species and is derived in the same manner as TL1
but uses smaller assessment factors. Threshold levels 3 and 4 indicate a probable and a
significant risk of adverse ecosystem effects, respectively, but have never been calcu-
lated for sediment due to a lack of required data. Because of the inherent uncertainties
in the two methods used to calculate threshold levels for sediment and suspended par-
ticles (i.e., equilibrium partitioning and weight of evidence), these values are all con-
sidered provisional. The threshold values derived by the French methodology are not
enforceable but serve as references for risk assessment and actions.

Regardless of terminology, all criteria and guidelines discussed were developed
with the common goal of estimating concentrations of chemicals that, if exceeded,
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may lead to loss of designated uses of water bodies. The statistical certainty and site
specificity of the derived values will be determined by the quantity and quality of
available data for the site and compound of interest.

4 Protection and Confidence

Aquatic life sediment quality criteria aim to protect aquatic life from exposure to
toxic substances. The protection of aquatic life can be defined in various ways, from
overall ecosystem protection to protection of each individual in the ecosystem.
The existing methodologies specify different protection goals in terms of the level
of ecosystem organization and how to approximate the protection level by extrapo-
lating ecosystem effects from existing data. The ability to state with a quantified
level of certainty that criteria achieve the intended level of protection is also impor-
tant (TenBrook et al. 2009).

4.1 Level of Biological Organization to Protect

A comprehensive description of how the levels of ecosystem organization are
defined can be found in TenBrook et al. (2009). Most of the methodologies reviewed
designate what level of organization is to be protected by SQC. Several protocols
for SQC derivation seek to protect each species of an ecosystem for the purpose of
the entire ecosystem. The aim of the Canadian guiding principles for the development
of numerical SQGs is that these are “set with the intention to protect all forms of
aquatic life and all aspects of the aquatic life cycle” (CCME 1995). The goal of the
USEPA is to be protective of benthic aquatic species, as stated in their EqP method-
ology (Di Toro et al. 2002). The Netherlands also aims to protect all species in
ecosystems from adverse effects (RIVM 2001).

It is the ambition of most of the reviewed methodologies to protect aquatic
ecosystems. France targets threshold levels intended to maintain an ecosystem’s
suitability to support its biological function and other uses (Lepper 2002). The prov-
ince of Ontario, Canada, states that the purpose of SQGs is to protect the aquatic
environment (Persaud et al. 1993). The state of Florida has the goal of protecting
living resources and their habitats (MacDonald 1994). The objective for setting
sediment action levels in the UK is the “maintenance of environmental quality so as
to protect aquatic life and dependent nonaquatic organisms” (Rowlatt et al. 2002).
Australia and New Zealand aspire “to maintain and enhance the “ecological integrity”
of freshwater and marine ecosystems, including biological diversity, relative abun-
dance and ecological processes” (ANZECC and ARMCANZ 2000). The OECD
guidelines were developed for derivation of criteria “where no adverse effects on
the aquatic ecosystem are expected” (OECD 1995). The predicted no-effect concen-
trations derived by the EU risk assessment methodology are aimed at ensuring
“overall environmental protection” (ECB 2003). Finally, as discussed in the
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Introduction (Sect. 1), the Basin Plan of the Central Valley Regional Water Quality
Control Board states that “discharges shall not result in pesticide concentrations in
bottom sediments or aquatic life that adversely affect beneficial uses” (CRWQCB-
CVR 2009).

Diaz and Rosenberg (1996) point out that thus far, the functional component of
benthic communities has been overlooked and that “at the ecosystem level, altera-
tion or loss of function is of greatest concern.” Benthic organisms mediate the
cycling of materials between sediments and the overlying water column via burrow-
ing, irrigation, and other behaviors. They comment that large, long-lived species are
important for the vertical mixing of sediment to deep layers and for stabilizing
annual productivity (Diaz and Rosenberg 1996). The elimination of such species
thus affects key community functions that regulate mixing and energy flow, and the
authors conclude that this is the main effect of sediment toxicants. When these
larger species are reduced or eliminated, the food chains are shortened and there is
less bioturbation, which leads to a higher tendency for contaminant accumulation
in deep sediments (Diaz and Rosenberg 1996). Finally, these authors posit that
functional changes are more indicative of ecosystem impacts than changes in com-
munity structure.

4.2 Portion of Species to Protect

In contrast to water quality criteria derivation methodologies, most SQC derivation
methodologies do not primarily rely on single-species sediment toxicity data to cal-
culate criteria or guidelines. Not only is there a dearth of spiked-sediment toxicity
data, but also a lack of consistency in the data due to variable bioavailability across
different sediments. Multispecies or ecosystem data are alternative options for use
in criteria derivation, but these types of data are also relatively few and difficult to
interpret. As summarized by TenBrook et al. (2009), protection of less than 100% of
species may cause unpredicted harm to an ecosystem because each species per-
forms a function and takes part in complex trophic interactions in the ecosystem
structure. To ensure protection of entire ecosystems, both functions and structure
must be maintained. The current review considers alternative extrapolation methods
for estimating ecosystem no-effect concentrations from available toxicity data,
which may be derived from aqueous toxicity data in the equilibrium-partitioning
methods, from spiked-sediment toxicity data or from co-occurrence field data. Yet,
the only way to confirm that SQC are truly protective of ecosystems is to perform
field or semi-field studies.

4.3 Probability of Over- and Under-protection

For environmental managers to assess the ability of a criterion to provide the
intended level of protection, such criterion is best expressed with associated
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confidence limits (TenBrook et al. 2009). Overprotective criteria may lead to
unnecessary costs, whereas underprotective criteria risk adverse effects to the
ecosystem of concern. The effect levels derived by the French method do not pro-
vide confidence limits because these threshold values are calculated by applying
an assessment (or safety) factor to the single most sensitive datum (Lepper 2002).
The EU also recommends applying an assessment factor to spiked-sediment toxicity
test data if it is available (ECB 2003). These types of criteria may be protective, but
do not allow evaluation of the degree to which the criteria are likely to over- or
underprotect (TenBrook et al. 2009). Uncertainty analyses are possible with the EqP
approach if sediment toxicity data are available for the compound of interest.
Confidence limits can be estimated as the degree to which the sediment toxicity data
are predicted by the EqP model (USEPA 2003b). The EU proposes that species
sensitivity distributions can be used if data availability allows (ECB 2003). Since
sediment data are generally lacking, however, the EU protocol does not provide full
guidance on the use of SSDs with sediment data or on calculation of confidence limits.
The Netherlands (RIVM 2001) employs a SSD technique that derives criteria at given
confidence levels, but if ample data are unavailable, an assessment factor is applied to
selected data, in which case this approach does not provide confidence limits. If a SSD
is possible, confidence limits provide useful information. For a criterion derived with
50% confidence level, for example, the true no-effect level is equally likely to be above
or below the derived criterion. If a criterion is derived at a 95% confidence level, on the
other hand, only a 5% chance exists that the true no-effect level falls below the derived
criterion. Such information on statistical reliability is valuable to environmental
managers responsible for enforcing or recommending the criteria.

5 Data Required for Deriving Sediment Quality Criteria

Quality data are crucial for deriving scientifically sound SQC. All methodologies
covered in this review require both physicochemical and ecotoxicity data. The quantity
of data required to derive the criteria must also be adequate to minimize uncertainty.
Ideally long-term (chronic) spiked-sediment toxicity test data for benthic organisms
(considering various routes of exposure) should be available for contaminants across
a wide range of sediment types. This information would allow criteria to be based on
known cause and effect relationships. Although such data are limited, the goal of the
following sections is to identify the quantity and quality of data required to generate
numerical sediment criteria using various approaches worldwide.

5.1 Data Sources and Literature Searches

To evaluate, develop, and implement a methodology for SQC derivation, it is impor-
tant to identify the data sources employed by the various agencies worldwide.
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Whether an empirical, mechanistic, or spiked-sediment toxicity test approach is
taken, the specific method will dictate the source data necessary. Despite the under-
lying basis of the approach, all data should be evaluated for relevance and reliability
for deriving SQC. An ideal protocol will incorporate guidance on where and how to
find data to ensure that the most up-to-date dataset is used for the calculation.

An extensive review of data sources and literature search protocols for deriving
water quality criteria was conducted by TenBrook et al. (2009). As EqP approaches
use WQC for derivation of SQGs, the relevant data sources are the same. In the
United States, pesticide registrants must submit aquatic toxicity data to the USEPA
and to the California Department of Pesticide Regulation (CDPR) if registering for
use in California. Both agencies maintain databases of available pesticide toxicity
data, which may be obtained on request (OPP Pesticide Ecotoxicity Database (2012)
and CDPR Pesticide Data Index (CDPR 2012)). These databases comprise both
aqueous and sediment toxicity test data. In addition, the USEPA maintains the
ECOTOX database, which includes results from single-chemical toxicity studies for
aquatic and terrestrial life published in peer-reviewed literature. The Danish WQC
methodology recommends the LOGKOW (2000) database by Sangster Research
Laboratories as a source of evaluated octanol-water partition coefficients, as well as
literature searches using the BIOSIS database. Australia and New Zealand WQC
derivation methodologies recommend collecting data from international criteria
documents, the ECOTOX database, open literature, and review papers. Information
on compound physicochemical properties can be obtained from the online hazardous
substance data bank (HSDB; Verschueren 1983, most recent version Verschueren
2001 CD-ROM), and Hansch et al. (1995).

The Dutch protocol (RIVM 2001) for SQG derivation provides detailed informa-
tion on relevant data sources for both ecotoxicity and physicochemical data.
Recommended search topics include ecotoxicity data for all aquatic species (fresh-
water and saltwater), soil organisms, enzymatic activities, microbial processes,
sediment-dwelling organisms (and birds and mammals if secondary poisoning is a
concern), and partitioning coefficients. For biocide and plant protection products,
environmental fate and toxicity data must be submitted to the Dutch Board for the
Authorisation of Plant Protection Products and Biocides (Ctgb), and this informa-
tion can be requested for review and guidance. The Dutch method states that only
primary literature is to be used for SQG derivation. Kalf et al. (1999) proposed that
ecotoxicity endpoints from the registration dossier and the scientific literature
should be used together with environmental fate endpoints from the registration
materials. Online bibliographic databases are useful sources of information: BIOSIS
for ecotoxicity and physicochemical data, Chemical Abstracts for partitioning
coefficient data, and TOXLINE for mammalian ecotoxicity data. Reliable sources
for estimated or empirical physicochemical properties can be found in the hand-
books of MacKay et al. (1999) and Boethling and MacKay (2000). Libraries recom-
mended by the Dutch method include the Centre for Substance and Risk Assessment
of the National Institute for Public Health and the Environment (RIVM 2012) and
the Ctgb library (Ctgb 2012). The gray literature is searched only if time and bud-
get allow, and the secondary literature should only be used to identify primary
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sources (Kalf et al. 1999). The Dutch method requires the literature to be reviewed
as far back as 1970, or the first year of the database, so as to identify all available
literature, particularly if no extensive review article identifying all primary sources
has been published (RIVM 2001).

The USEPA database (OPP) includes acute and chronic aquatic toxicity data for
both benthic and water column-dwelling species of varying sensitivities. The proce-
dure and minimum data requirements for deriving the final chronic value are
described by USEPA (1985). This methodology states that a “complete search,
retrieval and review for any applicable data must be conducted, to locate all preex-
isting toxicity data.” It is important to reexamine the FCV of a compound to ensure
that the most up-to-date toxicity data are included. If no FCV is available for the
chemical of concern, it is suggested that one be calculated, provided that the minimum
data provisions are met as set forth by the USEPA (1985). Literature searches are also
recommended as sources of toxicity data; however, as noted, the USEPA methodology
does not specify a procedure to evaluate the quality of such literature.

The EU protocol is part of an overall risk assessment framework that calls for
“the collection of all available information by manufacturers, importers and rap-
porteur” (ECB 2003). Little information is given as to where or how to find ecotoxicity
data that is “complete and adequate” for deriving predicted no-effect concentrations
for individual chemicals. The EU protocol states that test results from peer-reviewed
journals are preferred, but quality review articles, summaries, and abstracts may
be used as supporting materials (ECB 2003). There is no mention of specific sources
of data.

The OECD and Ontario methods are based on equilibrium partitioning and do
not include recommendations for data sources. The EqP method of the UK (Rowlatt
et al. 2002) also lacks guidance on specific sources of data but requires that
published literature, commercial databases, and unpublished data (e.g., manufac-
turer’s data) be gathered for deriving environmental quality standards (Zabel and
Cole 1999). The data is to be summarized and assessed for physicochemical proper-
ties, adequacy of methodologies, environmental fate and behavior, environmental
concentrations, toxicology, and bioaccumulation (Zabel and Cole 1999).

The NOAA National Status and Trends Program has operated the national mus-
sel watch and bioeffects assessment programs for US coastal waters since 1986.
During this time, large amounts of sediment and bivalve tissue chemistry data have
been collected for a suite of organic compounds and trace metals. The bioeffects
assessment program has applied the sediment quality triad (sediment chemistry,
sediment toxicity testing, and species diversity assessment) to identify and assess
contaminant exposure effects across 40 regional studies. These monitoring efforts
have yielded a large database of matching sediment chemistry and biological effects
data (Long and Morgan 1990), which is referred to as a biological effects database
for sediments (BEDS). Because of the ongoing nature of the program, methods for
sample collection and analysis are standardized and well documented, and standard
protocols have been developed for data quality control before entry into the data-
base (Long and Morgan 1990). Agencies that derive SQGs by empirical approaches
may lack adequate local data, and these jurisdictions often use the NOAA NSTP
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database for sediment assessments and BEDS development. The NOAA database is
continuously updated as new information from these agencies becomes available.
Australia and New Zealand (ANZECC and ARMCANZ 2000), Florida (MacDonald
1994), and Canada (CCME 1995) all follow the BEDS method. The state of
Washington derived SQGs utilizing a local freshwater sediment quality database
(FEDSQUAL) of matching sediment chemistry and biological effects data from
both Oregon and Washington (Cubbage et al. 1997). The California empirical
method (SWRCB 2011) does not include a detailed methodology for data and
literature sourcing.

The Canadian method requires a comprehensive review and literature search for
the compound of interest (CCME 1995). The physicochemical properties of the
chemical are to be summarized, but the methodology does not include a description
of the source of these data or guidance on how to judge data acceptable. Toxicological
studies are to be found in the scientific literature and should be reviewed for quality
according to the procedure outlined in the NSTP methodology. The literature review
is to be used to summarize the chemical production and uses, known environmental
fate data, sources into the aquatic environment, and to help evaluate and establish
background concentrations. As the NOAA NSTP empirical approach does not
incorporate bioavailability, the Canadian method recognizes the importance of
including toxicological data from sediment exposures (CCME 1995).

To summarize, the approach taken will determine the data required to derive
SQGs, but common for all approaches is the importance of achieving the most com-
prehensive high-quality dataset. This goal can only be achieved through detailed
guidance on appropriate data sourcing, which should form an integral part of any
methodology aimed to set chemical limits for any environmental compartment
including sediment.

5.2 Physicochemical Data

Data on the physicochemical properties of a compound can be used as a starting
point for understanding how a chemical will move and persist in the environment
and which environmental compartments (viz., air, water, soil, sediment, and biota)
are at risk of chemical exposure. Each SQG derivation methodology describes
the types of physicochemical data to be gathered in different levels of detail.

5.2.1 Physicochemical Data Collection

In the Netherlands, the physicochemical data required include the International
Union of Pure and Applied Chemistry (IUPAC) name, Chemical Abstracts Service
(CAS) number, EINECS (European Inventory of Existing Commercial Substances)
number, diagram of structural formula, empirical formula, molar mass, K, water
solubility, melting point, vapor pressure, Henry’s law constant, and the acid dissociation
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constant (pK). In addition to the aforementioned parameters, K, (referred to as K
in RIVM 2001 or as K, in Kalf et al. 1999) and degradation rates (biotic and abiotic
processes) should also be obtained.

The OECD (1995) calls for the collection of chemical structure, molecular
weight, melting point, water solubility, K ., K, and pK.. The bioconcentration fac-
tor (BCF), which represents uptake from the water column, may also be required if
secondary poisoning is an issue. Experimentally determined BCFs are preferred
over those estimated from the K because BCF depends on other factors such as
metabolism of the chemical within the organism.

The minimum physicochemical data requirement of the USEPA methodology is
the K, although an experimentally determined K is preferred (Di Toro et al. 2002).
The requirements of the UK (Rowlatt et al. 2002) and Ontario (Persaud et al. 1993)
methodologies are similar. The EqP criterion calculation of these jurisdictions uses the
K, which may be estimated from the K_ . The Ontario method requires at least three
estimates of the K to set a SQG using the EqP approach (Persaud et al. 1993).

Empirical approaches mainly use matching sediment chemistry and biological
effects data from field-collected sediments for calculating effects range concentra-
tions. Compound physicochemical properties are thus not a requirement, and little
guidance is provided for the collection of such data by the empirical methods
(NOAA NSTP, Canada, Ontario, and California). It is important to note, however,
that physicochemical data are crucial for understanding chemical transport and
transformation processes in the sediment.

5.2.2 Quality Assurance for Physicochemical Data

It is extremely important to have accurate physicochemical data, particularly K or
K values, because these are directly used for deriving SQGs in the EqP approach.
Partition coefficients of highly insoluble chemicals, such as pyrethroids, are difficult
to determine experimentally, and values for these compounds can vary by orders of
magnitudes in the literature. To overcome this variability, the USEPA (Di Toro et al.
2002) and Dutch (RIVM 2001) EqP methods provide specific guidance to address
data quality issues associated with partition coefficients required to calculate SQGs.
The USEPA EqP method recommends using K s from Karickhoff and Long (1995)
and Long and Karickhoff (1996) to calculate the K  when available. When other
literature-based K__s are used, these should be obtained from studies applying newer
experimental methodologies such as the slow stir method (de Bruijn et al. 1989) and
the generator column method (Woodburn et al. 1984). Site-specific K s are not
considered in the USEPA methodology. It is proposed, however, that sediment-
water isotherms are generated and normalized for OC content during routine test-
ing; such isotherms can be used for calculation of K without additional testing (Di
Toro et al. 2002). As EqP-derived SQGs are based on WQC, other physicochemical
data quality issues would be identical to those used in WQC derivation and sum-
marized by TenBrook et al. (2009).

The Dutch method specifies that chemical water solubility, Henry’s law constant,
log K, and K, should be gathered as background information for SQG derivation
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(RIVM 2001). The method requires that the K, be experimentally determined
following the protocol for batch isotherm experiments for organics described by
Bockting et al. (1993). All information related to the K| is considered useful. The
Freundlich exponent (1/n) is particularly important as this corrects for the influence
of increasing contaminant load on the adsorption isotherm (Mensink et al. 1995).
Only K s with a Freundlich exponent between 0.7 and 1.1 should be used in the
SQG calculation according to Kalf et al. (1999). The humus, organic matter, or
organic carbon content must be reported along with the K. Temperature is an impor-
tant variable to be considered when measuring equilibrium-based values such as K,
water solubility, vapor pressure, and Henry’s constant. The Dutch method considers
the standard temperature for laboratory toxicity tests of 25°C to be appropriate.
Additional information includes pH, cation exchange capacity, and the ability to
calculate a mass balance from the data (preferably both water and sediment mea-
sured concentrations). If experimental K data are lacking, values can be collected
from the SRC database or handbooks (e.g., MacKay et al. 1999). If K cannot be
obtained from the literature, it can be estimated from K. The recommended quan-
titative structure activity relationship (QSAR) for this calculation is the regression
equation of Gerstl (1990):

logK, =alogK_ , +b, 2)

where a and b are constants for specific groups of chemicals as presented in the
Dutch method (RIVM 2001).

During environmental breakdown, chemicals may form toxic metabolites, which
can be relevant to set environmental quality criteria. The Dutch method applies
chemical degradation information to assess whether it is appropriate to test the par-
ent compound, the degradation product(s), or both for toxicity. As degradation via
hydrolysis can be relatively fast, RIVM researchers developed a decision tree for
testing of compounds with hydrolysis as the main breakdown route (Kalf et al.
1999; Mensink et al. 1995). Decisions are made based on the degradation half time
(DT,); that is, for DT, values that are <4 h, tests are initiated with the metabolite(s),
for DT, equal to or exceeding 24 h, tests are initiated with the parent compound,
and if DT, values are between 4 and 24 h, expert judgment is used to determine
whether to test the parent compound, the metabolite(s), or both (Kalf et al. 1999).
This decision tree has been used for deriving harmonized maximum permissible
concentrations in the Netherlands.

The EU method states that measured K s are preferred but may be estimated
from K or K (ECB 2003). Solid-water partition coefficients may be obtained
from direct measurement, simulation testing, measured by adsorption studies or the
high-pressure liquid chromatography (HPLC) method, or estimated from the K_
using QSARs. The OECD (1995) requires the K to be determined using the slow
stir or generator column methods for compounds with log K >5. Expert evaluation
of the values is also recommended by the OECD to ensure high data quality.
Ontario’s EqP method states that both measured and calculated K s may be used to
determine K but that experimentally derived K  data should be used for SQG
calculation whenever possible (Persaud et al. 1993). At least three estimates of
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partition coefficients are required to set a SQG using the EqP approach. If less than
three values are available, the SQG is considered tentative.

If bioconcentration or bioaccumulation is of concern (i.e., log K  >3), the BCF
and/or the sediment (or soil) accumulation factors can be obtained or calculated
from experimental studies. Dutch methods recommend that the selected studies
include information such as species, species properties (e.g., age, size, weight,
lifestage, sex, if known), test type (semi-static, static, continuous flow, intermittent
flow), water properties (hardness or salinity), exposure time and concentration, time
to equilibrium, and dry to wet wt. ratio (RIVM 2001). The USEPA provides criteria,
to which studies must adhere, to use associated BCFs for deriving final tissue residue
values (USEPA 1985, detailed in TenBrook et al. 2009). Briefly, BCFs must be
based on concentrations measured in tissue and test solution in flow-through experi-
ments conducted at steady-state conditions. The percent lipid in tissue must be
reported for lipophilic compounds, and chemical concentrations should be reported
on a wet wt. basis. Where more than one BCF are available for similar exposure
conditions, the geometric mean of all values across species is to be applied.

5.3 Ecotoxicity Data

Available ecotoxicological information generally spans short-term to long-term
chemical exposure studies that employ a variety of endpoints (lethal, sublethal, bio-
chemical). Ecotoxicity data are generated through both single- and multiple-species
tests performed in both laboratory and field studies. TenBrook et al. (2009) details
the different types of ecotoxicity data found in the literature. Data include values
representing various degrees of toxicity including lethal and effects concentrations
(LC/EC)) derived through a range of aqueous and sediment exposure toxicity tests.
While internationally accepted protocols for aquatic toxicity testing have been in
place for over a decade, many of the standard methods for sediment toxicity testing
are still undergoing development and/or validation as new research on appropriate
test organisms, endpoints, and variation across sediments is finalized. Many of the
test methods developed by the USEPA, OECD, and ASTM are therefore considered
guidelines that are yet to be fully validated. Jurisdictions using the EqP approach
often rationalize the implementation of such an indirect approach by this lack of
standard protocols for sediment toxicity testing and the consequent data shortage.

5.3.1 Acute Versus Chronic Exposure

Sediment quality criteria aim to be protective of aquatic life during both short-term
transient exposures and long-term continuous exposures. Different types of toxicity
tests have been developed to assess both long- and short-term effects of sediment
contaminants on benthic organisms. Acute tests are conducted through short-term
exposure and generally measure mortality or immobility, while chronic tests are
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reflective of long-term exposure and endpoints such as survival, growth, emergence,
and reproduction. The USEPA Office of Research and Development (USEPA
2000a), USEPA Office of Prevention, Pesticides, and Toxic Substances (USEPA
19964, b, ¢, d, e, f, g, h, i, j), OECD (1992, 2004a, b, ¢, 2007, 2008), Environment
Canada (1997a, b), and ASTM (2004, 20064, b, 2007a, b, 2008a, b, c, d, 2010) have
all developed standardized methods for sediment toxicity testing.

The current ASTM method for toxicity testing of sediment-associated contami-
nants with freshwater invertebrates specifies that short-term (acute) tests are of
10-day duration and include both survival and growth endpoints (ASTM E 1706-05,
ASTM 2008a). Long-term (chronic) tests for Hyalella azteca should be conducted
over 42 days with endpoints measured at 28, 35, and 42 days including survival,
growth, and reproduction, while a long-term test for Chironomus dilutus (formerly
C. tentans) entails a 20-day life-cycle test with endpoints of growth, survival, repro-
duction, and emergence. The USEPA Office of Prevention, Pesticides and Toxic
Substances protocol OPPTS 850.1735 also describes a method for acute sediment
toxicity testing with the freshwater organisms H. azteca and Chironomus tentans
(USEPA 1996c¢).

Definitions of acute and chronic test durations are not always consistent across
SQG methodologies. Test durations should reflect species life-cycle durations,
which can vary substantially among taxa. A USEPA report defined, however, acute
laboratory sediment toxicity tests lasting 10-14 days as being acute and tests of
21-60 days duration as being chronic (Ingersoll and MacDonald 2002). These
definitions are consistent with the ASTM sediment toxicity test guidelines for inver-
tebrates described above. The definitions of acute and chronic test durations given
in the Dutch method differ somewhat from those stated by the USEPA. The Dutch
guidelines give the following taxa-specific definitions for exposure: For algae and
protozoa, tests of 3—4 days are considered chronic (longer exposure is accepted if
growth is still in the exponential phase); for Crustacea and Insecta, test durations of
48 or 96 h are considered acute; for Pisces, Mollusca, and Amphibia, 96-h tests are
considered acute, while 28-day early lifestage tests are considered to be chronic
(RIVM 2001).

The Canadian methodology does not specifically define acute and chronic toxicity
but does state that “ideally, SQGs should be developed from detailed dose—response
data that describe the acute and chronic toxicity of individual chemicals in sediment
to sensitive lifestages of sensitive species of aquatic organisms” (CCME 1995).
In this method, the minimum requirements of four data must include at least two
chronic tests covering partial or full life cycles.

Washington State defines an acute test as a “measurement of biological effects
using surface sediment bioassays that are short in duration compared to the life-
cycle of the test organism” (WAC 1995). Acute effects include mortality, larval
abnormalities, or other endpoints deemed appropriate. Chronic tests are defined as
measurements of biological effects using surface sediment bioassays over a period
not less than one complete life cycle of the test organism. The term chronic also
includes evaluations of indigenous field organisms for long-term effects, as well as
the effects of biomagnification and bioaccumulation. “Chronic effects may include
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mortality, reduced growth, impaired reproduction, histopathological abnormalities,
adverse effects to birds and mammals or other endpoints determined appropriate”
(WAC 1995).

Unlike exposures in the water column, benthic invertebrates are typically exposed
to sediment contaminants for extended periods of time because of the accumulative
nature of bedded sediments (Ingersoll and MacDonald 2002). In a study by the
USEPA (2000b), long-term (chronic) sediment toxicity tests with growth and
survival endpoints tended to be more sensitive than short-term (acute) tests. Based
on these findings, Ingersoll and MacDonald (2002) recommended that chronic tox-
icity tests are more relevant for predicting effects in aquatic ecosystems and should
be used to assess effects of contaminated sediment on aquatic organisms.

5.3.2 Hypothesis Tests Versus Regression Analysis

Two main options exist for analyzing ecotoxicological data; these are regression
analysis and hypothesis testing. In regression analysis, concentration-effect data are
plotted to derive a regression equation, from which it is possible to predict the
concentration-effect pair for any given effect level (i.e., LC/EC)) (Stephan and
Rogers 1985). Hypothesis testing compares effects data for treatment and control
groups to elucidate the concentration level that causes a statistically significant dif-
ference from the control (Stephan and Rogers 1985). The highest concentration for
which responses are not statistically significantly different from the control is termed
the no observed effect concentration or level (NOEC or NOEL),whereas the lowest
concentration causing a statistically significantly different response compared to the
control is referred to as the lowest observed effect concentration or level (LOEC or
LOEL). The maximum acceptable toxicant concentration (MATC) is the geometric
mean of the NOEC and LOEC. Hypothesis testing is typically used for chronic tests
covering full, partial, or early lifestages, while regression analysis is more com-
monly used with acute exposure tests. The advantages and disadvantages of the two
statistical approaches are discussed in relation to WQC by TenBrook et al. (2009),
and similar concepts apply for SQC. Regression methods are the overall preferred
tool, but chronic threshold values derived by hypothesis testing are acceptable to
make use of valuable limited chronic exposure data.

5.3.3 Single-Species (Laboratory) Versus Multispecies
(Field/Semi-field) Data

Single-species laboratory tests are standardized and relatively easy to interpret.
Data are used directly in the SSTT approach for criteria derivation, indirectly in the
EqP approach for verification, and as supplementary data in co-occurrence datasets
for empirical approaches. Although multispecies laboratory tests, field studies,
mesocosm, and microcosm tests better approximate natural ecosystems, these types
of tests are less standardized, often lack replication, and are difficult to interpret
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(TenBrook et al. 2009). As also concluded for WQC, multispecies studies are useful
supplementary tools, but unlikely to be used as sole data sources for sediment qual-
ity criteria due to comparatively limited cost-effectiveness, reproducibility, and reli-
ability (TenBrook et al. 2009).

Several methodologies propose the use of multispecies field studies in the final
stages of criteria derivation. Both the Netherlands (RIVM 2001) and the EU (ECB
2003) methods recommend comparing the results of multispecies field studies to
criteria derived from single-species laboratory toxicity tests. These methods note
that it is more difficult to interpret field studies than controlled laboratory tests,
due to the variation in test parameters and exposures for field studies. The Dutch
method offers a set of criteria by which field data can be evaluated. The Dutch
method further advises that NOECs from multispecies tests should be compared
to the derived criteria to establish if these are at risk of being underprotective of
ecosystems (RIVM 2001).

5.3.4 Traditional Versus Nontraditional Endpoints

Traditional endpoints of standard test methods include responses such as survival,
growth, and reproduction that are clearly linked to population-level effects.
Traditional endpoints are recommended for use in all reviewed methodologies,
although nontraditional endpoints are used by some methods on a case-by-case
basis. Examples of nontraditional endpoints include endocrine disruption, enzyme
induction and inhibition, behavioral and histological effects, stress protein induc-
tion, altered RNA and DNA levels, mutagenicity, and carcinogenicity (TenBrook
et al. 2009).

The Canadian guidelines advocate that toxicity tests should follow standard
methods for assessing ecologically relevant endpoints, which include survival,
growth, reproduction, and developmental effects (CCME 1995). Similarly, the
Netherlands methodology only employs data for population-level endpoints, such
as survival, growth, and reproduction (RIVM 2001). Examples of reproductive
effects included in the Dutch protocol are histopathological effects on reproductive
organs, spermatogenesis, fertility, pregnancy rate, number of eggs produced, egg
fertility, and hatchability (RIVM 2001). The Dutch method further recommends
that data for additional endpoints may be compared to the derived criteria (RIVM
2001). This additional information can help ensure that the derived criteria are protec-
tive, particularly for chemicals that have specific modes of action (e.g., phthalates,
which are suspected endocrine disruptors).

The EU method endorses using studies in which standard endpoints are not
applied (i.e., related to survival, growth, or reproduction) if an expert judges that
such data can be included with standard endpoints (ECB 2003). Standard endpoints
in the EU protocol include emergence, sediment avoidance, and burrowing activity,
in addition to survival, growth, and reproduction (ECB 2003). Nontraditional
endpoints used in the EU may include other behavioral effects, photosynthesis, or
cellular and subcellular effects.
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5.3.5 Data Estimated from Interspecies Relationships

For many species likely to be present in ecosystems, no toxicity data are available.
To increase the number of species represented in SQC without performing addi-
tional toxicity tests, it has been proposed that toxicity values can be estimated based
on interspecies relationships. For aquatic toxicity data, the USEPA has developed a
program to estimate acute toxicity for untested species based on available data for
more common test species (Raimondo et al. 2010). Unfortunately, the USEPA pro-
gram does not include data for sediment exposures, and thus, this software is not
applicable for derivation of sediment quality criteria. No alternative interspecies
correlation approaches were identified that included sediment exposures.

5.3.6 Ecotoxicity Data Quality Assurance

Data quality is generally assured by means of standardized protocols for toxicity
testing. In the development of SQGs, different types of protocols have been used,
depending on the experimental question being addressed. This section reviews sedi-
ment toxicity tests used for empirical approaches, as well as spiked-sediment toxic-
ity tests applicable for deriving SQC using species sensitivity distributions or
assessment factors. Strategies to evaluate if individual studies comply with standard
methods are also reviewed.

Standard Methods

A list of selected current standard sediment toxicity testing methods and related
protocols is provided in Table 4. The Dutch method highlighted a lack of interna-
tionally accepted protocols for toxicity testing in sediment-water systems (RIVM
2001). Since this publication, standard methods have become available from several
jurisdictions, and these are further described below.

The ASTM E 1706-05 method entitled “Standard test methods for measuring the
toxicity of sediment-associated contaminants with freshwater invertebrates”
describes 10-day testing protocols for Hyalella azteca and Chironomus dilutus,
using whole sediments from field-collected or laboratory-spiked sediments (ASTM
2008a). This method also provides guidance on conducting short-term sediment
toxicity tests with Chironomus riparius, Daphnia magna, Ceriodaphnia dubia,
Hexagenia spp., Tubifex tubifex, and Diporeia spp. Further, ASTM 1706-05 pro-
vides instructions for long-term sediment toxicity testing, initially developed for
testing with H. azteca and C. dilutus but applicable to all of the above-named organ-
isms. Bioaccumulation tests with sediment-associated contaminants are addressed
in a separate method (ASTM 1688-10), which details a 28-day study with the oli-
gochaete Lumbriculus variegatus (ASTM 2010). According to ASTM 1706-05,
future method updates will include results of research into the use of formulated
sediment, refinement of sediment-spiking procedures, and evaluation of endpoint
sensitivities (ASTM 2008a).
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Table 4 List of selected sediment toxicity testing methods and related protocols

Method Source

Method ID

Title

USEPA 1996a
USEPA 1996b
USEPA 1996¢
USEPA 1996d
USEPA 1996e
USEPA 1996f

USEPA 1996g
USEPA 1996h
USEPA 1996i

USEPA 1996

ASTM (2008a)

ASTM (2008b)

ASTM (2008c)

ASTM (2008d)
ASTM (2010)
ASTM (2006a)
ASTM (2007b)
ASTM (2006b)
ASTM (2004)

USEPA (1994b)

USEPA (1994a)
OECD (2004a)
OECD (2004b)
OECD (2007)
OECD (1992)

OECD (2004c)
OECD (2008)

850. 1735 (S)

850.
850.
850.
850.
850.
850.
850.

1740
1790
1800
1850
1900
1925
1950
850. 1010
850. 1075
E 1706-05

(2008)
E 1367-03

(2008)

E 1391-03
(2008)

E 1525-02
(2008)
E 1688-10

E 2455-06
E 2591-07

E 1295-01
(2006)

E 1193-97
(2004)

EPA 600-
R24-024

EPA 905-R94-
002

218

219

225

210

202
211

Whole sediment acute (or chronic) toxicity: invertebrates,
freshwater

Whole sediment acute toxicity: invertebrates, marine

Chironomid sediment toxicity test

Tadpole/sediment subchronic toxicity test

Aquatic food chain transfer

Generic freshwater microcosm test, laboratory

Site-specific aquatic microcosm test, laboratory

Field testing for aquatic organisms

Aquatic invertebrate acute toxicity test, freshwater, daphnids

Fish acute toxicity test, freshwater, and marine

Standard tests method for measuring the toxicity of sediment-
associated contaminants with freshwater invertebrates

Standard test method for measuring the toxicity of sediment-
associated contaminants with estuarine and marine
invertebrates

Standard guide for collection, storage, characterization, and
manipulation of sediments for toxicological testing and for
selection of samplers used to collect benthic invertebrates

Standard guide for designing biological tests with sediments

Standard guide for determination of the bioaccumulation of
sediment-associated contaminants by benthic invertebrates

Standard guide for conducting laboratory toxicity tests with
freshwater mussels

Standard guide for conducting whole sediment toxicity tests
with amphibians

Standard guide for conducting three-brood, renewal toxicity
tests with Ceriodaphnia dubia

Standard guide for conducting Daphnia magna life-cycle
toxicity tests

Methods for measuring the toxicity and bioaccumulation of
sediment-associated contaminants with freshwater
invertebrates

Assessment guidance document, Great Lakes Program (EPA
600-R94-025; EPA 600-R99-064)

OECD No. 218: Sediment-water chironomid toxicity using
spiked sediment

OECD No. 219: Sediment-water chironomid toxicity using
spiked water

OECD No. 225: Sediment-water Lumbriculus toxicity test
using spiked sediment

OECD No. 210: Fish, early-life stage toxicity test

OECD No. 202: Daphnia sp. acute immobilization test

OECD No. 211: Daphnia magna reproduction test

ASTM =American Society for Testing and Materials, OECD=0Organisation for Economic
Co-operation and Development, OPPTS =Office of Prevention, Pesticides and Toxic Substances,
USEPA =United States Environmental Protection Agency
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The ASTM 1706-05 method includes freshwater organisms with different feeding
and habitat requirements (Table 5). As data for Hexagenia spp., T. tubifex, and
Diporeia spp. are comparatively less robust (relative to data available for H. azteca
and C. dilutus), the protocols for these species are currently considered to be guide-
lines only (ASTM 2008a). In addition to this method for invertebrates, an ASTM
protocol is available for conducting sediment toxicity tests with amphibians (ASTM
E 2591-07, ASTM 2007b). The amphibian protocol is, however, also considered to
be only a guideline, rather than an official test method. The lack of standard proto-
cols for sediment toxicity testing toward a wider range of benthic community mem-
bers is a major limitation of SSTT derivation methodologies, but it should be noted
that some guidance is available and further standard methods development appears
to be underway.

The USEPA Office of Prevention, Pesticides and Toxic Substances (OPPTS),
which was recently renamed the Office of Chemical Safety and Pollution Prevention
(OCSPP), has developed harmonized test guidelines for registering pesticides and
toxic substances. The goal of harmonization is to minimize the variation among the
testing procedures used to fulfill data requirements for the Toxic Substance Control
Act and the Federal Insecticide, Fungicide, and Rodenticide Act. These harmonized
procedures combine testing guidance from the OECD, USEPA Office of Pollution
Prevention and Toxics (OPPT), and the USEPA Office of Pesticides Programs
(OPP). The OPPTS 850.1735 method (USEPA 1996c, Sect. 5.3.1) was adapted
from the USEPA protocol entitled “Methods for measuring the toxicity and bioac-
cumulation of sediment-associated contaminants with freshwater invertebrates”
(EPA 600-R24-024, USEPA 1994b). This method represents the harmonized
version of the USEPA’s ecological effects test methods for sediment tests with
freshwater invertebrates. Although the OPPTS series 850 guidelines (including
USEPA 19964, b, c, d, e, f, g, h, i, j) are not considered final, these may be applied
for protocol development.

Fleming et al. (1996) performed intra- and inter-laboratory comparisons of sedi-
ment toxicity tests and found that most of the variability between test results could
be attributed to sediment-spiking procedures. It was proposed that standardized
spiking methods would need to address sediment heterogeneity, appropriate charac-
terization of the variables controlling sorption and bioavailability, equilibration, and
aging times. Fuchsman and Barber (2000) suggest a simpler solution to address
sediment-spiking issues, which involves pre- and posttest measurement of sediment
concentrations to confirm test exposures and assess chemical loss over the exposure
duration. Sediment-spiking instructions recommended by the ASTM include
confirmation of sediment concentrations before toxicity test initiation (ASTM E
1367-03, ASTM 2008Db).

Data Relevance and Reliability

A detailed description of the processes by which aquatic ecotoxicity data are judged
for quality in the Netherlands, UK, Canada, and Australia/New Zealand is presented
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by TenBrook et al. (2009). EU protocols only accept ecotoxicological data for deriving
criteria if these are adequate, complete, and have been acquired using standardized,
internationally accepted protocols (Table 4). Test procedures and designs that
deviate from the standard are usually reviewed against measures that use best
professional judgment (ECB 2003). The adequacy of a study is determined by its
reliability and relevance. Reliability is evaluated by the quality and description of
the test method used (i.e., ASTM, OECD, and/or USEPA test methods with good
laboratory practice). A relevant study is designed to test appropriate endpoints under
relevant conditions and a test compound that is representative of the chemical
being assessed.

In the Netherlands, the quality of ecotoxicological data is ranked according to a
reliability index (RIVM 2001). A score of 1 applies to a study using a methodology
that is in accordance with accepted international test guidelines and/or Mensink
et al. (1995), a score of 2 indicates less accord with accepted test methods, and a
score of 3 applies to data that is of inadequate reliability to calculate the maximum
permissible concentration. The Dutch method further requires that the purity of the
test substance is at least 80%. Data generated from a less pure substance may not be
included directly for SQG derivation, but can be used as supporting information.
An exception is made for granulates and wettable powders of purity between 20 and
80% if absences of carrier toxicity have been established. Studies using polluted
animals are rejected, and aquatic studies must demonstrate at least 80% recovery of
the test substance, which may not be tested at concentrations exceeding ten times its
aqueous solubility and/or with a solvent concentration exceeding 1 mL/L. Sediment
toxicity test requirements are less detailed than those for aquatic studies. However,
the Dutch methodology recommends evaluation of certain test parameters, including
sediment characteristics (% organic carbon, particle size distribution, field, or
standard sediment), the amount of sediment and water used, test method (static or
flow-through), spiking method, measured chemical concentrations (i.e., in sediment
and/or water) if at steady state, system description (i.e., suspended or bedded sedi-
ment), and exposure route.

In Canada, “accurate and precise” data generated using standard sampling tech-
niques and appropriate test methods are important to maintain data integrity.
Sediment characteristics also need to be determined (e.g., grain size, total organic
carbon (TOCQ)) for interpretation of biological effects. The CCME (1995) specifically
states that test methods should include light and dark cycles and should verify the
condition of test organisms throughout the duration of exposure. Chemical concentra-
tions should be measured in water at the beginning and end of the test, in both overly-
ing water and sediment compartments. Data on the health and survival of the test
organism before exposure should be documented for at least 1 week prior the start of
the test. Test organisms should not be used if significant mortality has occurred during
this time frame.

The NSTP empirical approach used in Canada also requires quality ecotoxicity
data for incorporation into a BEDS. A detailed description of the evaluation of
ecotoxicity data is provided by CCME (1995). To ensure high-quality data, sampling,
storage, and handling of sediments should be consistent with standard protocols
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(e.g., ASTM 2008a, b, c, d; Environment Canada 1994; Loring and Rantala 1992).
In terms of holding time and storage, sediments should be tested within 2 weeks of
collection and must not be frozen. Accepted toxicity tests are those that follow stan-
dard protocols (e.g., ASTM 1990a, b; Environment Canada 1992a, b, c, 1995).
Nonstandard toxicity testing methods should be evaluated on a case-by-case basis.
Sediment chemical concentrations must be measured by appropriate analytical
techniques at a number of time points dependent on the chemical and test duration.
Nominal concentrations are not acceptable (CCME 1995). The sediment should be
characterized for TOC, particle size distribution, acid volatile sulfides, pH, redox
conditions, and sediment type, while overlying water should be characterized for pH,
dissolved oxygen, total suspended solids, suspended and dissolved organic carbon,
and water hardness (and/or alkalinity) or salinity. Embryonic development, early
lifestage survival, growth, reproduction, and adult survival are preferred endpoints,
although other endpoints related to organism pathology or behavior (avoidance,
burrowing) may also be considered. It is obligatory to monitor control survival and
response, which must be within acceptable limits and appropriate for the lifestage
of the organism tested. Static, static renewal, or flow-through aquatic ecotoxicity
tests may be included in the dataset for sediment assessment using the Canadian
NSTP methodology. Maintenance of adequate environmental conditions must be
demonstrated for the test duration. Data that lack sufficient information to assess the
adequacy of the test design, procedures, and/or results must be excluded from SQG
derivation.

The California State Water Resources Control Board (SWRCB) requires that all
test methods adhere to USEPA or ASTM methodologies or obtain approval by the
State and Regional Water Boards (SWRCB 2011). In Washington, a quality assurance
grade has been applied to each piece of data entered into the database and made avail-
able for reference. The grade (A-F) is assigned to each investigation based on proto-
cols conducted and presented in the final report. The grade may not be directly
representative of data quality but reflects the quality of the amount and types of quality
assurance procedures completed in the investigation (Cubbage et al. 1997).

5.3.7 Required Quantity of Ecotoxicity Data

A full review of the data quantity required for calculation of WQC used in the EqP
approach is presented by TenBrook et al. (2009). Direct SQG derivation methods
that utilize data from sediment toxicity tests are, albeit limited, the focus of the cur-
rent review. The Canadian SSTT approach outlines that the minimum dataset for
deriving freshwater SQGs must include at least four studies on at least two or more
sediment-residing invertebrate species found in North American waters (CCME
1995). One benthic arthropod and benthic crustacean species must be included, and
at least two of the studies must be partial or full life-cycle tests that consider eco-
logically relevant endpoints (e.g., growth, reproduction, developmental effects).
It is also recommended that “ecologically relevant species” are the focus of the data
review (CCME 1995). Alternatively, the Canadian NSTP-based approach for
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interim sediment quality guideline derivation requires at least 20 entries into the
effects and no-effect dataset (CCME 1995). The Dutch method states that when
sediment toxicity data are lacking, aquatic toxicity data can be used to indirectly
calculate the sediment maximum permissible concentration via the EqP approach
(RIVM 2001). Similar to the Canadian NSTP approach, Ontario’s use of the screening
level concentration (SLC) empirical approach provides guidance on effects and no-
effect database construction (Persaud et al. 1993). The range of concentrations
entered into the database should span two orders of magnitude and comprise both
heavily contaminated and relatively clean sites. At least 75% of the database entries
must represent benthic infaunal species, with proper taxonomic identification to at
least the genus level. A minimum of ten observations are required to set a species
SLC (SSLC), and at least 20 different SSLCs are required for SLC calculation
(Persaud et al. 1993).

The SWRCB method for California requires completion of a minimum of one
short-term survival test and one sublethal test for each sediment sample collected
from each station (SWRCB 2011). Short-term tests should comprise 10-day whole
sediment exposures testing survival in acceptable test organisms tolerant of the
sample salinity and grain size characteristics (i.e., Eohaustorius estuarius, Hyalella
azteca, Leptocheirus plumulosus, Rhepoxynius abronius). Acceptable sublethal
testing methods are whole sediment 28-day exposures, in which growth in Neanthes
arenaceodentata is measured. A 48-h sediment-water interface exposure test using
embryo development as the endpoint in Mytilus galloprovincialis is also accepted for
sublethal testing. Sediment toxicity results are compared and categorized as nontoxic,
low toxicity, moderate toxicity, and high toxicity relative to control performance
(SWRCB 2011). The average of all test responses determines the final line of evi-
dence category, and if the average falls between two categories, the higher response
category is to be selected (SWRCB 2011).

In a study concerning the Great Lakes region, Burton et al. (1996) proposed that
for field bioassays to adequately detect sediment toxicity, the test design should
comprise 2-3 assays of various combinations of Hyalella azteca, Chironomus
tentans, Chironomus riparius, Ceriodaphnia dubia, Daphnia magna, Pimephales
promelas, Hexagenia bilineata, Diporeia spp., Hydrilla verticillata, and Lemna
minor.

5.4 Quantitative Structure Activity Relationships (QSARs)

A QSAR is amathematical model that describes the relationship between a compound’s
structure and its toxicity. TenBrook et al. discussed the role of QSARs in filling data
gaps for WQC derivation (TenBrook et al. 2009). With respect to sediment quality
criteria, QSARs may facilitate prediction of K from K (RIVM 2001). For pesticides
with specific modes of action, such as the pyrethroids and organophosphates, QSAR
models are still in the early stages of development but may be of use in the future
(Zvinavashe et al. 2009).
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5.5 Data Combination and Exclusion

Final data processing may entail combining and/or excluding data when multiple
data exist for a single species. While many criteria derivation methodologies have
defined guidelines for processing of aquatic data, only the Dutch method specifically
contains such guidelines for sediment data. Most other methods simply assume that
multiple data issues will not be encountered for benthic species, either because
multiple data will not exist or because aquatic data are used to derive SQC via the
EqP approach. Most WQC guidelines recommend using the geometric mean over
the arithmetic mean as the most appropriate estimate across multiple data (TenBrook
et al. 2009).

In the Netherlands, for a given chemical and toxicity value (e.g., LC & VS NOEC),
toxicity data are selected to achieve one single reliable value for each species (RIVM
2001). To exclude or combine data, the following guidance is given: (1) The geo-
metric mean of multiple data based on the same endpoint should be calculated for
each species; (2) if data exist for multiple endpoints for a given species, the most
sensitive endpoint is selected; and (3) if data exist for different lifestages of a given
species, the most sensitive lifestage is selected. The Dutch guidelines also describe
a method for converting chronic data to NOECs (detailed in TenBrook et al. 2009).

The EU method defines how to reduce data for the aquatic compartment; however,
it assumes that data refinement is unnecessary for benthic organisms as multiple
data are not expected to be available for any one species (ECB 2003). If a sediment
criterion is calculated by the EqP approach using aqueous data, data reduction
procedures would follow those for aquatic guidelines (outlined in TenBrook et al.
2009). These EU data refinement approaches may also be useful for benthic data, in
cases where regulators are presented with multiple data for one species. As the
OECD (1995) employs the EqP approach for SQC derivation, this method does not
offer guidance for reduction of sediment data.

SSTT data are likely to be few. Yet, for the most common test species, such as
Hyalella azteca and Chironomus dilutus, multiple data may exist and future methods
should disclose guidance on how to select the most appropriate endpoint or duration
for use in criteria derivation. Similar guidance as defined in WQC methods may be
useful for refining multiple data for a given endpoint/species combination for SQC.

6 Criteria Calculation

The goal of this section is to present the various existing approaches for deriving
sediment quality criteria. The review focuses on EqP and SSTT methodologies,
including the assessment factor (AF) and species sensitivity distribution approaches.
Although there are limitations to the empirical approaches for deriving single
numeric criteria (Sect. 2.2), a discussion of these practices is also included. Issues
related to mixture toxicity, bioaccumulation, secondary poisoning, threatened and
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endangered species, harmonization of criteria across environmental compartments,
and data utilization are relevant for criteria derivation, and the importance of these
factors are discussed throughout this section.

6.1 Exposure Considerations

To establish suitable sediment quality criteria, it is important to consider the exposure
factors that affect sediment toxicity. Relevant factors of exposure include the
magnitude, duration, and frequency of exposure as well as exposure routes and
sediment/particulate characteristics, which contribute to bioavailability. In this section,
we summarize the considerations made for the different methodologies, in regards
to sediment-associated exposure, as well as the most recent research on the topic.

6.1.1 Magnitude, Duration, and Frequency

Exposures to sediment contaminants vary in magnitude, duration, and frequency,
depending on the particular environmental conditions. TenBrook et al. (2009, 2010)
proposed to define water quality criteria in terms of magnitude, duration, and fre-
quency to determine exceedances, which closely follows the guidance in the USEPA
(1985) methodology; the discussion below will address these aspects with regard to
sediment quality criteria. TenBrook et al. (2009) give the example that “a criterion
designed to protect against ongoing, chronic toxicant exposure that is stated in terms
of magnitude only will be overprotective in cases of brief, mild excursions above the
criterion, but will be underprotective in cases of brief, large excursions.” To arrive at
appropriate criteria, two approaches can be taken with respect to magnitude, dura-
tion, and frequency: (1) “Incorporate some combination of magnitude, duration and
frequency in each criterion statement” or (2) “derive the magnitude only and leave
duration and frequency determinations to site-specific management decisions”
(TenBrook et al. 2009). All the reviewed methodologies address the numeric magnitude
of a SQC; however, the duration and frequency components are only considered
indirectly through guidance on compliance monitoring.

Exposure duration is an important consideration for areas that experience regular
short-term toxic pulses, such as the Sacramento and San Joaquin River basins
(Bailey et al. 2000; Dileanis et al. 2003; Kratzer et al. 2002), which regularly receive
runoff from rain events and agricultural discharges. Chronic effects predictions are
complicated for pulse exposures because long-term effects are determined by details
of the specific exposure scenario in question (Forbes and Cold 2005). Although brief
exposures to sediment-bound pesticides that cause short-term adverse effects to ben-
thic organisms have been reported in some studies (Balthis et al. 2010; Hose et al.
2002), it is not clear if short-term exposures to deposited sediment contaminants
will cause long-term adverse effects (Forbes and Cold 2005). A further consider-
ation, however, is that repeated pulses may not allow full recovery after exposure
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(Wallace et al. 1989). Together, the magnitude and duration aspects address the
differences between pulse emissions and ongoing chronic exposure that result from
the accumulation of residues in sediments. In WQC, the aspect of duration has often
been addressed by deriving two separate criteria of different magnitude (i.e., acute and
chronic criteria), while all SQG methods recommend deriving a single (typically
chronic) value. The USEPA EqP methodology, for example, determines a single
chronic SQG, utilizing only the final chronic value of the WQC, although acute
values are available. A similar approach is taken by EqP methodologies of other
jurisdictions (the Netherlands, EU, Ontario, France, OECD, and UK). One explana-
tion for prioritizing chronic exposure data is that chronic values and hence, the result-
ing magnitude of criteria should be reflective of long-term exposures and in that sense,
indirectly incorporate duration. Furthermore, the USEPA (2003a, 2003b) states that
the duration and frequency components are irrelevant for SQGs, because it is expected
that the concentration of sediment contaminants will be relatively stable over time,
leading to chronic, relatively constant exposures of benthic species.

The frequency of exceedance component is designed to ensure that an ecosystem
impacted by an excursion of the criterion has time to fully recover before another
excursion may occur, because it is assumed that adverse effects may be compounded
by multiple excursions without recovery. Toxicological studies of pesticide-con-
taminated sediment indicate that recovery times are dependent on many variables
and can vary from as little as 1 month up to 3 years (Balthis et al. 2010; Caquet et al.
2007; Hatakeyama and Yokoyama 1997; Woin 1998; Yasuno et al. 1982). Frequency
of exceedances may be the most difficult aspect to address for sediment contaminants
as these can accumulate over time. Sampling in the same location over time may not
reveal new inputs, but instead may confound results with residual pesticides, for
which exceedances were previously recorded. All of the reviewed methodologies give
instructions on deriving the magnitude of criteria but leave the duration and frequency
components to site-specific judgment by environmental managers.

Sediment quality guidelines are generally used to complement existing sediment
assessment tools, assess sediment contamination, and serve as targets for maximum
contaminant loading in a water body (Di Toro et al. 2002). SQGs are not currently
used in regulatory contexts alone, and as a result, there is little to no discussion
regarding the allowable duration and frequency of SQG exceedance in the current
methodologies. In most SQG methods, exceedances of magnitude are used as triggers
for further study of the contaminant and for development of management practices
designed to reduce chemical loadings. To account for the duration and/or frequency
of sediment contaminant exposures, environmental managers may incorporate these
aspects in the design of monitoring programs. The Dutch and German methods, for
example, use the 90th percentile of annual compliance monitoring data based on the
concentration in suspended particles (Germany and the Netherlands) or bedded
sediments (the Netherlands only), for which the duration and frequency of
exceedances depend on the sampling design (Lepper 2002). The EU is debating
whether to base compliance of guidelines on the arithmetic mean or on the 90th
percentile of the annual levels monitored in suspended particulate matter (Lepper
2002). Using the suspended particulate matter in compliance monitoring avoids the
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issue of sampling accumulated contaminants versus newly deposited contaminants,
although resuspension of bedded sediments could still confound monitoring if
sampling sites have high resuspension fluxes.

In summary, the magnitude of SQGs is clearly addressed by existing methodologies,
while the duration and frequency components are only indirectly accounted for.
The duration component may be incorporated using chronic data for deriving SQGs
that are likely to be protective of long-term exposures, which are more representa-
tive of contaminated sediment exposure scenarios. Frequency of exceedance has
not been addressed by any of the existing methodologies, but may be integrated into
monitoring designs. Determination of an appropriate frequency for compliance testing
of bedded sediments could be problematic if the goal of the testing is to look for
current sources that may be controlled. Distinguishing new and accumulated sediment
contaminants may be accomplished by sampling the suspended matter. However,
this approach ignores the possibility that particle properties change when particles
become bedded, and consequently, the sample may not be representative of benthic
organism exposures. Another possibility is to use the freely dissolved concentration
in porewater because this contaminant fraction is expected to degrade or dissipate
faster than the bound fraction and thus better reflects environmental exposures.
Bioavailability is discussed further in Sect. 6.1.3.

6.1.2 Multipathway Exposure

Chemicals can exist in both free and bound states within sediments. Benthic organ-
isms may be exposed to sediment contaminants via (1) absorption of freely dis-
solved chemical from sediment porewater or overlying water through gills and/or
body surfaces, (2) ingestion of contaminated sediment or food particles, and (3)
through direct contact with sediment-bound contaminants. The predominant uptake
route will be both species- and compound-dependent, and several studies have dem-
onstrated that different exposure routes dominate uptake depending on conditions
(Boese et al. 1990; Ingersoll et al. 2000; Lohmann et al. 2004; Lu et al. 2004; Savage
et al. 2002; Selck et al. 2003). It is important to consider that a SQC that overlooks
an exposure route is at risk of being underprotective. All possible exposure path-
ways should therefore be included for derivation of SQC.

The EqP approach inherently disregards all exposure pathways that do not take
place via freely dissolved residues in porewater, because sediment toxicity is pre-
dicted using water-only exposures in which organisms are fed uncontaminated food.
The USEPA has rationalized this approach through evidence that accumulation of
hydrophobic organic compounds (HOCs) varies little across organisms of differing
feeding habits, indicating that ingestion does not generally dominate exposure
(Tracey and Hansen 1996). The EU EqP method accounts for potential dietary
exposure for chemicals with log K over 5 by applying an additional assessment
factor of 10 to the PNEC for sediment (PNEC_, ECB 2003). The Dutch method
employs the modified EU EqP method to account for sediment ingestion (RIVM
2001). SSTTs offer a more realistic view of sediment exposure, because benthic
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organisms are tested in direct contact with contaminated sediments. If the tested
organism naturally feeds on sediment particles, this exposure pathway will also be
accounted for by performing a SSTT. Yet, ingestion of contaminated food is over-
looked in standard test methods, which may thus underestimate the importance of
dietary uptake compared to field situations, where contaminant residues may also be
taken up from other food sources such as algae, bacteria, and detritus.

6.1.3 Bioavailability

Contaminant bioavailability confounds sediment toxicity and must be considered
when establishing any type of numerical sediment quality guideline, although bio-
availability is particularly relevant for highly hydrophobic pesticides such as the
pyrethroids. In the aquatic environment, nonionic organic compounds will be freely
dissolved in water phases or sorbed to particulates and/or colloidal matter, which is
generally referred to as dissolved organic matter (DOM). Sediment-bound contami-
nants represent the fraction that is sorbed to bedded and/or suspended particles and/
or DOM. Many studies have indicated that the bioavailable fraction of a chemical is
bestrepresented by the freely dissolved fraction (Bondarenko et al. 2007; Bondarenko
and Gan 2009; Hunter et al. 2008; Sormunen et al. 2010; Xu et al. 2007; Yang et al.
2006a, b, 2007). It is therefore widely accepted that organisms are generally not
exposed to chemicals in the bound state, but rather are primarily exposed to the frac-
tion that has desorbed and is in the freely dissolved state (You et al. 2011). Ingestion
of HOCs sorbed to food particles and/or sediments has, however, also been pro-
posed as an exposure pathway of concern, because contaminants could desorb
within the organism digestive tract (Mayer et al. 2001; Mehler et al. 2011). Finally,
as noted, exposure can occur through direct contact with contaminated sediment
(Savage et al. 2002). For the purpose of this review, the bioavailable fraction refers
to the entire chemical fraction that is available for uptake by organisms, regardless
of exposure route.

Bioavailability depends on many variables including sediment characteristics
(e.g., particle size, source of organic matter), organism characteristics (e.g., feeding,
other behavior), chemical properties, contact time, environmental conditions (e.g.,
temperature, pH), and biological activity in the ecosystem (e.g., biotic transforma-
tion, cycling, and burial; Diaz and Rosenberg 1996; You et al. 2011). In this part of
the review, we seek to resolve (1) the contaminant fraction(s) that organisms are at
risk of being exposed to and (2) the best technique to accurately predict the bioavail-
able concentration for criteria derivation and compliance.

Bioavailable Fraction
As previously discussed, results from many studies have demonstrated good corre-

lations between freely dissolved concentrations and organism uptake and/or toxicity
(Bondarenko et al. 2007; Bondarenko and Gan 2009; Hunter et al. 2008; Sormunen
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etal. 2010; Xu et al. 2007; Yang et al. 2006a, b, 2007). Xu et al. (2007), for example,
performed 10-day sediment acute toxicity tests with Chironomus tentans. Three sed-
iment types were tested, and the concentrations of three pyrethroids were expressed
based on five different phases: whole sediment, sediment OC, whole porewater,
porewater dissolved organic carbon (DOC), and porewater freely dissolved frac-
tion. LC, s that were based on the freely dissolved fraction appeared to be matrix-
independent, with little variation observed across sediments, in contrast to whole
sediment and whole porewater-based LC_ s, which varied widely (Xu et al. 2007).
Normalizing to the OC or DOC content did reduce variation in the LC_s, but not
entirely (Xu et al. 2007). This is one study in which the dominance of the freely
dissolved contaminant fraction on organism exposure was illustrated.

Researchers have also defined the “bioaccessible” fraction. This is the fraction of
chemical that, although sorbed at the time of assessment, may become available for
uptake (by desorbing from sediment or DOM; Semple et al. 2004; You et al. 2011).
As freely dissolved contaminant is removed from a system by organism uptake and/
or environmental transport, chemical equilibrium is disturbed, resulting in partition-
ing of bound contaminant to the dissolved phase until a steady state is regained.
Bioavailability, which is based solely on the concentration that is currently avail-
able, may thus underestimate the total risk posed by a contaminant to benthic
organisms.

Predicting or Measuring the Bioavailable Fraction

Nonionic compounds primarily sorb to OM (organic matter) contained in sediments
and DOM, with the abundance of OM typically expressed as the OC content of a
sorbent (Schwarzenbach et al. 2003). As discussed (Sect. 2.1), solid-water partition
coefficients are often normalized to the OC content to reduce variability across sor-
bents. Similarly, OC normalization of sediment concentrations has been applied for
various HOC:s to predict the bioavailable fraction. Indeed, many studies have dem-
onstrated good correlations between biological effects and the OC-normalized sedi-
ment concentration (Amweg et al. 2005, 2006; Trimble et al. 2008; Weston et al.
2004, 2005, 2008). Yet, this approach has several limitations that include variability
in OC, effects of particle size on sorption, and sorption of highly hydrophobic com-
pounds to mineral domains. Observed toxicity of Hyalella azteca in sandy sedi-
ments, for example, was lower than predicted based on measured pyrethroid
concentrations in the sediments, indicating that pyrethroid bioavailability is partly
controlled by the mineral phase (You et al. 2008a). In addition, it has been exten-
sively documented that pyrethroids sorb to glassware, further supporting the min-
eral phase as an important sorbent for pyrethroids (Oudou and Hansen 2002;
Wheelock et al. 2005; Zhou et al. 1995).

Two alternative techniques have been developed to predict or measure the freely
dissolved fraction: matrix-solid-phase microextraction (matrix-SPME; Mayer et al.
2000) and Tenax® extraction (Cornelissen et al. 1997; Pignatello 1990). These tech-
niques were thoroughly described and evaluated in a recent review by You et al.
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(2011), the conclusions of which are summarized below. Both methods are
matrix-independent, eliminating issues regarding variability in sediment character-
istics. Matrix-SPME measures chemical activity via the freely dissolved fraction,
while Tenax® addresses bioaccessibility by measuring the rapidly desorbing frac-
tion (You et al. 2011). Despite targeting different aspects of the matrix, the two
techniques have both predicted bioavailable concentrations that correlate well with
biological effects and/or uptake for various pesticides and other HOCs (Parsons
et al. 2007; Trimble et al. 2008; You et al. 2006, 2007, 2008a, b, 2011). Matrix-
SPME is based on equilibrium partitioning and typically uses a fiber coated with poly-
dimethylsiloxane as the sorbent for freely dissolved HOCs in sediment porewater. The
placement of the fiber in the matrix does not disturb equilibrium because the sorption
capacity of the fiber is limited to sorb less than 5% of the analytes (You et al. 2011).
The residues on the fiber can be solvent extracted or thermally desorbed directly
into an analytical instrument for detection and quantification of the freely dissolved
chemical concentration (Mayer et al. 2000). Tenax is a sorbent suitable to measure
desorption of HOCs. Tenax powder is added to a sediment-water system, altering
the chemical equilibrium from the strong sorption affinity of Tenax for HOCs.
As freely dissolved chemicals sorb to the Tenax, equilibrium is disrupted again,
leading to desorption of more chemical from the sediment. The Tenax is subsequently
removed, solvent extracted, and analyzed at different time points to measure a des-
orption rate. The fraction of the compound that rapidly desorbs from the sediment can
be correlated to organism uptake, as this fraction is considered to represent the main
source of the freely dissolved compound in porewater (You et al. 2011). An advan-
tage of SPME is that this technique can be used in situ or in a laboratory setting
(You et al. 2011). If the goal is to reach true equilibrium, SPME sampling may be
too time- and labor-intensive, because it may take weeks to months for some sys-
tems to equilibrate, although one method reports sample agitation to reduce the
time necessary to achieve equilibrium for the pyrethroids to less than 5 days
(Hunter et al. 2009). Laboratory protocols do not require equilibrium conditions
during SPME porewater extractions, only that the SPME fiber is exposed for the
same length of time in each sample, typically 20-40 min (Bondarenko et al. 2007;
Bondarenko and Gan 2009; Xu et al. 2007). The advantages of Tenax are the com-
paratively low detection limits and short processing time, relative to SPME
(You et al. 2011).

Bioavailability in Current Methodologies

Some of the current SQG methodologies address bioavailability. One of the princi-
pal reasons that the USEPA selected the EqP approach for deriving sediment guide-
lines is that the EqP approach addresses the issue of varying bioavailability of
chemicals across sediments (Di Toro et al. 2002). The EqP approach is founded on
two assumptions: (1) Aquatic environments are approximately at equilibrium and
(2) nonionic organic compounds sorb primarily to sediment OC or DOM (D1 Toro
etal. 2002). Given these assumptions, the freely dissolved concentration in porewater
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can be predicted from sediment concentrations using K_s, which are determined in
laboratory experiments at equilibrium. Thus, predicting the bioavailable concentra-
tion in the EqP approach is highly dependent on the selected K, which can vary
greatly for the same compound. Yet, worldwide agencies advocating the EqP
approach (USEPA, the Netherlands, EU, Ontario, OECD) place little to no focus on
determination of site-specific sediment K_s. Such specific coefficients would seem
particularly appropriate for assessment of analytically challenging compounds such
as the pyrethroids, which are extremely insoluble in water. A further drawback of
EqgP methodologies is that these allow estimation of K from K_ , which may be less
accurate than experimentally determined K_s.

All EqP approaches account for bioavailability through application of the calcu-
lated fraction of freely dissolved contaminant. Most agencies focus on bedded sedi-
ments with the exception of the EU methodology, which is based on suspended
sediment. Suspended sediment contaminant concentrations are thought to reflect
recent inputs of contaminants, while bedded sediments are considered repositories
for sediment-associated contaminants. The EU method rationalizes the use of sus-
pended sediment contaminant concentrations for compliance by the presumption
that this fraction will settle to become the main food source for detritivorous benthic
organisms (Crane 2003; Lepper 2002). For highly hydrophobic pesticides, the level
of suspended solids may affect bioavailability more than partitioning to the bedded
sediment. Measuring contaminant concentrations in suspended solids is one way to
account for this effect, particularly in systems with high or widely fluctuating levels
of suspended solids. The USEPA EqP method recognizes the dependence of bio-
availability on sediment particle size distributions. The method recommends remov-
ing large particles from sediment before chemical analysis to avoid overrepresenting
the contribution of large particles (with small surface areas) to sequestration of resi-
dues (Di Toro et al. 2002).

The Dutch SSTT method normalizes all SSTT data to a standard sediment (i.e.,
10% OM and 25% clay on dry weight basis) to reduce the variation across different
sediments used in toxicity testing (RIVM 2001). For organic chemicals, SSTT data
(e.g., NOEC, LC , or EC)) are normalized to the organic matter content of the stan-
dard sediment by the following equation:

EC =EC

x(std sed) x(exp) X Hsld sed /Hexp > (3)

where EC_ ., is the experimentally derived NOEC or EC/LC, normalized to
standard sediment (mg/kg dry weight), ECMP) is the experimentally derived NOEC
or EC/LC,, (mg/kg dry weight), H , . is the OM content (%) of the standard sedi-
ment, and H 1s the OM content (%) of the experimental sediment (RIVM 2001).
The OC content may be estimated from the OM content (dry weight basis) by divid-
ing OM by a factor of 1.7, thus the OC content for standard sediment with 10% OM
would make up 5.88% (RIVM 2001).

In the Canadian method, it is stated that the SSTT approach addresses bioavail-
ability directly, because it is inherent to the method that the organisms will only be
exposed to the bioavailable fraction (CCME 1995). When there is sufficient
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information available to define the influence of particular factors (e.g., related to
bioavailability) on the toxicity of a substance, it is further required that SQGs are
developed to reflect these relationships and that the relevant factors are measured in
samples (CCME 1995). The Canadian method illustrates the relationship between
OC content and the toxicity of nonpolar organic substances and recommends that
the concentration of these substances be normalized to the sediment OC content for
both SSTT and compliance testing.

A bioavailability line of evidence has been proposed as part of the weight-of-
evidence approach in California (Maruya et al. 2010). This line of evidence would
relate porewater concentrations, passive sampling device measurements, or mea-
surements of the rapidly desorbing fraction of a contaminant to known toxic effects
concentrations for hydrophobic organic compounds.

6.2 Summary of Methodologies

The basic methodologies, initially outlined in Sect. 2, are described in more detail
here to highlight the differences between jurisdictions in the three main approaches,
that is, mechanistic (EqP), spiked-sediment toxicity test, and empirical. Empirical
approaches are only described in brief because most of these methods yield concen-
tration ranges rather than single numerical values that are the focus of this review.
Included in each section is a discussion on the advantages and disadvantages of each
basic approach framed in terms of the ability of the approach to derive reliable
numeric criteria for sediment-associated pesticides.

6.2.1 Equilibrium Partitioning (Mechanistic Approach)
The USEPA EqP Method

The EqP model was first developed by the USEPA as a mechanistic approach to
SQG derivation specifically for nonionic organic compounds (Di Toro et al. 2002;
USEPA 1993). The USEPA has taken this approach because it accounts for chem-
ical bioavailability differences in varying sediment types and defines a biological
effects-based concentration in sediments using available aqueous exposure data.
The supporting rationale proposes that the EqP approach is likely to produce a
protective concentration from biological effects in the field and that the method is
sufficiently robust for use in a regulatory setting. This method utilizes the data and
knowledge base built in the derivation of WQC and can serve as a tool to protect
uncontaminated sites and assist in the restoration of impaired sites (Di Toro et al.
2002).

As discussed throughout the present review, the central assumption of the EqP
model is that the chemical is in equilibrium between the sediment and porewater.
This premise leads to the secondary assumption that the overall exposure is constant,
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regardless of exposure route, which is further supported by findings that exposure
route has little effect on accumulation (i.e., biota-sediment accumulation factors for
HOCs are similar within and among habitat groups, Tracey and Hansen 1996).
When sorption to organic carbon is the main driver of bioavailability (i.e., HOCs
with log KDW>5.5 and sediments with OC>0.2%), the OC-normalized sediment
concentration is used to predict the freely dissolved fraction from the K (section
“Bioavailability in Current Methodologies™; Di Toro et al. 2002).

Another assumption of the USEPA EqP method is that an observed effect con-
centration can be predicted within the uncertainty of the model (Di Toro et al. 2002).
This method requires that this uncertainty is quantified to accompany the equilib-
rium-partitioning sediment guideline. The aspect of uncertainty involves the prem-
ise that aqueous exposure toxicity data (together with K = and OC-normalized
sediment contaminant concentrations) is an appropriate predictor of sediment toxic-
ity. This assumption has been evaluated and scrutinized over the previous decade to
answer the question: Do benthic species have similar chemical exposure sensitivi-
ties as the aquatic species used to derive WQC? The USEPA has demonstrated good
correlations between observed mortality and the mortality predicted using the EqP
model for three sediment types and seven chemicals. Good correspondence has also
been shown for acute WQC for benthic and water column organisms, supporting
that benthic species (epibenthic and infaunal) do have similar sensitivities as the
species used in WQC derivation (Di Toro et al. 2002).

In the USEPA EqP method, the final chronic value of the water quality criterion
is considered to be representative of the chemical concentration protective of benthic
life. If available, ESGs can be derived from the FCV and the K as follows:

ESG = K, xFCV. )
K,=CJC, =K, Xf,.. (5)
ESG = f,, xK, XFCV. (6)

ESG,, =K, xFCV, )

where C is the equilibrium chemical concentration in the sediment, C_ is the freely
dissolved concentration of chemical in porewater, and f, is the fraction of organic
carbon in sediment (Di Toro et al. 2002). The uncertainty in the ESG can be
quantified through statistical analysis as detailed by Di Toro et al. (2002). Uncertainty
analysis involves data relevant to predict (1) uncertainty inherent to the method (i.e.,
uncertainty in applied K s as reflected in the uncertainty of varying exposure
sources, e.g., if data were derived from experiments using sediment and/or water
tests or tests with varying sediment types) and (2) uncertainty related to experimen-
tal design (i.e., replication).

The USEPA has implemented a two-tiered methodology for deriving SQGs
according to data availability. The minimum data requirement to compute a Tier 1
ESG is (1) the K must be measured with current techniques, (2) the FCV should
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be obtained using the most current toxicity data, and (3) sediment toxicity testing
must be included to validate predictions of the EqP calculation (Di Toro et al. 2002).
Tier 1 ESGs are currently available for endrin, dieldrin, and PAH mixtures from the
USEPA (USEPA 2003a, b, c¢). If data are inadequate for a Tier 1 ESG, a Tier 2 ESG
may be calculated if the following requirements are met: (1) The K is measured
with current techniques and (2) the FCV or secondary chronic value is available.
Sediment toxicity testing is recommended, but not required for USEPA Tier 2 ESGs
(Di Toro et al. 2002).

The European Union Method

The European Union methodology is outlined in the Technical Guidance Document
on Risk Assessment (ECB 2003). Data availability determines whether the EU
methodology applies an assessment factor SSTT approach or the EqP approach to
generate the PNEC_ . If toxicity data are inadequate for sediment-dwelling organ-
isms, the PNEC_, is calculated from the PNEC__ and the suspended matter-water
partitioning coefficient (Ksuspiwmer) according to the EqP approach. If only acute tox-
icity results are available for benthic organisms (at least one datum), risk assessment
is conducted on the basis of EqP predictions and the result of the most sensitive spe-
cies (using an AF of 1,000). If long-term toxicity data are available for benthic
organisms, the PNEC_, can be derived using AFs, and this is the preferred EqP
method. The EU EqP method has defined the following equation for calculation of
the PNEC_, (mg contaminant/kg sediment):

water

K
PNEC_, = # X PNEC, . x1,000, ®)

susp

where PNEC _ (mg/L)is similar to the FCV used by the USEPA, RHOSuSp (1,150 kg/
m?®) is the bulk density of wet suspended matter, and Ksuspiwaler is the partition
coefficient between suspended matter and water (m* water/m*® suspended matter).
As the EqP approach only incorporates chemical uptake via the water phase, uptake
can be underestimated for compounds with log K over 3. The level of underesti-
mation is considered acceptable for log K up to 5 (ECB 2003). For log K greater
than 5, as is the case with many pyrethroids, the EU EqP method is modified to
account for possible sediment ingestion by reducing the calculated PNEC_, by an
AF of 10 (ECB 2003). Further, if the measured (or predicted) chemical sediment
concentration (PEC_ ) at a site exceeds the PNEC_, (i.e., PEC_/PNEC_ >1), then
SSTTs with benthic organisms are required to refine the sediment compartment
assessment (ECB 2003). As discussed (Sect. 6.1.3), the EU EqP method uses
suspended solids to account for bioavailability in the SQG calculation, because
suspended fluxes better reflect recent contaminant inputs as compared with bedded
sediments, which are more reflective of historically deposited contaminant (Lepper
2002). The rationale for using suspended particulate matter is also applied for
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compliance monitoring, because newly settled particulates become the most important
sediments for supporting benthic life (Lepper 2002). For compliance monitoring,
the sediment quality standard is compared to the chemical concentration in the
suspended matter (ECB 2003).

The Netherlands EqP Method

The Netherlands also uses the EqP approach as the basis for setting SQGs (RIVM
2001). Whereas the USEPA compute an ESG, the Dutch authorities derive the envi-
ronmental risk limit for sediment. The EqP-based environmental risk limit for the
sediment compartment (ERL(sed.,)) can be calculated on dry weight basis as
follows:

ERL(sed),, = ERL(water)x K, (or K, )[L/kg dry wt ], )

where ERL (water) is the environmental risk limit for aquatic species and K, (or K )
is in units of L/kg dry wt (RIVM 2001). If experimental sediment toxicity data are
available, the Dutch method requires that this data is used to evaluate if the derived
ERL(sed),, is sufficiently protective.

The OECD EqP Method

The OECD guidance document of aquatic effects assessment recommends imple-
mentation of either the EqP, the interstitial water quality (IWQ), or the spiked-sedi-
ment toxicity test approach for the development of SQGs (OECD 1995). The OECD
EqP method describes the following equation to calculate the maximum tolerable
concentration in sediment (MTC):

MTC,_, = MTC, XK,

water d?

(10)

where MTC _ ~ is the maximum tolerable chemical concentration in water.
Insufficient sediment toxicity data and lack of accepted sediment toxicity testing
methods are described as rationales for using the EqP approach instead of the IWQ
or SSTT approaches (OECD 1995). The IWQ approach is similar to EqP but applies
measured interstitial water (porewater) concentrations in place of predicted

concentrations.

The Ontario EqP Method

The Ontario guidelines recommend taking the EqP approach to determine the no-effect
concentration for nonpolar organic compounds (Persaud et al. 1993). It is proposed that
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as this criterion corresponds to the level at which sediment contamination presents no
threat to water quality and uses, benthic biota, wildlife, or human health, the no-effect
level must be derived using the most stringent data (Persaud et al. 1993). The Ontario
EqP method determines a SQG as

SQG = K,. x PWQO/G, a1

where PWQO/G is the provincial water quality objective/guideline. The Ontario
SQG is then converted to bulk sediment concentration by assuming 1% total organic
carbon sediment content.

The French EqP Method

The French system for the evaluation of quality (SEQ-Eau) implements the EqP
approach to set threshold effect levels for sediment and suspended matter when
toxicity data are insufficient to achieve completion of the SSTT assessment factor
method (outlined in Lepper 2002). Threshold level 1 corresponds to very suitable
aquatic ecosystems with negligible risk of adverse effects for all species and is cal-
culated by application of a safety factor of 10 (e.g., NOEC/10). Threshold level 2
incorporates no safety factor and corresponds to a suitable aquatic ecosystem with
possible risk of adverse chronic sublethal effects for the most sensitive species. For
suspended matter, threshold levels 1 and 2 are extrapolated from the sediment
thresholds, which are multiplied by a factor of 2 for organic substances.

The United Kingdom Method

The UK does not have a formal policy in place for setting SQGs; however, since
1989, the EqP approach has been applied to set values for several metals, following
the method described by Pavlou and Weston (1984). The sediment action level is
calculated as

C

s/oc = Koc X Ciw’ (12)
where C, is the contaminant concentration in whole sediment or organic carbon
and C,  is the contaminant concentration in interstitial water (porewater). The C
is equal to the sediment action level when C, equates the aquatic action level.

Evaluation of the EqP Approach
Various reports and researchers have described the advantages and disadvantages of

the EqP approach. These views are compiled below with respect to the goal of
developing single-value numeric SQC.
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Advantages of the EqP Approach

1.
2.

EqP prediction results in a single numeric criterion.
WQC are available for several sediment contaminants of concern including
chlorpyrifos, diazinon, and five pyrethroids.

. The EqP approach utilizes well-established toxicological databases, eliminating

the need to acquire new field data (Chapman 1989; Rowlatt et al. 2002).

. The EqP approach incorporates organic carbon (Rowlatt et al. 2002).
. EqP is based on chemical equilibria, which are often well known (Rowlatt et al.

2002).

. The EqP approach efficiently identifies chemicals likely to contribute to toxicity

(Rowlatt et al. 2002).

. EqP is biologically baed to the extent that existing WQA are and thus provide

more defensible guidelines than the “background approach” (Persaud et al.
1993).

. EqP-derived SQC can be considered no-effect levels for the protection of the end

uses the WQC were designed to achieve (Persaud et al. 1993).

. EqP relies on an existing toxicological rationale (WQC), thus eliminating the

need to conduct a new toxicological evaluation, as long as WQC will protect
benthic organisms (Chapman 1989).

Disadvantages of the EqP Approach

1.

2.

Pesticides with log K >5.5 may confound bioavailability considerations (Di
Toro et al. 2002).

EqP does not account for uptake through the food chain (Persaud et al. 1993;
Rowlatt et al. 2002).

. Some partition coefficients are uncertain—including those for pyrethroids and

other highly hydrophobic compounds (Chapman 1989; Persaud et al. 1993;
Rowlatt et al. 2002).

. The EqP approach assumes that sediment infauna have the same sensitivity as

other aquatic life (Persaud et al. 1993; Rowlatt et al. 2002).

. With the exception of PAH mixtures, the EqP approach does not account for the

presence of mixtures (Chapman 1989; Rowlatt et al. 2002).

. The EqP approach relies on the existence of an accurate WQC for the chemical

of concern (Chapman 1989; Persaud et al. 1993; Rowlatt et al. 2002).

. Assuming equilibrium between the various phases may be unrealistic as a

result of the following: (1) potentially multiphasic slow uptake kinetics for
HOC:s, (2) turbation of natural sediments, and (3) inability to obtain equilib-
rium between HOCs and growing particles (e.g., algae, plankton) from sea-
sonal variations in particle composition, size, and association with HOCs
(Crane et al. 1996; Naf et al. 1996; O’Connor and Paul 2000; Parsons et al.
2007; Rowlatt et al. 2002).

. The EqP approach does not use toxicity data derived from the specific sediment

of interest (Chapman 1989).
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The prime advantage of the EqP approach is that criteria can be derived without
large co-occurrence field datasets or SSTT data, both of which are limiting factors
for many pesticides of concern. WQC and partitioning coefficients are, however,
currently available for several pesticides making the EqP approach feasible for cal-
culating sediment quality criteria.

The main disadvantage of the EqP approach is that some of the derived criteria
have proven unrealistic because assumptions of equilibrium and partitioning to OC
are not always valid. The EqP approach was pursued by the USEPA from the late
1970s to the early 1980s. In 1989, the Sediment Quality Subcommittee of the
USEPA Science Advisory Board (SAB) reviewed the EqP approach and brought to
light uncertainties relevant to the technical basis of the approach (USEPA 1989).
The committee concluded that more information was required and that uncertainties
had to be addressed before the EqP approach could be used for SQC derivation
(USEPA 1989). In response, the USEPA reduced the uncertainty in the EqP
approach, although as summarized in the committee’s 1992 evaluation, some issues
remained to be resolved (USEPA 1992).

The committee noted, for example, that limited field data prevented assessment
of the uncertainty involved with extrapolation of EqP-derived values to the natural
environment and that assumptions of EqP may not be valid at the particular site in
question (USEPA 1992). The latter is an issue because OC is not the only factor
controlling bioavailability, that is, water column species and benthic organisms may
exhibit different sensitivities and short-term bioassays may underestimate long-term
effects (USEPA 1992). Considerations that sediment and porewater may not be in
equilibrium, that K may not always be a good predictor of K_, and that chemical
partitioning to and from sediments may be limited by kinetics further compromises
the reliability and applicability of the EqP approach, although none of the above
factors negate the approach (USEPA 1992).

Data for acenaphthene, dieldrin, endrin, fluoranthene, and phenanthrene sup-
ported the hypothesis that OC-normalized sediment concentrations correlate well
with bioavailability; however, the supporting experiments were limited to short-
term studies representing only a few species (USEPA 1992). The committee thus
recommended that field experiments, including toxicity, bioaccumulation, bio-
marker, and/or population/community-level studies, should be conducted for method
validation (USEPA 1992). The committee was also concerned that by disregarding
uptake via ingestion, the EqP approach underestimates exposure, although this point
has been disputed by the authors of the EqP approach (e.g., Di Toro et al. 2002).
Finally, the committee acknowledged improvement of uncertainty reduction through
more accurate determinations of K but recommended that uncertainties should
still be investigated and quantified (USEPA 1992).

Criticisms of the EqP approach in the literature tend to reflect the SAB review.
Tannuzzi et al. (1995) argued in an editorial letter that there is consensus among
scientists that sediment quality criteria should be derived via a biological effects-
based approach. The authors reflect concern for the use of EqP as a regulatory tool
because EqP is not directly based on biological effects, does not account for
mixtures, or elucidate cause of toxicity. Instead, a co-occurrence approach was
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proposed to better relate to biological effects (Iannuzzi et al. 1995). A rebuttal to this
letter highlights frequent misconceptions of the intended use of EqP for regulatory
purposes, as well as misunderstandings related to the technical assumptions of the
EqP model (Ankley et al. 1996). The rebuttal further states that the EqQP model is
based on valid science, that the limitations are known, and that the uncertainty in the
model can be quantified, but agrees that it is inappropriate as a stand-alone tool for
evaluating sediment quality on a pass/fail basis. The USEPA’s use of porewater
concentrations from laboratory-spiked-sediment toxicity tests for validating the
EqP model has also received critique arguing that these laboratory tests may not be
reflective of the environment. O’Connor and Paul (2000) explained, for example,
that environmental porewater concentration data are limited and that chemicals
spiked to sediments in the laboratory may exhibit unrealistically high bioavailability
compared to residues aged in the field.

6.2.2 Spiked-Sediment Toxicity Test Approaches

SSTT methodologies can be carried out via several procedures. SQC can be derived
from SSTT data by (1) applying an assessment factor to the lowest datum or
(2) fitting all available data to a statistical distribution and define a percentile as the
SQC.

SSTT Assessment Factor Approaches

As noted by TenBrook et al. (2009), all WQC AF methodologies apply the most
sensitive species as a foundation for AF-based criteria and disregard factors such as
taxon or toxicant mode of action; they also pool plant and animal data in the dataset.
The same principles apply to SQC AF methods, wherein no discussion of pooling
taxa in any of the reviewed methodologies exists. Separate criteria are, however,
typically derived for freshwater and saltwater.

The European Union SSTT AF Method

The EU only employs the EqP approach as a screening tool (ECB 2003). When
long-term sediment toxicity data are available, it is required that these are used with
AFs to derive PNEC_, while a combined AF and EqP approach is accepted when
only acute data are available. The EU recommends careful evaluation of studies to
select the most appropriate AF for each guideline. Long-term tests with sublethal
endpoints (reproduction, growth, emergence, sediment burrowing activity, and
avoidance) are regarded as the most relevant exposure scenarios for sediment con-
taminants (ECB 2003). Applied studies should characterize all possible exposure
routes to avoid underestimation due to study design (e.g., if organisms are fed with
unspiked food, exposure via sediment ingestion may be reduced). According to the
EU methodology, AFs should decrease as data uncertainty decreases, with AFs
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designed to account for uncertainties in extrapolation of laboratory data to benthic
ecosystems from intra- and inter-laboratory variation, intra- and interspecies bio-
logical variability, extrapolating from acute to chronic toxicity, and from laboratory
to field impact (ECB 2003; Lepper 2002). A factor of 1-10 is added for each layer
of extrapolation up to AFs of 1,000, depending on data type and quantity (ECB
2003). The PNEC_, is then derived from the lowest available NOEC/EC, , obtained
in long-term tests by application of selected AFs. For acute data, with the EqP
method, an AF of 1,000 is applied for estimation of PNEC_, (detailed in Sect. 6.2.1).
For one long-term datum, an AF of 100 is applied to calculate the PNEC_, while
AFs of 50 or 10 are used if data are available for two or three long- term tests,
respectively, with species representing different living and feeding conditions.

The Netherlands SSTT AF Method

For chronic datasets that are inadequate to fulfill the minimum requirement for sta-
tistical distribution analysis (i.e., representing less than four taxonomic groups, see
SSD section below), the Dutch method requires completing an AF-based prelimi-
nary risk assessment (RIVM 2001). AFs range from 1 to 1,000, depending on data
quantity and type (acute vs. chronic, taxa). When data requirements allow, the Dutch
method refers to the EU AF method outlined above. For smaller datasets, RIVM
advocates use of modified AFs according to the USEPA Great Lakes Program
(USEPA 2003d).

The Canadian SSTT AF Method

The Canadian method includes a SSTT approach to be used in combination with an
empirical approach (CCME 1995). If the minimum data requirements are met (i.e.,
four data including at least two chronic tests covering both partial and full life
cycles), an assessment (safety) factor is applied to compensate for uncertainty in the
dataset. The uncertainties of concern to CCME include intra- and interspecies varia-
tions, use of various endpoints, acute to chronic extrapolation, bioavailability issues,
and extrapolation from laboratory to field conditions including mixtures (CCME
1995). AFs are determined on a case-by-case basis and are dependent on data avail-
ability. The SSTT approach inherently accounts for bioavailability issues and, by
inclusion of relatively sensitive species in the minimum data requirements, also for
interspecies variation. To account for the remaining uncertainty factors, CCME
examined individual studies to quantify the margin of safety. Ratios were calculated
for conversion from less sensitive test results to more sensitive test results, and
ratios were combined to yield final AFs to extrapolate SQGs from acute (LC, ) or
chronic (NOEC) data (CCME 1995). The AFs recommended by CCME are an
assessment factor of 20 for acute data, while an AF of 5 is sufficient for guideline
development based on chronic studies (CCME 1995). It should be noted that these
assessment factors were derived based on a limited dataset for only three com-
pounds—zinc, cadmium, and fluoranthene. The Canadian methodology proposes
that different AFs could be calculated for individual chemicals or classes of chemi-
cals or that generic AFs could be calculated for all relevant chemicals.
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The French SSTT AF Method

The French methodology applies AFs ranging from 1 to 1,000 to single-species
toxicity data (Lepper 2002). The size of the AF depends on the type of data available
with a lower AF applied for chronic than for acute data (Lepper 2002). As discussed,
threshold levels 1 and 2 correspond to the concentrations that are associated with
negligible and possible risk, respectively (Sect. 6.2.1). A sediment threshold level 1
is determined from the lowest reliable NOEC or EC, | divided by an AF of 10 or
from the lowest reliable LC/EC50 divided by an AF of 1,000. Threshold level 2 is set
as the lowest reliable chronic NOEC (AF of 1) or the lowest reliable LC/EC,,
divided by an AF of 100. To derive threshold levels for suspended sediment, the
threshold levels for sediment are multiplied by a factor of 2.

SSTT Species Sensitivity Distribution (SSD) Approaches

Many jurisdictions apply statistical extrapolation methods to derive water quality
criteria (TenBrook et al. 2009). It has been proposed that these techniques may also
be suitable for deriving sediment quality criteria (e.g., ECB 2003; RIVM 2001). In
SSD approaches, the cumulative probabilities of the toxicity values for a given chem-
ical are plotted to fit a statistical distribution to the data. The criterion is derived as a
percentile of the statistical distribution, typically the Sth percentile. Because of con-
cerns of low data availability, most reviewed methodologies include little discussion
on using statistical distributions for deriving SQGs. Only the Dutch and the EU
methodologies specifically discuss the use of SSDs for derivation of SQGs. Both
methods restrict distribution analysis to chronic data and use the 5th percentile of the
distribution as the cutoff. The Dutch and EU protocols are detailed in the following.

The Netherlands SSTT SSD Method

The Dutch method recommends that an environmental risk limit (e.g., the maxi-
mum permissible concentration) be derived using a statistical approach, if sufficient
data are available (i.e., chronic data for four or more species of at least four different
taxonomic groups for a particular environmental compartment; RIVM 2001). The
Dutch method applies a log-normal distribution to calculate the hazard concentra-
tions (HCP) for the 5th and 50th percentiles (HC, and HC,):

logHC, =X —kxs, (13)

where HC is the hazardous concentration for p% of species, X is the mean of log-
transformed NOEC data, k is the extrapolation constant dependent on the percentile
level of certainty and sample size (Table 1 in Aldenberg and Jaworska 2000), and s is
the standard deviation of log-transformed data (RIVM 2001). Computer software has
been designed for derivation of HC s with associated 90% confidence intervals (RIVM
2004). The HC; is used to set the MPC which is used to derive environmental quality
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standards (RIVM 2001). The target value is the negligible concentration, which is
calculated as MPC/100. In representing the distribution, where 50% of species are
adversely affected, the HC_ indicates that an ecosystem is seriously threatened and is
therefore used as an intervention value.

As of 2001, Dutch Environmental Quality Standards had been derived for 147
organic substances and pesticides in sediment; however, as the data requirement of
four chronic NOECs was not met for any of these substances, the standards were
derived using equilibrium partitioning (Sijm et al. 2001).

The EU SSTT SSD Method

The EU recommends priority of a statistical distribution approach if sediment toxic-
ity data are adequate to fit to a distribution (ECB 2003). The EU has implemented the
Dutch SSD procedure. However, the EU method allows deviation from log-normal
distributions by recommending use of the statistical distribution that provides the
best fit. The Anderson-Darling test and the Kolmogorov-Smirnov tests are proscribed
methods to check goodness of fit. The PNEC is calculated for the best fit as

PNEC = 5% SSD (50%c.i.)/AF, (14)

where 5% SSD is the 5th percentile of the species sensitivity distribution, 50% c.i.
is the 50% confidence interval, and AF ranges from 1 to 5 (ECB 2003).

The AF is determined based on professional judgment and designed to reflect
additional uncertainties in the calculation. ECB recommends starting with an AF of
5, which is only reduced after consideration of (1) the overall quality of the applied
database and endpoints, (2) the taxonomic diversity and representativeness of the
database (e.g., are different life forms, feeding strategies and trophic levels well
represented), (3) information on presumed mode of action, (4) statistical uncertain-
ties of the Sth percentile estimate (e.g., goodness of fit, confidence intervals), and
(5) comparisons of field and mesocosm data and the 5th percentile to evaluate the
laboratory to field extrapolation (ECB 2003).

The EU further recommends that NOECs below the 5th percentile be dis-
cussed in the final report to assess, for example, if all these belong to the same
trophic group, as this could indicate that this organism group is particularly sen-
sitive and that some assumptions for SSD are not met (ECB 2003). The report
should include a comparison of the SSD-derived and AF-derived PNECs, and the
discussion should be sufficiently thorough to justify the final choice of PNEC
(ECB 2003).

Evaluation of SSTT Approaches

The advantages and disadvantages of the SSTT approach are compiled below, with
respect to the goal of developing single-value numeric SQC.
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Advantages of the SSTT Approach

1. The SSTT approach is similar to WQC and is technically acceptable and legally
defensible (Chapman 1989; Ingersoll and MacDonald 2002; Rowlatt et al.
2002).

2. SSTT does not require prior knowledge of mechanisms of uptake (Chapman
1989; Rowlatt et al. 2002).

3. SSTT allows determination of direct cause-effect relationship (Ingersoll and
MacDonald 2002; Persaud et al. 1993).

4. Laboratory SSTTs can be performed with any chemical and do not require a
priori assumptions about the specific mechanism of interaction or exposure route
(Chapman 1989; Ingersoll and MacDonald 2002).

5. SSTTs incorporate the bioavailable contaminant fraction (Ingersoll and
MacDonald 2002).

Disadvantages of the SSTT Approach

1. Few chronic data are available and only exist for a few standard test species
(Chapman 1989; Rowlatt et al. 2002).

2. Little information is currently available to establish relationships between acute
and chronic effects that can be used when chronic data are unavailable (Chapman
1989; Rowlatt et al. 2002).

3. Itis not practical to test all possible mixtures that could occur in the environment
(Chapman 1989; Rowlatt et al. 2002).

4. Presently, no basis exists for extrapolating to no-effect concentrations in sedi-
mentary communities (Rowlatt et al. 2002).

5. Sediment-spiking techniques are not standardized, and differences in methods
can strongly influence the results (Chapman 1989; Ingersoll and MacDonald
2002; Persaud et al. 1993; Rowlatt et al. 2002).

6. Laboratory tests may not be representative of field-contaminated sediment,
where conditions (particularly bioavailability) may vary considerably from those
in the lab (Ingersoll and MacDonald 2002; Persaud et al. 1993; Rowlatt et al.
2002).

The primary advantages of the SSTT approach are that it is technically acceptable,
demonstrates direct cause-effect relationships, and addresses the issue of bioavail-
ability. The primary disadvantages of the SSTT approach are the dearth of available
data and that these data may be incompatible due to use of differing spiking meth-
ods, which can strongly influence the results.

6.2.3 Empirical Approaches
Empirical methods dominate the application of biological effects-based approaches

over mechanistic methodologies. Empirical methods utilize large datasets with
matching sediment chemistry and toxicity data from field-collected sediments.
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Although field sediment toxicity testing indirectly accounts for mixture effects,
empirical approaches do not allow causality to be attributed to any one given
chemical mixture or single chemical. Empirically derived SQGs are therefore gen-
erally not intended for regulatory use, but rather for risk assessment and ranking of
sites for further study. Despite these limitations, empirical approaches are sensible
because large amounts of sediment chemistry and toxicity data are available
through national and statewide programs. In North America, most jurisdictions
utilize biological effects data, while many European countries have historically
employed a reference site contamination approach to evaluate sediment contami-
nation (Badut et al. 2005). In the Belgian province of Flanders, for example,
sediment quality guidelines are based on the geometric mean of contaminant
concentrations at the average reference site in combination with biological assess-
ments and toxicity testing. A similar reference site approach has been implemented
in Italy (Badut et al. 2005).

Effects Range Method (US, Canada, Australia, and New Zealand)

The effects range method was developed to interpret monitoring data collected
through the NOAA National Status and Trends Program (Long and Morgan 1990;
Long and MacDonald 1992; Long et al. 1995). The NSTP database of co-occur-
rence sediment chemistry and biological effects data was analyzed to identify the
effects range low (ERL; the lower 10th percentile of the data) and the effects range
median (ERM; the 50th data percentile). The dataset was modified over time to
exclude freshwater data and include data from coastal and estuarine waters of the
Atlantic, Pacific, and Gulf of Mexico and also to include data from equilibrium-
partitioning modeling, spiked-sediment toxicity testing, and benthic community
assessments (Long et al. 1995). The NOAA SQGs were derived on a sediment dry
wt basis, without OC normalization, and do not directly account for bioavailability.
The NOAA methodology did not aim to derive numeric biological effects-based
criteria for individual contaminants, but was implemented as part of a weight-of-
evidence approach to SQGs.

The NSTP database has been employed as the major data source for deriving
empirically based SQGs by some non-US regulatory agencies including Australia/
New Zealand (ANZECC and ARMCANZ 2000) and Canada (CCME 1995). ERL/
ERM values of these jurisdictions are initially based on North American databases
and are refined with local information as it becomes available. The Canadian method
proscribes calculation of separate freshwater and saltwater SQGs and specifies that
sediment concentrations are reported on dry wt basis (CCME 1995). If data are
limited, an interim sediment quality guideline (ISQG) may be calculated, but it is
required that data gaps are reported to make limitations of the ISQG transparent.
The Canadian guidelines also propose for future methodologies to incorporate
SSTTs to validate empirically based effect ranges.

The NOAA, USEPA, and the US Army Corps of Engineers have not adopted
the NSTP empirically based SQGs, as these values were not intended for use as
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standards and have not been proven reliable for predicting sediment toxicity
(O’Connor 2004). Thomas O’ Connor of NOAA has pointed to the misinterpretation
of ERL by some researchers who have incorrectly applied the ERL as the sediment
chemical threshold concentration above which the probability of toxicity increases
abruptly (O’Connor 2004). Rather than a toxicity threshold, “below which sediment
toxicity is impossible and above which it is likely,” “an ERL is simply a low point
on a continuum of bulk chemical concentrations in sediment that roughly relates to
sediment toxicity” (O’Connor 2004). Similar to other empirical methods, the effects
range method does not allow determining the cause of toxicity and lacks consider-
ation of chemical and environmental factors that may contribute to or be responsible
for the observed biological effects.

Effects Level Method (Florida)

As part of a weight-of-evidence approach, Florida regulators have adapted the
NOAA NSTP method for use in the effects level method (outlined in MacDonald
et al. 1996). The Florida method includes area-specific data collected from Florida
coastal waters and the Gulf of Mexico to develop a relevant biological effects data-
base for sediment (BEDS). The effects level method is similar to the effects range
method but separates biological effects and no-effect data within the database.
No-effect data comprises data for which no adverse effect was observed or where an
effect was observed but the average chemical concentration was less than twice the
reference site level (MacDonald et al. 1996). The threshold effects level (TEL) is
calculated as the geometric mean of the lower 15th percentile concentration of the
effects dataset and the 50th percentile of the no-effect dataset, while the probable
effects level (PEL) is defined as the geometric mean of the 50th percentile concen-
tration of the effects dataset and the 85th percentile of the no-effect dataset
(MacDonald et al. 1996). As in the effects range method, the effects level method
does not account for contaminant bioavailability, which is necessary for a valid
technical approach.

Apparent Effects Thresholds Method (Washington and Oregon)

The apparent effects threshold (AET) method for generating SQGs is very similar
to the NSTP method but employs data specific to Oregon and Washington State.
The AET method was first developed using a saltwater database of matching sedi-
ment chemistry and biological effects data from the Puget Sound, Washington (out-
lined in Barrick et al. 1988). The freshwater sediment quality database (FSEDQUAL)
was developed across data from 33 freshwater studies and 245 stations in Washington
and Oregon (Willamette River) using sediment chemistry and bioassay data from
Microtox (bioluminescence inhibition in bioluminescent bacteria), Hyalella azteca,
Chironomus tentans, Daphnia magna, Ceriodaphnia dubia, and Hexagenia limbata
assays (Cubbage et al. 1997). The AET was defined by Barrick et al. (1988) as the
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chemical concentration above which statistically significant biological effects are
always expected to occur. When Cubbage et al. (1997) developed the freshwater
AET method, they developed a new SQG called the probable apparent effects
threshold (PAET), which is defined as the 95th percentile of all data with no
significant biological effects and no concentrations above the lowest concentration
associated with effects. The AET method includes benthic community endpoints,
whereas the effects range and level methods predominantly use lethality as end-
points (Batley et al. 2005).

The USEPA Science Advisory Board reviewed the AET method and recom-
mended that the method is inappropriate for developing “broadly applicable sedi-
ment quality criteria” (USEPA 1989). Concerns noted by the SAB include the
method’s site-specific nature, lack of validation, and inability to establish causality
and to account for differences in bioavailability across sediment types. The SAB did
acknowledge that the AET method is a technically valid approach for estimation of
sediment quality at specific locations if appropriately validated (USEPA 1989).

Screening-Level Concentration Method (USEPA, Ontario)

The screening-level concentration method was developed from data for nonionic
organic compounds (Neff et al. 1986; Persaud et al. 1993). Sediment chemistry was
matched with the presence or absence of benthic species in field samples to derive
species screening-level concentrations. Each SSLC was derived as the 90th percen-
tile of the frequency distribution for a particular species at several sampling stations
plotted against the OC-normalized sediment concentration for a given chemical.
The SLC is then given by the 95th percentile of the frequency distribution of all
SSLCs, representing an estimate of the highest contaminant concentration that can
be tolerated by approximately 95% of benthic species (Neff et al. 1986).

Logistic Regression Model Method (California)

Empirically based narrative sediment objectives are currently used in California for
the protection of benthic communities in bays and estuaries. Sediment toxicity, ben-
thic community condition, and sediment chemistry data are used together to support
a multiple lines of evidence approach to meet the narrative objectives. The above
three metrics are used in combination, as no individual line of evidence alone is con-
sidered reliable (SWRCB 2011). Sediment toxicity and benthic community condi-
tion categories are combined in a decision matrix to determine the severity of
biological effects, while sediment toxicity and chemistry categories are used to assess
the potential for chemically mediated effects. Sampling stations are categorized as
unimpacted, likely unimpacted, possibly impacted, likely impacted, clearly impacted,
or inconclusive, with the statuses of unimpacted and likely unimpacted considered to
meet the protection objectives (SWRCB 2011). A station level assessment is con-
ducted through a decision matrix that considers the potential for chemically mediated
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effects and the severity of effects using the Chemical Score Index and the California
Logistic Regression Model.

Logistic regression models can be used to relate a chemical’s concentration in
sediment to the probability of toxic effects (Field et al. 1999, 2002). Matching sedi-
ment chemistry and toxicity data from marine amphipods were initially compiled in
a database for deriving the logistic regression equation used for SQG formulation in
California (Field et al. 1999, 2002; summarized in Wenning et al. 2005). SWRCB
highlighted several limitations of the logistic modeling method, including the
possibility of over- or underestimating risk to benthic communities, that causality
cannot be attributed to specific chemicals, and the lack of consideration of particle
size, physical disturbance, or organic enrichment as possible contributors to
biological effects (SWRCB 2011). Ritter et al. (2012) compared the performance of
different empirical approaches to deriving SQGs, including an effects range median,
a logistic regression model, a sediment quality guideline quotient 1 (SQGQ1), and
a consensus approach. A new benthos-based chemical score index method was also
compared to these existing empirical methods and found to be of the most consis-
tently high performance, although overall results indicated that all methods
performed similarly (Ritter et al. (2012)).

Probable Effects Concentration Method (Great Lakes, USA)

A probable effects concentration method was implemented to assess sediment qual-
ity in the Great Lakes region. PECs were derived across matching chemistry and
toxicity data from 92 reports and over 1,600 field-collected sediment samples from
throughout North America (Ingersoll et al. 2001). The applied toxicity data include
results of 10- to 14- and 28- to 42-day sediment tests with the amphipod Hyalella
azteca and 10- to 14-day tests with the midges Chironomus riparius and C. tentans.
The PECs derived proved to be good predictors of sediment toxicity on both a
regional and national basis (Ingersoll et al. 2001). Furthermore, mean PEC quo-
tients (i.e., the concentration of a chemical divided by its PEC) were applied as
overall measures of chemical contamination that support evaluation of sediment-
contaminant mixture effects (Ingersoll et al. 2001). The PEC method is considered
a consensus-based approach to sediment quality guidelines.

Evaluation of Empirical Approaches

For several reasons, empirical approaches are generally not suitable for deriving
single-value numeric criteria for pesticides. The primary disadvantage of empirical
approaches is their inability to resolve cause and magnitude of effect for individual
compounds when multiple contaminants are present in the field samples. The pos-
sibility that co-occurring contaminants and/or other factors than the chemical of
concern contributed to the observed effects cannot be ruled out, and as such, empiri-
cal methods do not provide reliable numeric criteria for individual compounds.
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Furthermore, empirical approaches do not account for bioavailability variation
across sediment types and thus lack a valid technical foundation for deriving reli-
ably predictive guidelines. Empirical approaches are further limited by the require-
ment of site-specific datasets of co-occurring biological and chemical data, which
are unavailable for many current-use pesticides and areas of interest. Some empiri-
cal methods require or recommend performing additional field bioassays and benthic
community surveys, which are economically and practically unfeasible for many
projects.

A recent evaluation of the probable effects, effects range, and logistic range
model approaches demonstrated that national data predictions for all tested methods
underestimated sediment toxicity (10-day tests) for the Calcasieu Estuary, Louisiana
(MacDonald et al. 2011). A PEC model derived using Calcasieu Estuary data
achieved more reliable predictions, however, highlighting the importance of devel-
oping site-specific approaches for risk assessment of benthic organisms (MacDonald
et al. 2011). Fuchsman and Barber (2000) compared predictions of co-occurrence
data with results of SSTT and brought attention to data for two organochlorine
compounds, for which concentrations greatly exceeding empirically predicted toxic
levels caused no adverse effects in SSTT. These findings demonstrate the risk of
attributing toxicity of co-occurring contaminants to the incorrect chemical
(Fuchsman and Barber 2000).

6.3 Important Additional Considerations for SQC Derivation

6.3.1 Mixtures

Decade-long field monitoring corroborates the ubiquitous presence of contaminant
mixtures in environmental sediments (Gilliom 2007). Comprehensive protection of
organisms encountering chemical mixtures in the field requires mixture effects to be
incorporated into methods for criteria derivation and compliance. The EqP and
SSTT approaches do not easily integrate mixture toxicity into criteria calculation.
Empirical methods inherently account for mixtures by screening sediment samples
for multiple compounds and performing field sediment bioassays, which detect the
combined toxicity of all contaminants present, whether detected by chemical analy-
sis or not. Yet, empirical approaches do not provide a direct link between the
observed toxicity and any individual chemical or fully characterized fraction of
chemicals within the mixture. This lack of defined concentration-response relation-
ships complicates the development of a management plan.

Chemical mixtures act via additivity, synergism, and/or antagonism. The current
state of knowledge on pesticide interactions is inadequate to predict the joint action
of pesticide mixtures when the pesticides involve different pesticide classes that
have different modes of action (Lydy et al. 2004). The concentration addition model
predicts the additive toxicity of chemicals that exhibit the same mode of action, but
do not interact with each other (Plackett and Hewlett 1952). The concentration
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addition model is the best established of the models for joint chemical toxicity and
is widely used, for example, in the Water Quality Control Plan (Basin Plan) for the
Sacramento River and San Joaquin River basins, in cases where multiple chemicals
with similar modes of action are present in a water body (CRWQCB-CVR 2006).
The concentration addition concept is also considered in the California SQG meth-
odology (Maruya et al. 2010).

Toxic unit (TU) analysis is often applied to predict additive toxicity for chemical
mixtures (Altenburger et al. 2000). A toxic unit is calculated by dividing the mea-
sured concentration in sediment (C_ ) by the laboratory-derived LC,, for a particu-
lar organism (Lydy et al. 2004):

TU=C,_,/LC,,. (15)

Typically, both the sediment concentration and LC, will be normalized to the
organic carbon content of the respective sediments. Weston et al. (2004) used
OC-normalized TUs for pyrethroids and organochlorines to identify sediment
contaminants present at sufficiently high concentrations to cause the observed
toxicity. The CDPR has also employed TU analysis with OC normalization to
predict the potential toxicity of pyrethroids in sediments to the amphipod Hyalella
azteca (Starner and Kelley 2005). In this assessment, the CDPR assumed additiv-
ity for all pyrethroids and simply summed the TUs for all pyrethroids present in a
sample. A sum of TUs above 1 indicates that the sediment contaminant concentra-
tion exceeds the LC,, enabling prediction of the expected toxicity by proportion-
ality. The toxic unit approach is a simple tool to determine additive toxicity
(TenBrook et al. 2010) that can be used in compliance by replacing the LC, with
the SQC of the respective compound. The application of TUs for mixture toxicity
assessment is discussed in relation to measurement of bioavailable fractions for
the bioavailability line of evidence in the California SQG methodology (Maruya
et al. 2010).

Nonadditive mixture effects were addressed with regard to criteria compliance
by TenBrook et al. (2010). They concluded that at this time, nonadditive mixture
effects can only be considered in criteria compliance when valid interaction
coefficients (K) are available over a range of concentrations. When a synergist or an
antagonist is present in a mixture with the pesticide of interest, an interaction
coefficient (K) can be used to describe the joint mixture effect (Finney 1942; Mu
and LeBlanc 2004):

K, =ECsy9)/ECsp(s (16)
where K _is the interaction coefficient when the synergist/antagonist is at concentra-
tion x, EC, is the EC_j determined for a chemical in absence of the synergist/
antagonist, and EC  is the EC | determined for a chemical in the presence of a
synergist/antagonist at concentration x.

When K is known, the measured concentration of a pesticide can be adjusted to
account for mixture effects:
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C,=C, %K, a7

where C, is the adjusted concentration of a pesticide (e.g., synergism (K >1) results
in concentration increase), C,_is the measured concentration of the pesticide, and K_
is the interaction coefficient for a synergist/antagonist at concentration x (Mu and
LeBlanc 2004).

For use in criteria compliance, K s must be known for a wide range of synergist/
antagonist concentrations to enable establishment of concentration-mixture effect
relationships, from which the adjusted pesticide concentration can be predicted for
any given synergist/antagonist concentration. These relationships need to be estab-
lished for multiple species or for one particularly sensitive species to compare the
adjusted concentrations to the criteria for compliance determination (TenBrook
et al. 2010).

The USEPA derived SQGs for a group of PAHs through a model combining EqP,
QSARs, TUs, additivity, and concentration-response models to address the mixture
effects of PAHs in sediments (Swartz et al. 1995). The PAH mixture model was
generated using data acquired from both published and unpublished sources of
spiked-sediment toxicity tests and field sediment bioassays that followed standard
methods (Swartz et al. 1995). A more general approach to PAH mixtures and nar-
cotic chemical mixtures was developed by Di Toro and McGrath (2000) and has
been officially issued by the USEPA as a method to derive equilibrium sediment
benchmarks for PAH mixtures (USEPA 2003c¢).

To summarize, additive mixture effects can generally be incorporated in criteria
compliance using the concentration addition model, which is applicable to the EqP
and SSTT approaches when it has been established that it is reasonable to assume
additivity. In such cases, toxic unit analysis is a simple method to check for compli-
ance, provided that there is reliable single compound LC,; data available for each
compound in the mixture. For nonadditive mixtures, interaction coefficients are use-
ful if ample data are available. More complex mixtures, involving both synergists
and antagonists, cannot be incorporated in compliance determination at this time,
although some complex models do exist to predict such mixture effects (Rider and
LeBlanc 2005; TenBrook et al. 2009). As discussed throughout this section, empiri-
cal SQG methodologies inherently incorporate mixture toxicity but are unable to
attribute toxic effects to any particular chemical or chemical mixture.

6.3.2 Threatened and Endangered Species

Threatened and endangered species (TES) are particularly sensitive to stressors in
the environment, and it should be ensured that sediment quality criteria will be pro-
tective of these species. As TES typically inhabit limited ranges, assessments should
be restricted to local species. No existing SQG methodology specifically addresses
protection of TES, perhaps because it is assumed that TES will be protected if the
most sensitive species in an ecosystem are protected, as is the basis for current
approaches. With few SSTT data available in general, toxicity data for TES are
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likely to be even more scarce and the ability to predict threshold values for TES
would be very valuable. Unfortunately, no interspecies correlations have been devel-
oped for sediment toxicity based on surrogate species. Existing QSARs were devel-
oped for narcotic compounds and are unlikely to be appropriate candidates for many
current-use pesticides, which often act via specific modes of action. Because of
limited data availability, it may be unfeasible at this time to develop specific proce-
dures for protection of benthic TES; however, any available data should be utilized
to evaluate the ability of derived criteria to adequately protect listed species.

6.3.3 Bioaccumulation/Secondary Poisoning

Chemicals with potential for accumulation in sediments often also have a propen-
sity to accumulate in organisms, which may lead to secondary poisoning effects as
contaminants biomagnify through the food chain. According to the OECD, sub-
stances with a log K >3 and molecular weight<1,000 have potential to bioaccu-
mulate (OECD 1995). These properties are similar to those described for chemicals
likely to accumulate in sediments. Several SQG methodologies address bioaccumu-
lation by estimating the expected contaminant level in predators of aquatic organ-
isms at the sediment concentration equal to the SQG (CCME 1995; ECB 2003;
RIVM 2001). For the EqP approach, it is most appropriate to assess bioaccumula-
tion potential via the water quality criteria used to derive to the SQG, as this removes
one layer of extrapolation. Guidance for extrapolating secondary poisoning effects
from aqueous concentrations is covered by TenBrook et al. (2010).

The Canadian methodology defines bioaccumulation in the context of SQGs as
“the process by which substances are accumulated by aquatic organisms from all
routes of exposure” (CCME 1995). To address bioaccumulation up the food chain
and protect higher trophic levels, the method allows SQGs to be calculated from
bioaccumulation factors (BAFs) and tissue residue guidelines for the protection of
wildlife consumers of aquatic life. If the tissue-based SQG is lower than the ecotox-
icity-based SQG, the final SQG may be altered to be protective of all trophic levels
(CCME 1995).

The Dutch methodology includes consideration of secondary poisoning of pred-
ators caused by uptake of substances in prey organisms (RIVM 2001). According to
this method, biota-sediment accumulation factors (BSAFs) and chronic toxicity
studies for birds and mammals are used to assess possible secondary poisoning
effects. The individual bird or mammal NOECs are divided by a BSAF to predict
the corresponding sediment concentration, which can be included in the ecotoxicity
dataset and used for deriving the environmental risk limit. A separate MPC is also
calculated for predators and is compared to the MPC calculated for the sediment
compartment (RIVM 2001).

The EU method recommends that a chemical is assessed for bioaccumulation if
there is no mitigating property (e.g., hydrolysis half-life less than 12 h) and the
compound matches any of the following characteristics: “A log K >3, is highly
adsorptive, belongs to a class of substances known to have a potential to accumulate
in living organisms, there are indications from structural features” (ECB 2003). For
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compounds with log K >4.5, direct uptake of freely dissolved chemicals may be of
less importance than ingestion of contaminated food or sediment (ECB 2003). The
EU provides guidance on assessing risk to predators from dietary uptake based with
the assumption that uptake of freely dissolved contaminants is the main exposure
route for prey species, but this guidance does not include exposure from contami-
nated sediments. Risk to a predator is assessed with two assumptions, (i) aqueous
uptake is the only exposure route for prey and (ii) prey species inhabit a water body
of a contaminant level equal to the predicted environmental concentration in water

(PEC, ) as follows (ECB 2003):
PECoral, predator = PECwater X BCFﬁsh X BMFﬁsh > (1 8)
where PEC is the predicted environmental concentration a predator will

oral, predator

receive in the prey (diet), BCF,_ is the bioconcentration factor for fish on a wet wt
basis (concentration per fish wet weight/concentration in water), and BMF,  is the
biomagnification factor in fish on lipid wt basis (concentration per fish lipid weight/
concentration per diet lipid weight) (ECB 2003). The BCF,, describes water col-
umn uptake only, while the BMF, , represents contaminant uptake via ingestion of
lower trophic level organisms.

To assess the risk of secondary poisoning from sediment contaminants, the

PEC_ . can be replaced with the PEC_:
PEC, i preauor = PECy XBCE, XxBMFE . (19)
If NOECmL predator BCFﬁsh, and BMF,  are known, PECs can be substituted with
NOEC:s to solve for NOEC_ . -
NOEC, e = NOEC, ;1 euior /BCFy, X BME, . (20)

If measured BCF or BMF values are not available, the EU methodology provides
default values for organic substances based on the log K of the substance. As BAF
encompasses both dietary and aqueous uptake, measured BAFs can be used in place
of BCF, , xBMF, . The NOEC .  can be compared to the SQG to assess if sec-
ondary poisoning is expected for sediment concentrations equal to the SQG.

The Australia/New Zealand methodology provides specific guidance to verify
that a derived SQG does not lead to contaminant levels in aquatic organisms that
exceed human health standards for consumption of seafood (ANZECC and
ARMCANZ 2000). A separate sediment criterion can be calculated based on the
bioconcentration factor and sediment-related factors (as derived in van der Kooij
etal. 1991):

Csed=Cmg><Kd/r><BCF, 21

where C. is the BCF-based sediment criterion, Cm_g is the human health standard
for fish, r is an empirical concentration ratio of suspended matter to sediment (r=2
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for organics, van der Kooij et al. 1991), K, may be calculated from K _, and the
applied BCF should represent a sediment-ingesting aquatic organism. The BCF-
based criterion can be compared to the derived SQG to ensure that this will be
protective of human health standards (ANZECC and ARMCANZ 2000).

To summarize, secondary poisoning is a crucial consideration in SQC derivation
because the physicochemical properties associated with sediment accumulation are
similar to those associated with bioaccumulation. Several techniques have been
developed to predict toxicity due to bioaccumulation and biomagnification, and
many methodologies have already incorporated these procedures into the criteria
derivation process. Utilization of BCFs, BAFs, and BMFs, along with dietary expo-
sure toxicity data and/or human health standards, is useful to ensure that a proposed
SQC will not lead to secondary poisoning.

6.3.4 Harmonization Across Media

Harmonizing a sediment quality criterion across various media ensures that the
derived SQC will not cause excursions of criteria into other compartments. Sediment
contaminants may desorb into porewater or overlying water and aqueous contami-
nants may volatilize into the air, which may in turn deposit onto soil or water sur-
faces. Due to this close association between sediment and overlying water,
harmonization across these particular compartments is the focus in most SQG meth-
odologies that address this topic.

Cross-media harmonization is intrinsic to the EqP approach, through which
SQGs are derived based on the chronic water quality criterion (FCV) and the
sediment OC-water equilibrium-partitioning coefficient (Di Toro et al. 2002). In
this way, a system at equilibrium with a sediment contaminant concentration
equal to or below the SQG will also exhibit an aqueous contaminant concentra-
tion equal to or below the WQC. All EqP methodologies (USEPA, OECD, the
Netherlands, EU, France, UK, and Ontario) thus harmonize across the sediment
and water compartments but overlook other environmental compartments, such
as air and soil.

The Dutch method recommends that the maximum permissible concentration
derived for the primary (emission) compartment of concern be used to predict con-
centrations in receiving compartments at steady state via the EqP model (RIVM
2001). If the predicted concentrations exceed the MPCs derived for these (receiv-
ing) compartments (i.e., the MPC of the emission compartment leads to MPC
exceedances in the receiving compartments), the MPC of the emission compartment
needs adjustment. When the emission compartment is sediment, the harmonization
procedure depends on the method used to derive the MPC_ . If MPC__ is deter-
mined by EqP, the obtained value is inherently harmonized with the water compart-
ment and no further assessment is needed. If data are sufficient to use a statistical
extrapolation to determine MPC_, no further harmonization is required because
this is considered a refined effects assessment. If the sediment environmental risk
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limit is derived using assessment factors, this value should be compared to the value
derived using the EqP approach and the lower of the two should be applied as the
harmonized environmental risk limit (RIVM 2001).

In conclusion, it is sensible to assess harmonization between the sediment and
water compartments to avoid criteria excursions across media, and it is likely that
WQC are in place for compounds for which SQC are being developed. If EqP is
used to derive SQC, the sediment and water compartments are inherently harmo-
nized, whereas SQC derived using assessment factors or statistical distributions
need to be harmonized with the aqueous compartment.

6.3.5 Utilization of all Available Data and Encouragement to Generate Data

The overall scarcity of ecotoxicity data available for benthic species constitutes a
major obstruction for deriving sediment quality criteria of adequate statistical cer-
tainty. As noted for WQC by TenBrook et al. (2009), the uncertainty associated with
developed criteria limits the ability of regulators to assess if a criterion is at risk of
over- or underprotecting targeted species. TenBrook et al. proposed that the selected
method should encourage the generation of additional ecotoxicity data by all stake-
holders, because comprehensive high-quality toxicity datasets best enable produc-
ing criteria with a high level of certainty. Of the three main approaches discussed in
the present review, only the empirical approach utilizes all available data to derive
SQGs. The EqP approach essentially disregards any existing sediment toxicity data
in favor of (likely) larger aquatic toxicity datasets, and the assessment factor SSTT
approach only utilizes the single lowest value in the dataset. The SSD SSTT
approach employs all available laboratory toxicity data but excludes field bioassays.
Yet, the empirical approaches are not able to generate single compound numeric
criteria based on causal relationships between sediment chemistry and observed
biological effects; thus, we are left with the EqP and SSTT approaches.

If the EqP approach is implemented, stakeholders have no incentive to generate
sediment toxicity data, because this approach only uses aquatic data, which tend to
be more abundant than sediment data. Adoption of the SSTT approaches, on the
other hand, would encourage data generation by either the AF or SSD procedures
because the magnitude of AFs decreases and the certainty of SSDs increases as the
number of data increase. Thus, to utilize all available data and encourage data gen-
eration, it may be appropriate to incorporate flexible derivation procedures into a
SQC methodology, depending on the size of the dataset. If data for five or more taxa
are available, for example, it would be sensible to apply an SSD, while an AF
approach is appropriate for 1-5 taxa, in which a decreasing AF are applied as data
increases. If no sediment data are available, the EqP approach is acceptable. SSDs
allow uncertainty to be quantified, which provides information regarding the degree
to which resulting criteria are likely to be under- or overprotective. For this reason,
it is recommended that the SSD SSTT approach is prioritized when data require-
ments are met.
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7 Summary

In this review, we evaluated three main current approaches for deriving sediment
quality guidelines: empirical, mechanistic (equilibrium partitioning), and spiked-
sediment toxicity testing approaches. Empirical approaches determine ranges of
sediment concentrations that are likely or unlikely to cause toxicity, based on large
datasets of matching sediment chemistry, field, and laboratory toxicity data. The
empirical approaches are not suitable for determining SQC for specific pesticides
because (1) direct cause-effect relationships between single sediment contaminants
and toxicity cannot be discerned; (2) chemistry measurements have not accounted
for bioavailability, which leads to numeric values with high uncertainty and low
reliability; and (3) for many pesticides, little or no matching chemistry and toxicity
data are available. In the EqP approach, SQC are derived by entering existing aquatic
toxicity data into the equilibrium-partitioning model. This approach is practical for
pesticides with water quality criteria in place, but the assumption of equilibrium in
aquatic ecosystems is questionable, and the EqP approach neglects available sedi-
ment toxicity data. The SSTT approaches utilize sediment toxicity data, creating a
scientifically defensible foundation for SQC, but experimental uncertainties regard-
ing spiking technique and equilibration times are yet to be eliminated. The species
sensitivity distribution approach generates criteria with confidence intervals, pro-
viding a measure of uncertainty, but requires relatively large datasets, whereas the
assessment factor method lacks quantification of uncertainty but only requires few
data to calculate conservative criteria. Several existing methodologies incorporate a
combination of approaches that is dependent on data availability and the physico-
chemical properties of the compound of interest.

A summary of the differences and similarities between key elements of the seven
methodologies emphasized in this review is displayed in Table 6. One important
element regarding sediment contamination is the incorporation of bioavailability
and multiple exposure routes, which must be addressed to achieve a technically
defensible methodology. It is crucial that bioavailability be incorporated in both
criteria derivation and compliance determination (sampling) to ensure that data are
comparable. Recent research on bioavailability of sediment contaminants has indi-
cated that the freely dissolved porewater fraction corresponds well with uptake and
toxicity. For species having significant exposure via ingestion of contaminated food
and/or sediments and/or direct sediment contact, exposure may be underpredicted if
these additional exposure routes are overlooked. Future SQC methodologies will be
greatly improved by accounting for factors relevant for bioavailability and exposure
pathways. To develop a completely new methodology, existing methodologies offer
valuable building blocks that are well suited for adaptation. A new method will be
more reliable and robust if it utilizes more refined risk assessments than currently
are available in existing methodologies. To date, the most comprehensive method-
ologies for deriving single numeric SQC are those of the Netherlands and the EU,
which include both SSTT and EqP approaches.
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