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Series Preface

With remarkable vision, Prof. Otto Hutzinger initiated The Handbook of Environ-
mental Chemistry in 1980 and became the founding Editor-in-Chief. At that time,
environmental chemistry was an emerging field, aiming at a complete description
of the Earth’s environment, encompassing the physical, chemical, biological, and
geological transformations of chemical substances occurring on a local as well as a
global scale. Environmental chemistry was intended to provide an account of the
impact of man’s activities on the natural environment by describing observed
changes.

While a considerable amount of knowledge has been accumulated over the last
three decades, as reflected in the more than 70 volumes of The Handbook of
Environmental Chemistry, there are still many scientific and policy challenges
ahead due to the complexity and interdisciplinary nature of the field. The series
will therefore continue to provide compilations of current knowledge. Contribu-
tions are written by leading experts with practical experience in their fields. The
Handbook of Environmental Chemistry grows with the increases in our scientific
understanding, and provides a valuable source not only for scientists but also for
environmental managers and decision-makers. Today, the series covers a broad
range of environmental topics from a chemical perspective, including methodolog-
ical advances in environmental analytical chemistry.

In recent years, there has been a growing tendency to include subject matter of
societal relevance in the broad view of environmental chemistry. Topics include
life cycle analysis, environmental management, sustainable development, and
socio-economic, legal and even political problems, among others. While these
topics are of great importance for the development and acceptance of The Hand-
book of Environmental Chemistry, the publisher and Editors-in-Chief have decided
to keep the handbook essentially a source of information on “hard sciences” with a
particular emphasis on chemistry, but also covering biology, geology, hydrology
and engineering as applied to environmental sciences.

The volumes of the series are written at an advanced level, addressing the needs
of both researchers and graduate students, as well as of people outside the field of
“pure” chemistry, including those in industry, business, government, research
establishments, and public interest groups. It would be very satisfying to see
these volumes used as a basis for graduate courses in environmental chemistry.
With its high standards of scientific quality and clarity, The Handbook of
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X Series Preface

Environmental Chemistry provides a solid basis from which scientists can share
their knowledge on the different aspects of environmental problems, presenting a
wide spectrum of viewpoints and approaches.

The Handbook of Environmental Chemistry is available both in print and online
via www.springerlink.com/content/110354/. Articles are published online as soon
as they have been approved for publication. Authors, Volume Editors and Editors-
in-Chief are rewarded by the broad acceptance of The Handbook of Environmental
Chemistry by the scientific community, from whom suggestions for new topics to
the Editors-in-Chief are always very welcome.

Damia Barceld
Andrey G. Kostianoy
Editors-in-Chief



Volume Preface

The enduring changes in the aquatic environment and the increasing input of
contaminants require research on novel conceptual and methodological approaches
in relating chemical pollution and ecological alterations in ecosystems. Improving
environmental risk assessment based on the analysis of priority pollutants or other
preselected contaminants and extending the risk evaluation to new pollutants are
essential for a better understanding of the causes of ecological quality loss and the
cause—effect relationships of pollution.

At the same time, a great effort has been undertaken by European Member States
to implement the Water Framework Directive. The ultimate goal of this Directive is
the achievement of the “good quality status” of water bodies in EU river basins by
2015, it being understood as the combination of both “good ecological and chemi-
cal status.” Whereas the connection between these two dimensions of water quality
is accepted as one of the underlying premises of the WFD, there is still a lot to know
on how it is produced. But in any case, there is little doubt that it has practical
consequences for a proper river basin management. Therefore, it is of great interest
to bring the increasing pool of scientific knowledge to water managers, providing a
link between the scientific research and management practices aiming to evaluate
the effects of emerging and priority pollutants in river ecosystems. With this aim,
the Marie Curie Research Training Network KEYBIOEFFECTS organized the
workshop “Emerging and Priority Pollutants: Bringing science into River Basin
Management Plans” (Girona, Spain, 2010).

This book provides an overview of the main outcomes of the KEYBIOEFFECTS
project as they were reflected in the aforementioned workshop. It includes scientific
advances concerning the sampling, analyses, occurrence, bioavailability, and
effects caused by emerging and priority pollutants in European rivers, the current
status of the River Management Plans in Europe, and the applicability of the newly
developed techniques for water monitoring purposes. These scientific advances are
presented in the context of the Water Framework Directive evaluating their missing
gaps and providing the basics for filling them.
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Xii Volume Preface

A special attention is dedicated to report the occurrence and elimination of
emerging pollutants such as pharmaceuticals during conventional wastewater treat-
ment. Assessing the bioavailability of organic contaminants is also presented,
highlighting the difficulties for regulation, more specially in the case of emerging
contaminants. The book presents an extensive set of newly developed methods to
assess ecological integrity in multistressed rivers. Different ecological perspec-
tives: heterotrophic, phototrophic, and macroinvertebrate community indicators,
laboratory and field investigations, as well as multibiomarker approaches are
reviewed providing, in each case, the pros of cons for their application. Finally, a
specific case study of river quality status assessment performed by a river basin
water authority following the principles of the Water Framework Directive is
presented.

It is not always evident how science returns its value to society. We hope that the
results presented in this book will serve as a good example of how scientific
research is able to provide support to issues of public concern, as it is the manage-
ment of the water cycle and hence contributing to the preservation of ecosystems
health and human welfare.

Girona, Spain Helena Guasch
Barcelona, Spain Antoni Ginebreda
Girona, Spain Anita Geiszinger
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Occurrence and Elimination of Pharmaceuticals
During Conventional Wastewater Treatment

Aleksandra Jeli¢, Meritxell Gros, Mira Petrovi¢, Antoni Ginebreda,
and Damia Barcelé

Abstract Pharmaceuticals have an important role in the treatment and prevention
of disease in both humans and animals. Since they are designed either to be highly
active or interact with receptors in humans and animals or to be toxic for many
infectious organisms, they may also have unintended effects on animals and
microorganisms in the environment. Therefore, the occurrence of pharmaceutical
compounds in the environment and their potential effects on human and environ-
mental health has become an active subject matter of actual research.

There are several possible sources and routes for pharmaceuticals to reach the
environment, but wastewater treatment plants have been identified as the main
point of their collection and subsequent release into the environment, via both
effluent wastewater and sludge. Conventional systems that use an activated sludge
process are still widely employed for wastewater treatment, mostly because they
produce effluents that meet required quality standards (suitable for disposal or
recycling purposes), at reasonable operating and maintenance costs. However,
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this type of treatment has been shown to have limited capability of removing
pharmaceuticals from wastewater. The following chapter reviews the literature
data on the occurrence of these microcontaminants in wastewater influent, effluent,
and sludge, and on their removal during conventional wastewater treatment.

Keywords Pharmaceuticals « Removal ¢ Sludge « Wastewater
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Abbreviations
HRT Hydraulic retention time
NSAIDs Nonsteroidal anti-inflammatory drugs
SRT Solid retention time

WWTP  Wastewater treatment plant

1 Introduction

Pharmaceuticals are a large and diverse group of compounds designed to prevent,
cure, and treat disease, and improve health. Hundreds of tons of pharmaceuticals
are dispensed and consumed annually worldwide. The usage and consumption are
increasing consistently due to the discoveries of new drugs, the expanding popula-
tion, and the inverting age structure in the general population, as well as due to
expiration of patents with resulting availability of less expensive generics [1]. After
intake, these pharmaceutically active compounds undergo metabolic processes in
organisms. Significant fractions of the parent compound are excreted in unmetabo-
lized form or as metabolites (active or inactive) into raw sewage and wastewater
treatment systems. Municipal sewage treatment plant effluents are discharged to
water bodies or reused for irrigation, and biosolids produced are reused in agricul-
ture as soil amendment or disposed to landfill. Thus body metabolization and
excretion followed by wastewater treatment are considered to be the primary
pathway of pharmaceuticals to the environment. Disposal of drug leftovers to
sewage and trash is another source of entry, but its relative significance is unknown
with respect to the overall levels of pharmaceuticals in the environment [2].
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Continual improvements in analytical equipment and methodologies enable the
determination of pharmaceuticals at lower concentration levels in different envi-
ronmental matrices. Pharmaceuticals and their metabolites in surface water and
aquatic sediment were subject of numerous studies concerning pharmaceuticals in
the environment [3-5]. Several studies investigated the occurrence and distribution
of pharmaceuticals in soil irrigated with reclaimed water [6-8] and soil that
received biosolids from urban sewage treatment plants [9, 10]. These studies
indicated that the applied wastewater treatments are not efficient enough to remove
these micropollutants from wastewater and sludge, and as a result they find their
way into the environment (Fig. 1). Once they enter the environment, pharmaceuti-
cally active compounds can produce subtle effects on aquatic and terrestrial
organisms, especially on the former since they are exposed to long-term continuous
influx of wastewater effluents. Several studies investigated and reported on it
[11-13]. No evidence exists linking the presence of pharmaceuticals in the envi-
ronment to human health risks; still complex mixtures may have long-term unseen
effects, especially on tissues other than those on which the pharmaceuticals were
designed to act.

Therefore, the occurrence of pharmaceutical compounds in the environment and
their potential effects on human and environmental health, as well as the extent to
which they can be eliminated during wastewater treatment, have become active
subject matter of actual research. Since the concern about the discharge of
pharmaceuticals (and other emerging contaminants, as well) into wastewater is
relatively recent, it is not strange that they are not yet covered by the currently
existing regulation.

S PHARMACEUTICALS
< e  FOR HUMAN USE
CONSUMED / EXCRETED

¥

Primary  Agrobic biological Secondary

clarifier | process clarifier
Grease |4 ) o8
and grit {ogo EFFLUENT
chamber W ; P 5
Return sludge
ry sludgel %! Wasted
Sludge Sludge sludge SURFACE WATER
Gravity Flotation
Thickener Thickener

RETURNED TO
PHARMACIES
TREATED
HOUSEHOLD SLUDGE
WASTE
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Sludge dewatering
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DRINKING
WATER

GROUNDWATERS

Fig. 1 Routes of release of pharmaceuticals for human use to the environment with a schematic
diagram of a conventional WWTP
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2 Activated Sludge Process for Treatment of Wastewater

Wastewater treatment systems that use activated sludge processes have been
employed extensively throughout the world, mostly because they produce effluents
that meet required quality standards (suitable for disposal or recycling purposes), at
reasonable operating and maintenance costs. Figure 1 shows a schematic diagram
of a conventional wastewater treatment. All design processes include preliminary
treatment consisting of bar screen, grit chamber, and oil and grease removal unit
[14], typically followed by primary gravity settling tank, in all but some of the
smaller treatment facilities. The primary-treated wastewater enters into a biological
treatment process—usually an aerobic suspended growth process—where mixed
liquor (i.e., microorganisms responsible for the treatment, along with biodegradable
and nonbiodegradable suspended, colloidal, and soluble organic and inorganic
matter) is maintained in liquid suspension by appropriate mixing methods. During
the aeration period, adsorption, flocculation, and oxidation of organic matter occur.
After enough time for appropriate biochemical reactions, mixed liquor is trans-
ferred to a settling reactor (clarifier) to allow gravity separation of the suspended
solids (in form of floc particles) from the treated wastewater. Settled solids are then
returned to the biological reactor (i.e., return activated sludge) to maintain a
concentrated biomass for wastewater treatment. Microorganisms are continuously
synthesized in the process; thus some of suspended solids must be wasted from the
system in order to maintain a selected biomass concentration in the system. Wasting
is performed by diverting a portion of the solids from the biological reactor to solid-
handling processes. The most common practice is to waste sludge from the return
sludge line because return activated sludge is more concentrated and requires
smaller waste sludge pumps. The waste sludge can be discharged to the primary
sedimentation tanks for co-thickening, to thickening tanks, or to other sludge-
thickening facilities, in order to increase the solid content of sludge by removing
a portion of the liquid fraction. Through the subsequent processes such as digestion,
dewatering, drying, and combustion, the water and organic content is considerably
reduced, and the processed solids are suitable for reuse or final disposal. To achieve
better effluent water quality, further treatment steps - tertiary treatment - can be
added to the above outlined generla process, e.g. activated carbon adsorption,
additioanl nutrient removal etc.

3 Occurrence of Pharmaceuticals During Conventional
Wastewater Treatment

3.1 Occurrence of Pharmaceuticals in Wastewater
Influent and Effluent

More than 10,000 prescription and over-the-counter pharmaceuticals are registered
and approved for usage today, with around 1,300 unique active ingredients (Orange
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book, FDA). This is a versatile group of compounds that differ in the mode of
action, chemical structure, physicochemical properties, and metabolism. They are
typically classified using the Anatomical Therapeutic Chemical Classification
System (ATC system) according to their therapeutic application and chemical
structure. Because of the volume of prescription, the toxicity, and the evidence
for presence in the environment, nonsteroidal anti-inflammatory drugs (NSAIDs),
antibiotics, beta-blockers, antiepileptics, blood lipid-lowering agents, antidepres-
sants, hormones, and antihistamines were the most studied pharmaceutical
groups [15].

Even though a number of research publications have been focused on the
occurrence, fate, and effects of pharmaceuticals in the environment, we have data
on the occurrence of only 10% of the registered active compounds, and very little
information on their effects in the environment. There is even less information
regarding the occurrence and fate of the transformation/degradation products
(active or not) of pharmaceuticals. Both the qualitative and the quantitative analysis
of pharmaceuticals in the environmental matrices are definitely a starting point for
the establishment of new regulations for the environmental risk assessment of
pharmaceutical products.

The pharmaceuticals find their way to the environment primarily via the dis-
charge of raw and treated sewage from residential users or medical facilities.
Through the excretion via urine and feces, extensively metabolized drugs are
released into the environment. But the topically applied pharmaceuticals (when
washed off) along with the expired and unused ones (when disposed directly to
trash or sewage) pose a direct risk to the environment because they enter sewage in
their unmetabolized and powerful form [2]. Even though the production of drugs is
governed by rigorous regulations, pharmaceutically active substances are fre-
quently released with the waste from drug manufacturing plants [16—18].

The occurrence of the pharmaceutical compounds in wastewater treatment
plants has been investigated in several countries around the world (Austria, Canada,
England, Germany, Greece, Spain, Switzerland, USA, etc). More than 150
pharmaceuticals belonging to different therapeutic groups have been detected in
concentration ranging up to the pg/L level in sewage water. Their environmental
occurrence naturally depends on the rate of production, the dosage and frequency of
administration and usage, the metabolism and environmental persistence, as well as
the removal efficiency of wastewater treatment plants (WWTPs). Figures 2 and 3
show the occurrence of the selected, most investigated pharmaceuticals in waste-
water influent and effluent, as found in the literature.

NSAIDs are the most used class of drugs for the treatment of acute pain and
inflammation. They are administered both orally and topically and available as
prescription and over-the-counter (nonprescription) drugs. High consumption and
way of administration of NSAIDs result in elevated concentration reported in the
effluent from WWTPs. Among the most studied NSAIDs during wastewater
treatments are ibuprofen, diclofenac, naproxen, ketoprofen, and mefenamic acid
[19]. The compounds usually detected in the highest concentrations in the influent
of WWTPs are ibuprofen, naproxen, and ketoprofen (in range of some pg/L)
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Ibuprofen | i I
Naproxen | [ T
Ketoprofen | —1
Atenolol | ¢ T
Furosemide |  —
Ranitidine  ——
0 2000 4000 6000 8000 10000 12000
Diclofenac | 1
Mefenamic acid | —T—
Carbamazepine | [ I ]
Popranolol | T
Metoprolol | Cr———
Clofibric acid |  ——
Gemfibrozil | s —]
Bezafibrate | i I
Norfloxacin | —r——
Ciprofloxacin |  ——
Sulfamethoxazole | I ]
Trimethoprim | [ T
Clarithromycin | [ I
Erythromycin ( T ]
0 200 400 600 800 1000 1200 1400 1600 1800

Concentration (ng/L)

Fig. 2 Concentrations of the pharmaceuticals in wastewater influent (25th, median, and 75th
percentile, for the values found in the literature)
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Fig. 3 Concentrations of the pharmaceuticals in wastewater effluent (25th, median, and 75th
percentile, for the values found in the literature)

[20-22]. Even though the concentrations of these compounds are markedly lowered
at the effluent, they are far from negligible. Heberer et al. [23] identified diclofenac
as one of the most important pharmaceuticals in the water cycle, with low pg/L
concentrations in both row and treated wastewater (3.0 and 2.5 pg/L at the influent
and effluent, respectively).
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Beta-blockers are another very important class of prescription drugs. They are
very effective in treating cardiovascular diseases. As NSAIDs, beta-blockers are
not highly persistent, but they are present in the environmental due to their high
volume of use. Due to same mode of action of beta-blockers, it has been found that
the mixture of beta-blockers showed concentration addition indicating a mutual
specific nontarget effect on algae [24]. These compounds are generally found in
aqueous phase because of their low sorption affinity and elevated biodegradability
[25]. Atenolol, metoprolol, and propranolol have been frequently identified in
wastewaters, where atenolol was detected in the highest concentrations, in some
cases ranging up to 1 pg/L [26-28]. As a result of the incomplete removal during
conventional wastewater treatment, these compounds were also found in surface
waters in the ng/L to low mg/L range ([29, 30]; Ternes et al. 1998; [27]).

Lipid-lowering drugs, with statins and fibrates particularly, are used in the
treatment and prevention of cardiovascular disease. In the last decade, statins
became the drug of choice to lower cholesterol levels and their usage is increasing.
According to the National Center for Health Statistics of USA [32], from
1988-1994 to 20032006, the use of statin drugs by adults aged 45 years and
over increased almost tenfold, from 2 to 22%. Among lipid-lowering drugs and
pharmaceuticals, in general, clofibric acid is one of the most frequently detected
in the environment and one of the most persistent drugs with an estimated persis-
tence in the environment of 21 years [15]. It has been detected in the ng/L range
concentrations in influent, without big difference in the concentrations at the
effluent. Many analogues of clofibrate, such as gemfibrozil, bezafibrate, and fenofi-
brate, were detected in the samples of sewage plants in concentrations up to low pg/L
at the influent [20, 27, 33]. Among statins, atorvastatin, mevastatine, and prevastatine
were detected in various environmental matrices including raw and treated
wastewater as well as surface water near the points of discharge [20, 30, 34-36].

Antibiotics are destined to treat diseases and infection caused by bacteria.
They are among the most frequently prescribed drugs for humans and animals in
modern medicine. Beta-lactams, macrolides, sulfonamides, fluoroquinolones, and
tetracyclines are the most important antibiotic groups used in both human and
veterinary medicine. High global consumption of up to 200,000 tons per year
[37] and high percentage of antibiotics that may be excreted without undergoing
metabolism (up to 90%) result in their widespread presence in the environment
[38]. Unmetabolized pharmaceutically active forms of antibiotics concentrated in
raw sludge may promote the development of bacterial resistance. Bacteria in raw
sludge are more resistant than bacteria elsewhere [39]. Many active antibiotic
substances were found in raw sewage matrices, including both aqueous and solid
phase. Beta-lactams are among the most prescribed antibiotics. Despite their
high usage, they readily undergo hydrolysis, and thus have been detected in very
low concentrations in treated wastewater, or not at all detected [40]. Sulfonamides,
fluoroquinolone, and macrolide antibiotics show the highest persistence and are
frequently detected in wastewater and surface waters [38]. Sulfamethoxazole is
one of the most detected sulfonamides [41—45] that was reported with various
concentrations and up to ca. 8pg/L (in raw influent in China) [46]. Sulfamethoxazole
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is often administrated in combination with trimethoprim, and commonly analyzed
together [47]. Trimethoprim exhibits high persistence with little removal being
effected by WWTPs, and thus is ubiquitously detected in ranges from very low ng/L.
to 1 pg/L in wastewater influent and effluent [41, 48]. Fluoroquinolone antibiotics
ciprofloxacin and norfloxacin have been frequently detected in various streams in
low pg/L [22, 41, 49, 50]. Even though it is greatly reduced during treatment,
ciprofloxacin was found to be present in effluent wastewater at average concentra-
tion from 0.1 to 0.6 pg/L [48, 51, 52]. The class of tetracyclines, widely used broad-
spectrum antibiotics, with chlortetracycline, oxytetracycline, and tetracycline as
mostly used, was detected in raw and treated sewage in many studies in the ng/L
[53] to pg/L concentrations [54]. Tetracyclines and fluoroquinolones form stable
complexes with particulates and metal cations, showing the capacity to be more
abundant in the sewage sludge [55, 56]. Some of the most prescribed antibiotics—
macrolides clarithromycin, azithromycin, roxithromycin, and dehydro-erythromy-
cin—were found in various environmental matrices in a variety of concentrations
from very low ng/L to few pg/L [57-59]. High effluent concentrations were
reported for dehydro-erythromycin, i.e., up to 2.5 pg/L [51, 54, 60]. In the final
US EPA report CCL-3 from September 2009, erythromycin was one of three
pharmaceuticals included as priority drinking water contaminant, based on health
effects and occurrence in environmental waters [61].

According to the National Center for Health Statistics of USA [32], the usage of
antidiabetic drugs by adults aged 45 years and over increased about 50%, from 7%
in 1988-1994 to 11% in 2003-2006, as a consequence of an increase in the
detection of antidiabetics in the environment over time. Still, only few data are
reported on the occurrence and fate of antidiabetics. Glyburide (also glibenclamide)
was found to be ubiquitous in both aqueous and solid phase of sewage treatment
[20, 30, 62].

Histamine H2-receptor antagonists are used in the treatment of peptic ulcer and
gastro-esophageal reflux disease. Certain preparations of these drugs are available
OTC in various countries. Among H2-receptor antagonists, cimetidine and raniti-
dine have been frequently detected in wastewater and sludge. As for all the other
pharmaceuticals, the reported concentration varies from very low ng/L to a few pg/L
[20, 21, 63].

While antiepileptic carbamazepine is one of the most studied and detected
pharmaceuticals in the environment, there is not much information on the occur-
rence and fate of other of psychoactive drugs in WWTPs. Carbamazepine is one of
the most widely prescribed and very important drug for the treatment of epilepsy,
trigeminal neuralgia, and some psychiatric diseases (e.g., bipolar affective disorders
[64, 65]. In humans, following oral administration, it is metabolized to pharmaco-
logically active carbamazepine-10,11-epoxide, which is further hydrolyzed to
inactive carbamazepine-10, 11-trans-dihydrodiol, and conjugated products which
are finally excreted in urine. Carbamazepine is almost completely transformed by
metabolism with less than 5% of a dose excreted unchanged [66]. Still, glucuronide
conjugates of carbamazepine can presumably be cleaved during wastewater treat-
ment, so its environmental concentrations increase [27]. In fact, carbamazepine and
its metabolites have been detected in both wastewaters and biosolids [67].
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Carbamazepine is heavily or not degraded during wastewater treatment and many
studies have found it ubiquitous in various environment matrices (groundwater, river,
soil) [34, 62, 68—71]. The concentrations of carbamazepine vary from one plant to
another, and they are usually around hundreds ng/L, and in some cases also few pg/L
[27, 72].

3.2 Occurrence of Pharmaceuticals in Sewage Sludge

Sludge, originating from the wastewater treatment processes, is the semisolid
residue generated during the primary (physical and/or chemical), the secondary
(biological), and the tertiary (often nutrient removal) treatment. In the last years the
quantities of sludge have been increasing in EU because of the implementation of
the Directive 91/271/EEC on urban wastewater treatment. There was nearly nine
million tons of dry matter produced in 2005 in EU Member states. Similar regula-
tion in USA was introduced by US EPA regulations 40 Code of Federal Regulations
Part 503 (40 CFR 503) that established the minimum national standards for the use
and disposal of domestic sludge. By this regulation, sludge was classified into two
different microbiological types according to the extent of pathogen removal
achieved by the sludge treatment process, i.e., Class A (usage without end-use
restrictions) and Class B (controlled/limited disposal). The amount of sludge
generated in 2006 was estimated to be more than eight million tons of which 50%
were land applied [73].

Due to the physical-chemical processes involved in the treatment, the sludge
tends to concentrate heavy metals and poorly biodegradable trace organic
compounds as well as potentially pathogenic organisms (viruses, bacteria, etc.)
present in waste waters. Sludge is, however, rich in nutrients such as nitrogen and
phosphorous and contains valuable organic matter that is useful when soils are
depleted or subject to erosion. It has been used in agriculture over a long time. In
EU, since 1986, the utilization of sewage sludge has been ruled by the EU Directive
(86/278/EEC), which encouraged the use of sludge regulating its use with respect to
the quality of sludge, the soil on which it is to be used, the loading rate, and the
crops that may be grown on treated land. None of the regulations cover the question
of pharmaceuticals and other emerging pollutants that may be transported to soil
after land application of biosolids, having the potential to enter surface water, leach
into groundwater, or be accumulated by vegetation or other living organisms.

Most of the studies on the fate of pharmaceuticals in WWTPs focused only on
the aqueous phase, and concentrations of the compounds in sludge were rarely
determined mainly due to the demanding efforts required in the analysis in this
difficult matrix. Out of 117 publications studied by Miege et al. [19], only 15
reported the concentrations of pharmaceuticals in sludge and 1 in suspended solid,
and none of these papers reported the removal obtained taking into account both
aqueous and solid phases of WWTPs. Still, the screening of sewage sludge showed
that these micropollutants are very present in this medium [74-77]. High aqueous-
phase removal rates for some compounds would suggest very good removal of
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these compounds during the wastewater treatment. But only a certain percent of
the total mass of input is really lost (i.e., biodegradaded) during the treatment.
The rest accumulates in sludge or ends up discharged with the effluent. As shown in
Fig. 4, sorption of some pharmaceuticals analyzed in the study of Jelic et al. [20]
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Fig. 4 Normalized mass loads of the selected pharmaceuticals entering three studied WWTPs,
i.e., fraction discharged with effluent, sorbed to sludge, and removed during treatment
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(e.g., atorvastatin, clarithromycin) contributed to the elimination from the aqueous
phase with more than 20% related to the amount of these compounds at the influent.
In the figure, term liquid removal indicates a difference in the loads of pharmaceuti-
cals between influent and effluent wastewater, and overall removal, a difference in
the loads that enter (i.e., influent) and exit (including both effluent and sludge loads)
the plants. The difference between overall and liquid removal is the fraction that
sorbed to sludge matter.This example clearly indicates the importance of the
analysis of sludge when studying wastewater treatment performances.

The sorption behavior of pharmaceuticals can be very complex and difficult to
assess. These compounds can absorb onto bacterial lipid structure and fat fraction
of the sewage sludge through hydrophobic interactions (e.g., aliphatic and aromatic
groups), adsorb onto often negatively charged polysaccharide structures on the
outside of bacterial cells through electrostatic interactions (e.g., amino groups),
and/or they can bind chemically to bacterial proteins and nucleic acids [78].
Also the mechanisms other than hydrophobic partitioning, such as hydrogen
bonding, ionic interactions, and surface complexation, play a significant role in
the sorption of pharmaceuticals in sludge. Therefore, also the compounds with
low LogK,,, and LogK, values may easily sorb onto sludge. Despite their negative
K,w, fluoroquinolones have a high tendency for sorption because of their zwitterionic
character (pK,coon = 5.9 — 6.4, pKaniz = 7.7 — 10.2) [49]. These antibiotics
were reported to be present in the highest concentration in sewage sludge samples
from various WWTPs [50, 74, 79]. Also tetracycline and sulfonamides exhibit strong
sorption onto sludge particles, higher than expected based on their hydrophobicity.

In general, data on the occurrence of pharmaceuticals in sludge are sparse, where
the group of antibiotics was mostly analyzed and found to be the most abundant.
Kinney et al. [7] measured erythromycin-H,O, sulfamethoxazole, and trimethoprim
in microgram per kilogram concentrations in nine different biosolids. Out of the 72
pharmaceuticals and personal care products targeted in the study of EPA in its 2001
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Fig.5 Concentrations of the pharmaceuticals in sludge (25th, median, and 75th percentile, for the
values found in the literature)
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National Sewage Sludge Survey, 38 (54%) were detected at concentrations ranging
from the low ng/g to the ng/g range. All the analyzed antibiotics constituted about
29% of the total mass of pharmaceuticals per sample [76]. Only few studies
reported data on the occurrence of anti-inflammatories and some other therapeutic
classes (psychoactive drugs, lipid-lowering drugs, etc.) [20, 79-82]. Figure 5
summarizes some literature data on the occurrence of several pharmaceuticals in
sewage sludge in various WWTPs.

4 Removal of Pharmaceuticals During Conventional
Wastewater Treatment

Municipal wastewater treatment plants were basically designed to remove
pathogens and organic and inorganic suspended and flocculated matter. Even
though the new treatment technologies have been developed to deal with health
and environmental concerns associated with findings of nowadays research, the
progress was not as enhanced as the one of the analytical detection capabilities and
the pharmaceutical residues remain in the output of WWTPs. When speaking about
pharmaceuticals, the term removal refers to the conversion of a pharmaceutical to a
compound different than the analyzed one (i.e., the parent compound). Thus, it
accounts for all the losses of a parent compound produced by different mechanisms
of chemical and physical transformation, biodegradation, and sorption to solid
matter. All these processes (mainly biodegradation, sorption, and photode-
gradation) are limited in some way for the following reasons: (a) pharmaceuticals
are designed to be biologically stable; (b) the sorption depends on the type and
properties of the suspended solids (sludge); (c) and even though they are
photoactive, because many of them have aromatic rings, heteroatoms, and other
functional groups that could be susceptible to photodegradation; they may also give
the products of environmental concern.

Removal, as difference in the loads between influent and effluent, has negative
values in some cases. The explanation for this could be found in sampling protocols
[83], not only because they could be inadequate, but because of the nature of disposal
of pharmaceuticals. The fact is that the substances arrive in a small number of
wastewater packets to the influent of WWTP, in unpredictable amounts and time
intervals; thus the influent loads, especially, are easily systematically underestimated.

Even though the analysis of effluent and sludge yields more certain results,
because they come from stabilization processes, the sampling in general may result
in underestimated and even negative removals. Furthermore, the negative removal
can be explained by the formation of unmeasured products of human metabolism
and/or transformation products (e.g., glucuronide conjugate, methylates, and
glycinates) that passing through the plant convert back to the parent compounds.
This can be considered as a reasonable assumption since the metabolites and some
derivates of pharmaceuticals are well known (e.g., hydroxy and epoxy-derivatives
of carbamazepine, 4-trans-hydroxy and 3-cis-hydroxy derivatives of glibenclamide,
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ortho- and parahydroxylated derivatives of atorvastatin, etc.) [67, 84, 85].
During complex metabolic processes in human body and biochemical in wastewa-
ter treatment, various scenarios of transformation from parent compound to metab-
olite and derivatives and vice versa can occur. Generally speaking, metabolites tend
to increase the water solubility of the parent compound. Two different strategies are
followed to achieve that objective: chemical modification of the parent molecule
through addition of polar groups like OH, COOH, etc.; alternatively, the parent
structures can be linked reversibly to polar highly soluble biological molecules,
such as glucuronic acid, forming the so-called conjugates. Metabolites can be just
as active as their parent compounds. Therefore, the occurrence of metabolites and
transformation products and pathways should be included in the future studies in
order to obtain accurate information on the removal of pharmaceuticals during
treatment and to determine treatment plant capabilities.

The extent to which one compound can be removed during wastewater treatment
is influenced by chemical and biological properties of the compound, but also of
wastewater characteristics, operational conditions, and treatment technology used.
Therefore, as shown in the following examples, high variations in elimination may
be expected, and no clear and definitive conclusion can be made on the removal of
any particular compound, and even less on the fate of a therapeutic group. Some
operating parameters such as hydraulic retention time (HRT), solid retention time
(SRT), redox conditions, and temperature may affect removal of pharmaceuticals
during conventional treatment [127]. Of all the operating parameters, SRT is the
most critical parameter for activated sludge design as SRT affects the treatment
process performance, aeration tank volume, sludge production, and oxygen
requirements. It has been proved that longer SRT, especially, influences and
improves the elimination of most of the pharmaceuticals during sewage treatment
[43, 68, 86]. WWTPs with high SRTs allow the enrichment of slowly growing
bacteria and consequently the establishment of a more diverse biocoenosis with
broader physiological capabilities (e.g., nitrification or the capability for certain
elimination pathways) than WWTPs with low SRTs [68].

NSAIDs have been the most studied group in terms of both occurrence and
removal during wastewater treatment. As noted, the pharmaceuticals are grouped
according to the therapeutic applications; thus high variations in removal rates were
observed within the group due to the differences in chemical properties. While
ibuprofen and naproxen are generally removed with very high efficiency,
diclofenac is only barely removable during conventional treatment. The removal
rates of ibuprofen and naproxen are commonly higher than 75% and 50%, respec-
tively [87-92]. Diclofenac shows rather low and very inconsistent removal rates,
between 0 and 90% [88, 89, 91, 92]. Its persistence is attributed to the presence of
chlorine group in the molecule. Some studies on removal during wastewater
treatment showed no influence of SRT on the removal of diclofenac [68, 93, 94].
The removal of ibuprofen, ketoprofen, indomethacin, acetaminophen, and
mefenamic acid is reported to be very high (>80%) or even complete for SRT
typical for nutrient removal (10 < SRT < 20 days) [88, 90, 94].
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Beta-blockers were reported to be only partially eliminated by conventional
biological treatment [128, 26, 27, 31]). The data on their removal are very incon-
sistent and the removal rates vary from less than 10% up to 95% depending on the
treatment. Maurer et al. proved that the elimination of beta-blockers in WWTPs
depends on the HRT, which could be a good explanation for the variable removal
reported in the literature. The highest average elimination rates can be observed for
atenolol and sotalol (around 60%). But for the same compounds low removals were
reported as well. Maurer et al. [95] and Wick et al. [96] reported removal rates
lower than 30% for sotalol, and Castiglioni et al. [87] reported a removal of 10% for
atenolol during the winter months. In the same study, atenolol achieved better
elimination in summer (i.e., 55%) due to a higher microbial activity [87]. In most
cases, metoprolol showed very low removal rates, i.e., 10-30% [26, 31, 97]. The
occurrence and microbial cleavage of conjugates are well known to influence the
mass balance in WWTPs [98-100]. The microbial cleavage of conjugates of
metoprolol could be responsible for an underestimation of its removal efficiency.
For propranolol as well, various removal rates, mostly moderately low [96, 101],
were observed. This compound is by far the most lipophilic beta-blocker and the
only one with a bioaccumulation potential. Sludge—water partition coefficients were
found to be less than 100 L/kgy for sotalol and atenolol, and 343 L/kg. for
propanolol [95]. For K, s values less than 500 L/kggs the removal by sorption in a
WWTP with a typical sludge production of 0.2 g4 /L is less than 10% [102] and
hence does not significantly contribute to the removal of beta-blockers in activated
sludge units [96]. Therefore, the partial removal of beta-blockers can be assumed to
be due to biotransformation.

No significant to medium removal was reported for all the lipid regulators.
Zorita et al. [22] reported a medium removal of 61% during primary and biological
treatment, where during the latter one no removal was observed. Lower
removal rates were reported by some other authors, <35% [87, 103, 104]. No or
low removal of clofibric acid was observed in different WWTPS of Berlin [105].
Winkler et al. [106] found no evidence for biotic degradation of clofibric acid.
Radjenovic et al. [36] showed that clofibric acid may be removed more efficiently
with MBR (72-86%) compared to the activated sludge process (of 26-51%). The
removal rates of fibrates bezafibrate, fenofibrate, and gemfibrozil vary between 30
and 90% [88, 94, 107]. Various removal rates during biological treatment in ten
WWTPs in Spain were reported in the studies of Jelic et al. [20] and Gros et al. [30].
It was found that sorption to sludge particulate contributes to the removal values
with ca. 20% [20].

Results from various studies showed that anticonvulsant carbamazepine is
recalcitrant to biological treatment and it is not removed during either conventional
wastewater treatment or membrane bioreactor treatments [34, 62, 69, 71, 91, 108].
Physicochemical processes such as coagulation-flocculation and flotation did not
give better results concerning its degradation [109—111]. It was constantly found at
higher concentrations at the effluent of WWTPs. Knowing that the activated sludge
has glucuronidase activity, which allows the cleavage of the glucorinic acid moiety
in WWTP [112], rational explanation for the increase in concentration is conversion



Occurrence and Elimination of Pharmaceuticals 15

of CBZ glucorinides and other conjugated metabolites to the parent compound by
enzymatic processes in a WWTP. No influence of SRT on the removal of CBZ
during conventional wastewater treatment was noticed [68, 93]. Except for carba-
mazepine, information on the occurrence and fate of other psychoactive drugs in
WWTPs is very scarce. This is probably because of the low therapeutic dose
resulting generally in low concentrations in the environment [63, 113, 114]. Con-
ventional treatment achieves a removal lower than 10% in case of diazepam [72].
Zorita et al. [22] reported very high removal efficiency in case of fluoxetine and its
active metabolite norfluoxetine. Still, the lowest observed effect concentration of
fluoxetine for zooplankton and benthic organisms is close to the maximal measured
WWTP effluent concentrations [115]. Low effluent concentrations can be due to the
fact that fluoxetine rapidly passes to solid phase where it appears to be very
persistent [116, 117]. Additionally, it was found that it has a high bioaccumulation
potential when detected in wild fish [118].

The removal of several other drugs such as the histamine H2-receptor
antagonists cimetidine, famotidine, and ranitidine varied from low to very high.
Radjenovic et al. [36] reported rather poor and unstable removal of histamines
during conventional treatment (15-60%). Castiglioni et al. [87] found that the
removal of ranitidine depends on season, and showed 39% removal in winter and
84% in summer. High removal of ranitidine during activate sludge treatment (89%)
was observed in a study of Kasprzyk-Hordern et al. [21].

Antibiotics cover a broad range of chemical classes, and it is very difficult to
characterize their behavior during activated sludge process due to varying removal
efficiencies reported from studies undertaken worldwide. Due to their limited
biodegradability and sorption properties, sulfonamides and trimethoprim appear
to be only partially removed by conventional wastewater treatment. The removal of
these antibiotics has been reported to vary significantly [41-44, 97, 119]. The
explanation could be found in different operational parameters such as HRT,
SRT, and temperature and also in the fact that sulfonamides are easily transformed
from their parent compounds to their metabolites and vice versa; thus the removal
efficiencies may be easily or underestimated or overestimated. In case of trimetho-
prim, only minor removal was noticed during primary and biological treatment, but
the advanced treatment [43] and nitrification organisms appear to be capable of
degrading trimethorpim [120, 121]. This suggests an important role for aerobic
conditions for the biotransformation of trimethoprim. Consistent with this, removal
efficiency of trimethoprim appears to be enhanced by long SRT during biological
treatment, which is conducive to nitrification [122]. Also macrolide antibiotics are
often incompletely removed during biological wastewater treatment. Studies from
different conventional WWTPs have revealed that the removal of macrolides varied
from high but negative values, to around 50% [43, 88]. Karthikeyan and Meyer [59]
found that 43 to 99% of erythromycin was removed by activated sludge process and
aerated lagoons. In the study of Kobayashi et al. [123], 50% of clarithromycin and
azithromycin were removed from three conventional WWTPs. Gobel et al. [43]
proposed gradual release of the macrolides (e.g., clarithromycin) from feces
particles during biological treatment as an explanation for the possible negative
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removal rates for these antibiotics. Sorption of macrolides to wastewater biomass is
attributed to hydrophobic interactions (high partitioning coefficient). But knowing
that the surface of activated sludge is predominantly negatively charged , and under
typical wastewater conditions, the basic dimethylamino group (pKa > 8.9) is
protonated, sorption could occur due to cation exchange interaction as well [124].
Greater adsorption of azithromycin to biomass compared to clarithromycin has
been reported [123]. Varying removal was reported for fluoroquinolone antibiotics,
as well. [125] found that norfloxacin and ciprofloxacin were removed with 78% and
80%, respectively, where around 40% was removed during the biological treatment.
Similar removal was reported by Zorita et al. [22] during secondary and tertiary
treatment. The predominant removal mechanism of fluoroquinolones has been
suggested to be adsorption to sludge and/or flocs rather than biodegradation [22,
49, 122, 125]. Ciprofloxacin and norfloxacin sorbed to sludge independently of
changes in pH during wastewater treatment, and more than 70% of the total amount
of these compounds passing through the plant was ultimately found in the digested
sludge [125]. These findings indicated sludge as the main reservoir of
fluoroquinolones that may potentially release the antibiotics into the environment
when applied to agricultural land. Karthikeyan and Meyer [59] reported removal
efficiency of 68% for tetracycline, and Yang et al. [45] have reported removals of
78 and 67% for chlortetracycline and doxycycline, respectively, during activated
sludge processes. Also some tetracyclines have significant potential for absorption
onto solids due to a combination of non-hydrophobic mechanisms, such as ionic
interactions, metal complexation, hydrogen bond formation, or polarization [126].
Their removal is not so affected by HRT, but SRT appears to significantly influence
the removal during biological treatment [53].

5 Conclusion

Various studies showed that even though the conventional WWTPs meet the
regulatory requirements for wastewater treatment (Directive 91/271/EEC), they
are only moderately effective in removing pharmaceuticals. The removal of
pharmaceuticals will naturally depend on their chemical and biological properties,
but also on wastewater characteristics, operational conditions, and treatment tech-
nology used. Thus, high variations in removal may be expected, and no clear and
definitive conclusion can be made on the removal of any particular compound. Of
all the operating parameters, the solid retention time (SRT) is the most critical
parameter for activated sludge process and it has been proved that longer SRT
improves the elimination of most of the pharmaceuticals during sewage treatment.
Estimation of removal rates may be underestimated due to at least three factors:
removal efficiency was calculated from the mean concentration values; the
metabolites and transformation products of pharmaceuticals and their amounts
were not defined; and the time-proportional sampling may not be perfectly suitable
for pharmaceutical analysis, especially on influent. Still, the fact is that a number of
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pharmaceuticals were detected in effluent wastewater and sludge samples. These
pharmaceuticals cover a wide range of physical-chemical properties and biological
activities. Although the chronic toxicity effects of such a mixture are unknown
and thus the risk that it could pose to the environment could not be fully assessed,
their presence must not be ignored. More information on quality, quantity, and
toxicity of pharmaceuticals and their metabolites is definitely needed especially
when attempting to reuse wastewater and dispose sludge to agricultural areas and
landfills.
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Bioavailability of Organic Contaminants
in Freshwater Environments

Jarkko Akkanen, Tineke Slootweg, Kimmo Maenpaa, Matti T. Leppanen,
Stanley Agbo, Christine Gallampois, and Jussi V.K. Kukkonen

Abstract It has been well established that in many cases total concentration of a
chemical in the environment is not the best indicator for the potential threats that the
chemical may cause. The term bioavailability describes the fact that only a fraction
of a chemical in the environment is available for uptake by organisms, which then
determines possible biological effects. Uptake of contaminants is a complex inter-
play among biological, chemical, and physical factors and processes. Properties of
chemicals, environmental conditions, and characteristics of the organisms and the
interaction among these ultimately dictate the exposure. This chapter represents
the important factors determining bioavailability of organic contaminants in both
the water phase and sediment in freshwater systems. In addition, we introduce
techniques to measure bioavailability by passive sampling and present modeling
tools for estimations. In the end, we offer a short insight about bioavailability in risk
management.
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1 Introduction

Bioavailability is an important concept when evaluating the fate and harmful effects
of contaminants in the environment. It has been established that the total concen-
tration of a given contaminant in a given environment does not translate well into
uptake or toxicity in organisms living in that environment. Ecotoxicological effects
due to organic chemicals are usually the result of uptake and bioaccumulation of the
chemical from the ambient environment or food, followed by toxicodynamic
processes which actually result in eliciting the final effect. Persistent compounds
that are present in low environmental concentrations bioaccumulate in the organism
toward equilibrium, and thus a certain body burden will be reached, which
determines the severity of the toxic effects. A lower bioavailability results in a
lower uptake by organisms and reduced adverse effects.

At first sight, the concept of bioavailability may appear quite straightforward;
however, when giving more thought to processes behind the concept it becomes
more complex. That is probably why the concept of bioavailability is not yet
regularly applied in regulation or ecological risk management of chemicals.
In this chapter, we follow the definition offered by Semple et al. [1] and supported
by Ehlers and Loibner [2] in which the bioavailability is defined as the fraction of a
contaminant that is free to be taken up by organisms (i.e., free to pass through
biological membranes). In the aquatic environment, this is basically comparable to
the freely dissolved concentration. In addition, we touch bioaccessibility, which is
defined by the same authors as the fraction of a contaminant that is free to be taken
up after desorption. Several characteristics of the environment and a contaminant
affect the freely dissolved concentration and the bioaccessible fraction of the
chemical. Bioavailability can be evaluated by means of traditional bioaccumulation
tests, different chemical methods, or modeling.

The purpose of this chapter is to briefly introduce the factors controlling bio-
availability of organic contaminants in the aquatic environment, manners to
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estimate bioavailability, and to take a stand on how this knowledge could be taken
into account in water protection and risk management. Given the nature of this
publication (only a chapter within a book), this is not a blanket review, but more
like an introductory insight into the current knowledge on bioavailability of organic
contaminants in the aquatic environment. The chapter also introduces techniques to
measure and estimate bioavailability.

2 Bioavailability of Hydrophobic Organic Contaminants
in Sediments

Sediments are an important sink for hydrophobic organic contaminants (HOCs)
entering aquatic ecosystems [3]. Since HOCs have a potential to persist in the
environment and could possibly bioaccumulate in organisms, it is important to
know to which extent compounds are still bioavailable for uptake in organisms,
once they are bound to sediment. Sorption of organic chemicals is an important
process because it controls the fate and ecotoxicological risks of sediment-bound
compounds. Several parameters have an influence on the sorption capacity and thus
the bioavailability of compounds, for example sediment composition, compound
properties, and ecological conditions [2]. This chapter gives an overview of these
parameters and their role in bioavailability.

2.1 Sediment Structure and Sorbing Phases

Sediment organic matter (SOM) has been found to be the dominating sorbent for
HOCs in sediment [4, 5]. SOM is not a homogeneous substrate, but contains
different organic materials which all have different sorption capacities [6]. SOM
can be grouped into an amorphous soft/rubbery carbon phase consisting of
partly degraded and/or reconstituted biopolymers (e.g., polysaccharides, lignins),
lipoproteins, amino acids, lipids, and humic substances, and a condensed or hard/
glassy phase consisting of carbonaceous geosorbents (CG) like kerogen, black
carbon (BC), and coal [7-11]. The properties of the different SOM compartments
have been reviewed earlier, e.g., [2, 12—-14]. In this part of the chapter, the most
relevant characteristics for sorption are highlighted and the main differences
between the sediment compartments are discussed. In addition to SOM, sorption
of HOC by natural inorganic particles can also play a role in the overall sorption
when the organic carbon content in sediment is relatively low (<0.1%) [6].

SOM characteristics that have been demonstrated to influence sorption are the
polarity (e.g., expressed as O/C atomic ratio), aromatic content, aliphatic content,
and molecular weight [15—18]. Less polar (lower O/C atomic ratio) SOM is more
hydrophobic, which appears to be the driving force for sorption [19]. In addition,
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aromatic and aliphatic carbon content and the molecular weight of SOM have
positive relationships with sorption capacity [15, 20, 21].

Humic materials are dominant components in SOM [22]. They are primarily
made up of aromatic rings which are joined by long-chain alkyl structures to form a
flexible network [23]. Other organic components—carbohydrates, proteins, lipids,
biocides, as well as inorganic compounds such as clay minerals and hydrous
oxides—are bound to this alkyl benzene structure [24]. Humic substances are
heterogeneous mixtures of macromolecules with molecular weights ranging from
a few hundred to several hundred thousand Daltons [12] and relatively high O/C
ratios. According to solubility in acid solutions, humic substances can be separated
into three fractions, namely fulvic acid, humic acid, and humin [9]. In the order
from fulvic acid to humic acid to humin, the material becomes more condensed,
has higher molecular weights, and has a higher aliphacity resulting in stronger
nonlinear sorption [25, 26].

Recent studies show that glassy CG are also important organic constituents in
soils and sediments and their contents vary from a few percent to as high as 80%
of the SOM content [173, 174]. Typical examples of CG are kerogen and BC. The
molecular structures of kerogen and BC are very different from those of humic
acids. In general, CG is characterized by condensed, rigid, and aromatic
structures, with high carbon contents and relatively few polar functional groups
[13]. The condensed domains are more thermostable and less polar than amor-
phous domains [6]. Due to the widely varied source materials and combustion
conditions, physical and chemical properties of CG may vary greatly. For exam-
ple, BC freshly formed from liquid fuel combustion may be highly aromatic and
reduced (soot), whereas BC formed from incomplete combustion of biomass
and coals often has textures and morphologies of parental materials (char) [12].
The structure of soot particles is globular structured and coarse, whereas char
is less structured and contains deep narrow nanopores. Compared to soot, char
has a higher specific surface area which increases the sorption capacity of this
material [27].

2.2 Sorption Mechanisms

Since sediments are highly heterogeneous, HOC sorption varies also among sedi-
ment compartments. Each compartment has a characteristic sorption energy and
sorption property. Sorption into humic substances is a relatively linear and fast
and noncompetitive process. Humic substances are capable of protonation-
deprotonation upon change of pH [12]. The n—r electron donor—acceptor interac-
tion plays a major role for m-donor compound sorption in HS [28]. Because of its
polarity, humic substances can be swollen by water molecules and become more
flexible to allow chemicals to diffuse rapidly in and out according to the chemical
gradient [12].
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Sorption isotherms for CG are highly nonlinear and the rate of uptake can be
slow [12]. The affinity of CG for HOC is very high: it can be up to three orders of
magnitude stronger compared to humic substances [29]. At low aqueous HOC
concentrations sorption to CG can completely dominate total sorption [13]. Both
the rigid, planar, aromatic surface of CG and the abundant nano- and micropores in
CG act like major sorption sites [13, 27]. On the surface of the exterior and pore
surfaces, free high-energy sites are available to which compounds can bind by
means of van der Waals interactions. Besides the binding to the surface, another
mode of fixation for compound is the physical occlusion inside restricted pores or
between the aromatic macrostructures during BC formation [27].

These differences in sorption between amorphous and hard geosorbents have led
to a concept of dual-mode sorption for HOC [30] and depending upon the relative
contents of the two SOM phases, sorption by sediments could range from linear
partitioning to highly nonlinear adsorption [19, 31].

2.3 Sorption-Desorption hysteresis

In sediments it has been observed that sorption to SOM is often faster than the
release of the compounds from SOM, a phenomenon that is called sorption—
desorption hysteresis [32]. A rapid desorption phase is often followed by a slow
and a very slow desorption phase which differ in their desorption rate constants [33,
34]. It is hypothesized that two pathways are important for the slower desorption of
compounds. Firstly, during increasing contact time, bound molecules could move
from reversible sorption sites to irreversible sites, and low-energy binding sites
(reversible sites) may be converted to high-energy sites (irreversible sites) [35].
These sites are not readily accessed by tissues, cells, or enzymes and the
compounds become therefore resistant to biological, physical, or chemical treat-
ment. This means that the bioavailability of these sequestered compounds becomes
governed by the very slow rate of release to more accessible sites [30, 36].
Secondly, compounds could diffuse through and along meso-, micro-, and
nanopores that are abundantly available in CG, where they become irreversibly
entrapped [37]. Nanopores with voids in the diameter range of 0.3—1.0 nm are in the
size range of toxicologically significant organics [36].

Recently, it was also envisioned that the sorption of molecules may cause
deformation of SOM, which results in the “lock-in” of the sorbate molecules
[38—41]. Chemical sorption at sites with high energy or specific interaction is liable
to cause sorbent structure rearrangement. Another possibility is that the small pores
become blocked by other SOM molecules or minerals [36].

These processes resulting in sorption and slow desorption of HOC lead to
decrease in the freely dissolved concentration in pore water through which
organisms are in many cases exposed to HOCs [42, 43].
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2.4 Properties of HOCs

In addition to sediment characteristics, HOC properties such as molecular weight,
planarity, and polarity influence the sorption strength [11]. Polycyclic aromatic
hydrocarbons (PAHs) with a higher molecular volume have a stronger sorption to
SOM. This could be attributed to (1) steric hindrance: larger molecules are easily
blocked within pores, and (2) a higher contact area between the compounds and
sediment surface for Van der Waals interaction [29, 44, 45]. This high contact area
is also a reason why planar compounds bind so strongly to SOM [11, 27]. The HOC
concentration in an aquatic ecosystem also influences the sorption strength. At high
loadings, sorption constants become lower. This can be explained by saturation of
surface adsorption sites [27, 45].

For PAHs, which are ubiquitous contaminants, it was demonstrated that also
the origin of compounds can influence the bioavailability in the environment
[46—48]. PAHs can be divided into three categories: biogenic PAHs are formed
by transformation of natural organic precursors in the environment, pyrogenic
PAHs are formed by the burning of organic matter, and petrogenic PAHs are
derived from fossil fuels [48]. Pyrogenic PAHs often contain three or more aro-
matic rings. They form complex assemblages and the unalkylated parent compound
is mostly the dominant one. Petrogenic PAHs contain one or more methyl, ethyl,
butyl, or occasionally higher alkyl substituents on one or more of the aromatic
carbons. Mostly, these alkyl PAHs are more abundant than the parent compounds in
petroleum [48]. Pyrogenic PAHs were found to bioaccumulate to a lesser extent in
mussel from sediment than petrogenic PAHs, independent of their log K, [46].
This is probably due to the fact that pyrogenic PAHs are often released in associa-
tion with combustion soot, which acts as a strong sorption medium [46, 48].
This reemphasizes the influence of the sorption phase on the bioavailability of
compounds.

The sorption capacity is also dependent on physicochemical conditions in the
sediment, like pH and temperature. Depending on pH, the protonation and
deprotonation of functional groups result in a different net charge on the SOM
surfaces. In alkaline environments, acidic groups of BC can for example react with
hydroxyl, resulting in a decreased sorption capacity by functional groups on the BC
surface [49].

The complexity of sediment aggregations makes it challenging to predict
the overall sorption properties for sediments based on quantitative analyses of
black carbon, kerogen, and humic acid and their respective sorption equilibriums.
Predictions of overall sorption using sorption parameters for each of the pure
phases overestimates the actual, experimentally measured sorption. This could be
caused by attenuation of HOC sorption to BC by DOM molecules that block the
pores, or due to surface competition effects by coadsorbing HOC or DOM
molecules [27].
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2.5 Ecological Conditions

A last important factor that influences the bioavailability of compounds is ecology,
i.e., the life habits of organisms. The rapidly desorbing fraction of sediment-
associated contaminants may be in equilibrium with those dissolved in interstitial
and overlying water. From there compounds can be taken up via respiratory
surfaces and skin [50]. Another uptake pathway is via ingestion of sediment
particles. Feeding behavior (selectivity), burrowing, ingestion, digestion, and
assimilation influence the extent of uptake by organisms [50]. Although several
studies demonstrated that mainly the rapidly desorbing fraction is bioavailable for
uptake by organisms, it was also shown that the slow desorbing fractions should not
be neglected [51]. It is possible that the slow desorbing fraction attributes to a slow
replenishment of depleted pore water [52] or that desorption becomes enhanced by
digestive fluid during passage in the gut [53]. This may even lead to biomagni-
fication between organic matter and primary consumer [54].

3 Bioavailability in the Water Phase

Water chemistry reflects the local geology and land use. Rock distribution, soil
types, flow-path, precipitation, and evaporation are largely controlling the surface
water characteristics. Several water quality characteristics affect the availability of
contaminants in natural waters. In addition, the characteristics of the contaminant
largely determine how strong the effects are or in which direction. Water hardness,
pH, dissolved organic matter (DOM), and particulate organic matter (POM) are in
key role controlling the availability of contaminants. At the same time we have to
remember that properties of the organisms in turn determine how much is taken up
or on which level the tissue concentrations will be.

3.1 Dissolved Organic Matter

DOM is present in all natural aquatic systems and is globally an important carbon
pool as well as the carbon link between the terrestrial and aquatic environment. If
we consider specifically natural DOM in aquatic freshwater systems the main
sources are terrestrial ecosystems and wetlands [55]. The release of DOM to aquatic
systems is controlled largely by the presence of mineral and organic soil types,
vegetation, and climatic factors. On the other hand, on areas dominated by mineral
soils and/or high population, wastewater effluents may be significant source
of DOM. A part of DOM has a readily identifiable structure, but especially
humic substances, which constitute up to 90% of DOM in boreal waters [56, 57],
do not have an unambiguous and readily definable structure. However, recent
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advances in structural research have indicated that the large DOM macromolecules
consist, in fact, of small individual building blocks, e.g., [58] and that the main
components include carboxylic-rich alicyclics, heteropolysaccharides, and aromatic
compounds, e.g., [59]. Major parts of the before mentioned components are derived
from linear and cyclic terpenoids. Whereas hydrophobic fractions (i.e., humic
substances) dominate in natural DOM, in wastewaters hydrophilic (aliphatic)
structures are more common [60, 61]. The word matter in DOM refers to the fact
that it contains also other elements besides carbon and thus complicates quantifica-
tion. Therefore, dissolved organic carbon (DOC) concentration has been used for
quantification.

How do we then separate dissolved and particulate phases? Usually membrane
filters with nominal pore sizes between 0.2 and 0.7 pm, most commonly 0.45 pm,
are being used to remove particulate material. In marine studies, mass of 1,000 Da
is set as the limit for dissolved and colloidal material between 1,000 Da and
0.45 pum is considered colloidal [62]. Thus, in freshwater studies the DOM fraction
contains both truly dissolved and colloidal material. In this chapter, DOM is defined
as the material passing through the 0.45 pm filter.

The sorption and thus DOM controlled bioavailability of contaminants is
affected by four major factors: properties of the contaminant, DOM concentration,
DOM quality, and water chemistry. In freshwaters, the quality and quantity of
DOM as well as contaminant properties are the key factors. However, most studies
on DOM-contaminant interaction are focused on sorption phenomena using
isolated fractions of DOM, mostly with humic and fulvic acids, which can be
operationally separated by difference in aqueous solubility. Humic acids aggregate
and precipitate at pH 2 and below, whereas fulvic acids are soluble at the whole pH
range [56]. Isolated fractions have been used mainly because of the possibility to
use similar material from one set of experiments to another. In addition, humic and
fulvic acids have been considered to be main DOM fractions responsible for
sorption of contaminants. However, this can be misleading in some cases as
presented below. Less effort has been put to study the implications of sorption for
bioavaibility, but current assumption is that only freely dissolved contaminants are
bioavailable in water-only exposures [63].

Partition coefficients (Kpoc) have been traditionally used to express the sorption
of HOCs to DOM. A variety of methods have been used to determine Kpoc
values and most of them have certain limitations and comparison of values obtained
with different methods is difficult. The methods can be divided into two groups:
the ones that disturb and the ones that do not disturb the equilibrium in the
distribution between water and DOM (e.g., [63, 64]). Lipophilicity (expressed as
log K,w) has been anticipated to be the main property of organic contaminants
influencing the affinity to DOM. Therefore, Burkhard [65] has suggested a predic-
tive relationship between contaminant lipophilicity and sorption to DOM to be
Kpoc = 0.08K,,,. However, as Burkhard [65] also states and as the short review
presented here indicates, the situation is more complex than the simple relationship
shows.
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3.1.1 Effects of Contaminant Properties on Sorption and Bioavailability
in the Presence of DOM

When considering DOM—contaminant interactions, PAHs are the most studied
group of organic contaminants. The magnitude of the sorption correlates with the
lipophilicity of individual PAH congeners, higher lipophilicity resulting in higher
sorption, e.g., [66-70]. However, this cannot be generalized to concern other
contaminant groups; the sorption of PAHs to DOM is higher than that of other
groups of contaminants when comparing congeners with equal lipophilicity.
Whether or not this applies to alkylated PAH homologues is also unknown. For
example despite higher lipophilicity the sorption of PCB77 has been shown to be up
to order of a magnitude lower than that of benzo[a]pyrene (BaP) as tested in natural
lake water DOM [63, 69]. The same study also showed that the difference in the
sorption was more pronounced when using depletive methods, i.e., methods that
affect the equilibrium reached in contaminant partitioning between DOM and water.
This is probably due to the fact that the main difference is in the strongly sorbed
fraction, which is much greater for BaP [71]. Nevertheless, the bioavailability
followed the measured sorption, i.e., bioavailability of BaP was more affected by
DOM. Similar findings have also been seen when comparing the sorption of DDT
and PAHs to dissolved humic acid. Despite the clearly lower lipophilicity of pyrene
the logarithm of partition coefficient (log Kpoc) was 5.5, whereas for DDT it was
5.2 [68].

Sorption of PCBs to DOM does not directly follow the hydrophobicity of the
congeners [66, 72]. Ortho-substituted congeners appear to have lower sorption to
DOM than the non-ortho-substituted ones. The difference in the Kpoc values
between ortho- and non-ortho-substituted with equal number of chlorines is usually
less than order of a magnitude [72, 73]. All polybrominated diphenyl ether (BDEs)
congeners are nonplanar and their association with DOM is probably hydro-
phobicity driven, although the differences for example between the sorption of
BDE47 and BDE99 to DOM are not that great despite the order of a magnitude
difference in K, values [74]. However, there are no extensive studies on this group
of compounds. Sorption of highly hydrophobic pyrethroid insecticides depends on
pyrethroid in question, but the log Kpoc in natural water samples varies from 4.2 to
5.1, indicating significance of DOM in the environmental fate of these compounds
[75, 76].

Usually, polar and/or ionizable organic contaminants with low lipophilicity do
not have high affinity to DOM. For example the sorption of chlorophenols to DOM
is quite low with chlorine substituent number dependent log Kpoc values up to 3
[64, 77]. It appears that only the unionized form can be sorbed by DOM [78]. Thus
DOM does not have any major influence on the bioavailability of chlorophenols in
the water phase at near or above neutral pH [77, 79]. Similarly bioavailability of
atrazine (log K,,, < 3) in water is not significantly affected by DOM or other water
quality characteristics [80]. However, there are also exceptions. Despite high water
solubility of paraquat, DOM has a significant effect on its bioavailability [81],
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probably because of the positive charges through which the association with the
negative charges in DOM (e.g., carboxylic and phenolic groups) is possible.
Naturally the association of paraquat is driven by the ionic interactions with DOM.

Pharmaceuticals are one group of organic contaminants whose environmental
concern is increasing rapidly. Yet their environmental behavior is quite modestly
studied at the moment. However, so far the findings show that association of
pharmaceuticals, such as fenbendazole, albendazole, thiabendazole, flubendazole
carbamazepine, and naproxen, with DOM is quite low (usually log Kpoc < 3.5)
[82, 83]. Nevertheless, under high DOC concentrations the association can be
environmentally significant.

3.1.2 Effects of Quality and Quantity of DOM on Sorption
and Bioavailability

An increase in the concentration of DOM leads to changes in DOM conformation
resulting in lower Kpoc. For example Akkanen and Kukkonen [63] showed a
twofold decrease in the Kpoc with increasing DOM concentration from 1 to
20 mg C/L. Despite the decrease in the Kpoc, increasing DOM concentration
leads to decrease in freely dissolved concentration of contaminants and thus
reduction in bioavailability. Bioavailability of a contaminant in the water phase is
mostly expressed as bioconcentration; the bioconcentration factor (BCF) is calcu-
lated as the concentration in organisms divided by the total concentration in water.
The relationship between BCF and concentration of DOM is nonlinear [84-86].
The shape of the curve is such that up to a DOC concentration of 10-15 mg/L the
bioavailability decreases steeply and thereafter the freely dissolved contaminant
concentration changes less and thus bioavailability changes less as well. Similar
nonlinear relationships have been shown to apply both for a dilution series of DOM
from the same source and for a concentration series of DOM from various sources
[63, 67, 80, 87]. The higher the Kpoc is, the steeper is the change in bioavailability
at low levels of DOM. Therefore, it has been concluded that DOM concentration is
an important factor controlling the bioavailability in the water phase [67, 80].

In addition to quantity, quality of DOM has also been shown to play a role in the
bioavailability of HOCs. Especially, the sorption of PAHs has been shown to
closely follow molecular weight and/or aromaticity (in many cases these two
parameters intercorrelate) of DOM in natural freshwater samples. Higher aromatic-
ity (measured as specific UV absorbance) leads to higher sorption and lower
bioavailability [67, 69, 80]. However, this does not necessarily apply to other
groups of HOCs. For example the sorption of PCBs in a natural water series did
not follow the aromaticity of DOM in one study [67], whereas in another study the
sorption was aromaticity depended, but not as sharply as PAHs [69]. Actually it has
been shown that PCBs and PAHs tend to associate with different fractions of
DOM [66]. The bioavailability of pyrethroid insecticides can be also affected by
DOM. Yang et al. [76] found that the sorption correlated with the abundance of



Bioavailability of Organic Contaminants in Freshwater Environments 35

carboxylic groups in DOM. The sorption of BDEs appears to be less affected by the
DOM properties [69, 74].

Wastewater-derived DOM and other biodegradable DOM (of algal and bacterial
origin) can also reduce bioavailability of organic contaminants. The more biode-
gradable the material, the smaller the effect on bioavailability of PAHs [88].
In addition, with proceeding biodegradation of DOM, its aromaticity and the
Kpoc values for PAHs tend to increase [89]. This means that the effect on
bioavailability is greater for DOM that is more refractory toward degradation
than for example humic acids are (high aromaticity and low degradability). As
pointed out earlier, different groups of HOCs behave differently. For example the
sorption of benzimidazole pharmaceuticals is approximately at the same level for
hydrophobic humic acids and more hydrophilic sewage sludge-derived DOM [82].
On the other hand, pulp mill effluents can contain DOM that is a stronger sorbent
DOM to different types of HOCs than natural [90].

In some of the previous studies low concentrations of DOM have increased
uptake of contaminants compared to DOM-free conditions (e.g., [67, 91, 92]). The
studied DOM samples included both humic acids and natural water samples.
However, a systematic study by Haitzer et al. [79] using DOM from several sources
could not reproduce these kinds of results. Related to this it has also been shown
that DOM can promote biodegradation of PAHs, i.e., it enhances the bioavailability
of PAHs to microbes [93, 94]. Despite the bioavailability reduction, the association
with DOM increases solubility and transport of contaminants that are otherwise
insufficiently soluble in water. Recent findings have indicated that dissolved
humic acids have shown not only to facilitate transport of HOCs from solid phase
to water phase or from solid phase to another through the unstirred boundary layer
[73, 95, 96], but can also enhance uptake of solid phase associated HOCs in aquatic
organisms [97]. Therefore, the overall role of DOM on availability in the aquatic
environment is still rather unclear.

3.1.3 Effects of Water Chemistry on Sorption and Bioavailability
in the Presence of DOM

Water chemistry affects the functionality of DOM in several ways. Ionic strength,
presence of multivalent cations, and changes in pH all affect the three-dimensional
conformation of DOM, which in turn affects the capacity to associate with HOCs
[14, 98—103]. This is mainly due to neutralization and dissociation reactions in the
functional groups that control the intra- and intermolecular repulsion by negative
charges. Under alkaline conditions, the major functional groups (—COOH, —OH)
are dissociated; and repulsion between negative charges hinders the formation of
hydrophobic domains [104]. When the solution turns acidic, negative charges are
neutralized, hydration occurs, and ultimately hydrophobic domains are formed.
Consequently, the sorption of organic chemicals to DOM is greater at low pH,
e.g., [77, 105].



36 J. Akkanen et al.

If we consider neutral compounds, increasing ionic strength or salinity decreases
the solubility of HOCs in water on the one hand and changes the structure of DOM
to become less favorable for sorption on the other. High ionic strength compresses
the humic molecules into tight spheres hindering the access to hydrophobic
domains or even prevents the formation of the domains. This is comparable to the
effect seen with DOM concentration where the sorption capacity decreases with
increasing concentration. However, multivalent metal ions, such as Ca, Mg, and Al,
may neutralize negative charges and reduce repulsion, thus creating and expanding
the sorption domains resulting in increase of sorption [14, 104, 105]. The laboratory
studies using NaCl to control ionic strength have shown an increase in sorption to
dissolved humic substances, probably because the decrease in solubility (i.e., the
salting-out effect) drives the HOC molecules to the hydrophobic domains of
dissolved humic material exceeding the effect on DOM structure [106, 107].
However, most studies have shown a decrease in sorption of HOCs to dissolved
humics with increasing ionic strength, e.g., [105, 108, 109]. Increasing water
hardness, within the range found in European freshwaters [80], has been shown
to affect the sorption capacity of DOM for HOCs [110]. This is probably due to
conformational alterations in the DOM structure under changed ionic conditions.
In estuary systems, the increase in salinity and ionic strength is far higher, also in
brackish water environment such as the Baltic Sea [74]. In this study, the salinity
gradient ranging from 0 to 5.5%o caused a decrease in sorption of PAH and BDEs to
humic and fulvic acids. In natural water samples, the increase was due to changes in
salinity, DOM quality, and quantity.

The availability of many of ionizable compounds is more sensitive to changes in
water chemistry than to the presence of DOM. For example, bioavailability of weak
organic acids such as pentachlorophenol or dehydroabietic acid is more affected by
pH than DOM, whereas bioavailability of neutral HOCs is irrespective of pH [77].
Fate and distribution of surfactants depend largely on their ionization behavior,
which in turn is influenced by water chemistry. For example, increasing the aqueous
concentrations of linear alkylbenzene sulphonate (LAS) under a corresponding
increase in water hardness is known to reduce toxicity. This phenomenon is
believed to be due to a reduction in the overall solubility of LAS under variable
water chemistry [111].

3.1.4 Effects of Suspended Particles on Bioavailability

So far this part of the chapter considered mainly DOM and other water chemistry
characteristics. However, depending on the nutrient status and for example seasonal
events, particles can also be important in HOC partitioning and thus bioavailability
in the water phase, e.g., [74]. Ecological differences among organisms result in
differential effects of suspended particles. Suspended particles may for example
increase uptake of HOCs by filter feeders compared to nonfilter feeders [112].
In addition, uptake of DOM-associated HOCs is low (or negligible) in filter feeders,
but the uptake via particles can be more significant [63, 113]. The type of particles
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also plays a major role in this. Algal particles reduce bioavailability more than
bacterial ones and activated carbon particles reduce bioavailability more efficiently
than diatom or wood particles [172, 114].

4 Estimation of Bioavailability

4.1 Passive Sampling

Passive sampling is based on partitioning of HOCs toward an equilibrium between
the freely dissolved fraction and the different sorbing phases such as SOM or biota
lipids and a passive sampler. As stated previously, the freely dissolved concentra-
tion (Cpee) 18 more informative than the total concentration (Cyu,y), for the estima-
tion of bioavailability of chemicals in aquatic environments [115, 116]. Cge, is the
fraction of chemical that can be readily bioaccumulated by aquatic organisms in
contrast to Cyya, Which is a sum of both Cy. and chemical bound to geosorbents
(Cpouna)- Therefore, Cy. mainly determines the exposure. This part of the chapter
gives a brief overview of materials used in passive sampling of HOCs (Table 1).

Most of the passive samplers represent a fast equilibrating sorbent phase and
therefore they are found to be effective for the measurement of different bioavail-
ability parameters [116]. In regard to material and geometry, a wide variety of
passive samplers are increasingly applied to different compartments, such as
sediment, water, and biota, in the aquatic environment. The basis of most
techniques is to equilibrate a thin layer of polymer, or lipid-like sorbent phase, in
a matrix to be measured [150]. The analyte concentration in the polymer (Cpoiymer)
is then measured and converted into useful information: (1) The freely dissolved
concentration of the analyte can be determined as the ratio of Cpolymer and the
analyte-specific polymer to water partition ratio (Kyaters polymer) [121]. (2) Chemical
activities can be determined using analyte-specific activity coefficients (Vanaryte)
[132]. (3) Cpolymer can also be converted into the equilibrium partitioning concen-
tration in lipids (Ciipid,partitioning) When applying partition ratios between lipid and
polymer (Kijipid polymer) [124, 131, 151]. Furthermore, the direct measurement of
chemical concentrations in a given matrix can be attained by applying external
calibration standards. For example, parallel equilibration of a sampler with sedi-
ment and external lipid standards results in direct estimates of Ciipig partitioning 11
organisms [124]. Since the approach is based on the assumption of equilibrium
among different compartments in the system, proving that the equilibrium between
the sampled matrix and the sampler is a key factor.

Semipermeable membrane devices (SPMD) were among the first passive
samplers and were developed to measure the uptake of dissolved organic
contaminants in water [43, 117, 118]. SPMD consists of a small amount of lipid,
mostly triolein, which is sealed inside a polyethylene tube. When immerged into
water phase, lipophilic compounds partition into the lipid phase through PE
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Table 1 Examples of passive samplers and their applicability

Passive sampler

Main characteristics/applicability

Selected references

Semipermeable
membrane
device (SPMD)

Polydimethyl
siloxane
(PDMS)

Ethylene vinyl
acetate (EVA)

Blue Rayon (BR)

Polyacrylate (PA)

PDMS-
divinylbenzene
(PDMS-DVB)

Low-density
polyethylene
(LD-PE)

Polyoxymethylene
(POM)

Tenax® resin beads

Cyclodextrin

Thin film of lipid (triolein) sealed
inside PE tube. Suitable for a
number of hydrophobic
compounds (PAH, PCB,
PCDD/F). Used in kinetic and
equilibrium sampling from water
and sediment. Nondepletive

Various forms: SPME fiber coating,
tubing, disc and coated glass.
Suitable for various organic
contaminants (PCBs, PAHs,
pharmaceuticals, pesticides etc.).
Used in equilibrium sampling
from water, sediment, tissue, and
headspace. Nondepletive

Various forms: coated glass and disc.
Suitable for pesticides,
chlorobenzenes, and PCBs. Used
in equilibrium mode to sample
from water, sediment, tissue, and
headspace. Nondepletive

Coated fiber. Suitable for PAHs and
their derivatives nitro-PAHs,
keto-PAHs, hydroxyl-PAHs,
heterocyclic aromatic amines,
etc., mainly planar compounds.
Used in water sampling.
Nondepletive

SPME fiber coating. Suitable for
LAS sampling from water.
Nondepletive

SPME fiber coating. Suitable to
sample synthetic musks from
sewage sludge. Nondepletive

Plastic sheet. Suitable for
chlorobenzenes, organochlorine
pesticides, PCBs, and PAHs.
Nondepletive

Plastic plates. Suitable for variety of
organic contaminants (PAH,
pesticides, PCBs, PBDEs) from
water and sediment. Nondepletive

Plastic beads. Suitable for variety of
organic contaminats (PAHs,
pesticides, PCBs, PBDEs) from
water and sediment sludge.
Depletive

Sugar derivative. Suitable for PAH
measurements from sediment.
Depletive

Huckins et al. [117], Booij et al.
[118], Leppanen and Kukkonen
[43], Prest et al. [175], McCarthy
et al. [119], Booij et al. [118],
Lyytikainen et al. [120]

Mayer et al. [121], Hawthorne et al.
[122], Legind et al. [123],
Maenpaa et al. [124], Zhou et al.
[125], Zhang et al. [126], Jahnke
and Mayer [127], Pehkonen et al.
[11], Rusina et al. [128, 129],
Mayer et al. [130], Jahnke et al.
[131], Reichenberg et al. [132]

Meloche et al. [133], St George et al.
[134], Wilcockson and Gobas
[135]

Hayatsu [136], Sakamoto and
Hayatsu [137], Kummrow et al.
[138], Watanabe et al. [139]

Rico-Rico et al. [140]

Wu and Ding [141]

Hale et al. [142], Booij et al. [118],
Friedman et al. [143]

Sormunen et al. [144], Jonker and
Koelmans [145], van der Heijden
and Jonker [146]

Cornelissen et al. [147], Trimble
et al. [148], Sormunen et al. [144]

Dean and Scott [149]
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membrane according to their chemical properties [175]. SPMD have been used
widely ever since to measure Cpe. Of various hydrophobic and polar organic
contaminants [118, 119]. SPMD has also shown varying success when used to
predict bioaccumulation from sediment for polychlorinated dibenzo-p-dioxins and
furans (PCDD/F) [120] and PAHs and PCBs [43]. In contrast to the newer passive
sampling techniques relying on equilibrium, SPMD is normally applied by measur-
ing the kinetics of the chemical uptake [152, 175].

Solid phase microextraction (SPME) was introduced as a simple, fast, and cost-
effective option to be used instead of liquid—liquid extraction for analyzing various
compounds [153]. Since then polymer-coated fibers have been used for the deter-
mination of freely dissolved concentrations of chemicals in pore water and hence to
estimate chemical bioavailability in sediments [11, 146]. Various materials can be
used as a sorbent coating in the fibers. Polydimethyl siloxane (PDMS) is one of the
most used coatings, and is typically used for hydrophobic nonpolar compounds,
such as polychlorinated biphenyls (PCB) and polyaromatic hydrocarbons (PAHs)
[121, 122]. Polyacrylate (PA) has been used to measure freely dissolved concen-
trations of linear alkylbenzenesulfonates (LAS) in seawater [140], and PDMS-
divinylbenzene (PDMS-DVB) coated fibers have been found optimal to detect
synthetic musks in sewage sludge [141]. Fibers can be equilibrated with the sample
by directly inserting the SPME fiber into the sample [11] or in the headspace above
the sample [123, 124]. A sophisticated method in which PDMS fibers are inserted
into fish to measure bioconcentration of pharmaceuticals in vivo in free swimming
fish [125, 126]. Recently, it has been shown that the sorptive properties of PDMS do
not change upon contact with complex matrices, such as fish tissue, sediment, or
foodstuff [127].

Blue Rayon (BR) consists of a blue pigment, copper phthalocyanine trisulfonate,
which is covalently bounded to a fiber, rayon [136]. The usefulness of the BR lies in
its ability to adsorb aromatic compounds with three or more fused rings including
PAHs and their derivatives (nitro-PAHs, keto-PAHs, hydroxyl-PAHs), heterocyclic
aromatic amines, etc. (mainly planar compounds). BR is commonly used in the field
to monitor mutagens in surface waters [137], such as phenylbenzotriazole [139] and
PAHs [138].

PDMS silicone rubber has a low transport resistance for HOCs [128, 129] and is
therefore advantageous among the polymers used as passive samplers. PDMS has
been used in different forms: besides used as a fiber coating, it has been used as
tubing that can be equilibrated with lipid-rich samples, such as oils or tissue
samples [130]. Analogous to the method where a fiber is equilibrated within tissue
of fish, the method to equilibrate thin PDMS discs in fresh fish tissue has been
successful with lipid-rich fish [131]. However, lean fish was found problematic to
be equilibrated within the satisfactory time period probably due to slow diffusion of
chemicals in the tissue. In addition to these methods, PDMS can be used to coat the
interior of glass vials with thin layers of multiple thicknesses. The vials can be
then equilibrated with sediment or soil to measure free chemical concentrations
[124, 132]. Ethylene vinyl acetate (EVA) has been used in similar applications as
PDMS. For example, EVA-coated glass has been applied to sample pesticides and
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PCBs at equilibrium mode [133, 134]. The approach of equilibrating varying
thicknesses of polymer with the sample results in proportionality between coating
and analyte mass and takes into account several validity criteria, such as confirmation
of equilibrium, and polymer abrasion or contamination [132]. Similar to headspace
sampling with SPME fibers, submicrometer thin film discs of EVA have been
equilibrated with poorly volatile hydrophobic compounds in headspace [135].

Low-density polyethylene (LD-PE) plastic has been successively used as a
passive sampler to follow changes in PAH bioavailability after the addition of
sorbent amendments into contaminated sediments [142], and to study the effect of
temperature on partitioning processes between LD-PE and sorbed phase with
various compounds [118]. Furthermore, LD-PE has been used to study the bioavail-
ability of PCBs in sediments and was shown to bioaccumulate PCBs at the same
extent as the lipid phase of Polychaete worms [143].

Polyoxymethylene (POM) is easy to handle and more durable toward mechani-
cal abrasion than for example PDMS. POM in the solid phase extraction (POM-
SPE) has been used to measure concentrations of variety of chemicals in sediment
pore water in order to evaluate bioaccumulation in laboratory [144] and field
conditions [145, 146]. A study comparing several passive sampling methods and
materials to measure Cge. found SPME fiber and POM-SPE yielding the best
correlations with field-exposed Oligochaeta worms [146].

As a contrast to the nondepleting methods described above, another set of the
sampling techniques consist of materials that keep the freely dissolved concentra-
tion in minimum by fast adsorption resulting in desorption from different sorption
domains in the studied matrix. These approaches utilize for example Tenax® resin
beads [144, 148] or cyclodextrin [149] that are used to define the bioaccessible
chemical fraction, i.e., rapidly desorbing fraction [1, 116].

Thus the techniques, such as passive sampling, have shown to be useful in
sampling HOC:s in the aquatic environment where they exist in trace concentrations
without a need to for example process large volumes of water. In addition, these
methods have proven to be feasible for bioavailability estimations instead for more
laborious methods.

4.2 Partitioning Models

As already stated many factors modify bioavailability of contaminants in aquatic
environment and it is difficult to take all of those into account in mathematical
models. Therefore, models represent a simplified description of the fate of
contaminants in a system under study but, on the other hand, offer a useful method
for mechanistic understanding of bioaccumulation. Two main approaches have
been applied to predict and model bioaccumulation of contaminants [154]: equilib-
rium partitioning (EqP) and kinetic models. EqP describes contaminant distribution
between environmental phases at steady state. Steady state is a state at which rates
of uptake and elimination of a contaminant within an organism or tissue are equal.
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We use the wording steady state when speaking of bioaccumulation rather than
equilibrium due to the finite nature of steady states (steady concentrations) in
biological systems. Equilibrium will be used with passive samplers that sense
partitioning between the phases and offer information on theoretical equilibrium
concentrations.

The EqP models have been successful in describing partitioning in the environ-
ment and identifying components acting as sorbing phases in environmental fate.
Those are also effective screening tools based on simple information on physico-
chemical characteristics of contaminants and partitioning phases. Kinetic models
are more appropriate when concentrations vary over time; multiple contaminant
sources are responsible for accumulation and when progress of accumulation is of
concern [154]. In some applications, like in food web models, both EqP and kinetic
sections can be incorporated into the model [155]. In toxicology, kinetic models are
usually physiological-based pharmacokinetic models (PBPK) where substance
distribution and fate in a body are extended from single compartment to organ
levels. The PBPK models have also been applied in aquatic toxicology [156, 157].

Kinetic bioaccumulation models usually employ compartments in mathematical
formulations and may incorporate several sources and rate constants to describe
relevant processes [158]:

dC,/dt =k X Cpree + kf X Cp — (ky + ke + ki + kg) X Co,

where k; is the uptake clearance constant from water (ml/g/h), Cy. is the contami-
nant concentration freely dissolved in a water (ng/ml), k; is the uptake clearance
constant from diet or solid material (g/g/h), Cy is the contaminant concentration in
the ingested diet or solid material (ng/g), C, is the contaminant concentration in an
organism (ng/g), k, is the elimination rate constant (1/h) across the diffusional
membranes, k. is the egestion (fecal, urinal, and biliary elimination) rate constant
(ng/g), km, is the rate constant (1/h) for metabolism, and &, is the rate constant (1/h)
for the growth. Application of kinetic models for aquatic organisms usually
contains only two compartments because of need of simplicity in parameterization
for invertebrates. The uptake clearance constants sum all possible factors influen-
cing uptake, like diffusional limitations of desorption in solid matrices (e.g.,
sediment particles). Therefore, tweaking of source concentration to account
assumed bioavailable fraction is possible, e.g., [47, 159]. On the other hand,
additional parameters like assimilation efficiency can be incorporated into the
model, e.g., [160]. The ratio between uptake clearance constant and elimination
rate constant(s) results in a partitioning ratio between organism and sources at
steady state. For example, in kinetic sediment and soil bioaccumulation tests,
concentrations are usually normalized to organisms’ lipids and organic carbon
content in solid matrix. Thus, the model parameters can be used to calculate a
ratio, that is, actually the most typical equilibrium partitioning model (EqP) applied
for solid matrices (biota sediment accumulation factor; BSAF).
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Thermodynamic partitioning between sorbing phases has been acknowledged
already a long time ago, e.g., [161] and the ratio between organisms’ lipids and
sediment organic carbon has been widely applied in bioaccumulation tests and
environmental risk assessment [115]:

BSAF = (C./f1)/(Cs/foc),

where f is the fraction of lipid in an organism, Cy is the concentration of a
contaminant in sediment (ng/g), and foc is the fraction of organic carbon in solid
matrix. Theoretically, if the affinities of sorbing phases (or fugacity capacities) for a
given contaminant are equal, BSAF at steady state should be a uniform value across
experiments and field observations. (McFarland and Clarke [162]) suggested that
the ratio should be 1.7 based on fish and sediment data. However, large data
evaluations have revealed that considerable variation exists in BSAF estimates
[163, 164]. There are several reasons for these discrepancies which most likely
relate to the variations in the properties of lipids and organic carbon as sorptive
phases, the feeding behavior of organisms affecting through assimilation, and the
estimation of the actual bioavailable fraction (C/foc) in the model. Variations in
the quality of sorption domains in organic carbon fraction are at least partly related
to black carbon content of the sediment, which has stronger sorbing capacity for
hydrophobic contaminants than amorphous, noncondensed organic carbon [44].

Partitioning in a water column environment has been condensed to BCF that
describes partitioning between an organism and water at steady state, and, similarly
as with sediments, influencing factors has gained interest in the literature especially
by Donald MacKay and coworkers [165]. The conceptual model for describing
bioaccumulation uses three main phases (organisms’ lipids, organic carbon, and
water phase) between which contaminants should attain steady state [115]. The
freely dissolved concentration in water has a main role in determining bioavailabil-
ity and the fraction free (f) of the total contaminant can be estimated [85]:

1

Jiee = 1 + KpocCpoc’

where Kpoc is the partitioning coefficient between DOC and water and Cpoc is the
concentration of the DOC (kg/L). If one assumes that bioconcentration is the main
driving force in bioaccumulation in water column as well as in sediment systems,
the estimation of freely dissolved concentration in water or pore water (Cye.) could
be used to calculate steady-state concentration in organisms’ lipids (C,), e.g., [115]:

Ca = BCF x Cfree;

where BCF is a lipid—water partitioning coefficient (Kjpiq). The BCF can be
approximated from K, [44] or calculated from an empirical data, e.g., [79, 166].
The freely dissolved concentration is not an easily accessible value for hydrophobic
contaminants. In sediments for example, it can be estimated iteratively from a
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model accounting noncondensed and condensed carbon as sorbing phases
[44, 167]:

Cs = (foc — fac)KaocCriee + fBcKpcChiee,

where fpc is the fraction of black carbon in sediment/soil, Kaoc is the amorphous
organic carbon—water partitioning coefficient, and Kpc is the black carbon—water
Freundlich coefficient described by the Freundlich isotherm and partitioning coef-
ficient. Both K5oc and Kgc can be approximated from the K,,,. The more accurate
approach would be a direct measurement of freely dissolved concentration (Cgee)
by applying passive equilibrium samplers, like silicone-based polymer devices,
where Cp.. is based on the contaminant-specific partitioning ratio between a
polymer device and water (Kpolymer,waer) and contaminant concentration in a
pOlymer (Cpolymer)[ 1 66] :

C
_ polymer
Cfree =

K polymer,water

However, this approach still requires BCF for steady-state tissue residue,
and as the actual measured estimates vary considerably too depending on the
conditions, e.g., [110], some inconsistencies in results are expected. Recent
developments in passive sampling techniques have advanced the equilibrium sam-
pling approach a step further. Concentration in a polymer can be directly converted
to equilibrium partitioning concentration in organisms’ lipids (Clipid partitioning) When
applying partitioning ratios between lipid and polymer (Kjipid potymer) [124, 151]:

ClipidA,equilibrum = Cpolymer X Klipid,polymer-

The success of the lipid—polymer partition ratio (Kjipiq polymer) is based on the
assumption that model lipid (e.g., olive oil) has the same affinity (fugacity capacity)
for a contaminant as organisms’ lipids. Also, one needs to be sure that polymer has
reached equilibrium in an exposure system.

The models can be tested simply by comparing modeled values to actual
observations in a laboratory or field data. Deviations from modeled values can
indicate biotransformation, biomagnification, or simply system disequilibrium. The
concept of fugacity [168] or chemical activity [116] can be applied to investigate
system equilibrium. Fugacity or activity difference, not the concentrations, runs the
partitioning process until the activities are equal. Therefore, unequal activities
would reveal disequilibrium. Passive samplers can also be used to detect activities
of contaminants in environmental samples [132]:

a= Cpolymer XV polymers

where thermodynamic activity (a) is a result of concentration of contaminant in a
polymer device (Cpolymer) and activity coefficient (yporymer). Determination of
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chemical activity requires a calibration to a reference state or external activity
standard by means of activity coefficient. This can be done by calculating
coefficients in methanol standard using SPARC online calculator [123] or using
contaminant partitioning and solubility data in methanol and polymer [132].

Application of chemical activity in distribution and fate modeling of organic
contaminants is a new and still rarely used approach, e.g. [169], that improves
understanding of bioaccumulation and fate of contaminants in environment.
Besides detecting chemical (dis)equilibrium, the direction of net flux in a system
would also be evident and the existence of biotransformation and biomagnification
would be easier to evaluate.

5 Bioavailability and Risk Management

Contamination of surface waters and sediments is a common problem and poses
risk to the environment and human health. Sediments have been shown to be sinks
for contaminants, but they can also serve as sources of contamination for decades
after the original source has ceased. Therefore, risk assessment and management of
contaminated sediments is important, but at the same time challenging. Setting
specific limit values for chemical concentrations would not necessarily improve the
situation. One of the key issues in evaluation of risks of contaminants is exposure
assessment. This chapter has presented that the bioavailability of contaminants is
site specific, which means that local conditions together with the contaminant
properties are drivers for the exposure of organisms and also possible harmful
effects. This means that certain concentration can be safe on one site and highly
harmful in another. And when one is not relying to certain absolute limit value
concentrations, there is a possibility for a real site-specific assessment.

Since the total contaminant concentrations neither in sediment nor in water are
giving the right picture about the potential risks of contaminants in aquatic systems,
it is therefore important to include these aspects in the risk assessment and man-
agement. For example, US Environmental Protection Agency (USEPA) endorses
an inclusion of bioavailability in the site-specific decisions for remediation and
management of contaminated sediments [170]. Yet, there are still uncertainties and
open questions, such as how to assess the bioavailability on a given site and to what
extent will the biota be exposed in the long term. Selection of the best methods for
bioavailability estimation can be still tricky and validation for contaminant
mixtures is needed [171]. Another aspect is that ecologically different organisms
may experience bioavailability differently; i.e., tissue concentrations may vary. In
the end, the evidence is cumulating indicating the accurateness and usefulness of
many chemical methods (e.g., passive sampling) to estimate bioavailability. Since
zero tolerance for contaminants in the aquatic systems cannot be reached, bioavail-
ability estimations would take us closer to reality and help with the management
decisions. However, all this needs guidelines and standardized methods to estimate
bioavailability, which do not exist yet.
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The Use of Attached Microbial Communities
to Assess Ecological Risks of Pollutants in River
Ecosystems: The Role of Heterotrophs

Lorenzo Proia, Fernanda Cassio, Claudia Pascoal, Ahmed TIili,
and Anna M. Romani

Abstract The aim of this chapter is to highlight the importance of microbial
attached communities in the assessment of the effects of pollutants on freshwater
ecosystems. We particularly focus on the role of heterotrophs in biofilms developing
on different substrata. Firstly, an overview of the importance of microbial
communities for the whole ecosystem processes is given, focusing on bacteria
and fungi either living in consortia with autotrophs or as the microbial decomposing
community on plant litter in river ecosystems. A series of detailed examples of
direct effects of priority and emerging pollutants on bacteria in epilithic biofilms
and on attached decomposers are included. Microbial ecological interactions
between organisms in heterogeneous complex communities are highlighted
describing the indirect effects observed in a series of study cases. A collection of
laboratory and field study data is used to demonstrate the relevance of natural
heterogeneous communities to obtain a more realistic approach to ecosystem
processes. Finally, an upscaling from the effects observed at the microbial scale
to the potential implication for ecosystems health and risk is included.
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1 Relevance of the Heterotrophic Microbial Processes in River
Ecosystems and Their Sensitivity to Water Pollutants

River and stream ecosystems are extremely heterogeneous and dynamic
environments continuously changing because of physical and biological processes.
Physical processes are mainly driven by geomorphology and hydrology characte-
ristics, determining the quantity and quality inputs of organic and inorganic materials
in the flowing ecosystem as well as the arrangement of habitat patchiness (hyporheic
zones, wetlands, rapid pools, floodplains, [1]). At the catchment scale, climate
influences these processes. The biological processes, interacting with the river
physical dynamics, are the main responsible for the matter cycling—release, uptake,
and transformations—throughout the river system. Key biological processes are
occurring at the microbial scale where the microbially driven biogeochemical
reactions might be then relevant at the ecosystem scale [2].

The study of microbial ecology of river ecosystems is a relatively recent
discipline that became important in the last decades. From the first description of
the microbial loop by Azam et al. [3] in marine systems numerous studies were
performed on marine, lentic, and lotic environments (i.e., [4-6]), highlighting
relevant differences in the structure of the microbial communities. In lakes and
marine systems, the importance of the planktonic food webs for organic matter
re-mineralization and carbon fluxes has been widely described [7, 8]. In contrast, a
crucial role of the benthic microbial community in river energy flow has been
highlighted [9]. Moreover, in river and streams, considerable differences are
denoted in biotic interactions and processes between suspended and attached
microbial communities such as a greater bacterial activity and biomass and extra-
cellular enzyme activities in the benthic biofilms than in the flowing water [8, 10].
Attached microbial communities are in general structured by autotrophs (diatoms,
green algae, and cyanobacteria) and heterotrophs (bacteria, fungi, and protozoa)
embedded in extracellular polymeric matrix adhered on substrata conferring a
biofilm [11]. Attached bacteria start colonization process by covering mineral
surfaces with polysaccharide glycocalyx [12]. This extracellular matrix facilitates
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the adherence of micro-autotrophs and traps organic matter particles permitting the
development of more complex biofilms [13]. In spite of their mobility, micro-
metazoans can also be found interstitially as well as on the substrate surface and
they must be considered as part of the attached community because of their trophic
relationship with biofilm microorganisms [14]. This close spatial relation between
so different life-strategy organisms results in important interactions (i.e., bacterial
utilization of algal exudates, [15]), that allow us to consider attached communities
as micro-ecosystems with a complex structure where important processes take
place. In freshwater systems different attached communities develop on different
streambed substrata [16]. Communities developed on submerged coarse particulate
organic matter (leaves and wood) are dominated by fungi [17-19], while biofilms
developed on mineral surfaces (fine sediment) and fine particulate organic matter
are dominated by bacteria and protozoa [13, 20]. Conversely, inorganic hard and
relative inert substrata (rocks and cobbles) are colonized by communities
dominated by autotrophs (diatoms mainly; [21]).

The river microbial attached communities play an important role in freshwater
ecosystems for organic matter re-mineralization and inorganic nutrient fluxes through
hydrographic web. In the case of allochthonous energy inputs, i.e., plant material
from riparian vegetation, the initial leaves breakdown is mainly carried out by aquatic
hyphomycetes [22] while attached bacteria play an important role as decomposers of
fine particulate organic matter accumulating in sediments and in the overlying water
[23]. The epilithic biofilms developing on rocks and cobbles have been also described
as relevant sites for organic and inorganic nutrient uptake and retention [24]. One of
the key roles of bacteria and fungi within the attached communities is their capability
to decompose and transform organic molecules to finally mineralize them, thanks to
their extracellular enzyme capabilities. The size of molecules limits its transport
across biological membranes, making the activity of extracellular enzymes the first
biotic step of organic matter turnover in ecosystems [13]. Extracellular enzymes
produced by fungi and bacteria exhibit substrate specificity. In general, fungal
communities produce enzymes capable of degrading complex and recalcitrant
compounds such as cellulose, hemicelluloses, and lignin (by means of B-xylosidase,
B-glucosidase, peroxidase, and phenoloxidase, [25]), while bacteria mostly synthe-
size enzymes involved in degrading more simple polymers such as polysaccharides,
peptides, or organic phosphorus compounds (-glucosidase, peptidase, and phos-
phatase). However, these enzyme capabilities could be modulated by microbial
interactions within the attached community, such as the positive interaction
between algae and bacteria in epilithic biofilms [26, 27] or the synergistic/competi-
tive relationship between fungi and bacteria in leaf litter breakdown [28, 29].
Overall, microbial attached communities dominate the ecosystem metabolism in
many aquatic systems being a major component for the uptake, storage, and cycling
of carbon, nitrogen, and phosphorous [9, 13]; therefore they are an important
compartment in water purification processes [126].

Rivers and streams are the most important source of water for human use
(drinking water, industry, agriculture, etc.) even if less than 1% of the total water
in the earth is stored in freshwater systems [30]. At present, most rivers and streams
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are affected by any anthropogenic disturbance. Most pollutants have the potential to
enter aquatic habitats from direct application, terrestrial runoff, or wind-borne drift.
Input of pollutants from wastewater treatment plants (WWTP) and industrial
sewage are widespread along river networks strongly changing quantitatively and
qualitatively the timing and location of solute inputs, including some well-known
toxicants but new emerging pollutants as well (i.e., pharmaceuticals).

Environmental stressors, including emergent and priority pollutants, cause a
variety of responses in heterotrophic microbes at different biological levels (from
molecules and cells to communities and ecosystems) that can provide measurable
endpoints and are useful in ecological risk assessment and environmental manage-
ment. Because there are thousands of different contaminants and their potential
toxicity may vary with water chemistry and physical characteristics of the habitat,
there is an increasing need of developing reliable bioindicators and early warning
biomarkers of stress. Over the last few years, the use of microbial communities as
model systems in ecology and ecotoxicology has been increasing. As described
above, microorganisms play a crucial role in several environmental services, like
nutrient recycling, water purification, and carbon sequestration [31]; they are
ubiquitous, have short generation times, and are easy to manipulate under con-
trolled conditions, constituting ideal systems for assessing the impacts of stressors
that are not feasible to manipulate in the field [32-34].

The microbial attached communities have been defined as interfaces that inte-
grate a variety of responses to environmental changes and chemical stressors; their
rapid interaction with dissolved substances results in functional (short-term) and
structural (long-term) responses, making them useful as “early warning systems” of
disturbances [24]. As attached communities are micro-ecosystems, responses to
multiple stressors can be different depending on target organisms and thus both
direct and indirect effects can be inferred (Fig. 1). Thus, the study of the potential
effects of priority and new emerging pollutants found in continental water bodies on
the structure and function of microbial attached communities might be relevant to
assist management strategies of freshwater ecosystems. Several examples of both
direct and indirect effects of priority and emerging pollutants on heterotrophs of
microbial attached communities are presented in the following sections.

2 Assessing the Direct Effects of Pollutants on Heterotrophs

2.1 Bacteria in Epilithic Biofilms

Biofilm communities are one of the first victims of pollutants which can affect their
structure and function. With increasing number of toxic molecules found in
freshwaters (e.g., pharmaceuticals, nanomaterials, PAH, and metals), which can
directly target heterotrophic organisms, recent research has focused on the bacterial
biofilm responses to pollutants ([35, 36], Table 1).
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Fig. 1 Schematic representation of the expected direct and indirect effects of sublethal
concentrations of toxic compound/s on target and nontarget organisms of freshwater microbial
attached communities in case of (a) short-term and (b) long-term exposure. In the case of short-
term exposure to toxic compound/s (a) direct effects of target organisms (1) are expected to be the
most important ones. In particular, rapid effect and recovery of functional response would be
expected. Some structural response could also occur as well as some direct effect on nontarget
organisms (*) due to unknown mode of action. These effects can also generate an indirect effect on
target organisms. The magnitude of these effects is expected to be less relevant than direct ones.
Indirect effects (%) are expected to be transient and mainly on function. In the case of long-term
exposure to toxic compound/s (b) direct (M and indirect (%) effects are expected to occur. In
particular, target organisms would respond quickly in terms of function and later at structural level
(M. Recovery of these effects is expected to be partial depending on the magnitude of the response.
For example, the exposure to some bactericide could result in an initial negative effect on some
function sustained by bacteria (i.e., extracellular enzymatic activity). Nevertheless if exposure
persisted, some resistant species are expected to be selected. This selection will result in the shift of
community composition (structural response). The structural response may therefore restore
previous functional levels resulting in a general recovery of functional parameters. Nevertheless,
the structural response (shift in community composition) could not be considered recovered until
the original community will not be restored or even an adapted community will establish.
Occurrence of indirect effects (*) is expected to be delayed respect to direct ones. Thus, the
structural and functional response of nontarget organisms will occur after the target organisms
responded. The magnitude and delay of indirect effects depend on the interaction with the
target organisms directly affected and on physiology, metabolism, and life cycle of the nontarget
organism. Recovery of these indirect effects mainly depends on resilience potential of nontarget
organisms, the magnitude, and the duration of the direct effect observed that generated it. Direct
effects on nontarget organisms (*) could also occur in consequence of some unknown mode of
action. These effects can also generate an indirect effect on target organisms. The magnitude of
these effects is expected to be less relevant than direct ones
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Direct effects of toxicants on bacterial community could lead to two biofilm
responses, which may differ in their temporal pattern: short-term biochemical and
physiological alterations and long-term changes in community structure (Fig. 1).
Short-term effects include increases in bacterial mortality and reduction in bacterial
growth, production, respiration, and extracellular enzyme activities. In an experi-
mental study, Ricart et al. [35] assessed the mortality of biofilm bacteria after their
acute exposure to the bactericide triclosan, which inhibits bacterial fatty acid
synthesis [37]. The authors showed that environmentally relevant concentrations
of triclosan caused an increase of bacterial mortality with a non-effect concentra-
tion (NEC) of 0.21 pg L', after 48 h of exposure. Lawrence et al. [38] exposed
biofilms to the anti-inflammatory drug diclofenac, demonstrating a rapid and
negative impact on the growth of bacteria at 100 pg L™".

Physiological effects of toxicants on bacteria have been also shown such as the
significant decrease in bacterial production (as measured by thymidine and leucine
incorporation) after the biofilms being exposed to metals [39]. On the other hand,
recent studies on the effect of pharmaceuticals showed significant effects on biofilm
extracellular enzyme activities, thus compromising the biofilm organic matter
cycling role in the ecosystem. Boninneau et al. [40] showed that leucine-amino-
peptidase activity was significantly inhibited after 6-h exposure of biofilm bacteria
to the B-blockers propranolol and atenolol, reflecting the negative effect of these
pharmaceuticals on the bacterial ability to hydrolyze peptides. Moreover, Chenier
et al. [41] focused on the effect of the aliphatic hydrocarbons hexadecane on the
anaerobic denitrification activity of biofilm bacteria, showing that 1 pg L' of
hexadecane inhibited denitrification and reduced the N,/N,O ratio. These results
indicate that petroleum hydrocarbons, even when present at low concentrations, can
alter the flux of N in river ecosystems. The authors concluded that, since petroleum
hydrocarbons are hydrophobic, they can accumulate in lipid biolayers of bacterial
cytoplasmic membranes or within the external membranes of gram-negative bacte-
ria, causing alterations of membrane structure and function, which have a negative
impact on cellular activity.

In addition to the effects on heterotrophic metabolism, the presence of pollutants
in lotic systems may lead to a change in microbial biomass or to a shift in
community structure. It is widely accepted that chemical pollution could reduce
bacterial diversity [42]. Nevertheless, the effects of pollutants on bacteria may also
favor the selection of certain species. Bacterial species composing the biofilm may
have ranging sensitivities and responses toward various anthropogenic pressures
[39]. During exposure to toxic agents such as metals or antibiotics, the most
sensitive organisms may be overtaken by the more resistant or more tolerant
ones. An experimental study conducted by Tlili et al. [36] showed that the pattern
of biofilm bacterial diversity obtained by molecular fingerprinting was modified
under long-term exposure to 30 pg L' of copper, indicating that this metal was a
strong driver of bacterial structural changes. In the same study, authors highlighted
heterotrophic biofilm sensitivity to copper by performing short-term inhibition tests
based on extracellular enzyme activity (B-glucosidase and leucine-aminopeptidase)
and substrate-induced respiration activity. Whatever, the results indicated that the
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observed shift in community structure due to copper exposure was accompanied by
an enhanced tolerance of bacterial communities to the metal. Lawrence et al. [38]
also assessed the structural responses of biofilm bacterial communities after their
exposure to 100 pg L™ of diclofenac. In this study, the community analyses by FISH
probes indicated that diclofenac induces significant alterations of community compo-
sition with significant increases in overall Eubacterial, B-, y-, and Cytophaga-
Flavobacterium probe-positive populations. Furthermore, denaturing gradient gel
electrophoresis analyses confirmed changes of bacterial community composition of
diclofenac-treated biofilms, in comparison with control.

On the other hand, in case of prolonged exposure to pollutants, the processes of
bacterial adaptation may also lead to stimulation of biodegradation capacities of
these compounds ([43], Fig. 1 long-term exposure). Indeed, because of their
species-rich communities and the possibility to adapt their metabolisms, biofilm
bacteria provide a great potential for the removal of contaminants from water
systems by using the pollutants as a source of organic matter. Some studies have
explored the degradation pathways of pollutants by microbial communities taken
from rivers and confirmed their important role in elimination process of pharma-
ceutical or other chemical residues [38, 44]. Pieper et al. [45] investigated the
degradation of the pharmaceuticals phenazone, a pyrazolone derivate in widespread
use, by bacterial isolates from natural biofilms. Results indicated that some bacte-
rial strains were able to metabolize phenazone in its metabolite 1,5-dimethyl-
1,2-dehydro-3-pyrazolone over the sampling period of 8 weeks. Authors concluded
that the microorganisms need a reasonably long time to adapt their metabolisms to
enable the removal of phenazone from water samples. Even if it is not yet well
developed in aquatic environments, the functional approach based on the bacterial
biodegradation of pollutants offers promising prospects for ecosystem biomonitoring
as these activities are generally focused on specific molecules or groups of molecules.
This could be enriched by including in situ measurements of expression of genes
encoding enzymes involved in degradation mechanisms, and diversity studies to
identify the organisms involved in these processes.

In conclusion, two complementary approaches coexist to assess direct effects of
pollutants on bacterial communities. The first one is based on structural analysis of
communities (biomass, taxonomy, and diversity), and the second one is a functional
approach generally based on the metabolic activity measurements (respiration,
enzymatic activities, and potential for biodegradation). The use of bacterial
communities in epilithic biofilms as bioindicator might therefore allow an impor-
tant choice of descriptors, adapted to different types of contaminants [36].

2.2 Attached Community on Plant Material: Decomposers

In freshwaters, bacteria and fungi play a key role in organic matter decomposition
and convert plant litter from the surrounding vegetation into a more suitable food
source for invertebrates [46, 47]. Fungi, mainly aquatic hyphomycetes, are often
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dominant over bacteria during earlier stages of plant litter decomposition and
contribute to up to 39% to leaf carbon loss [19]. Even though the contribution of
bacteria to organic matter turnover may increase in polluted streams, fungi
accounted for 89-99% of the total microbial production [19, 48, 49].

Pollution by mine drainage is among the best-documented stressors affecting
microbial decomposers and litter breakdown in streams with most studies
documenting a reduction in taxonomic diversity and fungal reproductive ability
(Table 2). Slower leaf breakdown and reduced microbial biomass accumulation
occur in streams severely impacted by mining or metallurgic activities [50-54].
Also, stream acidification through atmospheric inputs and related impacts (e.g.,
high levels of aluminum) is generally accompanied by reduced litter breakdown
rates (e.g., [55, 56]). However, moderate metal pollution affects fungal diversity
more than fungal biomass and decomposition [57]. In a low-order stream impacted
by metals and eutrophication, the decline of aquatic hyphomycete diversity and
sporulation was not accompanied by decreased fungal biomass or leaf decomposi-
tion [58]. These findings suggest that aquatic hyphomycete communities may
respond to stress according to the redundancy model, in which processes are stable
because increasing biomass of tolerant species compensates for the loss of sensitive
ones. Hence, it is predicted that biodiversity has a lower threshold of response to
anthropogenic stress, whereas biomass and function are stable or increase under
low to moderate stress and decrease only under high stress conditions.

In the last few years, the extensive use of engineered nanoparticles increases the
chance of their release into aquatic environments, raising the question whether they
can pose risk to aquatic biota and the associated ecological processes. The exposure
of microbial decomposers to nano-Cu oxide and nano-silver led to a reduction in
fungal sporulation and leaf decomposition rates [59]. These effects were
accompanied by shifts in the structure of fungal and bacterial communities based
on DNA fingerprints and fungal spore morphology. Generally, the negative effects
of nano- and ionic metals were stronger on bacterial biomass than on fungal
biomass [33, 59]. However, the impacts of metal nanoparticles on leaf decomposi-
tion by aquatic microbes were less pronounced compared to their ionic forms.

A prerequisite for using any type of indicator of ecosystem integrity is that it
responds unequivocally to anthropogenic stresses. The cited studies support that
leaf breakdown rate and microbial activity are potential indicators of functional
integrity of streams (Table 2). Among several fungi-based metrics, spore produc-
tion emerged as the most sensitive indicator of stress. This is supported by a meta-
analysis comprising 23 studies [60] and by microcosm experiments using stream
dwelling microbial assemblages with stressors added alone or in combination
[33, 59, 61].

The combined effects of metals on aquatic fungi show that Zn alleviates the
effect of Cd toxicity on the growth of five aquatic hyphomycete species [62].
However, this study analyzed the effects of metal mixtures at the species level.
The observed effects at the community level were mostly additive, particularly on
fungal biomass and leaf decomposition [33], suggesting no interaction between Cu
and Zn or that the magnitude of synergistic effects in some species was offset by
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antagonistic effects in others. On the other hand, the exposure to the polycyclic
aromatic hydrocarbon phenanthrene potentiated the negative effects of Cd on
fungal diversity and activity [63], suggesting that the co-occurrence of these
stressors may pose additional risk to aquatic biodiversity and stream ecosystem
functioning.

Some contaminants have a long history in aquatic environments, and such
pressure on communities can select for resistant genotypes leading to changes in
community structure and ecosystem functions. Indeed, pollution from an aban-
doned gold mine in Portugal affected leaf-associated fungi, but effects appeared to
be less pronounced in metal-adapted communities [64]. Certain species of aquatic
hyphomycetes, such as Heliscus lugdunensis and Tetracladium marchalianum,
have been found among the top ranked species in highly polluted streams in
Germany [65]. The species spectrum in Portugal was different, with Flagellospora
curta and Heliscus submersus mainly associated with polluted streams [58, 66].
Such species are obvious candidates when (1) searching for biomarkers of stress,
(2) analyzing the physiological mechanisms underlying fungal survival in polluted
environments, and (3) exploring the potential of fungi for bioremediation of
polluted sites. Recent studies based on ITS rRNA barcodes show that aquatic
hyphomycete species have intraspecific diversity [67]. This suggests the existence
of different populations, some of which might be adapted to pollution. Indeed, a
manipulative experiment using two functional types (Cd-resistant and Cd-sensitive
phenotypes) of Articulospora tetracladia showed that intraspecific traits altered
biodiversity effects under stress: the positive effects of fungal diversity on leaf
decomposition and fungal biomass production were kept under Cd stress only when
the assemblage had a Cd-resistant functional type [68].

The effects of organic xenobiotics have been also addressed on freshwater
microbial decomposers. Aquatic hyphomycetes accumulate dichloro-diphenyl-
trichloroethane (DDT) and low concentrations of this insecticide enhanced the
growth of several fungal species [69]. The fungicides mancozeb and carbendazim
did not inhibit fungal growth or reproduction up to 5 mg/L or conidial germination
up to 1 mg/L [70]. In contrast, Barlocher and Premdas [71] reported a linear
negative relationship between conidia production and concentration of the fungi-
cide pentachlorophenol (0.0001-10 mg/L). Some freshwater fungi, including
the aquatic hyphomycete Clavariopsis aquatica, have shown ability to degrade
some xenobiotics, such as xenoestrogen nonylphenol [72], polycyclic musks [73],
and synthetic azo and anthraquinone dyes [74]. This has been related to the activity
of extracellular laccases, an oxidoreductase enzyme, which appears to be involved
in lignin biodegradation. Also, H. lugdunensis showed ability to metabolize
polycyclic aromatic hydrocarbons such as naphthol [75]. These findings support
a role of fungi in affecting the environmental fate of pollutants in aquatic
ecosystems.
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3 Microbial Interactions and Indirect Effects of Pollutants

3.1 Bacterial-Algal Interactions

The close spatial relation and isolation from the overlying water column facilitate
complex interactions within stream microbial assemblages [76, 77]. Probably the
most important interactions occurring in attached microbial communities are
between autotrophs and heterotrophs [78].

Autotroph—heterotroph trophic and metabolic interactions include (1) bacterial
use of organic compounds from algal exudates released during photosynthesis (e.g.,
[15, 79, 80]), and heterotrophic use of O, released during photosynthesis [81],
(2) algal use of inorganic nutrients released during mineralization activities by
heterotrophic assemblages [77] and CO, released during heterotrophic respiration
(reviewed by [82]), and (3) algal use of vitamins provided by bacteria [83]. Physical
interaction where algae provide substrata for bacterial colonization may also be
significant [11]. It has been suggested that the importance of these linkages may be
controlled by the abundance of algae in the system [84]. Bacteria may be tightly
linked to algae when the algal biomass is high and not when it is low [85], or there
may be threshold levels before this coupling occurs [86]. Several studies
demonstrated the stimulation of bacterial extracellular enzymatic activities by
algal photosynthesis in freshwater biofilms [27, 78, 87-89]. At the same time,
nutrient enrichment can decouple algal-bacterial production and it is hypothesized
that competition occurs in nutrient-poor conditions [90]. Decoupling of algal-bacterial
metabolism has been also observed when adding labile dissolved organic matter
(glucose) in laboratory grown biofilms [91].

When biofilms are exposed to pollutants we therefore might expect both direct
and indirect effects on the autotrophic and/or heterotrophic compartments. This
might depend on the mode of action of the compound and on the target organisms.
Effects can be acute or chronic depending on the time of exposure and on the
concentration levels of the pollutant. An appropriate set of endpoints should be
selected in order to detect the wide range of possible responses of such complex
microbial communities. As a general rule, the more functional and physiological
descriptors should be used when acute responses are expected because of short-time
exposure or transient perturbation in natural systems, while the more structural
descriptors should be selected as endpoints in studies aiming the investigation of
potential chronic effects (Fig. 1). However, due to the potential interaction between
the biofilm compartments, both functional and structural parameters might be
analyzed, enhancing the relevance of a multibiomarker approach in ecotoxicological
studies [40]. In Table 1 several examples of direct and indirect effects of pollutants
on autotrophs and bacteria as well as evidences of interactions between them in
fluvial biofilms are reported.

In general, target organisms are affected directly and the effects being shown
after relative short-time exposure to the toxic compound. Direct effects are nor-
mally dose-dependent and can be recovered if the toxic concentration is sublethal,
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the exposure does not persist in time, and the organism has a good resilience
potential. Thus, in short-time exposure indirect effects on nontarget organisms are
less expected (Fig. 1). However, the chronic long-term exposure of biofilm to
pollutants, in spite of being at sublethal concentrations, could result in the persis-
tence of direct effects and the appearance of indirect effects due to interactions
between target and nontarget organisms within the microbial biofilm. As an exam-
ple, this short- and long-term exposure effect in the biofilm photosynthetic response
after diuron exposure is shown in Fig. 2. Diuron (herbicide) blocks the electron
transport in the photosystem II [92] causing loss of photosynthetic efficiency of
autotrophic compartment of biofilms, which is recovered after 1 week at the short-
term but persists at the long-term exposure ([35, 93], Fig. 2). The metabolic changes
but also structural changes at community level to the target organisms after a
chronic long-term exposure might determine greater effects to potential nontarget
organisms. Thus, the long-term exposure of fluvial biofilms to low diuron
concentrations resulted in significant direct effects on diatom community (shift in
species composition and biovolume reduction), increase in Chl a density, persistent
decrease of photosynthetic parameters (Fig. 2), and also in a delayed indirect effect
on bacterial viability and peptidase activity ([94], Table 1, Figs. 3 and 4). This study
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Fig. 2 Direct effect of the herbicide diuron on photosynthetic efficiency of river biofilms. Results
from a short-term exposure (empty triangles, [93]) and long-term exposure (black points, [94])
studies are plotted together in order to compare responses in case of acute and chronic contamina-
tion scenario. Values are mean = standard error (n = 4). The horizontal continuous line
represents controls £ 95% confidence intervals (dashed lines). In the short-term experiment
biofilms were exposed during 48 h to pulses (13 pug L™") of diuron and recovery process was
followed during 2 weeks after the end of exposure. Long-term experiment consisted in 29 days of
exposure to 7 pg L' of diuron. In particular, photosynthesis is inhibited and rapidly recovered
after short-term exposure while persistent inhibition of photosynthesis was measured in long-term
exposure experiment
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Fig. 3 Indirect effect of the herbicide diuron on specific extracellular peptidase activity per
bacterial cell. Results from a short-term exposure (empty triangles, [93]) and long-term exposure
(black points, [94]) studies are plotted together in order to compare responses in case of acute and
chronic contamination scenario. Values are mean + standard error (n = 4). The horizontal
continuous line represents controls = 95% confidence intervals (dashed lines). In the short-term
experiment biofilms were exposed during 48 h to pulses of diuron (13 pg L™") and recovery
process was followed during 2 weeks after the end of exposure. Long-term experiment consisted in
29 days of exposure to 7 pg L™! of diuron. In particular, transient increase in specific peptidase
activity per cell was measured after the short-term exposure while the same effect was observed
later in long-term exposure experiment

suggests direct diuron damage on autotrophs affecting indirectly the structure and
functioning of the biofilm bacterial community. Other long-term diuron exposure
studies have also shown indirect effects on bacteria (nontarget organisms) after
direct effects on autotrophs in fluvial biofilms ([95-97], Table 1).

Nontarget organisms may be affected both directly (unknown mode of action)
and indirectly because of interaction with target organisms. As an example, biofilm
autotrophs were affected (diatom mortality) after a direct effect of triclosan on
bacteria [35, 93]. In this case, direct effects of triclosan on bacteria viability might
generate indirect effects on autotrophs (mainly diatoms), but, at the same time, a
direct effect of triclosan on autotrophic organisms as suggested by other authors
cannot be ruled out ([98-101, 125], Table 1).

Indirect effects are strictly dependent on the magnitude and timing of direct
effect observed. Obviously they appear after the direct response occurred and the
delay depends on the interaction with the target organism directly affected and on
physiology, metabolism, and life cycle of the nontarget organism. For example,
Boninneau et al. [40] described a rapid increase of bacterial mortality and decrease
of extracellular peptidase activity after 24 h of exposure to high concentration of the
B-blocker atenolol. The authors concluded that direct negative effect observed on
photosynthesis could indirectly (reduction of algal exudates available for bacteria)
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Fig. 4 Indirect effect of the herbicide diuron on bacteria. Results from a short-term exposure
(empty triangles, [93]) and long-term exposure (black points, [94]) studies are plotted together in
order to compare responses in case of acute and chronic contamination scenario. Values are
mean =+ standard error (n = 4). The horizontal line represents controls £ 95% confidence
intervals (dashed lines). In the short-term experiment biofilms were exposed during 48 h to pulses
of diuron (13 pug L™") and recovery process was followed during 2 weeks after the end of exposure.
Long-term experiment consisted in 29 days of exposure to 7 g L™ of diuron. In particular, no
response was observed after short-term exposure while late increase of dead bacterial cells, finally
recovered, is evidenced in long-term exposure experiment

enhance the stress provoked directly by the toxic on bacteria (Table 1). Moreover,
Barranguet et al. [102] highlighted that the change in the algal community compo-
sition induced by Cu results in a different composition of algal products available
for heterotrophs causing changes of the heterotrophic community composition in a
long-term study (Table 1). These are two examples demonstrating as the indirect
effects timescale could vary depending on the direct effects’ magnitude and timing.

Recovery of indirect effects is therefore a more complex process with high
ecological concern. Indirect effects’ recovery is also dependent on resilience
potential of affected organisms, time of exposure, and toxicant concentration but
is moreover mainly dependent on the nature of the interaction with target organisms
that generated it. In particular, it strictly depends on the behavior and the duration of
the direct effect observed. Not many ecotoxicological studies assessed resistance
and recovery of complex attached microbial communities exposed to priority and
emerging pollutants. Lopez-Doval et al. [95] found significant increase of dead
bacteria (nontarget organisms) in fluvial biofilms after 1 day of exposure to
2 ng L™! of the herbicide diuron, but bacteria were completely recovered 28 day
later. The low concentration applied in this study and the probable shift of bacterial
community ([96, 97, 103], Table 1) might determine the recovery of bacteria.
Another example showing biofilm recovery after exposure to pollutants was that
shown by Proia et al. [93] who specifically followed recovery of fluvial biofilms
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during 2 weeks after 48 h exposure to pulses of triclosan and diuron. The recovery
of diatoms’ viability (indirect effect) occurred 2 weeks after the end of triclosan
exposure, exactly 1 week after bacteria viability totally recovered, highlighting the
different time needed for recovery of indirect effects on the different biofilm
compartments.

In conclusion it is important to remark the importance of studies on microbial
complex communities and the interactions occurring within them in order to
evaluate possible effects of pollutants on freshwater ecosystem. As stated by
Barranguet et al. [102] “.. .the effects of toxicants on each biofilm compartment
studied separately will not give an accurate picture of its sensitivity under natural
conditions. . .” However, the known tight microbial interactions within the biofilms
suggest that pollutant effects to the biofilm might be buffered when compared to
single species, as suggested by their resistance to life in extreme environments
[104].

3.2 Fungal-Bacterial Interaction in Decomposition Process

Interactions among microbes on plant litter can result from differences in
sequestering resources, direct interference between cells, and production of inhibi-
tory substances. Contribution of bacteria to carbon flow from decaying leaf litter is
lower than that of fungi, regardless of the presence of fungi and nutrient availability
[18, 19]. However, both synergistic and antagonistic interactions between litter-
associated fungi and bacteria have been found [18, 29, 105]. Some authors found
negative effects of bacteria on fungal growth and biomass accrual [105]. On the
contrary, bacteria appear to grow better together with fungi than alone [105],
probably because fungi provide bacteria with resources that they are not able to
acquire on their own. On the other hand, culture filtrates of several aquatic
hyphomycetes inhibited bacterial growth and showed antifungal activities [106].
However, little is known on the factors controlling the interactions between
microbes (e.g., fungus—fungus, fungi—bacteria) on decomposing leaves. Moreover,
the presence of contaminants is expected to modulate such interactions. For
instance, the complementarily relationships among aquatic hyphomycetes on
decomposing leaves were weakened under metal stress [68, 107]. Some authors
found that metal ions and metal nanoparticles reduce litter decomposition, fungal
sporulation, and bacterial biomass, but appear to have little effect on fungal
biomass [33, 59]. If metal stress affects bacteria more than fungi, the negative
effects of bacteria on fungi are expected to decrease. This, together with the carbon
released from dead bacteria, might override the expected negative impacts of
metals on fungal biomass.

Due to the complex trophic interactions between organisms that govern organic
matter decomposition in streams, indirect effects of contaminants on detritivores
that feed on microbially colonized litter have also to be considered. In an in situ
mesocosm study, low levels of Cu did not affect aquatic hyphomycetes but reduced
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the abundance of the dominant shredder Gammarus pulex on decomposing leaves
[108]. Other studies report that invertebrate shredders are able to discriminate
between leaves exposed to reference and metal contaminated streams [53], proba-
bly because considerable amounts of metals can accumulate or adsorb on fungi or
leaves [51]. Therefore, toxicity for invertebrates can result from direct effects of
metals via water or indirectly via food (i.e., leaves and/or microbes growing on
leaves).

The contamination of alder leaves with the herbicide Mecoprop reduced the
biomass of H. lugdunensis and inhibited leaf consumption by the shredder
G. pseudolimnaeus, but no evidence of indirect effects of Mecoprop was found
[109]. On the other hand, antibiotic mixtures, at concentrations typical of streams
receiving wastewater treatment plant effluents, had no effects on bacterial
assemblages but led to a stimulation of fungal biomass on leaves; this increased
leaf palatability for shredders which preferred to feed on conditioned leaves in the
presence of antibiotics [110].

Some studies have demonstrated that plant detritus, particularly when colonized
by aquatic fungi, contribute to the removal of pollutants from the water column
(e.g., metals, [S1]), which would be beneficial to aquatic biota. However, because
conditioned leaves serve as a food resource to invertebrate detritivores, pollutants
can still enter in the food web. On the other hand, as referred above, some fungi
show ability to degrade recalcitrant organic pollutants (e.g., [72, 75]) consistent
with the known complex fungal enzymatic machinery. Hence, preserving fungal
biodiversity would be beneficial to maintain stream water quality and ecosystem
functions.

Generally, impacts of pollutants on microbial community functions depend on
duration and type of disturbance. One may expect that after a brief disturbance,
ecosystem functions eventually return to its former state, whereas sustained distur-
bance may result in a new state. Although some evidence of fungal acclimation to
stressors has been found, the resistance of microbial decomposers to one stressor
did not increase when communities were previously acclimated to another stressor
[34]. It is conceivable that some species are more affected by certain stressors than
others, explaining the shifts in species composition and dominance often found. It is
plausible that microbial decomposers divert energy toward defense mechanisms to
cope with stressors, and away from growth or reproduction. One should point out
that fungal communities under stress consistently respond with a reduction of
sporulation. Hence, when communities are exposed to stressors for long periods
of time, species with reduced dispersal will tend to disappear.

3.3 Role of Protozoa

Protozoa (ciliate and flagellate) are also a relevant biofilm compartment, playing a
key role in the biofilm microbial food web [13]. Protozoa might feed on bacteria,
thus controlling their biomass or either use organic molecules from the matrix EPS
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[111]. Within a biofilm, effects of protozoa grazing on bacterial community struc-
ture have been also reported [112]. Thus, when the whole biofilm is exposed to any
pollutant which affects a biofilm compartment (i.e., algae or bacteria) changes in
the protozoa community might also occur. In this sense, in a laboratory mesocosm
experiment where the whole microbial food web was considered, a direct effect of
atrazine on algae was measured, as expected, but a significant increase in ciliates
and flagellates abundance was measured after 48 h of exposure [128]. Similarly, an
increase in biofilm protozoa density was observed after its exposure to triclosan
[100]. Friberg-Jensen et al. [113], when analyzing the effects of cypermethrin (a
pyrethroid insecticide) on a freshwater community by a multispecies field experi-
ment considering different trophic levels, observed the major effect of the insecti-
cide on crustaceans (cypermethrin > 0.13 pg L™"). The proliferation of rotifers,
protozoans, bacteria, and algae (planktonic and periphytic) but the decrease of
crustaceans suggests a reduced grazer control from crustaceans due to the
cypermethrin exposure.

Few studies address the direct impact of pollutants on ciliates and heterotrophic
flagellates in biofilms. Most studies on natural communities focus on planktonic
communities or either use one single species, commonly the ciliate Tetrahymena
thermophila. Effects of metal nanoparticles on T. thermophila showed a greater
effect of nano-ZnO than nano-CuO (ECsq values of 5 mg metal/l versus 128 mg
metal/l, [114]). Generation of reactive oxygen species (ROS) induced by exposure
to heavy metals (Cd, Cu, or Zn) in ciliated protozoa (Tetrahymena sp. and three
strains of Colpoda steinii) was also detected, indicating a physiologic response of
these organisms to metal exposure [115]. The effect of salty urban waters might
also determine reduction in ciliate bacterivory as it was shown for T. thermophila
[116]. On the other hand, the ciliate Euplotes mutabilis isolated from industrial
effluent has been found to adapt and then uptake metals [117].

Within the biofilm, due to the close contact between their components (algae,
bacteria, fungi, and protozoa) the effects of one toxicant probably cannot be
simplified as their direct effect, but in contrast the whole response of the biofilm
would be either enhanced or buffered. In the case of protozoa, an increase of
bacterivory might be expected when their resource (bacteria or EPS) is increasing.
This protozoa increase might lead to changes in the biofilm’s three-dimensional
structure and thus influencing higher trophic levels (micrometazoans feeding on the
biofilm).

4 From Microbial Scale to Ecological Risks Assessment

Normally, in freshwater ecosystems priority and emerging compounds are detected
at low concentration and can chronically enter by WWTP (e.g., pharmaceuticals
and personal care products) or reach the system by pulses from punctual or diffuse
sources (i.e., herbicides). Climate and hydrology of the systems strongly influence
levels of pollutants detected in freshwater bodies. For example, flood events after
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rain could result in pulses of herbicides in agricultural zones as described by Rabiet
et al. [118] as well as dry periods could enhance the relative importance of
discharge from WWTP effluents resulting in higher concentration of compounds
entering by this source. This situation is mainly occurring in the Mediterranean area
of Europe and in all regions included in water scarcity scenarios by the climate
change prevision [119]. In this context, it appears fundamental to study the potential
effects of unknown number of new emerging compounds on ecosystem function
and services in freshwaters.

We already discussed in the introduction of this chapter about the importance of
microbial processes in freshwaters systems at ecosystem scale. Moreover, the
positive relation between biodiversity and ecosystem functioning and services has
been widely demonstrated (i.e., [120, 121]). Freshwaters provide several ecosystem
services that are directly related to microbial processes. The main ecosystems
services provided by rivers and streams and regulated by microbial processes are
related to nutrient recycling (self-depuration capacity) and organic matter
processing and transport. Is it possible to assess how pollutants may influence
these ecosystem services by affecting microbial community structure and function?
All results of the studies presented in this chapter may be used in some way to
evaluate risks at ecosystem level. Shifts of community structure in response to
exposure to some pollutants, reported in several studies presented in this chapter,
are an example of effects of emerging compounds that could affect ecosystem
processes as well as indirect effects due to microbial interactions within attached
communities. Studying direct and indirect effects of pollutants on natural microbial
communities provides a more realistic ecological approach than monospecific
toxicology tests. Although this is a first step trying to link laboratory studies to
ecological relevant evidence, the limitations in upscaling from laboratory
experiments to ecosystems are well known as well as the scarce cause—effects
relationships identified in field studies [122]. The best choice would be probably
to combine specific endpoints linked to target and nontarget organisms and on short
and long expected effects and include as well some whole community functioning
measurement more directly related to ecological services. As an example, Proia
et al. [93] used the measurement of inorganic phosphorus uptake capacity by the
biofilm which was significantly reduced after triclosan exposure. Although this
effect is also highlighted by the triclosan damage on biofilm structure and function,
the use of phosphorus uptake results evidenced risks for self-depuration capacity of
running waters associated with triclosan pulses. The use of such kind of whole
community function descriptors related to ecosystem services should be
implemented in ecotoxicological studies as they are able to integrate direct and
indirect effects observed at different trophic levels within microbial communities.

In conclusion, we believe that the arguments discussed and the examples
provided in this chapter highlighted and demonstrated the importance of using
complex microbial communities, and interactions occurring within them, to assess
ecological risks associated with the entrance of new emerging nonpriority
pollutants in freshwater ecosystems.
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Abstract Photosynthetic processes play a key role in aquatic ecosystems. These
processes are highly sensitive to the presence of toxicants, leading to an increase in
their use as ecotoxicological endpoints. The use of chlorophyll-a fluorescence
techniques to assess the impact of toxicants on the photosynthesis of the autotrophic
component of fluvial biofilms has increased in the last decades. However, these
photosynthetic endpoints are not currently used in water quality monitoring
programs.

A review of the currently available literature—including studies dealing with
toxicity assessment of both priority and emerging compounds—allowed the dis-
cussion of the pros and cons of their use as ecotoxicological endpoints in fluvial
systems as well as their inclusion in regular monitoring programs.

Chlorophyll-a fluorescence measurements have the ability to detect effects of a
large panel of chemical substances on the photosynthetic processes of fluvial
biofilms, covering both functional and structural aspects of the biofilm community.
Moreover, they might provide early warning signals of toxic effects.

Thus, the application of the chlorophyll-a fluorescence measurement is recom-
mended as a complementary measurement of toxic stress in aquatic ecosystems.
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Their application is of special interest in the context of the Water Framework
Directive (WFD, Directive 2000/60/EC), where the development of new structural
and functional endpoints of the biological quality elements (e.g., biofilms) is required.

Keywords Biofilms ¢ Chl-a fluorescence parameters * Emerging substances ¢

Priority substances * Rivers
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Abbreviations

AL Actinic light

BQE Biological quality element

F Fluorescence yield at the maximal reduced state

Fe Ferrodoxin

Fm Maximal fluorescence yield

Fm’ Fluorescence yield at actinic light steady state

Fo Minimal fluorescence yield

Fo(Bl)  Fluorescence signal linked to cyanobacteria group
Fo(Br) Fluorescence signal linked to diatoms’ algal group
Fo(Gr) Fluorescence signal linked to green-algae algal group
Fo/Fv  Efficiency of the water-splitting apparatus of PSII

Fo’ Fluorescence yield when actinic light is omitted

Fv Variable fluorescence yield

Fv/2 Fluorescence measurment of plastoquinone pool

ML Measuring light

NPQ Non-photochemical quenching without measuring Fo’

PAM Pulse amplitude modulated
PEA Plant efficiency analyzer
Pheo Pheophytin

PQ Plastoquinone pool

PQa Plastoquinone A
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PQg Plastoquinone B

PS Photosystem

PSI Photosystem I

PSII Photosystem II

gN Non-photochemical quenching
qP Photochemical quenching

SP Saturation pulse

UQD,, Relative unquenched fluorescence
WFD Water framework directive

P pgyp Effective quantum yield of PSII
Dpsip Maximal quantum yield of PSII

1 Introduction

Photosynthesis is a major process for all illuminated ecosystems as it provides the
main source of organic material for the food chain. Autotrophic organisms carry out
this physiological process by converting the light energy into chemical energy,
building up organic molecules out of CO, and water [1]. Derived organic matter
serves as food of the heterotrophic organisms. Understanding the physiological/
photochemical processes supporting this key function was focus of research for
hundreds of years, and several measuring techniques were developed based on
chemical analysis of pigments, '*C fixation, oxygen production, or chl-a fluores-
cence-based methods, among others. The latter methods provide a good basis for
application in monitoring algal density or photosynthetic processes in terms of
electron transport activity and energy dissipation processes [2].

The use of chl-a fluorescence techniques to assess photosynthesis performance
under changing environmental conditions has widely been proved as a rapid,
noninvasive, reliable method [3, 4]. Since the first acknowledgement of the analyti-
cal potential of chl-a fluorescence techniques [5, 6] until now, extensive research
has been carried out to apply this technique in different research fields. In the case
of ecotoxicology, chl-a fluorescence techniques have been used to evaluate the
toxicity of different pollutants and to locate their primary sites of damage in
photosynthetic organisms.

This review focuses on the use of chl-a fluorescence techniques to assess
chemical effects on the autotrophic component of fluvial biofilms, a nontarget
community present in all aquatic systems. Fluvial biofilms are made up mainly of
algae, bacteria, fungi, and other micro- and meiofauna organisms, embedded in a
matrix of extracellular polymeric substances [7]. In contrast to other autotrophic
groups, such as phytoplankton, biofilms have the particularity to live immobile;
therefore they are suitable for long-term monitoring and allow chemical toxicity to
be assessed at community level. This community approach is much closer to the
processes of an ecosystem than the use of single species tests and uses a biological
quality element (BQE) [8, 9], which is regularly monitored within the Water
Framework Directive (WFD, Directive 2000/60/EC) for the assessment of the
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ecological status of water systems. Biofilms have the capacity to modify the transport
and accumulation of substances such as nutrients [10] as well as organic toxicants and
heavy metals [11]. Several studies have highlighted the sensitivity of these
communities to a large panel of toxicants such as heavy metals [12—-14], herbicides
[15-19], pharmaceuticals, and personal care products [20-23]. Due to this sensitiv-
ity, fluvial biofilms can be used as early warning systems for the detection of the
effects of toxicants on aquatic systems [24]. The pertinence of the use of chl-a
fluorescence techniques for toxicity assessment on fluvial biofilms is attributed to
the basis that if a chemical produces effects on the photosynthesis processes (in a
direct or indirect way) the chl-a fluorescence parameters will reflect it. In the last
decade several investigations followed this approach [12, 15, 18, 20, 25-31, 33].

Based on the chl-a fluorescence techniques mainly two types of analysis of
fluorescence have been developed to assess photosynthesis performance: (a) the
fast fluorescence induction kinetics, measured by plant efficiency analyzer (PEA)
instruments, and (b) the slow fluorescence induction kinetics, measured by pulse
amplitude modulated (PAM) fluorometers. Although the first provides interesting
information on various steps of photosynthetic electron transport [32], it has not
been applied to complex samples such as fluvial biofilms.

Several PAM fluorescence instruments are provided to assess the photosynthetic
performance in biofilms; each one presenting a specific characteristic: (1) Standard
PAM fluorometers excite chlorophyll fluorescence at one wavelength (665 nm,
excitation maximum of the chlorophyll-a molecule) and have been applied on
biofilms to evaluate the global photosynthetic response of the autotrophic compart-
ment (e.g., [15, 25]). PAM fluorometers are available in different technical settings
(Fa. Walz, Effeltrich, Germany). Next to standard applications working with
cuvettes, a microscopy PAM fluorometer is available, suitable for the assessment
of selected cells within a biofilm on a microscopic scale [33]. The Maxi-Imaging
PAM fluorometer was developed to assess the photosynthetic capacity of large
surfaces, e.g., leaves or multiwell plates and is also suitable for measuring biofilms
[34, 35]. (2) Multiwavelength excitation PAM fluorometers (e.g., Phyto-PAM)
present the singularity to work with several excitation wavelengths, exciting
pigments with different absorption spectra, e.g., carotenoids, which are character-
istic for defined algal classes. After deconvolution of the fluorescent signals from
mixed algal samples the multiwavelength PAM fluorometry has the potential to
reveal the contribution of algal groups with different absorption spectra [36].

Different sources of chemical contamination (industrial, agricultural, or urban
activities) discharge a wide variety of compounds with different modes of action
(MoA), toxic concentrations, persistence into the ecosystem (accumulation, degra-
dation), etc.

The WFD (2000/60/EC) defines a strategy for protecting and restoring clean
waters across Europe. As a first step of this strategy, a list of priority substances was
adopted in the Directive 2008/105/EC, in which 33 substances of priority concern
were identified and regulated. The list includes mainly organic contaminants, such
as pesticides, and four toxic metals [37]. Besides this recognized contaminants,
more substances are being detected in the environment. The so-called emerging
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contaminants are compounds that are not currently covered by existing water
quality regulations and are thought to be potential threats to environmental
ecosystems [38]. The WFD follows two different assessment strategies: the chemi-
cal status evaluation and the ecological status. The “ecological status” represents
the “quality of the structure and functioning of aquatic ecosystems associated with
surface waters” (Directive 2000/60/EC). In order to establish the “ecological
status,” the WFD requires the sampling and interpretation of data on a broad suite
of “BQEs.” The WFD required that observed metric values for BQEs in a water
body undergoing monitoring were mathematically compared with expected values
for reference condition sites based on predictive modeling, hind casting, or expert
judgment [39]. Biofilms, referred to as periphyton in the WFD, have been included
as one major BQE. Concerning this BQE, the WFD recognized the diatom index
within biofilms to evaluate structural effects, which has been widely applied for
water managers. For non-diatom species from periphyton there is not a recognized
parameter to be evaluated.

This chapter introduces the measuring principles of chl-a fluorescence
techniques and summarizes studies that assess the toxicity of priority and emerging
substances on autotrophic biofilms by using chl-a fluorescence techniques. The
photosynthesis mechanism has been shown to be very sensitive to several toxic
substances such as heavy metals or herbicides [40, 41]. So the photosynthesis
process which is essential for the overall survival of phototrophs can be used as
an ecotoxicological endpoint to assess the impact of many toxicants [42].

The main aim of this chapter is to analyze the pros and cons of the use of chl-a
fluorescence techniques for water quality monitoring programs in the context of the
WEFD. While not being an exhaustive review, 29 different investigations have been
analysed, including only field and laboratory investigations dealing about the
application of chl-a fluorescence parameters on biofilm communities.

2 Physiological Basis of Photosynthesis

Photoautotrophic organisms have the ability to synthesize organic compounds from
CO, and water by converting light energy to molecular energy during photosynthesis.
Oxygenic photosynthesis is catalyzed in two photosystems (PS): PSI and PSII
containing chlorophyll molecules that are embedded in the thylakoid membrane
of the chloroplasts as integral membrane protein complexes. Starting point of
photosynthesis is the absorption of photons by the pigment molecules (chl a, chl
b, phycobiliproteins, and carotenoids) of the antennae systems and the transfer of
energy of excited molecules to the reaction centers of PSI and PSII (Fig. 1). The
central chlorophyll molecule of the PSII, the first of the two photosystems activated
during this process, is excited by a previously excited molecule, in a type of energy
transfer that is called resonance energy transfer or excitation transfer. Promoted by
a Mn complex (an enzyme complex), the reaction center of the PSII gets electrons
from the cleavage of a water molecule, a reaction that produces O, and protons H.



90 N. Corcoll et al.

‘ PSII PSI

o

§>_>13 N  2NADP* + 2H*
5 Pheo Fd

o PQh. PQB )

’% H,0

5 Cytochrome S reductase
9 bf '

< 6

s ‘

=}

= (Mn complex) PC 2NADPH
§ . \2e

g oo P680

Fig. 1 Schematic overview of the z-scheme of electron transport between the two photosystems
(PSII and PSI) in the photosynthesis processes

The electrons from the water cleavage are subsequently transferred by a complex
system of acceptor and donor molecules: pheophytin (Pheo), plastoquinone A
(PQa) and B (PQg), the plastoquinone pool (PQ), and the cytochrome complex
to the PSI (Fig. 1). Finally, the excited molecules are transferred from the PSI to
ferredoxin (Fd), another acceptor molecule, which catalyzes the reduction of
NADP*, a phosphorylated derivate that carries reducing electrons. These energy-
rich products from photosynthesis are later used in the Calvin cycle to build up
hexoses and other organic matter [1]. The chl-a fluorescence techniques allow to
evaluate different photosynthetic processes occurring under light excitation.

3 Chl-a Fluorescence Analysis and Derived Parameters

Two types of chl-a fluorescence analysis have been developed and applied in
ecotoxicological studies: the “fast fluorescence induction kinetics” [32] and the
“slow fluorescence induction kinetics” [43].

3.1 The Fast Fluorescence Induction Kinetics: PEA Fluorometry

The rapid rise of fluorescence is measured with PEA and provides information on
various steps of the photosynthetic electron transport [32]. In the fast fluorescence
induction kinetics, the chl-a fluorescence transient follows a polyphasic pattern
of O-J-I-P electrons transients from the initial fluorescence level (Fo or O) to the
maximum fluorescence level (Fm or P) (Fig. 2). The rise from O (at 0.05 ms) to
the J phase (at 2 ms) is due to the net photochemical reduction of plastoquinone
(PQa—PQ,) (photochemical phase). The J-I phase (at 30 ms) is due to the closure of
the remaining photosynthetic centers, and the I-P (ends about at 500 ms) is due to
the removal of plastoquinone quenching due to the reduction of PQ (non-
photochemical phase) [32]. The decrease in Fm and fluorescence levels at phases
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Fig. 2 Typical rapid fluorescence kinetics measured with PEA fluorometer

J and I is normally explained by the inhibition of the electron transport at the
electron donor side of PSII, which results in the accumulation of the excited
reaction center of PS II (P680%*), a strong fluorescence quencher [44]. Thus the
fluorescence rise provides information on various steps of photosynthetic electron
transport [32]. The kinetics of OJIP transients obtained allows evaluating the toxic
effect of chemicals on specific characteristics of PSII as energy trapping processes
or antenna size. Besides, by using this fast fluorescence kinetics it is also possible to
calculate different photosynthetic parameters and the complementary area (CA)
[45]. The CA is a measure of the kinetics of fluorescence induction up to the P level
and it has been reported as a direct indicator of the PSII photochemistry [46]. CA
has been used for many years to assess the phytotoxicity of pollutants [40]. It is
reported that fast fluorescence induction kinetics can also allow the location of the
primary site of damage induced by environmental stress [47].

3.2 The Slow Fluorescence Induction Kinetics: Standard
PAM Fluorometry

The slow fluorescence induction analyses are carried out by using PAM fluorome-
try. The so-called saturation pulse quenching analysis based on the principle that
light energy absorbed by PSII pigments can drive the photochemical energy
conversion at PSII reaction centers, be dissipated into heat, or be emitted in the
form of chl a fluorescence. As these three pathways of energy conversion are
complementary, the fluorescence yield may serve as a convenient indicator of
time- and state-dependent changes in the relative rates of photosynthesis and heat
dissipation. The PAM fluorescence method employs a combination of three different
types of light: modulated or measuring light (ML) = 0.05 umols photons m s~ in
usec pulses; actinic light (AL) = from 1 to 600 pmols photons m 2 s~ '; and strong
saturation pulses (SP) = 8,000 pmols photons m 2 s~ (Fig. 3), which allow the
adequate analysis of the fluorescence induction kinetics of photosynthetic organisms.
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Fig. 3 Schematic representation of the slow fluorescence kinetics analysis by using the PAM
fluorometry. The different types of light are indicated (ML measuring light, AL actinic light, SP
saturation pulse). Modified from Schreiber [89]

By PAM fluorometry we can get two different types of measures: a biomass-related
ones (based on basal fluorescence emission) and a functional ones (based on changes
in fluorescence emission caused by strong saturation pulses).

During PAM fluorescence analysis, different information can be obtained from
a dark- or light-adapted sample.

3.2.1 Chlorophyll Fluorescence Characteristics in the Dark-Adapted State

In a dark-adapted phototropic organism modulated light with low energy is unable
to trigger electron transport; then the small fluorescence yield corresponds to the
constant fluorescence (Fo), which represents the light dissipation by excited
antennae of Chl-a molecules before the excitation energy is transferred to the
reaction centers of PSII [48-50].

The maximal fluorescence yield (Fm) is observed, when all PSII reaction centers
are closed after the application of a strong saturation pulse. The difference between
Fm and Fo is the maximal variable fluorescence yield (Fv). Fv/Fm is used as a
measure of the maximal photochemical efficiency of PSII (Fig. 3).

3.2.2 Chlorophyll Fluorescence Characteristics in the Light-Adapted State

Actinic light maintains the photosynthetic process in an active state, providing the
appropriate conditions to analyze fluorescence kinetics. The maximum fluores-
cence yield, reached under this condition, will determine the fluorescence transient
(F), where electron transport carriers are at a maximum reduced state. The
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maximum variable fluorescence induced by a set of saturating flashes at a steady
state of fluorescence is represented by Fm'. The difference between Fm’ and F
indicates the variable fluorescence induced by actinic light at a steady state of
electron transport (AF). The Fo’ is the constant fluorescence when actinic light is
omitted (Fig. 3).

3.2.3 Parameters Used and Their Interpretation

Deriving from these dark and light chl-a fluorescence measurements several
parameters can be obtained (Table 1) and applied in ecotoxicological studies, to
assess the “health” status of the photosynthetic organisms through photosynthetic
activity measurements.

The minimal fluorescence yield (Fo) reflects the chl-a fluorescence emission of
all open reaction centers in a non-excited status. Fo can be used as a surrogate of
algal biomass since chlorophyll fluorescence is proportional to total chlorophyll
content [51, 52]. It is expected that Fo will decrease if toxic exposure causes
a reduction in the number of cells due to cell death (structural damage) or the
chlorophyll content of a sample. Biomass estimations based on Fo are not always
possible, losing linearity above a given biomass level if the thickness of the biofilms
is excessive producing self-shading [15, 53].

Table 1 Fluorescence parameters obtained by using PAM fluorometry

Parameter Name Equation References
Dpsr Maximal quantum yield @pgy = (Fm — Fo)/Fm  Schreiber et al. [49] and Genty
et al. [54]
D psi Effective quantum yield @'pgy = (Fm’ — F)/Fm’ Schreiber et al. [49] and Genty
et al. [54]
qP Photochemical gP = (Fm' — F)/ Schreiber et al. [49], Horton
quenching (Fm' — Fo') et al. [57], and Miiller et al.
[90]
gN Non-photochemical gN =1 — [(Fm’ — Fo)/ Schreiber et al. [49], Horton
quenching (Fm — Fo) et al. [94], and Miiller et al.
[90]
NPQ Non-photochemical NPQ = (Fm — Fm')/ Bilger and Bjorkman [91]
quenching Fm’
UQF,; Relative unquenched UQF,, = (F — Fo')/ Juneau et al. [60]
fluorescence (Fm' — Fo')
Fv/2 Plastoquinone pool Fv/2 = (Fm — Fo)/2 Bolhar-Nordenkampt and
C)quist [92]
Fo/Fv Efficiency of the Fo/Fv = Fo/(Fm — Fo) Kriedemann et al. [93]

water-splitting
apparatus of PSII

Fo Minimal fluorescence Serddio et al. [52] and
yield Rysgaard et al. [51]
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The maximal or optimal quantum yield (Ppg;;) measures the quantum yield of
PSII electron transport in a dark-adapted state (Table 1). It has been shown in many
studies that @pgpy can also be a measure of the quantum yield of photosynthesis
[4, 54]. It is an estimate of the potential maximal photosynthetic activity and it is
expected to be effected if a chemical produces alterations in the structure of the
photosynthetic apparatus (e.g., shade-adapted chloroplasts); in general this situation
occurs when biofilms are exposed to chemicals at high concentrations or during a
long-term exposure. The ®@pgy; parameter could be named with other nomenclatures
or names in the bibliography: @, [55], Fv/Fmax [18], photosynthetic capacity [20],
or photosynthetic activity [21]. In order to standardize nomenclatures we recom-
mend the use of @pgy.

The effective or operation quantum yield (@' ps;;) measures the efficiency of
excitation energy capture by the open PSII reaction centers under light conditions
[49, 54], proportional to photosynthetic efficiency. A reduction of the @'pgy
indicates that the toxicant is reducing electron flow in the PSII. This parameter is
very sensitive to PSII-inhibiting herbicides, if they block the electron transport
flow (Table 1). The @'psy; parameter could be named with other nomenclatures
or names in the bibliography: @y [25], ®psyy [56], yield or Y [28], photon yield
[26], photosynthetic efficiency at PSII or Yeff [29], or Yield II [53]. In order to
standardize nomenclatures the use of @ pgy is recommended.

The photochemical quenching (gP), which is determined by the redox state of
Qa, the primary electron acceptor of PSII [4], represents the proportion of excita-
tion energy “trapped” by open PSII reaction centers used for electron transport [57]
(Table 1).

The non-photochemical quenching (gN) reflects the amount of light energy
dissipation inducing fluorescence quenching that involves nonradiative energy
process [57] (Table 1).

The non-photochemical quenching without measuring Fo' (NPQ) is a simplified
non-photochemical quenching value, which assumed that NPQ is caused only by
one quenching factor [58], omitting other energy-consuming processes, not directly
involved in the PSII activity [59] (Table 1).

The relative unquenched fluorescence (UQD,,;) is a parameter proposed by
Juneau et al. [60]. It is complementary to the relative quenching components qP,
and qN,. proposed by Buschmann [58] that take into account the fraction of the
non-quenched fluorescence yield related to the proportion of closed PSI reactive
centers present under continuous irradiation (Table 1).

The plastoquinone pool (Fv/2) is a measure of the state of the pool of
plastoquinones. Its reduction was linked with inhibitory effects of metals on the
photosynthetic efficiency [61] (Table 1).

The efficiency of the water-splitting apparatus of PSII (Fo/Fv) reflects the state
of water-splitting this complex. Metal exposure may damage this apparatus [61]
(Table 1).
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3.2.4 Multiwavelengths PAM Fluorometry

The PAM fluorescence methodology is now available and applied in several
technical settings to monitor the influence of stress factors on microalgae photo-
synthesis (e.g., [95, 33, 36, 62]). In principle, this technique allows the researcher
to address different levels of biological complexity using the same fluorescence
parameters and was used in a comparative study by Schmitt-Jansen and
Altenburger [33]. For uniform suspensions of unicellular algae measurement of
variable chl-a fluorescence is a relatively straightforward exercise. Schreiber
et al. [36] used an ultrasensitive dual-channel chlorophyll fluorometer for the
assessment of diuron, deriving detection limits, sufficient for the demands of the
European Commission drinking water regulation (0.1 pg/L for each individual
substance).

Observation of variable fluorescence in biofilm communities, however, requires
distinction between the contributions from the different algal components with
respect to their differences in pigmentation and photosynthetic properties.
Recently, a microscopic setup became available enabling PAM chl-a fluorescence
measurements at a microscopic scale that allows excitation and detection of fluo-
rescence from single algal cells [95]. Therefore, the noninvasive assessment of
individual stress responses of cells in biofilms became possible. Another way to
address this challenge is to simultaneously use excitation light of different
wavelengths for excitation of the algal class-specific light harvesting complexes.
For instance, Chl b, which characterizes chlorophytes as a key pigment, shows
absorption peaks at 470 and 645 nm. Diatoms which are characterized by the key
pigments Chl ¢ and carotenoids, especially fucoxanthin, can be studied by fluores-
cence excitation in the blue and green spectral range (400-665 nm). On the other
hand, in the case of cyanobacteria, fluorescence excitation in the blue and green is
weak, while strong excitation is observed around 620-640 nm, in the absorption
range of phycocyanin/allophycocyanin.

Using a four-wavelength excitation method, a differentiation of photosynthetic
parameters of microalgal communities between different spectral groups, e.g.,
chlorophytes, cyanophytes, and diatoms, seems possible [62]. This application
employs an array of light-emitting diodes (LED) to excite chlorophyll fluores-
cence at different wavelengths (470, 520, 645, and 665 nm). This particularity
gives the opportunity to deconvolute the overall fluorescence signal into the
contributions of algal groups [cyanobacteria-Fo(Bl), diatoms-Fo(Br), and green
algae-Fo(Gr)] from community samples, e.g., phytoplankton or biofilms, based on
the internal “reference excitation spectra” of a pure culture [36]. This application
has been validated in fluvial biofilms by Schmitt-Jansen and Altenburger [53].
Besides the provision of a relative measure of the fluorescence abundance of each
algal group it is possible to obtain values from fluorescence parameters specific of
each phototrophic group (green algae, diatoms, or cyanobacteria) present in the
community.
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Beutler et al. [63] successfully applied a five-wavelength fluorometer to charac-
terize a depth profile of the plankton algal community of Lake Plulsee, Germany.

4 The Use of Fluorescence Parameters to Assess the Effects
of Toxicants on Biofilms

Chl-a fluorescence techniques based on PAM fluorometry have commonly been
used to assess the effects of chemicals on biofilms. More precisely, photosystems I
and II were recognized to be a good target for pesticides to control weed in
agriculture; therefore several herbicides were developed, blocking photosystems,
like the triazines or the phenylurea herbicides. The usefulness of fluorescence
parameters derived after multiturnover flashes has been demonstrated for herbicides
specifically inhibiting PSII activity in several studies [18, 19, 64—66]. On the other
hand, fast fluorescence techniques measured by plant efficient analysis (PEA) have
never been applied to assess chemical toxicity on biofilms. However, its use on
algal monocultures is well reported [40, 45, 67, 68]. The information provided by
PEA flurometers is different to that obtained by PAM fluorometry; the first allows
evaluating the toxic effects on PSII energy trapping and PSII antenna size. For
instance, Dewez et al. [68] assessed Cu and fludioxonil effects on Selenastrum
obliquus by using PAM and PEA photosynthetic methods as well as by evaluating
different antioxidant enzymatic activities. They observed that Cu may alter the
energy storage in algae during photosynthesis but fludioxonil inhibitory effect
appeared not to be directly associated with photosynthetic electron transport as
seen for copper inhibition. By using the PEA method it was observed that the
fluorescence yields at J, I, and P transients were quenched under Cu exposure
(1-3 mg/L) and the authors attributed this disturbance on the energy trapping to
an inhibition of the PSII electrons transport via PQ4, PQg, and the plastoquinone
pool. Also, they observed that copper altered the energy dissipation via the non-
photochemical energy dissipation (by PAM method) and the change of the struc-
tural organization of the antenna size via PSII light harvesting complex (by PEA
method). So, by using PEA and PAM fluorometers different but complementary
information was obtained to evaluate deeply Cu toxicity on photosynthesis pro-
cesses of S. obliquus.

Several studies are presented in order to illustrate the pros and cons of the
application of PAM fluorometry technique on biofilm communities’ growth in the
laboratory to assess chemical toxicity of compounds with different MoA: PSII
inhibitors (Sect. 4.1), other photosynthetic inhibitors (Sect. 4.2), and toxicants
with unknown MoA on algae (Sect. 4.3). The use of PAM fluorometry to assess
chemical toxicity in field studies is presented in Sect. 4.4. PAM fluorometry gives
the opportunity to evaluate both functional and structural alterations in autotrophic
organisms. These alterations are related with the MoA of the toxicants as well as the
dose and the time of exposure.
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4.1 PSII Inhibitors

Pollutants with MoA directly interfering with the PSII are mainly represented by
organic herbicides (e.g., diuron, atrazine). Due to their specific MoA, studies
dealing with their toxicity commonly use photosynthetic endpoints. The inhibition
of the maximal and the effective quantum yield (@psy, @'psyy) in biofilms exposed
to PSII inhibitors for short periods of time has been already demonstrated.
McClellan et al. [34] detected a reduction of the ®pgyy in biofilms exposed to diuron
(Table 2). Similar results have been obtained with atrazine, prometryn, and
isoproturon ([19, 33, 53]; see Table 2 for detailed information). The sensitivity of
biofilms to isoproturon under different light intensities was determined by Laviale
et al. [69], showing a clear reduction of photosynthesis (@'pgy; and Ppgyp), and,
under dynamic light conditions, a clear reduction of the non-photochemical
quenching (NPQ) mechanisms was observed (Table 2). Effects of PSII inhibitors
on the biofilm structure are less reported, especially in the short-term toxicity
assessment. Schmitt-Jansen and Altenburger [18] found a 90% reduction of algal
biomass after 1 h of exposure to isoproturon (Table 2).

The chl-a fluorescence methods have also been applied to long-term toxicity
studies. Ricart et al. [29] analyzed the long-term effect of the herbicide diuron on
fluvial biofilms and detected a clear decrease of the @&'pgy effective quantum
(Table 2). Ricart et al. [29] analyzed the long-term effect of the herbicide diuron
on fluvial biofilms and detected a clear decrease of the effective quantum (Table 2)
with increasing concentrations of diuron (Fig. 4), indicating a clear dose-dependent
effect, probably attributable to the MoA of the herbicide. A reduction of the @pgyy of
biofilms was also observed by Tlili et al. [70] after 3 weeks of exposure to diuron
(Table 2). Schmitt-Jansen and Altenburger [18, 53] used these techniques to
evaluate the long-term effects of isoproturon to biofilm structure. They detected a
reduction in the algal biomass (measured as Fo) and a shift of the algal classes to a
dominance of green algae (Table 2). Effects of diuron on a simple food chain
(biofilm and grazers (snail Physella [Costatella] acuta)) have also been evaluated
using PAM fluorometry techniques. In a long-term experiment, Lopez-Doval et al.
[71] used @'psyy to monitor the physiological state of the biofilm, as well as to detect
the effect of diuron, grazers, and their interaction on the biofilm community.
A significant reduction in @'pgr was detected in both diuron and diuron + grazers
microcosms.

Chl-a fluorescence parameters have been used as a physiological endpoint to
investigate community adaptation following the pollution-induced community
tolerance (PICT) approach [72]. Briefly, the replacement of sensitive species by
tolerant ones driven by toxicant’s selection pressure is expected to increase the
EC5q of the community measured in acute dose—response tests using physiological
endpoints such as @'pgp. PICT of periphyton to isoproturon [18, 53], atrazine,
prometryn [19], and diuron [70] has been determined by testing inhibition of @ pgy
on pre-exposed and non-pre-exposed biofilm communities.
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Fig. 4 Diuron effects on effective quantum yield of biofilm communities exposed to increasing
concentrations of the herbicide. Modified from Ricart et al. [29]

4.2 Other Photosynthetic Inhibitors

Chl-a fluorescence parameters have commonly been used to assess the toxicity of
chemicals affecting other processes than PSII electron transport. In these cases, the
obtained parameters may indicate secondary effects on the performance of the
photosynthetic apparatus or on algal biomass. For instance copper is a phytotoxic
chemical affecting the activity of photosystem II and electron transfer rates [61].
However, this metal is also known to cause the oxidation of sulphydryl groups of
enzymes leading to their inhibition [73] or to generate reactive oxygen species like
superoxide and hydroxyl radicals causing oxidative stress (for a review see [14])
reducing growth as well as photosynthetic and respiratory activities [74]. Several
biofilm studies have used copper as model toxic compound (Table 3), applying in
many cases chl-a fluorescence parameters to assess biological responses. Serra et al.
[28] measured @'pgyy to check the photosynthetic performance of biofilms during
the Cu retention experiment that lasted for few hours. Transient inhibition of @'pgy
was also observed by Corcoll et al. [31] after few hours of Zn exposure; however
this parameter recovered after longer exposure (Table 3).

Physiological chl-a parameters such as @'pg;; may not consistently show the
effects caused by non-PSII inhibitors after longer exposure due to community
adaptation. Barranguet et al. [56] observed that biofilm exposed during 2 weeks to
Cu presented alterations in the Fo and that @'pgy; was less affected. Barranguet
et al. [25] observed that the main factor regulating the sensitivity of biofilms to Cu
toxicity (based on the @'pg; endpoint) during short-term exposures was the
physical structure of the biofilm (package of cells and thickness), and not to the
species composition. These endpoints were used to show differences in sensitivity
between suspended cells and biofilm communities. Fo and @'pgy; were also used
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by Guasch et al. [12] and [55] to assess Cu and Cu plus Zn toxicity, respectively.
In both cases Fo appeared to be the most sensitive endpoint, whereas effective
concentrations based on @'pg; were always much higher (Table 3). In the second
example, multiwavelength fluorometers allowed following effects on the biomass
of the cyanobacteria and green-algae groups of the biofilm as well as their
respective @pgyp. Similarly, Serra et al. [28] demonstrated that community com-
position differed among biofilms with different Cu-exposure history. Community
changes were identified using multiwavelength fluorometry, whereas Cu adaptation
was assessed by comparing the @'pg; responses to short Cu exposure (Table 3).
Tlili et al. [70] used the @pgy; to evaluate the role of phosphorus on Cu toxicity on
biofilms. They observed that biofilms pre-exposed to Cu presented a lower @pgyy than
biofilms non-pre-exposed to Cu or pre-exposed to Cu plus phosphorus (Table 3).

4.3 Toxicants with Unknown Mode of Action on Algae

The impacts of personal care products and pharmaceuticals on the environment are
not generally well known [75] and its effects on fluvial biofilms have poorly been
investigated. Chemicals that damage membranes or proteins associated with photo-
synthetic electron transport or that inhibit any cellular process downstream of PSII,
such as carbon assimilation or respiration, will lead to excitation pressure on PSII
[76]. Therefore, chl-a fluorescence methods can also be used to assess the effects of
chemicals affecting metabolic processes not directly linked to photosynthetic electron
transport. This approach has recently been used to provide complementary endpoints
to evaluate direct and indirect effects of these compounds on biofilm [20, 21, 23].

The acute toxicity of three -blockers: metoprolol, propranolol, and atenolol on
fluvial biofilms was assessed by using several biomarkers, including chl-a fluores-
cence parameters measured with a multiwavelength PAM to evaluate toxic effects
on the autotrophic biofilm compartments (Fig. 5) [20]. They observed that propran-
olol was the most toxic for algae, causing 85% inhibition of @pgy; (photosynthetic
efficiency). Metoprolol was particularly toxic for bacteria and atenolol affected
similarly bacterial and algal compartments of the biofilm but to a lesser extent
(Table 4). Moreover, the use of chl-a fluorescence parameters for three algal groups
gave an interesting insight into the algal compartment (Fig. 5). The relative
contribution of the different algal groups was also used to obtain the effective
photosynthetic efficiency for each of them, using the fluorescence signal linked to
green algae, cyanobacteria, and diatoms. This approach allowed the detection of the
earlier sensitivity of cyanobacteria-Fo(Bl) compared to green-Fo(Gr) and brown
algae-Fo(Br) to propranolol. On the other hand, atenolol affected green algae and
cyanobacteria photosynthetic efficiencies while diatoms seemed resistant to this
toxic compound. Consequently, they concluded that the chl-a fluorescence
parameters are powerful tools within a multibiomarker approach to detect effects
on the phototrophic compartment of biofilms indicating potential effects on the
community structure.
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Fig. 5 Response of the minimal fluorescence yield of cyanobacteria [Fo(Bl), dark gray], green
algae [Fo(Gr), gray], brown algae [Fo(Br), white] and the whole biofilm (Fo, black) and maximal
quantum yield (@pgyy) of all biofilm (horizontal hatches), expressed in percentage of control, after
24 h of exposure to 531 pg/L of propranolol, 522 pg/L of metoprolol and 707,000 pg/L of atenolol.
Error bars depict the standard error (n = 3). Modified from Bonnineau et al. [20]

Ricart et al. [23] studied the effects of the antimicrobial agent triclosan on fluvial
communities. In this case, the PAM techniques were used to assess the effects of
this antimicrobial agent on the biotic interaction between algae and bacteria within
the biofilm community. The effective quantum yield (@'pgry) was progressively
reduced with increasing concentrations of toxicant up to 25% (Table 4). The NPQ
parameter showed effects up to 70% (Table 4 and Fig. 6), indicating that the NPQ
parameter was more sensitive to triclosan toxicity on biofilm than the @'pgy.
Triclosan effects on algae were also studied by Franz et al. [21] (Table 4). They
used the @pgy; to compare differences in sensitivity to triclosan between algal
monocultures and biofilm communities.

4.4 Field Studies

Pollution in fluvial ecosystems is related with the main activities that are carried out
in their catchment. As a general rule, agricultural areas are more affected by organic
chemicals (herbicides, insecticides, or fungicides), industrial and mining areas by
metals, and urban areas by personal care products and pharmaceuticals via sewage
treatment plant effluents [75, 77]. However, the predominant scenario found in
most polluted rivers is a mixture of different chemicals. From an ecotoxicological
point of view, mixture pollution implies that compounds with different chemical
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Fig. 6 Effects of triclosan on (a) effective quantum yield (@'psyy) and (b) non-photochemical
quenching (NPQ) of biofilms. Modified from Ricart et al. [23]

properties, MoA, and concentrations will coexist. Moreover, environmental factors
such as light, nutrients, or flow regime may also influence the fate and effects of
chemicals on fluvial communities. Due to its complexity, the effects of toxicants on
biofilm communities have been addressed by different methodological approaches
including periodic monitoring sampling, translocation experiments, or PICT
approaches. In addition, different biofilm targeting endpoints have been used,
including, in many cases, chl-a fluorescence parameters.

Ricart et al. [30] examined the presence of pesticides in the Llobregat river
basin (Barcelona, Spain) and their effects on benthic communities (invertebrates
and natural biofilms) (Table 5). Several biofilm metrics, including PAM
parameters, were used as response variables to identify possible cause—effect
relationships between pesticide pollution and biotic responses. Certain effects
of organophosphates and phenylureas in both structural (chl-a content and @pgyy)
and functional aspects (@'pgpy) of the biofilm community were suggested. The
authors concluded that complemented with laboratory experiments, which are
needed to confirm causality, this approach could be successfully incorporated into
environmental risk assessments to better summarize biotic integrity and improve
the ecological management. In the Morcille River, located in a vineyard area of
France, several studies have been performed to evaluate pesticide effects on
biofilms [78-80] (Table 5). Morin et al. [78] studied the structural changes in
biofilm assemblages induced by the transfer of biofilm communities from two
contaminated sites to a reference site, expecting a recovery of the translocated
communities, either in structure or in diversity. The proportions of the different
algal groups in biofilms were estimated by in vivo chl-a fluorescence mea-
surements, observing that biofilm was mainly composed by diatoms before and
after translocation (Table 5). In the same river Pesce et al. [79] used the @pgyy to
evaluate individual and mixture effects of diuron and its main metabolites
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(DCPMU and 3,4-DCA) on biofilms. They observed that diuron was the most
toxic of the evaluated compounds and that biofilms from contaminated sites
presented a higher tolerance to diuron and DCPMU than biofilms from a reference
site. In another study, it was investigated how closely diuron tolerance acquisi-
tion by photoautrophic biofilm communities could reflect their previous in situ
exposure to this herbicide. For this propose, the use of PICT (using the ®psy
as endpoint) together with multivariate statistical analyses was combined.
A spatiotemporal variation in diuron tolerance capacities of photoautotrophic
communities was observed, the biofilm from the most polluted site being the
most tolerant [80] (Table 5). Similar tolerance results were found by Rotter et al.
[81] in a study in the Elbe River where prometryn toxicity on biofilm was
evaluated by combining a translocation experiment and the PICT approach
(Table 5). They observed that biofilms from a polluted site presented a higher
ECsq (based on @'pg; measures) than biofilms from a reference site, suggesting a
prometryn induction tolerance. The proportion of each group (cyanobacteria,
green algae, and diatoms) in transferred and control biofilms was also measured
by PAM fluorometry. In other studies [65, 82]) also used the PICT approach to
investigate the toxicity of atrazine and isoproturon on biofilm from an herbicide
polluted river (Ozanne River, France) (Table 5). Sampling was performed at
different polluted sites and at different moments during the year. Using @pgyy as
endpoint in short-term toxicity tests, differences in the ECsq between biofilms
naturally exposed to different levels of atrazine and isoproturon could be
observed.

Other field studies presenting organic and inorganic pollution were based on
short-term toxicity tests to evaluate biofilms’ sensitivity to toxic exposure [26] in
the Ter River (NE, Spain) (Table 5). It was concluded that the short-term toxicity
tests using the @'pgy; as a physiological endpoint may provide an early pros-
pective quantification of the transient effects of a toxic compound on separate
communities, predict which of these effects are not reversible, and determine
their intensity. Guasch et al. [15] investigated the ecological and the structural
parameters influencing Zn and atrazine toxicity on biofilm communities by
testing the validity of the use of a short-term physiological method (based on
the @'ps;; as microalgae endpoint) (Table 5). They concluded that short-term
toxicity tests seem to be pertinent to assess atrazine toxicity on biofilms. In
contrast, to assess Zn toxicity on biofilm the use of longer term toxicity tests
was proposed to overcome the influence that biofilm thickness exerts on Zn
diffusion and toxicity. Bonnineau et al. [83] assessed in situ the effects of metal
pollution on @'pgyy in natural communities from the Riou-Mort river (France) by
comparing reference and polluted sites. Slight effects were observed based on
@'psir and marked effects were observed based on antioxidant enzymatic acti-
vities, supporting the low sensitivity of @'pg; for the assessment in situ of the
chronic effects of metals.

Based on the field studies reported here, it can be concluded that in field studies
the responses of the chl-a fluorescence parameter could serve as an early warning
signal of biological effects after acute exposure to photosystem II inhibitors, but in
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regular monitoring PAM fluorometry may show low sensitivity or give
false-negative signals [84] if the community is already adapted to the prevailing
toxic exposure conditions. Tolerance induction evaluations and multibiomarker
approaches, together with the use of appropriate multivariate statistical analyses,
may partially overcome this limitation [85].

5 General Discussion and Perspectives

The main aim of this chapter was to analyze the pros and cons of the use of chl-a
fluorescence techniques for water quality monitoring programs, based on biofilm
communities, in the context of the WFD.

The use chl-a fluorescence parameters as biomarkers of toxicity on biofilm
communities has increased in the last few years, illustrating their applicability to
show early and long-term effects of toxicants at community level using functional
and structural descriptors.

Differences in sensitivity are reported between chl-a fluorescence parameters.
Focusing on functional parameters, the effective quantum yield (®'pgpy) seems to
detect the effects on algae of toxic compounds targeting the PSII. Its use is well
reported in both laboratory and field studies (Tables 2 and 5), supporting its use for
these types of compounds. On the other hand, its sensitivity to chemicals with a
mode of action different to the PSII is highly influenced by the time of exposure of
the toxicant (short-term vs. long-term exposure) (Tables 3—-5). In short-term studies,
the @'pg;r seems to be a sensitive endpoint of toxicity but in long-term studies its
sensitivity is often less obvious (Tables 3 and 5). This lack of sensitivity during
long-term exposures could be related with a development of biofilm tolerance.
Therefore, in long-term studies both in field and in laboratory conditions, supple-
mentary methodological approaches, such as PICT tests based on @&'pg;y may be
used to show community adaptation.

The maximal photosynthetic capacity of biofilms (Ppg;) showed a similar
sensitivity to chemicals as the @'pg;. This parameter has been used more in
ecotoxicological studies than the @'pgy;, probably due to its simplicity for being
measured. The ®@pgy;, which is measured on dark-adapted samples, is independent
of the light conditions prevailing during the incubation period. Therefore, it is more
suitable than @'pgy; for comparing results of experiments using different light
conditions [69]. The use of both photosynthetic parameters, @'psy; and Ppsyy,
provides more information than only using one of these parameters, since both
functional and structural alterations are evaluated.

The use of the NPQ parameter to assess chemical toxicity on biofilm is less
documented than those reported above and applied only in microcosm studies.
However, its use is promising due to its sensitivity to different types of toxicants,
and also due to its complementarity to the more classical photosynthetic related
parameters (@'ps;r and @Ppsyy) [23, 31, 69]. However, as the activation of the NPQ
processes is restricted to a very specific period of time (from minutes to few hours
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after the stress started), its use seems to be restricted to evaluate short-term toxicity.
On the other hand, its sensitivity has also been observed in long-term studies. In
these cases, it was linked to structural damage in the photosynthetic apparatus,
specifically a NPQ reduction as a result of a modification of accessory pigments
where NPQ processes occur [23, 31].

Finally, the use of the fast fluorescence techniques by PEA to assess chemical
toxicity on biofilms is also recommended, indeed not yet applied. As this tech-
nique gives information about the kinetics of OJIP transients (Fig. 2), its applica-
tion on biofilm could contribute to detect toxic effect of the PSII energy trapping
or PSII antenna size and by this way complement the information obtained by
PAM fluorometry. Its application on future ecotoxicological biofilm studies could
be of special interest in studies focusing on the confirmation of the MoA of
a determinate chemical on the photosynthetic processes of species composing
biofilm community.

Concerning more structural chl-a fluorescence parameters, the minimal fluores-
cence parameter (Fo) has been applied for monitoring algal biomass (Tables 2-5)
and biofilm growth rate [28, 31] in microcosms and field studies. It can be
considered as a global indicator, which integrates effects of chemicals on different
cellular metabolisms causing pigment damage and cell death. It has been success-
fully applied in ecotoxicological studies focusing on compounds that damage
photosynthetic processes without targeting the PSII (Table 3). Since Fo is
influenced by measuring conditions: gain, distance between sensor and the biofilm
sample, or the measuring light intensity, absolute values are difficult to compare
between different studies without using the same calibration. However, toxic
effects on Fo, in ecotoxicological studies, are usually reported in comparison
to a non-exposed community (in relative terms) to avoid this limitation. The
measurements of Fo may present other limitations not related to the algal biomass
or biofilm thickness. Fo may increase if the addition of a herbicide causes a transfer
of the electron on PQg to the primary quinine acceptor (PQ,) and displacement of
PQg by the herbicide (Fig. 1); the reduced PQ4 leads to a higher Fo [86]. Conse-
quently an overestimation of Fo could occur. Also, it is known that some chemicals
emit fluorescence under excitation light (e.g., DCMU) that could not be distin-
guished from the fluorescence emitted from excited chl-a (Fo measure). In these
cases, the use of Fo to assess algal biomass is not recommended. In field
applications, this phenomenon could play an important role, since pollution is
often due to a mixture of compounds of unknown origin. On the other hand, the
greening effects could also contribute to limit the use of Fo for measuring algal
biomass or algal growth. This phenomenon may occur due to an increase in the
number of chl-a molecules per unit of cell, without increasing the number of cells
[29, 87]. This situation could produce an increase of Fo values with no increase in
the number of cells.

A significant portion of the ecotoxicological studies included in this chapter has
incorporated the deconvolution of the chl-a fluorescence signal into the contribu-
tion of the main autotrophic groups (Tables 2-5). These measurements allow
the main autotrophic groups of biofilms (structural approach) to be characterized.
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Nowadays, PAM fluorometers which incorporate a four-wavelength excitation
method to deconvolute these photosynthetic parameters of microalgal communities
[Fo(Bl), Fo(Gr), and Fo(Br)] by incorporating spectral groups based on a single
species pigment spectra. This calibration could be improved in the future if spectra
used for calibrating the fluorometer are based on a mix of species from each group,
based on the key species of each autotrophic group. This procedure could probably
help to decrease uncertainty in these measurements.

6 Conclusions

Biofilms or periphyton communities are recognized for the Water Framework
Directive (WFD, Directive 2000/60/EC) as a BQE. The use of chl-a fluorescence
parameters as biofilm biomarkers allows to obtain a community approach which is
much closer to the processes of an ecosystem than the use of single species tests. In
fluvial ecosystems, the use of chl-a fluorescence parameters as a complementary set
of biofilm biomarkers to the more traditional diatom indices applied so far is
recommended due to its capacity to provide different warning signals of early
and late toxicity effects. Its application is of special interest in the context of the
WEFD, where the development of new structural and functional parameters from the
BQE:s is required [88].
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Abstract Diatoms play a key role in the functioning of streams, and their sensitiv-
ity to many environmental factors has led to the development of numerous diatom-
based indices used in water quality assessment. Although diatom-based monitoring
of metal contamination is not currently included in water quality monitoring
programs, the effects of metals on diatom communities have been studied in many
polluted watersheds as well as in laboratory experiments, underlying their high
potential for metal contamination assessment. Here, we review the response of
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diatoms to metal pollution from individual level (e.g. size, growth form, and
morphological abnormalities) to community structure (replacement of sensitive
species by tolerant ones). These potential effects are then tested using a large,
multi-country database combining diatom and metal information. Metal contami-
nation proved to be a strong driver of the community structure, and enabled for the
identification of tolerant species like Cocconeis placentula var. euglypta, Eolimna
minima, Fragilaria gracilis, Nitzschia sociabilis, Pinnularia parvulissima, and
Surirella angusta. Among the traits tested, diatom cell size and the occurrence of
diatom deformities were found to be good indicators of high metal contamination.
This work provides a basis for further use of diatoms as indicators of metal pollution.

Keywords Deformities * Metals ¢ Periphytic diatoms e Rivers ¢ Species
distribution * Species traits
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1 Introduction

Biomonitoring has been increasingly used to assess water quality due to the more
time-integrative characteristic of the approach compared with punctual chemical
measurements. Among the tools used in biomonitoring, diatoms are cosmopolitan
aquatic organisms, and are a major component of benthic biofilms. Because
diatoms are at the basis of the trophic chain, these microscopic algae respond
quickly to environmental changes and are considered good indicators of environ-
mental conditions [1, 2]. They are included in numerous water quality monitoring
programs worldwide, and river diatom-based indices have been developed in
numerous countries [3—8]. Diatom species distribution is driven by environmental
factors acting at different scales, from local (general water quality) to larger scale
determinants (biogeography). Therefore, biological monitoring is best achieved
considering both local and larger scales. Diatom-based indices developed to assess
ecosystems’ health often include these different scales of variability. For example,
geology has a strong influence on water chemistry, which in turn affects diatom
community structure [9—-11]. To overcome the natural variability associated with
the geological characteristics of the region, diatom-based indices must include
larger scale determinants to effectively provide information on the local environ-
ment. This explains the fact that diatom-based water quality monitoring is usually
country- or even ecoregion-dependent (e.g. [8, 11, 12]). Diatom indices assess the
biological status of streams, with reference to trophy, acidity, conductivity, etc., but
generally do not take into account toxic pollution. Field studies dealing with metal
contaminations in various regions and countries showed quite consistent responses
of diatom communities such as higher abundances of small-sized species [13, 14],
increasing proportions of metal-tolerant species or significantly higher occurrences
of valve deformities.

The main research results dealing with diatoms exposed to metals are reviewed
in the first part of this chapter. The impacts most frequently observed on periphytic
algae are addressed at different organization levels (from the individual cell to the
community structure). Diatom communities may respond similarly to metal pollu-
tion, regardless of the region investigated. Consequently, we built a database with
diatom species composition and corresponding information on water metal content
from six different countries (France, Switzerland, Spain, Vietnam, China and
Canada) to investigate the relationships between diatom communities and metal
contamination, without considering other determinants (nutrient bioavailability,
geographical location, seasonality, stream order, etc). The main goals of this case
study based on a multi-country dataset were (1) to investigate how metal exposure
drives diatom community patterns in a comparable way among countries, (2) to
assess the information brought by nontaxonomical indicators (diatom deformations,
cell size and diatom growth forms) for the monitoring of metal pollution, and (3) to
determine the indicative value of the most representative species occurring with
significant abundances in the studied streams.
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2 Effects of Metals on Freshwater Diatom Communities

Metal toxicity on diatoms is linked to different steps in the circulation of the
toxicant (Fig. 1) across the membrane (especially uptake mechanisms) and inside
the cell, inducing perturbations in the normal functioning of structural/functional
intracellular components. Diatom communities exposed to metals have, therefore,
variable capacities to tolerate the stress caused by the toxicant. Tolerance
(or resistance) is developed at the individual scale (with different levels of sensitivity
among species) and also at the community scale where the biofilm acts as a coherent
and protective matrix.
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Fig. 1 Metal circulation in the cell and resulting potentially harmful effects at the cellular level.
Metal influx can alter the membrane permeability; once in the cell, metals can induce an oxidative
stress, affect the photosynthetic apparatus or mitochondria, and modify genetic expression,
eventually leading to apoptosis. Several mechanisms are known to protect the cell against these
toxic effects, such as metal binding by intracellular ligands, active expulsion, or EPS production
for intracellular binding of the metals
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2.1 Community Size Reduction

Exposure to metals leads to malfunction of cell metabolic processes (primary
productivity, respiration, nutrient and oligoelement fluxes) (e.g. [15-17]), and
reproductive characteristics (vegetative versus sexual reproduction) [13, 18], as
well as increase in cell mortality [19]. Community size may be impaired through
three complementary ways: (1) reduction of cell number, (2) selection for small-
sized species, and (3) diminution of cell sizes within a given species.

Diatoms can accumulate high amounts of metals [20-24], which affects phos-
phorus metabolism [16], photosynthesis by production of reactive oxygen species
[25] or by alteration of the functioning of the xanthophyll cycle [15, 26, 27], and
homeostasis [28]. Thus, diatom growth can be delayed, or inhibited, leading to a
reduction of diatom biomass [16, 29, 30]. In addition to lower survival and growth
rates [31, 32], changes in emigration/immigration strategies [33] could also be
responsible for the reduction in diatom cell densities and biomass [34].

Metal uptake depends on cell surface area exposed to the medium [35, 36], and
can be reduced by physical protection offered by the exopolysaccharidic matrix
[37] within the biofilm. This mechanical protection can be more effective for small-
sized species, and thus this might be a mechanistic explanation for their positive
selection under heavy metal pollution [18, 38, 39].

Reduction of cell size within taxa with metal exposure is probably linked to the
mitotic division peculiar to diatoms, an important feature distinguishing these
organisms from other algae. Hence, each division results in two daughter cells,
one of which has the same size as the mother cell, and the other being smaller. As a
consequence, average cell size at the population level is reduced with each succes-
sive round of mitosis [40]. Because the vegetative reproduction is the dominant
mode of multiplication in diatoms [41], the decrease in size of many taxa observed
in metal-contaminated environments [14, 42—44] could be a result of higher cell
division rate inherent to organisms inhabiting in stressed ecosystems [45, 46].

Altogether, these combined effects of metal stress on diatom community would
explain the significantly lower diatom biomass that is often observed in metal-
contaminated environments.

2.2 Selection of Diatom Growth Forms

Metal exposure may modify the three-dimensional architecture of the diatom
community by favouring some growth forms and constraining the development of
others. Species colonization/growth strategies are driven by metal levels [47]: the
communities that develop in such heavily impacted environments are dominated,
even over long-term periods, by pioneer, substrate-adherent species that are more
metal tolerant according to Medley and Clements [38]. It is the case, for example, of
the cosmopolitan diatom Achnanthidium minutissimum frequently dominating in
lotic environments exposed to toxic events, and considered as an indicator of metal
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pollution [48, 49]. Subsequent colonizers are generally stalked or filamentous, even
motile species, and constitute the external layers of the biofilm under undisturbed
conditions. Their development is less important in case of metal exposure, which
results in the formation of thinner biofilms [50-52].

2.3 Diatom Teratologic Forms

The appearance of abnormal individuals is among the most striking effects of
metals on diatom metabolism and has been widely reported in highly contaminated
environments (see review in [53]). The deformities can affect the general shape of
the frustule, and/or its ornamentations, which led Falasco et al. [54] to the descrip-
tion of seven types of abnormalities (Table 1). The most frequently observed are
distortions of the cell outline (in particular in Araphid diatoms) [53-56], and
changes in striation patterns. Deformities can be initiated at different stages
throughout the diatom life cycle, and the processes leading to abnormal cell
formation are yet unsolved. Current knowledge of diatom morphogenesis suggests
direct and indirect effects consecutive to metal uptake on many cytoplasmic
components involved in valve formation. The most documented negative effects
of metal contamination on diatoms are nucleus alterations (e.g. [57]) and/or poi-
soning of the microtubular system involved in the transport of silica towards silica
deposition vesicles [58].

Although no standard based on diatom teratologies has yet been established,
many authors suggested using their occurrence as potential indicators of high metal
pollution [48, 59-62].

2.4 Selection of Tolerant Species

Diatom species composition is driven by several environmental factors. Among
the chemical parameters, the exposure to toxic agents such as metals can be a
major determinant. Metal contamination selects for species able to tolerate metal-
related stresses, whereas sensitive species tend to decrease in number or ultimately
disappear. This is the conceptual basis of the Pollution-Induced Community Toler-
ance (PICT) concept developed by Blanck et al. [63], where the structure of a
stressed community is rearranged in a manner that increases the overall community
tolerance to the toxicant. Because the impacts specifically caused by metals are
generally difficult to separate from other stressors, there is no agreement on the
sensitivity or tolerance for some particular species. The influence on biofilm
structure of other environmental parameters such as physical characteristics, nutri-
ent availability or even biological interactions [64—68] may be one of the major
reasons of these contradictory results.

A list of the presumptive sensitivity or tolerance of species based on those
reported in the literature to occur, or disappear, in metal-contaminated
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Table 1 Types of diatom deformities (from [54]). Scale bar: 10 um
Teratology Description

Example of normal vs.

deformed individuals
Type 1

Deformed valve outline (loss of symmetry,
pentagonal or trilobate shapes, abnormal outline)

Surirella angusta, Charest

river, Canada
Type 2

Changes in striation pattern, costae and septae

Caloneis bacillum, Nant

d’Avril river, Switzerland
Type 3 Changes in shape, size and position of the
longitudinal and central area (e.g. displaced, g
doubled, abnormally enlarged, absent) b <2
o oo
==
==
2=
==
; ::':'_‘
5
Planothidium
[frequentissimum, Riou
Mort river, France
Type 4 Raphe modifications (split, sinuate or fragmented,

changes in orientation, occasionally absent)

(continued)
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Table 1 (continued)

Teratology Description Example of normal vs.
deformed individuals

Gomphonema micropus
(SEM), Riou-Mort river,
France
Type 5 Raphe canal system modifications (distorted,
displaced, stretched out fibulae)

Nitzschia dissipata, Osor river,
Spain
Type 6 Unusual arrangement of the cells forming colonies
Type 7 Mixed type in which one valve shows more than one
kind of teratology

Gomphonema truncatum,
Deiile river, France
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Table 2 List of species that are described in the literature to disappear or be favoured in metal-

contaminated environments

Species Decrease/disappear  Increase/still present
with metals with metals

Achnanthidium minutissimum (Kiitzing) Czarnecki ++ ++++

Asterionella formosa Hassall ++

Cocconeis placentula Ehrenberg var. placentula ++ +

Cyclotella meneghiniana Kiitzing + ++

Diatoma vulgaris Bory + +

Encyonema minutum (Hilse in Rabhenhorst) + ++
D.G. Mann

Eolimna minima (Grunow) Lange-Bertalot ++++

Eunotia exigua (Brébisson ex Kiitzing) Rabenhorst ++

Fragilaria capucina Desmazi€res var. capucina + +++

Fragilaria capucina Desmaziéres var. vaucheriae ++
(Kiitzing) Lange-Bertalot

Fragilaria crotonensis Kitton + ++

Fragilaria rumpens (Kiitzing) G.W.F.Carlson + +

Gomphonema parvulum (Kiitzing) Kiitzing var. + ++++
parvulum

Mayamaea permitis (Hustedt) Bruder & Medlin + ++

Melosira varians Agardh +++ +

Navicula lanceolata (Agardh) Ehrenberg + +

Navicula tripunctata (O.F.Miiller) Bory + ++

Naviculadicta seminulum (Grunow) Lange Bertalot + +++

Nitzschia dissipata (Kiitzing) Grunow var. dissipata ++ ++

Nitzschia linearis (Agardh) W.M.Smith var. + ++
linearis

Nitzschia palea (Kiitzing) W.Smith ++++

Pinnularia parvulissima Krammer ++

Planothidium frequentissimum (Lange-Bertalot) + ++
Lange-Bertalot

Planothidium lanceolatum (Brébisson ex Kiitzing) ++
Lange-Bertalot

Staurosira construens Ehrenberg ++ +

Surirella angusta Kiitzing +++

Surirella brebissonii Krammer & Lange-Bertalot — + ++
var. brebissonii

Tabellaria flocculosa (Roth) Kiitzing ++

Ulnaria ulna (Nitzsch) Compére ++ +++

Cited: +: more than once, ++: in more than five references, +++: in more than 10 references,

++++: in more than 20 references

environments [13, 14, 21, 29, 38, 39, 52, 56, 60, 61, 64—67, 69—125] is presented in
Table 2. This table includes only the species that were cited in at least five papers;
species that were found in both categories (either to tolerate or to be sensitive,
depending on the references) are also listed. The diatoms Eolimna minima,
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Gomphonema parvulum or Nitzschia palea are described as metal tolerant in a
number of studies, whereas the sensitivity of species seems to be more difficult to
determine, with only Melosira varians cited more than ten times to disappear in
metal-contaminated environments. For some controversial species, such as Ulnaria
ulna, Duong et al. [78] found different sensitivities that they ascribed to seasonal
variability. The species Achnanthidium minutissimum, frequently dominant in
lotic environments subjected to toxic events, is generally considered as indicator
of metal pollution [14, 48, 49], but also indicates good general water quality
(e.g. [3, 8]). Indeed, this species has been found to remain in highly metal-polluted
conditions but to disappear with increasing trophy [61, 126, 127].

2.5 Tolerance Mechanisms

Diatoms present constitutive (phenotypic) and adaptative mechanisms to cope
with elevated metal concentrations [128]. Defence and detoxification mechanisms
mitigate perturbations in cell homeostasis caused by metal exposure. Regulation of
metal fluxes through the cell may be driven by limitation of the influx, storage of the
metal in the cytosol in insoluble form, neutralization of oxidative stress and active
expulsion out of the cell (Fig. 1).

The limitation of the amount of metal entering the cell is linked to the decrease in
free, i.e. bioavailable, ion concentration. Exposure enhances the production of
polysaccharidic exudates (e.g. extracellular polymeric substances, EPS) able to
bind metals outside of the cell [37, 106], in general proportionally to the concen-
tration of metal exposed [129], thus leading to immobilization of the complexes
outside the cell in a less bioavailable form. Recent studies indicate that frustulines,
membrane-bound peptides linked to the diatom frustule resistance, may also play a
role in metal binding [130]. Other regulation mechanisms have been described to
occur at the cell surface. Some of the metals may be entrapped by iron or manga-
nese hydroxides covering the cell wall [32]. Pokrovsky et al. [108] described the
saturation of ligands (phosphoryl, sulfydryl) on diatom surfaces in highly polluted
environments, leading to reduced adsorption capacities. Alterations of the mem-
brane during metal internalization can lead to a decrease in membrane permeability
[131, 132].

Internal mechanisms of storage contribute to efficient tolerance to metals.
Metal induces the production of thiol-rich polypeptides known as phytochelatins
[133, 134] or polyphosphate bodies [135], which are polymers that sequester
intracellularly the excess of metal in a stable, detoxified form [27, 136, 137].
Resulting tolerance is variable among diatom species [138] and metals: sequestra-
tion capacities of the metal/protein complex depend, for example, on their valence
characteristics [22, 137].

Cell defence against harmful effects of oxidative stress caused by metals relies
on two main mechanisms. Increase in the production of proline [139, 140] and low-
molecular-weight thiols (especially glutathione) [141-143] plays an antioxidant
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and detoxifying role. Metal exposure also induces activation of enzymes like
superoxide-dismutase [142, 144] that convert superoxide anions into a less toxic
form.

Excretion mechanisms of complexing compounds contribute to tolerance to
toxicants [145]. Exposure to metals leads to increasing production of polysaccharides,
which can bind metals externally after being exported in the extracellular environ-
ment [106]. Moreover, Lee et al. [146] described efflux of phytochelatin/cadmium
complexes in Thalassiosira weissflogii exposed to high cadmium concentrations.
Active expulsion by ATPase pumps as described in bacteria could also play a role
in detoxification and survival of phytoplankton species [147].

The protective role of the matrix towards metals has been attributed to many
features of the biofilm: metal-binding capacities of the polysaccharidic secretions
[106, 148], local pH and hypoxia conditions in the internal layers of thick biofilms
[149, 150], species interactions [151] and reduction of the exchanges between the
inner cells and the environment [93, 152] partially linked to the presence of a
superficial layer of dead cells [145].

As presented in this literature review, many studies generally performed at the
watershed scale described the effects of metal contamination on cell size, growth
forms, cell morphology, as well as diatom community structure. The second part of
this chapter consists in assessing the relevance of these endpoints on a larger scale,
using a multi-country dataset of diatom samples.

3 Case Study: A Multi-Country Database

3.1 Sites Studied

The diatom database consists of 202 samples of mature biofilms collected from hard
substrates in rivers of circumneutral pH between 1999 and 2009. At each sampling
unit, benthic diatoms were scraped from randomly collected substrates to form one
composite sample, and preservatives (formaldehyde 4% or concentrated Lugol’s
iodine) were added to stop cell division and prevent organic matter decomposition.
Most of them come from different parts of Europe: France (61 samples),
Switzerland (15 samples) and Spain (71 samples); data from Eastern Canada
(23 samples), Vietnam (18 samples) and China (14 samples) were also included.
Some of the data have already been published for other purposes [12, 39, 61, 77, 90,
126, 153-155].

3.2 Diatom Analyses

Periphytic samples were cleaned of organic material before mounting permanent
slides with Naphrax® (Brunel Microscopes Ltd, UK) for diatom identification based
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on observation of the frustule. Transects were scanned randomly under light micros-
copy at a magnification of x 1,000 until at least 400 valves were identified. Taxa were
identified to the lowest possible taxonomical level, according to standard floras
[156-162] and recent nomenclature updates that are listed in https://hydrobio-dce.
cemagref.fr/en-cours-deau/cours-deau/Telecharger/indice_biologique_diatomee-ibd/
The diatom database was harmonized for taxonomy, leading to a final list of 640 taxa.

3.3 Determination of Metal Exposure

The metal data used come from surveys conducted simultaneously with diatom
sampling. The water samples were collected in streams from various watersheds,
where diatom communities were exposed to mixtures of dissolved metals (mainly
Al, As, Cd, Cr, Cu, Fe, Hg, Ni, Pb, Se and Zn) in variable concentrations.
To facilitate data interpretation, we used an estimate of metal concentration
and toxicity developed by [163] and already used to investigate the responses of
aquatic organisms to metals [163, 90, 91]. The CCU (cumulative criterion unit) is a
score based on the sum of the ratios between metal concentrations measured in
filtered waters and the corresponding criterion value (US EPA’s National
Recommended Water Quality Criteria, http://www.epa.gov/waterscience/criteria/
wqctable/). Four categories of CCU were used following the thresholds determined
by Guasch et al. [90]. CCU below 1.0 corresponded to background levels (B), low
metal category (L) was characterized by CCUs between 1.0 and 2.0, and interme-
diate metal category (M) by CCUs between 2.0 and 10.0. For scores above 10.0, we
added a high metal category (H) to Guasch’s classification.

Metals in the water samples ranged from undetectable concentrations (leading to
CCU values of 0.0) to CCU scores higher than 1,000 (Spain, Rio Cea, June 2007).
The distribution of the samples according to CCU categories in the different
countries is given in Table 3, showing a balanced repartition of the samples in the
different categories. The four CCU classes were all found in samples from France,
Spain and Switzerland, but were unequally distributed among the other countries.
Globally, CCU scores were due to various metals that were different between
countries. Indeed, in some cases, we found two main metals contributing to CCU
scores, such as in the samples from China (Cr > Pb), France (Cd > Zn), Switzerland
(Cu > Zn) and Vietnam (Cd > Pb). On the contrary, much more metals were found
in Canada (Zn > Cd > Al > Pb) and Spain (Se > Ni > Zn > Pb > Al, with one
different dominant contributor in most of the samples). Metals were also unequally
distributed between CCU categories. The highest values (H) were generally due to
Cd, Zn, and to a lower extent, Pb, whereas in the L and M categories contributions
were quite balanced and mostly involved Se, Pb, Cu and Cd.
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https://hydrobio-dce.cemagref.fr/en-cours-deau/cours-deau/Telecharger/indice_biologique_diatomee-ibd/
https://hydrobio-dce.cemagref.fr/en-cours-deau/cours-deau/Telecharger/indice_biologique_diatomee-ibd/
http://www.epa.gov/waterscience/criteria/wqctable/
http://www.epa.gov/waterscience/criteria/wqctable/
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3.4 Non Taxonomical Indicators

Traits like diatom cell size, distribution of growth forms and postures (diatoms
forming filaments, clumps or solitary forms including erected, prostrate and not
attached cells) and proportion of valve abnormalities were investigated. Those
descriptors present the major interest of being independent of the biogeographical
variability of the natural communities. They strongly suggested in many cases to be
indicative of perturbations such as toxicant exposure [13, 14, 38, 39, 60, 61], and
were thus tested using the complete dataset based on the exhaustive list of 640 taxa.
Specific biovolumes were calculated from the average dimensions provided in the
floras for each taxon and using the formulae of Hillebrand et al. [164] established
for the different geometrical shapes. The proportion of valve abnormalities was
directly inferred from the taxonomical counts, by adding up the relative abundances
of the individuals that had unusual shape and/or ornamentation of the frustule, and
expressed in %o. The distribution of growth forms and postures (in the case of
solitary cells) was determined for each genera or occasionally species, according to
the observations of Hoagland et al. [165], Hudon and Bourget [166], Hudon et al.
[167], Katoh [168], Kelly et al. [169] and Tuji [170].

The patterns of those traits in the four CCU categories were compared using
I-way ANOVA (Statistica v5.1, StatSoft Inc., Tulsa, USA) after checking for
normality of the data. Statistically significant probability level was set at p < 0.01.
Spjotvoll/Stoline HSD tests for unequal sample sizes were performed for post hoc
comparisons.

Valve abnormalities. Abnormal diatoms are generally observed in very low
relative abundances, and authors agree that an average value of 10%o is a significant
threshold for metal-induced teratologies [14, 60, 61, 78, 171]. Indeed, occurrences
of 3.5 4+ 0.5%o (i.e. values recorded in the B, L and M metal categories that were
not discriminated by post hoc tests) can be considered as naturally occurring, or
“background” levels. Previous laboratory experiments with Cd demonstrated that
the percentage of valve abnormalities was not linearly correlated with metal
concentration, but could be attributable, when above 10%o, to toxicity caused by
concentrations above a given threshold [21, 100]. Thus we can suppose that
teratologies occur in nature when a certain level of metal contamination is reached.
When examining the distribution of abnormalities of this dataset along CCU scores
(Fig. 2), statistical tests separated two sets of data: CCU values higher than 7.0 with
average abnormalities frequency reaching values of about 10%o, and CCU values
below 7.0 with average abnormalities frequency of ca. 3.5%o. This field-based
evidence allowed us to refine the arbitrary threshold of the H category (CCU =
10.0) to a new threshold value of 7.0 that was used further on in the study.

When considering the type of diatom deformities, most of the cases concerned
both global shape and ornamentation. In the Canadian samples, however, only the
outline of the frustules was affected (Type 1 deformities as defined by [54]). The
contribution of metals to the final CCU score was also different between the four
countries where values higher than 7.0 were found. In most cases, deformities were
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Fig. 2 Distribution of valves abnormalities within the CCU ranges. n = number of samples per
CCU range. Statistically different from CCU range [9-10]: *: p < 0.05; **: p < 0.01

estimated to be caused by a “dominant” metal, as reflected by diversity indices
based on metal contributions (metal diversity = 0.44 £ 0.06), whereas in Canada
CCU scores were explained by a more balanced contribution of different metals
(metal diversity = 1.31 £ 0.12; [172]). The calculation of CCUs is based upon the
assumption that the adverse effects of metals are additive. However, the nature of
the deformities observed indicates that there are differences in effects that could be
linked to the balance between the metals contributing to the CCU scores, suggesting
that alternative methods are needed to explain differences between the types of
deformities. Guanzon et al. [22] evidenced competition between the metals that
coexist in the medium, for the fixation on membrane binding sites. In their experi-
mental exposures to binary and ternary mixtures of Cu, Zn and Cd, the diatom
Aulacoseira granulata adsorbed and accumulated reduced quantities when com-
pared to single-metal exposures. Since deformity formation is likely to be provoked
by the metals absorbed, we can thus suppose that metal toxicities are not purely
additive (in the particular case of abnormalities induction), with lower “terato-
genic” power in the case of mixtures, or that some metals are more “teratogenic”
than others and can also have different pathways. On the other hand, deformities
have been widely described in long-term cultures [173, 174], and have been
ascribed to somatic alterations linked to artificial conditions. The balance between
metals was not taken into consideration, as metal concentrations in the culture
medium were generally low. However, the consumption by the cultured cells of
some of the oligoelements may modify, in the long term, the balance between
essential and non-essential metals in the environment, which could be an alternative
explanation of the occurrence of teratology in laboratory cultures.
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Cell biovolumes. It has been demonstrated that small-sized species dominate in
metal-contaminated environments (Sect. 2.1). Using this large database, we tried to
link mean community biovolume with the gradient in CCUs, but there was no
significant trend of cell size reduction with increasing metal pollution (Table 3).
Diatom mean biovolume was, moreover, significantly higher in the M metal
category than in the other ones, linked to higher abundances of larger taxa.
Medium-sized taxa were found in higher abundances in the B and L metal
categories, and a quite significant increase in small-sized taxa abundances was
observed in the H categories. Indeed, there is not necessarily a decrease in average
community cell size with increasing metal pollution, but higher amounts of small-
sized taxa, which could in many cases not be sufficient to result in a significant
decrease in mean biovolume.

Growth forms. Diatom growth forms’ distribution was highly variable within
CCU groups, somehow more than between categories. Samples were dominated by
motile, non-attached species. In the high metal categories (M and H), these species
tended to be more abundant (47.4 £ 2.9 % vs. 43.1 &+ 2.8 % in B and L categories),
although this trend was not statistically significant. Some studies evidenced that
motile species would be less disfavoured than attached ones in metal-stressed
environments [175]; however, we were unable to demonstrate this clearly using
our database. Mitigation of the effects of metals by the environmental conditions
[68, 70] should also be considered and we can suppose that, in a given watershed,
this estimate is a good indicator of increasing metal pollution. However, changes in
the community structure and thus in growth forms depend on the pool of species
present (i.e. constrained by environmental drivers). The results from this study
suggest that general environmental differences are likely to have stronger effects
than species selection by metal contaminations. For this reason, the use of growth
forms for biomonitoring metal pollution would not represent a reliable approach
applicable in a large-scale context.

3.5 Global Patterns of Diatom Communities in Response
to Metal Contamination

To investigate the common patterns in diatom communities between countries, the
taxa that were only present in one country were removed from the analysis to
exclude species that are either endemic or identified differently by operators/
countries, and to reduce errors associated with the morphological approach to
diatom identification, especially in the case of ambiguous species (e.g. [176]).
Moreover, rare species (i.e., those that were observed in less than 5% of the samples
and/or that had maximal relative abundances < 1%) were not included in the
analysis. This selection of data led to a final set of 152 taxa out of the initial list
of 640. Prior to analysis, diatom counts were log-transformed, centred and scaled.
A linear discriminant analysis (LDA) was then performed using the ade4 package



Consistency in Diatom Response to Metal-Contaminated Environments 133

[177] implemented in the R statistical software [178]. The LDA was used to classify
the dataset into exclusive groups corresponding to the four CCU categories as
described above, using a M/H boundary of 7.0. The IndVal method of Dufréne
and Legendre [179] was used to identify the indicator value of each species to
determine the most structuring ones for each CCU category.

Among the 640 taxa, 16 were found in the six countries covered in this study (see
Fig. 3b), and 56 were observed in at least five of the countries, pointing out high
“cosmopolitanism”. An overall decrease in community complexity, i.e. declining
species richness (ANOVA, p < 0.001) and diversity (p = 0.0077), was observed in
the H metal category. Indeed, in the most contaminated cases, communities were
dominated by one single species, representing on average 43.3% relative
abundances and reaching in many cases values higher than 90%. The concomitant
loss of sensitive species with development of more resistant species allowed for a
clear discrimination by the LDA of three subsets of data, grouping B and L
communities together, and separating them from M and H categories (Fig. 3).
The species that were found in at least three countries and that had highly signifi-
cant IndVals (p < 0.05) are given in Table 4. The tolerant indicator species
identified were generally not those that showed most deformities, and many
taxa that were not structuring the dataset also exhibited teratologies. Globally, the
taxa characterizing M and H categories were in accordance with literature data
(see Table 2), whereas contradictory results were found for some of the B and L
categories. For example Encyonema minutum, Mayamea permitis and Plano-
thidium lanceolatum are generally described as tolerant taxa, but were mostly
found in the B and L categories. The extinction of sensitive species would be a
strong signal to use for biomonitoring purposes; however, it seems that sensitivity
to metals is more difficult to unequivocally determine than tolerance, maybe
because of the importance of other environmental factors. Indeed, under non-
contaminated conditions, competition for resource utilization selects for the species
best adapted to their specific environment, whereas in metal-polluted conditions
sensitive taxa tend to disappear leading to reduced competitive exclusion among
species and the selective development of tolerant species, whatever their resource-
competitive abilities. Diatom-based monitoring of metal pollutions would then be
more relevant using the occurrences of metal-tolerant species than using a metric
combining both sensitivities and tolerances of all species in the community.

The high cosmopolitanism observed indicates that metal-tolerant species
derived from this study could be used to develop metal pollution diatom indices
with a broad geographical application. Moreover, the specific information obtained
in each non-taxonomical endpoint (e.g. relative abundances of small-sized species,
of morphological abnormalities) could be used to improve sensitivity of such
indicator for regional applications.
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Fig. 3 Linear Discriminant Analysis of diatom community structure, constrained by CCU
categories. (a) Projection of the samples, grouped by CCU category; (b) diatom species with
highest indicative values (in bold) and the taxa common to the six countries (in italics). Species
abbreviations: ADMI Achnanthidium minutissimum, FCVA Fragilaria capucina var. vaucheriae,
NCRY Navicula cryptocephala, NVEN N. veneta, NVDS Naviculadicta seminulum, NAMP
Nitzschia amphibia, NFON N. fonticola, UULN Ulnaria ulna and see Table 4
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Species Abbreviation  CCU category  IndVal (%)  p-value
Amphora pediculus* APED B-L 28.5 0.029
Cocconeis placentula*® CPLA B-L 29.5 0.003
Cocconeis pseudolineata COPL B-L 10.7 0.039
Encyonema minutum ENMI B-L 31.2 0.010
Fragilaria virescens FVIR B-L 9.8 0.018
Gomphonema gracile GGRA B-L 16.3 0.039
Gomphonema pumilum GPUM B-L 14.0 0.027
Mayamaea permitis* MPMI B-L 28.7 0.005
Navicula gregaria NGRE B-L 40.5 0.001
Navicula lanceolata NLAN B-L 27.3 0.005
Navicula notha NNOT B-L 12.0 0.033
Navicula reichardtiana NRCH B-L 20.3 0.038
Nitzschia hantzschiana NHAN B-L 9.4 0.044
Nitzschia inconspicua® NINC B-L 25.9 0.010
Parlibellus protracta PPRO B-L 13.6 0.019
Planothidium lanceolatum* PTLA B-L 322 0.004
Reimeria sinuata* RSIN B-L 234 0.037
Rhoicosphenia abbreviata* RABB B-L 253 0.015
Achnanthidium subatomus* ADSU M 15.0 0.016
Aulacoseira ambigua AAMB M 13.4 0.007
Aulacoseira granulata AUGR M 44.9 0.001
Bacillaria paxillifera BPAX M 11.7 0.017
Cocconeis pediculus CPED M 21.3 0.022
Cyclotella fottii CFOT M 324 0.001
Cyclotella meneghiniana* CMEN M 26.5 0.026
Cyclostephanos invisitatus CINV M 12.1 0.034
Cymbella tumida CTUM M 12.9 0.024
Cymbella turgidula CTGL M 12.0 0.003
Diadesmis confervacea DCOF M 19.8 0.001
Discostella pseudostelligera DPST M 11.3 0.031
Discostella stelligera DSTE M 19.2 0.001
Gomphonema lagenula GLGN M 15.8 0.007
Gyrosigma obtusatum GYOB M 33.2 0.001
Halamphora montana HLMO M 31.1 0.001
Lemnicola hungarica* LHUN M 12.3 0.002
Luticola mutica LMUT M 11.9 0.016
Navicula catalanogermanica NCAT M 13.5 0.018
Navicula cryptotenelloides NCTO M 19.0 0.008
Navicula recens* NRCS M 31.8 0.001
Navicula trivialis NTRV M 27.2 0.001
Nitzschia filiformis NFIL M 9.5 0.049
Nitzschia gracilis NIGR M 15.2 0.004
Nitzschia intermedia NINT M 30.9 0.001
Nitzschia linearis var. subtilis NLSU M 16.5 0.001
Nitzschia palea* NPAL M 36.3 0.007
Nitzschia umbonata* NUMB M 28.5 0.001

(continued)
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Table 4 (continued)

Species Abbreviation  CCU category  IndVal (%)  p-value
Sellaphora bacillum SEBA M 17.6 0.001
Sellaphora pupula SPUP M 24.1 0.006
Surirella brebissonii SBRE M 28.7 0.010
Surirella linearis SLIN M 20.1 0.001
Surirella minuta SUMI M 12.5 0.003
Tabularia fasciculata TFAS M 13.2 0.003
Cocconeis placentula var. euglypta ~ CPLE H 20.2 0.002
Eolimna minima* EOMI H 35.3 0.006
Fragilaria gracilis* FGRA H 12.3 0.032
Nitzschia sociabilis NSOC H 12.3 0.015
Pinnularia parvulissima* PPVS H 18.2 0.003
Surirella angusta* SANG H 26.6 0.039

*Species for which deformities were observed

4 Conclusions

Diatoms are ubiquitous and often predominant constituents of the primary
producers in streams, and are sensitive to many environmental changes including
metal concentrations. Even if many other environmental factors have a predomi-
nant influence on diatom community structure, the broad-scale patterns observed
proved that diatom-based approaches are adequate for the monitoring of metal
pollution, bringing ecological relevance based on specific sensitivities/tolerances at
the community level.

The effects of metals can be observed at different levels, from the individual
(deformations of the frustule) to the structure of the community. From a literature
review and the analysis of indicator values determined from our large database, we
provide lists of species that are likely to disappear, or to develop, with increasing metal
contamination, thus providing a basis for the development of monitoring methods.

The CCU approach used in this study offers a satisfactory alternative for assessing
the relationships between diatom communities and complex mixtures of metals in
the field. A further step would be the development of indices taking into account metal
diversity and potential toxicity to improve metal assessment in the field.

Finally, we can observe that, on the contrary to what was expected, the responses
of diatoms were markedly different between rivers with intermediate and high
metal pollution. In particular the increasing percentage of valve deformities pro-
posed by many authors to be indicative of metal pollutions is, in fact, observed
above all in cases of high metal contamination (H category). Our database allowed
for the determination of a naturally occurring, or “background”, abundance of
deformed cells (3.5 £ 0.5%o) in environmental samples. A significant increase of
abnormal cells was used to re-define a new threshold value for the H category from
CCU=10to 7.
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In the natural environment, conditions corresponding to the H category are
expected to happen less and less frequently, especially with the development of
sustainable practices of industries and of site remediation. However, worldwide,
many rehabilitation programs are being implemented in historical mining sites, and
there is public demand for the evaluation of restoration success. Multiple abiotic
and biotic criteria can be used to qualify/quantify the changes in “stream health”
during and after rehabilitation programs. Diatom-based indicators would thus be an
appropriate tool for assessing the success of rehabilitation actions and justify,
through a recovery of the aquatic biota, the rehabilitation programs undergone
and corresponding investments.
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Abstract Nowadays, the term biomarker has become widespread in environmental
sciences and ecology as shown by the increasing amount of research articles
published on this topic in these research areas (2,042 articles published between
2000 and 2010 over a total of 2,352 published since 1985, WOK, ISI Web of
Knowledge, http://www.isiknowledge.com). Despite this increasing enthusiasm
for biomarkers, they are still poorly used in regulatory monitoring or ecological
risk assessment. Indeed, the interest and pertinence of using biomarkers in such
approaches have been questionned. While biomarkers of various toxicants for
many species can be found in the literature, the limited extrapolation of biomarker
results is particularly criticized and may prevent routine application. In this chapter,
we discuss how to link biomarker responses to chemical exposure but also how to
correlate them to effects at higher levels of biological organization. In the first part,
the word biomarker is defined in the context of risk assessment. Then, the historical
and current use of biomarkers in river biofilms, macroinvertebrates, and fish is
shortly presented focusing on the specificity of biomarkers’ utilization in each of
these biological entities. Next, laboratory and field studies are used to exemplify
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relationships between stressors and biomarkers but also between biomarkers at
different levels of biological organization. Finally, current limitations of
biomarkers are discussed and some propositions are made to overcome these
limitations and to apply a multibiomarker approach to environmental risk
assessment.

Keywords Biofilm ¢ Fish « Macroinvertebrates * Molecular biomarkers ¢ Rivers
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1 What Is a Biomarker?

1.1 A Word Widely Used Across Different Scientific Fields

The term biomarker became popular through its use in the field of human medicine.
In this context, a biomarker is a biological indicator of the body state especially
useful as it allows noninvasive diagnostic to be performed. Natural or synthetic
substances may indicate a cancer, the beginning of a disease or an infection, or help
to locate a tumor (Fig. 1, [1]); for instance, the PSA (prostate-specific antigen) is a
biomarker of cancer in humans [2]. A good knowledge of human biology and of
interactions occurring inside human body makes biomarkers especially efficient in
human medicine. By extension, the term biomarker has become popular in other
fields such as geology, ecology, and ecotoxicology. For instance in geology,
molecular fossils found in oils extracts are considered as helpful biomarkers to
determine the hydrocarbon potential of a petroleum source rock [3]. In microbial
ecology, different biological molecules such as lipids (membrane lipids, sterols,
etc.) or amino acids are considered as useful biomarkers. Since they are specific of
groups or species, they provide information on the identity and function of micro-
bial communities (Fig. 1, [4]). However, in ecology, the term biomarker has been

INFORMATIONS ON SYSTEM STATUS

SYSTEM BIOMARKER
Human body NMP22
A Bladder cancer: ‘
Microbial community Ergosterol
Presence of higher fungi ﬁ
Stream W Vitellogenin in male fishes:
+ EDCs contamination | ‘

Fig.1 Biomarkers belong to a system. Their responses characterize changes in the system status.
Examples of biomarkers used in medicine (NMP22 nuclear membrane proteine 22, [153]),
in microbial ecology [4], or in ecotoxicology (EDCs endocrine disruptor compounds, [7])
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used a lot in association with the study of contamination effects. Indeed in the areas
of “environmental sciences” and ‘“ecology”, 2,352 scientific articles (research
articles, reviews, and letters) containing the keyword “biomarker” were published
since 1985 (WOK, ISI Web of Knowledge, http://www.isiknowledge.com) and
more than half of these papers (1,259) also contained the keywords “contamina-
tion,” “pollution,” “toxic,” “pesticides,” or “metals.” In ecotoxicology, biomarkers
usually refer to biochemical, physiological, or histological indicators of exposure or
toxicant effects [5, 6]. For instance, in several fish species, exposure to endocrine
disruptors led specifically to an increase in the lipoprotein vitellogenin in male fish;
thus, vitellogenin is considered as a biomarker for endocrine disruption in fish
(Fig. 1, [7]). Whole-organism responses (i.e., survival, growth, reproduction, or
behavior) may also be considered as biomarkers for a population or an ecosystem
[8-10].

A common definition of biomarker can be deduced from their use in the
aforementioned fields of application. A biomarker is a biological element belonging
to a wider system whose observation is expected to give information on the wider
system based on the a priori knowledge of the links and interactions existing
between the biomarker and this system (Fig. 1). Indeed a biomarker informs not
on itself but on the system it is belonging to. For instance, the biomarker vitello-
genin is not relevant as itself but because it informs on the fact that the vitellogenin
producing “system” (e.g., a fish) is exposed to an estrogenic compound. Therefore,
the type of biomarker can vary from molecular ones (e.g., enzymes) to whole-organism
ones (e.g., bacteria mortality) depending on the size of the system studied and the
importance of the links throughout biological complexity.

Three classes of biomarkers are usually discriminated based on the fact that
biomarkers can provide information on the exposure to, the effects of, or the
susceptibility to a perturbation. The biomarkers of exposure may indicate that the
biological system is exposed to stressor and, in certain cases, these biomarkers may
also inform on the intensity of the stressor. An example would be the induction of
vitellogenin in male fish, indicating that the organism is exposed to estrogen-active
compounds, and provided that benchmarking data on vitellogenin induction by
estrogens in the fish species under investigation are available, the vitellogenin
induction observed in the field can be translated—with caution—into “estrogen
equivalents” (e.g., [11, 12]). The exposure to an environmental stressor may
be associated with functional or structural impairment or damage of the exposed
biological system (organism, population, and community), and a biomarker
of effect would indicate the adverse outcome. For instance, induction of cyto-
chrome P4501A enzyme (CYP1A) is used as a biomarker of exposure to arylhydro-
carbon receptor binding chemicals (e.g., polycyclic aromatic hydrocarbons, PAHs;
coplanar polychlorobiphenyls, PCBs; polychlorinated dibenzofurans and
dibenzodioxins), but induction of CYP1A is not yet indicative of an adverse
effect [13]. However, CYP1A-catalyzed metabolism can lead to reactive chemical
metabolites eventually causing cancer, and thus, neoplastic changes in the tissues of
exposed organisms would be a biomarker of effect. Finally, the biomarkers of
susceptibility indicate the inherent or acquired predisposition of an individual or

LEINT3 LEINT3
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a community to respond to a stressor exposure [14]. For instance, in humans genetic
markers are established which indicate the ability of an individual to generate
cancerogenic metabolites from a given toxicant. Nevertheless, biomarkers of sus-
ceptibility are rarely used in ecotoxicology.

In this chapter, we focus on biomarker (from molecular to whole-organism
response) related to exposure to or effects of toxicants. Ecological indexes that
integrate the responses of various biomarkers (e.g., IBI, IPS) are not considered as
biomarkers in this chapter. Their use in risk assessment of aquatic ecosystems is
developed in other chapters of this book [15, 16]. To avoid confusion, the term
biomarker should be distinguished from those of response, endpoint, or indicator.
The biological response is a general term corresponding to any variation of a
biological system exposed to a toxicant, but not each response is already a bio-
marker. Different criteria can be defined to discriminate a biological response from
a biomarker such as the specificity, the dependence with concentration (linear or
not), and the reproducibility. The word “endpoint” usually refers to something that
is measured as a result of an experiment. This word can be especially misleading
since in laboratory experiments an endpoint is any defined measure (it can also be a
molecular endpoint) while in risk assessment an endpoint defines an ecological
function and/or structure to be preserved by risk management actions and
corresponds therefore to the goal of risk assessment [17-19]. It is worth noting
that the adverse outcome due to the presence of a toxicant (i.e., its toxicity)
depends, in risk assessment, on the endpoints selected. Therefore, biomarkers can
truly indicate toxicity when their response can be linked to the endpoints selected a
priori. Finally, the term indicator usually refers to an organism or a population
which is strictly associated with some specific environmental conditions and whose
characteristics are indicative of these conditions [18]. Indicator species are then
biological elements informing by their abundance, presence/absence, on the status
of a wider system; consequently, they can be considered as biomarkers of the
ecosystem.

1.2 Biomarkers in Site-Directed Risk Assessment of Aquatic
Ecosystems

In Europe, contamination of aquatic ecosystems by toxic chemicals has changed in
the last decades, on the one hand, due to a reduction of the toxicant concentration in
water (for instance, because of improved wastewater treatment technologies), and
on the other hand, due to an increase in the diversity of toxic compounds [20]. The
improvement of detection and identification techniques of chemicals allows very
small concentrations (e.g., pg L") to be detected and a wide array of molecules to
be identified as presented in previous chapters [21, 22]. However, the chemical
analyses always detect only a fraction of all the compounds present in the aquatic
ecosystem; thus, these analyses may greatly underestimate risks. In addition, even
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though state-of-the art chemical analyses allow minute quantities of chemicals in
the environment to be detected it remains difficult to determine their impact on the
environment [23, 24]. The standard approach used in assessing the risk of chemicals
to aquatic biota is based on the determination of effect concentrations (e.g., LCsq
values) of chemicals in single-species laboratory tests. Different extrapolation
approaches (in the simplest case a convention-based extrapolation factor) are then
used to derive “safe” environmental levels (predicted no effect concentrations,
PNEC) of the chemicals. By comparing predicted or analytically measured
concentrations of the chemical in the aquatic environment with the derived PNEC
values, the risk of this compound to be harmful to aquatic biota is estimated [25].

The approach described above has been criticized for its lack of ecological
relevance. Various studies showed that effect values established for selected
“model” species in the lab under standardized and optimized conditions are not
always meaningful for the many species that are exposed under real environmental
conditions [26]. A first concern is the use of a restricted number of species in
laboratory test, which means that the lab data might not be representative for the
species in the aquatic ecosystem. A second limitation is linked with the use of
single-species tests while under natural conditions species are always found in
communities; i.e., the approach does not take into consideration possible effects
arising from toxic impact on species interactions [27]. A third limitation is that the
laboratory experiment considers exposure to a single chemical, while in the field,
organisms are usually exposed to mixtures of chemicals, which can modify the
toxicity of the individual compound. Finally, ecosystems experience multiple stress
situations which are not taken into account in lab experiments [28]. The interactions
between various biological (e.g., multi-species interactions), physical (e.g., light
intensity, flow velocity), and chemical (e.g., mixture of toxicants) stressors are not
considered in current risk assessment approaches, although they may substantially
modulate the toxic effects of chemicals on the ecosystem. As a consequence, the
impact of contamination in the field may be different from the effects predicted on
the basis of laboratory tests [29].

To partially overcome these limitations and better approach the real complexity
of contamination scenarios in aquatic ecosystems, biomarkers were proposed as
diagnostic tools for biological systems. They have the promise to more closely link
responses observed in organisms or communities at a given study site to the
presence of chemicals at this site. Indeed, a biomarker can be linked either to the
perturbation (which is known to induce effect) or to the effect (which is the result of
the perturbation). The simultaneous measure of various biomarkers may then help
in detecting both chemical exposure and toxic effects in multiple stress situations.
Moreover, molecular biomarkers are often presented as early warning systems [14]
since changes at molecular level are expected to be detected before changes at
population or community levels.

While numerous biomarkers of exposure and effects have been described in the
literature for various compounds and are used in research activities, including
monitoring (see for example, [14, 30-33]), they are not routinely used in regulatory
risk assessment. Since we believe that biomarkers can provide valuable information
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in regulatory risk assessment, in this chapter, we discuss the interests and
limitations of biomarkers in detecting chemical exposure and assessing toxic effects
at different levels of biological organization. To illustrate the situations in which
biomarkers are more likely to be useful, we present various laboratory and field
experiments involving river biofilms, macroinvertebrates, and fish. These three
biological systems represent important components of the aquatic ecosystem and
represent three levels of biological complexity, i.e., community for biofilms, popu-
lation for invertebrates, and individual for fishes. Since a lot of reviews have been
published on fish biomarkers, most of the examples presented here concern biofilm
and macroinvertebrates biomarkers.

2 Biomarkers in River Biofilms, Macroinvertebrates,
and Fish

The historical development of the biomarker approach had a strong link with
medicine and vertebrate biology (NRC 1987 [34]); thus, most of the field studies
and applications in the aquatic environment have been focused on fish. However,
biomarker measurements are equally feasible on river biofilm communities and
aquatic invertebrates.

2.1 River Biofilms

River biofilms (also known as periphyton) have a key role in the aquatic ecosystem,
in particular in mid-size order streams in which they are considered as the main
primary producers [35]. Freshwater biofilms are complex and structured benthic
communities. The numerous species of these communities form a 3D structure
as they live closely together in a matrix composed of extracellular polymeric
substances (EPS matrix). Biofilms can be found in various microhabitats as they
are able to attach to different solid substrates (cobbles, wood, sand, etc.). In this
community, two functional components can be distinguished. Green algae, diatoms,
and cyanobacteria form the autotrophic component of biofilms, while bacteria,
fungi, and protozoa compose the heterotrophic one [36]. Due to their omnipresence,
their important role in primary production, nutrient fluxes, and trophic cascades as
well as their sensitivity to organic and inorganic pollutants river biofilms have been
recognized as pertinent indicators of integrated ecosystem health [37-39].
Because of its complexity and its structure, a river biofilm can be considered as a
microecosystem with different levels of biological organization. Therefore, multiple
biomarkers have been developed to assess both structure and function of the
different components of biofilms. In addition, most of the functional biomarkers
developed focused on functions directly linked with processes essential for the
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whole aquatic ecosystem such as primary production. Indeed, the measure of various
photosynthetic parameters (photosynthetic efficiency, capacity, and quenching pro-
cesses) is specific of the autotrophic component of biofilm and is directly linked with
its key role of primary producer [40]. The activities of the extracellular enzymes
peptidase and glucosidase are also biomarkers in biofilms, specific of the heterotro-
phic component, and directly linked with the role of biofilms within organic matter
decomposition ([26, 41]). Other biofilm biomarkers such as antioxidant enzyme
activities and amino acid composition integrate the response of the whole biofilm
[42, 43]. Since biofilm communities are assemblages of different components, a
multibiomarker approach, including component-specific and species-specific
biomarkers, is recommended to determine both direct and indirect effects of
toxicants. This approach may not only point out some direct and indirect underlying
mechanisms of toxicity, but also specific impairment in biofilm functioning. For
example, Ricart et al. [26] highlighted the indirect effect of the herbicide diuron,
inhibitor of photosynthesis, on bacteria within biofilm communities.

2.2 Macroinvertebrates

Aquatic invertebrates are commonly used in biological monitoring programs, but
their use in biomarker studies has been limited to few species mostly bivalves. For
example, the number of scientific publications (WOK, ISI Web of Knowledge,
http://www.isiknowledge.com) published annually, since 1980, containing the key-
word “biomarker,” “environment,” and “aquatic or marine or water” is about 3,561.
From these ones, 1,600 were about fish and only 1,041 publications included the
term “invertebrate or Daphnia or insect or crustacean or amphipod or Chironomus or
mussel or clam or oyster”. It is worth noting that less than 400 were conducted in
species different than bivalves. This means that, despite the large variability of
phylogenetically and hence physiologically distinct groups of aquatic invertebrates,
only a few of them have been considered in biomarker studies. Aquatic invertebrates
offer distinct advantages for biomonitoring, including (a) their ubiquitous occur-
rence; (b) their huge species richness, which offers a spectrum of environmental
responses; (c) their basic sedentary nature, which facilitates spatial analysis of
pollution effects; (d) the long life cycles of some species, which can be used to
trace pollution effects over longer periods; (e) their compatibility with inexpensive
sampling equipment; (f) the well-described taxonomy for genera and families; (g)
the sensitivities of many common species, which have been established for different
types of pollution; and (h) the suitability of many species for experimental studies of
pollution effects [44]. In field studies, aquatic invertebrates have further advantages.
As invertebrate populations are often numerous, samples can readily be taken for
analyses without a significant impact on the population dynamics. Also, the appli-
cation of biomarkers in invertebrate species allows the linkage between biomarkers
responses and adverse effects on populations and communities. Currently,
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increasing knowledge of the biochemistry and physiology of invertebrates permits a
reasonable interpretation of biomarker responses.

2.3 Fish

Fish are probably most frequently used for biomarker measurements in aquatic
monitoring. As fish are vertebrates, the use of biomarkers in this animal group
has been promoted by the in-depth knowledge on biomarkers being available in
mammalian toxicology. Fish biomarkers have been successfully developed and
adopted to be used in monitoring by national and international monitoring programs
(e.g., International Council for the Exploration of the Sea ICES, OSPAR Conven-
tion for the Protection of the Marine Environment of the North East Atlantic).
Frequently applied biomarkers in fish include vitellogenin induction in male fish as
a marker for exposure to estrogens, the induction of hepatic CYP1A1 or EROD
(ethoxyresorufin-O-deethylase) activity, or the observation of neoplasia in orga-
nisms exposed to carcinogenic compounds; an in-depth review on fish biomarkers
has been published recently [14]. The purposes fish biomarkers analyses’ are used
for include (a) unraveling exposure of organisms to chemicals (e.g., acetyl cholin-
esterase inhibition as marker of organophosphate exposure, induction of EROD
activity as marker of exposure to dioxin-like chemicals), (b) surveying spatial and
temporal changes in aquatic contamination levels (e.g., by analyzing body burdens
of contaminants in migratory, long-lived fish species), and (c) providing warning of
potential adverse ecological consequences of aquatic pollution (e.g., malformation
of reproductive organs may lead to reduced reproduction). A well-known example
of aquatic pollution where biomarker studies in fish played a major role in detecting
and defining the case is endocrine disruption [45]: it was the observation that male
fish in many rivers exhibited elevated levels of vitellogenin, a female-characteristic
protein, that brought environmental contamination by endocrine-active compounds
to awareness.

Despite the intensive use of biomarkers with fish, the currently available set of
markers is still rather limited, being indicative for comparatively few stressors or
MoA. However, technologies such as genomics and proteomics may generate a
broader suite of diagnostic tools.

2.4 Target-Oriented Choice of Biomarkers

Due to the specific characteristics of each aquatic compartment, biomarkers of river
biofilms, macroinvertebrates, and fish would obviously give different information.
Assessing these three compartments is essential to determine the aquatic ecosystem
status; however, biomarkers of each compartment should be carefully selected to
represent its specificity. Biomarkers of river biofilms and macroinvertebrates
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integrate response on shorter spatial and temporal scale than fish. Biomarkers of
macroinvertebrates and fish are more species specific while biomarkers of river
biofilms integrate community response and hence detect indirect effects. Bio-
markers of macroinvertebrates and fish can account for specific effects of toxicants
on organism’s life cycle while biofilm biomarkers can account for toxic effects on
community succession and/or diversity.

3 Biomarkers in Laboratory Studies

As laboratory studies allow an important experimental control and a higher repli-
cation [27], they have been widely used to establish cause—effect relationships in
particular between toxicant exposure and biological effects. This type of ecotoxi-
cological experiment includes the majority of laboratory work on biomarkers and
can be especially useful to elucidate underlying mechanisms of action of toxicants.
This mechanism-oriented research allows then the selection among different
biomarkers of the most specific and sensitive to the toxicant tested. Therefore,
these specific biomarkers developed in laboratory studies can then be used to help
identifying candidate causes for ecological impairment in the field.

3.1 Biomarkers to Assess Mode of Action

Investigating the effects of toxicants at different levels of biological organization
allows MoA to be determined but also direct and indirect toxic effects to be
elucidated. Here, biomarkers can make an important contribution as one element
in a weight-of-evidence approach to establish relationships between chemical
exposure and biological effects.

Many fish biomarkers reflect MoA of toxic chemicals; e.g., EROD induction
indicates that the fish is exposed to arylhydrocarbon receptor-activating chemicals.
In invertebrate species, there are a few interesting case studies that have identified
key MoA of particular pollutants. Concerning the macroinvertebrates, Livingstone
and Viarengo can be considered pioneer researchers with important original and
review articles on xenobiotic metabolism and oxidative stress in mussels [46, 47].
Recently, a review of Porte et al. [48] provided good examples of research work
conducted with radiometric and biochemical techniques to identify different ste-
roidogenic paths in mollusks and crustacean species and their modulation by
pollutants that disrupt those paths and hence alter sex hormones. The previous
review showed that now by using radiometric techniques it is possible to follow
precisely hormonal metabolic paths and to evaluate accurately enzymatic activities
involved in those paths. In the past, the use of unspecific enzymatic substrates did
not allow to characterize precisely the rate of synthesis and catabolism of sex
hormones. These types of studies are particularly useful since in the last decades
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most studies conducted in endocrine disruption effects were focused on agonist and
antagonistic effects on sexual receptors and hence underestimate many endocrine
disruptors that affect the metabolism of sexual hormones. Many review articles
on invertebrates’ biomarkers have also evaluated and discussed previous work
conducted on detoxification and sexual hormonal metabolic paths (i.e., phase I, II,
and III metabolizing and steroidogenic paths), oxidative stress, cholinesterases,
metallothionein and other stress proteins, and endocrine disruption markers
(i.e., vitellogenin-like proteins, sexual hormones, and their receptors; [34, 48-58]).
These reviews have pointed out the lack of knowledge on invertebrate physiology
and hence the difficulty to interpret suborganism biomarker alteration and so to
understand the biological effects. Indeed only few biomarkers can be directly linked
with key organism functions such as the acetylcholinesterase, protein peroxidation, or
vitellogenin, among others. For instance, in many arthropod species the inhibition of
acetylcholinesterases by organophosphorous pesticide directly caused the death of
the individual. Indeed, this inhibition causes the accumulation of the neurotransmitter
acetylcholine in the synaptic neuronal gab which causes an over and permanent
stimulation of neuronal cells that ultimately kills the organism [59]. Markers of
cellular damage such as increased levels of lipid and protein peroxidation, DNA
damage, or micronuclei can also be linked to tissue damage (necrosis) and death or
organ malfunctions [56, 58, 60]; depletion levels of energy reserves such as
carbohydrates, glycogen, lipids, and proteins can be related with reductions in growth
and reproduction [61, 62]; and vitellogenin levels are related to egg production in
oviparous invertebrate and vertebrate species [33]. In these types of studies, to be able
to clearly understand the biological effects it is very important to establish physio-
logical and toxicological relationships by using different exposure doses and periods
and if possible by including model agonists or antagonists of the studied system. For
example, Barata et al. [63] and Damasio et al. [64] characterized the physiological
role of B esterases (Cholinesterase and carboxylesterases) in Daphnia magna com-
bining acute responses of organophosphorous pesticides co-administered with
specific inhibitors of certain esterases, phase I metabolic inhibitors, and enzymatic
assays. Recently in sea urchin (Strongylocentrotus purpuratus) and zebra mussel
(Dreissena polymorpha) embryos, Bosnjak et al. [65] and Faria et al. [66] using toxic
substrates, model inhibitors and agonists, and transporter efflux assays were able to
establish a physiological link between the inhibition of transmembrane multidrug
transporters (MXR) and toxicity. Transmembrane MXR transporters have an active
role effluxing out pollutants or their metabolites from cells and hence are considered
as an important defensive system against pollution. Their inhibition or chemosensi-
tization by certain emergent compounds, thus, is expected to increase the accumula-
tion of toxic pollutants and hence the toxicity of mixtures [67]. Therefore in fish and
invertebrates, biomarkers of exposure highly specific to a toxicant can be developed
by investigating the mechanism of action of a toxicant while physiology studies help
in understanding the biological effects of toxicants on biota.

In river biofilms, the complexity of the community may prevent the precise
determination of toxicant MoA. Nevertheless, the use of biomarkers in river biofilm
communities has elucidated indirect effects on nontarget organisms as shown in
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several studies [68—71]. The selection of an appropriate set of biomarkers is a key
step directly related with the known or expected mode of action of the compound to
be tested and the time of exposure (acute or chronic effects).

Biofilm biomarkers can be used to detect both direct and indirect effects. Ricart
et al. [26] used the photosynthetic efficiency as a biomarker of direct effects of the
photosynthesis inhibitor diuron on river biofilm, while bacterial membrane integrity
(live/dead bacteria ratio) was used as a biomarker of direct effects of the broad-
spectrum bactericide triclosan in another experiment performed on river biofilms
[70]. Previous knowledge about the interactions between target and nontarget
organisms in complex communities is an important prerequisite to select bio-
markers able to highlight indirect effects. For example, positive interactions
between algae and bacteria in fluvial biofilms have been widely described
[41, 72-75]. In fact, biomarkers related to heterotrophs highlighted indirect effects
of diuron on bacteria [26, 71, 76, 77] as well as biomarkers related to autotrophs
revealed indirect effects of the bactericide triclosan on algae [70, 78, 79]. Since
river biofilm communities have a relatively short time of colonization and succes-
sion, acute and chronic effects of toxicants at community level can also be assessed
in laboratory under controlled conditions. Comparison between acute and chronic
effects can then be used to discriminate early warning biomarkers, useful in case of
a spillage, from biomarkers of chronic contamination. Different experiments
underlined the importance of selecting biomarkers adapted to the timescale of the
experiment to be able to detect both direct and indirect effects throughout time.
In the conceptual framework established by Guasch et al. [80], after the study of
different scenarios of copper exposure, physiological responses are expected after
acute exposure while changes in community composition may result from chronic
exposure. However, transient biomarker responses to pollutant exposure also occur.
In a microcosm study, Bonet et al. (personnal communication) exposed biofilms
from a natural freshwater system (LIémena River, NE Spain; [81]) to realistic zinc
concentrations (400 pg L") during 5 weeks. They observed temporal differences in
the activation of two antioxidant enzymes: ascorbate peroxidase (APX) and cata-
lase (CAT) in response to Zn exposure. While APX activity increased after few
days of exposure as a response to a transitory physiological effect, CAT activity
increased significantly after chronic exposure. The activation of CAT and APX
activity at different times might be matched with the shift in communities due to the
tolerance acquisition in biofilms exposed to Zn. This study shows how biomarkers
can provide information about transitory and persistent effects of toxicants. Finally,
recovery experiments allow to identify those biomarkers that can integrate toxicant
effects over a longer time than exposure. For example, Proia et al. [82] investigated
short- and long-term effects of repeated pulses, during 48 h, of the herbicide diuron,
or of the bactericide triclosan on river biofilms. The acute effects observed just after
exposure were directly related to the MoA of these toxicants as photosynthesis was
inhibited by diuron exposure and bacterial mortality increased after triclosan
exposure. However, indirect effects of both toxicants were more persistent. Indeed,
the 48 h exposure to diuron pulses led to a decrease in diatom viability that persisted
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2 weeks, suggesting some indirect effects not related with photosynthesis inhibi-
tion. One week after the 48 h exposure to pulses of triclosan, diatom viability
significantly decreased before coming back to control level 2 weeks after the end of
exposure. This delayed increase of diatoms’ mortality could be an indirect response
consecutive of the bacterial mortality occurring immediately after exposure. The
positive interactions between diatoms and bacteria within biofilms communities
[83] reinforce the possibility of indirect effects of triclosan on diatoms via direct
effects on bacteria (Proia et al. [82]). Though the use of these natural consortia
provides a high ecological relevance to ecotoxicological studies, the general lack of
knowledge of the mechanisms of action of many chemicals associated with the
unclear relationships existing between organisms of complex communities may
complicate the interpretation of the biomarkers’ response at the community level.

Recently, the use of toxicogenomic, proteomic, or metabolomic approaches has
aided in identifying novel mechanisms of action of known and emerging pollutants
in fish [84-93] and aquatic invertebrates [94-97]. Due to their sensitivity and their
comprehensive analysis of the genes, transcripts, proteins, or metabolites reacting
to exposures, omics technologies have the potential to help unraveling precise
mechanisms of action of several pollutants. Nevertheless, despite the great effort
invested in omics in the last decades, only few studies performed on macroinver-
terbrate taxa and fish have identified successfully hidden or unknown mechanisms
of action of pollutants. This lack of success is related to the fact that the full genome
has only been sequenced in few species that are not always ecologically relevant.
In addition within the macroinvertebrate species sequenced (i.e., Caenorhabditis
elegans, [98]; Daphnia pulex and shortly Daphnia magna, [99]; sea urchin
Strongylocentrotus purpuratus, [100]) only a few of these genes are annotated
(at most 50% in D. pulex). This means that often only a few of the putative genes
up- and downregulated in transcriptomic studies can be identified and hence related
with metabolic paths. The problem is even worse in proteomic studies since
posttranscriptional modifications (e.g., phosphorylation, tridimensional structure)
often increase the complexity in proteins compared to genes. An additional problem
inherent of working with small species is the use of the whole organism.
Transcriptomic and proteomic profiles are tissue specific and thus by using a
mixture of tissues it is difficult to identify specific genes or proteins that might be
altered by a particular pollutant acting in a target tissue. In relation to that, today
most successful toxicogenomic studies have been focused in pollutants causing
major effects. For example, Connon et al. [94], Poynton et al. [97], and Heckmann
et al. [95] worked with custom microarrays in Daphnia magna and identified
the major metabolic paths affected by cadmium and ibuprofen in Daphnia
magna. A similar procedure but using proteomic profiles was used in Gammarus
pulex exposed to PCBs [96]. Future research should be focused in tissue-specific
gene or protein expression profiles using immunohistochemistry and in situ
hybridization methods. To do that however more genomes need to be characterized
and annotated and RNA/DNA probes and antibodies should be more available to
researchers. The application of -omics technologies in river biofilms is even more
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challenging due to the complexity of the community. Indeed, river biofilms are
composed of hundreds of species with unsequenced genome. An approach to
overcome these limitations and understand -omics data from river biofilm
communities is discussed in the last part of this chapter (Sect. 5). Omics technology
may also be particularly useful to select specific biomarkers of exposure among a
wide array of candidates. This step would obviously require an anchoring of omics
result to understandable effects.

To sum up, biomarkers provide information whether an organism or a commu-
nity has been actually exposed to chemicals with a specific MoA. Therefore, a
multibiomarker approach targeting different river compartments but also various
levels of biological organization (i.e., tissue, individual, population, and commu-
nity) is essential to assess the effects of potential toxic compounds and eventually
discriminate between direct and indirect effects on the ecosystem. Thus, biomarkers
help to target detailed chemical and biological analysis of water, sediments, and
biota. They may also help to prioritize discharges of concern with regard to
municipal and industrial effluents.

3.2 Biomarkers to Assess Toxic Effects Meaningful
at Ecosystem Level

Laboratory studies as described previously allow identifying specific biomarkers of
exposure and of effects that can be used as diagnostic tools to help identifying toxic
pressures in the ecosystem. Biomarkers of effect are also expected to inform on the
consequences of toxic exposure either because they directly measure some essential
processes of the ecosystem (e.g., primary production) or because a causal
relationships has been established between biomarkers’ alterations and effects at
higher levels of biological organization (individual, population, and ecosystem).
Several community biomarkers indeed can directly inform on the resources and
the processes of the aquatic ecosystems, especially in river biofilms, and thus bear
functional implications. Many studies on river biofilms have highlighted the tight
link between their structure and function and the processes of aquatic ecosystems
and explored the relative importance of the different biofilm components in these
processes [41, 101, 102]. Therefore, the biomarkers developed in biofilms
concerned already the community level and are linked to higher trophic levels,
through food chain, or to aquatic ecosystem, through their implication in important
processes such as primary production, organic matter decomposition, and nutrient
recycling. For instance, biomass, chlorophyll @ concentration, or C, N, P composi-
tion of river biofilms are some biomarkers of its quality as food supply for
macroinvertebrates and fish [103, 104]. Stelzer and Lamberti [104] showed that
for low quantity of biofilms, growth of Elimia livescens snails fed on river biofilms
grown under high P was higher (40-60%) than for snails fed on biofilms grown
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under low P. Variations in photosynthesis and respiration of river biofilms have
direct implications on primary production of aquatic ecosystem [35]. Therefore,
different techniques have been developed to measure photosynthetic activity
(dissolved oxygen variations, incorporation of radioactive carbon, nonradioactive
13C_labeled bicarbonate, or pulse amplitude modulated fluorescence (PAM); [37,
40, 105]) and the heterotrophic activity (incorporation of radiolabeled nucleic acid,
substrate-induced respiration; [105, 106]). The measure of extracellular enzymes
activities such as peptidase, glucosidase, and phosphatase of river biofilms can also
be directly linked with the carbon and nutrient fluxes of rivers. For instance,
Romani et al. [41] evidenced the positive relationships between extracellular
enzymatic activities (glucosidase, phosphatase, and lipase) of river biofilms and
the content in dissolved organic carbon (DOC) and biodegradable DOC of flowing
waters. Finally, the measure of the diversity of both the autotroph and heterotroph
components is an indicator of the response capacity of the community as a loss in
diversity is expected to reduce community resistance and resilience to further
stressors [27, 107].

The situation is more controversial if it comes to the predictive value of
suborganismic biomarkers with respect to individual or population effects. It has
been postulated that suborganismic biomarkers can function as early warning
indicators that respond before measurable effects on individuals and populations
occur. While this may be true in certain cases, the available literature does not
support a generally higher sensitivity or earlier responsiveness of biomarkers over
organism-level endpoints (see the excellent review by [108]). Furthermore, the
ability of biomarkers to predict ecologically relevant effects, i.e., adverse changes
of organism or population parameters, has to be considered with care. The reasons
for this have been outlined in detail in the study of Forbes et al. [5]. Even if in a field
study, an empirical correlation between a biomarker and an organism/population
response has been observed, this does not imply that this biomarker is a general
predictor of the ecological change. To make biomarkers useful as predictors of
ecologically relevant effects, it would need integrated mechanistic models that
establish a functional and quantitative link between the suborganismic biomarker
response and the adverse outcome. One example of such a relationship is the study
of Miller et al. [109] who established—for a laboratory setting—a relationship
between the induction of vitellogenin and the reproductive output of fathead
minnows. In this case, the relationship was built on a mechanistic relationship
between the biomarker effect (binding to the estrogen receptor and subsequent
activation of the vitellogenin synthesis), the organism-level effect (reduced repro-
ductive output due to estrogen receptor-mediated neuroendocrine disturbance), and
a population model that translated altered individual rates into altered population
growth: the population outcome [110, 111]. However, even with such a model
available, under field conditions the relationship can be confounded by a variety of
factors [5]. While molecular, cellular, and physiological responses are directly
involved in the toxic mechanisms induced by the environmental contaminants or
are at least closely associated with the initial chemico-biological interactions, the
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causal relationship between the biological change and the toxicant action is getting
increasingly confounded at higher levels of biological organization, due to the
action of compensatory processes and of new, level-specific properties [112]. In
turn, this implicates that the ecological relevance of biomarkers is limited. Demon-
stration of an effect at the molecular, cellular, or physiological levels does by no
means imply that this effect will propagate into organism or population effects.
Thus, the greater potential of biomarkers is in using them as “signposts” rather than
as predictors, that is, to help targeting detailed chemical analysis, prioritizing study
sites, or to guide further effects’ assessment [113]. As a consequence, biomarkers
should not be used as stand-alone tools but should be embedded in an integrated
monitoring strategy combining the biomarkers with analytical (bioanalytics and
chemical analytics), experimental, and ecological tools [114—116].

3.3 Bridging the Gap Between Laboratory Studies and Field
Studies

Biomarkers may help in identifying putative toxic environmental stressors. This,
however, would include confirmatory lab exposures to demonstrate that the
responses obtained in the field can be induced in the laboratory by the candidate
stressor or stressor combination. Often such studies fail due to three problems:

1. Lab and field populations are different and hence are acclimated or/and adapted
to distinct environmental factors [117];

2. In the field many different environmental factors affect biomarker responses
whereas in the lab only few of them are present;

3. Lab and field exposures are different in terms of exposure duration, exposure
variation (constant versus fluctuating exposure), or toxicant bioavailability.

The first problem can be solved by using transplanted/translocated organisms,
that is, by exposing lab or reference populations in the field using community
colonized on artificial substrates for river biofilms or caged organisms for
macroinvertebrates. While the use of natural biofilm colonized over artificial
substrata allows the heterogeneity occurring on natural substrates to be reduced
[118], the use of natural substrata (cobbles or stones) is more realistic but also
more complex. After a period of colonization (4—5 weeks) in a reference site or in
the laboratory, the substrata are translocated in the exposed sites [119, 120]. To
study recovery of biofilm from pollution, river biofilms adapted to a polluted site
can also be translocated to a reference site (Rotter et al. 2010 [122]) This
translocation approach is also often used with bivalve species and quite recently
has been applied to benthic macroinvertebrates and model lab species. Barata
et al. [121] combined field-transplanted and laboratory-exposed assays with the
crustacean D. magna and showed that the organophosphorate fenitrothion
inhibited the enzyme cholinesterase in field-exposed individuals. The second
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problem can be addressed by investigating the role of different environmental
factors on chemicals’ toxicity and biomarkers’ response, although it will remain
inherently difficult to “mimic” the complexity of the various environmental
influences. For instance, light intensity was found to modulate herbicides’ toxicity
on river biofilms [123, 124]. Guasch and Sabater [123] showed that biofilms from
open sites were more sensitive to atrazine than biofilms from shaded rivers.
Influence of light intensity can also be investigated in laboratory under controlled
conditions. Indeed, biofilms grown in microcosms under constant suboptimal,
saturating, and high-light intensities showed characteristics common to shade/
light adaptation which constrain their capacity to answer to further stressors. In
particular, river biofilms colonized in artificial streams and adapted to high-light
intensity were more tolerant to glyphosate exposure (ECso = 35.6 mg L™' for
photosynthetic efficiency) than those of shade-adapted (ECsy = 11.7 mg L™! for
photosynthetic efficiency) [125]. Not only the light intensity but also the daily
variation in light can affect toxicity; for instance, Laviale et al. [124] showed that
a dynamic light regime increased the sensibility of river biofilms to the herbicide
isoproturon. The influence of other environmental factors such as flow velocity,
temperature, and nutrient concentrations has also been studied to better under-
stand multiple stress situations [126—129]. In the field using transplanted
and field-collected invertebrate species, Damasio et al. [130-132] showed that
water temperature, suspended solids, and salinity affected many of the biomarkers
used to detect pollutant effects on aquatic communities. Biomarkers of tissue
damage such as DNA strand breaks and lipid peroxidation levels were dramatically
affected by salinity, whereas more specific ones such as the activities of antioxidant
and cholinesterase enzymes were more affected by particular pollutants such as
organophosphorous pesticides and persistent organic pollutants [132].

Also the third problem represents major challenges in the field—lab comparison.
Indeed, a variety of factors can confound the relation between analytically deter-
mined chemical concentrations at a given study site and the biomarker response of
the fish living thereof. These confounders include—to name a few—toxicokinetic
processes such as chemical bioavailability, uptake and metabolism, combination
effects from chemical mixtures, different time-effect profiles, or modulation of the
biomarker response by physiological processes (compensatory responses, physio-
logical changes related to reproduction, pathogen infection or nutrition, etc.).
Another factor that can cause disparate findings of chemical analytics and bio-
marker measurements in fish is different scales of time integration in the two
approaches. While chemical analytics detect the actual concentration of the chemi-
cal being present in the water or sediment at the moment when the sample is taken,
the biomarker response in the fish integrates the long-term exposure of fish to the
contaminants in the environment. Finally, the physiology of the lab and the field
fish may differ, and this in turn affects the biomarker response. For instance, in the
field, many biomarkers show seasonal variability (e.g., [133]), while in the lab, this
seasonality may not be observed.
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4 Biomarkers as Complementary Tools for Ecological
Water Quality Assessment

One of the particular and unique aspects of the European Union’s Water Frame-
work Directive (WFD, Directive 2000/60/EC) is the use of ecologically based
instruments to assess and predict the ecological impacts of environmental pressures
on water quality. In general, ecological status assessment involves sampling
the aquatic community, and comparing against a reference prediction for that
water body type. This approach is currently used in many countries (see review
of [44, 134]). Various biological metrics exist to quantify changes in community
composition and these are often combined in multimetric indices to improve the
chances of detecting adverse changes. Among them, those focusing on assemblages
of benthic macroinvertebrates or on diatom community composition are widely
used [38, 44, 134]. Although structural community metrics can detect the degrada-
tion of surface waters, they detect neither specific effects of water pollutants
nor moderate changes in chemical water quality [39, 130]. Therefore, there is a
need to complement the biological metrics actually used with other biological
measures that may serve as descriptors of cause—effect or may inform about further
degradation (or improvement) of the water. In this context, biomarkers can comple-
ment the information given by classical endpoints to identify hot spots of pollution by
detecting toxic effects in the field through different levels of biological organization
and identifying causes of impairment. To do so, two valuable methods can be
identified: the active biomonitoring [135] using transplanted communities and the
integrated use of chemical analyses and biochemical and cellular responses.

4.1 Active Monitoring: Translocation Experiments
and In Situ Bioassays

A key advantage of translocation experiments or of in situ bioassays over whole
effluent toxicity tests and biological surveys of communities is their greater rele-
vance to the natural situation, especially with respect to the contamination scenario.
Additionally, in situ bioassays are able to detect effects in transplanted individuals
more rapidly (hours to days) than the time taken to observe changes in community
structure (months to years) measured during macroinvertebrate or river biofilm
sampling.

Several studies have shown the usefulness of river biofilm translocation to detect
both acute and chronic effects of different types of perturbations: acidification
[136], metal contamination [137—-139], and pesticide and herbicide contamination
[119, 120, 140]. Short-term translocations allow determining the acute effects of
perturbations while during long-term translocations the time of adaptation can be
measured and acute effects can be discriminated from chronic ones. This type of
experiment can also be useful to assess the recovery potential of river biofilms by



Advances in the Multibiomarker Approach for Risk Assessment in Aquatic Ecosystems 165

translocating contaminated river biofilms to reference site. Following this
approach, Dorigo et al. [119] translocated river biofilms from an herbicide-polluted
site of the river Morcille (France) to an upstream reference site. After 9 weeks of
acclimatization, the structure of the translocated eukaryotic, bacterial, and diatom
communities was more similar to the downstream communities than to the refer-
ence one. In addition, the tolerance to the herbicides diuron and copper was higher
in translocated biofilms than in reference site, indicating that chronic contamination
by herbicides can affect durably river biofilm communities. Indeed, the chronic
exposure of a community to a critical level of a chemical is expected to exert a
selective pressure on the community by selecting more resistant individuals to the
chemical following the PICT concept (pollution-induced community tolerance) as
demonstrated by various authors [106, 141-143]. The acquisition of tolerance may
be supported by both structural and functional adaptation [144]. Bioassays can
be performed to detect and identify this tolerance acquisition. To do so adapted
communities (collected from the field) are exposed to a range of toxicant
concentrations and toxicity thresholds are compared between reference and pol-
luted sites. Higher toxicity thresholds indicate an adaptation of the community to
this toxicant. By measuring the tolerance of river biofilms from polluted sites to
various classes of toxicants, it may then be possible to point out which class of
toxicant the community is adapted to and consequently to determine the nature of
the chronic contamination affecting river biofilms at this site. Rotter et al. [140]
followed this approach in a field study on the river Elbe basin (Germany). They
could discriminate river biofilms of a site polluted by the herbicide prometryn from
reference biofilms based on their resistance to prometryn. The use of PICT
bioassays could then contribute to investigative monitoring to identify the causes
of ecological impairment.

A set of in situ and cost-effective bioassays with caged, single species of
macroinvertebrates based on feeding and growth responses have permitted
detecting lethal and sublethal responses that are biologically linked with key
ecological processes such as detritus processing and algal grazing rates, and with
specific toxicological mechanisms [145]. Here we also provide two examples of the
use of in situ bioassays to identify major pesticides that may cause detrimental
effects in crustacean and bivalve species affected by agricultural pollution.
Investigations were carried out using freshwater clams (Corbicula fluminea) and
Daphnia magna individuals transplanted in the main drainage channels that collect
the effluents coming from agriculture fields in the Ebro Delta (NE Spain) during the
main growing season of rice (from May to August) [121, 131]. The Ebro Delta,
located at the end of the largest Spanish river “The Ebro river”, holds 21,600 Ha of
rice fields, producing 113,500 Tons of rice per year. Barata et al. [121], using
transplanted Daphnia magna individuals, found a good correlation between the
levels of the organophorous insecticide fenitrothion in water, toxicity responses,
and the inhibition of acethylcholinesterase. Damasio et al. [131] in caged clams
reported that eight out of the nine biomarkers’ analyses showed significant
differences among sites within and/or across months. Antioxidant and esterase
enzyme responses were in most cases inhibited in clams transplanted in drainage
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channels heavily polluted with pesticides. Conversely, lipid peroxidation levels
increased steadily from May in upstream stations to August in drainage channels.
Damasio et al. [131] used a Multivariate Partial Least Square Projections to Latent
Structures regression analyses (PLS), which aims to establish relationships between
the environmental variables and biological responses, to identify chemical con-
taminants causing the most adverse effects in the studied species. According to PLS
analyses, the environmental parameters that affected most biological responses and
had higher effects (high Vip scores) were endosulfan, DDTs, Hexachlobenzene,
Alkylphenols, Cu and Hg concentration levels in organisms, and the concentrations
of the acidic herbicides, propanil, phenylureas, and temperature in water. PLS
results also revealed the presence of additive or antagonistic effects among envi-
ronmental parameters. For example, glutathione-S-transferase activities were
negatively correlated to endosulfan, acidic herbicides, and temperature and were
positively correlated with Hg and PAHs. Catalase activities only showed negative
relationships. Glutathione peroxidase activities despite being affected by different
factors shared in common their negative relationship with levels of acidic
herbicides and endosulfan. Cholinesterase activities showed a different pattern,
being negatively correlated to temperature, Cu, and Hg and positively affected
by the rest of parameters. Levels of lipid peroxidation were positively correlated
to the concentrations of the major pesticides including phenylureas, propanil,
and endosulfan with negative contributions of Hg and Cu. In summary, PLS
results performed on biomarker responses of transplanted clams and contaminant
levels indicated that endosulfan, propanil, and phenylureas were the chemical
contaminants causing the most adverse effects in the studied species.

4.2 Multivariate Analyses of Chemical and Biomarkers
Response in Passive Monitoring

The integrated use of chemical analyses and biochemical and cellular responses
to pollutants can be very useful for detecting exposure to anthropogenic con-
taminants in freshwater systems and to guide studies on cause—effect relationships.
Moreover, since in real field situations aquatic organisms are exposed to multiple
chemical contaminants involving different toxicity mechanisms, each contributing
to a final overall adverse effect, the use of a large set of biochemical responses may
allow us to identify which are the potential hazardous contaminants in the field
[131, 146, 147].

Field monitoring studies on river biofilms focused on structural parameters such
as diatom community composition rather than on more functional parameters. The
use of diatom community composition as an indicator of water quality is discussed
in a following chapter [16] and here, we focus on the use of other biomarkers in a
multivariate approach to determine impacts of pollutant and indicate potential main
sources of contamination. These approaches are rare but still promising. One of



Advances in the Multibiomarker Approach for Risk Assessment in Aquatic Ecosystems 167

these studies was conducted in the highly polluted river Llobregat (Spain) by Ricart
et al. [148]. Along with the analyses of water physicochemistry and of pesticides
concentrations, they combined the measure of different biomarkers of the autotroph
(chlorophyll a concentration, photosynthetic parameters, and EPS content) and
heterotroph (extracellular enzymatic activities of glucosidase, peptidase, and phos-
phatase) components of river biofilms with the determination of diatom community
composition. A partial redundancy direct analysis (RDA) showed that pesticides’
concentration explained a major part of variance of chlorophyll a response
(91.57%) and of photosynthetic efficiency (77.75%) and capacity (60.94%), while
variance in extracellular enzymatic activities was mostly explained by physico-
chemical parameters. Among the pesticides detected, organophosphates and
phenylureas accounted for the major part of the explained variance. Based on
these results, the authors pointed out the need of further laboratory tests to confirm
causality [148]. In this example, the correlation between an impact parameter
(reduction of primary production) and the presence of some chemicals (pesticides
and more precisely organophosphates and phenylureas) could be identified thanks
to an integrated use of chemical analyses, biomarkers, and appropriate statistics.
Several studies also showed that the use of individual and physiological
responses of keystone macroinvertebrates may provide additional information
about water quality characteristics [130, 131, 149]. Recently, a large set of bio-
chemical markers were developed and used in field-collected caddisflies of the
tolerant species Hydropsyche exocellata and in transplanted Daphnia magna to
monitor pollution and ecological quality of water in Mediterranean Rivers [130,
149-151]. The studies were conducted in two rivers, the Llobregat and Besds river
basins (NE Spain), whose natural resources have been greatly affected by human
activities such as agriculture, urbanization, salinization, and an intensive water
use for human consumption (supplying water to many urban areas including
Barcelona city). The results obtained indicated that biomarkers responded more
specifically to water pollutants than individuals or species responses. In one of these

Table 1 Biomarkers of river biofilms, macroinvertebrates, and fish recommended to be used in
routine and investigative monitoring

Routine River biofilms Photosynthetic efficiency
monitoring  Macroinvertebrates Biotransformation enzymes (GST)
Oxidative stress (CAT), cholinesterases (ChE)
Damage (lipid peroxidation)

Fish Cytochrome P4501A
Metallothioneins
Vitellogenin
Investigative River biofilms PICT bioassays based on photosynthetic efficiency
monitoring PICT bioassays based on extracellular enzymatic

activities (peptidase, glucosidase, and phosphatase)
Macroinvertebrates Biotransformation enzymes (GST, MT)

Oxidative stress (SOD, CAT, GPX, GR, GSH),
cholinesterase

Damage (lipid peroxidation, DNA strand breaks, carboryl)
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studies, Damasio et al. [130] used a Multivariate Partial Least Square Projections to
Latent Structures regression analyses (PLS). From up to 20 environmental variables
considered, six of them: habitat degradation, suspended solids, and nitrogenous and
conductivity-related parameters affected macroinvertebrate assemblages. On the
other hand, levels of organophosphorous compounds and polycyclic aromatic
hydrocarbons were high enough to trigger cholinesterase activities and feeding
rates of transplanted D. magna, respectively. More recently, Puertolas et al. [149]
showed that biomarkers of transplanted Daphnia and of field-collected caddisflies
but not species diversity responded to the application of glyphosate. Effects
included oxidative stress-related responses such as increased antioxidant enzyme
activities related with the metabolism of glutathione and increased levels of lipid
peroxidation. These results emphasize the importance of combining chemical,
ecological, and specific biological responses to identify ecological effects of
pesticides in the field.

5 Challenges and Perspectives

5.1 How to Use the Already Developed Biomarkers?

The data presented in this chapter showed that biomarkers can be used successfully
to point to ecological risks of toxic pollutants in river biofilms, freshwater
macroinvertebrate species, and fish in the field. In Table 1, we present a list of
biomarkers which have been sufficiently investigated to be used as diagnostic tools
in routine or investigative monitoring. To succeed in doing so the six following
aspects have to be considered:

1. Select keystone species in macroinvertebrates and fish studies.
2. Choose a large battery of markers representing different metabolic detoxification-
effect paths and different essential processes in rivers.

. Select appropriate reference sites and if required use translocation experiments.

4. Combine biomarkers with other measurements of ecological quality (in situ
bioassays, biological indexes, and biodiversity).

5. Complement biomarker work with a thorough physicochemical analysis of the
studied sites and organisms.

6. Be careful in your data interpretation; correlations between chemicals, biomarkers,
and ecological parameters are not cause—effect relations.

(98]

Although less important it is also highly recommended to use appropriate multi-
variate methods to relate environmental factors with biological responses. Provided
that many pollutants are usually highly correlated (i.e., high co-correlations among
the concentrations of the different pesticides applied simultaneously) the use of
Principal Component and Partial Least Square regression (PLS) methods is highly
recommended.
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5.2 Limitations of Biomarkers

So far, biomarkers were not successfully implemented with ERA procedure
because they did not provide evident links between exposure situations and the
resulting ecological effect. Indeed, most of biomarkers studies still focused on a
cause—effect relationship between one biomarker and one chemical. It is essential to
be able to link biomarkers’ changes with effects at higher levels of organization to
derive ecological understanding. That is why we recommend biomarkers to be used
as diagnostic tools in an integrated monitoring strategy combining the biomarkers
with analytical (bioanalytics and chemical analytics), experimental, and ecological
tools [114-116].

5.3 What Is Still Missing?

The studies presenting the successful application of biomarkers in an ecological
risk assessment are rare and different points are still missing to make it possible.

Likewise biological indexes, standardized protocols for sampling, biomarker
determination, and interpretation across species should be established before
biomarkers could be used in ecological risk assessment. Moreover, biomarkers
development should address different points including:

1. The evaluation of biomarkers specificity: which kind of toxicants can be linked
to biomarker response?

2. The determination of biomarkers’ sensitivity to environmental variations: how
biomarker response is influenced by flow velocity, temperature, light intensity,
salinity, oxygen levels, and ammonia, among others?

3. The exploration of the biomarkers’ variations through different levels of
biological organization: which are the consequences of biomarker variations at
higher levels of biological organization?

Different physiological biomarkers showed nonlinear response; therefore, spe-
cial effort should be put on modeling the response of such biomarkers and ease their
interpretation. Indeed well-fit and understandable models of biomarkers’ response
combined with extensive knowledge on biomarkers’ effects through increasing
levels of biological organization may help to predict future scenarios.

Omics technologies are aiming at comprehensively studying responses of
biological systems to a wide variety of factors. Thus, in principle these technologies
offer a new alternative to discover biomarkers as shown by successful studies on
macroinvertebrates. But the implementation of omics within ecological risk assess-
ment was recognized as one of the biggest challenges for ecotoxicologist (Ankley
2006 [84]). Indeed, while omics technologies can be currently used in macroinver-
tebrates or fish studies, their use is still limited to the genetic information available
(genome sequences and annotation). The application of transcriptomic to
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communities such as river biofilms represents major challenges due to the simulta-
neous presence and activity of hundreds of different species not genetically
characterized [152]. Functional Gene Arrays (FGAs) based on consensus sequences
from genes of key processes may partially overcome these limitations and allow
gene expression of communities to be monitored [153]. Consensus sequences used
to design FGAs’ probes result from the alignment of various genes from known
species and are also expected to be found in nonsequenced organisms [154]. One of
the most complete FGAs developed is the GeoChip 2.0 that covers more than
10,000 microbial genes in more than 150 functional groups involved mainly in
biogeochemical cycling processes [155]. Preliminary experiment showed that such
an array can be successfully developed for the autotroph component of the river
biofilm communities based on genetic information available for diatoms and
chorophytes [125]. This FGA could be then used in ecotoxicological tests to
determine the effects of a chemical on different important processes related
to primary production, nutrient utilization, or antioxidant protection in biofilms.
Quantification of the changes occurring in the genes detected can further be done by
RT-qPCR (Dorak 2006 [158]). However, since the extrapolation of genes’
variations to changes at higher levels of organization is likely to be influenced by
many regulation mechanisms, this screening is a prognostic tool to indicate which
processes are at risk and should be investigated at higher levels of biological
organization (e.g. protein concentration, enzymatic activity, and photosynthesis/
respiration).

Indeed, all omics technologies may be considered as prognostic tools to guide
further detection of adverse outcome. Recently, the adverse outcome pathways
were proposed as frame in which classical ecotoxicological knowledge and omics
result could be organized to link exposure to a toxicant to subsequent adverse effect
[111]. This is a first step toward the good integration of omics and the related
biomarkers within the ecological risk assessment procedures.
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1 General Introduction

Among the long list of compounds included in the Priority Pollutants (PP)
list (European Water Framework Directive 2000/60/EC [1]) and those not included
but considered also of environmental concern, few studies demonstrate their real
impact on fluvial ecosystems. Discriminating the influence of environmental
variability from chemical pressure on the biota is a challenging issue. It is necessary
to detect joint and specific effects of simultaneously co-occurring stressors.
This difficult task requires an interdisciplinary approach including environmental
chemistry, toxicology, ecotoxicology, ecology, etc., and also a multiscale perspec-
tive from field investigations to laboratory experiments, microcosm, mesocosm
studies, and back to the field in order to establish cause-and-effect relationships.

The change of scale is easily achieved working with fluvial communities.
Exposure might be done under controlled experimental conditions in microcosms
and mesocosms or in the field where the response can be evaluated under real
exposure conditions. It allows defining non-effect concentrations, and also
assessing the effects of different types of stress alone or in conjunction (multiple
stressors). In contrast to single-species tests, ecotoxicological studies with com-
munities involve a higher degree of ecological realism, allowing the simultaneous
exposure of many species. Furthermore, it is possible to investigate community
responses after both acute and chronic exposure, including the evaluation of direct
and indirect toxic effects on entire communities.

In particular, fluvial biofilm and benthic macroinvertebrate communities fulfill
these conditions and have been used to investigate single- and multiple-stress
situations at different spatial and temporal scales.
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Fluvial biofilms (also known as phytobenthos or periphyton) are attached
communities consisting of cyanobacteria, algae, bacteria, protozoa, and fungi
embedded within a polysaccharide matrix [2]. In rivers, these communities are
the first to interact with dissolved substances such as nutrients, organic matter, and
toxicants. Biofilms can actively influence the sorption, desorption, and decomposi-
tion of pollutants. Fluvial biofilms are relatively simple and easy to investigate
compared to other communities (i.e., macroinvertebrate or fish communities).

Biological monitoring programs employed by state and federal agencies to
assess effects of contaminants have routinely focused on benthic macroinvertebrate
communities. Benthic macroinvertebrates are exposed to contaminants in water,
sediment, and biofilm, providing a direct pathway to higher trophic levels. Because
of considerable variation in sensitivity among species, community composition and
the distribution and abundance of benthic macroinvertebrates are useful measures
of ecological integrity.

The main aim of this chapter is to present key studies dealing with priority and
emerging pollutants that provided clues to link field observations with causality
following a community ecotoxicology approach.

While not being an exhaustive review, 100 different investigations have been
analyzed, including field and laboratory investigations, most of them dealing with
metals and pesticides (90), but several investigations focused on emerging
compounds (10) are also provided (Fig. 1).
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Fig. 1 Summary of field and experimental investigations addressing the effect of toxic exposure
on biofilm and macroinvertebrate communities. Studies are grouped on the basis of the type of
chemical investigated: metals, pesticides, and emerging compounds
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2 Field Investigations Used to Generate Hypotheses

Field investigations, although being the basis of ecotoxicological research, have a
high uncertainty linked to environmental variability. Fluvial ecosystems are very
dynamic and complex systems, requiring the compilation and statistical analysis of
extensive sets of samples and environmental data to characterize the exposure and
response of their living organisms. This holistic approach, commonly used in
ecology, is less extended in ecotoxicology (see [3] for more details).

Uncertainty might be reduced depending on the scale, type of pollution, and set of
response variables investigated (Fig. 2). Large-scale studies are influenced by
regional scale variability that may conceal the effects of human impacts. Therefore,
human impacts may be better detected in small-scale studies, including reference
and impacted situations, within a restricted range of environmental variability [124].
The presence of a specific or dominating type of pollution may also contribute to link
causes and effects. The effects of toxic exposure, although being present, are more
difficult to detect under multiple-stress situations with many chemical compounds
occurring at low concentration and environmental stress factors affecting the biota.
Choosing an appropriate set of response variables may allow identifying different
types of stress and their ecological consequences (Fig. 2).

The link between chemical pollution and ecosystem damage has been addressed
in mining areas (e.g., [4, 5]). Metal pollution in other environments is less

Scale Type of pollution Response variables
- Spatial - Intensity - Sensitivity
- Temporal - Duration - Specificity

- Variety - Variety

Confounding factors
- Influence of the environment on toxicity
o Seasonality, nutrient status, discharge...
- Chemical complexity
o Bioavailability, biotransformation and degradation
products
o Mixture toxicity
- Biological interaction
o Direct vs indirect effects, trophic chain effects
- Co-tolerance

Fig. 2 Scheme showing the main factors influencing the degree of uncertainty in field studies
aiming to assess the impact of chemical pollution on natural communities: scale, type of pollution,
and set of response variables investigated. Reducing uncertainty will allow to distinguish
biological effects caused by toxic exposure from other confounding factors caused by environ-
mental variability, chemical complexity, biological interactions, or co-tolerance
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documented. Influences of pesticide pollution or other contaminants received less
attention. Emerging pollutants (a group where pharmaceuticals, nanomaterials, the
family of perfluorinated compounds, hormones, endocrine disrupting compounds,
pesticide degradation products, and newly synthesized pesticides and others are
included) are unregulated pollutants, but may be candidates for future regulation
depending on research on their potential health effects and monitoring data regard-
ing their occurrence in ecosystems [6]. Their occurrence in aquatic ecosystems has
been recently detected and/or their effects on biota recently investigated [7-9].

Many field investigations on metal, pesticides, herbicides, and emerging
compounds’s toxicity were focused on biofilms, the basis of the food chain, and
consumers, mainly macroinvertebrate communities.

2.1 Biofilms

Different types of field studies have been performed to assess the effects of metal
and organic contamination on fluvial biofilms (Table 1) such as seasonal monitor-
ing [10], biofilm translocation experiments [11, 12], sampling before and after
impact [13, 14], and the study of tolerance induction [15-20].

A key aspect in many ecotoxicological studies is to link water concentration with
real exposure conditions due to the variety of factors influencing bioavailabilty
and/or the stability of a compound. In the case of biofilms, the analysis of the
chemical concentration within the biofilm matrix may contribute to partially over-
come this constrain. Evidence of the link between metal exposure (water concen-
tration) and metal contents in biofilms is provided in Behra et al. [21]; Meylan et al.
[22]; Le Faucher et al. [23], and also between sediment and biofilm metal
concentrations [24] (Table 1), highlighting their possible effects through the trophic
chain [25]. Internal concentrations are more difficult to assess and less reported for
organic toxic compounds [26].

The link between metal pollution and community changes has been shown in
many field studies (see [27] for more details). In particular, the effects of metals on
diatom communities have been well documented in mining areas. Hill et al. [13]
evaluated the effects of elevated concentrations of metals (Cd, Cu, and Zn) on stream
periphyton in the Eagle River, which is a mining impacted river in central Colorado.
They found differences in diatom taxa richness, community similarity, biomass,
chlorophyll a (chl-a), and the autotrophic index (AI) that were able to separate
metal-contaminated sites from reference or less impacted sites. Sabater [14] evalua-
ted the impact of a mine tailings spill on the diatom communities of the Guadiamar
River (SW Spain) showing a clear decrease of diversity (Shannon—Wiener index)
and water quality diatom indices. Other variables such as the size of individuals were
also attributed to metal pollution in the Riou-Mort [5, 28].

Biomass reduction due to metal toxicity was suggested by Hill et al. [13];
however, these effects were not confirmed in other highly metal-polluted sites
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How to Link Field Observations with Causality? Field and Experimental Approaches

(ponunuod)

[s€] Te 10 90s9g pawLyuods sem [DId uoIniq
[e€] (1002) Te 10 (uonjodiost
I193ue[NOqoT ‘Quizene) (oouelry)
pue oo pauIjuod sem D4 uoInjoIdost pue JUIZEIE 0} AOUBII[O0) AJUNWWOD Padnpul 2nsodxd druoIy) sopronsad £/, IOATY QUBZ()
(vda
Ayanoe onoyiuksoloyd -4'c pue
sajrjoqelow wyyoiq 193JJe 10U pIp YOd-+*¢ JO SUOTRIIUIIUOD [BIUSWUOIIAUD NINdDQA)
SJ1 ueyy oed[e seardym ‘swijgolq orydonojoyd uo $3109JJ0 ULIRI-IUO] PUE S10JJO sajIjoqelow (eouery)
[9€] ‘T 10 90594 10J OIXO) QIOW SeM UOINI WLId)-1I0YS 10q ey NINJDJ PUe UOINIP JO S109JJ9 PAUIqUIOD PuB [enpIAIpU] ) pue uoIniq JIOATY O[[IOION
(77/31) 1918M
ERlIEIEIEN | SyIeway S109Jd ur SjuedIxoJ, $9)IS/ANS
SOPIoNISod
douerreA uonisoduwod
$9103ds wojeIp jo 1red [[ews v paurejdxa s)u2u0d
[1€] SIUDIUOD 19JBM URL) QATISUIS [e1oW WYOIg SIS 9OUAIJAI UT URY) 19IBAIT X G[—¢ (xew) ¢/°0 :qd (ureds gN)
‘[e 19 yosenn QI0Ul SJUIUOI [ejoUl WyoIg $9JIs pajoedwil-uBwINY Ul SJUSJUOD [BIOUI WYOIq PUR IdJBA\ ‘08 UZ ‘80°0 :PD ‘T'H :nD IOATY eIAN]]
uononpal A)191X0) (oassouua,
[e19W 0] PAINQLIIE W) I9AO P-[YD UI ASBAIOU] "GH6] UL ‘a8pry
uonuajal SWYoiq 03 pAanqLe (A[oAnoadsar) 1918l X ()G PUB ‘G ‘f 2IOM SIUAIUOD [RIdW (xew) ¢7 NeQ) NRRID

[sz] e w IH
[ez] e 10
Ioyone o]
‘[ec]

‘Te 39 Ue[ASN

WEDISUMOP UOIONPAI [EIOIN

uone[nunode [ejour

Ay Apuanbasqns pue ‘uoneroads
[eIoU Q) PAOUANYUT SJUSAD UTRY

wyoiq pD pue ‘Uz ‘n) :so)Is 90uIjal 0} uostredwod uy

Uz ‘6T’0 ‘PO ‘I'¢ ‘D

“(XeW (67 “,LT)

SJuUA? urer Suump A[dodls
PASEIOUT SUOTIEIIUIIUOD [EIOW PAGIOSPE PUB PIA[OSSI(
SQJIS QOUAIQJAI U

9'6-6'C ‘UZ ‘(xew
91 %$6'8) §'L=C'T D

1erdod 10, Iseq

(pueIaZIMG)
weaxns yoequnj

T ueq) panfjod ur _YSIY X ¢/ [-G¢ SIULIUO0D wyorg (puelI9Z1IMG)

Anpiqereaeolq uo uondiospe SIUSWIPAS pue W{YoIq Ul SJUAJUOD (paingod [ejow pue joI) JOATY Iy,
[12] ‘Te 10 vIyog uo uonerdads Jo aouanpuy [e10W paseardur Aq pajodpal Uz pue nY) IoJem Ul SISBAIOU] LE—L'0 UZ ‘010 :nD pue sug
Mo

uonisodwod sardads worerp (xew) ¢ :3H ‘01 SV

[1€] PUB UOTBIIUIOUOD UM UOTIR[I 1004 'S9IIS Auewl UL ‘€9 :uzZ ‘08 \IN ‘01 :ad ST=N
‘[B 19 YOSenD)  S109JJ0 S[eIOW PIYSBUI S}OJJJO 9[LOS Ay1o1x0) Tenuajod pajedrpur (JIu) UOLIILD dATR[NWND) NDD ‘0S D ‘99 11D ‘g0 :pD  (uredg FN) ueere)

SAIPNJS 9)BIQILIIAUTOIORUI IV PUE D-TUYD JOMO] (SANTULIOJOP QA[BA JO 9SBIOUT opeIo[0)
[€1] TR 30 [ITH M JUSWAITE UT SINSAY ‘saus painjod-[elow ut JuaIdyyip uonisodwod saroads worelq 009 :2d ‘81