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Introduction

The prevention and minimization of the impact
of invasive alien species has become a priority on
the agenda of the international community
because of their negative impact on biodiversity,
economy and public health. This has led in
recent years to the development of tools (legal,
technical, etc.) and programmes. It has become
clear that the scale of the problem requires an
interdisciplinary approach, the planning of long-
term actions (strategic perspective), and urgency.

Biological invasions are a global problem
whose local impact can be of great magnitude.
Effective responses are needed, cooperation and
coordination among countries and/or different
sectors of society are a must. In this frame, scien-
tific research is fundamental to improving knowl-
edge on invasive alien species and developing
new methodologies to fight them.

Big steps to improve the understanding of bio-
logical invasions have been taken in recent years
thanks to the increase of basic research in this
field. However, in spite of the successes obtained
and enlightening information gained on ‘the bio-
logical invasions phenomenon’, there are still
many gaps to be filled. The implementation of
models, the improvement of mitigation methods
(more effective and more environmentally
friendly) and prevention techniques (e.g. risk
analysis) are a priority. However given that inva-
sive alien species represent a global threat, it is
necessary to make the best use of the current
information available.

It is absolutely necessary to optimise the
efforts in scientific research, establishing mecha-
nisms to develop the exchange of information
on invasive alien species, keeping in mind that
in the case of biological invasions solutions to a
problem may be found in other parts of the
world.

In this spirit and with the objective, among
others, of combining and sharing the experiences

on biological invasions carried out in Spain, the
GEI (Grupo Especies Invasoras) organised the
First National Conference on Invasive Alien
Species in 2003. More than 150 people from dif-
ferent parts of the peninsula and from other
countries belonging to different institutions (uni-
versities, public administration, NGOs)
responded to this ‘call for action’ and partici-
pated in the conference.

The present publication, which contains some
of the contributions of the First National Con-
ference on Invasive Alien species, aims to
increase global knowledge on invasive alien spe-
cies.

For editing this issue we counted on the help
of a large number of people. We are grateful
to the authors for their contributions and full
response to the suggestions and requirement of
the editors. The committee of referees played a
very important role in the project. To all of
them, for their patient work, invaluable intellec-
tual contribution and support, our most sincere
thanks. Our gratitude goes to James T. Carlton
and James Drake, who have succeeded each
other in the scientific direction of Biological
Invasions, for having granted us the opportu-
nity to publish the present issue and for super-
vising its scientific quality. We owe thanks to
Springer and, in particular, to Suzanne Mek-
king and Ellen Girmscheid who have helped
bring this project to completion.

We are deeply indebted to all the institutions
who sponsored the conference, especially to Fun-
dación Biodiversidad, which funded, among
other things, the present edition.

Thanks are also due to the GISP (Global Inva-
sive Species Programme), ISSG/IUCN (Invasive
Species Specialists Group/World Conservation
Union) and COE (Council of Europe), who have
supported our work and participated in the con-
ference.
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Last, but not least, we extend our warmest
thanks to Maj de Poorter, Piero Genovesi,
Michel Pascal, Steve Raaymakers, Eladio Fern-
ández-Galiano Daniel Simberloff, Richard N.
Mack and Ana Isabel Queiroz for their constant
and ever present help and support.
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Abstract

In the last two centuries, several species of Australian eucalypts (e.g. Eucalyptus camaldulensis and
E. globulus) were introduced into the Iberian Peninsula for the production of paper pulp. The effects of
the introduction of exotic root-symbitotic fungi together with the eucalypts have received little atten-
tion. During the past years, we have investigated the biology of ectomycorrhizal fungi in eucalypt plan-
tations in the Iberian Peninsula. In the plantations studied, we found fruit bodies of several Australian
ectomycorrhizal fungi and identified their ectomycorrhizas with DNA molecular markers. The most fre-
quent species were Hydnangium carneum, Hymenogaster albus, Hysterangium inflatum, Labyrinthomyces
donkii, Laccaria fraterna, Pisolithus albus, P. microcarpus, Rhulandiella berolinensis, Setchelliogaster
rheophyllus, and Tricholoma eucalypticum. These fungi were likely brought from Australia together with
the eucalypts, and they seem to have facilitated the establishment of eucalypt plantations and their nat-
uralization. The dispersion of Australian fungal propagules may be facilitating the spread of eucalypts
along watercourses in semiarid regions increasing the water lost. Because ectomycorrhizal fungi are obli-
gate symbionts, their capacity to persist after eradication of eucalypt stands, and/or to extend beyond
forest plantations, would rely on the possibility to find compatible native host trees, and to outcompete
the native ectomycorrhizal fungi. Here we illustrate the case of the Australasian species Laccaria frater-
na, which fruits in Mediterranean shrublands of ectomycorrhizal species of Cistus (rockroses). We need
to know which other Australasian fungi extend to the native ecosystems, if we are to predict environ-
mental risks associated with the introduction of Australasian ectomycorrhizal fungi into the Iberian
Peninsula.

Introduction

Alien plants often require mutualistic partners to
overcome barriers to establishment in foreign
environments. Mutualisms that facilitate inva-
sions occur at several phases of the life cycle of
alien invading plants. However, even when wind
and native generalist animals mediate flower pol-
lination and seed spread, the lack of compatible
mycorrhizal symbionts can limit the spread of
alien plants (Richardson et al. 2000a).

Mycorrhizal fungi are essential in plant nutri-
tion in terrestrial ecosystems, and terrestrial
plants present different types of obligate mycor-
rhizal symbioses. Herbs and shrubs form arbuscu-
lar mycorrhizas (AM) with glomales (Smith and
Read 1997). The low specificity of AM relation-
ships and the easy acquisition of mutualistic sym-
bionts by herbs and shrubs in any ecosystems are
important reasons for so many ecosystems being
susceptible to invasion by alien plants. As a con-
sequence, the introduction of AM fungi does not

Biological Invasions (2005) 7: 3–15 � Springer 2005



seem to play a major role in mediating plant inva-
sions, except on some remote islands that are
poor in AM fungi (Richardson et al. 2000a).
Most forest trees, however, associate with a group
of basidiomycetes and ascomycetes forming ecto-
mycorrhizas (ECM) (Newman and Reddell 1987).
Ectomycorrhizal symbioses present a range of
host–fungus specificities. For this reason, exotic
forestry has often needed the introduction of
compatible ectomycorrhizal fungal symbionts
(Grove and Le Tacon 1993). For many non-
native trees, notably for pines and eucalypts, the
lack of symbionts was a major barrier to estab-
lishment and invasion in the southern hemisphere,
before the build-up of inoculums through human
activity (Armstrong and Hensbergen 1996; Davis
et al. 1996; Richardson et al. 2000a). The role of
ECM fungi in facilitating the establishment and
invasion of alien trees was claimed by Richardson
et al. (1994) to explain the invasion patterns of
pines in South Africa. Little investigation, how-
ever, has been done on the role played by the
ECM fungi in the naturalization of eucalypts
beyond their natural range.

This paper provides a framework for thinking
about the effects of the introduction of exotic
fungi with plantations of exotic forest trees. Dif-
ferent sections will deal with aspects of the inva-
sion biology of eucalypts and their ECM fungi.
We first lay the groundwork for our paper by
briefly introducing the history of the exotic for-
estry and several terms used in studies of biologi-
cal invasions. The paper will be illustrated with a
study conducted on exotic plantations of eucalyp-
ts in the Iberian Peninsula. We will describe ecto-
mycorrhizal communities of Australasian fungi
present in these plantations. We will next analyze
the role that ECM fungi plays in promoting (or
limiting) invasion rates of the eucalypts intro-
duced. The central core of the paper will try to
explain the lags between the introduction and the
spread of the eucalypts, as a factor that depends
on the dispersion of propagules of introduced
ECM fungi. We report host shifts of Australian
fungi to native ectomycorrhizal plants detected to
date. We discuss whether the introduced fungi
could threaten natural communities of ECM
fungi by out-competing the native ECM fungi
from their natural hosts. This work includes an
analysis of the potential effects of the invasion of
these exotic fungi in the nutrient cycling of Medi-

terranean forests. To the best of our knowledge,
this is the first investigation dealing with the inva-
sion ecology of exotic ECM fungi.

Exotic forestry: invasions of alien trees

Origin of exotic forestry

There is evidence of large-scale forestation in the
ancient Mediterranean basin, where timber- and
crop-producing trees were planted as long ago as
255 B.C. (Zobel et al. 1987). Inspite of its long
history, the scale of forestry remained small until
recently. Large-scale forestry was not widespread
until the second half of the 20th century (Zobel
et al. 1987), when pines and eucalypts were
widely planted outside their natural ranges.
Pines, which comprise only Holarctic species,
were planted in South America, South Africa
and Australia. The Australasian eucalypts were
planted worldwide. In particular, the need for
increased wood production to improve living
conditions made the genus Eucalyptus one of the
most widely planted silvicultural crops. In addi-
tion, in many damaged ecosystems, afforestation
with alien eucalypts was driven by the belief that
such plantings were beneficial to the environment
(Zobel et al. 1987).

Naturalization and invasion of pines and eucalypts

In this paper, we will use the following three con-
cepts: introduction, naturalization and invasion,
as defined by Richardson et al. (2000b). A tree
introduction takes place when humans transport
a tree across a geographical barrier to a new area.
Naturalization refers to the species establishing
new self-perpetuating populations and becoming
incorporated within the native flora. The natural-
ized trees regenerate freely, but mainly under their
own canopies. In contrast, invasive species recruit
seedlings, often in very large numbers, at long dis-
tances from parent plants (often more than
100 m). Only some of the naturalized plants
become invasive, producing important environ-
mental or economical damages.

All trees that are widely planted in alien envi-
ronments can become invasive and spread under
certain conditions (Richardson 1998). Conse-
quently, the use of exotic trees has often caused
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environmental damages in different parts of the
world (Binggeli 1996). The species that cause the
greatest problems are generally those planted
most widely and for the longest time (Pryor
1991; Rejmánek and Richardson 1996). Accord-
ing to Higgins and Richardson (1998), at least 19
Pinus species are invaders of natural ecosystems
in the southern hemisphere; four of the most
widespread invasive pines are P. halepensis, P. pa-
tula, P. pinaster and P. radiata (Higgins and
Richardson 1998; Richardson et al. 1990).

The genus Eucalyptus L’Hérit (Myrtaceae) com-
prises evergreen woody plants, including shrubs
and forest trees (nearly 600 species), which are
confined in natural occurrence entirely to the Aus-
tralasian region, Papua, New Guinea and Timor
(Pryor 1976). More than 43 species of eucalypt
trees are planted outside their natural geographic
distribution. Eucalypts are planted on a large scale
to provide a short rotation crop yielding wood
and paper pulp for industrial use (Eldridge et al.
1994). Although less invasive than pines, several
species of eucalypts already caused problems as
invaders in South Africa (Richardson 1998;
Richardson et al. 2000a). Eucalypts are repre-
sented on many weed lists from other parts of the
world, including California (Warner 1999) and
peninsular Spain (Sanz-Elorza et al. 2001). Signifi-
cant impacts might result from the introduction of
eucalypts into Spain and some transformation on
various ecosystem properties; specially changes in
grasslands and scrubland habitats. Ecology and
environmental politics dictate the desirability of
maintaining Mediterranean grasslands and scrub-
lands due to their high diversity in endemic plants
and because these ecosystems are the natural habi-
tats for many local wildlife. Eucalypt invasions
can cause shifts in life-form dominance, reduced
diversity, disruption of prevailing vegetation
dynamics, and changing nutrient cycling patterns.
Hence, eucalypt plantations are increasingly caus-
ing major conflicts between Spanish foresters, pol-
iticians and conservationists.

Role of ectomycorrhizal fungi in exotic forestry

Mycorrhizas of herbs, shrubs and forest trees

Mutualistic interactions between fungi and plant
roots are common in the plant kingdom, includ-

ing mycorrhizal symbioses. In most mycorrhizal
symbioses, the fungal partner supplies nutrients
to the host plant in exchange for photosynthetic
carbon, and may offer protection against patho-
gens, toxins and drought (Smith and Read 1997).
The main types of mycorrhizal symbioses differ
in the anatomy of the mycorrhiza, which is a
mixed root-fungus structure at which nutrient
interchanges take place (Smith and Read 1997).
Most Mediterranean plants are mycorrhizal with
different types of fungi. Herbs and shrubs mainly
associate with glomales to form arbuscular
mycorrhizas (AM), which is by far the most com-
mon mycorrhizal symbiosis in the Mediterranean
terrestrial ecosystems (Dı́ez 1998). A restricted
group of plants form particular types of mycor-
rhizas with a range of particular ascomycetes and
basidiomycetes, such as the Ericales and Orchi-
dales. However, most forest trees form ectomy-
corrhizas (EM) with a polyphyletic group of
basidiomycetes and ascomycetes (Smith and
Read 1997; Hibbett et al. 2000).

Forest trees are obligate ectomycorrhizal plants

Pines and eucalypts are obligate ectomycorrhizal
trees, which depend on these mutualistic symbio-
ses for nutrient uptake in natural conditions
(Smith and Read 1997). Ectomycorrhizal symbio-
ses are essential in the mobilization of nutrients in
soil forests (Fahey 1992; Read and Pérez-Moreno
2003). In natural conditions, these forest trees rely
on the ectomycorrhizal fungi, which colonize the
root cortex and form a nutrient-gathering ‘organ’
called ectomycorrhiza (Smith and Read 1997). Ec-
tomycorrhizas are almost exclusive to forest trees.
In the Mediterranean, only a restricted group of
shrubs in the Cistaceae (Cistus spp., called rock-
roses) forms EM, in which are involved a range of
endemic ascomycetes and basidiomycetes (Dı́ez
1998). Ectomycorrhizas are characterized struc-
turally by the presence of a dense mass of fungal
mycelium surrounding the short lateral roots (the
mantle). The mantle originates from the attach-
ment of the fungal hyphae onto epidermal cells,
and the multiplication of hyphae to form a series
of hyphal layers. The fungal mycelium also grows
among the cortical cells, forming the Hartig net.
The Hartig net is the structural and functional
interface between fungal and roots cells. The fun-
gal mantle is connected with a highly extended

5



network of mycelium prospecting the soil and
gathering nutrients. The extra-radical mycelium is
responsible for mobilizing soil nutrients, nutrient
(and water) uptake and transfer to the ectomy-
corrhiza (Peterson and Bonfante 1994). Sclerotia
(and sclerotia-like bodies) are vegetative balls of
hyphae formed by a few species of ECM fungi.
Finally, fruiting bodies arise from discrete points
of the extra-radical mycelium to ensure the sexual
reproduction and the dispersal of the fungal part-
ner (Allen 1991).

The seedlings of forest trees need to be colo-
nized by ectomycorrhizal fungi. In a given bio-
tope, the seedling survival depends on the
presence of the propagules of compatible ectomy-
corrhizal fungi in the soil (spores, sclerotia, or
soil mycelium). Hyphae arising from fungal prop-
agules have a limited capacity to grow and die
unless they come in contact with a root tip of a
compatible host. In the forest, seedlings grow
near mycorrhizal trees and may thus become col-
onized by pre-existing mycorrhizal mycelia of the
living roots of mature trees (Onguene and
Kuyper 2002). In open areas, the fungal hyphae
and then the sclerotia disappear in the long term
in the absence of compatible ECM plants
(Brundrett and Abbott 1995). Thus, the coloniza-
tion of the root seedlings in a new biotope neces-
sarily depends on the spore dispersion from close
forests (Allen 1991). Spores of epigeous (fruiting
aboveground) fungi are mainly dispersed by
wind, whereas mycophagous animals are impor-
tant vectors for dispersing spores of hypogeous
(fruiting below ground) fungi.

Success of exotic forest plantations: the
occurrence of compatible ectomycorrhizal fungi

In the AM symbiosis, the levels of specificity
among host plants and fungal species are low,
and many glomales have a cosmopolitan distri-
bution (Smith and Read 1997). Due to this low
specificity, most invading herbs and shrubs have
no problems to form mycorrhizas with the fungi
of the target habitat (Richardson et al. 2000a). In
contrast, the ECM fungi present different levels
of specificity. A given species of ectomycorrhizal
fungus is usually only able to establish mutualis-
tic symbiosis with a number of species from the
same biogeographic realm, and even more highly
specific interactions occur (Molina et al. 1992).

Specially, Australian ectomycorrhizal plants (e.g.
Eucalyptus, Acacias spp.) have evolved in isola-
tion from the ECM fungal flora associated with
Pinus (and Quercus) in the northern hemisphere
(Halling 2001). This could explain why many (if
not almost all) native fungi from the northern
hemisphere do not associate with eucalypts
in silva, and vice versa.

When a compatible ectomycorrhizal biota is
absent on the plantation site, there is a barrier
for the success of exotic plantations. For this rea-
son, mycorrhizal inoculation of pine and eucalypt
seedlings with forest soil, spores or mycelium of
compatible ECM fungi was often necessary for
the success of exotic plantations of pines (Perry
et al. 1987; Grove and Le Tacon 1993). In the
Southern Hemisphere, pine forestry was delayed
by the lack of suitable ECM fungi until a num-
ber of Holarctic ECM fungi were introduced
with the pines (Dunstan et al. 1998). Some of
these exotic pines eventually invaded a wide
range of systems with the introduction of such
Holartic ECM fungi (Richardson et al. 2000a).

Study areas and methods used to identify the

ectomycorrhizal fungi

Plantations of eucalypts in Spain

Since the last century, the river red gum Eucalyp-
tus camaldulensis Dehnh. and the blue gum
E. globulus Labill. have been used in extensive
plantations in the Iberian Peninsula. Nowadays,
there are around 550,000 ha of eucalypts planta-
tions in Spain, 320,000 ha of E. globulus and
about 180,000 ha of E. camaldulensis. Eucalyptus
camaldulensis is planted mainly in southwestern
Spain (Huelva, Cadiz, Badajoz and Seville), and
E. globulus in the northern regions (Galicia,
Asturias and Santander). Eucalyptus gomphocep-
hala DC is used on basic soils in Murcia and
Almerı́a (southeastern Spain). These eucalypts
are used also in afforestation and agroforestry
(windbreaks, shelter trees, and intercropping of
trees and arable crops). In the Iberian Peninsula,
the inoculation with ectomycorrhizal fungi was
not necessary to ensure the success of many euca-
lypt plantations. Two hypotheses might account
for the lack of need of inoculation: (i) whether
there were native ectomycorrhizal fungal species
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compatible with the eucalypts, (ii) or a range of
ectomycorrhizal fungi native from Australasia
were brought together with the eucalypt seed-
lings. To resolve this question, we have been
investigating the origin of ectomycorrhizal fungi
present in the Iberian plantations of eucalypts.

Study area and sampling strategy

The study area is located in the region of Ex-
tremadura, which is formed by the provinces of
Cáceres and Badajoz, where extensive plantations
with eucalypts took place between 1955 and 1977.
Eucalyptus camaldulensis was by far the most pre-
dominant species, followed by E. globulus. Ex-
tremadura stands out with 14% of the totality of
Spanish plantations of eucalypts. We studied eu-
calypts stands, shelterbelts and road verges. We
sampled watercourses and riparian stands in
which eucalypts became naturalized and invasive.

We sampled fruit bodies and ectomycorrhizal
root tips. The fruit bodies are identified using
morphological features. In some cases, the use of
molecular and phylogenetic methods is necessary
to discriminate among cryptic species (Dı́ez et al.
2001). We collected ectomycorrhizal roots,
because many ectomycorrhizal species do not
fruit, and fruiting patterns do not truly reflect the
belowground community of ECM fungi (Gardes
and Bruns 1996; Horton and Bruns 2001).

Ectomycorrhiza identification: morphological and
molecular methods

Despite the general organization, ectomycorrhi-
zas differ among species in colour, mycelium den-
sity, size, forms and biochemical composition.
Morphological typing of ectomycorrhizas enables
us to identify fungi that seldom or never produce
fruiting bodies. Methods for the morphological
characterization of ectomycorrhizas are described
in Ingleby et al. (1990) and Agerer (1997), who
provided descriptions of ectomycorrhizas and cri-
teria to discriminate species based on morpholog-
ical features and chemical tests. Typing
ectomycorrhizas with morphological methods is
time consuming; and in many cases, it is not con-
clusive, because the ectomycorrhizas have not
been described for many ECM fungi. In addition,
the ectomycorrhizas of one fungal species can
also show different morphologies according to

the host, physiological and environmental condi-
tions (Egger 1995). With such a morphological
approach, we can classify the ectomycorrhizal
tips as much as in morphotypes.

To overcome the problems of morphological
typing, we use molecular methods for the identifi-
cation of ectomycorrhizas, as described in Martı́n
et al. (2000). Such methods are based on the
restriction fragment length polymorphism
(RFLP) of the internal transcribed sequences
(ITS) of the nuclear rDNA. The ITS regions is
amplified for ectomycorrhizal root tips with the
polymerase reaction technique (PCR), using a
thermostable DNA polymerase and primer pairs
annealing at conserved regions of the 18S and
28S ribosomal genes (White et al. 1990). Such
PCR-based methods are of great value in these
kinds of studies (Glen et al. 2001a, b). We
amplify the ITS regions from DNA obtained
from ECM root tips, using fungal-specific prim-
ers to avoid the amplification of plant DNA
(Gardes et al. 1991; Gardes and Bruns 1993).
After cutting the PCR-amplified ITS with restric-
tion enzymes, we obtain RFLP patterns.

To identify the different ectomycorrhizas, we
are compiling a database of RFLP profiles of
fruit bodies, so that we can compare them with
those obtained from ECM roots. This PCR-
RFLP database is of great help in the identifica-
tion of unknown ectomycorrhizas. Most fungal
species show a unique RFLP pattern, and their
ectomycorrhizas can be identified by their PCR-
RFLP profiles. For RFLP patterns not associated
with any of the fruit bodies, direct sequencing of
the ITS regions followed by a ‘Blast research’
(Altschul et al. 1997) in the National Centre for
Biotechnology Information (http://www2.ncbi.
nlm.nih.gov/) enable us to identify the ectomy-
corrhizal morphotypes, with luck, even at the
species level.

Ectomycorrhizal fungi of eucalypt plantations in

the Iberian Peninsula

Species of introduced Australian ectomycorrhizal
fungi

Over our surveys in Iberian plantations of euca-
lypts, we found fungi known only from Australian
forests and eucalypts plantations worldwide
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(Table 1). Our analyses of ECM roots confirmed
the presence of Australian ECM fungi in the euca-
lypt roots of Spanish plantations. Surveys of fruit
body proved that fungi fruiting in the Iberian
plantation of eucalypts are of Australian origin.

The most frequently occurring species in the
Spanish plantations are Hydnangium carneum
Wallr., Hymenosgaster albus (Klotzsch) Berkeley
and Broome, Hysterangium inflatum Rod. (= H.
pterosporum Donadini and Riousset), Labyrinth-
omyces donkii Malen ç. Pisolithus albus (Cke and
Mass.) M.J. Priest, P. microcarpus (Cke and
Mass.) Cunn., Ruhlandiella berolinensis (Henn.)
Diss. and Korf, Laccaria fraterna (Cooke and
Mass.) Sacc. (L. lateritia Malenç), Setchelliogas-
ter rheophyllus (Ber. and Malenç.) G. Moreno
and Kreisel, and Tricholoma eucalypticum Pear-
son. Most of these Australian fungi are able to
fruit under the climatic conditions of the Iberian
Peninsula. Additional ECM fungi, likely unable
to fruit outside their natural range, were detected
belowground during the molecular typing of ec-
tomycorrhizal roots. We identified ectomycorrhi-
zas of Cenococcum geophilum Fr. and several
species of Sebacina and Thelephora. Whether the
C. geophilum, Sebacinia and Thelephora strains
infecting eucalypts in the Iberian plantations are
natives or Australian deserves further studies,
because these species are known to be native to
the area studied.

In Extremadura, the soil dries up in summer,
and most fungi in the eucalypt plantations fruit
in late winter and spring. Some of these species
are secotioids or truffle-like (sequestrate) fungi,
most of them adapted to fruit belowground
(hypogeous fungi). Hydnangium carneum is one
of the most common truffle-like fungi in the
eucalypt stands; which is a gastroid relative of
the agaricoid genus Laccaria; due to its hypoge-
ous habit, this Australian fungus is well adapted
to the conditions of the Mediterranean climate.
We also found the Australian false truffle Hyme-
nogaster albus, which is common in plantations
near the Monfragüe Natural Park. Hysterangium
inflatum is hypogeous relative to Phallus, very
common in the Monfragüe region. Setchelliogas-
ter rheophyllus is another secotioid fungus pres-
ent in eucalypt plantations near Monfragüe and
Badajoz. Rhulandiella berolinensis is considered
specific to Australasian ectomycorrhizal plants,
and is very common in riparian stands of Euca-
lyptus camaldulensis near Mérida (Badajoz). The
main epigeous fungus (fruiting aboveground) was
Laccaria fraterna, which is an agaricoid species
native to Australia and introduced into the Medi-
terranean with eucalypts. To the best of our
knowledge, our collections of Tricholoma euca-
lypticum are among the first records of this fun-
gus outside Australia.

Growing on debris of eucalypts and humus of
eucalypt plantations, we found the Australasian
species Urnula rhytidia (Berk.) Cooke. (Pezizales)
and Discinella terrestris (Berk. and Br.) Dennis
(Leotiales); these two species are regarded as
characteristic of sclerophyllous eucalypt forests
of Australia and Tasmania. There is no reliable
information on whether these fungi are sapro-
phytic or facultatively ectomycorrhizal as many
other pezizales.

In the studied plantations of eucalypts in Ex-
tremadura, we found strains of the Australasian
species Pisolithus albus and P. microcarpus, as
proved with molecular analyses of the ITS
sequences of the nuclear rDNA (Dı́ez et al.
2001). For many years, the name Pisolithus ar-
rhizus (Pers.) Rauscher (synonym of P. tinctorius
[Pers.] Coker and Couch) have been used for all
Pisolithus strains occurring in eucalypt and pine
plantations worldwide, regardless of the host
plant (Cairney 2002). This misunderstanding
occurred because many researchers considered

Table 1. Twelve frequent Australasian fungi that have been

introduced in the Iberian Peninsula together with the euca-

lypts.

Taxonomic

group

Species Habit

Basidiomycetes Laccaria fraternaa Epigeous

Hydnangium carneuma Hypogeous

Hymenogaster albusa Hypogeous

Hysterangium inflatuma Hypogeous

Pisolithus albusa Epigeous

Pisolithus microcarpusa Epigeous

Setchelliogaster rheophyllusa Semi-hypogeous

Tricholoma eucalypticuma Epigeous

Ascomycetes Labyrinthomyces donkiia Hypogeous

Rhulandiella berolinensisa Hypogeous

Discinella terrestrisc Epigeous

Urnula rhytidiab Epigeous

The table also includes a saprophytic fungus and a possible

facultatively ectomycorrhizal fungus of Australasian origin.
a Ectomycorrhyzal.
b Saprophytic, and probably facultatively ectomycorrhizal.
c Saprophytic.
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Pisolithus as a monospecific genus, and P. arhizus
as a fungus with a wide host range (Chambers
and Cairney 1999). However, our molecular anal-
yses proved that the genus Pisolithus comprises
several phylogenetic species, and that each spe-
cies of Pisolithus is confined to hosts from one
single biogeographic realm. Our study also
proved that Pisolithus arhizus is restricted to Hol-
arctic host plants (e.g. Quercus and Pinus spp.)
and does not occur in eucalypt plantations
(Martin et al. 2002). In a previous work (Dı́ez
et al. 2001), we showed that Pisolithus albus and
P. microcarpus fruit in litter and on open ground
and at the edges of eucalyptus plantations, and
on dry and disturbed sites such as gravelly road-
sides in Morocco and Spain. Endemic to Austra-
lia, P. albus and P. microparpus are not restricted
to eucalypts and form ectomycorrhizas with
other Australasian plants; we have found these
two species in association with Australasian aca-
cias in Portugal (Muriel and Dı́ez, unpublished).
The species of Pisolithus native to the Iberian
Peninsula correspond to P. tinctorius, and two
unnamed species, one basophilic species and
another Cistus-specific Pisolithus species (Dı́ez
et al. 2001); these three Holarctic species of Pisol-
ithus never occur in association with eucalypts
(Dı́ez et al. 2001; Martin et al. 2002).

A group of Australasian ectomycorrhizal fungi
were introduced with the eucalypts

The fungi we found in the Iberian plantations of
eucalypts are of Australian origin. These exotic
fungi were likely introduced with eucalypt seed-
lings brought into peninsular Spain before plant
quarantine restrictions were observed. In Austra-
lia, gum seedlings are container grown in nurser-
ies, which are naturally colonized by a limited
number of ectomycorrhizal fungi. Most of these
ECM fungal species may persist during the first
years of eucalypt plantations (Lu et al. 1999).
Foresters probably dispersed these exotic ECM
fungi in soil or eucalypt seedlings worldwide.
Our results are in agreement with investigations
by other mycologists, and there is a growing con-
sensus in a worldwide dispersal of a number of
Australasian ECM fungi together with the euca-
lypts (Giachini et al. 2000). Saprophytic and even
pathogenic fungi seem to have spread worldwide
as well with the eucalypts. In this regard, it has

been suggested that dissemination of the basidio-
mycetous yeast Cryptococcus neoformans, a
human pathogen associated with Eucalyptus
leaves in southern California and India resulted
from the introduction of eucalypts (Casadevall
and Perfect 1998; Chakrabarti et al. 1997).

Do native fungi infect exotic eucalypts in sylva?

In the Iberian Peninsula, there are many native
ECM fungi in association with pines, oaks, and a
restricted number of ectomycorrhizal shrubs (i.e.
Cistus spp.) (Dı́ez 1998). In our surveys, we did
not find Holarctic ECM fungi in the eucalypt
plantations, though propagules of native fungi
are often present on planting sites. We do not
know any reliable evidence of European fungi
forming ectomycorrhizas with eucalypts in natu-
ral conditions in Spain. Because eucalypts have
evolved in isolation from the ectomycorrhizal
mycobiota associated with Pinus and Quercus in
the Holarctic Realm, the native fungi (e.g. Pisoli-
thus tinctorius) might be unable to associate with
eucalypts in silva. Even within each biogeograph-
ic realm, there would exist some level of host-
symbiont specificity. Parladé et al. (1996)
described, in pure culture syntheses, the ability of
native Iberian fungi to colonize several North
American conifers planted in northern Spain.
Such an ability can be easily explained by the
similarities between the fungal floras of North
America and the Iberian Peninsula (Halling
2001), as these two regions belong to the Holarc-
tic Realm. However, some host specificity might
exist, because in tree nurseries and experimental
plantations in northern Spain, native ECM fungi
do not seem to outcompete exotic North Ameri-
can fungi inoculated (or that accidentally infect
seedlings) in tree nurseries (Pera et al. 1999).

Role of the introduction of Australasian

ectomycorrhizal fungi in promoting eucalypt

invasiveness

We now have evidence on the introduction of
Australian ectomycorrhizal fungi with the planta-
tions of eucalypts in the Iberian Peninsula. Such
introductions seem to mediate the naturalization
of eucalypts, because once dense tree plantations
are established, new seedlings can become
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ectomycorrhizal very rapidly through infection
from the established fungal network. In many
cases, the introduced eucalypts compete with
native species, and the eradication of the eucalyp-
ts is difficult, especially in areas with a long hi-
story of large and extensive plantations. In
Spain, the regional and national governments are
promoting the eradication of eucalypts from nat-
ural and national parks.

An example is the National Park of Doñana.
Doñana is well known for its variety of species
of birds, either permanent residents, winter visi-
tors from north and central Europe, or summer
visitors from Africa, such as numerous types of
geese and colourful colonies of flamingo. Do-
ñana’s configuration is the result of its past as
the estuary of the Guadalquivir river, and mainly
consists of beaches, coastal mobile dunes,
marshes and lakes. Fauna in Doñana is rich and
some in danger of extinction, such as the Iberian
lynx, the Egyptian mongoose and the imperial
eagle. The local wildlife of Doñana depends on
the water level. Autumn rains brought life back
to the marshes and filled the lagoons after the
dry summer. Gradually, the water attains a uni-
form depth of 30–60 cm over vast areas, and the
resulting marshes attract flocks of water birds of
the most varied kind. Among other causes, the
level of the freshwater of the marshes is in dan-
ger as a result of intensive plantations of eucalyp-
ts (Sacks et al. 1992). In the Doñana National
Park (southern Spain), the eradication of euca-
lypts is necessary to reduce the water loss and
the conservation of the local wildlife (e.g. Iberian
lynx, Felix pardina) (Palomares et al. 1991).

The eucalypts introduced are competitive with
native species, and their control and eradication
are difficult. These eucalypts and the associated
exotic ECM fungi can regenerate from root frag-
ments. We know as well that ectomycorrhizal
spores can remain dormant in soil for long peri-
ods, and might colonize eucalypt seedlings grown
from remaining eucalypt seeds Moreover, ecto-
mycorrhizal eucalypt seedlings often efficiently
compete for soil nutrients with the planted young
trees of native Quercus species (i.e. Q. ilex L.,
Q. pyrenaica Willd. and Q. suber L) (Muriel and
Dı́ez, unpublished). These reasons would account
for the naturalization of eucalypts in Peninsular
Spain (Vila et al. 2001) and in other regions of
the Mediterranean Basin (Le Floc’h 1991).

In the checklist of alien species in Spain, Sanz-
Elorza et al. (2001) classified the eucalypts as
alien plants with a clear invasive behaviour, and
as dangerous (causing ecological damage and
alterations) for natural ecosystems. To date, the
invasion behaviour is limited to areas with a long
history of large and extensive plantations. In
Spain, the red river gum often invades along the
watercourse, which is its natural habitat in Aus-
tralasia. In these areas, the plantations of euca-
lyptus have a great impact on lowering water
tables, and have a devastating ecological impact,
reducing soil quality and the habitat of local
wildlife. The invasive tree species have a predict-
able set of life-history attributes, including low
seed mass and short juvenile periods, and a short
interval between seed crops (Rejmánek and
Rhichardson 1996). Many eucalypts present
many of these characteristics and produce large
quantities of small seeds easily propagated by
wind or/and animals (Pryor 1976). In addition,
the pollination and seed dispersal do not limit
the eucalypt invasiveness. Most eucalypts species
are facultative outbreeders and are pollinated by
a variety of generalist insects, in natural forest
and exotic plantations (Pryor 1976). Therefore,
the limited success of eucalypts as efficient invad-
ers in the Iberian Peninsula can be puzzling. One
can expect eucalypts to be successful as invaders,
because these species are likely to be different in
their resource utilization, easily escaping competi-
tion with native species (Richardson 1998).

To date, the difficulties of the eucalypts to find
compatible fungal partners within the Iberian
fungal biota seem to restrict their spread in the
Iberian Peninsula to areas close to large planta-
tions. The expansion of the invasion of the euca-
lypts from the plantation sites is likely to be
hindered by the lack of compatible ectomycorrhi-
zal fungi at potential seedling recruitment places.
Lack of, or low extent of, colonization by com-
patible ectomycorrhizal fungi may be an impor-
tant factor preventing or reducing seedling
establishment of these alien trees. Eucalypt inva-
sions would often result from the dispersal and
propagules of Australian fungi. The importance
of eucalypts as invaders correlates with the extent
and the duration of planting, which relates to the
dispersal rates of ECM propagules. The spread
of propagules will facilitate a successful seedling
establishment in new biotopes. As stressed above,
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the spread of ECM fungi in new biotopes is often
by air spores, which is slow (Brundrett and
Abbott 1995). This could explain why eucalypts
might exist in plantations for many years, before
they start to invade indigenous vegetation. A fac-
tor contributing to this lag is that compatible ec-
tomycorrhizal propagules, in the form of spores
(often air-born spores), needed time to accumu-
late in the soil (spore bank) before eucalypts can
establish and proliferate. However, it is only a
matter of time before the fungal spore bank
reaches sufficiently high levels to allow ectomy-
corrhizal eucalypts to spread everywhere in com-
patible environments.

Invasiveness of Australasian ectomycorrhizal fungi

Awareness by politicians of the negative effects
of exotic trees on natural biodiversity has led to
an attempt to eradicate eucalypts in natural
parks in Spain. But do Australasian ectomycor-
rhizal fungi persist after eucalypt eradication?
After the removal of eucalypts, there will persist
a high level of inoculums (spores, mycelium) of
Australasian ectomycorrhizal fungi, which might
colonize the roots of native trees that are planted
on old eucalypt plantation sites. We have little
information of the ability of the introduced Aus-
tralian fungi to infect plants native to the Iberian
Peninsula. It would be necessary to investigate
whether these Australian fungi colonize roots of
the Mediterranean trees planted on former euca-
lypt plantations. We do not know whether these
exotic fungi spread beyond the plantations and
colonize native ECM flora.

ECM fungi need to live in association with the
tree roots, and their spread beyond the planta-
tions will depend on (i) their compatibility with
any native ectomycorrhizal plants, and (ii) their
ability to exclude the indigenous ECM fungi. In
our survey, we did not find Australian fungi in
association with native ectomycorrhizal plants,
except Laccaria fraterna, which naturally occurs
in association with eucalypts in Australia and
worldwide plantations. We found this Australian
fungus in shrublands of the ectomycorrhizal
shrub Cistus ladanifer L. near plantations of eu-
calypts. In two sites near the Monfragüe Natural
Park, fruiting bodies of L. fraterna were found
500 and 700 m far from the nearest eucalypt tree,

and no eucalypt seedlings were found near the
fruiting bodies of L. fraterna. Molecular typing
of the ectomycorrhizal root tips identified L. fra-
terna on roots of Cistus ladanifer (Muriel and
Dı́ez, unpublished). We do not know whether
these native woody plants that are associated
with exotic ectomycorrhizal fungi (i.e. C. ladanif-
er) have access to resources that these native
plants normally cannot tap, which would modify
the nutrient cycling and affect the ecosystem
functioning.

In our study, we detected the Australian fungi
Urnula rhytidia and Discinella terrestis, which are
considered as saprophytic (or facultatively ecto-
mycorrhizal). These fungi should have come with
the eucalypts. Urnula rhytidia was also found on
fallen leaves of Quercus ilex L., in oak wood-
lands near eucalypt plantations in Badajoz. These
data suggest that many other saprophytic fungi
could be introduced with the eucalypts and might
spread to native ecosystems. Due to their sapro-
phytic life style, these exotic fungi might persist
for a long time after the eradication of the euca-
lypts, altering nutrient cycling in the soil.

Limiting further introduction of exotic EM

Australian forests have one of the most privative
and rich mycobiota of the world (Castellano and
Bougher 1994; Bougher and Syme 1998), but
only a few Australian ECM fungi seem to have
been introduced into the Iberian Peninsula. The
limited functional and genetic diversity of intro-
duced ECM species should be determining the
environment range that eucalypts are able to
invade. However, we continue to move soil and
microbes around the world to establish new plan-
tations, which favours the introduction of more
and more Australian ECM fungi. Particular
ECM fungal species might confer unique advan-
tages for obtaining nutrients in potential habitats
or to use particular nutrient resources (Buscot
et al. 2000). An increased diversity of introduced
Australian ECM fungi might increase the ability
of the eucalypts to invade new habitats in the
Iberian Peninsula.

Some authors propose to increase the diversity
of the introduced ECM fungi to improve the
productivity of exotic eucalypt plantations (Dell
et al. 2002). This may involve selecting hardy
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ECM strains tolerating a wide range of edaphic
and environmental conditions and strains that
elicit growth responses of eucalypt plantations
(Neves-Machado 1995). Among these inoculums,
there may be highly competitive strains, which
could make the natural ecosystems more vulnera-
ble to invasion by eucalypts. This would include
strains coping with extremely harsh or toxic soil
conditions. Rare and ecologically sensitive eco-
systems, such as serpentine communities, may be
particularly vulnerable to the introduction of
Australasian ECM fungi with broad environmen-
tal tolerances.

Elevated levels of atmospheric carbon dioxide
(global climate change) create an increasing con-
cern. Exotic plantations are now promoted for
their presumed capacity to provide a net sink of
atmospheric carbon, and mycorrhizal fungi may
play a critical role in terrestrial carbon exchange
processes (Staddon et al. 2002). Chapela et al.
(2001) described how exotic ectomycorrhizal fungi
induce soil carbon depletion in pine plantations in
Central America. We have no information on the
impact the Australasian fungi could have on the
cycles of nutrients in the Iberian soils.

Several methods for the transformation of ec-
tomycorrhizal fungi are already available (Hanif
et al. 2002; Pardo et al. 2002). Some scientists
propose to use strains genetically manipulated to
form better symbiotic systems, including ECM
fungi which are more efficient in mobilizing
nutrients from soils. This might result in eucalypt
species that do not invade at present but become
invasive if associated with such selected (or
genetically modified) fungal strains.

Conclusions

Several conclusions can be drawn from our stud-
ies on the ectomycorrhizas of eucalypt planta-
tions in the Iberian Peninsula:

(1) In the Iberian Peninsula, a number of Aus-
tralasian ECM fungi were introduced together
with the eucalypts. The reduced number of Aus-
tralian ECM fungal species, together with the
low ability of Iberian fungi to colonize eucalypt
roots, would explain the low diversity of ECM
fungal communities in exotic stands of eucalypts.

(2) The introduction of these Australasian
ECM fungi appears to be one of the main factors

accounting for the successful establishment of
eucalypt plantations in the Iberian Peninsula,
their naturalization, and invasive behaviour.
Consequently, a deeper knowledge on the ecto-
mycorrhizas of eucalypt stands in the Iberian
plantations will help to refine our ability to pre-
dict the invasiveness of the eucalypts introduced.
The knowledge generated may be crucial for
determining potential endangerment and to sug-
gest strategies for protecting the diversity of the
Mediterranean ecosystems.

(3) It will be necessary to investigate potential
host shifts of Australian fungi to native hosts,
and their effects on the native ECM fungal com-
munities and on the functioning of Mediterra-
nean ecosystems. For these reasons, it is urgent
to investigate the ectomycorrhizas of native trees
planted in former plantation sites, and roots of
indigenous ectomycorrhizal plants growing near
eucalypt plantations.

(4) The present investigation highlights the
need to regulate the translocation of ectomycor-
rhizal fungi for forest inoculations. Quarantine
measures would be necessary to control any
future introduction of ECM fungi of Australian
origin.

(5) Before introducing beneficial Australasian
strains of ECM fungi, we would recommend
screening their ability to improve eucalypt inva-
siveness and to infect roots of native ECM
plants. Screening the invasiveness of introduced
strains will help to prevent negative effects on
Iberian natural ecosystems.
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Abstract

An experimental work was conducted in Lleida (Spain) aiming to characterise the phenology and to
quantify the demographic processes regulating the populations of Abutilon theophrasti Medicus in maize
fields. Seedling emergence started a few days after crop sowing in early May and continued during two
more months. The vegetative phase was very long due to the late seeding emergence; these later emerged
plants showed a slower development, and many of them did not reach the fertility stage. A flowering
peak was observed 12 weeks after emergence in late July, and fruit dehiscence and seed setting started in
mid August, several weeks before crop harvest. Four different cohorts were identified, and two main
peaks of emergence were determined 21 and 49 days after crop sowing nearest related with field irriga-
tion. A functional logarithmic relationship between cumulative growing degree-days (GDD) and cumula-
tive emergence was also described. The resulting demographic diagram reflects greater values relating to
seedling survival for May cohorts (90.2 vs 7.9%), to fertility (100 vs 75%) and to fecundity (3774 vs 92
seeds pl)1) than those determined for the June cohorts. The late emerged plants are subjected to a high
density and are strongly affected by light competition, and their reproductive phase initiation delay is of
about 10–20 days. In an assay conducted in Petri dishes, the seeds provided from plants emerged earlier
were found more vigorous and germinated more than those from late emerged plants, which seem to be
affected by incomplete fruit and seed ripening. Following the crop cycle without any weed control, the
population rate increase was about 21.2. These values explain the high invasion capacity of this weed in
the local summer irrigated fields, which consists in assuring their presence through a persistent soil seed
bank and increasing the probability to spread to other fields.

Introduction

Most of the weeds in arable crops show a clear
adaptation to the cultural techniques. This
enables them to tolerate the proposed control
strategies such as tillage, mowing, crop rotations,
fallow, herbicides. The efficacy of any of these
techniques therefore requires a detailed knowl-
edge of the weed species’ biology, especially refer-
ring to the phenological and demographic
behaviour. The detection of the critical cycle

phase, during which the main demographic regu-
lation takes place, allows the identification of the
most appropriate moment for the control
method. This also allows the estimation of the
expected economic benefit of weed control at
short term taking into account the costs of these
techniques and the infestation degree of the weed
species. Each infestation situation together with
the expected objectives define the correct control
strategy: prevention, contention, reduction or
eradication (Fernández Quintanilla 1992). The
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main aspects affecting this decision are on the one
hand the economic value of the crop and on the
other hand the biological behaviour of the weed.
The assessment of this latter aspect is generally
complex as besides the degree of harm caused by
the weed species other phenologial and demo-
graphic parameters are considered. The definition
of a control strategy of an exotic weed is urgent
and necessary but presents an additional difficulty
due to the lack of information of the biological
behaviour in the new geographical area and agro-
ecosystem. A clear example of this situation
occurred with the presence and expansion of Abu-
tilon theophrasti Medicus (velvetleaf) during the
1980s in the irrigated area of Aragon and Catalonia
(northeastern Spain) (Zaragoza 1982; Izquierdo
1986). Even if its presence in Spain, more concrete,
in Catalonia, had been quoted several times since
the XIX century as a transitory weed (Casasayas
and Masalles 1981; Casasayas 1989), its invasive
behaviour was not detected until the 1980s when
the weed was introduced infesting maize, sorghum
and soyabean imported from the USA.

This invasive process was also observed more
or less at the same time in Holland, Italy and
France (Häfliger 1979; Cantele et al. 1987). In
Spain, the presence of A. theophrasti as an infest-
ing weed started in the irrigated area of the
Urgell (Lleida) where it established itself with
success in the maize fields showing a great capac-
ity of adaptation and competition. The economic
losses in these first years were especially impor-
tant not only due to the damage caused by the
weed but also due to the lack of selective herbi-
cides to control it (Izquierdo 1986). In 1991,
around 10,000 ha of maize were affected corre-
sponding to 44% of the cultivated maize area.
This shows that the expansion is up to sixfold
higher than the one observed seven years before
(Calvet and Recasens 1993).

Spreading of A. theophrasti in crop fields in
Catalonia presumably occurs through the joint
harvest of weed seeds with the corn, its posterior
incorporation in clamp, which is then spread as a
caw manure on other fields (Izquierdo 1986). The
survival capacity of these seeds in maize silage
and in slurry is well known, and a similar weed
spread mechanism was observed in Holland
(Elema et al. 1990; Bloemhard et al. 1992).

A. theophrasti is a summer annual C3 weed
with rapid growth and high photosynthetic rates

(Regnier et al. 1988). Control is difficult due to
the extremely long-living seeds (Egley and
Chander 1983; Lueschen et al. 1993), which exhi-
bit hardseededness (Horowitz and Taylorson
1984). Velvetleaf is an excellent competitor due
to its rapid root growth compared to other weed
species and due to its allelopathic effects on crop
plants (Warwick and Black 1986). The species
exhibits characteristic genetic traits of colonizers,
including polyploidy, self-fertilization, and high
levels of population differentiation (Warwick
1990; Warwick and Black 1986).

A better understanding of the phenological
and demographic behaviour of A. theophrasti
weed populations in Mediterranean crop fields is
needed to optimise the efficacy of a control pro-
gram. The objectives of this research were to cha-
racterise the phenology and demography of an
A. theophrasti population, including the initial
time of emergence, to describe the demography
of different cohorts, to find the percentage of ger-
minability of their seeds after production and to
calculate the rate of increase of the weed popula-
tion during a cropping season.

Materials and methods

Site description of the experimental field and
general procedures

Field experiments were conducted during 1998,
in a 2 ha commercial maize monocrop at El Poal
(Lleida, Spain) where a natural infestation of vel-
vetleaf was detected during the last few years.
The soil was described as a Fluventic Xerochrepts
with 2.9% organic matter and pH 8. The experi-
mental field was chisel plowed in early April prior
to the maize sowing, which took place on 26
April. No herbicides were applied in the experi-
mental field plot during the trial. The experimen-
tal design consisted of a 10 · 15 m grid, within 15
permanent 1.5 · 1 m squares were randomly
selected for the phenological and demographic
estimations.

Daily rainfall and maximum and minimum air
temperatures were obtained from a meteorology
station less than 1 km away from the experimen-
tal field. Growing degree days (GDD) were cal-
culated as the mean of the daily minimum and
maximum air temperatures minus the 10 �C base
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temperature (Gupta 1985; Benvenuti and
Macchia 1993).

Phenology

During the crop cycle, the different phenological
stages of all the A. theophrasti plants found in
the different selected squares, were estimated fol-
lowing the BCCH scale (Hess et al. 1997).

Seed bank estimates

Two soil sampling dates were considered for the
seed bank study. One was sampled shortly after
the crop sowing and the other after the crop har-
vest. In each case, five soil cores measuring 5 cm
in diameter and 20 cm in depth, were collected in
a W-shaped pattern from each permanent square.
The total soil surface area sampled was
98.72 cm2 per quadrat. Following Dessaint et al.
(1990) and Mulugeta and Stoltenberg (1997), soil
core samples were stored for 2 weeks in the PVC
cores at 4 �C with the aim to prevent seed germi-
nation. Later, the samples were water-cleaned
and the organic fraction, containing velvetleaf
seeds, placed in aluminium trays in the green-
house. The samples were surface watered when-
ever necessary. Weed seedling emergence in the
greenhouse was quantified periodically. Three
months later, the dormant seeds remaining in the
soil samples were identified and separated using a
pair of binoculars. During the identification,
seeds, which remained firm when pressed by fine
tipped nippers, were considered viable. The
amount of dormant seeds and greenhouse seed-
lings were summed up to obtain the viable seed
count. The seed number was expressed on the
basis of soil surface.

Over-ground demography

Velvetleaf seedling emergence in each square was
determined by regular assessments and marking
newly emerged seedlings with a coloured wire.
The mean time of emergence (MTE) was calcu-
lated following the methods of Mulugeta and
Stontelberg (1998), where ni was the number of
seedlings at time i and di was the number of days
from day 0 of the experiment (the crop sowing)
to time i.

MTE ¼
X

nidi

.X
ni

A differently coloured wire was used on each
approximately weekly sampling date. Velvetleaf
plants marked with the same colour belonged to
the same cohort. The different initial times of
seedling emergence (16 and 26 May, 13 and 20
June) were referred to as cohorts (A1, A2, A3,
A4), respectively. The time of emergence was
established from the soil disturbance, which hap-
pened at the crop sowing. Weed seedlings that
had emerged before the crop sowing were
removed by hand. Plant density counts were fol-
lowed until crop harvest, and velvetleaf seed pro-
duction was measured by hand-harvesting seed
capsules from all plants of each quadrat as they
matured.

Seed germination in Petri dishes

To estimate the seed germinability, seeds of vel-
vetleaf were collected from the A1 and A2
cohorts, only, as insufficient seeds were obtained
from the other two cohorts. Twenty seeds of each
cohort were placed on filter paper in a 9 cm
diameter plastic Petri dish. The seeds were
watered daily with 4 ml of distilled water and
maintained in a growth chamber at 12–24 �C
with a 12 h photoperiod. Germination of seeds
with a protruded radicle of seed length or greater
were counted under a fluorescent lamp. Seed ger-
mination was determined daily for two weeks
after exposure to water. Germinated seeds were
removed from the Petri dishes with nippers and
then counted. The experiment was conducted in
a completely randomised design with 20 replica-
tions.

Statistical analysis

Cumulative emergence data of velvetleaf were
analysed by least-squares regression. The func-
tional relationship between cumulative emergence
and cumulative GDD was determined. Data of
soil seed bank, seedling emergence on quadrats
and seed germination in Petri dishes were analy-
sed using the ANOVA procedure, and the differ-
ences between soil sampling time or cohorts were
determined using the Fisher Protected LSD test
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at a 5% level of significance. For the statistical
analysis, the SAS program was used (SAS 1999).

Results and discussion

Phenology

A. theophrasti seedling emergence started in less
than two weeks after crop sowing (early May)
and continued for two months until mid June
(Table 1). The vegetative development phase
characterized by the appearance of leaves and
buds, stem elongation and of the lateral branches
is normally very long so that a low percentage of
plants were still at this stage even in mid Septem-
ber. This prolongation of the vegetative phase is
due to the presence of plants, which survive until
the end of summer without reaching the fertility
stage. The vegetative phase lasted a little longer
than two months for the first germinating plants
in May even if it was not rare to observe still a
low percentage of vegetative plants in August.
Flowering started at the beginning of June and
continued until mid-September. A flowering peak

occurred 12 weeks after emergence corresponding
to late July even if this maximum was not very
evident due to the long lasting flowering phase.
However, maximum flowering percentages were
observed between mid July and mid August.
Fruit dehiscence and seed setting started in mid
August and continued during autumn until maize
harvest. At this moment, a bit more than half of
the population was already dying off. This phe-
nological gradient means that during the sum-
mer, plants at most of the development stages
can be found within the same population.

The phenological behaviour of this weed spe-
cies in the present trial has been found to be sim-
ilar to the one observed in the fields of southern
and central USA (Hartzler et al. 1999) but a bit
earlier than the one observed in eastern Canada
and northern USA (Warwick and Black 1988)
where the flowering starts from late August to
September and seed setting occurs from Septem-
ber to October. On the other hand, compared
with the observation made in Italy (Cantele et al.
1987; Viggiani 1995), the present population
shows a slight phenological delay, especially
referring to the beginning of emergence. These

Table 1. Percentage of plants of Abutilon theophrasti at each phenological stage during the crop season.

Date d.a.sb Phenological stagesa

10 20 30 40 50–60 70 80 90

26 April 0

9 May 13 100

16 May 20 98 2

23 May 27 81 19

30 May 34 3 96 1

6 June 41 1 52 47

13 June 48 41 1 58

20 June 55 20 26 54

1 July 66 40 49 11

5 July 70 37 50 9 3 1

13 July 78 33 34 19 9 4

20 July 85 28 27 2 15 8

27 July 92 15 28 23 18 16

3 August 99 5 24 26 13 32

7 August 103 3 24 17 14 42

14 August 110 1 25 11 19 44

21 August 117 1 10 8 15 50 16

31 August 127 5 4 6 35 49

7 September 134 3 2 3 27 65

14 September 141 1 1 3 17 78

21 September 148 3 7 86 4

30 September 157 6 38 56
a Phenological stages: 0, germination; 10, emergence; 20, leaf and shoot development; 30, stem elongation; 40, side shoot develop-

ment; 50, flowerbud development; 60, flowering; 70, fruit development; 80, seed maturity; 90, dying off.
bDays after crop sowing.

20



geographical variations in the phenological
behaviour of A. theophrasti can be considered as
normal due to the climatic variability of the com-
pared environments on the one hand, and on the
other hand, the type of crop and variety can be
sown at different moments, which can oscillate
within more than 4 weeks inside the same region.
Besides the presence of this weed species in other
Spanish areas, especially in maize and cotton
fields of southern Spain (Andalucı́a) (Cortés
et al. 1998), no phenological data are available
from these populations, which would allow the
analysis of possible differences between them.

In this species, flowering and seed production
showed a short-day photoperiodic response (Sato
et al. 1994), and its competitive ability could be
influenced by the daylength. However, Steinmaus
and Norris (2002) indicated that velvetleaf had a
range of growth responses to a variety of light
availabilities and that it should have little difficul-
ties in becoming fully established in the irrigated
agroecosystems of Mediterranean-type regions.
From a climate-matching approach, it appears
that the Mediterranean climate is a deterrent to
the integration of velvetleaf, and that its persis-
tence in the same Mediterranean regions is more
closely linked to the use of irrigation in agricul-
ture than to climatic factors (Holt and Boose
2000).

Seedling emergence

Initial A. theophrasti emergence occurred at 18
DAS (days after sowing) at the same time as the
maize emergence, and reached a first peak at 21
DAS with 53% of the total emergence (Figure 1).
Following 3 weeks without emergence, a second
emergence event corresponding to approximately
38% of the cumulative emergence occurred 49
DAS, a few days after irrigation. A maximum

seedling density of 14 plants m)2 was observed,
56 days after crop sowing. The emergence is well
identified by four different cohorts (Table 2).
Plant densities of A1 and A3 cohorts were,
respectively, 6.6 and 5.8 seedlings m)2 and were
greater than that of the other cohorts (A2 and
A4) which were only 1.2 and 1.0 seedlings m)2

respectively as estimated.
Similar dates were observed for populations

growing in the USA (Cardina and Norquay
1997; Harztler et al. 1999) and Italy (Cantele
et al. 1987), with two emergence peaks nearest
related with soil humidity caused by rain or field
irrigation. Other secondary factors, such as the
soil ploughing similar to the one conducted pre-
viously in our field, specifically influence the ear-
lier velvetleaf emergence (Mohler and Galdorf
1997). Exposure of seeds to light, improved soil
aeration, increased loss of volatile inhibitors from
soil and movement of seeds to more favourable
germination sites have been suggested as possible
causes of increased seed germination and emer-
gence of seedlings (Egley 1986).

A mean time of emergence (MTE) value of
41.4 was estimated, which fits into the range
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Figure 1. Changes in the total Abutilon theophrasti density

during the crop cycle. The arrows indicate the field irrigation

dates.

Table 2. Plant density and cumulative growing degree days (GDD) of four Abutilon theophrasti cohorts.

Cohort Initial time

of emergence

Cumulative GDD

from crop sowing

to weed emergence

Days from crop

sowing to

emergence time

Plant density at

emergence time

Pl m)2

Significancea

A1 Mid-May (16/5) 120.9 21 6.6 a

A2 Late May (26/5) 204.0 31 1.2 b

A3 Mid-June (13/6) 321.7 49 5.7 a

A4 Late June (20/6) 378.8 56 1.0 b
a Values with different letters are different for P £ 0.05.
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(from 30 to 42) observed by Hartzler et al. (1999)
for this species during three different cropping
seasons.

Pattern emergence

The functional relationship between cumulative
GDD and cumulative emergence was described
by a logarithmic model (Figure 2). A similar log-
arithmic function was established by Mulugeta
and Stoltenberg (1997), but our data showed an
earlier and greater emergence for the same cumu-
lated GDD in comparison with those American
populations. In all cases, emergence was nearly
complete after 380 GDD.

In accordance with these authors, the emer-
gence length of this species appeared to be
affected by GDD accumulation and rainfall. In
our region, rainfall is very low (<400 mmm
year)1), and the summer is the typically driest
season of the Mediterranean climate. The higher
pattern of emergence of A. theophrasti observed
in our fields seems to be promoted by the peri-
odic field irrigation which brings the humidity
needed for seeds that were in the soil.

Seedling survival

Data on velvetleaf seedling cohort survival are
shown in Table 3. In the first cohort (A1), which
showed a greater seedling density, a 50% mortal-
ity was observed. This cohort showed a greater
plant density at crop harvest (4 plants m)2). The
greater survival (74%) of cohort A2 does not cor-
respond to a significant adult plant density
because a small number of seedlings emerged.
Only 10% of the plants from cohort A3 reached
maturity, and there was no plant survival was
detected from the A4 cohort. At harvest time,
the final plant density was mainly represented by
the first cohort A1 with a 71%. These data show
that the survival of velvetleaf in a maize field
depended on the seedling emergence moment. A
first approach of these results indicated that this
survival reduction may be due to interspecific
and intraspecific competition. This effect is mag-
nified in the June cohorts, which had more diffi-
cult conditions to survive compared to more
developed plants. Lindquist (1995) suggested a
competition for light so that the late velvetleaf
seedlings would be more affected due to a great
canopy closure than to the present plant density.
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Figure 2. The influence of growing degree days (GDD, base temperature 10 �C) on cumulative seedling density of Abutilon theo-

phrasti in Lleida (Spain) in comparison with those estimated in Wisconsin (USA) (Mulugeta and Stoltenberg 1997). Cumulative

emergence was described by y ¼ 7.519 ln x ) 28.892.

Table 3. Plant density and seed production of four Abutilon theophrasti cohorts before crop harvest time.

Cohort Cumulative GDD

between crop sowing

to crop harvest

Seedling survival (%) Plan density at

harvest (Pl m)2)

Seed production

(seeds plant)1)

Seed production

(seeds m)2)

A1 1506.5 50 4.0 5402 513,190

A2 1400.8 74 1.1 2177 43,540

A3 1283.1 10 0.5 92 7452

A4 1225.8 0 0.0 0 0
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Seed production

Velvetleaf seed production per plant differs
between A1 (5402 seeds plant)1) and A2
(2177 seeds plant)1) and was greater than the
production at A3 (92 seeds plant)1) (Table 3).
Seed production per unit area did no differ
among A1 (513190 seeds m)2) and A2 (43540
seeds m)2). By comparison, Zanin and Sattin
(1988) observed an average velvetleaf seed pro-
duction of 3379 seeds plant)1 for Italian popula-
tions when grown together with maize. Warwick
and Black (1988) indicated a variable fecundity
of this species ranging from 700 to 17,000 seeds
depending on their origin, field crop or plant
size.

As was noted, for this species, by Lindquist
et al. (1995), the differences between cohort
fecundity would be due to the fact that the ear-
lier emerging plants will have an inherent advan-
tage over later emerging individuals and
therefore will be responsible for producing a
greater number of seeds. These late emerged
plants in a high density of other plants seem to
present delayed reproduction and show a lower
allocation to reproduction due to competition for
light (Mabry and Wayne 1997). Under shady
conditions, the plants can show a suppressed
growth and seed production (Bello et al. 1995) or
a time delay of about 10–20 days for the initia-
tion of reproductive allocations (Steinmaus and
Norris 2002).

Seed bank population

There was a large difference between the number
of velvetleaf seeds recovered in October (after
crop harvest) and the number of seeds found in
the seed bank immediately before crop sowing
(Table 4). The seed bank at the beginning of the
trial had 215 seed m)2. We do not know the
amount of surviving seeds during the cropping

cycle, but this figure should not be more than
200 seeds m)2, corresponding to the value of the
initial seed bank minus total emerged seeds.
However, emergence is only one source of the
seed loss from the seed bank and predation, dis-
ease, fatal germination corresponding to germi-
nation without emergence and seed death should
be added. After the seed rain and crop harvest,
the seed bank was of 4567 seeds m)2. This value
corresponds to a 21-fold increase of the initial
seed bank. Despite the fact that these data vary
from the trial to the commercial field because no
control was done in the experiment, they reflect a
part of the species’ cycle and specifically the pop-
ulation increase that can be expected. The low
initial seed bank density suggests that the present
field had been recently infested with A. theophras-
ti. The amount found is similar to that of the vel-
vetleaf seed bank estimated by Cardina and
Norquay (1997) in a maize field at a 20 cm depth
where only a single year seed production was
allowed.

The percentage of seeds in the seed bank that
became seedlings, i.e. the emergence rate was
6.5% (data not shown). This value is very similar
to the one reported by Lindquist et al. (1995)
and 2% higher than those estimated by Pacala
and Silander in soybean (1990). This similarity
reflects that, in the same season, the emergence
of a cohort from the seed bank is independent of
the number of previous cohorts, which have pre-
viously germinated and seems to be mainly pro-
moted by the field irrigation during the late
spring season.

Velvetleaf emergence increases with shallow
burial and decreases at greater burial depths
(Cantele et al. 1987; Mohler and Galdorf 1997).
Although temperature and soil moisture condi-
tions are probably not limiting, germination is
rare in seeds buried at more than 10 cm depth
(Cardina and Sparrow 1997) so that then an
important source of seeds remain dormant. The
main fraction of the soil seed bank estimated in
October is derived from the seed rain shed by
mature plants. During the next season, depending
on the soil tillage and on the depth in which the
seeds will be placed, the survived seeds will be
able to germinate or will continue being dor-
mant. In all cases, a permanent seed bank has
been formed, and the weed infestation is guaran-
teed for several years.

Table 4. Soil seed density of Abutilon theophrasti before crop

sowing and after crop harvest.

Seeds m)2 Significancea

Before crop sowing 215 a

After crop harvest 4567 b
aValues with different letters are different for P £ 0.05.
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Demographic diagrammatic model

As an annual weed, five demographic processes
regulate the population dynamics of A. theophr-
asti: seedling recruitment and survival, seed pro-
duction, seed dispersal, and seed survival in the
soil. A schematic diagram of the annual popula-
tion dynamics is shown in Figure 3. The boxes
represent state variables that can be measured in
the field. The valve symbols represent the five
demographic processes, each of which may be
influenced by a number of factors including com-
petition, predation and migration. In Figure 3,
separated data are shown for the two main flux
seedling emergence observed: May cohort corre-
sponding to A1 + A2 and June cohort corre-
sponding to A3 + A4. For both monthly
cohorts, similar rates of emergence of 3.6% and
3.2%, respectively, were observed, but great dif-
ferences in seedling survival were registered:
90.2% in the May cohort and 7.9% in the June
cohort. These differences are also reflected in the

different plant densities. The mortality causes of
the youngest cohort have been commented above
and are mainly promoted by an interspecific and
intraspecific competition for light. In the June
cohort, it was also observed that several plants
did not reach the fertility stage. The seed produc-
tion was also very different for the May and June
cohorts: 3774 seeds plant)1 and only 92 seeds
plant)1, respectively. No data on seed exporta-
tion with the harvest machinery or about depre-
dation by animals were obtained. The rate of
population increase during the crop cycle (D) was
calculated as the coefficient between both soil
seed bank estimates. This value is very high
(>21) and shows a vigorous capacity of this spe-
cies to spread in a new habitat. The absence of
herbicide application and the absence of any
other weeds in this experience reflect the behav-
iour of this species in the earlier years of their
introduction in Spanish maize fields being capa-
ble to compete with the crop and to replace other
weeds.

Adult plants

7.3 m-2

Adult plants

0.5  m-2

Seedlings

6.3  m-2

Seedlings

7.8  m-2

Seed bank

4567 seeds m-2

Exportation

Depredation

fr = 100% 

fr = 75% 

s = 7.9% s = 90.2% 

Fertile plants

0.4  m-2

Fertile plants

7.3 m-2

Seed bank

215 seeds m-2

e = 3.2% e = 3.6% 

Cohort

fc = 92 
seeds pl-1

fc = 3774 
seeds pl-1

?

= 21.2

JuneMay

Figure 3. Demographic diagrammatic model for both monthly cohorts (May cohort and June cohort) of Abutilon theophrasti popu-

lation present in a maize crop. e, emergence; s, seedling survival; fr, fertility; fc, fecundity; D, rate of population increase during the

crop cycle (April–October).
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Seed germinability

A significant difference between the A1 and A2
cohorts on seed germinability in Petri dishes in
the laboratory was found (Table 5). Big differ-
ences in the percentage of germinability of seeds
from the A1 and A2 cohorts were found (81%
and 37%, respectively). These results are in con-
cordance with those of Sato et al. (1994), who
noted that seeds of this species produced by ear-
lier germinated plants were heavier and more vig-
orous than those which germinated later. Two
causes can explain these differences: (1) a higher
dormancy appears in the seeds produced by late
germinated plants or (2) incomplete fruit and
seed ripening in the plants occurs in these later
cohorts. Velvetleaf shows a typically primary
dormancy known as ‘hardseededness’, which is
caused by the seed coat being impermeable to
water (Warwick and Black 1986). This seed dor-
mancy is shortened in shaded plants (Bello et al.
1995), but it is unclear whether the decrease in
seed dormancy of shaded plants does result from
the fact that few seeds have a hard seed coat or
if some other dormancy mechanisms are respon-
sible for it. If we understand that our A2 cohort
is composed mainly of shaded plants, our results
are not in concordance with the expected
decrease in dormancy. A possible cause of these
differences would be the delayed allocation
observed in the late germinating plants and, as a
consequence, an incomplete fruit and seed matu-
rity. Steinmaus and Norris (2002) confirm, for
this species, a time delay of about 10–20 days for
the initiation of reproductive allocation in shaded
plants in comparison with plants grown in full
sunlight.

Implications for management

The phenological behaviour of A. theophrasti in
our maize fields do not differ substantially from
those registered in Italy or USA by other

authors. The extended period of the different
phenological stages, and specially the possibility
to emerge over a long period of time and their
ability to shed seeds several weeks before crop
harvest, help to characterize their high pheno-
typic plasticity. The emergence time of A. theo-
phrasti appeared to be affected by GDD
accumulation and rainfall (Hartzler et al. 1999).
In Mediterranean maize crops, the irrigation
replaces the rainfall as a factor favouring the
seedling emergence. Two main cohorts were well
identified in concordance with time of two rele-
vant agricultural practices: the crop sowing and
the next irrigation applied to the field approxi-
mately 1 month later. Although other later emer-
gences would be possible, only both these earlier
cohorts are determinants in the persistence of the
population in further years. The high fecundity
levels that have been estimated in this species
and the known high longevity of their seeds
(Zanin and Sattin 1988) promote a ‘persistent
seed bank’ as was defined by Thompson and
Grime (1979). A theophrasti is in general more of
a problem in monocultures, where one crop is
grown year after year, than in rotational
sequences, because it has a better chance of
building up a seed bank in the soil.

Diverse practices are proposed to sustain effec-
tive control of A. theophrasti infestations, includ-
ing crop rotation, multiple herbicide applications
and soil tillage (Warwick and Black 1988), but
their efficiency is always incomplete. Once the
species becomes established in a field, it is very
difficult to eradicate it, and the use of density-
based weed threshold treatments may not be an
appropriate or effective weed control strategy for
long term management of the species in maize
(Cardina and Norquay 1997). Preventive prac-
tices to reduce the chances of its introduction
into an infested field should be the best strategy.
This prevention will require thorough cleaning of
farm equipment that has passed through infested
fields. In addition, due to the spread of A. theo-
phrasti in our summer irrigated crops with the
caw manure, a high level of attention is required
for the maize silage used as animal food. Farm-
ers must refuse this forage if the presence of A.
theophrasti seeds is confirmed.

Further research is needed on the control strat-
egies of this weed. The cost and the difficulty to
establish a threshold herbicide treatment,

Table 5. Germinability of harvested seeds of Abutilon theo-

phrasti for the two earlier emerged cohorts.

Cohort Emergence time Germination (%) Significancea

A1 Mid-May (16/5) 81.5 a

A2 Late May (26/5) 38.8 b
a Values with different letters are different for P £ 0.05.
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obligated to enhance the prevention practices if
their introduction in the field would be possible,
or apply an efficient eradication programme,
hand weeding included, if this species is already
present in the field.
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Abstract

Salinity is one of the main chemical factors in salt marshes. Studies focused on the analysis of salinity
tolerance of salt marsh plants are very important, since they may help to relate their physiological toler-
ances with distribution limits in the field. Spartina densiflora is a South America cordgrass, which has
started its invasion of the European coastline from the southwestern Iberian Peninsula. In this work,
short-term responses in adult tussocks of S. densiflora from southwestern Spain are studied over a wide
range of salinity in a greenhouse experiment. Our results point out that S. densiflora has a high tolerance
to salinity, showing high growth and net photosynthesis rates from 0.5 to 20 ppt. S. densiflora showed at
the lowest salinity (0.5 ppt) high levels of photoinhibition, compensated by higher levels of energy trans-
mission between photosystems. Adaptative mechanisms, as those described previously, would allow it to
live in fresh water environments. At the highest salinity (40 ppt), S. densiflora showed a high stress level,
reflected in significant decreases in growth, net photosynthesis rate and photochemical efficiency of
Photosystem II. These responses support S. densiflora invasion patterns in European estuaries, with low
expansion rates along the coastline and faster colonization of brackish marshes and river banks.

Abbreviations: A – net photosynthesis rate; Chl – chlorophyll; F0 – basal fluorescence; Fp – peak of
fluorescence; Fv – variable fluorescence; Fv/Fp – potential photochemical efficiency of PSII; Gs – stoma-
tal conductivity rate; PPFD – photosynthetic photon flux density; PS II – Photosystem 2; T1/2 – half-
time for transition from F0 to Fp; Wleaf – leaf water potential

Introduction

Coastal ecosystems, such as salt marshes, are one
of the areas most affected by the introduction of
alien species. The genus Spartina counts different
species that behave as salt marsh invaders all
around the world. Their invasion patterns seem
to depend on complex relationships between bio-
logical interactions with autochthonous species

and habitat physical conditions such as salinity
(Kittelson and Boyd 1997; Hacker et al. 2001).
Thus, salinity is one of the main chemical factors
in salt marshes, determining vegetation distribu-
tion with respect to elevation (Banerjee 1993)
and distance to the sea (Wilson et al. 1996),
through species tolerance to ion concentration
and modulation of the outcomes of interspecific
interactions (Broome et al. 1995; Gough and
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Grace 1998). In this context, works focused on
the analysis of salinity tolerance of salt marsh
invaders are very important since they may help
to relate physiological tolerances with distribu-
tion limits in the field (Rozema et al. 1988).

Spartina densiflora is such a species, which is
invading Europe (Castillo et al. 2000), northwest
Africa (Fennane and Mathez 1988) and North
America (Kittelson and Boyd 1997) from South
American marshes (Mobberley 1956). In Europe,
its invasion started in the Gulf of Cádiz (south-
western Iberian Peninsula), where it has colonized
at least eight estuaries and very contrasted habi-
tats, from low to high marshes. However, studies
on the tolerance of this species to environmental
stress are very scarce (Kittelson and Boyd 1997;
Nieva et al. 1999; Castillo et al. 2000).

The work described in this paper aimed to analyze
short-term performance of S. densiflora from the
southwestern Iberian Peninsula over a wide range of
salinity. The specific objectives were to examine
water potential, growth, leaf gas exchange and chlo-
rophyll fluorescence in adult S. densiflora tussocks in
five salinity treatments, from fresh water to hypersa-
linity, in a greenhouse experiment. We also sought
to compare whether these measures of performance
were in accordance with its actual distribution and
discuss possible evolution of its invasion depending
on its salinity tolerance. Our results may help to
understand invasion mechanisms of cordgrasses.

Growth, leaf gas exchange and chlorophyll fluo-
rescence have been identified as adequate tools to
analyze stress due to salinity (Mishra et al. 1991;
Belkhodja et al. 1994; Ewing et al. 1997).

Materials and methods

General methods

Spartina densiflora adult tussocks were collected,
in June 1998, in Odiel river salt marshes (south-
western Iberian Peninsula) from ‘Punta del Sebo’
low marsh. Plants were transplanted into clean
sand culture in small plastic pots for propagation
in a greenhouse (Ewing et al. 1995). For the exper-
iment, plants (5–18 live stems per tussock) were
repotted in expands perlite (Floreal. Agroperlita
F-3) in 11 cm diameter pots (Trovadec plastics).

Plants were grown using five salinity treatments
(0.5, 10, 15, 20 and 40 ppt), immersing the pots

2 cm in a saline/nutrient solution (20% modified
Hoagland’s solution). The salinity treatments
were obtained by using Hoagland’s Solution, and
Hoagland’s Solution plus sea salts (Instant Ocean)
to give 10, 15, 20 and 40 ppt. The last treatment
was obtained progressively, though the treatment
of 20 ppt took 1week. Concentrations of the
full-strength nutrient solution were 1.02 ppt
KNO3, 0.49 ppt Ca(NO3)2, 0.23 ppt NH4H2PO4,
0.49 ppt MgSO4 Æ 7H2O, 2.86 ppt H3BO3, 1.81 ppt
MnCl2 Æ 4H2O, 0.08 ppt CuSO4 Æ 5H2O, 0.22 ppt
ZnSO4 Æ 7H2O, 0.09 ppt H2MoO4 ÆH2O, 0.6ml
FeSO4 Æ 7H2O 0.5% and 0.6ml tartaric acid 0.4%.
The solution was changed once a week. Five repli-
cates of each treatment were used. The experiment
was carried out for 29 days in September 2000, in
a greenhouse with controlled temperatures
between 21 and 25 �C; the photoperiod was
extended to 15 h with the use of incandescent
lights (Osram Vialox NAV-T (SON-T) 400W)
with a photosynthetically active photon flux den-
sity (PPFD) of 250 lE/m2 s at canopy level.

The following measurements were made: leaf
water potential, leaf expansion, leaf gas exchange
and chlorophyll a fast kinetic fluorescence
parameters.

Leaf water potential

Leaf water potential (Wleaf) was measured by a
Scholander bomb during the noon solar hour on
adult leaves of each of four tillers (each from a
different clump, chosen at random) in every
treatment, at the end of the experiment.

Leaf expansion

Leaf expansion was measured on five tillers (each
from a different clump, chosen at random) in
every treatment at the end of the experiment by
placing a marker of inert sealant on the base of
the youngest accessible leaf. The distance
between the marker and the leaf base was mea-
sured at the beginning and the end of a 3-day
period (Ewing et al. 1995).

Gas exchange

Measurements of the net photosynthesis rate (A)
and stomatal conductivity rate (Gs) were carried
out at the end of the experiment on the second
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youngest leaf of each of three tillers (each from a
different clump, chosen at random) in every treat-
ment after 2 h of lighting with a PPFD of 250 lE/
m2 s at canopy level. Measurements were made
using a portable infrared CO2 analyzer (ADC
LCA-3, Analytical Development Co. Ltd, Hod-
desdon, UK) in differential mode and in an open
circuit; it was coupled to a Parkinson Leaf Cham-
ber (ADC PLC-3N), using a radiant flux density
of 210 lE/m2 s (Long and Hällgren 1993).

Chlorophyll fluorescence

Chlorophyll a fast kinetic fluorescence was mea-
sured on the second-youngest leaf of each of five
tillers (each from a different clump, chosen at
random) at every treatment, in the prevailing air
temperature at PPFD of 250 lE/m2 s. Chloro-
phyll fluorescence measurements were made with
a portable non-modulated fluorimeter (Plant
Stress Meter, PSM Mark II, Biomonitor S.C.I.
AB, Umeå, Sweden) and white leaf enclosures
(Biomonitor 1020) for dark adaptation. Details
of the instrument are provided by Öquist and
Wass (1988). Leaves were dark-adapted for
30min before measurements of the fluorescence
transient over 2 s and with an actinic stimulation
at PPFD of 400 lE/m2 s.

The initial fluorescence (F0) which depends on
the size of the PSII chlorophyll antenna and on
the functional integrity of PSII reaction centers
(Krause and Weis 1991) was determined by the
shutter aperture, which is fast enough to give sat-
isfactory resolution. A flash of actinic light yielded
a peak of fluorescence (Fp) for this light level. The
half-time for transition from F0 to Fp (T1/2) was
determined, and it is related to reduction rate of
QA, QB and PQ; in fact, it has been used to deter-
mine the amount of functional PSII centers and
the size of the PQ pool (Bolhàr-Nordenkampf and
Öquist 1993). The ratio of variable to peak fluo-
rescence (Fv/Fp ¼ (Fp)F0)/Fp) was used as a mea-
sure of the maximum photochemical yield of PSII;
this ratio correlates with the number of functional
PSII reaction centers and was used to quantify
photoinhibition (Krivosheeva et al. 1996).

Data analysis

Analysis was carried out using ‘Statistica’ release
5.1 (Statsoft Inc.). Pearson correlation coefficients

were calculated between salinities and physiologi-
cal variables. Physiological measurements were
compared between treatments by a one-way anal-
ysis of variance. The least significant differences
(LSD) between means were calculated only if the
F-test was significant at the 0.05 level of proba-
bility. Data were tested for homogeneity of vari-
ance with the Levene test (P>0.05). Deviations
were calculated as the standard error of the mean
(SEM).

Results

Leaf water potential and leaf expansion

Wleaf was very highly negatively correlated with
salinity concentration (r ¼ )0.96, P ¼ 0.01,
n ¼ 5), oscillating between )0.52MPa at the low-
est salinity (0.5 ppt) and )3.47MPa at the highest
one (40 ppt) (Figure 1).

Leaf expansion was as well negatively corre-
lated with salinity concentration (r ¼ )0.92,
P ¼ 0.03, n ¼ 5). The highest leaf expansion was
recorded at the lowest salinity (2.55±0.14 cm/
day), which was similar to those recorded at 10,
15 and 20 ppt and significantly higher than that

Figure 1. Leaf water potential (Wleaf) (A) and leaf elongation

(B) in relation to salinity in S. densiflora from the southwes-

tern Iberian Peninsula. Regression equations (n ¼ 5): Wleaf,

y ¼ )0.22 ) 0.07x; leaf elongation, y ¼ 2.87 ) 0.04x.
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recorded at 40 ppt (LSD post-hoc test, P ¼ 0.001;
ANOVA, F ¼ 11.4, P<0.001) (Figure 1).

Gas exchange

Gs oscillated between 95.6±16.0 and 148.6±
21.3mmol/m2 s, without significant differences
between treatments (F ¼ 1.53, P<0.266) (Fig-
ure 2).

The net photosynthesis rate was negatively cor-
related with salinity (r ¼ )0.98, P ¼ 0.01, n ¼ 5),
decreasing to half from fresh water (16.6±0.7
lmol/m2 s) to hypersalinity (7.6±1.0 lmol/m2 s)
(Figure 2). On the other hand, A was positively
correlated with Wleaf (r

2 ¼ 0.99, P ¼ 0.01, n ¼ 5)
and leaf expansion (r2 ¼ 0.96, P ¼ 0.01, n ¼ 5).

Chlorophyll fluorescence

The ratio Fv/Fp showed a minimum at the lowest
and the highest salinity concentrations (ANOVA,
F ¼ 3.9, P<0.017). T1/2 was significantly higher

at 0.5, 10 and 40 ppt than at 15 and 20 ppt
(ANOVA, F ¼ 5.8; P<0.003), oscillating
between 243 and 294ms. The initial fluorescence
(F0) did not vary significantly with salinity, oscil-
lating around 0.05 in every treatment. Fp and Fv

showed minimum values at the lowest and the
highest salinities; however, these differences were
not significant with respect to the other treat-
ments (ANOVA, F ¼ 2.1, P<0.114; F ¼ 2.3,
P<0.097; respectively) (Figure 3).

Discussion

This study shows that adult tussocks of the inva-
sive cordgrass, Spartina densiflora, from the
southwestern Iberian Peninsula show a high
short-term tolerance to salinity with high values
in growth and net photosynthesis rate from 0.5
to 20 ppt. These results are in agreement with S.
densiflora distribution in invaded European estu-
aries, where it colonizes habitats with contrasted
salinity regimens as low and brackish marshes
and saltpans (Nieva et al. 2001). The high accli-
mation capacity of S. densiflora to salinity was
also reflected in the regulation of its Wleaf, behav-
ing as an osmo regulator (Nieva et al. 1999).

S. densiflora showed a lower Fv/Fp ratio at the
lowest salinity than at intermediate salinities,
which resulted from a decrease in Fp. This photo
inhibition in fresh water would be due to the dis-
sipation processes of excessive energy, related to
non-photochemical quenching such as thermal
deactivation and xanthophyll cycle (Griffiths and
Maxwell 1999), and/or a limitation in Chl syn-
thesis. It has been described that NaCl increases
the Chl content in coastal species (Beer et al.
1976). This photoinhibition would be compen-
sated by adaptative biochemical mechanisms,
such as higher levels of energy transmission
between photosystems through maintenance of
an abundant and active PQ pool – higher T1/2

values – (Fernández-Baco et al. 1998). These
mechanisms would allow S. densiflora to keep
high net photosynthesis and growth rates in fresh
and brackish water environments.

At the highest salinity (40 ppt), a high stress
level was recorded in S. densiflora, reflected in
significant decreases in growth, net photosynthe-
sis rate and photochemical efficiency of PS II.
This decrease in A was high (around 50%

Figure 2. (A) Net photosynthesis rate (A) and (B) stomatal

conductance (Gs) in relation to salinity in S. densiflora from

SW Iberian Peninsula. Regression equation (n ¼ 5): A, y=

17.45 ) 0.22x.
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compared with fresh water treatment) as it used
to be in C4 species (Drake 1989) and it was inde-
pendent of Gs values. It has been described as
the primary effect of salinity on metabolic events
(Drake 1989) through an excess of ions in the
plant tissue and/or an inhibition of nutrient ion
uptake (Greenway and Munns 1980). These alter-
ations interfere with metabolic functions such as
protein synthesis, which determinates photoinhi-
bition levels (Ohad et al. 1985), and they lead to
biochemical changes that affect carboxylase activ-
ity of the ribulose-1,5-bisphosphate carboxylase/
oxygenase (Antolı́n and Sánchez-Dı́az 1993). Salt
stress was also reflected in a significant decrease
of Fv/Fp. The nature of this photoinhibition
seemed to be related with photoprotective mecha-
nisms such as xanthophyll cycle, since a slight
decrease in Fp and Fv was recorded. As well as
in fresh water, S. densiflora photosynthetic appa-
ratus showed adaptation mechanisms to salinity
stress reflected in a significant increase of T1/2 at
the highest salinity, suggesting high levels of
energy transmission between photosystems
(Fernández-Baco et al. 1998). This adaptation
capacity would not be enough to compensate salt
stress effects, since, as pointed out previously,
other processes such as the Calvin cycle may also
be involved.

Our results support S. densiflora invasion pat-
terns in European estuaries, with low expansion
rates near the sea, and an active colonization of
brackish marshes and river banks, where it com-
petes with native oligohaline species (Nieva
1996). Similar results were found by Kittelson
and Boid (1997) working in adult S. densiflora
tussocks in invaded Californian marshes. Nieva
et al. (1999), working with invading S. densiflora
in the Gulf of Cádiz, found an increase in A with
a decrease in salinity, and Valiela et al. (1978)
suggested that salinity might be limiting the
growth of Spartina alterniflora wild populations.
All these results suggest that S. densiflora inva-
sion would be favored in brackish environments
and by anthropogenic disturbances lowering
salinity, such as fresh water emissions.

The elevated salinity tolerance of S. densiflora
together with its high competitive ability – grow-
ing in very dense tussocks with a phalanx growth
(Figueroa and Castellanos 1988) – would allow
this neophyte to invade a wide range of habitats
displacing native species, such as other invasive

Figure 3. Potential photochemical efficiency of PSII (Fv/Fp),

half-time for transition from F0 to Fp (T1/2), initial fluores-

cence (F0), peak fluorescence (Fp) and variable fluorescence

(Fv) in relation to salinity in S. densiflora from the southwes-

tern Iberian Peninsula.
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weeds in salt marshes (Rea and Storrs 1999;
Merriam and Feil 2002). Studies rooted to ana-
lyze competitive interactions of S. densiflora with
native species in relation with environmental con-
ditions are needed to clarify how far this alien
species is affecting autochthonous communities.
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Abstract

The hypersaline environments and salterns present in the western Mediterranean region (including Italy,
southern France, the Iberian Peninsula and Morocco) contain autochthonous forms of the brine shrimp
Artemia, with parthenogenetic diploid and tetraploid strains coexisting with the bisexual species A. sal-
ina. Introduced populations of the American brine shrimp A. franciscana have also been recorded in
these Mediterranean environments since the 1980s. Based on brine shrimp cyst samples collected in these
countries from 1980 until 2002, we were able to establish the present distribution of autochthonous brine
shrimps and of A. franciscana, which is shown to be an expanding invasive species. The results obtained
show that A. franciscana is now the dominant Artemia species in Portuguese salterns, along the French
Mediterranean coast and in Cadiz bay (Spain). Co-occurrence of autochthonous (parthenogenetic) and
American brine shrimp populations was observed in Morocco (Mar Chica) and France (Aigues Mortes),
whereas A. franciscana was not found in Italian cyst samples. The results suggest these exotic A. francis-
cana populations originate as intentional or non-intentional inoculations through aquacultural (hatchery
effluents) or pet market activities, and suggest that the native species can be rapidly replaced by the exo-
tic species.

Introduction

The brine shrimp Artemia (Branchiopoda, Anos-
traca) is perhaps the most conspicuous inhabitant
of hypersaline lakes and lagoons and solar sal-
tern ponds, coastal and inland, over the world,
where simple trophic structures and low species
diversity are present (Lenz and Browne 1991).

The genus Artemia comprises a group of bisex-
ual and parthenogenetic species, which probably
diverged five to six million years ago from an
ancestral form living in the Mediterranean area
(Abreu-Grobois and Beardmore 1982; Badaracco

et al. 1987). The string of shallow briny lakes
into which the Mediterranean sea had converted
(Hsü et al. 1977) created opportunities for coloni-
zation, extinction and recolonization cycles with
different degrees of reproductive isolation, while
the appearance of a parthenogenetic mode of
reproduction, together with polyploidy, may have
facilitated dispersion. Thus, the Mediterranean
has been proposed as the centre of radiation for
Artemia, based on changes in reproduction
modes, bisexuality and parthenogenesis on the
one hand, together with diploidy and polyploidy
on the other (Gajardo et al. 2002).

Biological Invasions (2005) 7: 37–47 � Springer 2005



On the basis of criteria from morphometry
and laboratory reproductive isolation, and subse-
quently through karyology, allozyme divergence
and new molecular (DNA) markers, seven bisex-
ual species and two or three parthenogenetic
forms are currently recognized in the genus Ar-
temia. They all look rather similar in body shape,
but show morphological traits that enable mor-
phometric differentiation when they are cultured
under standard laboratory conditions (Hontoria
and Amat 1992a, b).

The bisexual A. persimilis (Piccinelli and Pros-
docimi 1968) (Argentina and Chile) and A. fran-
ciscana (Kellogg 1906) (North, Central and South
America) are endemic to the New World. The
bisexual A. salina Leach 1819 (Mediterranean
area and Africa), A. urmiana (Günther 1890)
from Iran, A. sinica (Cai 1989) from P.R. China,
and A. tibetiana (Abatzopoulos et al. 1998, 2002)
from Tibet, with Artemia sp. from Kazakhstan
(Pilla and Beardmore 1994) are endemic to the
Old World. Recently, the American species A.
franciscana has been introduced in the Old
World, especially in the Far East and in the Med-
iterranean area, as explained in this study.

The parthenogenetic forms, with different
degrees of ploidy, are present in the Old World,
i.e. Eurasia and Africa, and were introduced in
Australia. Although these forms are listed taxo-
nomically with the binomen Artemia partheno-
genetica, the wide diversity found among
different asexual populations, especially in terms
of ploidy, suggests that their grouping under a
single species may be misleading (Browne et al.
1991; Gajardo et al. 2002). The distribution of
Artemia populations in the western Old World,
including Italy, south of France and the Iberian
Peninsula (Spain and Portugal), together with the
north of Africa, is especially interesting owing to
the presence and distribution of the Mediterra-
nean bisexual A. salina and, at least, two differ-
ent parthenogenetic forms, diploid and tetraploid
(Artom 1906; Stella 1933; Gilchrist 1960; Stefani
1960; Amat 1983a, b ; Vieira and Amat 1985;
Vanhaecke et al. 1987; Amat et al. 1995; Tryan-
taphyllidis et al. 1997a, b).

This region also shows the unfortunate event
of the presence of the American species Artemia
franciscana (Narciso 1989; Hontoria et al. 1987;
Amat et al. 1995). This paper aims to review the
current distribution of A. franciscana populations

in the western Mediterranean region and their
likely origins. We also compare the biometry of
both introduced and autochthonous populations,
and consider the impact of the exotic species on
the native ones.

Materials and methods

This research was carried out using a large col-
lection of Artemia cyst samples in the Instituto
de Acuicultura de Torre de la Sal (CSIC), sup-
ported by the samples available from the Artemia
Reference Center (University of Ghent, Belgium),
and a database of morphometric characteriza-
tions of adult specimens from different Artemia
populations and species. This database used a
‘morphometric standard’ describing the popula-
tions obtained after hatching these cysts in the
laboratory and their culture under standard con-
ditions (Hontoria and Amat 1992a).

The cyst collection contained about 130 cyst
samples from Western Europe (Spain, Portugal
and Italy) collected since 1980. During 2001 and
2002, new cyst samples were taken from the
southwest of Spain and Portugal (by the
authors), and the southeast of France (provided
by Dr Thomas Lenormand, Université de Mont-
pellier, France), the European regions where the
invasive presence of A. franciscana was first
reported (Narciso 1989; Thiery and Robert
1992). We also analysed cysts of asexual Artemia
that we extracted from the pellets of Redshank
Tringa totanus that were collected from Cadiz
Bay in July and August 2002 (A.J. Green, M.I.
Sánchez, F. Amat, J. Figuerola, F. Hontoria,
O. Ruiz, F. Hortas, unpublished manuscript).

Cysts from Italy (Dr Graziella Mura, Univer-
sity of Rome) and from Portugal (Dr Mª Elena
Vilela, Instituto de Investigaçao das Pescas e do
Mar, Lisbon) were preserved in plastic bags
under vacuum. Other cysts samples were pro-
cessed according to standardized methods
(Vanhaecke and Sorgeloos 1980) and stored at
4 �C in sealed plastic bags.

Biometry of adults

The nauplii obtained by cyst hatching were made
to grow up in 5 l plastic containers, with 70 g l)1

filtered brine (seawater plus crude sea salt), and
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put on a mixed diet of Dunaliella salina and Te-
traselmis suecica. The temperature was main-
tained at 24 ± 1 �C, under mild aeration at a
12D : 12L photoperiod. The medium was moni-
tored and renewed every 2 days. Once 50% of
the females attained full ovisac development and
the first ovoviviparous offspring was observed,
random samples of 30 females (parthenogenetic
and bisexual strains) and 30 males (bisexual
strains) were removed from the culture, anaesthe-
tized and measured under a dissecting micro-
scope. The following morphological parameters
were quantified in each specimen: total length,
abdominal length, width of third abdominal seg-
ment, width of the ovisac in females and width
of the genital segment in males, length of furca,
number of setae inserted on each branch of the
furca, width of head, maximal diameter and dis-
tance between compound eyes, length of first
antenna and the ratio of abdominal length · 100/
total length. The biometrical analysis of these
data was performed via multivariate discriminant
analysis (Hontoria and Amat 1992a) using the
statistical package SPSS for Windows version
11.0 (SPSS Inc., Chicago, Illinois, USA), and the
results were integrated in the morphological data
base developed at the Instituto de Acuicultura de
Torre de la Sal (Amat et al. 1995).

Biometry of cysts

When cysts from old or mishandled samples did
not hatch, it was impossible to obtain living nau-
plii; therefore, to grow up laboratory populations
to adulthood. In this case, the population specific
adscription was obtained through the biometric
study of cysts, which provides a fitting alternative
for this purpose (Vanhaecke and Sorgeloos 1980;
Hontoria 1990).

Samples providing sufficient quantities of
cysts allowed cyst diameter analysis with an
electronic Coulter Counter� counter-sizer (Van-
haecke and Sorgeloos 1980; Hontoria 1990).
The other cyst samples were previously
hydrated with 20 g l)1 filtered seawater, at
28 �C with continuous illumination and aera-
tion, and measured under a dissecting micro-
scope to the nearest lm. Cysts were hatched
under standard conditions: 35 g l)1 filtered sea
water, at 28 �C, with continuous illumination
and aeration.

Several cyst samples did not hatch after the
first attempt, and according to the amount of
cysts available, they were submitted to two or
three hydration and dehydration (24 h oven dessi-
cation under 39 �C) cycles, and/or to a H2O2

treatment, processes that terminate diapause of
Artemia cysts (Lavens and Sorgeloos 1987;
VanStappen et al. 1998), before a final attempt to
hatch them in order to obtain living nauplii.

Results

Biometry of cysts and adults

The information obtained from cyst samples
from Portugal is shown in Table 1. Only those
samples collected since 1990 hatched. Laboratory
populations showed the exclusive presence of A.
franciscana, based on the morphometric study of
adult specimens (Figure 1). However, the infor-
mation from cyst biometry allows inferring the
presence of A. franciscana in the Algarve from
the beginning of the 1980s. In the Sado estuary
area, the situation is similar, but Olhos and
Cachopos salterns may still have held A. parthe-
nogenetica populations in the 1980s according to
the cyst diameter that exceeded 260 lm
(Hontoria 1990). In the Tejo estuary, it is possible
to infer the presence of A. franciscana in Alco-
chete and Boavista salterns in the 1980s, but
autochthonous parthenogenetic (diploid and tetra-
ploid) populations (cyst diameter between 260
and 280 lm) were dominant at that time. Finally,
in the Esmolas salterns, from the district of Ave-
iro, the presence of A. parthenogenetica was stated
by Vieira (1990), but samples collected in 1991
showed the exclusive presence of A. franciscana.

More recent cyst samples from Huelva and Ca-
diz provinces in Spain, from Mar Chica (Nador,
Morocco) and from the South of France hatched
successfully. The populations obtained from these
cysts verified the presence of the autochthonous
bisexual (A. salina) and the parthenogenetic dip-
loid and tetraploid strains, together with the exo-
tic A. franciscana (Table 2). The Westernmost
Spanish populations (Odiel in Huelva and N.S.
del Rocı́o in Sanlucar de Barrameda, Cadiz)
showed the exclusive presence of autochthonous
populations (A. salina and/or A. parthenogeneti-
ca) in variable ratios, whereas the Moroccan
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population showed a mixture of the autochtho-
nous diploid parthenogenetic and the American
species. However, the salterns located in Cadiz
bay showed the exclusive presence of A. francis-
cana. French samples corresponded mostly to A.
franciscana populations, verified through speci-
mens obtained under culture or through those
provided as preserved samples. In Aigues Mortes,
low proportions of the autochthonous partheno-
genetic population were recorded.

Cyst samples available from Italy and the
information obtained from them are shown in
Table 3. Some of these samples, collected before
1987, did not hatch. Laboratory populations
obtained from viable cysts showed the presence
of the autochthonous populations, i.e., the bisex-
ual A. salina and both parthenogenetic strains,
diploid and tetraploid. According to data
reported previously by Hontoria (1990), the cysts
from the Comacchio salterns correspond to a
parthenogenetic tetraploid strain because of their

big size, while the Sicilian sample from Isola
Longa (Trapani) resembles the size of cysts
obtained for A. salina populations from Tarqui-
nia and Sardinian salterns.

The multivariate procedure produces 12 discri-
minant functions for each analysis (males and
females). In the case of the females, the first
11 functions significantly (P £ 0.01) account for
the increase of variance explained when they are
included in the model. For males, the analysis
needs only the first eight discriminant functions
to completely separate the populations studied.
These functions significantly (P £ 0.01) account
for the variance explained. However, in both
cases, the four first discriminant functions
account for the larger part of the variation
(90.5% in the analysis pertaining to females and
93.2% in that for the males).

Figures 1 and 2 summarize the centroids (mean
points for each population) for the first two dis-
criminant functions obtained, for females and

Table 1. Artemia cyst samples available from Portugal, mean diameter of cysts and taxonomical identification.

Locality Sampling date Cyst diameter (lm) Observations

Micro C.C. C.C.(*)

Algarve Province

San Francisco salterns 1980–1981 243 236 238 NH

Marina Bias salterns 1987 246 248 – NH

Olhao salterns 1985 247 – 259 NH

Tavira salterns 1985 240 – – NH

Olhao salterns 2002 253 – – A. franciscana

Faro. Ludo salterns 2002 245 – – A. franciscana

Castro Marim salterns 2002 250 – – A. franciscana

Sado Estuary

Batalha salterns 1986 236 – – NH

Sado salterns 1987 248 – – NH

Olhos salterns 1986 262 – – NH

Cachopos salterns 1987 276 – – NH

Rio Frio salterns 1993 228 – – A. franciscana

Bonfim salterns 1996 224 – – A. franciscana

Tejo Estuary

Alcochete salterns 1988 259 256 266 NH

Boavista salterns 1987 258 260 – NH

Marina Nova salterns 1987 264 273 – NH

Marina Velha salterns 1987 – 276 – NH

Providencia salterns 1987 – 276 – NH

Aveiro District

Esmolas salterns 1985 266 (**) – 263 A. parthenog. (d)

Esmolas salterns 1991 249 – – A. franciscana

Esmolas salterns 1993 248 – – A. franciscana

Micro.: cyst diameter measured with micrometer eyepiece. C.C.: cyst diameter measured with Coulter Counter. C.C.(*): idem

(Hontoria 1990); (**) Vieira 1990; NH=No hatching cysts. (d): Artemia parthenogenetica diploid.
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Figure 1. Group centroids of the populations studied for the first two discriminant functions resulting from the discriminant analy-

sis on female morphometric variables.

Table 2. Artemia populations obtained in the laboratory from cyst samples collected in southwestern Spain, north of Morocco and

southeastern France, and their relative specific composition where different species or strains appeared.

Locality Sampling date Specific composition

Spain

Huelva Province

Esteros Odiel saltern 06. 2002 A. parthenog. (d): 97% A. parthenog. (t): 3%

Cadiz Province

N.S. del Rocı́o saltern 01. 2002 A. parthenog. (d): 98% A. salina (bisex.) 2%

El Estanquillo saltern 01. 2002 A. franciscana

El Pilar saltern 06. 2002 A. franciscana

San Pascual saltern 02. 2003 A. franciscana

La Dolores saltern 02. 2003 A. franciscana

Morocco

Laguna Mar Chica saltern 06. 2000 A. parthenog. (d): 80% A. franciscana: 20%

France

Sete-Listel saltern 05. 2002 A. franciscana

Aigues Mortes saltern 06. 2002 A. parthenog. (d): 2% A. franciscana: 98%

Fos saltern 05. 2002 A. franciscana (p. s.)

Pesquiers saltern 05. 2002 A. franciscana (p. s.)

Hyère saltern 05. 2002 A. franciscana (p. s.)

Thau Castelan saltern 05. 2002 A. franciscana (p. s.)

A. parthenog. (d): Artemia parthenogenetica (diploid); (t): tetraploid; (p.s.): alcohol preserved original specimens.
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males, respectively. The populations analysed can
be split into three different groups when females
(Figure 1) are considered and two different
groups for males. Two of the three groups
obtained for females are shown to be quite homo-
geneous, and these include 13 A. franciscana and
9 A. salina populations. The third group, more
complex and less homogeneous, includes diploid
and tetraploid parthenogenetic populations.

When males are considered (Figure 2), only
two groups are observed owing to the absence of
males for parthenogenetic populations. The
group concerning A. salina males looks more
homogeneous, whereas the other group, dealing
with A. franciscana males, shows a clear split
between a group of males morphologically simi-
lar to those originally from Great Salt Lake
(Utah, USA), whereas the others are similar to
San Francisco Bay (California, USA) ones, sug-
gesting the possibility that the different American
brine shrimp populations introduced in the Wes-
tern Mediterranean localities originate from cysts
imported from both parts of the USA. These
data also support the view of Pilla and Beard-
more (1994) on the greater usefulness of male
traits in this type of morphological analysis.

Discussion

The first recorded deliberate introductions of Ar-
temia franciscana were those carried out on a
Pacific Island and in Brazil in the 1970s
(VanStappen 2002). According to our results
obtained through the screening of old and
updated brine shrimp cyst samples collected in
salterns from various western Mediterranean
countries, including the Atlantic shore salterns in
Portugal and southwest Spain, the presence of A.
franciscana as an exotic invasive species is con-
firmed in Portugal, Spain, France, as well as in
the north of Morocco.

The presence of A. franciscana in the south-
west of Portugal appears to date from the early
1980s as suggested by previous information
(Hontoria et al. 1987). The American brine
shrimp populations probably then spread (or
was introduced) to the North, invading hypersa-
line environments in central Portugal, i.e., Sado
and Tejo estuaries during the course of this
decade, reaching the salterns in the Aveiro dis-
trict at the end of 1980s or early 1990s and
outcompeting autochthonous Artemia popula-
tions.

Table 3. Artemia cyst samples available from Italy.

Locality Sampling date Cyst diameter Observations

Veneto province

Comacchio salterns 1985 278 NH

Apulia province

Margherita di Savoia salterns 1988 258 A. parthenogenetica (d): 67%

A. parthenogenetica (t): 33%

Margherita di Savoia salterns 1988 267 A. parthenogenetica (d): 22%

A. parthenogenetica (t): 78%

Lacio province

Tarquinia salterns 2002 243 A. salina

Sicilia province

Isola Longa salterns 1985 245 NH

Sardinia province

Cagliari salterns 1988 254 A. salina

Carloforte salterns 1987 251 NH

Carloforte salterns 1988 256 A. salina

A. parthenogenetica (d) <1%

San Antioco salterns ? 255 A. salina

ARC 579

Santa Gilla salterns 1994 253 A. salina

Mean diameter of cysts (lm) measured with a micrometer eyepiece. Relative specific composition where different species or strains

appeared. (d): Artemia parthenogenetica diploid, (t): tetraploid.

NH: No hatching cysts. ARC 579: Artemia Reference Center cyst bank sample.
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The salterns in the southwest of Spain, espe-
cially in the provinces of Cadiz and Huelva, have
been the subject of field studies over several dec-
ades. They provide a well-documented case of
coexistence of parthenogenetic (diploid and tetra-
ploid) strains and the amphygonic A. salina
(Amat 1983a; Amat et al. 1995). However, in
most of the 140 old salterns exploited around the
Cadiz Bay (Puerto Real, San Fernando, Chiclana
and Cadiz), salt extracting activity ceased at the
beginning of the 1980s (Amat 1983b), their land
use changing to aquacultural projects. This fact
presumably provoked non-intentional inocula-
tions of A. franciscana through hatchery efflu-
ents, while a few of them became the source of
brine shrimp products for aquarists and pet mar-
kets after intentional inoculations (J.A. Calderon,
pers. comm.).

The same aquacultural source for the introduc-
tion of American brine shrimp in the south of
Spain and Portugal is presumably responsible for

its presence in the French Mediterranean (see
below), where an unusual sexual population of
Artemia was previously recorded by Thiery and
Robert (1992). A close inspection of their paper
shows that they had found an introduced popula-
tion of A. franciscana, although they failed to
name the species.

Italian samples studied from eight localities do
not show the presence of A. franciscana. In these
Italian salterns, only the autochthonous strains
were found. This supports the results of Nascetti
et al. (2003) in their study of the genetic structure
of Italian Artemia from brackish and hypersaline
waters.

According to Ehrlich (1984), Lodge (1993) and
McMahon (2002), successful invasive species usu-
ally display different degrees of the following
attributes: (1) abundance in their original range
or large native range, (2) polyphagous or eury-
trophic (i.e. wide feeding niche), (3) much genetic
variability or phenotypic plasticity, (4) short
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sis on male morphometric variables.
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generation times, (5) fertilized females able to
colonize alone (i.e. single parent reproduction),
(6) vegetative reproduction, (7) larger than most
related species, (8) high dispersal rate, (9) associ-
ated with human activities (human commensal-
ism) and (10) able to function in a wide range of
physical conditions.

In fact, the biological attributes of species are
not the only reason of successful introductions.
According to Williams (1996) and Blackburn and
Duncan (2001), the match between the climatic
or environmental conditions in a species natural
range and the climate in the location of the intro-
duction could also be an important factor.

There are many examples of invading aquatic
species showing most of the cited traits, but not
all these traits can play a definitive role in deter-
mining the success of invasions, the shifts in the
structure of invaded communities over time, and
the probability of extinction of autochthonous
species. How well Artemia complies with most of
these traits thought to characterize invasive spe-
cies is addressed below.

It has been argued that there is little evidence
suggesting that physiological capacity to tolerate
and function in a wide range of physical condi-
tions is a prerequisite to successful invasions of
aquatic habitats (McMahon 2002). In the genus
Artemia, although the information on the toler-
ance of its different species to a wide range of
physical conditions is not complete, it is com-
monly accepted that its adaptation to the severe
habitats of hypersaline ecosystems, and its wide
distribution in all continents except Antarctica,
mean that the species and populations can with-
stand the widest salinity and temperature ranges
among aquatic organisms, living in salinities at
or below seawater concentration (35 g l)1), up to
saturation level (300 g l)1).

It is possible to assimilate the filter feeding
mechanism of Artemia to a polyphagous regime
equivalent to eurytrophy, provided that the fil-
tered particles do not exceed a range of critical
sizes, i.e., between 6.8 and 27.5 lm (Gelabert
2001).

The sympatry of sexual and asexual autochtho-
nous Artemia species recorded in several sites,
e.g. Spanish Mediterranean coastal salterns
(Browne and McDonald 1982; Amat 1983a;
Browne et al. 1988), or lake Urmia (Iran) and
peripheral hypersaline lagoons (N. Agh, pers.

comm.) has previously motivated laboratory
studies of the interaction between sexual and
asexual populations. These competition studies
can shed light on life history traits that may
explain the success of A. franciscana as an inva-
der.

Competition experiments between bisexual and
asexual Artemia populations from several locali-
ties of the Old World have been carried out
in the laboratory (Browne 1980; Browne and
Halanych 1989), with A. franciscana usually
incorporated as a model species since it is the
best known and studied taxon (Lenz and Browne
1991). In these experiments, A. franciscana popu-
lations outcompeted parthenogenetic (diploid)
populations in 91% of the scorable trials. How-
ever, when these A. parthenogenetica populations
competed against the co-occurring Old World
and Mediterranean sexual populations A. salina,
bisexuals were eliminated in 98% of the trials.
Thus, the competitive abilities of the Artemia
populations under the experimental conditions
tested are A. franciscana > A. parthenogenetica
> A. salina. However, salinity, temperature and
other environmental gradients are likely to influ-
ence the relative performance of each species.

Many invasive aquatic species with significant
ecological impacts are characterized by adapta-
tions supporting rapid population growth,
including rapid individual growth, early maturity,
short generation times, high fecundities and small
egg–offspring size. These are traits characteristic
of species adapted to unstable habitats, with fre-
quent population density reductions or disap-
pearance associated with unpredictable natural
environmental events (Browne and Wanigasekera
2001). Artemia and especially A. franciscana can
be considered to exhibit these traits, A. francis-
cana being a more extreme r-strategist (Lodge
1993; Williamson 1996) compared to the species
it outcompetes.

A wide variety of factors such as environmen-
tal cues, life-history traits, heterozygosity levels
and genetic variability may contribute in deter-
mining the competitive abilities of the Artemia
populations. These variables cannot be pooled
together in experimental designs, but the partial
information available from studies of each factor
and the evidence from studies in the field where
competition occurs suggest the possibility of
competitive exclusion of native Artemia by
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A. franciscana in 10–100 generations (Miller
1967), although according to Lenz and Browne
(1991) it may be attainable in two or three gener-
ations.

Most Artemia species reproduce primarily by
ovoviviparity under favourable environmental
factors, especially when there is no food limita-
tion, but they switch to oviparity (producing
cysts that can undergo prolonged diapause and
cryptobiotic periods) when unfavourable environ-
mental factors threaten the ovoviviparous repro-
duction and the population persistence. These
cysts are the best way to ensure the appearance
of a new population under renewed favourable
conditions promoting cyst hydration and hatch-
ing, i.e. the renewal of the population in the fol-
lowing season. These cysts are also the best way
to ensure a successful dispersion of Artemia pop-
ulations. These cysts are thought to be broadly
dispersed by wind transportation among short
distances, or by birds for longer distances (Figue-
rola and Green 2002; Green et al. 2002).

Last but not the least, the presence of A. fran-
ciscana from the New World in the Western Eur-
ope and Mediterranean shores is unquestionably
associated with a human activity, with the aqua-
culture of marine species of commercial interest.
With the unavoidable development of hatcheries
to obtain postlarvae and fingerlings for aquacul-
ture, the use of Artemia nauplii as a diet for lar-
val culture became widespread. Dormant cysts of
Artemia can be stored for long periods in cans
and then used as an off-the-shelf food requiring
only 24 h of incubation to obtain live nauplii
(Lavens and Sorgeloos 2000). From the early
1950s, commercial sources of cysts initially origi-
nated from the coastal salterns in the San Fran-
cisco Bay, California, USA, and the inland Great
Salt Lake, Utah, USA. These cysts were primar-
ily marketed for the aquarium pet trade, and in
the mid-1970s, the demand increased from
emerging aquaculture operations, currently
attaining requirements of about 2000 metric tons
of cysts annually.

Shrimp culture, based on Penaeids, started to
develop rapidly in the Mediterranean area
(mainly in Italy and France) in the latter years of
the 1970 decade (Lumare 1990). Experimental
productions of Penaeus japonicus in the south-
west of Spain (Cadiz) started in 1982, and in
1986, about 20 million postlarvae were reared

(Rodriguez 1986). Shrimp culture was largely
replaced by marine finfish (sea bass, sea bream)
culture in the early 1980s, when many old sea-
side salterns that had been traditionally exploited
in the area of Cadiz bay switched their activity
to intensive fish culture. By 1998, 900 ha of old
saltern ponds had been converted to intensive
fish culture (Espinosa et al. 1999).

In southwestern Portugal (Algarve province),
old salterns were converted to prawn and fish
culture in 1985–1986 (Gouveia 1994), but Ameri-
can brine shrimp may have been introduced ear-
lier for the aquarium pet trade (M.N. Vieira,
pers. comm.).

In the early 1970s, there were important
advances in sea bass intensive cultures in pilot
plants settled in the area of Sete (Languedoc,
France) near coastal lagoons and marine salt
exploitations (Barnabe 1974a, b). During this
decade, several fish farms developed in the
lagoons and brackish environments along the
Languedoc shore: Salses-Leucate, Thau., etc.

These aquaculture developments have been
closely linked to the success in shrimp and fish
hatchery productions, where larviculture relied
on the supply of live food organisms in sufficient
quantity. To date, these living preys are rotifers
(Brachionus plicatilis) obtained through season-
round massive culture, and Artemia nauplii from
the massive hatching of cysts purchased in the
international market from sources in America,
especially from Great Salt Lake, Utah.

Our results suggest that the native populations
of Artemia in the Mediterranean region are under
severe threat from competition with the expand-
ing A. franciscana. In an attempt to prevent or
slow down further spread of this exotic species,
we suggest that aquaculture activities should be
subject to tighter regulation. Where possible, the
use of cysts from native species should be
encouraged.
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tóctonas de Artemia de Portugal. Seminario Aquacultura

Instituto Ciências Biomédicas ‘Abel Salazar’, Porto,

Portugal, 10 pp
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Abstract

Based on a review and our own data, we present an overview of the ecological impacts on the trophic
web of Mediterranean wetlands by an introduced Decapod Crustacean, the red swamp crayfish (Pro-
cambarus clarkii). P. clarkii lacks efficient dispersal mechanisms but is very well adapted to the ecologi-
cal conditions of Mediterranean wetlands (fluctuating hydroperiods with regular intervals of drought).
As an opportunistic, omnivorous species, which adapts its ecology and life history characteristics, such
as timing and size at reproduction to changing environmental conditions, it became readily established
in most of the Mediterranean wetland environments. High reproductive output, short development time
and a flexible feeding strategy are responsible for its success as an invader. Like most crayfish, it occu-
pies a keystone position in the trophic web of the invaded system and interacts strongly with various
trophic levels. It efficiently grazes on macrophytes and is one of the main factors, besides the impact of
flamingos, cattle and introduced fish, of the change of many water bodies from a macrophyte domi-
nated, clear water equilibrium to a phytoplankton driven turbid water balance. Juveniles feed on protein
rich animal food with the corresponding impact on the macroinvertebrate community in competition
with other crayfish or fish species. At the same time, it serves as a prey for mammals, birds and fish.
Due to its predatory and grazing activity, it efficiently canalises energy pathways reducing food web
complexity and structure. Feeding also on detritus it opens, especially in marshlands, the detritic food
chain to higher trophic levels which results in an increase of crayfish predators. As a vector of diseases,
it has a severe impact on the preservation and reintroduction of native crayfish. P. clarkii accumulates
heavy metals and other pollutants in its organs and body tissues and transmits them to higher trophic
levels. Due to the long history of its presence, the complex interactions it established within the invaded
ecosystems and the socio-economic benefits it provides to humans, prevention and control seem the most
promising management measures to reduce the negative impact of this crayfish species.

Introduction

Biological invasions and their negative impact on
resident communities and ecosystem functioning
are considered one of the major threats to biodi-
versity. Mediterranean ecosystems in particular
have a long history of biological invasions be

they anthropogenic or non-anthropogenic in ori-
gin (Di Castri 1990). Especially threatened are
Mediterranean wetlands, which have to suffer the
consequences of invasions and of anthropogenic
alterations and transformations leading to habi-
tat destruction and very often to their complete
disappearance. Despite that these wetlands are
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second only to rainforests as reservoirs of biodi-
versity and productivity and are ranked second
to estuaries in terms of ecosystem services pro-
vided to human welfare (Costanza et al. 1997)
they have become only recently the object of
increased protection.

Wetland ecosystems are characterised by high
biodiversity and complex trophic interactions.
Such systems are thought to be less vulnerable to
invasions (Sakai et al. 2001), but recent studies
have shown that the length of disturbance-free
periods is equally important (Shea and Chesson
2002). Disturbance tends to disrupt existing inter-
action among species and opens new niches for
potential invaders. Levels of both anthropogenic
and non-anthropogenic disturbances in wetlands
are high. A further characteristic of Mediterra-
nean wetlands is the existence of frequent, regu-
lar periods of drought, which protects them
against most of the invaders.

The impact of an invader also depends on its
position in the trophic web of the invaded eco-
system. Species with strong interactions or which
are keystone species in the sense of Power and
Tilman (1996) will have a larger impact than spe-
cies with weak or few interactions. Equally, spe-
cies interacting with several trophic levels affect
ecosystem structure and function more inten-
sively than those which interact with a single tro-
phic level. The removal of a species which has
already established tight trophic links with native
species might produce unpredictable secondary
effects on the invaded community. Therefore, an
understanding of the invader’s role within the
trophic web is crucial not only for predictive pur-
poses but also for estimating the consequences of
management measures.

Crayfish have been introduced in many water
bodies for a long time. Omnivorous and highly
active, they are known to occupy keystone posi-
tions in both their natural and host ecosystems
(Holdich 2002). Therefore, the impact and
changes they cause on natural ecosystems once
introduced are expected to be high. Nevertheless,
they lack efficient systems of dispersal such as
easily transported resting eggs or highly mobile
larval stages, and their natural potential of dis-
persal is low in comparison to plants or inverte-
brate species such as insects or molluscs.
However, man has played a crucial role in help-
ing crayfish to overcome this disadvantage by

continuous translocations across natural bound-
aries. Once translated, crayfish establish stable
populations followed by rapid range expansion
within the invaded watershed.

In what follows, we will try to give an over-
view based on a literature review and our own
studies on the manyfold impacts of an introduced
crayfish species – the red swamp crayfish Pro-
cambarus clarkii – on the natural ecosystems of
Mediterranean wetlands.

The biological basis of invasiveness – the example

of the red swamp crayfish Procambarus clarkii

Successful invaders are characterised by a number
of biological and ecological features determining
both the process of dispersion and the establish-
ment in the new habitat (Table 1). Although most
likely none of the species possesses all of these
traits, it is evident that the more they have these
traits, the higher their invasive potential is. In the
case of P. clarkii, not all of these characteristics
are equally well expressed. Natural dispersal abil-
ity across drainage basins is low, despite the
mobility of adults, but this handicap is largely off-
set by human transport. Although it does not
reproduce asexually nor parthenogenetically – but
see the recent description of a close parthenoge-
netic relative in Germany (Scholtz et al. 2002) –

Table 1. Biological and ecological characteristics of successful

invaders (Baker 1974) shared by P. clarkii () absent; + low;

++medium; +++high).

Biological characteristics of invaders Procambarus

clarkii

High dispersal capability through seeds,

eggs or highly mobile larval stages

+

Ability to reproduce both sexually

and asexually

)

High fecundity ++

Short generation and juvenile

development times

++

Fast adaptation to environmental stress +++

High tolerance to environmental

heterogeneity

+++

Desirability to and association with

humans (edibility, game species)

+++

Additional features

Omnivory +++

Brood care +++
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high reproductive investment of both males
(spermatophore production) and females (high
egg numbers) increases reproductive success
(Gherardi 2002). The species is amongst the most
prolific crayfish with more than 600 eggs/females.
It reproduces more than once per year if condi-
tions are favourable and adapts its size at matu-
rity to environmental conditions (hydroperiod,
food conditions). Newly hatched juveniles are
carried by their mothers during the period where
they are most vulnerable to predation and reach
maturity within several months.

Environmental conditions in the home area of
P. clarkii are similar to those encountered in
Mediterranean wetlands both characterised by
regular periods of drought, and this species is
very well adapted to withstand these periods in
burrows, where they also bear their offspring.

P. clarkii is an opportunistic, omnivorous fee-
der which readily accepts new food items another
advantage when arriving in a new habitat. For
these characteristics, which result in easy cultur-
ing and high yields, it is prized by humans as a
food source, used for baiting and as a laboratory
animal and pet. Therefore, it is not astonishing
that such a productive species is also a successful
invader.

The history of introduction and expansion of

P. clarkii in Europe and Spain

Crayfishing in Europe for human consumption
has been a deep-rooted habit in most parts of the
continent. For this reason, traditional manage-
ment of native crayfish populations through
additions and translocations of native species
was common. Because overexploitation of this
resource extinguished some of the populations,
the introduction of exotic species during the XIX
century was considered as a possible solution to
restore crayfish populations (Lodge et al. 2000a).
At least seven species of non-native crayfish have
been introduced in Europe since then: five of
them were introduced from North America (Pa-
scifastacus leniusculus, Orconectes limosus, O. im-
munis, Procambarus clarkii, P. zonangulus), one
from Australia (Cherax destructor) and, finally,
one from eastern Europe (Astacus leptodactylus)
(Hobbs 1988; Diéguez-Uribeondo 1998).

But overexploitation by fishing for recreational
or commercial purposes is not the only cause of
the dramatic decrease of native European cray-
fish populations, which led in some cases to their
extinction. Anthropogenic alteration of river eco-
system quality due to contamination, the alter-
ation of riverine vegetation or riverbed dredging
(Alderman and Polglase 1988; Taugbol et al.
1993) the introduction of exotic species, carriers
of diseases (Smith and Söderhäll 1986; Taugbol
and Skurdal 1993; Diéguez-Uribeondo et al.
1997; Holdich 1997, 1999a) and competitors of
native crayfish for shelter and food (Hill and
Lodge 1999) contributed substantially to the
decline of native crayfish.

One of the most widespread diseases carried by
introduced crayfish from North America is a fun-
gal plague called aphanomicosis, produced by the
oomycete fungus Aphanomyces astaci, which is
endemic to many North American crayfish but
lethal to European crayfish (Unestam 1972;
Diéguez-Uribeondo et al. 1995; Alderman 1996).
Ironically, the extirpation of native European
crayfish by the plague has increased the number
of subsequent introductions of North American
crayfish (Orconectes limosus, O. immunis, Pacifas-
tacus leniusculus and Procambarus clarkii) into
more than 20 European countries to replace the
native stocks (Lodge et al. 2000a).

The introduction of red swamp crayfish (Pro-
cambarus clarkii), the subject of this review, in
Europe is a very well documented example of the
quick expansion of an alien species. It was first
introduced in 1973 in Spain in two aquaculture
installations located in Sevilla (Lower Guadalqui-
vir River Basin, southwestern Spain) and
Badajoz (southwestern Spain) (Habsburgo-
Lorena 1983). The aim of the introduction was
twofold: On the one hand, there were economic
arguments; it was an attempt to improve the
economy of an impoverished area by developing
crayfish commercialisation plans. On the other
hand, it was erroneously thought that the intro-
duction of a non-native species into an area with-
out native crayfish would cause no ecological
problems, because the red swamp crayfish would
occupy a new empty niche. The fact is, that, in
only three decades, red swamp crayfish became
widespread throughout the Mediterranean region
and Europe. Several factors, all of them linked to
human activity such as the increasing economic
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importance of P. clarkii, its in vivo commerciali-
sation and repeated translocations for economi-
cal or recreational purposes, are responsible for
its rapid spread. From southwestern Spain,
P. clarkii populations expanded to the rest of the
country including the Balearic (Majorca: (Hobbs
et al. 1989)) and Canary Islands (Gutiérrez-Yur-
rita and Martı́nez 2002) and to Europe: Portugal
(Ramos and Pereira 1981; Correia 1992; Adao
and Marques 1993), Azores Islands (Correia and
Costa 1994), Cyprus (Hobbs et al. 1989), United
Kingdom (Holdich 1999b), France (Arrignon et
al. 1999), Italy (Gherardi et al. 1999), Nether-
lands (Hobbs et al. 1989) and Switzerland (Stucki
1997; Stucki and Staub 1999).

Effects of alien crayfish in food webs – general

aspects

In many ecosystems, crayfish occupy a central
position in the trophic web acting as both preda-
tor and prey. As opportunistic, omnivorous feed-
ers, they include in their diet submerged
macrophytes, algae, invertebrates and detritus
(Lodge and Hill 1994; Momot 1995; Gutiérrez-
Yurrita et al. 1998). In the words of Huner
(1981), ‘They eat any insect, crustacean, molluscs
(especially snails), or annelid worm they can
catch.’

Invasive crayfish species clear macrophyte beds
thereby altering the ecosystem characteristics
such as habitat heterogeneity (Lodge and Lor-
man 1987; Lodge et al. 2000b) or the composi-
tion of invertebrates associated with
macrophytes. In addition, they feed directly on
many invertebrate species, reducing their abun-
dances (Nyström et al. 1996; Perry et al. 1997).

Crayfish diet is reported to change with body
size. Small crayfish are mainly carnivorous, and
larger individuals are primarily herbivorous
(Abrahamsson 1966; Lorman and Magnuson
1978). This ontogenetic shift has also been
observed in red swamp crayfish. Animal food is
much more important for young, rapidly grow-
ing juveniles than for adults (Marçal-Correia
2003). Since crayfish cannot swim, foraging they
concentrate on the bottom or benthic zone.
However, some individuals, especially young
ones, can catch planktonic organisms with their
mouth parts acting as a filter. Living green plant

material, an important source of dietary carote-
noids (Huner 1981), also forms part of the red
crayfish’s diet. Other studies postulate that the
principal food of the red crayfish is plant detri-
tus (Lorman and Magnuson 1978). Once dead,
submerged plants quickly become covered with a
layer of living bacteria and fungi which use the
dead plant material as an energy source. The
dead plant material itself is of little energetic
value to the red crayfish, but not so the rich
protein layer of bacteria and fungi (Cronin
1998).

Besides these effects on lower trophic levels
(top-down effect), they also serve as a prey to
higher trophic levels (bottom up effect), and they
are also known to compete with fish and other
crayfish species for food (Momot 1995).

In the following chapters, we would like to
examine in detail the impact of the introduced
red swamp crayfish on the different trophic levels
of the invaded ecosystems

Impacts of P. clarkii on macrophytes

Crayfish feeding and macrophytes

Several studies have demonstrated that crayfish
consume freshwater macrophytes, with plants
often accounting for over 75% of the diet (King
1883; Chidester 1908; Tack 1941; Momot 1967;
Prins 1968). They are common and important
omnivores which consume a lot of living plant
tissue and detritus when favoured animal prey is
not available (Momot 1995). Crayfish can reduce
(Abrahamsson 1966; Rickett 1974; Saiki and
Tash 1979; Carpenter and Lodge 1986; Feminella
and Resh 1986), or eliminate submerged vegeta-
tion from the littoral zone of many lakes and
ponds whether they are native (Dean 1969) or
have been introduced (Lorman and Magnuson
1978, Chambers et al. 1990). Some species of
crayfish are also considered to be large-bodied
grazers with both low numerical and biomass
density and large effects on filamentous alga
(Cladophora). Grazer exclusion experiments with
large Orconectes propinquus resulted in an algae
biomass increase of an order of magnitude
(Creed 1994). Little quantitative information
exists about the relationship between introduced
crayfish species density and macrophyte biomass
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or species composition (Appendix 1). However,
some conclusions can be derived from biomanip-
ulation experiments conducted in mesocosms –
for example, that crayfish consumption of sub-
merged macrophytes is species-selective and also
density-dependent (Lodge and Lorman 1987;
Chambers and Hanson 1990). Several authors
report that the impact on macrophytes depend
on crayfish density (Flint and Goldman 1975;
Lodge and Lorman 1987). Chambers et al. (1990)
manipulated sex ratios and densities of Orconec-
tes virilis to show that macrophyte species are
differentially affected by crayfish attack. Further-
more, their observations indicated that macro-
phyte attack is indiscriminate but that crayfish
feeding is selective (Chambers et al. 1990).

In general, the impact of crayfish feeding on
macrophytes depends on a combination of three
factors: the type of macrophyte (e.g. differences
between species, initial biomass, growth form,
palatability), the crayfish (e.g. differences between
species, sexes, individual crayfish size and activ-
ity), and the abundance of alternative prey.

The role of P. clarkii

The dominant herbivorous feeding character of
Procambarus clarkii has been documented in life
history studies from their natural habitats in
Louisiana (USA) (Penn 1943; Avault et al. 1983).
But so far, little is known about the quantitative
effects of this species on macrophytes once intro-
duced elsewhere. Exceptions are the results of
crayfish exclusion experiments and submerged
macrophytes, performed in situ, in the freshwater
marshes of Coyote Hills (California, USA), by
Feminella and Resh (1986). They found that the
exclusion of crayfish resulted in a sixfold increase
in macrophytes and that crayfish abundance is
strongly related to Potamogeton pectinatus clear-
ance (Feminella and Resh 1989).

In multispecies laboratory experiments, Cronin
(1998) found that red swamp crayfish avoided
macrophyte species with structural or chemical
deterrents and preferred undefended plants high
in nitrogen. Plant structure (morphology, tough-
ness, and/or surface features) and plant chemistry
were important determinants of crayfish feeding
choices (Cronin 1998; Cronin et al. 2002).

In Mediterranean environments, P. clarkii has
been cited to be responsible for the disappearance

of some macrophyte species in wetlands and
fresh and brackish water marshes of southern
Europe (Montes et al. 1993). In Spain, there are
other examples where the composition of sub-
merged macrophytes changed following the arri-
val of P. clarkii (e.g. Laguna de El Portil in
Huelva, SW Spain (Enrı́quez et al. 1987); Lake
Carucedo (Dpt. Ecologı́a, UAM, unpubl.), Lake
Chozas, León, northwestern Spain (Palacios and
Rodrı́guez 2002)). However, at least in freshwater
marshes, other factors such as the anthropogenic
alteration of water quality and flooding regime
or livestock trampling and flamingo treading
(Duarte et al. 1990; Montes and Bernués 1991;
Grillas et al. 1993) seem to have contributed to
the decrease of macrophyte populations in this
area. Livestock and flamingos directly damage
the macrophyte seed bank (Montes and Bernués
1991), whereas crayfish has a lower impact
on this important reservoir of macrophyte diver-
sity.

Shredding of plants and bioturbation by
P. clarkii are thought to be responsible for the
change from a natural, macrophyte dominated,
transparent water state equilibrium to a turbid,
eutrophic balance, dominated by phytoplankton
(Duarte et al. 1990; Nyström and Strand 1996).
Angeler et al. (2001) showed in the Tablas de
Daimiel wetland of La Mancha, Central Spain,
that the benthic feeding of crayfish disturbs and
resuspends the sediment, which leads to
increased nutrient release. This results in a dete-
rioration of water quality, increased turbidity
and nutrient content and reduced light availabil-
ity for submerged macrophytes. However,
importance for nutrient recycling at the ecosys-
tem level was found to be low (Angeler et al.
2001).

Rodrı́guez et al. (2002) described the disap-
pearance of seven species of submerged macro-
phytes of a small lake in northwestern Spain
(Lake Cabañas, León) after the introduction of
P. clarkii in 1997. The recovery level of macro-
phytes in an exclusion experiment was 70%.

Additional quantitative studies directed
towards the question on how crayfish density
and population structure affect macrophytes and
towards the role of other factors (nutrient enrich-
ment, hydroregime changes) should clarify the
role of this crayfish species in the disappearance
and alteration of macrophyte communities.
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The impact of alien crayfish on the native

invertebrate communities

P. clarkii as an invertebrate predator

For a long time, crayfish were described to be
mainly herbivores and detritivores as gut content
analyses always contained large amounts of plant
material and detritus (Webster and Patten 1979;
Huryn and Wallace 1987). However, when cor-
recting gut contents for assimilation efficiencies,
the importance of animals as an energy source
increases (Whiteledge and Rabeni 1997). Animals
form, at least in the juvenile stage, when growth
rates are the highest, an important part of a
crayfish’s diet (Hobbs 1993; Gutiérrez-Yurrita
et al. 1998). A direct impact on its prey organ-
isms is therefore to be expected. Crayfish feed
mainly on aquatic invertebrates, with a clear
preference for arthropods and gastropods (see
for a review Momot 1995). The reduction of
invertebrate populations by crayfish feeding has
often cascading effects on lower trophic levels. In
preference experiments, P. clarkii prefers animal
food over macrophytes (Ilhéu and Bernardo
1993), whereas in the field, it mainly feeds on
plant material and detritus (Feminella and Resh
1986, 1989; Gutiérrez-Yurrita et al. 1998).

Gutiérrez-Yurrita et al. (1998) showed that
despite high occurrences of plant material and
detritus, small arthropods (copepods, ostracods),
insect larve and fish (Gambusia holbrooki) are
consistently found in the guts. Fish is eaten only
by large, adult individuals, whereas copepods are
an important food source for small crayfish. Fur-
thermore, these authors observed cannibalism in
20% of the larger sized (>30 mm carapax length)
individuals. No differences were found in the
feeding preferences of males and females.

Comparing rice fields and natural marshland
ecosystems, we were able to demonstrate that
crayfish feeding is highly flexible and is a func-
tion of prey availability in the field. Crayfish
from natural marshlands fed on 17 different prey
items, whereas the guts of individuals from rice
fields only contained 12 taxa (Figure 1). In both
systems, they mainly feed on macrophytes (>97%
of occurrence), but the percentage of stomachs
with animal food can be as high as 50% in natu-
ral marshlands, especially in spring, when prey
diversity is the highest. Rice fields are character-
ised by an impoverished invertebrate fauna, and
crayfish fulfill their need for animal protein by
cannibalism and predation on fish (Table 2)
(Alcorlo et al. in press). Predation on mosquito
fish (Gambusia holbrooki), which occurs in high
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densities in the rice fields, is noteworthy as fish is
not commonly found among crayfish prey.

P. clarkii and the extinction of macroinvertebrates
including native crayfish

As stated above, P. clarkii is thought to be
responsible for the disappearance of some species
of macroinvertebrates in aquatic ecosystems
where it was introduced. An example is the coin-
cidence between the extinction of two species of
gastropods – Lymnaea peregra and L. stagnalis –
in freshwater marshes of the Doñana National
Park (southwestern Spain) and the introduction
of the red swamp crayfish (Montes et al. 1993).
Gastropods are known to be one of the favourite
food items in the diet of crayfish (Covich 1977;
Goddard 1988; Hanson et al. 1990; Olsen et al.
1991; Ilhéu and Bernardo 1993). P. clarkii has
been introduced in Kenya to reduce snail popula-
tions and thereby snail-born diseases (Rosenthal
et al. 2001). It has also been proposed as a con-
trol agent of the giant rams-horn snail, Marisa
cornuarietis (Gastropoda: Pilidae) in the USA
(T.L. Arsuffi, pers. comm.). Therefore, it is highly
probable that the direct and indirect feeding
effects of P. clarkii contributed to the disappear-
ance of these two species, but the deterioration
of the water quality and the damages to macro-
phyte stands by large herbivore grazing and
trampling might have been equally important.

We face a similar problem when analysing the
role of P. clarkii in the decline of autochtonous
crayfish populations. As mentioned above,
P. clarkii also successfully spreads to areas for-
merly populated by the native crayfish Austropot-
amobius pallipes. However, it remains unclear
whether P. clarkii displaced the native species by
direct competition or whether it invaded these
systems after the populations of A. potamobius
were already decimated by other mechanisms. In
Portugal, P. clarkii is mainly restricted to the
south-central part, where the native species has
never been observed and overlap only occurs in
the central part of the country (Anastácio and
Marques 1995). Furthermore, the requirements
with regard to temperature, water quality and
substrate of the two species are quite different.
P clarkii prefers high temperatures, clayey–silty
substrates to construct its burrows and is more
tolerant to low water quality, whereas A. potamo-
bius lives in temperate to cold waters with coarse
substrates and is sensitive to low oxygen and
high nutrient concentrations (Gil-Sánchez and
Alba-Tercedor 2002). At the moment, data on
the autecology of P. clarkii from habitats for-
merly inhabited by the native species are lacking.
In zones of abiotic niche overlap, biotic interac-
tions should be intensive and competitive exclu-
sion of the native species might occur. Whether
there be direct interaction or not: with the red
swamp crayfish present, any recovery of A. palli-
pes populations is unlikely, because P. clarkii is
also a vector of the aphanomicosis, which is det-
rimental to the native species.

P. clarkii – a new food item for higher trophic

levels

Since its introduction in 1974, P. clarkii has been
readily accepted as a prey item by fish, birds and
mammals thus offering a new resource for higher
trophic levels. In some areas such as the Lower
Guadalquivir Basin, P. clarkii has opened new
trophic pathways by transferring energy from the
formerly underexploited detritus pool to primary
and secondary predators.

Three fish species, six bird species and four
mammal species commonly include P. clarkii in
their diet (Table 3). However, the consumption

Table 2. Frequency of occurrence of food items in gut con-

tents of P. clarkii.

Food items Frequency of appearance

Rice field Freshwater marsh

Plant debris 100 97.5

Filamentous algae 77.5 22.5

Seeds 57.5 65

Sand grains 15 65

Clay particles 82.5 45

Crayfish 47.5 12.5

Nonidentified Insects 2.5 42.5

Ephemeroptera 0 5

Heteroptera 0 37.5

Chironomidae 5 62.5

Ostracoda 7.5 35

Cladocera 0 32.5

Ephippia 0 12.5

Copepoda 2.5 12.5

Gambusia holbrooki 42.5 15

Oligochaeta 2.5 2.5

Gastropoda 0 5
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of crayfish differs considerably according to spe-
cies, season and study.

For the otter, where information from four
quantitative studies over more than one season is
available (Adrián and Delibes 1987; Beja 1996;
Correia 2001; Ruı́z-Olmo et al. 2002), the per-
centage of crayfish in the total amount of food
varies between 1.6 and 76.3% with lowest values
in winter and highest in summer (Table 3). All
three studies coincide in that otter prey upon
crayfish according to crayfish density and prefer
small and medium sized individuals. Highest den-
sities of P. clarkii in the water bodies coincide
with the presence of young otters and feeding on
them enhances juvenile survival (Ruı́z-Olmo
et al. 2002). However, the important bottleneck
is in winter, when crayfish are not available, and
otters have to rely on scarce native prey species
(Beja 1996).

The same is true although to a lesser degree
for other mammals such as the red fox (Vulpes
vulpes L.), the common genet (Genetta genetta
L.) or the Egyptian mongoose (Herpestes ichneu-
mon L.) which also prey upon P. clarkii (Correia
2001) (Table 3). As in otters, the highest con-
sumption of crayfish is in summer.

All mammal predators feed in an opportunistic
manner on crayfish, and none of them selects this
prey item. Diversity of prey in mammals
decreases when they start feeding on P. clarkii,
and crayfish are taken as a function of crayfish
density (Correia 2001).

P. clarkii is also an important part of the diet
of at least six bird species, in particular for most
ciconiiform species. In the case of the white
stork, night heron or little egret, crayfish can
make up to 80% of the diet during summer,
when densities of crayfish are high (Table 3). In
addition, other bird species such as the black
stork (Parkes et al. 2001) or the lesser black-
backed gull (Amat and Aguilera 1988) are
reported to feed on P. clarkii.

Birds, similar to mammals, consume crayfish
above the minimum size for maturity but below
the mean size for mature adults (Correia 2001).
Predation in this size fragment reduces intraspe-
cific competition among crayfish and produces
large-sized adults which in turn produce a higher
number of offspring (Correia 2001).

Thus, predation by birds and mammals should
help in stock renewal and not negatively affect
crayfish populations. Therefore, it remains unclear

Table 3. Frequency of occurrence and percentage of diet of P. clarkii in the stomachs of vertebrate predators.

Species % of occurrence % of diet Source

Mean Maximum Biomass

Fish

Esox lucius 72.5 82.9 72.4 Elvira et al. (1996)

Micropterus salmoides 5.8 0.9 9.9 Garcı́a-Berthou (2002)

M. salmoides (>250 mm; summer) 50–100 Garcı́a-Berthou (2002)

M. salmoides 72.2 Montes et al. (1993)

Anguilla anguilla 66.7 Montes et al. (1993)

Birds

Gelochelidon nilotica 40.1 70.1 Costa (1984)

Nycticorax nycticorax 70 71 Correia (2001)

Egretta garzetta 52 86 Correia (2001)

Ardea cinerea 21 40 Correia (2001)

Ardea purpurea 30 31.5 Correia (2001)

Ciconia ciconia 67 86 Correia (2001)

Mammals

Lutra lutra 67 85 Correia (2001)

80.3 Adrián and Delibes (1987)

22.7 42.2 Ruiz-Olmo et al. (2002)

Herpestes ichneumon 26 49 Correia, (2001)

5.6 1.7 Palomares and Delibes (1991a)

Vulpes vulpes 14 27.5 Correia (2001)

5 10 Correia (2001)

Genetta genetta 0.8 0.1
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whether the reduction in crayfish numbers
observed in the past years is due to increased bird
predation or to other factors such as reduced hyd-
roperiods induced by droughts.

Amongst fish, eels (Anguilla anguilla) are
known to be the most important predators of
crayfish (Svardson 1972). In the natural marsh-
lands of the Lower Guadalquivir (Spain), the eels
considerably reduced their food spectrum after
the red swamp crayfish was introduced,
(Table 3). Before introduction, it mainly fed on
other fish species such as mosquito fish (Gambu-
sia affinis) or carp (Cyprinus carpio) which
occurred in more than 50% of the stomach con-
tents. After introduction, in 1992, only 16.7% of
eel stomachs contained other fish species, and the
dominant prey item was P. clarkii with a 66.7%
occurrence (Montes et al. 1993).

As they readily feed on P. clarkii, eels were
proposed as effective biological control organisms
in a Swiss lake (Mueller and Frutiger 2001).
However, eels are also efficient predators of fish
eggs and fry as well as of amphibians and rep-
tiles, and therefore, their use to control crayfish
populations should be considered with caution.

The other two fish species which include
P. clarkii in their diet – the northern pike and the
largemouth bass (Micropterus salmoides) – are
both introduced exotics. Crayfish became the dom-
inant prey item of all size classes of pike through-
out the year in the Spanish lake system of Ruidera.
Crayfish substituted the natural prey species which
were reduced near to extinction after the introduc-
tion of the pike (Elvira et al. 1996). Without P.
clarkii, the pike population would have become
extinct, as the rest of the fish fauna, mainly com-
posed of other introduced species, could not sup-
port self-maintaining pike populations in these
lakes. Pike prey on crayfish of a similar size than
do birds and mammals (7–9 cm total length).

The largemouth bass (Hickley et al. 1994)
readily accepted crayfish as a prey item. In the
Guadalquivir marshlands of south-western Spain,
it was found to feed exclusively on P. clarkii
(Montes et al. 1993). In the Spanish lake of Ba-
nyoles, dominated by an assemblage of exotic
fish, larger size classes of this species (>250 mm)
feed predominantly on crayfish except in winter
(Garcı́a-Berthou 2002) (Table 3), a situation typi-
cal for water bodies with a low fish diversity
(Garcı́a-Berthou 2002). A similar scenario was

described by Hickley et al. (1994) in Lake Naiva-
sha (Kenya), which is also a lake characterised
by its low richness in native fish species.

Other species such as perch are known to prey
on P. clarkii. Perch are able to efficiently reduce
densities of P. clarkii in mesocosm experiments
(Neveu 2001). However, the quantitative impact
of the predation of this species on P. clarkii pop-
ulations is not known.

Impact of P. clarkii on ecosystem energetics

Besides the impact on structural components of
the invaded communities described above, the
presence of crayfish might alter to a large degree
the pattern of energy flow, especially in systems
where detritivores are rare and which are domi-
nated by autotrophs as in temporary freshwater
marshes. In such systems, crayfish put the detri-
tus energy pool directly at the disposal of higher
trophic levels. This greatly shortens the energy
pathways and simplifies their structure (Fig-
ure 2). Without crayfish, macrophytes and the
associated periphyton are the dominant primary
producers in freshwater marshlands from which
only a small part of the energy is transmitted to
herbivores. Most of the energy is lost to the
detritus pool which accumulates high amounts of
organic matter. Detritivores, mainly macroinver-
tebrates (oligochaetes, chironomids) and meio-
fauna (nematodes, ostracods) are supposed to use
only a small fraction of the deposited material.
The detritus food chain gains in importance only
during drought and refilling of the system in early
summer and late autumn, when macrophytes are
absent. These systems are characterised by a high
diversitiy of herbivores and consist of a minimum
of four levels of consumers. Due to the large
number of trophic levels and losses of energy to
the detritus pool, the energy transferred to top
predators such as birds and mammals is compar-
atively low (Figure 2).

After crayfish introduction, much of the detri-
tus is consumed by this species (Gutiérrez-Yurrita
1997), and the energy gained is directly trans-
ferred to the top predator level (fish, birds and
mammals). The consequence is a reduction in the
number of trophic levels, a decreased importance
of macrophytes, herbivores and primary
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carnivores, but more energy is available for verte-
brate predators.

In summary, alien crayfish change both the
structure and the functional links of the trophic
web in wetlands by opening new resource path-
ways (detritus food chain), reducing the number
of trophic levels, and thus providing more energy
to the highest trophic levels.

P. clarkii as a vector of diseases

Introduced crayfish are vectors of several diseases
for native crayfishes thus contributing to their
decline. One of the most widespread diseases is

the ‘Crayfish plague’, produced by Aphanomyces
astaci (Schikora), a parasitic saprolegniaceous
fungus especially adapted to live in the cuticule of
freshwater crayfish (Unestam 1972). This disease
has devasted many native European crayfish popu-
lations since the 1890s, and the problem became
more acute through the massive introductions of
American crayfish during the 1960s and 1970s
(Persson and Söderhäll 1983; Diéguez-Uribeondo
et al. 1995). In Europe, three North American
species of crayfish have been shown to carry the
infectious fungus in their cuticule: Pacifastacus le-
niusculus (Unestam 1972; Persson and Söderhäll
1983), Orconectes limosus (Vey et al. 1983) and
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Figure 2. Simplified representation of the energy flow in waterbodies of a freshwater marshland: (a) before the introduction of

crayfish and (b) after the introduction of crayfish.
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Procambarus clarkii (Diéguez-Uribeondo and
Söderhäll 1993). Recent studies using RAPD-
PCR have demonstrated the existence of species-
specific strains of this fungus. The strain isolated
from P. clarkii was shown to be the most temper-
ature tolerant (Huang et al. 1994; Diéguez-Uribe-
ondo et al. 1995). The introductions of alien
species such as P. clarkii also introduced a new A.
astaci strain with a different genotype and
unknown levels of virulence adapted to warm
waters (Diéguez-Uribeondo et al. 1995). Recent
genetic studies have linked P. leniusculus to many
recent plague outbreaks in Great Britain (Lilley et
al. 1997), Sweden, Finland, Germany and Spain
(Diéguez-Uribeondo et al. 1997; Diéguez-Uribe-
ondo 1998).

Other diseases for native species carried by
introduced crayfish such as P. leniusculus, are the
Psorospermiasis, produced by Psorospermium
haeckeli (Hilgendorf) (Cerenius and Söderhäll
1992; Gydemo 1992; Henttonen et al. 1997), pro-
tists which have their phylogenetic roots near the
animal–fungal divergence (Ragan et al. 1996).

A question still open for debate is the role of
P. clarkii in transmitting diseases to humans. An
outbreak of tularemia, normally transmitted by
small rodents and caused by the bacterium Fran-
cisella tularensis, in a contaminated stream in
central Spain was recently related to P. clarkii as
a mechanical transmitter (Anda et al. 2001).

P. clarkii – a transmitter of heavy metal

contamination

Crayfish have frequently been considered as bio-
logical indicators of heavy metal pollution in
aquatic environments (Rincón-León et al. 1988).
There have been numerous studies on the accu-
mulation of heavy metals in crayfish living in
polluted environments (Evans and Edgerton
2002). Most field studies involved chemical analy-
sis of the metal content of crayfish tissues and
provided little information on the pathology of
heavy metal exposure (Dickson et al. 1979;
Finerty et al. 1990; King et al. 1999; MacFarlane
et al. 2000; Rowe et al. 2001). There are also
many laboratory studies that provide data on the
toxicity of metals to freshwater crayfish, the con-
centrations of metals causing mortality and the
pathological effects arising from heavy metal
exposure (Bagatto and Alikhan 1987; Naqvi and

Flagge 1990; Naqvi et al. 1990; Naqvi and
Howell 1993; Reddy et al. 1994; Maranhao et al.
1995; Anderson et al. 1997a, b; Bollinger et al.
1997; Naqvi et al. 1998; Antón et al. 2000). Little
attention has been paid to the sublethal pathol-
ogy of such exposures and how pathological
changes could influence the survival of crayfish
living in polluted water systems or contaminated
culture systems. These kinds of studies is needed
for the implementation of adequate restoration
and management plans for contaminated areas
such as the Guadiamar river basin, which was
affected by a toxic spill of approximately 5 Hm3

of untreated acid fresh water with a high content
of metals (especially zinc, copper, cadmium, lead,
iron and arsenic) in April 1998 during an acci-
dent in Aznalcóllar mine (southwestern Spain).
Crayfish captured in this area, have higher heavy
metal contents in their tissues compared to those
captured outside the contaminated area (Fig-
ure 3). They can transfer contaminants to their
consumers through bioaccumulation processes
(e.g. heavy metals or pesticides enrichment in
organs and tissues) (Otero et al. 2003). Other well
documented examples of bioaccumulation of
heavy metals by red swamp crayfish in Mediter-
ranean wetlands are the studies performed in the
rice fields of Albufera Lake in Valencia (eastern
Spain) by Dı́az-Mayans et al. (1986) and Pastor
et al. (1988). These rice fields are surrounded by
waters, which received for the last four decades
high loads of sewage and toxic industrial residues
including heavy metals and pesticides.

Indeed, crayfish are able to effectively regulate
the concentration of heavy metals in their tissues
(Rainbow and White 1989) and to remove some
contaminants from their internal organs and
muscles depending on their physiological needs.
This is achieved through excretion (faeces) and/
or storage in the hepatopancreas – considered
the organ of metal storage and detoxification
(Alikhan et al. 1990; Anderson et al. 1997a, b;
Naqvi et al. 1998) – gills and exoesqueleton
(Anderson and Brower 1978; Naqvi et al. 1990;
Wright et al. 1991). Consequently, their preda-
tors absorb the contaminants immobilised in
these crayfish tissues when they ingest them.
Measurements of accumulation of heavy metals
in waterfowl and other wetland birds living and
feeding in the toxic spill area showed that Zn,
Cu and As from the spill have entered the food

59



chain and can be detected in some bird species,
such as white stork (Ciconia ciconia), spoonbill
(Platalea leucorodia), or grey heron (Ardea cine-
rea). All these species are fish and crayfish preda-
tors (Benito et al. 1999; Hernández et al. 1999).
Further studies quantifying the extent of verte-
brate contamination through crayfish ingestion
are urgently needed.

Impacts derived from the commercial exploitation

of P. clarkii

In contrast to the significant increase in the
attention devoted to the impact that crayfish
have on invaded habitats (see above), much less
attention is paid to the environmental impact
derived from the economic activity which is pro-
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moted by the presence of dense crayfish popula-
tions or to the socio-economic benefits related to
crayfish exploitation. Both kinds of interactions
have to be properly considered in any integrative
approach to crayfish management.

One important issue to bear in mind is the nat-
ure of crayfish exploitation. Extensive crayfish
production is not common and is restricted to
some areas in the USA and, on a limited basis,
in Spain, France, Italy and Zambia (Huner
2002). The most widespread method is the direct
use of wild stocks of P. clarkii grown in rice-
fields, irrigation systems, natural marshlands, res-
ervoirs and river deltas. The main crayfish
(P. clarkii) producer is China, a country that
exceeds the production of the USA with
70,000 Tm/year. Spain has developed a much
smaller industry (2000–3000 Tm/p year) but of
great regional importance (Figure 4a).

Commercial crayfish exploitation in Spain is
mainly concentrated in the southwest, in the

Lower Guadalquivir Basin. There, P. clarkii
stocks were intentionally introduced in the early
1970s and immediately developed dense popula-
tions within the ricefields. Nowadays, the red
swamp crayfish is distributed over almost the
whole country with a significant effect on most
ecosystems it inhabits. However, exploitation in
most places is but recreational with almost no inci-
dence in local economy. Although in these areas
the impact of crayfishing should be low, the role
of man as a vector of transportation is of major
concern. Some areas important for amphibians or
fish reproduction can be severely endangered with
a single inoculation of just a few animals.

In the area where crayfish exploitation has
developed into a growing industry, environmen-
tal impact derived from this activity is mainly
caused by fishermen during their fishing activity.
This impact refers to
(1) physical alteration of the habitat produced by

the continuous roaming of the fishermen –

Figure 4. (a) Crayfish commercial captures in Lower Guadalquivir marshlands and (b) commercial value of captured crayfish in

1999.
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from 100 to 300 traps/fishermen can be
installed simultaneously over large areas; and

(2) the capture of non-target organisms within
the crayfish traps.

Fishing activities in natural habitats might
severely affect not only habitat structure but also
many organisms’ reproductive activities. Crayfish
exploitation is highly seasonal (Figure 4b) with
maxima in late spring and late summer. That first
period clearly overlaps with the nesting period of
many birds in the area. Intense wandering of
people is likely to interfere with reproduction,
although no quantitative data are available up to
now.

The second kind of impact has been evaluated
several times, and results have shown to be rele-
vant for management policies. The traps tradi-
tionally used for crayfish were modified eel traps.
This kind of trap is not selective for crayfish and,
when baited, attracts many different kinds of
organisms. Early studies performed in the area
(Coronado 1982; Molina and Cadenas 1983;
Molina 1984; Domı́nguez 1987; Asensio 1989)
demonstrated the large impact of these traps on
birds, amphibians and reptiles. This led to regu-
lation of fishing activities in the area, now strictly
forbidden during nesting periods. The impact
level on native communities lowered significantly
wherever fishing activity was forbidden during
the breeding season (Figure 5). Still, a sensible
number of non-target organisms die every year in

crayfish traps. Some turtle species are of special
concern. Most of the victims of this ‘collateral
damage’, however, belong to non-endangered,
highly abundant species (Figure 5). Far from
being ideal, management of fishing activities –
including timing, trap design, and selected loca-
tions – can severely reduce the negative impact of
crayfishing.

It has to be reminded that crayfish exploi-
tation supports, at least partially, the econ-
omy of many families in a poorly developed
area and that socio-economic aspects have to
be integrated if any management policy is to
be developed in order to minimise the nega-
tive environmental impact of this alien spe-
cies.

Conclusions

In the 30 years of invasion history, P. clarkii
changed the structure and functioning of the
invaded ecosystems where it readily occupied a
central position in the food webs.

Its success as an invader is mainly due to its
adaptation to the main characteristics of Medi-
terranean wetlands: the frequent periods of
drought.

The impact caused by P. clarkii affects both
lower and higher trophic levels, including grazing
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on macrophytes, predation on macroinvertebrates
and its role as an important food source for
numerous vertebrate species (Figure 6).

From a socio-economic point of view, crayfish
represent, at least in some areas, an additional,
although temporary source of income but cause,
on the other hand, serious damage on rice field
infrastructure and crayfishing negatively affects
vertebrate and invertebrate species.

The numerous and tight links between the
invader and the native communities render a
successful eradication unlikely. Therefore, con-
trol measures to minimise the negative impact
should be established. They should include,
where possible, a return to natural hydroperiods
(salinity limits the distribution of P. clarkii) and
the implantation of fishing plans with the aim
to change the age and size structure of the pop-
ulation. Favouring low density populations
dominated by large-sized adults with lower met-
abolic demands will minimise the impacts
caused by this crayfish species. This measure-
ments should be accompanied by a strict control
of large herbivore grazing such as cattle and fla-

mingos, water quality and anthropogenic distur-
bances. All these measures should also favour
the recovery of autochthonous crayfish popula-
tions.

Prevention is as necessary as control to avoid
a further widespread of the species to presently
unaffected areas, although most of the suitable
habitats seem to be already occupied. We
urgently need to protect the remaining areas
from being invaded by P. clarkii in order to pre-
serve them as ecological reference sites.
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éu

a
n
d

B
er
n
a
rd
o
(1
9
9
5
)

P
re
fe
re
n
ce

ex
p
er
im

en
ts
:
p
re
fe
r
h
ig
h
o
rg
a
n
ic

m
a
tt
er

co
n
te
n
ts
,
h
ig
h
p
ro
te
in

a
n
d
lo
w

fi
b
re
,
p
re
fe
r
‘f
re
sh
’

d
et
ri
tu
s
to

m
a
cr
o
p
h
y
te
s

64



P
re
d
a
to
r

C
o
rb
ic
u
la

sp
.
(A

si
a
ti
c
cl
a
m
)

L
a
b
o
ra
to
ry

p
o
n
d
s

O
k
la
h
o
m
a
(U

S
A
)

C
o
v
ic
h
et

a
l.
(1
9
8
0
)

P
.
cl
a
rk
ii
fe
ed
s
o
n
d
a
m
a
g
ed

C
o
rb
ic
u
la
,
ci
te
s

a
ls
o
p
re
d
a
ti
o
n
o
f
O
rc
o
n
ec
te
s
li
m
o
su
s
o
n

D
re
is
se
n
a
in

P
o
la
n
d
(P
ie
si
k
,
1
9
7
4
),
n
o
t
a
s

effi
ci
en
t
a
s
O
.
li
m
o
su
s
d
u
e
to

d
iff
er
en
t

sh
a
p
e
o
f
p
re
y
a
n
d
th
a
t
it
is
n
o
t
u
se
d
to

p
re
y

P
re
d
a
to
r

A
m
p
h
ib
ia

(e
g
g
s

a
n
d
ta
d
p
o
le
s)

F
re
sh
w
a
te
r
m
a
rs
h

D
o
ñ
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ñ
a
n
a
N
a
ti
o
n
a
l

P
a
rk

(S
p
a
in
)

P
a
lo
m
a
re
s
a
n
d

D
el
ib
es

(1
9
9
1
a
,
b
)

A
p
p
ea
r
in

5
.6
%

o
f
th
e
m
o
n
g
o
o
se
s
a
n
d
in

0
.8
%

o
f

th
e
g
en
et
s

P
re
y

O
tt
er

(L
u
tr
a
lu
tr
a
)

T
o
rg
a
l
st
re
a
m

A
le
n
te
jo

(P
o
rt
u
g
a
l)

B
ej
a
(1
9
9
6
)

C
ra
y
fi
sh

a
n
d

ee
ls

w
er
e
p
a
rt
ic
u
la
rl
y

im
p
o
rt
a
n
t
in

th
e
d
ie
t
fr
o
m

A
p
ri
l
to

O
ct
o
b
er
.
F
o
r
th
e
re
st

o
f
th
e

y
ea
r,

cr
a
y
fi
sh

a
cc
o
u
n
te
d
fo
r
<

1
0
%

o
f
th
e
m
o
n
th
ly

en
er
g
et
ic

in
ta
k
e,

a
n
d
cy
p
ri
n
id
s
a
n
d
to
a
d
s
w
er
e
th
e

m
o
st

im
p
o
rt
a
n
t
p
re
y
.

P
re
y

P
ik
e
(E

so
x
lu
ci
u
s)

L
a
k
es

R
u
id
er
a
la
k
es

(S
p
a
in
)

E
lv
ir
a
et

a
l.
(1
9
9
6
)

E
x
o
ti
c–
ex
o
ti
c
in
te
ra
ct
io
n
;
P
.
cl
a
rk
ii

th
e
d
o
m
in
a
n
t

p
re
y
it
em

u
n
d
er

a
ll
co
n
d
it
io
n
s
(f
re
q
u
en
cy

o
f
o
cc
u
r-

re
n
ce

7
2
.
5
5
%
,
re
l.
im

p
o
rt
a
n
ce

7
0
%
)

P
re
y

W
a
te
rf
o
w
ls

F
re
sh
w
a
te
r
m
a
rs
h
,

ri
ce

fi
el
d
s

E
b
ro

D
el
ta

(S
p
a
in
)

Ib
a
ñ
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Bernardo JM and Ilhéu M (1994) Red swamp crayfish (Pro-

cambarus clarkii): Contribution to material cycling. Ver-

handlungen der Internationalen Vereinigung für

Limnologie 25: 2447–2449

Bollinger JE, Bundy K, Anderson MB, Millet L, Preslan JE,

Jolibois L, Chen HL, Kamath B and George WJ (1997)

Bioaccumulation of chromium in Red Swamp crayfish

(Procambarus clarkii). Journal of Hazardous Materials 54:

1–13

Cano E and Ocete ME (1997) Population biology of red

swamp crayfish, Procambarus clarkii (Girard 1852) in the

Guadalquivir river marshes, Spain. Crustaceana 70(5):

553–561

Carpenter SR and Lodge DM 1986. Effects of submersed

macrophytes on ecosystem processes. Aquatic Botany 26:

341–370
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nalcóllar toxice spill. The Science of the Total Environment

242: 293–308

Hickley P, North R, Muchiri SM and Harper DM (1994) The

diet of largemouth bass, Micropterus salmoides, in Lake

Naivasha, Kenya. Journal of Fisheries Biology 44: 607–

619

Hill AM and Lodge DM (1999) Evaluating competition and

predation as mechanisms of crayfish species replacements.

Ecological Applications 9: 678–690

Hobbs HH Jr (1988) Crayfish distribution, adaptive radiation

and evolution. In: Holdich DM (ed) Freshwater Crayfish:

Biology, Management, and Exploitation, pp 52–82. Croom

Helm, London

Hobbs HH Jr (1993) Trophic Relationships of North Ameri-

can Freshwater Crayfish and Shrimps. Hobbs HH III.

Contributions in Biology and Geology, Vol 85. Milwaukee

Public Museum, 110 pp

Hobbs HH Jr, Jass JP and Huner JV (1989) A review of glo-

bal crayfish introductions with particular emphasis on two

North American species (Decapoda, Cambaridae). Crus-

taceana 56(3): 299–316

Holdich DM (1997) Negative effects of established crayfish

introductions. In: Gherardi F (ed) The Introduction of

Alien Species of Crayfish in Europe, pp 9–11. University of

Florence, Florence

Holdich DM (1999a) The negative effects of established cray-

fish introductions. In: Gherardi F and Holdich DM (eds)

Crayfish in Europe as Alien Species. How to Make the

Best of a Bad Situation?, pp 31–47. A.A. Balkema, Rotter-

dam, The Netherlands

Holdich DM (1999b) The introduction of alien crayfish into

Britain for commercial purposes an own goal? In: The Bio-

diversity Crisis and Crustacea: Proceedings of the Fourth

International Crustacean Congress, Amsterdam, The Neth-

erlands, 20–24 July 1998, pp 85–97. A.A. Balkema, Rotter-

dam, The Netherlands

Holdich DM (2002) Background and functional morphology.

In: Holdich DM (ed) Biology of Freshwater Crayfish, pp

3–29. Blackwell Science, Oxford
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Marçal-Correia A (2003) Food choice by the introduced cray-

fish Procambarus clarkii. Annales Zoologici Fennici 40:

517–528

Molina F (1984) La pesca del Cangrejo Rojo Americano y su

influencia en el entorno del Parque Nacional de Doñana.
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ecosistemas acuáticos de la marisma del Parque Nacional
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Abstract

The introduction of the alocthonous Louisiana red swamp crayfish (Procambarus clarkii) in Chozas (a
small shallow lake situated in León (North-West Spain)) in 1996 switched the clear water conditions that
harboured an abundant and a quite high richness of plants, invertebrates, amphibians and birds to a
turbid one followed by strong losses in abundance and richness in the aforementioned groups. Crayfish
exclusion experiments done in Chozas previous to this work confirmed the role of crayfish herbivorism
on macrophyte destruction that had a trophic cascade effect on the wetland ecosystem. Direct and indi-
rect effects of crayfish introduction on Chozas lake communities have been evaluated and compared with
previous conditions before 1996 or with other related lakes in which crayfish were no present. Crayfish
had a main role in submerged plant destruction and a potential effect on amphibia and macroinverte-
brate population decrease. Plant destruction (99% plant coverage reduction) was directly related to
invertebrates (71% losses in macroinvertebrate genera), amphibia (83% reductions in species), and water-
fowls (52% reduction). Plant-eating birds were negatively affected (75% losses in ducks species); never-
theless, fish and crayfish eating birds increased their presence since the introduction. Introduction of
crayfish in shallow plant-dominated lakes in Spain is a main risk for richness maintenance in these
endangered ecosystems.

Introduction

Many studies include the fundamental role of
aquatic vegetation in maintaining the ecological
integrity of wetlands (e.g. Jeppessen et al. 1990;
Moss 1990; Scheffer 1990). Submerged macro-
phytes participate in a series of feedback mecha-
nisms so that various physical and chemical
variables remain within the limits appropriate to
their development in the presence of aquatic veg-
etation. This submerged vegetation also supports
a complex trophic chain, completely different
from and much more diverse than those present
in wetlands without vegetation (Carpenter and
Lodge 1986).

Shallow lakes can change abruptly from a situ-
ation characterised by abundant submerged vege-
tation and transparent waters to another
characterised by the absence of vegetation and
very turbid conditions due to the dominance of
phytoplankton. These two extreme situations are
considered alternative stable states related to the
nutrient load received by the lake (Scheffer 1990).
As eutrophication increases, the submerged vege-
tation is capable of controlling the growth of
phytoplankton via diverse mechanisms (allelopa-
thy, zooplankton shelter, nutrient competition,
etc. (Jeppesen and Sammalkorpi 2002)) up to
rather high nutrient concentrations. Below these
concentrations, the disappearance of vegetation
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due to different causes other than nutrient
increase produces a rapid change to high turbid-
ity conditions dominated by phytoplankton.

Amongst the most frequently occurring causes
of submerged vegetation destruction, we can cite
anthropogenic interferences such as direct
mechanical destruction, increased internal load of
nutrients due to waste from agricultural farms,
alteration of the hydrological cycle due to abusive
contributions or extractions (Blindow et al. 1998),
the arrival of biocides and other chemical com-
pounds (Vandergaag 1992), excess herbivorism by
macroinvertebrates, mammals and birds (Lodge
et al. 1998) and the recent introduction of exotic
species, especially various decapods (Nyström
1999). Rodrı́guez et al. (2003) have recently
shown that herbivorism by alien crayfish can
change eutrophic systems of clear waters previ-
ously dominated by vegetation to a turbid state.

For some decades, exotic species of freshwater
crayfish has been deliberately introduced. Various
hydrographic basins in most parts of Europe
have been supplied with alien crayfish from
North America (Ackefors 1999), mainly Pro-
cambarus clarkii, Pacifastacus leniusculus and Or-
conectes limosus, although other species are being
commercially exploited. This worsens the situa-
tion of autochthonous decapods even more, as
the exotic North American species are vectors of
the Aphanomyces astaci fungus, though resistant
to it (Dieguez-Uribeondo and Soderhall 1993).

Given that many of the freshwater decapod
species are generalist omnivores (Cronin 1998;
Nyström 1999; Parkyn et al. 2001), the effect of
introducing them into aquatic systems is not re-
stricted to displacement of the autochthonous
ones but also extends to the rest of the trophic
chain levels, favouring species removal and desta-
bilising the self-control mechanisms of submerged
vegetation (Axelsson et al. 1997; Gutiérrez-
Yurrita et al. 1998; Nyström 1999).

Various types of impact have been documented
as regards the introduction of alien crayfish, such
as competitive removal of autochthonous crayfish
(Soderback 1994; Hill and Lodge 1999) and fish
species (Guanz and Wiles 1997; Dorn and
Mittelbach 1999), the disappearance of amphibi-
ans due to predation (Axelsson et al. 1997;
Gerardhi et al. in press), declines in macroinverte-
brate fauna (Hanson et al. 1990; Lodge et al. 1998;
Nyström and Perez 1998; Nyström et al. 2001;

Correia 2002) or the destruction of the aquatic
plant cover (Feminella and Resh 1989; Olsen et al.
1991; Nyström 1999; Rodrı́guez et al. 2003).

The red crayfish of Louisiana (Procambarus
clarkii) is a generalist crayfish first introduced in
Spain in 1974 (Gutiérrez-Yurrita and Montes
1999); since then it has spread throughout Eur-
ope. Its impact on wetlands has been described
in terms of changes in available food and/or shel-
ter and the breeding success of other species
(Gutiérrez-Yurrita and Montes 1999) and other
direct effects on the aquatic fauna and flora
(Cronin 1996; Nyström and Pérez 1998; Angeler
et al. 2001; Rodrı́guez et al. 2003). However, the
extent of these effects on the systems and their
canalisation through the trophic chains have not
been precisely determined (Nyström 1999).

This paper gives evidence of the effects of pre-
dation by an exotic crayfish (P. clarkii) on the
trophic web of Chozas Lake (León, northwestern
Spain) as well as other indirect effects related to
the destruction of the aquatic plant habitat. The
destabilisation of the trophic chains has produced
serious losses in biodiversity and, for the first
time, the introduction of an exotic macroinverte-
brate can be related to the disappearance not
only of aquatic fauna (amphibians and macroin-
vertebrates) but also various species of birds.

Study area

Chozas Lake is a small, shallow mass of water
(9 ha; maximum depth 1.8 m) situated in León
(northwestern Spain) surrounded by a small area
of meadow wetlands which houses an important
nesting colony of lapwings. The lake was tradi-
tionally used as an irrigation pool for agriculture,
and so water-containing walls were built on the
south and west sides in the 1950s to increase its
depth. Characteristically, the water level fluctuates
greatly, both monthly due to the dry summer (it
drops to almost 1 m as regards maximum capac-
ity, and the flooded area decreases to about 3 ha
during the summer), and from year to year (seri-
ous drought in 1993). The inhabitants of the area
have traditionally used the lake for marginal
uncontrolled hunting (bird and amphibian hunt-
ing, fishing).

The first limnological study was made by
Fernández-Aláez (1984) as an example of a
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wetland with abundant and diverse aquatic vege-
tation. The lake has been regularly monitored
since 1994 onwards.

Materials and methods

This study reviews the existing information on
the Chozas Lake communities before the intro-
duction of crayfish and compares it with later
studies. The plant biomass samplings and species
catalogue done by Fernández-Aláez (1984, 1999)
prior to the introduction of crayfish was used as
the basis for checking changes in flora. Main
nutrients (total phosphorous (TP), soluble reac-
tive phosphorous (SRP), nitrates and ammo-
nium) as well as chorophyll a levels and other
physical parameters (mainly Secchi disc values
that measure light penetration through a water
column) following APHA-AWWA-WPCF Stan-
dard Methods for the Examination of Water and
Wastewater (1989) have been taken from the
same sources. The statistical significance of nutri-
ents and Chl. a levels were tested by means of
Student’s t-test.

The fauna inventories prior to wetland degrada-
tion used as a reference are those by Álvarez and
Salvador (1984) for amphibian fauna. The data
on over-wintering, breeding and passing birds in
Chozas Lake are taken from Alegre et al. (1991),
Marcos et al. (1995) and data provided in Purroy
(1990). Due to the fact that these studies partially
overlap as regards various groups of birds, the
inventory with the largest record of species and/or
specimens was used to establish the number of
species affected and the decrease. The inventory
of rare and/or threatened species (according to
Blanco and González 1992) present in Chozas was
taken from the Purroy (1990) report. Current
aquatic bird inventories and populations have
been determined since 1999 by fortnightly count-
ing using a 60 magnification · 80 mm Kowa tele-
scope and 8 · 20 Zenit binoculars.

The number of crayfish in Chozas was esti-
mated in a previous study (Rodrı́guez et al. 2003),
where a capture–marking–recapture method was
used (Krebs 1991), carried out in September 2002.
The capture method chosen was that of batteries
of small baited traps. The mark used was the
same for all the specimens and captures and con-
sisted of a tangential cut in one of the telson

parts. The study showed that the number of cray-
fish in Chozas is around 1 individuals/m2, with a
mean weight of 20 g/specimen. This allows the
biomass of red crayfish in Chozas Lake to be cal-
culated as approximately 200 kg/ha. The fish spe-
cies present along 15 min transects were
determined at the same time using an electric fish-
ing technique; then, species present and their
numbers as well as the weights and the lengths of
individuals were recorded.

Due to the lack of data referring to the
macroinvertebrate fauna for Chozas Lake prior
to the arrival of P. clarkii, the mean values of
the number of Genera and Families present in
various wetlands around the study area (Garcı́a-
Criado et al. 2004) were used as a reference,
differentiating between macroinvertebrates
associated with vegetation and benthic ones.
The benthic macroinvertebrate samplings in
Chozas were carried out using two sampling
nets of different pore sizes. Those of macroin-
vertebrates associated with vegetation were car-
ried out in transects with sampling nets and a
Kornijów sampler. For more details on meth-
odology and results, consult (Garcı́a-Criado
et al. 2004).

Results

Changes in physical and chemical variables

From 1984 to 1996, the lake was characterised
by the abundant submerged vegetation and great
transparency of its waters. Although an increase
in the total phosphorus (TP) values from 30 to
60 lg/l was recorded at the beginning of the
1990s, the mean nutrient and chlorophyll values
did not vary significantly between 1984 and 1996
(Table 1). After the destruction of the aquatic
vegetation in the summer of 1997, the lake
switched to the turbid state. The nutrient concen-
tration increased significantly, although some
concrete fractions did not change; nevertheless, a
significant depletion of nitrates (P < 0.05; t-test
for independent samples) has been noticed. The
most important variations correspond to the
increase recorded in TP levels. These concentra-
tions rose by 800% (statistically significant;
P < 0.05) in the first few years after the arrival
of the crayfish; in the following years the TP
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levels stabilised at around 130 lg/l. The water
chlorophyll content has increased 100%
(P < 0.05; t-test for independent samples), with
mean concentrations of 69 mg/l in summer at
present, so the present trophic status in Chozas
can be considered hypertrophic (OECD 1982).
This, together with the greatly increased resus-
pension of the sediment due to wind and waves,
as well as to crayfish benthic activities has
reduced light penetration of the water to a Secchi
disc depth of 28 cm.

Submerged aquatic vegetation

Plant cover did not vary significantly in Chozas
Lake from 1984 to 1996 with 95% of the bottom
kept covered by a varied community of macro-
phytes (Fernández-Aláez et al. 1999) (Table 2):
Chara globularis, Nitella translucens; Myriophyl-
lum alterniflorum and Potamogeton natans domi-

nated in the deepest areas, Baldellia ranunculoides,
Littorella uniflora, Glyceria fluitans, Juncus
heterophyllus, Sparganium erectum and Eleocharis
palustris covered the shallowest ones.

During the beginning of the summer of 1997,
most of the submerged vegetation in the lake was
destroyed; the biomass value in summer fell from
800 gDW in 1996 to 70 gDW (a decrease of over
90%), although the different species of macro-
phytes were affected differently (Fernández-Aláez
et al. 2002). Whilst most of the angiosperm stems
gradually appeared on the shores over the sum-
mer, the dense clumps of Charophytes disap-
peared completely. Since 1998, no submerged
vegetation has appeared in the lake, although
there is weak colonisation of the banks at the
beginning of spring in areas that dry out in sum-
mer, which means that most species are still pres-
ent but at very low coverage (see Table 2).
Currently, the vegetation cover is 2% in early
summer, but no macrophyte species can be found
within the flooded perimeter as summer
advances; in mid-summer, any submerged plant
biomass can be recorded.

Macroinvertebrates

Due to the lack of data on macroinvertebrate
communities prior to 1997, Table 3 compares the

Table 1. Physical and chemical characterisation of Chozas

Lake in periods before and after exotic crayfish introduction,

with indication of maximun and minimun values.

Before 1997 After 1997

Total phosphorous (lg/l)
Mean 38.8 226.6

Min. 18.801 (SP 94) 23.168 (SP 01)

Max. 69.2 (WI 96) 665.1 (SU 99)

Phosphates (lg/l)
Mean 8.86 7.9

Min. 0.1 (AU 94) 0.0 (SU)

Max. 37.9 (SP 95) 51.7 (SU 98)

Nitrates (mg/l)

Mean 0.1 0.0

Min. 0.190 (SP 94) 0:0 (year)

Max. 5.47 (SU 96) 0.11 (AU 99)

Ammonium (mg/l)

Mean 49.6 13.5

Min. 11.1 (SP 94) 0.0 (SU)

Max. 161.0 (SP 95) 179.2 (AU 99)

Chlorophyll a (mg/l)

Mean 16.3 68.5

Min. 5.8 (SU 96) 2.5 (SP 01)

Max. 61.6 (WI 96) 161.4 (SU 99)

Secchi (cm light penetration)

Mean Bottom 47.6

Min. No data 19 (SU 99)

Max. No data Bottom (SP 01)

Inorg. suspended solids (mg/l)No data Max. 22

SP: spring, SU: summer, AU: autumn, WI: winter.

Table 2. Floristic list and species coverage in Chozas Lake in

summer. Comparison of three years.

Species % Cover

1981 1995 2001

Potamogeton natans 25 20 Absent

Chara globularis 20 25 +

Myriophyllum alterniflorum 15 6 0.5

Littorella uniflora 12 10 1

Nitella translucens 10 12 Absent

Eleocharis palustris 8 12 +

Antinoria agrostidea 4 3 +

Glyceria fluitans 1 2 +

Baldellia ranunculoides 1 1 +

Galium palustre 1 1 +

Juncus heterophyllus + 2 +

Utricularia australis + + Absent

Ranunculus peltatus + + +

Apium inundatum + + Absent

Scirpus fluitans + + Absent

Mentha pulegium + 1 +

Total surface covered by

macrophytes

97% 95% <2%

+ = presence.
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Chozas communities with those of other crayfish-
less lakes in the area. According to the samplings
carried out after crayfish were introduced in Cho-
zas, the current benthic macroinvertebrate fauna
(three genera) represents only about 26% of those
present in the lakes not invaded by exotic deca-
pods. On the other hand, 72% of frequently
appearing genera associated with aquatic vegeta-
tion detected in crayfishless lakes could not be
detected in Chozas. The number of orders absent
from the macroinvertebrate inventory is high
(Table 3a) with the complete depletion of all
Heteroptera and Trichoptera species as well as
the entire Gastropoda and Hyrudinea Classes.

It needs to be pointed out that the total macr-
oinvertebrate biomass in Chozas is barely 2% of
the mean biomass values in other lakes and that
more than 70% of this is exclusively due to
Odonata.

Amphibians

The herpetological studies carried out in 1980 by
Alvarez and Salvador (1984) record breeding of
four species of Anura in Chozas lake: Hyla arbo-

rea; Pelobates cultripes; Bufo calamita and Rana
perezi, and two species of urodeles, Triturus mar-
moratus and Pleurodeles waltl, the latter being
endemic in the Iberian Peninsula and Morocco.

In the aquatic fauna samplings carried out after
the arrival of red crayfish in the lake, no evidence
of breeding by any of the Anura species has been
confirmed. All the species have become extremely
rare (isolated adult specimens of R. perezi and
H. arborea have been detected) or have not been
detected (B. calamita and P. cultripes) nor has it
been possible to find evidence of laying, larval
stages or adults of T. marmoratus there; however,
the sharp-ribbed salamander (P. waltl) population
maintains numerous adults and laying has been
observed in the remaining vegetation area.

The data on sharp-ribbed salamander abun-
dance in Chozas, measured as captures per unit of
effort (CPUE), show values similar to those of
other lagoons in the area not colonised by any
crayfish species. CPUE of one individual in Chozas
are comparable to those observed in Redos (two
individuals) or Sentiz (one individual), both eutro-
phic lakes dominated by vegetation and without
the presence of crayfish, although values of CPUE
higher than for 90 individuals have also been
recorded in the Villaverde lake, which is similar to
the two previously mentioned ones. On the other
hand, the CPUE values in the Villadangos lake,
which has crayfish and no submerged vegetation,
were similar to those of Chozas (one individual).

Water birds

The bibliographical study of the papers on water
birds carried out in Chozas prior to 1997 con-
firms the presence of 50 species in the lake,
besides at least another five considered accidental
visitors (Table 4). Eleven species used the area
for nesting prior to 1997; Aythia nyroca, cata-
logued as SPEC 1 (Tucker and Heath 1994) and
considered at risk on a national level (Blanco and
González 1992) was censused too. Due to the sig-
nificance of the lapwing (Vanellus vanellus) breed-
ing community, the lake could be considered
internationally important (Purroy 1990), accord-
ing to criteria proposed by Scott (1980). Due to
this richness, the lake was included in the Regio-
nal Catalogue of Wet Areas of Interest, and a re-
port was written requesting the constitution of an

Table 3. Epiphytic (3a) and benthic (3b) macroinvertebrate

groups present in Chozas compared to lakes not colonised by

exotic crayfish species (crayfishless). Data from Garcı́a-Criado

et al. (2004).

Crayfishless Chozas

Epiphytic macroinvertebrates

% Hydra 0.3 0

% Oligochaeta 2.1 1

% Hirudinea 0.7 0

% Gastropoda 14 0

% Acari 1.3 0

% Ostracoda 0.8 0.3

% Ephemeroptera 5.4 13.3

% Odonata 55.6 78.6

% Heteroptera 5.4 0

% Lepidoptera 4.8 0

% Trichoptera 3 0

% Diptera 19.5 6.8

% biomass 3.2% biomass in Chozas

Benthic macroinvertebrates

% Oligochaeta 8.2 17.6

% Diptera 52.9 82,4

% Others 40.0 0.0

% Biomass 233% higher in Chozas

The % of biomass corresponds to the ratio: crayfishless lakes

biomass/Chozas biomass.
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ornithological reserve in the lagoon and the adja-
cent wetland (Purroy 1990).

Although the disappearance of 52% of the spe-
cies and fall in the population of most bird
groups still present have been confirmed, it has
to be pointed out that not all the groups have
been equally affected (Table 4a). In censuses after
1998 among the shorebirds, environmental
change has resulted in the absence of around
32% of the species which frequently appeared in
Chozas according to Marcos et al. (1995).
Although the numbers have fallen, 50% of them
have remained in the lake after the arrival of
P. clarkii. The chance visitor species or those
with large yearly variations have not been
included in the calculation of these percentages.

Alegre et al. (1991) report the use of Chozas
by 11 species of water birds for nesting. Since the
introduction of the red swamp crayfish the
absence of breeding in seven species has been
noticed; on the other hand, the number of nest-
ing pairs of species dependent on marsh vegeta-
tion with floating nests (four species) has
decreased, highlighting a 65% fall in the number
of coots (Fulica atra). The lapwing breeding pop-
ulation is maintained although with a tendency
to decrease.

The functional group most affected by the
introduction of crayfish has been waterfowl
which use aquatic food resources (surface and

diving ducks, coot). Comparing the census of
over-wintering species before introduction
(Alegre et al. 1991) with the present situation
confirms the loss of 50% of species, all of them
Anatidae; this Familia seems to be the most
affected as the censuses after the introduction of
crayfish show that 75% of the eight species
recorded by Purroy (1990) are absent (Table 4b).

A series of birds whose presence has increased
in this system since the arrival of Procambarus
clarkii requires a separate mention. Among the
Ardeidae, the increase in common herons (Ardea
cinerea) and the regular presence of cattle egret
(Bulbucus ibis) is well known, although the total
abundance of Egretta garzetta seems to have
decreased slightly. Likewise, the common stork
(Ciconia ciconia) populations feeding in Chozas
have increased. Adding to this, the presence of a
new predator diving species during the winter
and beginning of spring, the great cormorant
(Phalacrocorax carbo) has been recorded.

Discussion

The profound changes occurring in Chozas after
the disappearance of aquatic vegetation are in
keeping with the theory of alternative stable
states in shallow lakes (Scheffer 1990). However,
in this case, the mechanism of change from a

Table 4. (a) Number of species of birds before and after crayfish introduction in Chozas lake. (b) Anatidae species detected in

Chozas before 1997 and their changes in status since crayfish introduction (* decreased populations).

Before crayfish intro. After crayfish intro. % Disappeared

Panel a

Herbivories and diving ducks 12 7 42

Shorebirds 17 12 25

Ciconiform (stork and allies) 4 4 0

Breeding 11 4 64

Wintering 6 4 34

Panel b Status in Chozas After 1997

Anas penelope Migrant Not detected

Anas crecca Breeding Not detected

Anas platyrhynchos Breeding *

Anas acuta Migrant Not detected

Anas querquedula Breeding Not detected

Anas clypeata Migrant *

Aythia ferina Migrant Not detected

Aythia nyroca Migrant Not detected
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clear to turbid state has been the mechanical
destruction of submerged vegetation as a result
of the benthic activity of an invading alien cray-
fish species, the red swamp crayfish Procambarus
clarkii. Rodrı́guez et al. (2003) showed that
exclusion of P. clarkii from certain areas of the
lake using mesocosms allowed plant coverage to
reach up to 95%. These experiments showed that
the seed bank has the potential to recover vegeta-
tion spontaneously in the absence of red crayfish
but the predator activity of the crayfish prevents
it. Experiments on the inclusion of crayfish densi-
ties close to the estimated one in Chozas (see
Rodrı́guez et al. 1993) in areas with 95% vegeta-
tion cover demonstrated the destructive capacity
of this species, as 60% of the plant biomass was
destroyed in 2 weeks.

This and other studies (Anastáçio and Mar-
ques 1997; Vila-Escalé et al. 2002) show that
even relatively low crayfish densities (lower than
1 ind/m2) can completely remove submerged veg-
etation from shallow lakes and streams in the
Iberian Peninsula. It is also relevant that other
studies within this area point to this species’ pref-
erence for fresh plant food (Gutiérrez-Yurrita
et al. 1998) whilst studies carried out in other
places indicate that detritus is the main ingredi-
ent of P. clarkii’s diet (Bernardo and Ilhéu 1994).
There is another reason for specifying the geo-
graphical location when determining the disturb-
ing potential of invading decapods and that is
the fact that there are no autochthonous preda-
tor species in the Spanish lakes which can affect
the crayfish populations in any way. Another
interesting aspect is that autochthonous white
clawed crayfish (A. pallipes) do not seem to have
the herbivore intensity of the American red cray-
fish. Studies in lakes with abundant macrophyte
vegetation (Chara sp.) have been shown to host
high densities of autochthonous crayfish (C.F.
Rodriguez et al., in preparation).

Various studies (Stein 1977; Rabeni 1992; Dorn
and Mittelbach 1999) report that in the areas of
origin of most crayfish species (generally Amer-
ica) the populations are subject to predation by
different species of fish. Given that some of these
fish species have also been introduced into vari-
ous places in the world, it would be interesting to
confirm whether the interaction of these exotic
species (see Elvira et al. 1996) into their new sys-
tems allows these effects to be reduced.

Decreased macroinvertebrate populations as a
result of the increased densities of autochthonous
and exotic freshwater crayfish have been repeat-
edly documented in studies on the trophic role of
these species in streams and lakes (Hanson et al.
1990; Lodge et al. 1994; Nyström and Perez 1998;
Nyström et al. 2001; Correia 2002, amongst oth-
ers). These studies have confirmed under both
experimental and natural conditions the incidence
of crayfish predation on macroinvertebrate fauna,
demonstrating that some decapod species (for
example, P. clarkii) change their diet from plant
food and detritus to an animal diet in relation to
the availability of macroinvertebrates (Correia
2002). The disappearance rate for macroinverte-
brates associated with vegetation recorded in
Chozas was very high (72% of Genera), although
these groups are not directly related to crayfish
predation. Amphibian diet studies comparing this
same lake and others with the same environment
(Santos et al. 1986) also showed that, prior to the
introduction of exotic crayfish, the macroinverte-
brate fauna of Chozas was more widely diversi-
fied. Therefore, it can be stated that vegetation
destruction has had a greater incidence on the
macroinvertebrates of Chozas than the direct
effects of crayfish predation and even there is a
group, Chironomidae, that despite being more
vulnerable to crayfish predation due to its benthic
habitat, increased their numbers when compared
with other crayfishless lakes. This fact seems to
be related with the increased naked sediment area
as chironomid densities are similar to those found
in non-vegetated lakes.

The vulnerability of egg-laying and young
amphibians of different species has been docu-
mented in various studies (Gherardi et al. in
press; Axelsson et al. 1997; Nyström and Abjörs-
son 1999) and it is highly likely that the preda-
tion of P. clarkii significantly affects recruitment
of all the amphibian species. During samplings,
no adult specimens of the Anura species have
been detected, except for some specimens of
H. arborea and R. perezi near the lake. About
the newts, absence or presence of T. marmoratus
(neither larvae nor adults) seems to confirm the
disappearance of this species from Chozas.

The persistence of P. waltl in Chozas could be
sustained by its possessing chemical defences in
its epithelium. Various amphibians present this
type of defence against predators (Petranka et al.
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1988; Bridges and Gutzke 1997), mainly fish and
other invertebrates, although Crossland (1998)
has documented its lower efficacy against cray-
fish. In Chozas, the crayfish were observed
attacking the uropygium of the sharp-ribbed sal-
amanders trapped in the sampling nets, killing
but not devouring them; similar behaviour has
been documented by Axelsson et al. (1997) who
state that Pacifastacus leniusculus preys on larvae
of Bufo sp., endowed with chemical defences in
their epithelium, but does not devour them.

These observations demonstrate direct preda-
tion seem to have contributed to rarefaction of
all the species of anura and T. marmoratus in
Chozas lake, as well as the probable decrease in
breeding potential. However, indirect mecha-
nisms associated with the destruction of vegeta-
tion (for example, H. arborea males select areas
with floating vegetation and avoids areas without
vegetation (Garcı́a et al. 1987)) and with the col-
lapse of the trophic chains based on the macroin-
vertebrates (the diet of urodeles is based 60% on
macroinvertebrates (Santos et al. 1986)) could be
the most likely causes of the decrease in amphib-
ian populations.

Unfortunately, since Garcı́a et al. studies any
amphibian populations research have been done
in this geographic area so there is any kind of
control of our results and, when explaining the
dynamics of any amphibian population, the
decreasing tendency recorded in amphibian popu-
lations all over the world must be consid-
ered (Sarkar 1996; Houlanan et al. 2000). Its
causes are barely understood, but it has also been
detected in most aquatic systems in our latitudes.

The relationship existing between aquatic plant
cover and water birds has been repeatedly docu-
mented in various studies (Mitchell and Wass
1996; van Donk and Otte 1996; Sondergaard
et al. 1998; Blindow et al. 2000). Although many
of them have established their work regimes try-
ing to measure the effect of bird herbivorism on
the plant communities (see Mitchell and Perrow
1998), there is a good correlation between the
presence of plants and abundance of most water
birds. In this sense, the studies based on the anal-
ysis of long seasonal series of data (Hargeby
et al. 1994; van Donk and Otte 1996; Blindow
et al. 2000) have allowed a positive correlation of
the establishment of clear water states to years of
high bird density.

The data recorded in Chozas throughout the
last decade are consistent with the results given
in the previously mentioned studies, with the spe-
cial feature of the change from a transparent to a
turbid state not being due to a eutrophication
process but to the introduction of alien crayfish.
Both herbivores (anatids and coots) and other
birds have seen a reduction in the available food
due to the direct destruction of vegetation and
the indirect disappearance of the communities of
plant-associated macroinvertebrates. This effect is
shown particularly in the population variations
among anatids, a well represented group before
1997 and practically non-existent now.

In addition, the effects on the nesting bird
communities, apart from the already mentioned
reduction in available food sources, can be
related synergically to the red crayfish reducing
the marshy areas where floating nests are built
and only the existence of a marginal lakeside
wood has allowed certain nesting to persist in the
area (F.J. Purroy, pers. comm.).

It is of interest too, due to its importance for
the implementing of environmental policies, that
the three species detected before 1997 and classed
as being in danger, Ardeola ralloides, Plegadis
falcinellus and the already mentioned Athya nyro-
ca, have not been included in any census after
that year. Likewise, the inventory of vulnerable
or rare species (Blanco and González 1992) in
Chozas before P. clarkii was detected to be 10
species (Purroy 1990), of which 70% have not
been inventoried again.

The incidence of the shorebird group has been
quantitatively lower, perhaps due to the fact that
they exploit resources related to the lake shore
area, less affected by the presence of crayfish. In
another respect, an increase in the Ardeidae and
Ciconiidae populations has been observed, which
has been recorded in other studies (Barbaressi
and Gerardhi 2000; see Gherardi and Holdich
1999). It could be related to the abundance of
crayfish populations, as they are a preferential
prey of these birds. Similarly, the winter presence
of great cormorants (P. carbo) in the last few
years also benefits from the abundance of exotic
crayfish in the aquatic systems (Barbaressi and
Gherardi 2000). However, the generalised spread
of this species in continental waters of the Ibe-
rian Peninsula is being studied and could be due
to various causes (De Nie 1995).
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Reviewing all the taxonomic groups affected
by the introduction of red crayfish shows the
spread throughout the trophic chain (Table 5),
and the direct and indirect effects of crayfish on
the lake communities must be differentiated (Fig-
ure 1). The crayfish main negative direct effect on
ecosystem is the elimination of submerged vege-
tation and the reduction of macroinvertebrate
populations; both effects in fact mean a dramatic
depletion of food resources, shelter and laying
sites affecting the whole trophic web. Moreover,
the change to a turbid state caused by the disap-
pearance of vegetation has a feedback effect
reducing light conditions for vegetation develop-
ment and affecting macrophyte recolonisation
even at low crayfish densities. This turbid state
seems to be accompanied by an increase in the
densities of benthivore fish (Jeppesen and Sam-
malkorpi 2002), which favours an increase in
piscivorous birds such as herons, egrets, storks,
grebes and cormorants. In another respect, there

seems to be a positive direct effect on its preda-
tors (ardeidae and ciconiiformes), which tend to
increase in density.

This study shows that the introduction of the
red swamp crayfish Procambarus clarkii to the
Iberian aquatic systems has dramatic effects on
whole ecosystem processes, with direct and indi-
rect repercussions on both flora and fauna com-
munities, mainly as a result of the great
predatory effect on submerged vegetation.
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Spain, and implications for species management. Freshwa-

ter Biology 42: 561–574

Gutiérrez-Yurrita PJ, Sancho G, Bravo MA, Baltanás A and

Montes C (1998) Diet of the red swamp crayfish Procamb-

arus clarkii in natural ecosystems of the Doñana National
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Shift from clear to turbid phase in Lake Chozas (NW

Spain) due to the introduction of American red swamp

crayfish (Procambarus clarkii). Hydrobiologia 506–509:

421–426

Sarkar S (1996) Ecological theory and anuran declines. Bio-

Science 46: 199–207

Santos FJ, Salvador A and Garcı́a C (1986) Dieta de larvas

de Pleurodeles waltl y Triturus marmoratus (Amphibia: Sal-

amandridae) en simpatria en dos charcas temporales de
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Amposta, Spain; 3Departamento de Parasitologı́a, Facultad de Veterinaria, Universidad de Zaragoza,
Miguel Servet 177, 50013 Zaragoza, Spain; 4Servei de Control de Mosquits de la Badia de Roses i Baix
Ter, Plaça del Bruel 1, 17486 Castello d’Empuries, Spain; 5Instituto de Salud Carlos III, Centro Nacional
de Microbiologı́a, Unidad de Parasitologı́a, Carretera de Majadahonda Km2, 28220 Madrid, Spain;
6Servicio de Control de Mosquitos, Diputación de Huelva, Martı́n Alonso Pinzón 9, 21003 Huelva, Spain;
7EVITAR multidisciplinary network for the study of viruses transmitted by arthropods and rodents;
*Author for correspondence (e-mail: reritja@elbaixllobregat.net; fax: +34-936-300142)

Received 4 June 2003; accepted in revised form 30 March 2004

Key words: aegypti, albopictus, atropalpus, dengue, Europe, invasive, japonicus, mosquito, Spain, vector,
yellow fever

Abstract

An Asiatic mosquito species, Aedes albopictus, began to spread worldwide in the 1970s thanks to marine
transport of tires and other goods, leading to colonization of many areas of the world. This species is a
vector of major human diseases such as Dengue, Yellow Fever and the West Nile virus. In Europe, it
was established in Albania and Italy and has been detected in other countries such as France; no records
exist for Spain as yet. Colonization by Aedes albopictus is a major public health concern considering that
the West Nile virus and several other viruses are known to circulate sporadically in the Mediterranean.
Additionally, the parent species Aedes aegypti was the vector causing severe outbreaks of Dengue and
Yellow Fever two centuries ago. Although Ae. aegypti was also introduced, it was eradicated from
Spain. Both mosquitoes shared habitat types, diseases transmitted and many bionomic data. This article
contains a review of the present Ae. albopictus distribution range worldwide and discusses the likelihood
of an establishment in Spain in view of climatological and geographical data.

Introduction

Globalizing the economy leads to an increase of
the worldwide transport of goods, which raises
the chances of accidental transport of foreign
species. This has been the case of many agricul-
tural pests unknowingly embarked within plant
shipments, leading occasionally to establishment
in destination countries and challenging local
economies as well as natural systems.

Other groups of species play an important role
in public health. Mosquitoes are vectors of many

relevant human diseases, from Malaria to filariasis
as well as viral pathogens such as Dengue, Yellow
Fever and the West Nile virus. Therefore, foreign
mosquito species entering new countries may not
only produce ecological stress but they are also
considered a potential threat to public health. The
most notorious case in the past was the ship-medi-
ated introduction in the Mediterranean area of
Aedes aegypti, causing Yellow Fever and Dengue
outbreaks during the 18th and 19th centuries.

Most of the present concern on the invasion of
temperate areas by tropical vectors is focused on

Biological Invasions (2005) 7: 87–97 � Springer 2005



accidental transport of infected insects from trop-
ical countries on aircraft (Isaäcson 1989). How-
ever, commercial worldwide transport of used
tires, for example, is an efficient carrier for some
mosquito species, so there is a need again to
monitor marine transport as a potential threat to
human health.

The present article deals with the unprece-
dented, rapid worldwide spread of the vector
mosquito Aedes (Stegomyia) albopictus (Skuse
1894) (Diptera: Culicidae), from its original areas
in Asia to the rest of the world through coloniza-
tion of shipments of used tires. There are a num-
ber of excellent reviews on Ae. albopictus,
commonly referred to as the ‘Asian Tiger Mos-
quito’ (see e.g. Hawley 1988; Mitchell 1995), so
we will mostly focus on reviewing the present
European situation and its implications for
Spain.

Bionomics

Aedes albopictus is a treehole mosquito, and so
its breeding places in nature are small, restricted,
shaded bodies of water surrounded by vegeta-
tion. However, its ecological flexibility allows it
to colonize many types of man-made sites such
as cemetery flower pots, bird baths, soda cans,
abandonded recipients and especially used tires.
As these are often stored outdoors, they collect
rainfall and retain rain water for a long time.
The addition of decaying leaves from the neigh-
boring trees produces chemical conditions similar
to tree holes, thus providing an excellent substi-
tute breeding place. It has been pointed however
that Ae. albopictus can also establish and survive
throughout non-urbanized areas lacking any arti-
ficial containers, raising additional public health
concerns if mosquitoes are likely to come into
contact with enzootic arbovirus cycles (Moore
1999). The adult flight range is quite short, as
expected for a scrub-habitat mosquito. Therefore,
most medium and long range colonization is the
result of passive transportation.

Aedes albopictus is an aggressive, outdoor day-
time biter that attacks humans, livestock,
amphibians, reptiles and birds. The females lay
desiccation-resistant eggs above the surface of
the water in treeholes or tires. The eggs from
strains colonizing temperate regions resist lower

temperatures than those from tropical areas
(Hanson and Craig 1995). Additionally, in these
strains, the combination of short photoperiods
and low temperatures can induce the females to
lay diapausing eggs which can hibernate (Hanson
and Craig 1995). Overwintering is necessary
north of the +10 �C January isotherm (Mitchell
1995; Knudsen et al. 1996). The combination of
these adaptations accounts for the success in col-
onizing temperate regions.

Recent spreading and present distribution

A fraction of the present Asiatic distribution
range of Ae. albopictus is the result of invasions
prior to the 20th century, as in Hawaii before
1902 (Sprenger and Wuithiranyagool 1986).

The first modern establishment outside this ori-
ginal range occurred in 1979 in Albania (Adhami
and Reiter 1998) although not much concern was
raised due to the political isolation of the coun-
try. The species is believed to have already been
there for some years when discovered, and was
probably imported in tire shipments from China
(Adhami and Reiter 1998).

Aedes albopictus was next detected in the Uni-
ted States in 1985. Although scattered individuals
had already been sporadically collected in the
country (Hawley 1988; Reiter 1998), the cluster
detected in Harris County, Texas, was the first
established population (Sprenger and Wuithira-
nyagool 1986). Adaptation to cold suggested that
the strain probably came from a non-tropical
area of Asia, as confirmed by specimen detection
in tires coming from Japan (Reiter 1998). In the
US, the eastward dispersion of the mosquito was
very rapid while the spread to the north and the
west was slower, probably due to increasing dry-
ness and cold, respectively (Moore 1999); in
2003, 866 counties from 26 states were infested
(CDC, unpublished data).

In 1986 Ae. albopictus was detected in Brazil,
and Mexico became the next positive country in
1988. Between that year and 1995, the species
was detected in most of Central America (Hon-
duras, Costa Rica, Guatemala, El Salvador, Pan-
ama), part of the Caribbean islands after 1993
(firstly Dominican Republic, then Cayman
Islands and Cuba). More recently, Ae. albopictus
has also been reported from Guatemala and Boli-

88



via (1995), Colombia (1997), Argentina (1998)
and Nicaragua (2003).

In the Pacific area, Ae. albopictus was detected
in Salomon, Australia (1988), Fidji (1988), New
Zealand (1994), and La Réunion (1994). Some
African countries such as South Africa (1990)
have detected the species, with establishment in
Nigeria in 1991. It was recently found to be well
established in southern Cameroon (Fontenille and
Toto 2001). No other African country has
reported Ae. albopictus, but the scarcity of surveys
might mask a broader presence in the continent.

European concern rose when the species was
detected in Italy, firstly in September 1990 as a
few adults of unknown origin in Genoa (Sabatini
et al. 1990). An established population was found
1 year later near Padua (Dalla Pozza and Majori
1992). Research disclosed that the infestation
originated in a tire depot that received egg-
infested shipments of aircraft tires from Atlanta,
US. Further genetic analysis showed affinities
between Italian, US and Japanese Ae. albopictus
(Urbanelli et al. 2000). The Tiger Mosquito rap-
idly spread across the northern and central
regions of Italy and Sardinia by means of domes-
tic tire trading, and reached Rome in 1997;
although some local eradications have been
achieved, the species is now present in nine
regions and 190 municipalities (Romi 2001).

Ae. albopictus was first found in two tire
dumps in France in 1999 during a specific survey
(Schaffner and Karch 2000; Schaffner et al.
2001). There was evidence that the species was
established from at least the previous year.
Chemical control actions undertaken in 2001 by
health authorities apparently eradicated the mos-
quito from these points (Schaffner 2002). How-
ever, the presence of Ae. albopictus was detected
the same year in a new continental location and
in Corsica as well by 2002 (F. Schaffner, pers.
comm.).

Investigating the French findings and tracing
back the route of infested shipments led to the
discovery of Ae. albopictus in the year 2000 in
one location in Belgium, which became the
fourth European positive country (Schaffner
2002). Recently, the species has been formally
reported from Montenegro (D. Petric, pers.
comm.) and from discarded tires in the vicinity
of an airport in Israel (Pener et al. 2003).
There are references on the possible presence of

Ae. albopictus in Hungary (Schaffner 2002), but
no direct reports.

It is worth noting that many detection reports
of Ae. albopictus have not been followed by
establishment. Quarantine and inspection mea-
sures in Australia allowed detection of 17 larval
introductions between 1997 and 2001 and five
more interceptions in seaports since 2001. As
immediate control measures have been applied,
Ae. albopictus has not yet become established in
the continent (R. Russell, pers. comm.). In the
Mediterranean, only the introductions in Alba-
nia, Italy and probably Israel led to establish-
ment. The other cases are very local, too recent
or have been subject to eradication actions yet to
be evaluated.

New transport types and other mosquitoes

During the summer of 2001, containerized ship-
ments from China of the plant known as Lucky
Bamboo (Dracaena spp.) were found to contain
Aedes albopictus on inspection by quarantine offi-
cers on arrival at Los Angeles, USA (Linthicum
2001). Several live adult mosquitoes escaped
while opening as Ae. albopictus larvae had been
transported within Dracaena plants shipped in
standing water. Destination wholesale nurseries
in California were also found to be infested
(Madon et al. 2002).

The trade in Lucky Bamboo is increasing
because it has cultural relevance within the Asi-
atic communities in the US and elsewhere, and it
has also gained worldwide attention as a popular
gift. Large nurseries are located in the Guang-
dong province of China, where the climate is
suitable for Ae. albopictus (Madon et al. 2002).

Although the problem appeared recently, the
importation of Lucky Bamboo plants is not
recent. However, until ca. 1999, the plants were
dry packaged and airfreighted; the increase in
demand and cost cutting led to the use of con-
tainer ships. The plants are usually transported
in standing water, thus providing the conditions
for the breeding of the Ae. albopictus larvae.
Therefore, the US authorities dictated an
embargo on this type of shipment favoring dry
airfreight. However, this overlooked the possibil-
ity of mosquito eggs being transported on the
plant stems.

89



The spread of Ae. albopictus might well be
only the first step in mosquitofauna globaliza-
tion. Similar mechanisms that allowed invasion
by Ae. albopictus have also transported other
mosquito species. The North American mosquito
Ochlerotatus atropalpus (Coquillett 1902) was
also introduced in Italy through the tire trade
from the USA as detected in the Veneto region
(Romi et al. 1997). As the infestation was local,
rapid control measures greatly reduced the popu-
lation density in 1997, with no positive reports in
1998 (Romi et al. 1999).

Monitoring Ae. albopictus in France led to the
discovery of another exotic treehole species: in
this case, Ochlerotatus (Finlaya) japonicus japoni-
cus (Theobald 1901) was found in French terri-
tory in 2001 (Schaffner et al. 2003). This
mosquito probably came together wth Ae. albo-
pictus in tires from the USA, where it is present
in several Eastern states following introduction
from Japan in 1998 (CDC, unpublished data).
Both Ochlerotatus japonicus and Ae. atropalpus
are efficient vectors of the West Nile virus (Turell
et al. 2001); and Oc. japonicus is also believed to
be a vector of Japanese Encephalitis (CDC,
unpublished data).

Starting in 1992, several countries in South
America (to our knowledge, Venezuela, Chile,
Bermuda, Costa Rica, Argentina and Brazil)
have dictated embargoes on used tire importa-
tions, in an attempt to not only prevent mosquito
introduction but also to protect local industries
as well as prevent Dengue if Ae. aegypti is
already present. Although this is an efficient
strategy, it also has an economic impact; addi-
tionally, in the European Union, it would be a
less-efficient measure as due to free internal com-
merce, the country of origin may remain
unknown (Reiter 1998). Several countries have
passed regulations for the inspection, certification
and quarantine of used tires (Reiter 1998), but
these are difficult to enforce thoroughly. Local
laws have been passed in Italy, but no tire legis-
lation exists at the national level (Romi et al.
1999).

Competition with other mosquito species

Little, if any, attention has been paid to the
impact of the presence of Ae. albopictus on

autochthonous tree-hole breeding mosquitoes. In
Spain, interspecific competition might affect
Aedes (Finlaya) geniculatus (Olivier 1791), Och-
lerotatus (Ochlerotatus) berlandi Séguy 1921,
Anopheles (Anopheles) plumbeus Stephens 1828
and the less frequent Orthopodomyia (Ortho-
podomyia) pulcripalpis (Rondani 1872), among
others.

Competition has been studied, however,
between imported vectors. Distribution ranges of
Ae. albopictus and Ae. aegypti partially overlap,
although they occupy different biotopes. The for-
mer inhabits densely vegetated rural environ-
ments, whereas Ae. aegypti prefers less humid,
urban breeding places (Mitchell 1995). In some
parts of Asia, a general replacement of Ae. albo-
pictus by Ae.aegypti has been noted. This may be
attributable to the urbanization of rural areas
(Hawley 1988). However, Ae. albopictus will also
readily colonize urban habitats if Ae. aegypti is
not present. Therefore, it has been suggested that
larval competition resolved in favor to Ae. ae-
gypti could also play a role in some habitats
(Hawley 1988).

Interestingly, the opposite replacement is
recorded in certain locations in the USA after
the introduction of Ae. albopictus, apparently
inducing the decline or even disappearance of
Ae. aegypti (Hobbs et al. 1991). It has been
hypothesized that the better adaptations to
colder climates by Ae. albopictus are a reason for
this exclusion. In reviewing the literature, Christ-
ophers (1960) concluded that the dominant factor
on Ae. aegypti distribution was a short summer
season rather than low winter temperatures. In
the laboratory, tropical Ae. aegypti eggs can sur-
vive for months at 4 �C (P. Reiter, pers. comm.)
However, in regions with a January isotherm
close to 0 �C, the air temperature is below freez-
ing for many days in the winter months. Clearly,
Ae. aegypti eggs can only survive in such condi-
tions if sheltered, but these circumstances are not
uncommon: in Memphis, Tennessee, the species
was abundant in late spring after a winter in
which temperatures had dropped to )18 �C (P.
Reiter, pers. comm.). Thus, factors other than
temperature have induced these changes of
range.

Due to this replacement of species, the arrival
of Ae. albopictus has sometimes been hailed as
good public health news because Ae. aegypti is
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considered to be more efficient as a Dengue vec-
tor. Unfortunately, Ae. albopictus was more
receptive to artificial laboratory infection with
the West Nile virus than Ae. aegypti (Turell et al.
2001).

Aedes aegypti-related diseases in Spain

The Mediterranean Yellow Fever and Dengue
outbreaks during the 19th century were transmit-
ted by the parent species Ae. aegypti, present as
a result of previous invasions. Both species share
much of habitat types, bionomics and vector dis-
eases; thus, information from the past distribu-
tion of Ae. aegypti is worth considering here.

Earlier outbreaks of Yellow Fever in Spain
occurred from 1701 onwards. The disease espe-
cially affected the southernmost region of the
country, where it remained endemic for more
than a century (Pittaluga 1928). Both the vector
and the disease were imported by sailboats, so
outbreaks originated in coastal cities reaching
further inland locations, sometimes as far as
Madrid (Pittaluga 1928). A single concatenation
of Yellow Fever outbreaks in 1800–1803 took
>60,000 lives in Cádiz, Sevilla and Jerez de la
Frontera (Nájera 1943; Angolotti 1980). Accord-
ing to Pittaluga (1928), another episode in Barce-
lona (1822–1824) affected 80,000 inhabitants,
20,000 of whom died. There are total estimates
of more than 300,000 casualties from Yellow
Fever during the first half of the 19th century; a
detailed epidemiologic review can be found in
Rico-Avelló (1953). The last Yellow Fever epi-
sodes in Spain occurred between 1870 and 1880
(Nájera 1943).

The name ‘Dengue’ is derived from the Span-
ish word ‘derrengue’, which applies to a condi-
tion of extreme exhaustion (Angolotti 1980); the
word is still used in parts of southwestern Spain
as an adjective for lazy people (T. Romero, pers.
comm.). Dengue epidemics were not as well doc-
umented as Yellow Fever, but can be traced to
southern and eastern Spain; the first probable
outbreak is recorded in Cádiz in 1778. The mor-
tality was so low that the disease was popularly
called ‘La Piadosa’ (‘the compassionate’) (Ango-
lotti 1980). Although physicians were aware of
the different nature of the two diseases, Dengue
was less noticed than Yellow Fever because it

caused much lower mortality. An outbreak from
1927 reported by Pittaluga (1928) killed less than
5% of infected people, simultaneously to the huge
outbreak in Greece that caused one million cases
in 2 years, of which more than 1000 died (Adha-
mi and Reiter 1998).

The last documented sample of Ae. aegypti
was collected in downtown Barcelona in 1939
(Margalef 1943), and the species was described as
‘very common’. In his review on the Aedines of
Spain, Clavero (1946) also quoted Ae. aegypti as
being common, but remarked that the present
distribution should be better documented. Rico-
Avelló (1953) again considered the species as
being ‘very common’ in Spain (see his map in
Figure 1) but failed to list his references. Garcı́a
Calder-Smith (1965) did not find Ae. aegypti in
the Barcelona province, despite multi-year sam-
pling from 1958 to 1965. More recent reviews by
Torres Cañamares (1979) and Encinas Grandes
(1982) both stated again that Ae. aegypti was
present in Spain, again on a bibliographic basis
only. Thus, due to a lack of field reports, the
position was adopted in the latest checklist on
the Spanish mosquitoes (Eritja et al. 2000) to for-
mally consider that Ae. aegypti had been eradi-
cated, although the reasons for this remain
unknown.

Besides sanitation measures, the repetitive
introductions by ships were highlighted as a fac-
tor of maintenance of the vector. Sailors were
aware that old sailboats were healthier than
newly built ships: they leaked so much that

Figure 1. Past distribution of Aedes aegypti in Spain (redrawn

from Rico-Avelló 1953).
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pumping had to be continuous, thus suppressing
breeding places onboard (Angolotti 1980). Thus,
steamers may have been a major change because
they allowed better water management and also
shortened the journey across the ocean (Nájera
1943), preventing the development of multiple
mosquito generations during the trip, which
resulted in the infection of the whole crew.

Additional impacts on this species from the
Malaria eradication programs during the first
half of the 20th century have been suggested
(Samanidou-Voyadjoglou and Darsie 1993;
Reiter 2001). Unfortunately, as most of these
programs remain undocumented in Spain, the
impact of campaigns focused on ricefield Anoph-
eline species on an urban, indoor mosquito can-
not be discussed.

Public health risks from Aedes albopictus

Public health implications are not trivial as Ae.
albopictus is only second to Ae. aegypti in trans-
mission of Yellow Fever and Dengue. The Tiger
Mosquito is believed to act as a secondary Den-
gue vector in rural environments where human
population density is much lower than in cities,
so that large outbreaks are not likely to occur;
many episodes are not even recorded (Hawley
1988). In some cases, however, the absence of
Ae. aegypti implicates Ae. albopictus in larger epi-
demics, such as the >100,000 case outbreak in
Japan during WWII (Kobayashi et al. 2002).
Transovarial transmission of Dengue has been
demonstrated in the laboratory for Ae. albopictus
(Rosen et al. 1983) and has also been verified in
field-collected larvae (Moore and Mitchell 1997).
European-established strains from Albania
(Vazeille-Falcoz et al. 1999) and Genoa, Italy
(Knudsen et al. 1996), are receptive to the virus.

The Tiger Mosquito is also an efficient vector
for other Flaviviruses such as Japanese Encepha-
litis and West Nile virus. Several West Nile out-
breaks have occurred in the Mediterranean, but
the 1996 outbreak in Romania was remarkable,
with 453 human cases (Hubálek and Halouzka
1999). Following the introduction of the virus in
the USA in 1999, during the single year 2002 a
total of 4161 human cases were reported, 277 of
which died (CDC, unpublished data). Aedes albo-
pictus may be a matter of concern as a bridge

vector for the West Nile virus because it inhabits
rural areas and has a wide host range including
birds, so that it can readily pass enzootic cycles
to humans. However, many autochthonous mos-
quito species (including the ubiquitous Culex pi-
piens) can play an exactly same role. Wild
populations of Ochlerotatus japonicus have also
been found infected by the West Nile virus in the
USA (Turell et al. 2001) and experimentally
infected with the EEE virus (Sardelis et al. 2002).

Table 1 summarizes the known receptivity of
Ae. albopictus to pathogenic viruses by experi-
mental laboratory infection, as well as the list of
viruses isolated from field-collected individuals.
Included are the four quoted Flaviviruses, plus
seven Alphaviruses and 10 Bunyaviruses. One
additional Flavivirus and two Bunyavirus have
neither been tested in the laboratory nor in the
field but are known to circulate in the Mediterra-

Table 1. Known virus receptivity in the laboratory for Aedes

albopictus; viruses isolated from wild mosquito populations,

and human pathogenic viruses present in the Mediterranean

(compiled from Mitchell 1995; Moore and Mitchell 1997;

Gerhardt et al. 2001; Holick et al. 2002).

Virus Laboratory

infection

Field

positives

Presence in

the Medi-

terranean

Flavivirus

Dengue (all 4 serotypes) * * * (past)

West Nile * * *

Yellow Fever * * (past)

Japanese Encephalitis * *

Israel Turkey Encephalitis *

Bunyavirus

Jamestown Canyon * *

Keystone * *

LaCrosse * *

Oropouche *

Potosi * *

Rift Valley fever * *

San Angelo *

Trivittatus *

Cache Valley * *

Tensaw * *

Tahyna *

Batai *

Alphavirus

WEE *

EEE * *

VEE *

Chikungunya * *

Sindbis * *

Mayaro *

Ross River *
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nean and to be pathogenic to humans (Mitchell
1995). Ae. albopictus is also a vector of filariasis
caused by Dirofilaria immitis (Nayar and Knight
1999).

Tentative forecasts on spreading

The original distribution area in the North of
Asia occasionally reaches the )5 �C isotherm,
and may do so in North America (Mitchell
1995). Even assuming the more conservative 0 �C
isotherm, this means that the species could
become established in northern Europe as far as
the southern coast of Sweden and Norway, with
most countries at risk (Mitchell 1995). This con-
trasts with the +10 �C January isotherm that
apparently delimits establishment areas of Ae. ae-
gypti (Knudsen et al. 1996), as well as diapausing
populations of Ae. albopictus.

Within this broad range, local establishment
would depend on climatic conditions based on
temperature, photoperiod, humidity and rainfall.
It has been suggested (Mitchell 1995; Knudsen et
al. 1996) that areas at risk in Europe would have
mean winter temperatures higher than 0 �C, at
least 500 mm rainfall and a warm-month mean
temperature higher than 20 �C. Rainfall and tem-
perature covary regionally, so higher tempera-
tures are positive for the species as long as the
breeding sites do not completely dry out (Alto
and Juliano 2001). It is believed that less than
300 mm rainfall per year would make establish-
ment extremely unlikely (Mitchell 1995). This is
viewed as reasonable; inspection by the authors
of tire depots located in Spanish areas with less
than 250 mm, disclosed less than 5% of sampled
tires contained water, however, in very small
amounts (our own unpublished data from Sep-
tember 2002).

The active season in southwestern US and
Japan is from late Spring to early fall (Alto and
Juliano 2001). In Rome, larvae are found from
March to November, but some females are active
until December (Di Luca et al. 2001). This situa-
tion is likely to be reproduced in Spain. How-
ever, a wide array of scattered climatic areas are
affected by mountain ranges as well as maritime
and continental influences. For a tentative gra-
phic evaluation of the most suitable regions for
an Ae. albopictus establishment in Spain, series of

climatic information have been plotted in Figures
2–6. All underlying data have been collected
from reports of the Instituto Nacional de Meteo-
rologı́a (Font 1983) and the Spanish Ministry of
Agriculture (unpublished GIS data). The January
0 �C isotherm in Spain is not relevant to this
purpose because it only delimits a few high
mountain areas; so that the entire country is pri-
marily at risk under this criterion. The Canary
islands have been excluded from the plotting
because by geographic configuration the influence
of microclimates exceeds general climatic influ-
ence at this study scale.

Figure 2 plots the mean annual rainfall rate.
Following the literature, only areas receiving
more than a yearly minimum of 500 mm have
been greyed. However, in our climatic condi-
tions, the rainfall can be heavy but occurs on a
seasonal basis, failing to provide continuous
breeding places for mosquitoes during the warm
season. Thus, we have plotted in Figure 3 the
areas with >60 rainy days per year (if >0.1 mm
water is recorded). This is intended to correct
for stormy-season regions and has been verified
by checking against a plot of the >0.5 humidity
class region, following UNESCO nomenclature.

Figure 4 deals with mean temperatures. The
northern blank area is delimited by the 11 �C all-
year isotherm, which Kobayashi et al. (2002)
found to delimit Ae. albopictus distribution in
northern Japan. In Spain, this line very closely
matches another suggested climate conditioning
factor, the 20 �C warm-month isotherm (not
shown). This is an interesting coincidence as
these two criteria have been proposed by differ-
ent authors.

Figure 5 accumulates and presents the previous
three climate figures graphically. The dark
patches are the regions where all three conditions
are simultaneously met; thus, they are also the
most suitable areas for Ae. albopictus.

Climate-based forecasts are a charming enter-
tainment but are of a very simplistic nature, even
using good-quality data. Whereas microclimates
cannot be considered at this study scale, they
may play a major role. It is however indicated in
Figure 5 that many inland territories behind the
Spanish eastern coast, including the mid-Ebro
valley and large areas of Andalusia, are unsuit-
able owing to dryness. In the latter, however, the
presence of several mountain ranges may provide
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suitable conditions within their slopes. Western
parts of Extremadura and Leon would be at risk,
as well as most of Catalonia, all these areas shar-
ing a relatively dry, warm-summer climate.

On the other hand, it is worth noting that the
entire northern Cantabric shore and correspond-
ing inland areas (including also most of Galicia)
could allow establishment of Ae. albopictus.
These areas have more humid and rainy climates.
Given that breeding water would not be limiting
here, only low local mean temperatures could
theoretically prevent establishment of Ae. albopic-
tus.

All areas in Figure 5 are re-plotted in Figure 6
against the human population density if there are

more than 20 inhabitants per square kilometer.
Known tire dumps are also represented in this
map by circles. Data on their locations were col-
lected from chambers of Commerce, phone direc-
tories, referrals by collaborators and professional
societies (unpublished data). This list is only a
rough guide because many of the real (and prob-
ably more interesting) existing tire depots may
not be officially identified as such.

Discussion

Stopping the invasion in the long term is usually
considered to be extremely difficult, if not impos-

Figure 2. Spanish areas receiving more than 500 mm mean

rainfall per year.

Figure 3. Spanish areas having more than 60 rainy days

(0.1 mm rainfall minimum each) per year.

Figure 4. Spanish areas with mean yearly temperatures higher

than 11 �C.

Figure 5. Hypothesized suitable areas (darkened) for Ae. albo-

pictus establishment, plotted by intersecting dark areas in Fig-

ures 2 and 3 and further suppressing from the result the cold

(white) area in Figure 4.
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sible (Reiter 1998). The spreading of Aedes albo-
pictus is quite slow per se: it has not yet spread
along the Mediterranean coast from Italy to
France, in spite of the relatively short distances.
All infestations in Italy were tracked to tire
depots (Knudsen et al. 1996; Romi et al. 1999),
and it was also shown that the early infestations
in the US were clustered along the interstate
highways (Moore and Mitchell 1997). On the
other hand, rapid invasion of some large areas
(southern Cameroon, US) strongly suggested
multiple simultaneous infestations.

Source reduction strategies such as larval or
adult control within tire dumps have proven to
be difficult and relatively inefficient due to the
shape and abundance of the water surfaces. This
was successful in Australia and France (Schaffner
2002) where it has been (and still is) applied on
initial invasion stages; source reduction by tire
management is more advisable for established sit-
uations.

Preliminary data for Spain indicated that used
tire importations are a low-volume business,
although existing data might underestimate this
activity. Export figures collected from origin
countries by Reiter (1998) included relevant
amounts for Spain as a destination of tire
exports from the US, Japan and South Korea
between 1989 and 1994. On the other hand, the
Lucky Bamboo plant is also being imported to
Spain from China. Preliminary test inspections

by the authors in February 2002 on Dracaena
shipments arriving at a wholesale plant nursery
disclosed the presence of more than 70 l of stand-
ing water in a single container. Plant stems did
not have attached eggs, but the remains of one
drowned, unidentifiable adult mosquito plus a
damaged larva (Culex spp.) were filtered out
from the water (unpublished data).

Awareness of the risks is absolutely necessary
at all official levels even if it is impossible to stop
the establishment of Aedes albopictus within its
suitable geographical range. Such an introduction
would be easier to deal with if Ae. albopictus
could be kept in a rural range, as are the 24 pres-
ent Aedine species in Spain, none of which
occurs significantly within urban environments.
In dealing with such aggressive species, the sim-
ple biting nuisance can also be a form of public
health threat. Preventing the arrival of a new
stock and suppressing already present popula-
tions would retard their arrival in cities, would
limit the replenishment of gene pools and dimin-
ish the risk of pathogens introduced within tran-
sovarially infected mosquitoes.

The historic relationship between Spain and
South and Central America implies many
exchanges within these countries. This raises risks
derived from the presence of Dengue-infected
people that could theoretically initiate transmis-
sion in Spain if appropriate mosquitoes were
present, as Aedes aegypti was two centuries ago.
However, a comprehensive healthcare system,
housing facilities and many other social factors
as well as urban management, would reduce the
epidemiological risks such as they may be at
present. Monitoring for several viral disease
agents would, however, be necessary with a
strong emphasis on the West Nile virus as a
major local risk. In Spain, no immediate vecto-
rial risks are reasonably expected, and they have
not occurred in Italy. However, severe local nui-
sance could be expected as the experience of
Rome clearly demonstrates.

Pittaluga wrote in his documented article on
Yellow Fever in Spain and the tropics (1928):
‘The problem of the Yellow Fever is a European
problem and we must be concerned about the
possible danger, taking into account the histori-
cal epidemic cycles’ [translated by the authors].
These warning words are still valid now that a
new potential threat to public health is colonizing

Figure 6. Suitable areas from Figure 5 together with human

density population in Spain (grey area; 1991 census, >20

inhabitants per square kilometer). Circles represent the loca-

tions of known relevant tire dumps.
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Europe. The Mediterranean received the impact
from Ae. aegypti and related diseases two centu-
ries ago. At present, all countries are at risk from
a parent species that will probably not transmit
any significant disease; however, this one came to
stay.

In Spain, a scientific network named EVITAR
was built up early in 2003 to study and monitor
viral arthropod- and rodent-borne diseases.
Within this frame, the authors are in charge of
the surveillance campaign for managing possible
introductions of Aedes albopictus and other mos-
quitoes, as well as other exotic Arthropod species
of medical relevance.
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37(2): 241–247

Romi R, Sabatinelli G, Savelli LG, Raris M, Zago M and

Malatesta R (1997) Identification of a North American

mosquito species, Aedes atropalpus (Diptera: Culicidae) in

Italy. Journal of the American Mosquito Control Associa-

tion 13(3): 245–246

Romi R, Di Luca M and Majori G (1999) Current status of

Aedes albopictus and Aedes atropalpus in Italy. Journal of

the American Mosquito Control Association 15(3): 425–427

Rosen L, Shroyer DA, Tesh RB, Freier JE and Lien JC

(1983) Transovarial transmission of Dengue virus by mos-

quitoes: Aedes albopictus and Aedes aegypti. American

Journal of Tropical Medicine and Hygiene 32: 1108–1119

Sabatini A, Rainieri V, Trovato G and Coluzzi M (1990)

Aedes albopictus in Italia e possibile diffusione della specie

nell’area mediterranea. Parassitologia 32(3): 301–304

Samanidou-Voyadjoglou A and Darsie R (1993) An annotated

checklist and bibliography of the mosquitoes of Greece

(Diptera: Culicidae). Mosquito Systematics 25(3): 177–185

Sardelis MR, Dohm DJ, Pagac B, Andre RA and Turell MJ

(2002) Experimental transmission of Eastern Equine

Encephalitis virus by Ochlerotatus j. japonicus (Diptera:

Culicidae). Journal of Medical Entomology 39(3): 480–484

Schaffner F (2002) Rapport scientifique des opérations de sur-

veillance et de traitement d’Aedes albopictus et autres espè-
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Abstract

Comparing available paleontological, archaeological, historical, and former distributional data with cur-
rent natural history and distributions demonstrated a turnover in the French vertebrate fauna during
the Holocene (subdivided into seven sub-periods). To this end, a network of 53 specialists gleaned infor-
mation from more than 1300 documents, the majority never cited before in the academic literature. The
designation of 699 species as native, vanished, or non-indigenous in France or in one or more of its bio-
geographical entities during the Holocene period was investigated. Among these 699 species, 585 were
found to belong to one or more of these categories. Among the 154 species that fit the definition of
non-indigenous, 86 species were new species for France during the Holocene. Fifty-one that were
autochthonous vanished from France during this period. Among these 51 species, 10 (two birds and
eight mammals) are now globally extinct. During the last 11 millennia, the turnover in the French verte-
brate fauna yielded a net gain of 35 species. On a taxon-by-taxon basis, there was a gain in the sizes of
the ichthyofauna (19 : 27%), the avifauna (10 : 3%) and the herpetofauna (7 : 9%) and a loss in the
mammalian fauna ()1 : 1%). Values of a per-century invasion index were less than 1 between 9200 BC
and 1600 AD but increased dramatically after this date. An exponential model fits the trajectory of this
index well, reaching the value of 132 invasions per century for the last sub-period, which encompasses
1945–2002. Currently, the local ecological and economic impacts of populations of 116 species (75% of
the 154 that satisfied the criteria for non-indigenous) are undocumented, and the non-indigenous popula-
tions of 107 vertebrate species (69%) are unmanaged. The delay in assessing the ecological and economi-
cal impact of non-indigenous species, which is related to a lack of interest of French academic scientists
in the Science and Action programmes, prevents the public from becoming informed and hinders the
debates needed to construct a global strategy. For such a strategy to be effective, it will have to be elab-
orated at a more global scale than in just France – definitely at least in Europe.

Introduction

From the beginning of the second half of the
20th century, many scientists have recognized the
detrimental effect that biological invasions may
have on the species and functioning of invaded
ecosystems; Elton (1958) was a notable early
example. Nevertheless, it was only during the
1990 Rio conference that the subject arose in an
international political forum. Since then, many

documents have been produced covering many
aspects of the problem. One major issue concerns
the causes of the recent increase in the number of
biological invasions. Among identified causes,
probably the main one is the great increase in the
volume of international trade after World War
II, accelerated by an international easing of trade
restrictions (Jenkins 1996; Mack et al. 2000 i.a.).

Despite its political and international standing,
the subject was not discussed much in public and
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scientific forums in Europe during the 1990s;
French governments, for example, never stressed
the issue. What can account for this neglect? Tak-
ing France as an example, we can give two poten-
tial explanations (these may not be exhaustive).
The first is structural, the second more cultural:

– The subject falls under the jurisdiction of many
ministries (i.e., Ministry of the Environment,
Ministry of Agriculture and Forestry, Ministry
of Transport, Ministry of Foreign Affairs,
Ministry of Health). Gathering the appropriate
representatives of all these ministries in a single
forum in order to formulate a general policy
requires strong political leadership. The emer-
gence of this issue implies that politicians
clearly perceive the global risk posed by bio-
logical invasions. ‘Global’ in this sentence
means that the risk surpasses the boundaries of
traditional ministry jurisdiction and requires
an assessment of the number, kind, and impor-
tance of impacts of non-indigenous species at a
sufficiently large temporal and spatial scale.

– Many people, including scientists, perceive all
European ecosystems, except for those few
under protection, as having been influenced by
humans for such a long time that they have
lost their biological interest. This point of view
implies a lack of concern for ‘ordinary nature,’
despite the fact that it comprises the major part
of the country. A second point is that prevent-
ing introductions and managing populations of
non-indigenous species appears to be impossi-
ble to many people. Moreover, when successful
foreign examples of such prevention or man-
agement are presented, the response is often
that local French circumstances lessen the rele-
vance of foreign examples.

If accepted, these two explanations imply that
pertinent data and knowledge about biological
invasions in France are unavailable or uninter-
pretable for non-specialists. With the goal of
clarifying perception of the issue, the French
Ministry of the Environment ordered a synthesis
of knowledge of the history, the biogeographical
patterns, and impacts of invasions of France by
vertebrates, as an exemplary taxon.

The aim of this paper is to summarize the rea-
soning and main results of this report (Pascal
et al. 2003).

Methods

The area under study was restricted to the
French European territory (including the Chan-
nel, West Atlantic, and French Mediterranean
Islands), with the overseas departments (Marti-
nique, Guadeloupe, and Reunion Islands, and
French Guyana) and the French overseas territo-
ries excluded. As European France includes sev-
eral biogeographical entities, it was divided into
11 biogeographical entities for terrestrial verte-
brates (Tetrapoda) and six hydrogeographical
basins for fishes. The 11 biogeographical entities
include two insular ones (the Channel and Atlan-
tic islands (1) and Corsica (2)), four mountainous
ones (Alps (3), Pyrénées (4), Massif Central (5),
Vosges, Jura and Ardennes (6)), three sets of
plains (Atlantic plains, the northern limit is the
Loire River and the southern limit is the Py-
rénées (7), Paris Basin northward and eastward
of the Seine River (8), Paris Basin southward of
the Seine River, with Normandy and Brittany
(9)), the French Mediterranean area (10) and the
Rhone and Saone valleys, which were major
ways of invasion (11). The six hydrogeographical
basins are those defined by Persat and Keith
(1997) and Keith (1998). Terrestrial and fresh
and brackish water ecosystems were studied, but
strictly marine ones were not.

The time interval considered was the Holocene
period – 9200 BC to the present. This period
starts with the end of the great modifications
induced by the last climate warming. Among
these modifications are the end of the last marine
transgression and the stabilization of the west
European vertebrate fauna, the majority of the
cold-adapted species having migrated to the North,
and the majority of the species of the Spanish,
Italian and Dalmatian refugia having colonized
at least the southern part of France. The Holo-
cene was divided into seven sub-periods as
follows:
1. 9200 BC–3000 BC: agriculture, animal-breed-

ing, and the first villages appeared in western
Europe.

2. 3000 BC–0: western European landscapes
recorded the first strong anthropogenic influ-
ences of agriculture and animal-breeding. This
sub-period ended with the Pax Romana.

3. 0–1600 AD: many events that strongly
affected the landscape occurred, among them

100



being the Middle Age deforestation episode.
This sub-period ended with the beginning of
the global European Diaspora.

4. 1600–1800 AD: the European Diaspora was
nearly complete and trade allowed many taxa
to move between continents.

5. 1800–1914 AD: the advent of industry caused
a dramatic evolution of the landscape because
of new agricultural, silvicultural, and hus-
bandry practices. The number of zoological
gardens increased in Western Europe, promot-
ing the introduction of non-indigenous species.

6. 1914–1945 AD: the two World Wars gener-
ated a large increase in the amount of interna-
tional exchange and sped up the evolution of
transport technology with substitution of a
motor fleet for a sailing one, plus the develop-
ment of roads, canals and railway networks.

7. 1945–2002 AD: during this half century, the
western European landscape was dramatically
modified by increasing urbanization, a rural
exodus, and the further evolution of agricul-
ture, silviculture, and husbandry. The percep-
tion of nature by citizens shifted as a
consequence of the increasing fraction of the
total population living in cities rather than
farming communities. One consequence of this
shift was the increasing number of non-indige-
nous pets.

We adopted a cladistic taxonomy, restricting our-
selves to the species level for wild as well as for
feral populations. The scientific nomenclatures
used were those of Keith and Allardi (2001) for
fishes, Gasc et al. (1997) for amphibians and rep-
tiles, Dubois et al. (2000) for birds, and Wilson
and Reeder (1993) for mammals.

For the purposes of this study, we defined a
biological invasion as an event in which a species
increased its distributional area during a specific
period of time (whether or not because of human
activities) and founded at least one self-perpetu-
ating population in the newly invaded area.

This definition led to two corollaries:
– A species was regarded as autochthonous in

France during the Holocene if it was believed to
reproduce at the beginning of the Holocene in ter-
restrial, fresh, or brackish water ecosystems of at
least one delineated biogeographical or hydrogeo-
graphical entity. If this species is allochthonous
(non-indigenous) for one or more biogeographical
or hydrogeographical entities, it satisfies the defi-

nition of biological invasion and was tallied as
both autochthonous and allochthonous in
France. At present, such a species may be present
in France or it may be absent following a tempo-
rary disappearance. In the case of a temporary
disappearance, the species accords with the defini-
tion of biological invasion and was tallied as
autochthonous, disappeared, and allochthonous
in France.

– A species was regarded as allochthonous in
France during the Holocene period if it was
believed not to reproduce at the beginning of
the Holocene in the terrestrial, fresh, and brack-
ish water ecosystems of France and is now
represented by one or several self-sustaining popu-
lations. Self-sustaining means that the non-indige-
nous population does not require continuing
recruitment from external sources in order to
persist.

These three definitions share two features: his-
tory and in situ reproduction. Restriction to spe-
cies with in situ reproduction resulted in
discarding from the study all species that used
French territories for various biological functions
other than breeding. Among such species are
birds using France for wintering or for migra-
tion, and amphihaline thalassotokous fishes. On
the contrary, marine species such as sea turtles
and seals were counted because they reproduce
on the seashore. Lack of paleontological or
archaeological data prevented us from adequately
assessing the presence and reproduction at the
beginning of the Holocene of many species
belonging to the present French fauna; these are
what Carlton (1996) calls ‘cryptogenic’ species,
because their geographic origin is unknown.
These species were considered as native unless we
had proof to the contrary.

We used a simple typology of biological inva-
sions. A first category included spontaneous bio-
logical invasions – that is, those whose arrival
was not obviously related to human activities.
The second category consisted of biological inva-
sions that were inadvertently induced or facili-
tated by human activities but that were not
transported by humans. The third category
included both unintentional and intentional
introductions transported by humans. This typol-
ogy followed those elaborated by the Invasive
Species Specialist Group (ISSG) of the IUCN
(Anonymous 1999; Shine et al. 2000) and the
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Invasive Species as defined by the ISSG were a
subset of the third category.

For each tallied species, available paleontologi-
cal, archaeological, and historical data were syn-
thesized and compared to information on its
natural history and past and present distribu-
tions. This synthesis was accomplished in order
to classify the species as native, extinct, or van-
ished from France, or allochthonous based on all
available information. For each non-indigenous
species, we collected available data about the
means and time of its arrival in France, its pres-
ent numbers and distribution, and its impact on
recipient ecosystems, including the role it may
have played as a pathogen vector or reservoir.
Data about management operations were also
gathered wherever available.

Paleontological and archaeozoological informa-
tion was extracted not only from the specialized
literature, but also from the PTH database (PTH
1998; Vigne 1998) for mammals, the HAE-FAR
(1993) database for birds, a Pleistocene synthesis
(Mourer-Chauviré 1975; Vilette 1983; Laroulan-
die 2000; Louchart 2001) for both those taxa, and
from Vigne et al. (1997), d’Hervet and Salotti
(2000), and Bailon (2001) for the herpetofauna.

The present French fish distributions were
gleaned from Keith (1998) and Keith and Allardi
(2001). The present world, European, and French
amphibian and reptile distributions were
extracted from Anonymous (1987), Castanet and
Guyetant (1989), Grossenbacher (1988), Hofer
et al. (2001), Gasc et al. (1997), Parent (1981)
and Delaugerre and Cheylan (1992), for birds
from Voous (1960), Yeatman-Berthelot and Jarry
(1994) and Dubois et al. (2000), and for mam-
mals from Wilson and Reeder (1993), Mitchell-
Jones et al. (1999) and Fayard (1984). Overall,
the synthesis includes information from more
than 1300 documents. Among them, some are
academic papers, but the majority are reports,
theses, or grey literature documents often issued
during the last decade and never quoted before
in academic literature. A network of 53 special-
ists amassed and verified all this information.

Results and discussion

We investigated the status of 699 species as
native, vanished, or alien in France or one or

several of its biogeographical entities during the
Holocene period. Among these 699 species, 585
satisfied the definition of one or more of these
categories. These 585 species include seven bird
and three mammal species autochthonous in
France that invaded the country after a tempo-
rary total disappearance and two allochthonous
species that are presently absent after being pres-
ent for several centuries.

Among these 585 species, 154, that is more
than one-fourth, invaded France or at least one
of its 11 biogeographical entities or six hydrogeo-
graphical basins during the Holocene period.
Those species founded one or several populations
that satisfied the criteria for a biological invasion.

Among these 154 species, 86, that is more than
half, were species new to France during the
Holocene if we consider France as a single geo-
graphical entity. Nevertheless, 68 species that
were native in one or several French biogeo-
graphical entities invaded another entity during
the Holocene. This result suggests that, as far as
the topic of invasion is concerned, political or
administrative entities are not adequate for an
analysis of the subject.

Among the 585 species of the Holocene French
vertebrate fauna, 51 autochthonous ones van-
ished during the Holocene (2 fishes, 1 amphibian,
1 reptile, 28 birds and 19 mammals). Among
these 51 species, 10 (two birds and eight mam-
mals) are now globally extinct.

A great discrepancy appears between the distri-
bution of those 585 species among the four main
vertebrate taxa and the sizes of those taxa in the
world biota. With 308 species (53%), the French
avifauna predominates, followed by the mam-
mals (127 species; 22%), then the herpetofauna
(80 species; 14%), and finally the ichthyofauna
(70 species; 12%). This distribution differs strik-
ingly from that of the world biota, in which her-
petofauna are in the first place with 13,605
species (Frost 2002; Uetz et al. 2002) followed by
avifauna (9968 species; Peterson 2002), freshwa-
ter ichthyofauna (9966 species among the 27,365
marine and freshwater species; Nelson 1994;
Froese and Pauly 2003) and mammals (4629;
Wilson and Reeder 1993).

The distribution of the 154 species that
invaded the French biogeographical or hydrogeo-
graphical entities during the Holocene among the
four main vertebrate taxa also shows a discrep-
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ancy. However, the ranking of taxa calculated
for the total 585 species changes dramatically if,
for each taxon, we tally the ratio between the
number of species that invaded the French bio-
geographical entities and the total number of
native and alien species. Thirty one (44%), 17
(21%), 68 (22%) and 38 (30%) species of the ich-
thyofauna, herpetofauna, avifauna, and mamma-
lian fauna, respectively, are or were represented
by one or several allochthonous populations dur-
ing the Holocene in France.

This last ranking remains if this analysis is
restricted to species that are allochthonous for
the entire French territory: 21 (30%), 9 (11%), 38
(12%) and 18 (14%) species of the ichthyofauna,
herpetofauna, avifauna, and mammalian fauna,
respectively, are new in the French vertebrate
fauna. Consequently, the sizes of the French
ichthyofauna and mammalian fauna were more
affected by biological invasions during the Holo-
cene than were the avifauna and herpetofauna.

During the last 11 millennia, the turnover in
the French vertebrate fauna led to an increase of
35 species (86–51), thus 6% of the total number
(585). In the future, this figure may be revised
downwards because several species, mainly
among the birds, probably disappeared from
France during the first nine Holocene millennia

but were not counted in this category, as their
disappearance is not yet documented.

If we examine the results of the turnover taxon
by taxon, we find an increase in the ichthyofauna
(19 : 27%), the avifauna (10 : 3%), and the herpe-
tofauna (7 : 9%) and a decrease in the mamma-
lian fauna ()1 : 1%). If French vertebrates are
typical, this result suggests the following hypoth-
esis: the older the divergence date of a taxon, the
greater is its capability to persist owing to a low
rate of species disappearance and a high rate of
successful invasion.

The number of vertebrate species that invaded
France or one or several of its biogeographical
entities during the seven Holocene sub-periods is
shown in Figure 1. Except for a small Neolithic
wave of invasion, the striking feature of this
invasion process is, unsurprisingly, an accelera-
tion at the beginning of the 19th century, with
the number of invasions between 1945 and 2002
comprising 49% of the total.

This analysis does not account for variation
among sub-periods in length. To compensate for
this variation, we defined a century invasion
index as the number of vertebrate species that
invaded France or one or several of its biogeo-
graphical entities per century during each of the
seven Holocene sub-periods (Figure 2). This

Figure 1. Number of vertebrate species that invaded France or one or several of its biogeographic entities during the seven Holo-

cene sub-periods.
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index value was less than 1 until 1600 AD, then
increased dramatically. Its trajectory is well-fitted
by an exponential model. It reaches the value of
132 invasions per century for the last sub-period,
which encompasses 1945–2002. This last value
may be overestimated because some of the new
arrivals probably will not persist on French terri-
tory. The acceleration of the process may be also
overestimated because past invasions are less
well-documented than recent ones. Nevertheless,
those two potential biases cannot by themselves
explain the curve in Figure 2.

We compiled a list of all studies devoted to the
assessment of impact for each species that
invaded France or one or several of its biogeo-
graphical entities. We divided this dataset into
four categories: no assessment, assessment of eco-
logical impacts only, assessment of economic
impacts only, assessment of both ecological and
economic impacts. Studies devoted to ecological,
economic, or both impact assessments were con-
ducted for 11, 14, and 13 species, respectively.
Consequently, at present, the ecological and eco-
nomic impacts of 116 species (75% of 154) that
are represented by allochthonous populations in
France are completely undocumented.

We similarly compiled studies on management
of allochthonous populations. Again, we con-
structed four categories: no management, manage-
ment to reduce ecological impacts, management to
reduce economic impacts, management to reduce
both ecological and economic impacts. Allochtho-

nous populations of 45 species are managed to
reduce economic impacts and none are managed
only for ecological purposes. Only Rattus popula-
tions (R. rattus and R. norvegicus) are managed
for both economic (urban ecosystems) and ecolog-
ical (insular ecosystems) purposes. Consequently,
the allochthonous populations of 107 vertebrate
species (69%) are currently not managed at all.

Conclusions

If the French vertebrate fauna is typical, these
results show that national or administrative enti-
ties are not adequate to investigate the subject of
biological invasions. Consequently, this subject
must be investigated at the level of biogeographic
entities.

The large discrepancy in the turnover among
different vertebrate taxa shows that patterns for
one taxon cannot always be generalized to others.

A sound understanding of the pace of biologi-
cal invasions must account for time, not only to
determine whether or not a species is allochtho-
nous in a precise area, but also to grasp the
changes in the tempo of the phenomenon. For
this reason, paleontological, archeozoological,
and historical data are of major interest despite
difficulties in assessing their validity for compari-
son with recent data.

If allochthony alone does not justify managing
populations, assessing the ecological and eco-

Figure 2. The century invasion index during the seven Holocene sub-periods.
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nomic impact of non-indigenous species is a nec-
essary precursor to development of an overall
strategy. The exponential increase of the century
invasion index, which reaches the value of 132
vertebrate invasions per century for the last
57 years, shows that France is not immune to the
global flood of invasions. Further, the typical
delay in assessing ecological and economic
impacts of alien species hinders the dissemination
of information to the public and thus delays the
debates that must precede the development of an
overall strategy.

This delay must be related to a lack of interest
shown by French scientists in the Science and
Action programmes. Although fundamental
approaches to dealing with biodiversity and its
recent evolution are promoted at the level of aca-
demic institutions (Anonymous 1995) and agen-
cies (Fridlansky and Mounoulou 1996), no entity
was devoted specifically to active management of
and research on introduced species. As a conse-
quence, for example, following two Environment
Ministry calls for research projects on Biological
Invasions (2000 and 2001), 30 projects were
selected (Anonymous 2003), only four quoted the
word ‘management’ in the title and two more the
word ‘control’.

Finally, to be efficient, such a strategy will
have to be elaborated in Europe at least, as was
proposed in the Convention on the conservation
of European wildlife and natural habitats (Geno-
vesi and Shine 2003).
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Anonymous (1995) Biodiversité et environnement. Rapport de

l’Académie des Sciences No. 33. Technique et documenta-

tion. Lavoisier, Paris

Anonymous (1999) IUCN Guidelines for prevention of biodi-

versity loss due to biological invasion. Species 31–32: 28–42

Anonymous (2003) Programme de recherche invasions biolog-
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l’Écologie et du Développement Durable, Paris

Bailon S (2001) Données fossiles des amphibiens et squamates

de Corse: état actuel de la question. Bull Soc Sci Hist Nat

Corse 696–697: 165–185

Carlton JT (1996) Biological invasions and cryptogenic spe-

cies. Ecology 77(6): 1563–1655

Castanet J and Guyetant R (eds) (1989) Atlas de répartition
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Abstract

We compared the life-history traits of native and invasive fish species from Catalan streams in order to
identify the characters of successful invasive fish species. Most of the exotic fish species were character-
ized by large size, long longevity, late maturity, high fecundity, few spawnings per year, and short repro-
ductive span, whereas Iberian native species exhibited predominantly the opposite suite of traits. Species
native to the southeastern Pyrenees watershed were also significantly different from species native to the
rest of the Iberian Peninsula but not native to this watershed. Iberian exotic species come predominantly
from large river basins, whereas Catalan streams (and other small, coastal river basins) correspond to
basins and streams of a smaller size and different hydrology, with differences in species composition and
life-history traits of fish. The occurrence and spread of invasive species was not significantly related to
life-history traits but to introduction date. The successful prediction of future invasive species is limited
due to small differences in life-history and ecological traits between native and exotic species. Fecundity,
age at maturity, water quality flexibility, tolerance to pollution and habitat seem the most discriminating
life-history variables.

Introduction

Stream fish faunas are increasingly subject to
alteration by introduction of non-native fishes.
Successful establishment of non-native forms var-
ies widely between geographic regions (38–77%),
but is generally greater in areas that are either
altered by man or initially poor in fish species
(Ross 1991). Mediterranean streams have strong
seasonal patterns of flow: low flow in the hot
summer drought and flash floods during autumn
and spring storms. Interannual variability in pre-
cipitation is high while lengthy periods of
drought are common. As a consequence, the
native fish fauna is depauperate and highly ende-
mic (Doadrio et al. 1991). The natural variability
in environmental conditions of many Iberian
streams has been greatly reduced by water regu-

lation. In addition, industrial waste and sewage
effluents cause water quality to deteriorate. These
profound modifications to the fluvial systems of
this region directly threaten the native fish fauna
and favor the invasion of non-native species
(Elvira 1995, 1998).

Introduced species have been successful in the
Mediterranean-type climate of California in good
part because the natural environment has been
so altered. Free-flowing streams have increasingly
been turned into reservoirs, regulated streams,
and ditches (Moyle 1995). The failure of non-
native species to become established despite
repeated invasions is best attributed to their
inability to adapt to the local hydrological regime
(Minckley and Meffe 1987; Baltz and Moyle
1993). In contrast, native species are adapted to
flooding regimes through a combination of
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life-history strategies and physiological tolerances
(Moyle et al. 1986). The factors that determine
whether a species will be an invader or not
include both the species and the habitat (Wil-
liamson and Fitter 1996). Here we concentrate
on the characters of the species, basically life-hi-
story and ecological traits. We compare native
and invasive species from Catalan streams in
order to identify the characters of successful
invasive fish species.

Materials and methods

The southeastern Pyrenees watershed is located in
the northeast of Spain, has a surface area of
16,826 km2 and includes nine river basins that
flow into the Mediterranean Sea (Aparicio et al.
2000). From the north to the south, the river
basins are Muga, Fluvià, Ter, Tordera, Besòs,
Llobregat, Foix, Gaià, and Francolı́. This
watershed, limited by a larger river (Ebro) and
the Pyrenees mountains, constitutes a biogeo-
graphical unit on the basis of its freshwater fishes
(Doadrio 1988) and a management unit for Span-
ish water authorities. The Ter and Llobregat riv-
ers are the largest in terms of length and
discharge. They have a main peak flow in spring
caused by snow melt and rain, and a secondary
one in autumn due to rainfall. The other basins
are short because they rise in littoral mountains
and their valley slopes are relatively steep down
to their mouths. They have the highest flow in
autumn and a strong flow reduction in summer.
River flows have been modified considerably by
the construction of 10 large dams, and countless
small dams and water diversion barriers (Aparicio
et al. 2000).

Estimates of fish life-history traits were
obtained from our own data (Vila-Gispert and
Moreno-Amich 2000) and from literature sources
specified in Table 1 (see also Vila-Gispert et al.
2002). Species considered were those listed in Do-
adrio (2001), excluding Anguilla anguilla due to
their peculiar reproductive biology. Species were
classified as native to the south-eastern Pyrenees
watershed, species native to the rest of the Ibe-
rian Peninsula but not native to this watershed
(hereafter referred to as Iberian exotic), and spe-
cies not native to the Iberian Peninsula (here
after referred to as foreign exotic). The results

not distinguishing between Iberian and foreign
exotic were similar but less informative. In gen-
eral, data about ecological variables were
obtained from Doadrio (2001) and Oberdorff et
al. (2002), date of introduction from Elvira and
Almodóvar (2001), and distribution and occur-
rence of fish species from Aparicio et al. (2000)
(Table 1). When no reliable data were found for
a given variable, that cell in the species variable
matrix was left blank and any calculations calling
for the variable eliminated the species from the
analysis. Whenever maturation and maximum
length data were reported for the sexes sepa-
rately, we used the estimates for females. In some
instances, standard lengths (SL) were calculated
from total lengths or fork lengths using published
conversion equations.

Data for the following variables were used in
the analyses: (1) maximum standard length
reported in millimeters SL; (2) age at maturity (in
months); (3) reproductive span (in months); (4)
spawning type categorized as 1 (single spawning
per year), 2 (from two to four spawnings per
year), or 3 (more than four spawnings per year);
(5) fecundity as the average number of vitellogen-
ic oocytes of mature females in a single mature
ovary or spawning event; (6) egg diameter (the
average diameter of the largest oocytes in fully
developed ovaries, to the nearest 0.01 mm); (7)
longevity as the maximum age estimated (in
years); (8) parental care following Winemiller
(1989), quantified as

P
xi for i ¼ 1 to 3 (x1 ¼ 0 if

no special placement of zygotes, 1 if zygotes are
placed in a special habitat (e.g. scattered on vege-
tation, or buried in gravel), and 2 if both zygotes
and larvae are maintained in a nest; x2 ¼ 0 if no
parental protection of zygotes and larvae, 1 if a
brief period of protection by one sex (<1 month),
2 if a long period of protection by one sex
(>1 month) or brief care by both sexes, and 4 if
lengthy protection by both sexes; x3 ¼ 0 if no
nutritional contribution to larvae (yolk sac mate-
rial is not considered here), 2 if brief period of
nutritional contribution to larvae (=brief gesta-
tion (<1 month) with nutritional contribution in
viviparous forms), 4 if long period of nutritional
contribution to larvae or embryos (=long gesta-
tion (1–2 months) with nutritional contribution),
or 8 if extremely long gestation (>2 months)); (9)
gregariousness referred to the adults was coded as
a binary dummy variable (0 (no), 1 (yes); (10)

108



habitat was used to indicate habitat preferences
of the adults along the longitudinal river gradient
and was coded as 1 (upper), 2 (upper–middle),
and 3 (lower); (11) trophic level was coded as 1
(herbivore/omnivore), 2 (invertivore), and 3 (pi-
scivore); (12) coefficient of water quality flexibility
(low values ¼ narrow range of acceptable water
quality) after Verneaux (1981) (see also Oberdorff
et al. 2002); (13) coefficient of habitat flexibility
(low values ¼ narrow range of acceptable habi-
tats) after Grandmottet (1983); and (14) tolerance
coded as low (1) when species have a coefficient
of water quality flexibility <6 and a coefficient of
habitat flexibility £ 0.1, medium (2) when species
have a coefficient of water quality flexibility ¼ 6
or <7 and a coefficient of habitat flexibility >0.1
and <0.3, and high (3) when species have a coeffi-
cient of water quality flexibility ‡ 7 and a coeffi-
cient of habitat flexibility ‡ 0.3.

Bivariate relationships were analyzed using
Pearson’s correlation coefficient for numerical
variables. Differences among species origin
(native, Iberian exotic and foreign exotic) in the
mean of numerical variables were tested for sig-
nificance using a one-way analysis of variance
(ANOVA). Post-hoc comparisons of means were
made with Games–Howell (GH) test. Maximum
length, fecundity, age at maturity and spawning
type were log10 transformed for all analyses to
improve linearity and homoscedasticity assump-
tions. For categorical variables such as gregari-
ousness, tolerance, trophic level, and habitat, we
used tests of independence (G-statistic) to test dif-
ferences among species origin.

To explore patterns of association among vari-
ables and ordinate the species, principal compo-
nent analysis (PCA) was performed on the 13
variables of the dataset containing 30 native and

Table 1. Native, Iberian exotic, and foreign exotic fish species from the south-eastern Pyrenees watershed and reference sources of

data.

Species Code Origin References

Aphanius iberus AIB Native Vargas and Sostoa (1997)

Barbus haasi BHA Native Aparicio and Sostoa (1998)

Barbus meridionalis BME Native Bruslé and Quignard (2001); Doadrio (2001)

Chondrostoma arcasii CAR Native Rincón and Lobón-Cerviá (1989)

Gasterosteus gymnurus GGY Native Winemiller and Rose (1992)

Salaria fluviatilis SFL Native Viñolas (1986); Sostoa (1990); Vila-Gispert and

Moreno-Amich (2000)

Salmo trutta STR Native Lobón-Cerviá et al. (1986)

Squalius cephalus SCE Native Casals (1985); Bruslé and Quignard (2001)

Barbatula barbatula BBA Iberian Doadrio (2001)

Barbus graellsii BGR Iberian Sostoa (1990); Miñano et al. (2000); Doadrio (2001)

Chondrostoma miegii CMI Iberian Chappaz et al. (1989); Miñano et al. (2000)

Cobitis calderoni COC Iberian Doadrio (2001)

Cobitis paludica CPA Iberian Lobón-Cerviá and Zabala (1984); Oliva-Paterna et al. (2002)

Cottus gobio CGO Iberian Mann et al. (1984); Bruslé and Quignard (2001)

Phoxinus phoxinus PPH Iberian Mills and Eloranta (1985)

Alburnus alburnus AAL Foreign Mackay and Mann (1969)

Ameiurus melas AME Foreign Winemiller and Rose (1992)

Carassius auratus CAU Foreign Lelek (1980); Penaz and Kokes (1981); Bruslé and Quignard

(2001); Doadrio (2001)

Cyprinus carpio CCA Foreign Fernández-Delgado (1990)

Esox lucius ELU Foreign Wright and Schoesmith (1988)

Gambusia holbrooki GHO Foreign Fernández-Delgado (1989)

Gobio gobio GGO Foreign Lobón-Cerviá et al. (1991)

Lepomis gibbosus LGI Foreign Crivelli and Mestre (1988); Vila-Gispert and Moreno-Amich

(2000); Copp et al. (2002)

Micropterus salmoides MSA Foreign Winemiller and Rose (1992)

Perca fluviatilis PFL Foreign Mann (1978)

Rutilus rutilus RRU Foreign Vila-Gispert and Moreno-Amich (2000)

Salvelinus fontinalis SFO Foreign Winemiller and Rose (1992); Doadrio (2001)

Sander lucioperca SLU Foreign Lehtonen et al. (1996); Bruslé and Quignard (2001)

Scardinius erythrophthalmus SER Foreign Holcik (1967); Vila-Gispert and Moreno-Amich (2000)

Tinca tinca TTI Foreign Pimpicka (1990)
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introduced fish species from the southeastern.
Pyrenees watershed (Table 1). Kaiser–Meyer–
Olkin’s measure of sampling adequacy was used
to assess the usefulness of a PCA. KMO ranges
from 0 to 1 and should be well above 0.5 if
variables are very interdependent and a PCA is
useful.

To test relationships between life-history and
ecological traits and species origin, we performed
discriminant function analysis (DFA) based on
11 variables. DFA derives canonical variables
from the set of variables in a manner that maxi-
mizes multiple correlations of the original vari-
ables within groups. Stepwise DFA based on
11 variables was also performed. Correlations
between the first two DFA axes and variables
associated with invasive success (river length
occupied in kilometers, proportional occurrence,
percentage change in river length occupied, and
date of introduction) were analyzed using Pear-
son’s correlation coefficient.

Because fecundity, age at maturity, egg diame-
ter, and longevity are very dependent on fish size,
differences among species origin subsets adjusted
for maximum length were tested with analysis of
covariance (ANCOVA). Homogeneity of regres-
sion coefficients (slopes) of the dependent-covari-
ate relationship was tested with an ANCOVA
design with the covariate-by-factor interaction. If
the covariate-by-factor interaction was not signif-
icant (homogeneity of slopes), a standard AN-
COVA was used to test significant differences in
the y-intercept among populations (Garcı́a-Ber-
thou and Moreno-Amich 1993). All statistical
analyses were performed with the SPSS for Win-
dows 11.0.

Results

Correlations between all pairwise combinations
of life-history and ecological traits are given in
Table 2. Most of the variables were correlated
and the Kaiser–Meyer–Olkin’s measure of sam-
pling adequacy (0.55) indicated the usefulness of
a PCA, which explained 53% of the variation
with two axes (Figure 1). As also seen with the
factor loadings, the highest correlations were
found between longevity, fecundity, maximum
length, and age at maturity, which were posi-
tively intercorrelated and negatively related to T
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reproductive span and spawning type. The first
PCA axis identified a dominant gradient of life-
history traits that contrasts species with large
size, long longevity, late maturity, high fecundity,
few spawning bouts per year, and short repro-
ductive span (such as zander Sander lucioperca,
largemouth bass Micropterus salmoides, and
northern pike Esox lucius) with small species with
short longevity, early maturity, low fecundity,
multiple spawning bouts per year, and long
reproductive span (such as mosquitofish Gambu-
sia holbrooki, the Iberian toothcarp Aphanius ibe-
rus, and the freshwater blenny Salaria fluviatilis)
(Figure 1). The second axis contrasts species with
higher water and habitat quality flexibilities,
small eggs, and of lower reaches on one end
(mostly cyprinids) with species with low quality
flexibilities, larger eggs, and of upper reaches on

the other (e.g., brown trout, brook trout, and
bullhead Cottus gobio).

Species origin affiliations are slightly apparent in
the general pattern of ordination of species within
regions in the plot of species scores on the first
two PC axes (Figure 1). Foreign introduced species
tended to score higher on PC1 than native and
Iberian exotic species, whereas there are no clear
differences on PC2 scores according to species ori-
gin. Most of foreign introduced species (such as
zander, northern pike, largemouth bass, perch
Perca fluviatilis, common carp Cyprinus carpio)
combine large size, long longevity, late maturity,
high fecundity, few spawning bouts per year, and
short reproductive span. In contrast, most of the
species with lowest PC1 (except mosquitofish), i.e.
with the smallest size, shortest longevity, and lower
fecundity among other features were native (such
as the Iberian toothcarp, the blenny, and the
three-spine stickleback Gasterosteus gymnurus) and
the Iberian exotic species were intermediate.

Univariate comparisons in life-history and eco-
logical traits among species origins revelead signif-
icant differences between native, Iberian exotic
and foreign exotic species only in mean fecundity
and coefficient of water quality flexibility (Table 3,
Figure 2). A multivariate ANOVA was also sig-
nificant (Wilks’ lambda, P ¼ 0.036). Post-hoc
comparisons of means among species origin sub-
sets identified significant differences in fecundity
between native and foreign exotic species (GH
test, P ¼ 0.027) and between Iberian exotic and
foreign exotic species (GH test, P ¼ 0.024) but
not between native and Iberian exotic. For cate-
gorical variables, tolerance and habitat frequen-
cies depended on species origin (Table 4). Overall,
93% of the foreign exotic species were from lower
habitats, whereas only 50% of the native and 43%
of the Iberian exotic were found in lower habitats.
Intermediate tolerance to pollution was displayed
by 73% of the foreign exotic species but none of
the native and Iberian exotic species.

DFA using species origin as the categorical
response variable (Figure 3) confirmed this pat-
tern of high fecundity (within-group correlation
with the first DFA function ¼ 0.38), long longev-
ity (0.33), large size (0.31), lower habitat reaches
(0.26), and few spawning bouts per year ()0.25)
in association with foreign exotic species vs low
fecundity, short longevity, small size, upper and
middle habitat reaches, and multiple spawning
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ecological variables for native, Iberian exotic, and foreign

exotic fish species from the southeastern Pyrenees watershed:

(top) factor loadings of the variables, (bottom) species scores

on the first two principal component axes. Species codes are

given in Table 1. Symbols identify species origin.
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bouts in association with native and Iberian exo-
tic species. The second discriminant axis of DFA
separated Iberian exotic species with late maturity
(0.42) from native species with early maturity.
DFA correctly predicted the origin status for 83%
of the species. Stepwise DFA selected that fecun-
dity was the most discriminating variable and was
enough to significantly separate native, Iberian
exotic and foreign exotic groups of species (Wilks’
k ¼ 0.75; F ¼ 3.9; df ¼ 2, 23; P ¼ 0.03).

ANCOVA analyses showed that the slopes of
the relationships between fecundity, age at matu-
rity, egg diameter, and longevity with maximum
length (covariate) did not significantly vary
among species origins. The intercepts or adjusted
means varied significantly (F ¼ 3.84; df ¼ 23, 2;
P ¼ 0.04) only for age at maturity (Figure 4).

Table 3. Analyses of variance of life-history and ecological variables with species origin (native, Iberian exotic and foreign exotic):

F-statistics, degrees of freedom (df), and P-values.

Variable F df P

Longevity 3.05 2, 24 0.066

Fecundity 6.20 2, 27 0.006

Maximum length 3.14 2, 27 0.059

Spawning type 1.45 2, 26 0.291

Egg diameter 0.07 2, 26 0.932

Parental care 0.59 2, 27 0.559

Reproductive span 0.42 2, 27 0.660

Habitat 3.23 2, 27 0.055

Trophic level 0.34 2, 27 0.714

Coefficient of water quality flexibility 6.04 2, 12 0.015

Coefficient of habitat quality flexibility 0.79 2, 12 0.475
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Figure 2. Means (+1 SE) of fecundity and coefficient of water

quality flexibility by species origin (native, Iberian exotic and

foreign exotic).

Table 4. Tests of independence of categorical variables with

species origin (native, Iberian exotic and foreign exotic):

G-statistics, degrees of freedom (df), and P-values.

Variables G df P

Tolerance 9.76 4 0.045

Habitat 9.92 4 0.042

Gregariousness 0.58 2 0.748

Trophic level 7.47 4 0.111
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For a given length, Iberian exotic fish have a
higher age at maturity.

Pearson’s correlations between the first two
DFA axes and variables associated with invasive
success (river length occupied in km, proportional
occurrence, percentage change in river length
occupied, and date of introduction) are summa-
rized in Table 5. The two discriminant functions
were not correlated with any invasive success var-
iable, whereas the proportional occurrence of spe-
cies and river length occupied were negatively
correlated with the date of introduction.

Discussion

Differences between native and exotic species
characteristics were already apparent in the gen-

eral pattern of ordination of species in the plot
of species scores on the first two PC axes (Fig-
ure 1). Most of the foreign exotic species were
located near one endpoint of the first axis of
PCA, having large size, long longevity, late matu-
rity, high fecundity, few spawnings per year, and
short reproductive span, whereas Iberian exotic
and native species exhibited predominantly the
opposite suite of traits. The suite of life-history
traits of foreign exotic species corresponds well
to periodic life-history strategy defined by
Winemiller (1989) and Winemiller and Rose
(1992) which maximizes age-specific fecundity at
the expense of optimizing turn-over time (turn-
over times are lengthened by delayed maturation)
and juvenile survivorship (see also Vila-Gispert
and Moreno-Amich 2000, Vila-Gispert et al.
2002). Several authors (Cohen 1967; Boyce 1979;
Baltz 1984) predict maximization of fecundity in
response to predictable, seasonal environment
variation. Environmental conditions of most Cat-
alan streams have been altered by both pollution
and the construction of dams which reduces
strong flow variability and stabilizes downstream
flows. As a consequence, most of the foreign exo-
tic species that have successfully invaded Catalan
streams come from seasonal habitats (central
European and southeastern North American
streams) that are more hydrologically stable. In
contrast, native and Iberian exotic species were
characterized by small size, short longevity, early
maturity, low fecundity, multiple spawnings per
year, and long reproductive span. Relative to for-
eign exotic species, native and Iberian exotic spe-
cies displayed a more opportunistic life-history
strategy (Winemiller 1989; Winemiller and Rose
1992) which enhances the intrinsic rate of popu-
lation increase and consequently, the fitness of
individuals in populations that frequently
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Table 5. Correlation matrix (Pearson’s correlation) of the first two axes of DFA and variables associated with invasive success

(river length occupied in kilometers, proportional occurrence, percentage change in river length occupied, and date of introduc-

tion).

Variable 3 4 5 6

1. DFA 1 )0.01 )0.18 0.08 0.19

2. DFA 2 )0.03 0.08 0.10 )0.45
3. River length ) 0.90** )0.14 )0.96**
4. Proportional occurrence – )0.24 )0.98**
5. Percentage change in river length – 0.34

6. Date of introduction –

River length was log-transformed (*P < 0.05; **P < 0.01).
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colonize habitats over small spatial scales follow-
ing disturbances.

DFA showed a trend of higher fecundity,
longer longevity, larger size, lower reaches and
fewer spawning bouts in association with foreign
exotic species. In contrast, lower fecundity,
shorter longevity, smaller size, upper reaches,
and more spawning bouts were associated with
Iberian exotic and native species. The highest
proportion of native and Iberian exotic fishes in
Catalan streams are found in headwaters and
upper reaches of streams (Aparicio et al. 2000;
Doadrio 2001), whereas most of the foreign exo-
tic species are found in the middle and lower
reaches. As pointed out by Minckley and Meffe
(1987) and Moyle (1995), natural flooding pro-
vides the most evidence for slowing or precluding
establishment of foreign exotic species. Headwa-
ter streams and upper reaches of Catalan streams
experience strong seasonal patterns of flow: low
flows in summer that restrict aquatic habitats to
small isolated pools, and high flows in winter
and spring. These environmental conditions pre-
vent the invasion of large foreign exotic species
more adapted to lentic habitats, whereas native
and Iberian exotic species more adapted to
strong seasonal patterns of flow could survive
due to its lower sizes and to multiple spawnings
that prevent the loss of all offspring after flood
disturbances. In contrast, foreign exotic species
successfully invade middle and lower reaches of
Catalan streams where the effects of flow regula-
tion are stronger. DFA also separated Iberian
exotic species with late maturity from native ones
with early maturity. Iberian exotic species come
from large streams where the impacts of floods
were lesser than in small Catalan streams. As a
result, early maturity in species from Catalan
streams maximizes the intrinsic rate of popula-
tion increase after flood disturbances.

Invasive success measured as the river length
occupied in kilometers, proportional occurrence,
and percentage change in river length occupied
was not correlated with any discriminant func-
tion axes, so it seemed that life-history and eco-
logical traits could not be used to explain
differences in invasive success. In contrast, the
proportional occurrence of species and the river
length occupied were negatively correlated with
date of introduction of species, suggesting that
introduction date is an important explanatory

variable and that species more recently intro-
duced will extend its distribution.

Surprisingly, native species were similarly dis-
tant in life-history traits from Iberian than from
foreign exotic species (Figures 3 and 4). Iberian
exotic species come predominantly from large
river basins such as Guadalquivir (602 km), Gua-
diana (778 km), Duero (775 km), Tajo (940 km),
and Ebro (928 km), whereas Catalan streams
(excluding Ebro river) correspond to basins and
streams of smaller size and different hydrology,
due to the short distance from the mountains to
the coastline (maximum length 167 km). These
spatial-scale differences produce differences in
species composition and life-history traits between
fish from Catalonia (or other small, coastal
basins) and fish from large Iberian rivers. As a
result, it is as important to prevent the introduc-
tion of exotic fish species to the Iberian peninsula
so as to prevent the translocation of Iberian spe-
cies in basins where they are not native. More-
over, the identification of invasive fish features
seems to profoundly depend on river basin size,
as many other ecological patterns and processes.

Finally, we conclude that the possibility of pre-
diction of success for future invasive species is lim-
ited due to small differences in life-history and
ecological traits between native and exotic species.
In our study, only fecundity, age at maturity,
water quality flexibility, tolerance to pollution and
habitat showed some significant differences. A
multivariate analysis was more powerful in detect-
ing such differences. Further studies in different
regions and scales are needed to understand the
role of life-history traits in invasive fish success.
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Bruslé J and Quignard JP (2001) Biologie des poissons d’eau
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Holcik J (1967) Life history of the rudd- Scardinius erythroph-

thalmus (Linnaeus, 1758) in the Klı́cava Valley Reservoir.

Acta Societatis Zoologicae Bohemoslovenicae 31: 335–348

Lehtonen H, Hansson S and Winkler H (1996) Biology and

exploitation of pikeperch, Stizostedion lucioperca (L.), in

the Baltic Sea area. Annales Zoologici Fennici 33: 525–535

Lelek A (1980) Threatened Freshwater Fishes of Europe.

Council of Europe. Strasbourg, 269 pp
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1Facultad de Farmacia, Departamento de Zoologı́a y Dinámica Celular Animal, Universidad del Paı́s
Vasco, c/ Paseo de la Universidad, 7, 01006 Vitoria, Spain; 2Museo Nacional de Ciencias Naturales
(CSIC), Departamento de Biodiversidad y Biologı́a Evolutiva, c/ José Gutiérrez Abascal, 2, 28006,
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Abstract

The brown trout (Salmo trutta L.) is one of the best studied native salmonids of Europe. Genetic studies
on this species suggest that a large proportion of the evolutionary diversity corresponds to southern
European countries, including the Iberian Peninsula, where this study is focused. Stocking activities
employing non-indigenous hatchery specimens together with the destruction and fragmentation of natu-
ral habitats are major factors causing a decrease of native brown trout populations, mostly in the Medi-
terranean basins of the Iberian Peninsula. The main aim of the present work is to examine the genetic
structure of the brown trout populations of the East Cantabrian region, studying the consequences of
the restocking activities with foreign hatchery brown trout specimens into the wild trout populations.
We have based our study on the Polymerase Chain Reaction and Restriction Fragment Length Poly-
morphism technique conducted on a mitochondrial fragment of 2700 base pairs and on the lactate dehy-
drogenase locus of the nuclear DNA. Our results show higher introgression rates in the Ebro
(Mediterranean) basin than in the Cantabrian rivers.

Introduction

Most European countries have ratified the Con-
vention on Biological Diversity (Rio de Janeiro
1992), which stresses that ‘States are responsible
for conserving their biological diversity and for
using their biological resources in a sustainable
manner.’ Since then, biodiversity conservation
and survival of species has became a priority for
the people involved in the management of natural
resources. This principle is more difficult to be
applied to those species under exploitation mainly
due to economic interests. In this context, a great
number of freshwater fishes are seriously threa-
tened with extinction as a direct consequence of
human activities: overexploitation by fishing, hab-
itat alteration, introduction of exotic fishes, or

stocking activities (Ferguson 1990; Rhymer and
Simberloff 1996; Elvira 1998; Cross 2000).

Stocking activities (introductions or reintro-
ductions) with fishes grown in captivity has
become a common practice in many countries
with the primary aim of getting an increment of
angling as well as for the rehabilitation of natural
populations. It has been shown that restocking
programmes can result in deleterious effects on
the natural fish populations that in many cases
are the same as those caused by introduction of
exotic species: diseases and competition for food
and habitat (Lynch and O’Hely 2001). All this
might cause a displacement of the local popula-
tions, or in extreme cases, their extinction.
Furthermore, introduction of fishes of the
same species (stocking) but from a different
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geographical origin may introduce genetic
changes in native populations due to the intro-
gression of allochthonous genes on wild popula-
tions (Huxel 1999). It has been shown that
natural hybridization has played an important
role in the evolution of many animal taxa. How-
ever, stocking activities are increasing an anthro-
pogenic hybridization which may reduce the
genetic variability of the native populations and
in consequence constrains the possibility for
future adaptations (Allendorf et al. 2001). In
addition, genetic introgression may cause a
homogenization of wild populations from differ-
ent geographical areas because, in most cases, the
hatchery stocks form only a part of the total
genetic variability of the species.

Brown trout (Salmo trutta L.) populations pro-
vide an interesting case to study the influence of
stocking activities on native populations. Several
studies using different genetic markers have dem-
onstrated the existence of a considerable degree
of genetic differentiation between brown trout
populations throughout its natural distribution
range, both at the macro and microgeographical
levels (Ferguson 1989; Bernatchez et al. 1992;
Hansen and Loeschcke 1996; Hynes et al. 1996).
Important differences in the genetic trout diver-
sity between Mediterranean and Atlantic drain-
ages have also been reported (Garcı́a-Marı́n et al.
1996). The locus LDH-C* is one of the most
important diagnostic genetic marker systems to
deal with the study of the population genetics of
this species (Ferguson and Fleming 1983; Hamil-
ton et al. 1989). Two major groups of brown
trout have been described on the basis of the
presence of LDH-C*90 and LDH-C*100 alleles:
‘modern’ (North Atlantic) and ‘ancient’ (South
Atlantic and Mediterranean) lineages, respec-
tively (Hamilton et al. 1989; Garcı́a-Marı́n et al.
1999). Upon mtDNA analysis, Bernatchez et al.
(1992) have described five major phylogenetic
groups in Europe: Adriatic, Danube, Mediterra-
nean, marmoratus and Atlantic. Furthermore, it
has been shown that a large proportion of the
evolutionary diversity of brown trout is sited in
the south of Europe, including the Iberian Penin-
sula, where this study is focused (Giuffra et al.
1994; Garcı́a-Marı́n and Pla 1996; Garcı́a-Marı́n
et al. 1999). Some authors have claimed that the
Iberian Peninsula acted as a refuge during the
last glaciations and proposed the existence of

two distinct regional groups associated with
Atlantic and Mediterranean drainages. Further-
more, Machordom et al. (2000) have demon-
strated the presence of at least five distinct
groups in the Iberian Peninsula trout popula-
tions: Mediterranean, Andalusian, Atlantic,
Duero, and Cantabrian lineages.

Because of economic and sport-fishery interest,
the Iberian rivers have been intensively restocked
during the last decades employing hatchery
strains of brown trout of exogenous origin,
mainly from central and northern Europe.
Although these stocking activities have been car-
ried out for several decades, most studies indicate
that introgression of native populations is limited
(McNeil 1991). However, partial displacement of
some native populations by hybridization and
introgression is very common (Hindar et al.
1991; Martı́nez et al. 1993).

The aim of the present work was to evaluate
the consequences of the restocking activities with
allochthonous brown trout specimens into the
wild populations. The study area was located in
the north of the Iberian Peninsula and included
two different drainages: the Mediterranean and
Cantabrian–Atlantic basins.

This study was based on Polymerase Chain
Reaction-Restriction Fragment Length Polymor-
phism (PCR-RFLP) analyses of the NADH dehy-
drogenase subunits 5/6 and the cytochrome
b segment (ND 5/6-cyt b) of the mitochondrial gen-
ome, and the LDH-C* locus of the nuclear DNA.
Most hatchery stocks are fixed or show a very high
frequency of the allele LDH-C*90 which does not
occur naturally in Iberian brown trout populations.
In contrast, Iberian native populations are fixed to
the LDH-C alleles *100 or *105. Thus, LDH-C*
can be considered a good diagnostic marker to esti-
mate the effects of stocking activities, such as
genetic introgression, on wild population. On the
other hand, the study of mtDNA haplotypes allows
us to distinguish between brown trout populations
of different geographic origins.

Materials and methods

Sampling

A total of 400 brown trouts were collected by
electrofishing between 2001 and 2002 in 20 locali-
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ties from 11 different river basins from the north
of the Iberian Peninsula (Figure 1). The sampling
scheme included brown trout populations from
river systems draining to the Cantabrian and
Mediterranean (Ebro river system) basins. All of
them have been restocked during decades with
exogenous hatchery trout of central Europe ori-
gin. Two of the Mediterranean rivers included in
this study have been regularly restocked up to
the sampling years (OM2 and BA1). The rest of
the populations have not been restocked since
1996. Samples from the two local fish farms
(another 40 specimens), which have been used by
local Governments for restocking activities have
also been included.

Each captured fish was anaesthetized with
etilenglieol (0.05%). A few scales were obtained
and preserved in ethanol until their analysis. All
fishes were released after handling, resulting in a
non-lethal sampling procedure. Total genomic
DNA was isolated from scales, using the stan-
dard phenol/chloroform–isoamylalcohol protocol
after the proteolytic disruption of tissue with pro-
teinase K. DNA was then quantified by fluorime-
try and its purity estimated after migration on a
0.7% agarose gel.

Molecular analysis

The locus LDH-C* was PCR amplified according
to the protocol reported by McMeel et al. (2001).
The 440 bp amplified fragments were digested
with the restriction endonuclease Bsl I and then
electrophoresed on a 2% agarose gel using a
100 bp ladder as a molecular weight standard.
According to McMeel et al. (2001), two alleles,
LDH-C*90 and LDH-C*100, can be differenti-
ated by this method.

mtDNA haplotypes were characterized by
PCR amplification of a segment containing the
subunits 5 and 6 of the NADH dehydrogenase
gene (ND 5/6) and the cytochrome b gene. PCR
conditions followed those described by Machor-
dom et al. (2000). The 2700 bp amplicons were
digested with five restriction enzymes (Machor-
dom et al. 2000): Alu I, Hinc II, Msp I, Rsa I
and Sau 3AI. Restriction fragments were visual-
ized in a 2% agarose gel using a 100 bp ladder as
a molecular weight standard, to calculate the
molecular size of the restriction fragments. Each
haplotype was defined by a five letter code fol-
lowing the RFLPs patterns described in Machor-
dom et al. (2000).

Figure 1. Codes and location of brown trout populations from Cantabrian and Mediterranean drainages in the Iberian Peninsula

analysed in this study. See Table 1 for sampling characteristics. OI1: Oiartzun-Altzibar River; UM1: Urumea-Mendaraz River;

UM2: Urumea-Urruzuno River; LE1: Leitzaran-Coto River; LE2: Leitzaran-Ameraun River; OR1: Oria-Araxes River (fishing pre-

serve); OR2: Oria-Araxes River (fenced fishing area); UR1: Urola-Matxinbenta River; DE1: Deba-Sallabente River; DE2: Deba-

Arranbide River.
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According to previous studies carried out in
the Iberian Peninsula, wild populations have the
diagnostic allele LDH-C*100 fixed in their genetic
composition. In this manner, the percentage of
introgression was calculated from the mean per-
centage of the central European alleles at this
locus (LDH-C*90).

Results

LDH-C* analysis

Three different genotypes have been observed
from the analysis of the LDH-C* locus. LDH-
C*90/90 is specific for hatchery stocked brown
trout whereas LDH-C*100/100 characterizes Ibe-
rian native populations. The heterozygous LDH-
C*100/90 genotype identifies hybrid specimens.
The whole hatchery specimens of the two stocks
studied showed LDH-C*90/90 genotype as was
expected for the Central Europe origin of domes-
tic foreign specimens. Heterozygous specimens
were not detected in the hatchery stocks
(Table 1).

The estimated introgression percentage was
very variable among populations (0–65%). There
were great differences between the mean intro-
gressions of Cantabrian and Mediterranean pop-
ulations (9.7 and 30.6%, respectively). The
introgression percentage of those populations
which were unstocked during the last 6 years was
significantly higher in the Mediterranean than in
the Cantabrian rivers (Table 1).

Only three of the analysed populations were
free of introgression (OI1, UN1, and DE1).
Another four showed residual levels of introgres-
sion by foreign alleles of hatchery origin (UM2,
LE1, OR1 and DE2; LDH-C*90 fre-
quency < 5%). All these populations were
located in the Cantabrian region where the
domestic foreign alleles occurred at low frequen-
cies (LDH-C*90 frequency < 10%). However,
the River Urumea exhibited the highest level of
introgression for this region (22%). Hatchery
diagnostic allele (LDH-C*90) was not observed in
homozygosis in any Cantabrian population; there-
fore, the introgression detected in this region was
only due to hybrid specimens (LDH-C*100/90).

On the other hand, the foreign LDH-C*90
allele was observed in all the analysed Mediterra-

nean localities, including those where the stock-
ing practices stopped before 1996. Unlike the
Cantabrian region, high values of introgression
were found in the Mediterranean populations
unstocked since 1996 (PU ¼ 45%), showing both
non-native genotypes LDH-C*90/90 and LDH-
C*100/90 in several localities (OM1, OM3, BA2,
and UG1). In those Mediterranean populations
which were restocked until 2002 (ZA, OM4, and
BA1), the estimated introgression rate ranged
between 20 and 65%.

mtDNA analysis

A total of four haplotypes were detected among
the 20 natural populations analysed. Using capi-
tal letters referring to RFLP pattern produced by
each endonuclease in the order Alu I, Hinc II,
Msp I, Rsa I and Sau 3AI, the four haplotypes
found were AAAAA, ABACA, BBCDA, and
BBAAA. According to Machordom et al. (2000),
the AAAAA is the haplotype of hatchery reared
trouts with Central Europe origin. This haplo-
type is also shared by the Cantabrian native pop-
ulations of brown trout. ABACA is the general
Iberian Atlantic haplotype and can be considered
a diagnostic haplotype for the populations of the
Cantabrian slope. BBCDA in the study region of
this work is considered a native haplotype for
the Iberian–Mediterranean populations. BBAAA
is an undescribed haplotype which has been
found in four populations of the Mediterranean
slope (IN1, IN2, OM3, and OM4).

Every specimen of the two hatchery stocks anal-
ysed showed the AAAAA haplotype, which char-
acterizes Atlantic and central European foreign
brown trout. ABACA and AAAAA were nearly
the only haplotypes present in the Cantabrian pop-
ulations, with the former showing higher frequen-
cies. Both haplotypes coexisted in several
populations (UM1, UM2, LE1, LE2, OR1, OR2,
DE1, and DE2). On the other hand, the ABACA
haplotype was fixed in one population (OI1), and
the AAAAA haplotype was fixed in another one
(UR1). Unexpectedly, in the Deba river (DE2)
from the Cantabrian slope, the Mediterranean hap-
lotype BBCDA was found in a proportion of 20%.
The LDH-C* marker confirmed the Iberian native
genotype for these specimens (LDH-C*100/100).

The populations sampled at the Mediterranean
drainage were composed of a mixture of the four
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Table 1. mtDNA haplotypes inferred from RFLP and allele frequency data detected in the 20 samples of brown trout for Cantab-

rian and Mediterranean drainages analysed in this study and the two hatchery farms. The sampling areas are indicated as in

Figure 1.

Drainage River mtDNA haplotype Locus LDH-C*

genotype

Frequencies Stocking* I

Cantabrian OI1 ABACA *100/100 100% (n = 20) No 0%

UM1 AAAAA *100/100 40% (n = 8) No 0%

ABACA *100/100 60% (n = 12)

UM2 AAAAA *100/100 44% (n = 8) No 2.7% (<5%)

AAAAA *100/90 6% (n = 1)

ABACA *100/100 50% (n = 9)

LE1 AAAAA *100/100 25% (n = 5) No 2.5% (<5%)

ABACA *100/100 70% (n = 14)

ABACA *100/90 5% (n = 1)

LE2 AAAAA *100/100 39% (n = 7) No 5.5%

ABACA *100/100 50% (n = 9)

ABACA *100/90 11% (n = 2)

OR1 AAAAA *100/100 40% (n = 8) No 5%

ABACA *100/100 50% (n = 10)

ABACA *100/90 10% (n = 2)

OR2 AAAAA *100/100 60% (n = 12) No 7.5%

AAAAA *100/90 10% (n = 2)

ABACA *100/100 25% (n = 5)

ABACA *100/90 5% (n = 1)

UR1 AAAAA *100/100 55% (n = 11) No 22.5%

AAAAA *100/90 45% (n = 9)

DE1 AAAAA *100/100 25% (n = 5) No 0%

ABACA *100/100 75% (n = 15)

DE2 ABACA *100/100 75% (n = 15) No 2.5%

ABACA *100/90 5% (n = 1)

BBCDA *100/100 20% (n = 4)

Mediterranean OM1 BBCDA *100/100 25% (n = 5) No 45%

BBCDA *100/90 55% (n = 11)

BBCDA *90/90 10% (n = 2)

AAAAA *100/90 5% (n = 1)

AAAAA *90/90 5% (n = 1)

OM2 BBCDA *100/100 53% (n = 9) No 23.5%

BBCDA *100/90 47% (n = 8)

OM3 BBCDA *100/100 10% (n = 2) No 45%

BBCDA *100/90 50% (n = 10)

BBCDA *90/90 5% (n = 1)

AAAAA *100/100 5% (n = 1)

AAAAA *100/90 15% (n = 3)

BBAAA *100/90 15% (n = 3)

OM4 BBCDA *100/100 10% (n = 1) Yes 65%

BBCDA *100/90 30% (n = 3)

BBCDA *90/90 20% (n = 2)

BBAAA *100/100 10% (n = 1)

BBAAA *90/90 30% (n = 3)

BA1 BBCDA *100/100 66% (n = 10) Yes 20%

BBCDA *100/90 20% (n = 3)
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identified mtDNA haplotypes: AAAAA,
ABACA, BBCDA, and BBAAA. The stocked
populations as well as many of those which were
not stocked after 1996 (OM1, OM3, BA1, BA2,
UG1, IL1, and PU1) showed different degrees of
genetic contamination with the hatchery haplo-
type AAAAA. Moreover, the ABACA haplotype
was found in the Inglares river (IN1, IN2). The
LDH-C* analysis indicated the presence of
LDH-C*100/100 genotype in most of these
‘ABACA specimens’.

Discussion

The three genotypes obtained from the analysis of
the LDH-C* locus in the populations stud-
ied allow us to differentiate native and stocked
brown trouts. The genotype LDH-C*90/90 indi-

cates stocked brown trouts because it was pres-
ent in all the hatchery samples analysed.
According to other studies (Garcı́a-Marı́n et al.
1999), the Iberian native populations are homo-
zygous to the allele LDH-C*100. In view of the
absence of heterozygotes in the hatchery stocks
analysed, we can considerer the heterozygous
specimens as hybrids between native and stocked
trouts.

Considerably higher introgression rates were
detected in the Ebro river (Mediterranean) popu-
lations when compared with those of the Canta-
brian region. Our results are in agreement with
those of other published studies on genetic intro-
gression between wild and stocked brown trouts
in Spanish rivers. Thus, the low introgression
observed in the Cantabrian rivers was similar
and congruent with those found in other rivers
located in the north (Morán et al. 1991, 1995;

Table 1. Continued.

Drainage River mtDNA haplotype Locus LDH-C*

genotype

Frequencies Stocking* I

AAAAA *100/90 7% (n = 1)

AAAAA *90/90 7% (n = 1)

BA2 BBCDA *100/100 65% (n = 13) No 17.5%

BBCDA *100/90 20% (n = 4)

BBCDA *90/90 5% (n = 1)

AAAAA *100/100 5% (n = 1)

AAAAA *100/90 5% (n = 1)

UG1 BBCDA *100/100 39% (n = 6) No 36.6%

BBCDA *100/90 7% (n = 1)

BBCDA *90/90 20% (n = 3)

AAAAA *100/100 7% (n = 1)

AAAAA *100/90 27% (n = 4)

INI BBAAA *100/100 49% (n = 4) No 12.5%

BBAAA *100/90 13% (n = 1)

ABACA *100/100 25% (n = 2)

ABACA *100/90 13% (n = 1)

IN2 BBAAA *100/100 42% (n = 8) No 2.5%

BBAAA *100/90 5 (n = 1)

AAAAA *100/100 5 (n = 1)

ABACA *100/100 48% (n = 9)

PU1 BBCDA *100/90 35% (n = 7) No 45%

AAAAA *100/100 15% (n = 3)

AAAAA *100/90 45% (n = 9)

AAAAA *90/90 5% (n = 1)

Hatchery strain HAT1 AAAAA *90/90 100% (n = 20)

HAT2 AAAAA *90/90 100% (n = 20)

I = introgression index related to the LDH-C*90 allele frequency.

*No: unstocked during the last 6 years; Yes: stocked until 2002.

122



Garcı́a-Marı́n and Pla 1996). Similarly, studies
carried out in other Ebro tributaries (Garcı́a-
Marı́n and Pla 1996; Machordom et al. 1999)
have showed introgression and admixture rates
equivalent to those found in this study.

These results suggested that environmental con-
ditions of rivers might explain the observed differ-
ences in introgression and admixture between the
study regions as previously suggested by Almodó-
var et al. (2001). In this context, Cantabrian riv-
ers present some common characteristics that
would suppose a disadvantage for hatchery
stocked trouts. They are short rivers belonging to
small basins of narrow valleys with marked tor-
rential character. The average gradient is 11%;
they are divided into rapids, deeper sections, and
pools. In contrast, Mediterranean rivers present
an average slope of 2%; they are seasonal rivers
with a low water level and warm temperatures in
summer. These environmental differences among
rivers of both regions seem to have played an
important role and could explain the introgres-
sion rate variation detected. It has been shown
that the type of environment in which hatchery
trout is stocked is important for their survival
and reproduction (Poteaux et al. 1998). The vari-
able success of survival and reproduction of
stocked fishes is probably the main factor explain-
ing the different introgression rates observed
between both regions and could also explain the
indirect effect of restocking on the structure of
the populations (Poteaux et al. 1998).

On the other hand, several studies reported
poor survival and reproduction of stocked trouts
in those rivers where high levels of natural repro-
duction of native trout population occurred
(Morán et al. 1991). In this way, trout fry num-
ber as well as whole trout populations were much
higher in the Cantabrian basin than in the Medi-
terranean streams analysed. This indicates a
higher level of natural reproduction in Cantabri-
an rivers which could have a negative effect on
the survival percentage of stocked trouts.

Although the Cantabrian rivers were strongly
restocked over the past decades, this region pre-
sented a low introgression rate. Therefore, cessa-
tion of stocking for six or more years seemed to
have caused a progressive reduction of domestic
foreign allele frequencies in the wild populations.
However, in the Mediterranean rivers where
restocking activities were stopped for the last

6 years, the introgression index was still high.
The highest introgression percentages (65%) cor-
responded to those populations restocked until
2002, probably due to the earliest introductions.
These populations might constitute a reservoir of
allochthonous genes of hatchery origin that could
migrate to other river sections or streams, and
cause a negative effect on the genetic integrity of
the wild populations.

The observed pattern of haplotype distribution
demonstrated great differentiation between the
populations of the Cantabrian and Mediterra-
nean regions. The complementary use of mtDNA
provided useful additional information about
genetic introgression to that obtained with the
LDH-C* locus.

The introgression index observed in some Med-
iterranean populations might have been underes-
timated by assuming that all sampled trouts with
LDH-C*100/100 genotype were native. Some of
these ‘native trout’ presented the AAAAA haplo-
type and were homozygous for the autochthonous
diagnostic allele LDH-C*100. If it is assumed that
this haplotype (AAAAA) is non-native for Medi-
terranean populations, these specimens have to be
considered hybrids between hatchery and native
breeders. This admixture between a native nuclear
genotype and a non-native mitochondrial haplo-
type might be explained by breeding among het-
erozygous (LDH-C*100/90) or homozygous
(LDH-C*100/100) female hybrids (F1 or F2 pro-
ceeding from a hatchery female trout, respec-
tively), and males (both with homo- or
heterozygous genotype). Those specimens show-
ing native mitochondrial haplotype (BBCDA or
BBAAA) together with allochthonous nuclear
allele (LDH-C*90) could have the same hybrid
origin. All these results confirmed a high inter-
breeding index between wild and stocked trouts
and their descendants in this region.

The presence of the Mediterranean BBCDA
haplotype in one river of the Cantabrian region
is difficult to explain. It seems to be a genetic
contamination, but its hatchery origin must be
dismissed because this haplotype was not
detected in the hatchery stocks used for local
restocking. It might have come from introduc-
tions carried out by uncontrolled anglers from
hatcheries working with native Mediterranean
trouts, or translocated directly from a Mediterra-
nean river. Another explanation is that the
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presence of this Mediterranean haplotype could
have been produced by a natural river capture.
These natural captures have been demonstrated
in different natural systems, and also in the Can-
tabrian region (Alonso-Otero 1986). In the area
studied, Cantabrian and Mediterranean headwa-
ters are close together, and this could facilitate
this natural process.

On the opposite side, the ABACA haplotype
has been considered until now a Cantabrian and
Atlantic hapotype (Machordom et al. 2000). Its
presence in the Ebro tributaries cannot be seen
as a result of stocking activities because it was
not detected in the hatchery stocks analysed. The
high proportion estimated in the Inglares river
(Mediterranean region) suggested that this haplo-
type could occur naturally in the native brown
trout populations of some upper tributaries of
the Ebro basin. Furthermore, a new mtDNA
haplotype (BBAAA) was also found in this river
and in other close Ebro tributary rivers. These
two haplotypes were not detected in other lower
tributaries of the Ebro basin. Therefore, their
presence appears to be restricted to the upper
tributaries of this basin and could indicate the
presence of an Iberian-Mediterranean refuge in
the Ebro basin. On the other hand, the presence
of particular haplotypes in this region may also
be due to other reasons as a genetic local adapta-
tion to the particular environment conditions
(Taylor 1991) of these rivers. As previously sta-
ted by Suarez et al. (2001), the Iberian brown
trout maintains a genetic diversity different from
that shown by other European trout populations.
Restocking policies should take into account sev-
eral guidelines (Almodóvar et al. 2001) for con-
servation and management of the Evolutionary
Significant Units (ESUs) of native brown trout
populations in the Iberian Peninsula rivers.

In conclusion, from the management and con-
servation points of view, it is obvious that any
kind of restocking with foreign specimens should
always be avoided to preserve the autochthonous
genetic pools. Despite stocking activities being
stopped during the last 6 years, the presence of
domestic foreign allele (LDH-C*90) demonstrates
that hatchery brown trouts reproduced under
natural conditions. On the other hand, the Can-
tabrian rivers’ natural conditions seem to prevent
or eliminate the negative consequences of such
introductions more accurately. Thus, the recovery

of the native genetic characteristics of these Can-
tabrian populations could be possible if the man-
agement was adequate.
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Abstract

Eradication of alien species is a key conservation tool to mitigate the impacts caused by biologic inva-
sions. The aim of the present paper is to review the eradications successfully completed in Europe and
to discuss the main limits to a wider application of this management option in the region. On the basis
of the available literature – including conference proceedings, national reports to the Bern Convention,
etc. – a total of 37 eradication programmes have been recorded. Thirty-three eradications were carried
out on islands and four on the mainland. The rat (Rattus spp.) has been the most common target
(n ¼ 25, 67%), followed by the rabbit (n ¼ 4). In many cases, these eradications determined a significant
recovery of native biodiversity. Differently to other regions of the world, no eradications of alien inverte-
brates and marine organisms have been recorded; regarding invasive alien plants, it appears that only
some very localized removals have been completed so far in Europe. The limited number of eradications
carried out in Europe so far is probably due to the limited awareness of the public and the decision
makers, the inadequacy of the legal framework, and the scarcity of resources. Synthetic guidelines for
improving the ability of European states to respond to aliens incursions are presented.

Introduction

Eradication of alien species is globally acknowl-
edged as a key management option for mitigating
the impacts caused by biological invasions (e.g.,
Wittenberg and Cock 2001; Genovesi and Shine
2003). The Convention on Biological Diversity
(CBD) calls for a hierarchical approach, primar-
ily based on the prevention of unwanted intro-
ductions, but considering eradication as the best
alternative when prevention fails (guiding princi-
ples adopted in 2002 with Decision VI/23). Arti-
cle 11 of the Bern Convention (which has almost
all European states as its members) calls parties
to strictly control the introduction of invasive
alien species, and the standing committee of this
convention has approved many recommendations
urging parties to activate eradications of intro-

duced species. Also, the Global Strategy for
Plant Conservation, adopted by the CBD Con-
ference of the Parties in 2002, urges parties to
eradicate some major alien species that threaten
plants, plant communities and associated habitats
and ecosystems.

Many invasive alien species have been eradi-
cated worldwide, managing in this way to pre-
vent the impacts they cause to biological
diversity, economy and human well being
(Simberloff 2002). In recent years, eradications
have become a routine management tool espe-
cially on islands, where many introduced verte-
brates have been successfully removed: for
example, in New Zealand, 156 eradications have
been completed (D. Veitch, pers. comm.); in
northwestern Mexico, eradications have been car-
ried out from 23 islands since 1995 (Tershy et al.
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2002); in West Australia, mammal eradications
have been completed on 48 islands since 1969
(Burbridge and Morris 2002). Most of these
eradications have involved vertebrates, but there
are also examples of successful eradications of
plants (Rejmanek and Pitcairn 2002) and inverte-
brates, including fruit flies from Nauru (Allwood
et al. 2002) and Anopheles gambiae from over
30,000 kmq of Brazil in the 1950s (Davis and
Garcia 1989). Even marine organisms have been
eradicated in some cases (when invasion was still
localized) as a Mussel (Mytilopsis sp.) introduced
in Cullen Bay (Australia) (Bax et al. 2002) and a
sabellid polychaete (Terebrasabella heterouncinat-
a) successfully removed from a mariculture facil-
ity in California (Galil 2002).

Successful eradications have brought very sig-
nificant effects in terms of recovery of native bio-
logical diversity. Focusing on Europe, the
eradication of rats from the islands of the Medi-
terranean has been proven to determine the
recovery of many colonial nesting seabirds as
the storm petrel (Hydrobates pelagicus) and
the Cory’s shearwater (Calonectris diomedea)
(Martı́n et al. 2000), but also of several terrestrial
bird species such as the dunnock (Prunella modu-
laris), the wren (Troglodytes troglodytes) and the
rock pipit (Anthus petrosus) (Kerbiriou et al.
2004). In an analysis of the consequences of the
black rat (Rattus rattus) introduction in the Med-
iterranean, Martin et al. (2000) concluded that
the elimination of rats from medium-sized Medi-
terranean islands may be particularly efficient in
recovering several bird species, some of which
are highly threatened.

Surprisingly, despite removal techniques hav-
ing been greatly improved, Europe has a particu-
larly solid technical and scientific background,
and there are large areas (e.g., Mediterranean
islands, Macaronesian archipelagos, etc.) where
this management option may be very helpful in
the recovery of threatened species and ecosystems
– the eradication of alien species appears to be
still only occasionally considered for conservation
in Europe. For example, in the proceedings of a
recent international conference on eradication of
island invasives, there was only one European
contribution reporting a failed attempt to eradi-
cate Spartina anglica from some estuarine areas
of Northern Ireland (Hammond and Cooper
2002).

In order to assess the diffusion of eradication
programmes in Europe and the main limiting fac-
tors to a wider application of this management
option, the present paper reviews all the known
cases of eradications of alien species of plants
and animals successfully completed in the region.

Methods

This review intends to cover all cases of eradica-
tions, defined as the complete and permanent
removal of all wild populations of a species from
a defined area by means of a time-limited cam-
paign (Genovesi 2000; modified from Bomford
and O’Brien 1995). The above definition is con-
sidered in an extended way, including the cases
of removal of few individuals, because I did not
want to exclude the cases when an introduced
species was detected early after its arrival and
immediately removed. This, in fact, is the best
response to an introduction, although such a
large definition may risk to create some overlap
between the eradication of a few individuals (e.g.,
removal of a few beavers in France or of a few
individuals of domestic cats from an island, both
cases included in the review) and the simple cap-
ture of individuals after escape from captivity
(not included in the review).

The information on eradications is particularly
difficult to collect, because it is scattered, often
available only in grey literature, if it is published
at all (Simberloff 2002). For the present review, I
firstly checked the scientific publications, focusing
in particular on the proceedings of conferences
and workshops held in recent years on the issue
of alien species (e.g., in 1999, the Council of Eur-
ope organized in Malta the first European work-
shop specifically focused on the eradication of
terrestrial alien species). Another important
source of information has been the reports pre-
pared by parties of the Council of Europe to the
Bern Convention secretariat. In fact, as said
above, the Bern Convention Standing Committee
has approved several recommendations (rec. 18
(1989); rec. 45 (1995); rec. 57 (1997); rec. 61
(1997); rec. 78 (1999); rec. 77 (1999); etc) urging
parties to eradicate alien species threatening
native biodiversity; to respond to these recom-
mendations, many European countries have
established national reports illustrating the activi-
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ties carried out in their territories on this specific
management option. In order to facilitate the col-
lection of these national reports, the Council of
Europe has also organized several meetings of
experts in invasive alien species, and the proceed-
ings of these workshops have also been exten-
sively analysed for the review. Lastly, much
information has been obtained directly by spe-
cialists, managers and NGOs.

Results

A total of 37 eradication programs successfully
completed in Europe have been recorded
(Table 1). These include the successful removal
of the coypu and the muskrat from Great Brit-
ain, of rats, goats, rabbits and American minks
from several small islands of the Macaronesia,
Mediterranean, Brittany, Britain and the Baltic
sea. Thirty-three eradications were carried out on
islands and four on the mainland (muskrat,
coypu and a small population of Indian porcu-
pines from the British isles; the Canadian beaver
from France). The rat (Rattus spp.) has been the
most common target (n ¼ 25, 67%), followed by
the rabbit (n ¼ 4). Almost all eradications real-
ized in Europe (apart from the muskrat and the
coypu) were started for conservation purposes; in
12 cases, the programmes were co-funded by the
European Union through LIFE programmes.
Most eradications were carried out after the
1980s (n ¼ 31; 84%), and in recent years, the
number of projects is rapidly increasing.

In some cases, the eradications reported have
involved very few animals (e.g., cats from Ale-
granza, where only two animals were killed; 12
porcupines from Devon); very likely there have
been many more cases than those reported in
which a few individuals that arrived at some
areas were rapidly removed.

I did not record any eradication of alien inver-
tebrates and marine organisms. Although some
local eradications of invasive plants have been
carried out (for example in Great Britain by
Plantlife International), I did not find informa-
tion on these cases on the sources I acceded for
the review. Apart from a few local cases (i.e. vir-
tual eradication of Australian swamp stonecrop
Crassula helmsii from a pond in Gerrard’s Cross
– Buckinghamshire – by using a glyphosate-based

compound over 2 years; A. Miller, unpubl.
report), I think it can be said that no larger erad-
ication of alien plants has been ever successfully
carried out in Europe so far.

Discussion

The list of eradications presented here is far from
being comprehensive, as I probably failed to col-
lect information on several small scale removals
of alien plants and animals. However, the general
picture that comes out from this review is proba-
bly correct. In Europe, only a very limited num-
ber of eradications have been successfully
completed so far, and these do not include any
invertebrate, plant or marine organisms. Europe,
despite its long tradition of nature conservation,
its solid scientific background and the large avail-
ability of funds in respect to other geographical
regions, is in this specific field of action far
behind other and less developed areas of the
world.

The small number of eradications carried out
in Europe is due to several reasons. For exam-
ple, in the attempted eradication of the grey
squirrel in Italy, the failure of the programme
was mainly due to the inadequate legal basis (in
most European states, alien species are often
automatically protected by national laws), the
scarce awareness, the unclear line of authority,
and the opposition of radical animal rights
groups (Genovesi and Bertolino 2001; Bertolino
and Genovesi 2003). In the famous case of the
Caulerpa taxifolia (Meinesz 1999), a decision on
whether to start an eradication or not was
delayed for long, partly because of an academic
controversy, partly because of the unclear repar-
tition of roles. The removal of the rabbit from
a small island of the Canary was suspended
when it was almost completed, because the pro-
ject ran out of funds; a re-start of the eradica-
tion has now been approved, but the suspension
has totally defeated the results obtained in the
first campaign, when the population was almost
completely removed (Martı́n 2002; A. Martı́n,
pers. comm.). Legal inadequacy and scarce
resources are indicated as the major constraints
to the possibility to eradicate Spartina anglica
from Northern Ireland estuaries (Hammond and
Cooper 2002).
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The lack of concern, awareness and public sup-
port to the removal of vertebrates seems more
diffuse in Europe than in other regions of the
world. Apart from the grey squirrel case in Italy,
several goat eradication projects have been
stopped by public opposition (e.g., in the Parco

Naturale di Portofino, Italy); public opposition is
likely the main reason why only one goat eradi-
cation has been completed so far. Even in the
case of the Coypu, the removal of a population
recently introduced in a small lake in Sicily was
strongly opposed by the local branch of the

Table 1. Sources: (1) Gosling and Baker 1989; (2) J. Hughes, pers. comm.; (3) Zonfrillo 2002; (4) Smallshire and Davey 1989; (5)

Macdonald et al. 2002; (6) Pascal 1999; (7) Kerbiriou et al. 2004; (8) M. Pascal, pers. comm.; (9) Rouland 1985; (10) Perfetti and

Sposimo 2001; (11) Perfetti et al. 2001; (12) Oliveira 1999; (13) Pitta Groz 2002; (14) Jimenez 1994; (15) Martı́n 2002; (16) A. Mar-

tı́n, pers. comm.; (17) J.L. Rodriguez-Luengo, pers. comm.; (18) J. Mayol, pers. comm.; (19) Orueta, in preparation.

Country Region Archipelago Island Area (ha) Species Estimated

population

size

Eradication

year

Source

Great Britain Pertshire,

Sussex

�100,000 Ondatra zybethicus 1935 1

Wales Puffin 32 Rattus norvegicus 1998 2

Scotland Handa 363 Rattus norvegicus 1997 2

Scotland Ailsa Craig 104 Rattus norvegicus 1990 2, 3

Wales Ramsey 253 Rattus norvegicus 2000 2

West Anglia Myocastor coypus 6000 1981 1

Devon Hystrix brachyura 12 1980 4

Estonia Baltic Hiiumaa �100,000 Mustela vison 50 1998 5

France Brittany Sept Ile Rouzic 3 Rattus norvegicus 1951 6

Brittany Sept Ile Bono 22 Rattus norvegicus 700 1994 6

Brittany Sept Ile aux Moines 9 Rattus norvegicus 200 1994 6

Brittany Sept Ile Plate 5 Rattus norvegicus 100 1994 6

Brittany Sept Ile aux Rats 0 Rattus norvegicus 20 1994 6

Brittany Rimains Rimains 2 Rattus norvegicus 100 1994 6

Brittany Rimains Chatellier 1 Rattus norvegicus 50 1994 6

Brittany Rimains Rocher de

Cancale

0 Rattus norvegicus 10 1994 6

Brittany Molène Trielen 15 Rattus norvegicus 150 1996 6, 7

Brittany Molène Enez ar

C’hrizienn

1 Rattus norvegicus 30 1996 6

Brittany Houat aux Chevaux 3 Rattus norvegicus 2002 8

Brittany Tomé Tomé 30 Rattus norvegicus 2002 8

Corsica Lavezzi 110 Rattus rattus 2000 8

St. Fargeau Castor canadensis 24 1985 9

Italy Tuscany Tuscan Legemini (1) 10 Rattus rattus 1999 10, 11

Tuscany Tuscan Legemini (2) 10 Rattus rattus 2000 10, 11

Tuscany Tuscan Scoglio La

Peraiola

10 Rattus rattus 2000 10, 11

Tuscany Tuscan dei Topi 10 Rattus rattus 2000 10, 11

Tuscany Tuscan d’Ercole 10 Rattus rattus 2000 10, 11

Tuscany Tuscan La Scola 2 Rattus rattus 2001 10, 11

Portugal Macaronesia Madeira Deserta grande 1421 Oryctolagus cuniculus 1998 12

Macaronesia Azores Praia Islet 11 Oryctolagus cuniculus 100–200 1997 13

Spain Columbretes Isla Grossa 14 Oryctolagus cuniculus 175 1993 14

Macaronesia Canary Montana Clara 130 Oryctolagus cuniculus 127 2001 15

Macaronesia Lobos 430 Felis catus 4 2001 16, 17

Macaronesia Alegranza 1020 Felis catus 2 2002 16, 17

Mediterranean Balearic Dragonera 280 Capra hircus 1975 18

Mediterranean Conills 1 Rattus rattus >100 1999 18

Mediterranean Chafarines Ray

Francisco

12 Rattus rattus ca. 50/ha 2000 19
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WWF, and never started. Also, a proposal to
eradicate the hedgehog (Erinaceus europeus) from
Uist (Western Islands, Scotland), where the spe-
cies causes impact on several bird species by egg
predation, has been rejected for the ethical oppo-
sition to the control techniques.

Another problem is the limited ability to detect
new invasions early and to rapidly respond to
these. Although large scale eradications are scien-
tifically and technically challenging, the best cases
of eradication are those carried out rapidly after
the arrival of a new species, before it starts to
spread (e.g., Rouland 1985). In Italy, we recently
discovered a population of Asian squirrels (Cal-
losciurus sp.) in Maratea, a small tourist town on
the southern coast of Italy; the squirrels have
probably been introduced over 30 years ago, and
in this time lapse, no local or national service
(forest service, game departments, etc.) managed
to detect the species; only in late 2002, when the
population became very abundant causing
increasing problems to trees and cables, the pres-
ence was reported to the National Wildlife Insti-
tute, when it was probably too late to remove
them (G. Aloise et al., in preparation).

Despite the various problems highlighted here,
there are several examples of very effective actions
carried out in Europe. The eradication of the
coypu from West Anglia is one of the largest and
the most complex eradications ever realized in the
world; its success was made possible by a science-
based planning of the removal, adequate funding
and the approval of a specific legislation. The
eradication of the Himalayan porcupine from
Devon required ca. €230,000 for removing 12 ani-
mals only (costs actualized to year 2000), but
likely prevented much more severe economic
losses to crops in the long term (Smallshire and
Davey 1989). The ongoing eradication of the
ruddy duck (Oxyura jamaicensis) from the Pale-
arctic, is indeed the most ambitious eradication
ever planned for conservation purposes, as it
requires a complex coordination and cooperation
scheme among many different countries, where
the main control efforts need to be concentrated
in a country (Great Britain), that is not the area
where the impacts are recorded (hybridization
with the white headed duck, O. leucocephala,
occurs in the Iberian peninsula) (Hughes et al.
1999); furthermore, the control of the ruddy duck
(a beautiful ornamental duck) in Great Britain

shows that it is possible to effectively address the
opposition of the public, provided a solid effort
and commitment by both the academic world and
the non-profit organisations are made.

In conclusion, on the basis of the information
on eradication summarized in the present paper,
the main lesson that we can learn is that in Eur-
ope, more than elsewhere, we urgently need to
revise our policies to ensure early detection and
rapid response to new incursions, with an
increased ability to eradicate at least the most
threatening alien species. The key elements for
such a revision of national policies have been
recently reviewed by Genovesi and Shine (2003)
and include the following:
� Promote education and public awareness pro-

grammes to engage local communities and
appropriate sector groups in eradication;
encourage their participation.

� Review national legislation to ensure that the
legal status of alien species is compatible with
mitigation measures.

� Streamline the authorization process for rapid
response; consider the use of emergency orders
where urgent eradication action is needed;
equip competent authorities with powers to
take appropriate mitigation measures.

� Establish procedures to collect, analyse and
circulate information of alien species, including
identification keys for different taxonomic
groups.

� Set up early warning systems, focusing espe-
cially on key areas.

� Prepare contingency plans for eradicating spe-
cific taxa (e.g., plants, invertebrates, marine
organisms, fresh-water organisms, fresh-water
fishes, reptiles, amphibians, birds, small mam-
mals, large mammals).

� Provide adequate funds and equipment for rapid
response to new invasions and train relevant
staff to use the eradication methods selected.

� Prepare and implement, providing adequate
funds and support, eradication plans for some
major alien species.
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Abstract

Many European politicians, managers, and scientists believe that non-indigenous species cannot be erad-
icated and that attempts to do so are hazardous because of frequent undesirable results. This notion
seems to be based on the view that successful eradications undertaken in many other parts of the world
cannot be generalised. To allow reasoned consideration of this argument, the eradication of non-indige-
nous vertebrate species performed in the French territories (European and overseas) and their recorded
consequences on native fauna and flora are synthesised. Nineteen vertebrate eradication attempts were
recorded, with seven mammal species as the targets. Of these attempts four failed for technical reasons
and one for reasons undetermined as yet. These operations took place on islands of four biogeographi-
cal areas (West-European, Mediterranean, West Indies and Indian Ocean subantarctic) except a conti-
nental one (West-European continent). Among these 19 attempts, 13 were conducted according to a
global strategy that provided data on the impact of the disappearance of the non-indigenous species on
several native species. This impact, never detrimental, was determined for 14 species (one mammal, nine
birds, one marine turtle, one crab, one beetle, one plant). Unexpected consequences of the disappearance
of the invader were recorded for four native species (29%). This result highlights the poverty of natural
historical information for several taxa and the flimsiness of the empty niche concept that is often used
to argue for the delay of or to prevent any action again a non-indigenous species. If French territories
can be taken as an example, eradications of non-indigenous species are not impossible; a good risk
assessment prevents undesirable long-term consequences for native species and several native species
benefited from the disappearance of the invader. Furthermore, eradication constitutes a powerful experi-
mental tool for ecology and natural history studies if conceived as both a management and research
operation.

Introduction

In France as in many countries, preventing intro-
ductions and managing non-indigenous species
are perceived by many people, including scien-
tists, as nearly impossible. Furthermore, when
reviews such as the recent one by Simberloff
(2002) show that eradicating non-indigenous spe-
cies is feasible, a response is that foreign exam-
ples are of little relevance to France. Another

objection to attempts to eradicate non-indigenous
species is the claim that, even if such operations
are successful, their consequences are hazardous.

Harmful consequences of eradications, even
when the project proceeds as expected, have been
documented, and we must admit that many erad-
ication projects have not included monitoring the
consequences of the disappearance of the target
species. However, well-planned eradication pro-
jects have been conducted during the last two
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decades in many nations, but there has been no
synthesis of the information provided by such
experiments conducted in European countries.

The aim of this paper is to review all attempts
to eradicate non-indigenous vertebrates from
French territories and to summarise the major
expected, unexpected, desirable and undesirable
consequences. This synthesis was done with the
goal of allowing European politicians, managers
and scientists to elaborate a well-informed opin-
ion on the subject, if France may be taken as an
example for Europe.

Methods

We reviewed all known eradication attempts per-
formed in France, its overseas departments and
territories enclosed.

These operations were classified according to a
two step typology. In the first step, a distinction
between operations that followed (I) or did not
follow (II) a five-point global strategy. This strat-
egy includes a description of the initial situation
of several components of the ecosystem (1), the
eradication attempt itself (2), monitoring the suc-
cess or failure of the attempted eradication (3)
and, if eradication succeeded, assessing the
impact of the eradication on native species (4).
The final step in the strategy is the establishment
of a control system (5) to prevent new invasions
by the target species (Pascal and Chapuis 2000;
Courchamp et al. 2003). The second step drew a
distinction between attempts that followed (I.a)
or did not follow (I.b) an eradication strategy
that incorporated two techniques, life-trapping
followed by the use of toxic anticoagulants. This
strategy reduces by more than 90% the release of
toxins into the ecosystem (Pascal et al. 1996).

The only impacts on native species of eradicat-
ing non-indigenous species that we considered in
this synthesis are those that were quantified. The
assessment of these impacts is based on the mea-
surements of four types of variables before and
after the target species was removed. The first
kind of variable encompasses an abundance
index as determined by an exhaustive census
(Pringlea antiscorbutica in Kerguelen Island) or
standardised sampling censuses. The second con-
sists of an exhaustive census of breeding pairs of
bird, the third of breeding success for a represen-

tative number of nests, and the last of an exhaus-
tive census of destroyed nests.

Expected consequences of an eradication are
ones that were predicted, whether or not they are
desirable. Unexpected consequences are unpre-
dicted ones. Consequently, several unexpected
consequences are not recorded in this study
because of a lack of quantification resulting from
the absence of pre-eradication data.

Results

Nineteen vertebrate eradication attempts were
recorded (Table 1); the target species were all
mammals (Castor canadensis, Rattus rattus, Rat-
tus norvegicus, Mus musculus, the Felis silvestris
and Oryctolagus cuniculus feral forms, Herpestes
javanicus auropunctatus).

Among these 19 attempts, 6 did not follow the
five-point global strategy. Among the 13 that
adhered to this strategy, 10 used life-trapping
and toxic baits in succession. One attempt used a
virus (myxomatosis), three attempts used exclu-
sively guns and six used exclusively toxic baits.

Only one successful attempt was in the conti-
nental area of France. This eradication was
undertaken soon (9–10 years) after the Canadian
Beaver was first observed in the wild (Rouland
1985). All the other eradication attempts were
performed in insular ecosystems.

Seven attempts were devoted to 10 islands with
an area of 1 ha or more and eight islets that
belong to six oceanic temperate archipelagos on
the coast of Brittany. Among these operations is
the first one recorded for France (Rouzic Island,
Sept-Îles Archipelago) which was performed suc-
cessfully in a 1951 half-month campaign using an
acute poison (strychnine). For all these opera-
tions, the target species was the Norwegian rat.
In all the cases except for the campaign on Rou-
zic, the non-indigenous species was eradicated
during a single 1-month operation (Pascal et al.
1996; Kerbiriou et al. 2004), and the single
recorded failure can be ascribed to failure to fol-
low the eradication protocol.

Three attempts were devoted to eradicating the
ship rat from 20 Mediterranean islands or islets
on the coast of Corsica. As for the Norwegian
rat populations from Brittany islands, the La-
vezzu ship rat population was eradicated during
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a one-month operation (Pascal et al., submitted).
The only cited failure occurred on an islet lying
less than 50 m off Corsica. This islet was proba-
bly re-invaded spontaneously by the ship rat
after the eradication. Two attempts were devoted
to five islands of two tropical archipelagos in the
Lesser Antilles. The first was undertaken against
the ship rat population of the four islets of the
Saint-Anne Archipelago off Martinique. Success
was achieved in four yearly 1-month operations
(Pascal et al. 2004). The second was devoted to
the simultaneous eradication of the small Indian
mongoose, the ship rat, and the house mouse

from an island off Guadeloupe covered by
110 ha of mangrove and 10 ha of dry forest (Fa-
jou Island). Eradication of the mongoose by
trapping alone and perhaps of the house mouse
(not totally controlled) by trapping and poison
was achieved in a one-month campaign, but the
eradication of the ship rat failed after two yearly
1-month attempts, and the reasons for failure
have not yet been identified (Lorvelec et al.
2004).

Between the 1950s and the 1970s, several
unsuccessful attempts were made to eradicate the
feral rabbit and the feral cat from the Mainland

Table 1. Non-indigenous vertebrate eradication attempts in France and its territories.

Continental area C. canadensis (1) 1984/85 I.b S Yes

Oceanic

temperate

Archipelago Island S. (ha) Target species Op. Year Typology Tech. Success

Sept-Îles Rouzic 3.3 R. norvegicus (1) 1951 II P Yes

Bono 22 R. norvegicus (1) 1994 I.a TP Yes

ı̂ie aux Moines 9 R. norvegicus 1994 I.a TP Yes

ı̂le Plate 5 R. norvegicus 1994 I.a TP Yes

ı̂le aux Rats 0.2 R. norvegicus 1994 I.a TP Yes

Rimains Rimains 1.5 R. norvegicus (1) 1994 I.a TP Yes

Chatellier 1 R. norvegicus 1994 I.a TP Yes

Rocher de Cancale 0.2 R. norvegicus 1994 I.a TP Yes

Molène Trielen 17 R. norvegicus (1) 1996 I.a TP Yes

Enez ar C’hrizienn 1.3 R. norvegicus 1996 I.a TP Yes

St. Riom St. Riom + 14.5 R. norvegicus (1) 2000 I.a TP No

6 islets 1.7 R. norvegicus 2000 I.a TP No

Houat ı̂le aux Chevaux 2.5 R. norvegicus (1) 2002 I.a TP Yes

Tomé Tomé ±30 R. norvegicus (1) 2002 I.a TP Yes

Mediterranean Lavezzi Lavezzu + 73 R. rattus (1) 2000 I.a TP Yes

16 islets 17 R. rattus 2000 I.a TP Yes

Cerbicales Toro 0.9 R. rattus (1) 1990/91 II P Yes

Folaca 0.2 R. rattus (1) 2001 I.a TP Yes?

Folaccheda 0.1 R. rattus (1) 2001 I.a TP No

Tropical Martinique Burgaux 0.49 R. rattus 1999/01/02 I.a TP Yes

Percé 0.54 R. rattus 1999 I.a TP Yes

Hardy 2.63 R. rattus 1999/01/02 I.a TP Yes

Poirier 2.1 R. rattus 1999/2002 I.a TP Yes

Guadeloupe Fajou 120 R. rattus (1) 2001/2002 I.a TP No

Fajou 120 M. musculus 2001 I.a TP Yes?

Fajou 120 H. javanicus 2001 I.a T Yes

Sub Antarctic Kerguelen Grande Terre 650,000 O. cuniculus (1) 1956 II V No

Grande Terre 650,000 F. catus (1) 1960/71–77 II S No

ı̂le Verte 150 O. cuniculus (1) 1992/93 I.b P Yes

ı̂le Guillou 140 O. cuniculus (1) 1994/95 I.b P Yes

ı̂le Guillou 140 F. catus 1994/96 I.b S Yes

ı̂le aux Cochons 165 O. cuniculus (1) 1997–2002 I.b P Yes

St. Paul St. Paul 800 R. Rattus (1) 1996 II P Yes

St. Paul 800 O. cuiculus 1996 II P Yes

For classification, see the text. Op.: Operation (some took place at the same time in several islands and some had several target

species). Tech.: Technique; P: Poison; T: Trapping; S: Shouting; V: Virus.
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of Kerguelen Archipelago in the Indian Ocean
subantarctic region using myxomatosis and guns,
respectively (Pascal 1983; Chapuis et al. 1994,
1995; Chapuis 1995). Since then, the rabbit and
the cat were eradicated by the use of toxic baits
and guns, from three and one islands of the Ker-
guelen Morbihan Gulf, respectively (Chapuis
et al. 2001). Also during the 1990s, the ship rat
and the rabbit were eradicated from Saint Paul
Island by a technique developed in New Zealand:
spreading toxic baits by helicopter (Micol and
Jouventin 2002).

Only the 13 eradication attempts that adhered
to the five-point global strategy provided data

that allow assessment of the impact induced by
the removal of non-indigenous on several indige-
nous species. The data in Figure 1 are restricted
to the species with populations that reacted sig-
nificantly to the eradication.

These data concern one mammal (Crocidura
suaveolens), four terrestrial birds (Rallus longirostris,
Anthus petrosus, Prunella modularis, Troglodytes
troglodytes), five marine birds (Hydrobates pelagi-
cus, Puffinus lherminieri, Anous stolidus, Sterna
anaethetus, Calonectris diomedea), one marine tur-
tle (Eretmochelys imbricata), one crab (Gecarcinus
ruricola), one beetle (Canopsis sericea) and one
plant (Pringlea antiscorbutica).

Figure 1. Recorded impacts on native species of eradication of non-indigenous species. (E): expected; (U): unexpected. The quoted

time in years corresponds to the period of time between eradication and monitoring.
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The impact of the eradication was unexpected
for four species among the 14 listed above (29%).
Among these four species, the beetle C. sericea,
which is strictly linked to the Kerguelen cabbage
(P. antiscrobutica), reinvaded Verte Island in
the Kerguelen Archipelago (J.-L. Chapuis, pers.
comm.) spontaneously after the predicted re-
establishment of the Kerguelen cabbage (Chapuis
et al. 2004). Also unexpected and still unex-
plained were the high increase of the abundance
index (number of capture per trapping night)
of the Lesser white-toothed shrew (C. suaveolens)
after the removal of the Norwegian rat (Pascal
et al. 1998) and those of the crab G. ruricola
after the ship rat eradication (Pascal et al. 2004).

All the evolutions cited in Figure 1 favour the
indigenous species, none disfavour them and
three indigenous species spontaneously re-estab-
lished after having disappeared locally.

Some trapping (Pascal et al. 1996; Lorvelec
et al. 2004) or poisoning (Pascal et al. 1996; Cha-
puis et al. 2001) of individuals of both native and
non-indigenous non-target species were recorded.
Nevertheless, these collateral impacts of eradica-
tion were never detectable the year after the erad-
ication.

Discussion

Although the vertebrate target species of the
French eradication attempts were all mammals,
these operations were performed in five biogeo-
graphical areas: West-European continental,
West-European islands, Mediterranean islands,
West Indies islands and Indian Ocean subantarc-
tic islands. Among the 19 attempts, four failed
for technical reasons (the eradication of the feral
rabbit and the feral cat from Grande-Terre
Island from Kerguelen Archipelago and the erad-
ication of the Norwegian rat from Saint-Riom
Archipelago) and one for unknown reasons (the
ship rat from Fajou Island). Nevertheless, suc-
cesses were recorded for each biogeographical
region and for several species. These results
prove that eradication of non-indigenous species
from French ecosystems and, by extension, Euro-
pean ones is not a pipe dream, at least for islands
or similarly restricted locations.

None of these attempts produced detectable
undesirable long-term consequences for the

native biota despite a specific survey devoted to
finding such consequences among the 13 eradica-
tion operations that followed the five-point glo-
bal strategy. These results suggest that, at least
for the target non-indigenous species, the ecosys-
tems, and the eradication processes discussed
above, the risk for native biota is low.

All the recorded consequences of eradicating
non-indigenous species favoured native species.
Although the majority of these native species are
birds (9/14), species from five other taxa bene-
fited from the eradication.

The number of these other taxa recorded as
benefiting from eradication would have been lar-
ger if the pre-eradication understanding of the
interaction between native and non-indigenous
species had been greater. Such information would
have led to an increase in the number of taxa
monitored and, incidentally, to a more precise
assessment of the impacts of non-indigenous spe-
cies. This statement is supported by the unex-
pected beneficial consequences of the eradication
recorded here for four native species, this is one-
third of the total species noted. This last result
emphasises the flimsiness of the empty niche con-
cept that is often invoked to delay or prevent
action against a non-indigenous species, a new-
comer or not, before its detrimental effects on
the ecosystem functioning are established.
Although interactions between pairs of taxa such
as rats and marine birds or rabbits and plants
are well documented, the natural history of many
other interactions is very poorly understood. This
situation can be at least partly remedied if each
costly eradication operation is conceived as a
management and research operation and not as a
management operation alone (Pascal et al. 1996;
Pascal and Chapuis 2000).

The conclusions of this synthesis devoted to
the French eradication attempts mirror those pre-
viously published for many other parts of the
world (Veitch and Belle 1990; Veitch and Clout
2002): eradication of non-indigenous species is
not impossible, a good risk assessment prevents
undesirable long-term consequences for native
biota (Simberloff 2002), and several native species
take advantage of the disappearance of non-
indigenous species. Furthermore, eradications
constitute a powerful experimental tool for ecology
if they are conceived as a research operation as
well as a management one.
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Rendu Société de Biogéographie 59(2): 257–267

Pascal M and Chapuis J-L (2000) Eradication de mammifères

introduits en milieux insulaires: questions préalables et
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d’une tentative d’éradication. Revue d’Ecologie (Terre Vie)

59: 309–318

Rouland P (1985) Les castors canadiens de la Puisaye. Bulle-

tin Mensuel de l’Office National de la Chasse 91: 35–40

Simberloff D (2002) Today Tiritiri Matangi, tomorrow the

World! Are we aiming too low in invasives control ? In:

Veitch CR and Clout MN (eds) Turning the Tide: the

Eradication of Invasive Species, pp 4–12. IUCN, Cam-

bridge, UK

Veitch CR and Belle BD (1990) Eradication of introduced

animals from the islands of New Zealand. In: Towns DR,

Daugherty CH and Atkinson IAE (eds) Ecological Resto-

ration of New Zealand Islands, pp 137–146. Department

of Conservation, Wellington, New Zealand

Veitch CR and Clout MN (eds) (2002) Turning the Tide: the

Eradication of Invasive Species. IUCN, Cambridge, UK

140



Successful eradication of invasive rodents from a small island through pulsed

baiting inside covered stations

Jorge F. Orueta*, Yolanda Aranda, Tomás Gómez, Gerardo G. Tapia & Lino
Sanchez-Mármol
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Abstract

We show the results of an eradication campaign against Rattus rattus developed in Rey Francisco Island
(12 ha), Chafarinas islands, southwestern Mediterranean. Rat population size was estimated by snap
trapping in up to 93.47 ind./ha and a trapping index of 9.58 captures/100 traps-night. We think that
population was underestimated because of the number of traps found strung but without capture. Sev-
eral products were tested in order to define the method of eradication. In 1992, we selected a second
generation anticoagulant, pelleted brodifacoum 50 ppm into 5 l plastic containers as baiting stations.
Bait consumption reached zero after three pulses, and intensive searching of tracks and signals were
unsuccessful. After more than two years of absence of signals and sightings, in 1995, rat scats were
observed in Rey Francisco, and the population rose dizzily. After several snap-trapping sessions in 1996,
1997 and 1999, when trapping success reached 37 captures/100 trap-nights, a new campaign started in
autumn�winter 1999�2000 using flocoumafen 50 ppm inside 180 baiting stations. Eradication occurred
with a very low risk for non-target fauna, setting less than 1 kg/ha of bait each time. Monitoring, both
with snap traps and baiting at a lower intensity assures the absence of reinvasion.

Introduction

Introduced predator and herbivore species are
one of the main threats affecting threatened bird
species in the world, with a much higher propor-
tion of species being at risk on islands (Collar
et al. 1994, pp. 24�25); in fact, 90% of extinction
cases have occurred on islands (Courchamp et al.
1999, p. 282). Invasive alien mammals have well
known effects on previously predator-free iso-
lated ecosystems, being the major cause of extinc-
tion and risk (Moors and Atkinson 1984;
Atkinson 1985; King 1985; Fritts 1998; Cour-
champ et al., in press). Seabirds can be seriously
affected by alien predators, and they have put

some species on the brink of extinction (Collar
et al. 1994, pp. 33�37; Menezes and Oliveira
2002; Pierce 2002). Rats are the introduced pre-
dators that have reached most islands (Atkinson
1985) and caused most of birds’ extinction there
(King 1985). They affect many species in most
terrestrial vertebrate or invertebrate groups,
through depredation and competition for shelter
or food (Courchamp et al. 1999, p. 283).

Mediterranean islands have suffered the flow
of introductions since pre-Neolithic times with
the consequent homogenisation of biodiversity
through the extinction of original fauna (Masseti
2002). Throughout the centuries, rats have condi-
tioned the distribution and abundance of
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seabirds, the effect being more evident on smaller
than on bigger islands (Martin et al. 2000).

Several methods have been used to fight com-
mensal rodents on islands, in order to protect na-
tive biota (see the review in Orueta and Aranda
2001). The most commonly used method is poi-
soning with anticoagulants. Second generation
anticoagulants were developed to assure a single
dose poisoning, because first generation anticoag-
ulants allowed the development of resistance in
rats (Greaves and Rennison 1973; Hadler and
Shadbolt 1975; Meehan 1984; Greaves et al.
1987). As death takes some days to occur,
rodents can continue consuming bait, thus get-
ting an overdose in their tissues and, especially,
in their guts which is dangerous to predators and
scavengers (Kaukeinen 1982; Merson et al. 1984).
To overcome this threat, pulsed baiting is pro-
posed as a method to reduce the amount of poi-
son available in the field, thus minimising
secondary hazard. This technique consists in set-
ting the dose that can be consumed in a single
event and lets the poison act during several days
before subsequent pulses (Dubock 1984).

Chafarinas archipelago (Djafaren) (35�20¢ N,
2�25¢ W) lies north of Ras el Ma (Cabo de
Agua), in the northern coast of Morocco, in the
southwestern Mediterranean. Rey Francisco
(12 ha) is the easternmost and the smallest of the
three islets, very close to Isabel II which is inhab-
ited. It is elongated in shape with four small land
masses connected by a narrow isthmus. Vegeta-
tion is conditioned by a semi-arid climate, guano
and sea influx, with Lycium intricatum, Atriplex
halimus and Suaeda vera as dominant species.
Several reptiles inhabit the isle, and it has the
second most important Larus audouinii popula-
tion in the world.

Chafarinas islands have a whole lot of charac-
teristics that made them suitable for holding rat
populations (Atkinson 1985).

To reduce the threat to nesting seabirds and
other native fauna, it was decided to use poison
with an anticoagulant (Coulter et al. 1985;
Moors 1985; Greaves et al. 1987) chiefly a second
generation product (Greaves and Rennison 1973;
Hadler and Shadbolt 1975; Meehan 1984;
Greaves et al. 1987).

In 1992, we carried out a trial to reduce the
rat population, and our results were more suc-
cessful than expected. In order to run the lowest

risk for non-target species, we employed pulsed
baiting and covered baiting stations. During
1999, a permanent team was present in the archi-
pelago, and there was a longer term commitment
to achieve rat eradication.

Materials and methods

Population size estimation

The population size was estimated by snap trap-
ping on four occasions: 1992, 1996, 1997 and
1999. In February 1992, three grids of traps were
installed on the island, and traps were layed
every 10 m; the networks were formed by 5 � 10
traps on the northern part of the island, covering
0.36 ha, 5 � 8 traps in the central section
(0.28 ha) and 10 � 10 in the southern area
(0.81 ha). We calculated regression lines of daily
captures vs cumulated captures. We then also
compared the whole grid vs the ‘inner grid’
resulting from the elimination of the data of the
perimeter traps, to calculate the effect of immi-
gration in the captures. Differences between both
sets of data were analysed with the v2 test.

The remaining three years, during the last
week of September, three lines of 10 trapping sta-
tions (with two snap traps each) were used. As in
1992, traps were placed at sunset and reviewed at
dawn when any set trap was sprung to avoid
undesired effects on birds and reptiles.

All traps were numbered and tied to a wooden
peg by a 15 cm string. The bait was unrefined fish
oil mixed with sugar and flour to make it stickier,
soaked on a piece of lamp wick. Trapping effort
was 950 trap-nights in 1992, 300 trap-nights in
1996 and 1999 and 240 trap-nights in 1997.

For all the trapping events, the ratio of cap-
tures/100 trap-nights was also calculated. In
order to compare with other studies, the index
was also transformed following the ‘corrected
trap-night’ index (Houston 2002):

captures

trap-nights� capturesþsprung traps
2

� 100

After the poisoning campaign of 1999�2000,
trapping has been continued in the same manner
and for the same time.
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Selection of baits and baiting stations

In 1992, brodifacoum 50 ppm was chosen
because of its single dose efficacy (Meehan 1984)
and availability. It was accessible in two forms
with different appearances: 20 g wax blocks and
pelleted fodder in bulk. We also wanted to test
two models of baiting stations: (1) wood boxes
divided into two longitudinal chambers by a
5 cm high partition: the first chamber with one
door on each side and the other where the bait
can be set threaded on a tightened wire; (2)
5 l plastic prism shaped containers set horizon-
tally.

During two consecutive nights, we compared
consumption of pelleted bait in plastic containers
and blocks in a wooden box, both having a simi-
lar quantity. During the following two nights, we
switched baits, and during the last two nights,
both station models were baited with pellets. We
recorded whether the bait was totally consumed
or not.

In 1999, the bait preferred in 1992 was no
longer available. Thus, three second generation
anticoagulants were tested: brodifacoum 50 ppm
in 20 g wax blocks, bromadiolone impregnated
cereal grains in 25 g bags and flocoumafen in
16 g wax�cereal blocks. Ten series of three bait-
ing stations were set: one station in each group
containing a dose of one of the baits, changing
the order. In a second test, we placed 3 lines of
10 stations, switching the relative situation of
each bait.

Poisoning

In 1992, we installed 148 baiting stations on the
islet, averaging 25�30 m in distance. Every bait-
ing station was mapped and labelled. One hun-
dred and twenty grams of poison was left inside
the station, and after six nights, the remaining
bait was measured and removed. Three pulses
were done in April, August and October.

In 1999, we installed 180 baiting stations, one
for every 25 m. In addition to the plastic contain-
ers, we also used plastic boxes with one 50 mm
hole on one side. Eleven consecutive pulses were
maintained between November 1999 and Febru-
ary 2000.

After this campaign, 66 stations have been per-
manently set during summer, autumn and winter
to monitor achievements.

Results

Population size estimation

Only shot traps with rats or rat remains (depre-
dation ranked 16.7�87.5% of captures) were con-
sidered for the analysis.

In 1992, captures were as shown in Table 1.
The grid on the central part of the island was
not considered to calculate densities. We judged
that the differences between the central and the
border traps were too big to consider the whole
network as representative of the area. Capture
rates per 100 trap-nights were 9.58% (1992),
31.33% (1996), 27.5% (1997) and 37% (1999).
The highest ‘corrected trap-nights’ index was
54.01 in 1999.

Between 2000 and spring 2003, no captures
were recorded by trapping and neither sightings
nor signs of rats detected.

Choice of bait and baiting stations

In 1992, pellets were totally consumed after two
nights in whichever station they were installed.
Wax blocks were only consumed partially, less
than one half in every case. Results from 1999
can be seen in Table 2.

Poisoning

In 1992, the bait load was 17,520 g for the first
pulse and 16,800 g for the third one (five stations

Table 1. Analysis of captures taken in 1992 at three different sectors of Rey Francisco Island.

Sector Captures

whole grid

Captures

inner grid

v2 Regression line Density, rats/ha

North 34 15 n.s. y=)0.8x + 26.92, r2 = 1 93.47

Middle 14 3 P<0.001 y=)0.89x + 11.98, r2 = 0.99 �
South 43 22 n.s. y=)0.84x + 34.77, r2 = 0.99 51.09
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were lost). The total consumption was 992.5 g/ha.
After this campaign, there were no signs of rats
during 2 years, until 1995.

As during 1992, bait consumption was much
smaller than the loaded bait, we used a smaller
quantity of bait per pulse during 1999. To start
with, the bait load was 2880 g (one block per sta-
tion), but after two pulses with consumption
close to 100% it was increased to 8592 g (three
blocks per station). During this campaign, the
total bait consumption was 702.75 g/ha. Detailed
results can be seen in Tables 3 and 4. Since the
summer of 2000, no consumption of bait has
been recorded.

Discussion

Population size estimation

The grid method used in 1992 allowed us to
define regressions to calculate densities; they
ranked between 93.47 individuals/ha in the
northern part of the island and 51.09 in the
south. Several facts, such as detected cannibalism
on rat corpses and the amount of traps sprung

without a catch, indicate that this could be an
underestimation, probably due in part to trap-
shyness and learning. So, in late winter, the pop-
ulation of black rats can reach very high densities
(ca. 100 ind./ha), at least locally.

Trapping during the rest of the years cannot
be directly compared with these densities,
because we used double traps at each point, and
the season was different. Anyway, in 1996, 1997
and 1999, the total amount of captures was much
bigger in the same sector of the island that gave
93.47 rats/ha in 1992 (up to 111 rats in 300 trap-
nights in 1999 vs 34 rats in 250 trap-nights in
1992). Although we cannot suppose a direct pro-
portion, we can guess that density in the north-
ern part of Rey Francisco at the beginning of
autumn could be much greater than 100 rats/ha.

If we compare the capture rate obtained dur-
ing these last three years with other studies, we
see that Garcı́a et al. (2002) obtained 0.63 rats/
trap-hour at Monito island (Puerto Rico); we
obtained, approximately, 3 rats/trap-hour in
1999. At Saint-Paul island, Micol and Jouventin
(2002) calculated between 5 and 100 rats/ha
depending on the location. Hooker and Innes
(1995) calculated rat density in a sector of North
Island, New Zealand; Shanker (2000) got up to
44 rats/ha in continental locations in India.

The corrected trap-nights index is smaller than
figures calculated on a small (5.2 ha) flat island
in Fiji for Rattus exulans being 65.93 (Houston
2002) to 114.3 (Watling 2002).

Table 2. Results of different bait tests done in 1999.

Day 1 Day 2 Day 3

% W % W % W

First test

Brodifacoum wax-block 0 0 75 15 90 18

Bromadiolone cereal 48 12 83 20.75 95 23.75

Flocoumafen wax�cereal block 10 1.7 100 16 100 16

Second test

Brodifacoum wax-block 3 0.6 13 2.6 93 18.6

Bromadiolone cereal 55 13.75 78 19.5 100 25

Flocoumafen wax�cereal block 93 14.88 100 16 100 16

Table 4. Results of the campaign done in 1999 and 2000.

1999�2000 1 2 3 4 5 6 7 8 9 10 11

Total load (g) 2880 2880 2880 8592 8624 5216 8160 8640 8640 8218 8256

Consumption (g) 2880 2848 1584 928 144 16 0 0 0 16 32

Table 3. Results of the campaign done in 1992.

1992 April August October

Total load (g) 17,520 17,160 16,800

Consumption (g) 5550 5850 510
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Bait and baiting stations

As one of the targets of the campaigns was to
leave as less poison as possible available in the
rats’ guts, we considered positive the fact that
flocoumafen wax-cereal blocks were consumed
faster than the others. This is due to both its pal-
atability (at least as palatable as the cereal alone
and very much more than wax blocks) and to the
smaller dose. Cereals could be more easily taken
by ants and introduce the product into the non-
target food chain.

Although our baiting stations were costlier
than others such as pipes or plastic bottles
(Garcia et al. 2002; Merton et al. 2002), it was
considered that they were safe enough to avoid
all non-target risks.

Poisoning

In 1992, close to 992 g/ha of brodifacoum
50 ppm was consumed. The fact that during
two years there were no signs of rats and, after
first tracks in 1995 a demographic explosion
occurred, allows us to think that eradication was
probably successful but re-colonisation hap-
pened. In fact, the inhabited Isabel II island is
less than 200 m close to Rey Francisco. At the
time of this first campaign, a dump was very
close to the closest point between the two islands.
By 1994, the dump was translated to the other
side of Isabel II, and incineration became general
for organic items. Unfortunately, we were not
able to monitor the period after this campaign,
and recovery of the rat population, either by
remnants or re-colonisation, occurred.

It is notable that in the northern part of the
island, where the trapping grid occupied most of
the surface in 1992, consumption was quite smal-
ler. Snap-trapping can notably reduce the rat
population if the area is small. This was already
noted by Moors (1985) in an islet where baiting
was unnecessary after trapping.

In the 1999�2000 campaign, about 700 g/ha of
flocoumafen 50 ppm was consumed in total,
while the maximum amount of poison available
at each moment was about the same quantity.
Merton et al. (2002) used approximately 600 g/ha
of brodifacoum 50 ppm at a first pulse, killing
apparently most of the rats and approximately
2 kg/ha in total. In open air poisoning cam-

paigns, the available bait at any moment is
higher than that inside baiting stations. The
doses used on Rey Francisco Island campaigns
ranged 35�50 mg of anticoagulant per hectare,
and Garcı́a et al. (2002) used 24.5 mg/ha of bro-
difacoum. Normal rates for anticoagulants in
aerial application exceed 200 mg/ha. For exam-
ple, in Saint-Paul (Micol and Jouventin 2002),
the rate ranked from 10 to 40 kg/ha; bromadio-
lone 20 ppm was spread at 10 kg/ha on Browns
Island (Veitch 2002a) and on Fanal Island, the
dose was 10 kg/ha of brodifacoum 20 ppm
(Veitch 2002b).

The use of covered baiting stations and pulsed
baiting notably reduced the amount of bait
exposed in the field, although it is more work
costly. In Chafarinas, it was cost effective
because at least two people have to be present
anyway on the archipelago permanently. This
task could be accomplished easily among their
other duties during autumn and winter, when
there are less activities to be done. It can be used
for small islands, although probably it could be
useful at a bigger scale if personnel are available.
In Congreso, one of the islands of the archipel-
ago, despite a similar effort, we did not arrive at
a solution to eradicate the population; this was
mainly because of the inaccessible cliffs, although
the effect on seabirds was highly positive (Orueta
et al. 2002) and that several indexes (snap traps,
bait consumption) proved that the population
was very close to being exterminated. It is worth
highlighting the lack of corpses although research
was done to recover any possible dead rats. No
secondary data on non-target deaths were regis-
tered in any of the campaigns. It is possible that
the disappearance of some baits during the last
two pulses in 2000 after three pulses with no con-
sumption at all (Table 4) could be due to Larus
michahellis, but it is not sure that consumption
occurred. Anyway, we did not find any corpse of
this very common species during the campaigns
and monitoring.

Monitoring of trapping has been conducted
since 2000, and no rats have been recorded.
There are also 60 baiting stations homogeneously
distributed on the island, and no bait consump-
tion was registered up to spring 2003.

In 1999, the greater density of baiting stations
and the proximity of pulses (without letting the
population to recover) were factors contributing
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to success. The continuity of baiting through-
out the years is a guarantee against re-invasion,
but an intensive poisoning campaign should
be done in Isabel II, as well as quarantine mea-
sures should be taken to minimise risk in the
future.
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